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Introduction 

W. Nelson Beyer and James P. Meador 

Ecotoxicology is the study of the movement of environmental contaminants through ecosystems 
and their effects on plants and animals. Examining tissue residues of these contaminants in biota 
is basic to ecotoxicology, both for understanding the movement of contaminants within organisms 
and through food chains, and for understanding and quantifying injuries to organisms and their 
communities. This book provides guidance on interpreting tissue concentrations of environmental 
contaminants. 

Tissue concentrations have long been used both to identify the cause of toxicity in animals and 
as a measure of the severity of toxicity. More recently, they have been incorporated into environ
mental models, tying together exposure, kinetics, and toxic effects. Measuring tissue concentrations 
is basic to studies on the kinetics of contaminants, which entails characterizing the rates of uptake 
and elimination in organisms, as well as redistribution (organs, lipid, and plasma) within them. 
Tissue concentrations are also used in ecological studies examining the movement of contaminants 
between organisms and within biological communities. 

In monitoring programs, tissue concentrations tell us about the geographical distribution of  
contaminants and how they change through time. Measuring contaminants in tissue can also be 
important for defining the background, or the uncontaminated condition, as well as identifi cation 
of hot spots and gradients from point sources. Although analyses of soils and sediments also pro
vide information on the distribution of contaminants, analyses of tissues provide information that 
is more meaningful to ecotoxicologists. In some instances, chemical analyses of tissues gave the 
first hint of the global dispersion of chemicals. The environmental importance of polychlorinated 
biphenyls, tributyltin, and perfl uorooctanesulfonic acid was not recognized until these compounds 
were found in tissues of widely distributed animals. Sometimes knowing simply that a contaminant 
is present in an organism is useful. For example, if an avian die-off has occurred and brain tissue 
shows greatly reduced activity of cholinesterase, then documenting the presence of an organophos
phate or carbamate pesticide in the carcasses may be all that is required to find the cause of that 
die-off (Mineau and Tucker 2002). When pathologists examine toxicological cases, tissue analyses 
are usually essential to making a diagnosis. For the most part, however, this book provides guidance 
on relating tissue concentrations quantitatively to injury, which lies at the core of ecotoxicology. 
Thousands of research papers reporting tissue concentrations are published each year, and their 
value depends on ecotoxicologists being able to interpret the toxicological consequences of those 
concentrations. 

The logic for relying on tissue residues in wildlife toxicology was put forth by Bill and Lucille 
Stickel (1973), who explained how tissue concentrations may best be used in diagnosing poisoning 
of birds by organochlorine pesticides. Biologists had suspected that birds were being poisoned by 
applications of pesticides, but differences among species, the physiological condition of the birds, 
and extraneous factors made it difficult to establish the cause of death. Analyzing the contents of the 
digestive tract for the presence of a pesticide, the usual means of diagnosing poisoning in humans, 
failed because all of the birds in a sprayed area had some exposure to the pesticide. Live birds col
lected at the site often had whole-body concentrations of pesticides that exceeded those of birds 
found dead. In a series of controlled studies on birds dosed with various organochlorine pesticides, 
the Stickels and colleagues demonstrated that because the lipids that store the pesticides are metab
olized when a bird stops feeding (due to sickness caused by exposure to these pesticides), those  
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2 Environmental Contaminants in Biota 

pesticides in the body may be mobilized and then rapidly become lethal. Although various organs 
could be used to indicate sublethal exposure to pesticides, analyzing the brain was key to identifying 
those birds that had lethal residues. Unlike concentrations in other organs, lethal concentrations in 
the brain were remarkably consistent, even in different species and in birds with different exposures. 
The brain is the logical organ to analyze because the organochlorine pesticides were neurotoxic, but 
the decision to rely on brain residues was a practical one. The reader is referred to Keith (1996) and 
to the following chapter in this book for a history of the use of tissue residues in evaluating hazards 
of contaminants to wildlife. 

Aquatic toxicologists also rely on tissue concentrations when interpreting hazards, although much 
of this research has been relatively recent. The underpinnings of tissue residue toxicity were consid
ered in the early 1900s by Meyer and Overton, who addressed the narcotic effect of organic com
pounds (Lipnick 1995) and by researchers who measured pesticides and metals in fi sh (Ferguson 
1939, McCarty et al. in press). As these sporadic papers touted the virtues of using tissue residues 
to assess toxic responses, they were largely ignored by aquatic toxicologists, who emphasized expo
sure to contaminants in water and sediment. It was not until the early 1990s that a more in-depth 
analysis of tissue residue toxicity for a variety of chemicals and modes of action was considered 
(McCarty 1991, McCarty and Mackay 1993). After that, a flurry of research papers explored this 
topic in greater detail. These include published works on PAHs and other compounds at narcotic 
concentrations (Di Toro et al. 2000), chlorophenols (Kukkonen 2002), PCBs in salmonids (Meador 
et al. 2002a), tributyltin (Meador 2000, Meador et al. 2002b), mercury and DDT in fi sh (Beckvar 
et al. 2005), dioxins in fish (Steevens et al. 2005), and general reviews from Barron et al. (2002), 
Meador (2006), and Meador et al. (2008). At a Pellston workshop in 2007, 40 of the world’s lead
ing experts conducted a critical review of the tissue residue approach for toxicity assessment (see 
Integrated Environmental Assessment and Monitoring Jan. 2011). 

The wide assortment of terms used in the field illustrates how researchers have evolved different 
ways of thinking about tissue concentrations. We begin this discussion with terms based on a mech
anistic approach, originally defined by a work group on metals (Norberg 1976), although applic
able to other contaminants as well. Several definitions are relevant here. The work group defi nes 
the “critical concentration” for a cell as the concentration at which undesirable functional changes, 
reversible or irreversible, occur in the cell. The “critical organ concentration” is defined as the mean 
concentration in the organ at the time any of its cells reaches critical concentration. The “critical 
organ” is that organ that first attains the critical concentration of a metal under specifi ed circum
stances of exposure and for a given population (Nordberg 1976). This approach is precise, assuming 
cause and effect. Cadmium’s well-known effect on renal function seems to fit well into this frame
work. In practice, however, this approach does not work well for many environmental contaminants. 
A toxicant, such as lead, may affect many organs and systems simultaneously, and the signs and 
lesions observed among lead-poisoned individuals may vary substantially. Because organochlorine 
compounds are stored in lipids, throughout the body, they are not associated with a single organ. 
Nor is identifying “that organ that first attains the critical concentration” as simple as it sounds. A 
histopathologist using electron microscopy may detect lesions not visible using light microscopy. 
Drawing on more sensitive measures, such as those used in genomics, a toxicologist may detect 
alterations at lower tissue concentrations and exacerbate the difficulty in differentiating a harmless 
response from an adverse response. Risk assessors try to select endpoints that they consider mean
ingful to an assessment, which is not always the same as selecting the most sensitive endpoint. 

The expression “critical concentration” is often useful when generalizing about tissue concentra
tions applicable to a taxon, as long as the effect and the circumstances are made clear. For example, 
based on studies conducted on several species ingesting lead shot, we might identify a critical con
centration in livers of waterfowl expected to be associated with death. The term “threshold” means 
the concentration at which an effect is fi rst observable. 

The terminology of tissue concentrations used commonly by aquatic toxicologists is based on the 
traditional toxicological expressions of exposure—LCp or LDp (lethal) and ECp or EDp (sublethal) 



 

 

 

 

 

 
 

 

 

 

3 Introduction 

values, where C is the external concentration, D is the administered dose, and p is the percentage 
responding. In many cases aquatic toxicologists use LRp or ERp, where “R” denotes tissue residue 
(Meador 1997). There is a distinction between toxicity metrics that are expressed in terms of the 
amount of a toxicant that is delivered or administered to the organism and the actual tissue concen
trations associated with the response. The dose is generally expressed as μg or μmol toxicant/gram 
body weight/day or as single-dose μg/g or μmol/g and is usually administered by feeding, injection, 
gavage, or bolus to determine the LD50 or other measures of toxicity. The acquired dose (tissue 
residue) is used to characterize adverse effects as a function of the measured or predicted tissue 
concentration, such as an LR50. The administered dose, as it is metabolized and excreted, may be 
very different from the tissue concentration associated with toxicity (Meador 2006). For aquatic 
toxicologists, “critical body residue” (CBR) is a general term often implying a whole-body concen
tration that is related to an adverse effect. A CBR can be characterized by any one of a number of 
toxicity metrics (e.g., LR50, ER10, or LOER) depending on the application. These values are best 
expressed as a molar concentration, especially when comparing among toxicants. 

The terms “diagnosis” and “diagnostic” have well-established uses in veterinary science, and 
these terms can be applied in some instances to aquatic and wildlife toxicological studies. A diag
nosis is a determination of the cause of an illness from its signs and lesions, through an examination 
by a trained diagnostician or pathologist. Making a diagnosis implies not only identifying a cause 
but also ruling out other potential causes of the observed signs and lesions. Consequently, ecotoxi
cologists may determine that the probable cause of death is a contaminant, but they are not making 
a “diagnosis” unless other causes are ruled out. A diagnostic residue is a concentration in tissue that 
supports a diagnosis of poisoning if the signs and lesions observed in the animal are consistent with 
the poison in question. A diagnostician starts with observed effects and reasons back to a cause, 
establishing the diagnosis, whereas an ecotoxicologist usually starts with an exposure or tissue con
centration and tries to deduce possible toxic effects. 

The need for screening values in ecological risk assessment has led to the use of “hazardous 
concentrations.” For example, Aldenberg and Slob (1993) described a statistical method to calculate 
the lower confidence limit based on a percentile of a distribution of no-effect or lowest effect levels 
measured in different species within a taxonomic group. When calculated at the fi fth percentile, 
the value is meant to be protective for 95% of the species or focal group. This threshold, or pro
tection value, is lower than those derived from central tendency values (e.g., mean or median) that 
will protect far fewer organisms. The calculation of the HC5 usually requires a large database from 
comparable studies. 

For a critical concentration to be credible, it must be based on substantial evidence. Well-designed, 
controlled toxicological studies establish a cause-and-effect relation between the administration of 
a poison and an effect. Some controlled studies also establish a cause-and-effect relation between 
whole-body or specific tissue concentrations and an effect on an organism or that specifi c tissue. 
More often, however, the relation between a tissue concentration and an effect is a correlation. If 
an observed relationship between tissue concentration and injury holds true in other experiments 
and is consistent with observations in the field, then the correlation becomes credible and useful. 
In some instances the relation cannot possibly be based on cause and effect. For example, in the 
classic toxicological example in which researchers related DDE residues in raptor eggs to eggshell 
thinning, the DDE that caused the eggshell thinning was in the female that laid the egg. The DDE 
in the egg could not have caused the thinning. The important point is that the relation was found to 
be consistently reliable and was based on well-designed studies conducted under both controlled 
and field conditions. Because the DDE in the egg was correlated at some level to DDE in the adult, 
the concentration in egg became a useful surrogate. In some cases such as these where the mechan
ism is known, ancillary correlations may be useful as surrogate measures for the actual biologically 
effective dose at the receptor. 

The more evidence collected under variant conditions, the more credible the argument. Critical 
concentrations are least reliable when based on few data, when they are applied to species that are 
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not closely related, and when the timing or route of exposure is different from the conditions in the 
study used as a reference. Whenever animals are dosed under experimental conditions, concentra
tions in many organs will increase and be correlated with each other and with effects, but most of 
those correlations will fail to be robust. Critical concentrations may be derived from fi eld studies, 
but will be in error if an observed effect is incorrectly attributed to the contaminant or if the ani
mals were subjected to additional stressors, lowering their sensitivity. Extrapolating from tissue  
concentrations to effects on populations or ecosystems is especially tenuous. To establish a credible 
relation between a contaminant and a population requires extensive work on several populations, as 
described by Ohlendorf and Heinz in Chapter 21 on selenium in this book. 

Tissue concentrations of some contaminants are especially challenging to interpret.  
Concentrations of polycyclic aromatic hydrocarbons (PAHs), for example, are difficult to interpret 
in higher animals because they tend to be rapidly metabolized and excreted (Eisler 2000). However, 
a recent study correlated the administered dietary dose of PAHs with biliary metabolites in fi sh 
(Meador et al. 2008). Even though the biliary metabolites are not tissue concentrations, these values 
do represent an internal dose that can be correlated to toxic effects and measured in fi eld collected 
animals in a similar fashion to assess harm. Further, elements that are homeostatically regulated in 
an organism pose another difficulty. Sometimes a target organ, however, may be identified that does 
show a sharp increase in tissue concentrations as toxicity is approached, even though concentrations 
are still regulated in most tissues. For some other elements, such as mercury, the total concentration 
of the element may be misleading, because the element’s toxicity is so dependent on its chemical 
form. 

The large number of poorly studied manufactured and natural chemicals is daunting. These 
industrial compounds, elements, pharmaceuticals, personal care products, pesticides, and others, 
are often best considered as chemical classes because of their overwhelming numbers. As shown 
for many toxicants, grouping chemicals by class and mode of action often results in similar toxicity 
metrics among several species and higher taxa, which is immensely helpful in our quest to char
acterize toxicity and quantify the concentrations likely to result in adverse responses. The authors 
of the book chapters adeptly address the challenges. With patience, the relations between tissue 
concentrations and toxicity are becoming better understood and their use in ecotoxicology grad
ually refi ned. 

The study of tissue concentrations rests entirely on the validity of the chemical analyses support
ing them. In general, the ability of today’s analytical chemists to provide reliable analyses of most 
important environmental contaminants surpasses the ability of ecotoxicologists to interpret those 
concentrations. There is a perception that some poisons leave no traces, especially among mystery 
readers. Consider, for instance: “I am assured that there are many poisons known only to a few chem
ists in the world, a single grain of which is suffi cient to destroy the strongest man and leave not the 
slightest trace behind. If the poisoner be sufficiently accomplished he can pursue his calling without 
the faintest risk of detection.” Mr. Sabin sipped his wine thoughtfully (from E. Phillips Oppenheim, 
1903, The Yellow Crayon). Now, however, concentrations of almost all important contaminants or 
their metabolites may be detected in wine and in tissues, and, most importantly, they may be inter
preted. Although uncovering the relation between concentration and effect requires considerable 
research and careful interpretation, the results are worthy, as the chapters of this book prove. 

We are excited to present this second edition. Many of the chapters in this book address chem
ical classes that were explored in the first edition, which the authors have painstakingly updated 
with current data and, in some cases, with new ways of analyzing those data. We are also fortunate 
to have chapters that address tissue concentrations of some toxicants that have not been considered 
previously. Lastly, our second edition is illustrated with eighteenth-century engravings of fi sh, wild
life, and invertebrates, to remind us of what ecotoxicology is about. They are taken from The Royal 
Natural History, edited by British naturalist Richard Lydekker, and published in six volumes by 
Frederick Warne, 1893–1894. 
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Peregrine Falcon 

By G. Mutzel, from The Royal Natural History, edited by Richard Lydekker, Frederick 
Warne & Co., London, 1893–94. 
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1.1 INTRODUCTION 

The detection and interpretation of contaminants in tissues of wildlife belongs to the field of tox
icology, a scientific discipline with a long, intriguing, and illustrious history (reviewed by Hayes 
1991, Gallo 2001, Gilbert and Hayes 2006, Wax 2006). We review its history briefly, to provide a 
context for understanding the use of tissue residues in toxicology, and to explain how their use has 
developed over time. Because so much work has been conducted on mercury, and dioxins and poly
chlorinated biphenyls (PCBs), separate case histories are included that describe the evolution of the 
use of tissue concentrations to assess exposure and effects of these two groups of contaminants in 
wildlife. 

The roots of toxicology date back to early man, who used plant and animal extracts as poisons 
for hunting and warfare. The Ebers papyrus (Egypt ~1550 BC) contains formulations for hemlock, 
aconite (arrow poison), opium, and various metals used as poisons. Hippocrates (~400 BC) is some
times credited with proposing the treatment of poisoning by decreasing absorption and using anti
dotes (Lane and Borzelleca 2007). Chanakya (350–283 BC), Indian advisor of the Maurya Emperor 
Chandragupta (340–293 BC), urged the use of food tasters as a precaution against poisoning, and 
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10 Environmental Contaminants in Biota 

the Roman emperor Claudius may have even been poisoned by his taster Halotus in 54 AD. Moses 
ben Maimon (1135–1204), author of a treatise on poisoning, noted that dairy products could delay 
absorption of some poisons. Paracelsus (1493–1541) shaped the field of toxicology with his corollar
ies that experimentation is essential to examining the response, that therapeutic properties should be 
distinguished from toxic properties, that chemicals have specific modes of action, and that the dose 
makes the poison. The art of concocting and using poisons reached its “zenith” during the Italian 
Renaissance, eventually culminating in its commercialization by Catherine Deshayes (a.k.a., La 
Voisine, 1640–1680) in France. 

One of the first to suggest a chemical method for the detection of a poison in modern times was 
Herman Boerhaave (1668–1738), a physician and botanist, who, according to Jurgen Thorwald (The 
Century of the Detective), placed the suspected poison on red-hot coals, and tested for odors. The 
Spanish physician Orfila (1787–1853) served in the French court, and was the first toxicologist to 
systematically use autopsy and chemical analysis to prove poisoning. He has been credited with 
developing and refining techniques to detect arsenic poisoning. Other historic accounts include 
extraction of alkaloids from postmortem specimens (Jean Servais Stas ~1851) as evidence in a nic
otine poisoning case (Levine 2003). The chemical analysis of organs and tissues became the basis 
for establishing poisoning. Much of the early history of toxicology addressed whether someone had 
been poisoned and how to treat poisoning. 

1.2 THE BEGINNINGS OF WILDLIFE TOXICOLOGY 

Wildlife toxicology has generally dealt with environmental contamination and the unintentional 
poisoning of amphibians, reptiles, birds, and mammals (Rattner 2009). Concern over poisoning 
of wildlife began in the late nineteenth century, and initially focused more on identifying envi
ronmental problems than determining contaminant concentrations in tissues. Reports of pheasant 
(Phasianus colchicus) and waterfowl mortality related to ingestion of spent lead shot appeared in 
the popular literature (Calvert 1876, Grinell 1894). Once recognized, it was considered a common 
occurrence in waterfowl (Phillips and Lincoln 1930). Wetmore (1919) described postmortem signs 
of intoxication in waterfowl that contained shot in the gizzard and other portions of the digestive 
tract. Poisoning of waterfowl from lead mining wastes dumped into the Spring River in Kansas 
was described in 1923 (Phillips and Lincoln 1930). A report of arsenic-related mortality of fallow 
deer (Dama dama) near factories processing metal ores in Freiberg, Germany, made its way into 
the popular press in 1887 (Newman 1979). Controlled exposure studies with mercury, strych
nine, and arsenic were conducted in domestic and wild fowl (Gallagher 1918, Whitehead 1934), 
including measurement of arsenic in tissues of dosed chickens (Gallus gallus) (Whitehead 1934). 
Alkali poisoning of thousands of eared grebes (Podiceps nigricollis) and shovelers (Anas clypeata) 
was documented in California in 1891 (Fisher 1893). Similar cases were subsequently described 
in many locations in the western United States, and alkali poisoning was even experimentally 
duplicated by Wetmore using captive birds, which were administered chlorides of calcium and 
magnesium (Phillips and Lincoln 1930). The hazard of ingested phosphorus from military muni
tions by waterfowl and swans was fi rst recognized in 1923, and emerged as a problem on several 
occasions decades later (Phillips and Lincoln 1930). With the expansion of oil production and its 
use for marine propulsion after World War I, oiling of waterbirds and numerous die-offs occurred 
along the coast of the United States (over 35 incidents documented in Phillips and Lincoln 1930). 
In the aforementioned mortality incidents (i.e., lead shot, arsenic, alkali, phosphorus, and oil), the 
source and the presence of the toxicant were usually readily apparent (e.g., recovery of ingested 
shot, alkali salts or oil in or on birds). 

Qualitative and quantitative determination of presence of lead in stomach and caeca of water
fowl was described as early as 1919 (Wetmore 1919, Magath 1931). Traces of arsenic were reported 
in the liver of dead deer following application of calcium arsenate for forest insect control in 1926 
(Danckwortt and Pfau cited by Keith 1996). In the detailed description of poisoning of nontarget 
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wildlife by thallium baits used to control ground squirrels, Linsdale (1931) mentioned the use of 
qualitative spectroscopic methods to detect thallium in tissues of dead geese, and quantitative meth
ods to determine concentrations in edible tissues. Before 1940, the presence or actual concentra
tions principally served as evidence of exposure. Quantitative methods were used in analyzing 
lead-poisoned geese (Branta canadensis) in the early 1940s, and “some correlation” between the 
number of shot found in the gizzard with lead content of the liver and kidney (but not leg bone) was 
suggested (Adler 1944). 

Environmental contaminant studies with captive waterfowl began at the Patuxent Research 
Refuge in the late 1940s. Through controlled exposure studies with captive birds, evidence of adverse 
effects (histopathological lesions, impaired reproduction, and lethality) on individuals began to be 
generated. In toxicity studies of white phosphorus used in military munitions, Coburn and cowork
ers (1950) found statistically significant changes in concentrations of elemental phosphorus in heart, 
liver, and kidney of mallards (Anas platyrhynchos) and black ducks (Anas rubripes) that were dosed 
with various quantities of white phosphorus. These data were then used to interpret phosphorus con
centration in tissues of redhead ducks (Aythya americana) collected from northern Chesapeake Bay, 
which led to the conclusion that “it appears probable” that the birds had been killed from ingestion 
of elemental phosphorus (Coburn et al. 1950). In order to interpret quantities of lead that produce 
toxic signs in waterfowl, mallards were dosed with lead nitrate (soluble and readily absorbable form 
of lead) for several weeks (Coburn et al. 1951). Anemia, emaciation, and a number of pathological 
lesions were consistently noted, and lead concentration in bone and liver was 7 and 40 times greater 
than that found in control birds. The critical lead intake level was suggested to be between 6 and 
8 mg/kg body weight/day, and it was stated that bone, liver, or soft tissues could be used to chemi
cally verify lead poisoning in fi eld samples. 

1.3 SYNTHETIC PESTICIDES AND POISONING OF WILDLIFE 

By the 1930s, a total of about 30 pesticides were in use in the United Kingdom, United States and 
elsewhere, including plant derivatives (e.g., pyrethrum and nicotine), inorganic compounds (e.g., 
calcium arsenate and lead), mercurial fungicides, and the synthetic weed killer dinitro-ortho cre
sol (Sheail 1985). Aerial application of pesticides became a common practice in the 1930s, and 
potential adverse effects of pesticides to wildlife were acknowledged at the Third North American 
Wildlife Conference (Strong 1938). 

The discovery of the insecticidal properties of dichlorodiphenyltrichloroethane (DDT) in 1939, 
the development, production, and use of other organochlorine (e.g., hexachlorocyclohexane), organ
ophosphorus pesticides (e.g., schradan), and rodenticides (e.g., Compound 1080), increased dramat
ically during and after World War II (Hayes 1991). Concerns about potential damaging effects of 
DDT on wildlife appeared in The Atlantic Monthly (Wigglesworth 1945), which prompted experi
mental studies. Field studies of DDT effects on wildlife were undertaken in Maryland, Pennsylvania, 
and Texas, and reduced numbers of some avian species and dead birds were noted at application 
concentrations of 4.4 and 5 pounds per acre (Hotchkiss and Pough 1946, George and Stickel 1949, 
Robbins and Stewart 1949). Parathion poisoning of geese attributed to spray drift was also reported 
at this time (Livingston 1952). In the United Kingdom, large numbers of wildlife poisonings (e.g., 
passerines, game birds, mammals) occurred in the early and mid-1950s related to the use of aldrin 
and dieldrin as seed dressings, and application of schradan for control of aphids (Sheail 1985). 
Many other organochlorine insecticides (e.g., chlordane, heptachlor, and toxaphene) came into use 
in agricultural and forest settings in the 1950s, and wildlife mortality was noted (Peterle 1991). 

Reports of wildlife mortality from pesticide use were controversial, pitting scientists associated 
with agriculture and chemical companies against environmental scientists. Biologists relied on tis
sue analyses not just to understand environmental hazards associated with pesticides, but also to 
provide more definitive evidence of exposure and even adverse effect. This controversy also served 
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as an impetus to conduct controlled studies, which often relied on tissue concentrations as a mea
surement endpoint. 

Data on concentrations of organic pesticides in tissues of wildlife began to appear in the early 
1950s. Analysis of liver tissue from dead and intoxicated pheasants collected at pesticide-treated 
orchards revealed elevated concentrations of DDT (up to 326 μg/g), while parathion was detected in 
only a few birds (up to 5 μg/g) (Barnett 1950). Chronic dietary DDT and parathion feeding trials in 
pheasants demonstrated that the kinetics of the two pesticides were quite different (Barnett 1950). 
Substantial quantities of DDT were detected in fat (up to 8104 μg/g) and liver (up to 94 μg/g), but 
usually only trace amounts of parathion were found in liver. In a songbird study evaluating DDT 
(applied at 3 pounds per acre), Mitchell et al. (1953) found that whole body DDT concentrations in 
dead nestling songbirds were variable (up to 77 μg/g) and tended to be greater in dead nestlings in 
the sprayed area compared to the reference site. However, the overall songbird population was not 
affected (Mitchell et al. 1953). During this period, aldrin, dieldrin, and heptachlor were detected in 
tissues of dead birds and mammals following their field application (Post 1952, Clawson and Baker 
1959, Scott et al. 1959, Rosene 1965). As aptly pointed out by Keith (1996), during this era investiga
tors documented pesticide exposure in tissues of dead birds, but were often hesitant to conclude that 
the cause of death was pesticide-related. 

Acute and chronic exposure studies were conducted using captive game birds that described 
signs of intoxication, lethality, and accumulation of residues of organochlorine pesticides in tissues 
(Dahlen and Haugen 1954, DeWitt 1955, 1956, DeWitt et al. 1955). The hazard of toxic chemicals 
to wildlife was frequently investigated using a combined laboratory-field approach (viz., determin
ing the tissue concentrations of the compound and/or metabolites present in intoxicated or dead 
wild animals, and then comparing those values to concentrations in experimentally dosed animals 
exhibiting toxicological signs or effects) (Peakall 1992, Keith 1996). This approach worked well 
for organochlorine contaminants that readily bioaccumulated in tissues and exerted their lethal 
effects through neurotoxic mechanisms. For example, dietary feeding studies with captive quail 
and pheasants demonstrated that the concentrations of DDT in breast muscle were related to the 
severity of intoxication, with 34 μg/g in adult bobwhite (Colinus virginianus) and 22 μg/g in adult 
pheasants being associated with death (DeWitt et al. 1955). Barker (1958) reported brain concentra
tions of DDT and DDE (dichlorodiphenyldichloroethane) in robins (Turdus migratorius) and other 
passerines that succumbed following DDT application for Dutch elm disease. Based on this fi eld 
study it was concluded that “the brain, being a suspected site of action, was considered to be best as 
an indicator of toxicity,” with greater than 60 μg/g indicative of death in robins (Barker 1958). Other 
investigators made similar conclusions on the toxic concentration of DDT in brain tissue (>50 μg/g) 
in several species of birds, and extended findings by considering the sum of metabolites (Bernard 
1963, Wurster et al. 1965, Stickel et al. 1966). This approach was used for many organochlorine 
compounds, including chlordane, heptachlor, dieldrin, and Aroclor 1254 (DeWitt et al. 1960, Stickel 
et al. 1969, 1984, and reviewed by Hoffman et al. 1996, Peakall 1996, Wiemeyer 1996). To improve 
diagnostic capabilities for free-ranging wildlife, the effects of body condition, lipid reserves, cessa
tion of feeding, cold, and other stressors on tissue distribution and mobilization of organochlorines 
were examined in both controlled exposure and field studies (Harvey 1967, Stickel et al. 1970, Van 
Velzen et al. 1972, Heinz and Johnson 1981). 

1.4 “SILENT SPRING” AND POPULATION LEVEL EFFECTS 

With the publication of Rachel Carson’s Silent Spring (1962), issues such as adverse effects of pesti
cides on nontarget organisms, ecological imbalances, chemical persistence, pesticide resistance, and 
human safety were publicized and debated not only among scientists, but also in all sectors of soci
ety. Eventually, some pesticides and environmental issues were addressed through testimony before 
government entities and courtroom litigation. This environmental movement sparked new legislation 
(e.g., in the United States, Resource Conservation and Recovery Act in 1965, National Environmental 
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Policy Act in 1970, and Toxic Substances Control Act in 1976; reviewed by Fairbrother 2009) and 
the establishment of distinct governmental agencies to deal with environmental pollution (e.g., U.S. 
Environmental Protection Agency in 1970). Research programs related to pesticides and industrial 
chemicals expanded in North America, Europe, and elsewhere. In the United Kingdom, Monks 
Wood Experimental Station was established to investigate effects of chemicals on animals and their 
supporting habitat. Chemical screening programs were initiated to examine toxicity, repellency and 
potential hazard of chemicals to birds and mammals (Heath et al. 1972, Schafer et al. 1983), and long-
term environmental contaminant monitoring programs were established. 

Population declines observed in many species of fish-eating and raptorial birds were of great 
concern to biologists. Following the discovery of an increased frequency of broken peregrine fal
con (Falco peregrinus) eggs in England, Moore and Ratcliffe (1962) and many other investigators 
(reviewed in Sheail 1985 and Keith 1996) detected organochlorine pesticide residues (e.g., DDE, 
dieldrin, and lindane) in eggs. In a classic paper, Ratcliffe (1967) reported that weights of raptor 
eggshells fell markedly and rapidly after DDT use was instituted, and Hickey and Anderson (1968) 
used correlation analysis to demonstrate that shell thickness was inversely related to the concentra
tion of DDE in eggs. Controlled exposure studies followed that proved DDE caused eggshell thin
ning and impaired reproduction (Heath et al. 1969). Similar relationships have been demonstrated 
in a number of predatory avian species (Hickey and Anderson 1968, Blus et al. 1972, Blus 1996), 
although some species are considerably more sensitive (e.g., brown pelican, Pelecanus occidenta
lis) than others. Concerns over the effects of moisture loss related to incubation stage, particularly 
in addled eggs, resulted in the development of concentration correction factors (Stickel et al. 1973). 
Adverse effects of organochlorine pesticides were also described in wild mammals, most notably 
bats (reviewed in Clark and Shore 2001), and the first reports of organochlorine contaminants and 
mercury appeared in marine mammals in the 1960s (reviewed in O’Shea and Tanabe 2003). The 
use of tissue residues has evolved from merely explaining the cause of local wildlife die-offs to its 
use in the investigation of the status of wildlife populations, and in some cases the possible fate of 
species. 

Advances in chemical analysis and instrumentation enhanced detection capabilities and revealed 
some unsuspected problems. In 1966, Swedish scientist Soren Jensen reported several unknown 
peaks in a gas chromatogram that interfered with the quantification of DDT in environmental sam
ples (Jensen 1966). These unknown peaks were subsequently identified as PCBs, which raised the 
possibility that previously reported DDT and metabolite values may have been falsely elevated 
by these interfering peaks. It was quickly recognized that PCBs were present in biota on a global 
scale, with perhaps the highest concentrations in fi sh-eating birds (up to 14,000 μg/g) (Risebrough 
et al. 1968, Wasserman et al. 1979). Quantification of these complex mixtures was based in part on 
matching chlorinated biphenyl patterns to the commercial Aroclor formulations, classified on the 
percentage of chlorination of the biphenyl. In the environment, these complex mixtures changed 
substantially due to natural weathering and biological processes, and Aroclor pattern recognition 
techniques were used to quantify total PCB concentrations in free-ranging wildlife. Toxicity stud
ies of PCBs were undertaken in birds and mammals. It was realized that poor reproduction in 
ranch mink (Mustela vison) was due to the presence of PCBs in their food source, Great Lakes 
coho salmon (Oncorhynchus kistutch) (Aulerich and Ringer 1977). In the 1970s, studies focused 
on commercial mixtures (e.g., Aroclor 1254, Clophen A60), and concentration thresholds associ
ated with lethality and embryotoxicity (e.g., <10 μg/g in eggs; reviewed by Hoffman et al. 1996). 
Concentrations of PCBs in liver and whole bodies were found to be indicative of exposure, but of 
limited diagnostic value in explaining mortality events (i.e., extremely high concentrations of PCBs 
are necessary to evoke mortality in adult birds). 

Studies in the 1960s indicating a possible link between contaminant exposure (mainly organo
chlorines) and reproductive dysfunction in Great Lakes colonial nesting waterbirds (Hickey et al. 
1966, Keith 1966, Gilbertson 1974, 1975, Gilman et al. 1977) led to a long-term research and mon
itoring program (Peakall and Fox 1987) using herring gulls (Larus argentatis) as bioindicators. 
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This herring gull monitoring program still continues today as an integral part of a multifacetted 
bi-national program to evaluate Great Lakes ecosystem health (Shear et al. 2003). 

The toxicity of metals during this era focused primarily on mercury and lead. By the late 1950s, 
waterfowl poisoning by ingestion of spent lead shot, and effects on populations were further char
acterized (Bellrose 1959). Studies with captive Canada geese (Cook and Trainer 1966) and mallards 
(Locke et al. 1966, Barrett and Karstad 1971) dosed with lead shot reported concentrations of lead 
in liver and blood, associated pathological lesions, signs of intoxication, and death. However, in a 
lead study by Longcore and coworkers (1974) ranges indicative of exposure were proposed (>3 μg/g 
wet weight in brain, 6–20 μg/g in liver or kidney, and 10 μg/g in blood), that when combined with 
necropsy findings (presence of lead fragments in digestive tract), case history and histopathological 
lesions, could be used to make a definitive diagnosis of lead poisoning. In time and with the acqui
sition of additional data, these ranges became a more formalized criteria, including categories of 
lead exposure (e.g., background), and levels of injury or effect (e.g., subclinical, clinical, and severe 
poisoning) (Friend 1985, Franson 1996, Pain 1996). 

1.5  	ADVANCES IN MEASUREMENT ENDPOINTS 
OF CONTAMINANT EXPOSURE 

By the 1970s, restrictions were placed on the use of some organochlorine compounds, including 
DDT and PCBs, although to some scientists the decision on DDT was misguised (Roberts et al. 
2010). Controlled exposure studies in wild birds and mammals began to focus on sublethal bio
chemical, physiological, and behavioral effects of organic compounds and metals. 

Use of organophosphorus and carbamate pesticides for farm crops, mosquito abatement, and for 
control of forest insect pests (e.g., spruce budworm in Canada described as “The Thirty Years’ War,” 
Burnett 1999) increased dramatically. Although these anticholinesterase pesticides had short envi
ronmental half-lives, they were not without adverse effects to birds and other nontarget organisms 
(Mineau 1991, Kendall and Lacher 1994, Grue et al. 1997). Because these compounds are rapidly 
metabolized, laboratory studies focused on enzymatic indicators (cholinesterase and other esterases) 
in blood and tissues of exposed birds (Bunyan et al. 1968a, 1968b, Ludke et al. 1975). Detection of 
organophosphate poisoning in wildlife quickly evolved to include the combination of inhibition of 
cholinesterase activity in brain tissue (~50%) along with the presence of organophosphorus or car
bamate parent compounds or metabolites in tissues or ingesta (Hill and Fleming 1982). Many direct 
poisoning cases, and intriguing incidents involving secondary poisoning, are described in the peer-re
viewed literature (Henny et al. 1985, Mineau et al. 1999). Refinements over time included the develop
ment of extensive libraries of reference values for unexposed animals and cholinesterase reactivation 
assays (Fairbrother et al. 1991). The combination of reduced cholinesterase activity and detection of 
residues or metabolites in tissues for diagnosis of poisoning has remained steadfast (Hill 2003). 

Although a longstanding problem, major petroleum spills resulting in large bird kills (e.g., 
Torrey Canyon in 1967, Union Oil drilling platform in 1969, Arrow tanker in 1970) heightened 
public awareness and concern. From both an historical (Phillips and Lincoln 1930) and modern 
day perspective, evidence of exposure of wildlife following major oil spills is usually apparent by 
visual inspection and petroleum odor of the integument (feathers or fur) of suspect animals. In the 
1960s and 1970s, numerous controlled exposure studies were undertaken that focused on char
acterizing the effects of crude petroleum oil and refi ned petroleum products on wildlife (Holmes 
1984, Jessup and Leighton 1996). Despite the development of analytical methods (e.g., Gay et al. 
1980), tissue concentrations and related measures (e.g., total resolved hydrocarbons; presence of 
aromatic, high molecular weight hydrocarbons and odd-numbered hydrocarbons; and ratios of 
pristine to n-C17 and phytane to n-C18; Hall and Coon 1988) are only occasionally measured in 
wildlife following oil spill events. In time it became recognized that (1) the composition of crude 
and refined petroleum varies considerably, (2) the chemical and physical properties of petroleum 
change through weathering and volatilization following a spill, (3) ingested petroleum compounds 
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are often rapidly metabolized, and (4) there are substantial differences in toxicity following  external 
exposure and ingestion of various crude or refined petroleum products (Jessup and Leighton 1996, 
Albers 2003). Accordingly, tissue concentrations of aliphatic and aromatic components of petro
leum oil that are associated with adverse effects have not been developed. Instead, measurements 
are used to document exposure, most commonly for purposes of natural resource damage assess
ments following a spill event. However, confirmation of the presence of petroleum oil on the integ
ument does not necessarily indicate that oil was the cause of death (Jessup and Leighton 1996). In 
the 1980s, enzyme-linked immunosorbent assays for detection of oil, and detailed fi ngerprinting 
for matching oil on exposed animals with its source were developed, and are now commonly used 
(Peters et al. 2005). 

By the end of the 1980s, the use of lead shot for hunting waterfowl and coots was banned in the 
United States, and restrictions were placed on the use of lead fi shing tackle in the United Kingdom 
due to the unintentional poisoning of mute swans (Cygnus olor) (Pattee and Pain 2003). Investigations 
on effects of heavy metals (e.g., lead, cadmium, and zinc) at industrial, mining, and hazardous waste 
sites examined exposure and responses at the individual and population levels of biological orga
nization. Selenium became a significant environmental issue in the early 1980s when dramatic 
effects, including death and embryonic deformity of birds, were observed at the Kesterson National 
Wildlife Refuge in California (Ohlendorf and Hothem 1995, Ohlendorf 2003). In response to fi nd
ings of selenosis and waterbird death at the Kesterson Reservoir, numerous field and feeding studies 
of birds were undertaken to establish toxicity thresholds. Using various statistical models (logit, 
probit, Weibull functions), much emphasis was placed on determining the toxicity of selenium in bird 
eggs. The probability of teratogenesis in black-necked stilts (Himantopus mexicanus) increased when 
selenium concentrations exceeded 37 μg/g dry weight (i.e., EC10, estimate of concentration affect
ing 10% of the population), while the EC10 for teratogenesis in mallards and in American avocets 
(Recurvirostra americana) was estimated to be 23 and 74 μg/g, respectively (Skorupa 1998a, 1998b). 
The threshold for reduced egg hatchability, a more sensitive measure of selenosis, was estimated to 
be 6–7 μg/g in stilt eggs, but avocets were found to be considerably more tolerant with hatchability 
effects at 60 μg/g. There has been considerable debate on the selenium threshold concentration for 
impaired hatchability in waterfowl, with an EC10 ranging from 12.5 to 16 μg/g. 

The development and use of biomarkers of contaminant exposure and adverse effect expanded 
dramatically in the 1990s (McCarthy and Shugart 1990, Huggett et al. 1992, Peakall and Shugart 
1993). The impetus was multifold. Organic contaminant and elemental analysis of tissues was, and 
continues to be, highly quantitative but costly and time consuming. Some biochemical measure
ments were amenable to rapid screening of samples, and a few were rather specific for certain 
contaminants and linked to the mechanism of toxicity (e.g., δ-aminolevunic acid dehydratase inhi
bition and protoporphyrin accumulation in blood of lead-poisoned birds and mammals). In some 
instances, rapid metabolism does not permit detection of parent compounds or metabolites in tis
sues, and thus enzymatic and other biochemical assays are utilized in place of tradition analyti
cal methods (e.g., neurotoxic esterase activity for organophosphorus-induced delayed neuropathy 
caused by tri-o-tolyl phosphate and leptophos; Ecobichon 1996). It was quickly recognized that 
other biochemical measurements (e.g., changes in plasma transaminase and lactate dehydrogenase 
activities) were sensitive generalized responses that were precursors or indicators of cellular dam
age, although such measurements lack toxicant specificity. In time, other biomarkers (cytochrome 
P450, metallothionein, heat stress proteins, DNA damage, and measures of oxidative stress) were 
utilized as indicators of exposure and/or adverse effects in wildlife, and several exhibited dose-
response relationships. Endpoint measurements were characterized for sensitivity, specifi city, vari
ability, clarity of interpretation, validity, and applicability to field sampling (McCarthy and Shugart 
1990, Huggett et al. 1992, Peakall and Shugart 1993). Although biochemical markers are of tremen
dous value in ecotoxicology, only a few have gained widespread acceptance for risk assessments 
and natural resource damage assessments. Often these endpoints are most valuable as ancillary 
measures used in combination with contaminant concentration and other endpoints. 
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1.6  	INTERPRETING EXPOSURE USING NEW MOLECULAR 
AND MODELING TECHNIQUES 

On a grand scale, high prevalence of embryonic deformity was observed in some populations 
of colonial nesting fish-eating birds in the Great Lakes (Great Lakes Embryo Mortality, Edema, 
and Deformities Syndrome; Gilbertson et al. 1991). Such epidemic-like events and catastrophes 
including the Chernobyl nuclear reactor meltdown, and the Exxon Valdez and Gulf War oil spills, 
greatly expanded ecotoxicological research worldwide. Exposure studies with captive wild birds 
and mammals, in parallel with modeling efforts, were used to estimate  no adverse effect level 
(NOAEL) and lowest observable adverse effect level (LOAEL) for PCBs in diets and drinking 
water (e.g., Heaton et al. 1995, U.S. EPA 1995, Forsyth 2001). Perhaps more germane to this text, 
the tissue concentrations of PCBs that correspond to the dietary NOAEL and LOAEL were also 
estimated (Heaton et al. 1995, Forsyth 2001). The realization of extreme toxicity of dioxin and 
dioxin-like coplanar PCB congeners in laboratory rodents (Poland and Knutson 1982), chicken 
eggs, and cell culture systems (Safe 1984, 1990) led to measurement (Kubiak et al. 1989) and 
toxicity testing (reviewed by Hoffman et al. 1996) of individual congeners in wildlife. The use of 
mammalian toxic equivalency factors to estimate dioxin equivalents of coplanar PCB congeners 
was applied to wild bird eggs. Potency estimates for dioxin-like PCB congeners (toxic equivalents, 
TEQs) were subsequently compiled (reviewed in Hoffman et al. 1996), and along with dioxins and 
dibenzofurans were eventually formalized at a World Health Organization workshop in 1997 (Van 
den Berg et al. 1998). 

The use of nondestructive and minimally or noninvasive sampling techniques became more com
mon in the 1990s. The rationale arose from the desire to use samples that did not entail the sacrifi ce 
of animals for ethical or scientific reasons (species status as threatened or endangered) and the sam
pling of animals repeatedly at a site where only a few individuals were found (Fossi and Leonzio 
1994). Much of the analysis of such samples has focused on biochemical endpoints. Concentrations 
of organochlorine pesticides and metabolites, PCBs, and metals (lead, mercury, cadmium, and vana
dium) in blood, milk, feathers, hair, and excreta are often correlated with levels found in historically 
used tissues (e.g., liver and kidney), and thus critical concentration values associated with harm were 
developed for some contaminants in these matrices (Fossi and Leonzio 1994). 

Pesticide hazards to migratory species were highlighted by the death of some 20,000 Swainson’s 
hawks (Buteo swainsoni) from monocrotophos poisoning during their winter migration to Argentina 
(Hooper et al. 2003). Monitoring and forensic studies documented anticoagulant rodenticide expo
sure and secondary poisoning in raptors (e.g., Stone et al. 1999, 2003), and restrictions were placed 
on the use of some of these compounds (US EPA 2008). Investigation of wildlife die-offs at industrial 
and mining sites continued (e.g., Hill and Henry 1996, Henny 2003), and in some instances metal 
concentration thresholds in tissues associated with toxicity were established (e.g., vanadium, Rattner 
et al. 2006). Studies of forest birds exposed to the organic-arsenical pesticide MSMA (monosodium 
methanearsonate) used for suppression of the mountain pine beetle in British Columbia revealed a 
signifi cant hazard to woodpeckers (Picoides spp.), and findings led to the removal of MSMA from 
the marketplace (Morrissey et al. 2007, Albert et al. 2008). With reports of feminization of alliga
tors (Alligator mississippiensis) in Lake Apopka, Florida (Guillette et al. 1994) and the publication 
of Our Stolen Future (Colborn et al. 1996), laboratory and field investigations were launched that 
focused on endocrine-disruptive effects of pollutants on wildlife. Despite extensive research, wide
spread effects of pollutants on endocrine function of free-ranging wildlife have been diffi cult to 
demonstrate; however, effects on the gonadal subsystem of wild fish seem to be pronounced (Jobling 
et al. 1998). Ecotoxicological research and monitoring of amphibians greatly expanded in response 
to worldwide declines of their populations, and the realization that some pesticides might be respon
sible for limb and other structural deformities (Sparling et al. 2000). 

Emerging contaminant issues in the twenty-first century have included the global detection 
of perfluoroalkyl surfactants in wildlife (Giesy and Kannon 2001), and the dramatic increase in 
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concentrations of polybrominated diphenyl ether (PBDE) flame retardants in eggs and tissues of 
birds (Norstrom et al. 2002). The population crash of Gyps vultures in the Indian subcontinent  
resulted in a remarkable forensic investigation documenting secondary poisoning (renal failure) of 
vultures that fed on carcasses of cattle that had been treated with the nonsteroidal anti-infl ammatory 
drug diclofenac (Oaks et al. 2004). Old World vultures were found to be quite sensitive to diclofenac 
(LD50 of 0.1 to 0.2 mg/kg body weight), with concentrations in kidney and liver of affected birds 
being <1 μg/g wet weight (Oaks et al. 2004, Shultz et al. 2004, Swan et al. 2006). This catastrophic 
event was the first time that a veterinary drug resulted in species endangerment. Notably, New 
World vultures do not seem to be sensitive to diclofenac (Rattner et al. 2008). 

The use of stable isotopes to identify the environmental source of a metal is a recent development 
in the field of wildlife toxicology. In a study of California condors (Gymnogyps californianus), lead 
concentrations and stable isotope ratios demonstrated that the source of exposure was a combination 
of background environmental lead, and ingested spent lead ammunition that has a distinctly lower 
207Pb to 206Pb ratio (Church et al. 2006). 

New models have been developed to estimate tissue concentration and distribution of legacy 
and emerging contaminants in wildlife. For example, a toxicokinetic model in the developing her
ring gull embryo predicts lipid mass balance and distribution of PCBs between the embryo, and 
yolk and albumen compartment (Drouillard et al. 2003). The model predicts that greatest PCB 
concentrations in the embryo occur during pipping, or shortly thereafter, when yolk lipids have  
been completely absorbed into the embryo, which is consistent with empirical data. Retention and 
elimination half-lives have also been modeled for numerous PCB and PBDE congeners in juvenile 
and adult American kestrels (Falco sparverius) (Drouillard et al. 2001, 2007). A bioenergetic-based 
model for tree swallow (Tachycineta bicolor) nestlings has been used to quantitatively examine fac
tors (weight-normalized food consumption) and processes (growth dilution) that influence PCB bio
accumulation (Nichols et al. 1995, 2004). Several kinetic models have been developed for mercury 
in birds, and one such model with a bioenergetics-based component has been used to predict blood 
mercury concentration as a function of food intake, food mercury content, body mass, and mercury 
absorption and elimination in common loon (Gavia immer) chicks (Karasov et al. 2007). Work has 
been initiated on physiological-based pharmacokinetic models for some chlorinated hydrocarbons, 
methylmercury, and anticoagulant rodenticides in wild birds. Such models permit calculation of tis
sue concentrations (internal dose) of contaminants for a variety of administered doses, and support 
interspecific extrapolations for risk assessments. Application of uncertainty factors in estimating 
toxicity reference values have become well-accepted, and are now used to estimate adverse effect 
concentrations for toxicant intake (e.g., milligrams per kilogram body weight per day), concentra
tions in media, and tissue-based toxicant concentrations (micrograms per day) (USACHPPM 2000). 
Using this approach, predicted no effect concentrations for perfluorooctane sulfonate (PFOS) in the 
diet (i.e., 0.013 mg PFOS/kg body weight/day) and in the liver, serum, and egg yolk (0.08 μg PFOS/g 
wet weight, 0.15 μg PFOS/mL, and 1 μg PFOS/mL, respectively) of a generic female top-level 
avian predatory species have been generated (Newsted et al. 2005). Statistical techniques are now 
being used to derive tissue concentrations associated with toxicological benchmarks. Buekers et al. 
(2009) have recently calculated the fifth percentile hazard concentration (HC5) of blood lead levels 
associated with a no observed effect concentration (NOEC) in bird and mammals. Theoretically, at 
blood lead concentrations below the HC5, 95% of all higher vertebrates will be protected. As these 
examples illustrate, tissue concentrations are being used to answer increasingly more complex ques
tions. Although tissue concentrations are still used to examine the fate of a particular organism, they 
are also used to elucidate contaminant hazards to populations and to ecosystems. 

1.7 CASE HISTORY: MERCURY IN WILD BIRDS 

Mercury (Hg) exposure has long been considered a potentially serious threat to the health of both 
humans and wildlife. The ecotoxicological literature on Hg is substantial, having evolved over many 
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years, and serves to illustrate some of the problems faced by ecotoxicologists when trying to evaluate 
injury based on tissue contaminant concentrations. The fate of Hg in the environment is complex. 
For example, Hg originates from both natural sources and industrial processes; it may be released 
into the environment in a number of different chemical forms; it may be chemically interconverted 
within the abiotic environment; and it may be metabolized by microorganisms to form either methyl 
Hg or inorganic Hg, which differ considerably in dietary absorption, tissue distribution, and toxicity 
in exposed wildlife. Furthermore, the chemical forms of Hg may be changed within some organs 
(e.g., demethylation by liver), further complicating interpretation of wildlife tissue concentrations. 
The principles learned from the literature on Hg are applicable to other less well-studied environ
mental contaminants. 

Mercury first received attention as a toxicological issue for wildlife in the 1950s and 1960s 
when elevated Hg concentrations and poisonings were reported in a wide variety of seed-eating 
birds and small mammals, and their predators. In these cases, the ultimate source of Hg exposure 
in small granivores was the consumption of agricultural seeds (mainly wheat, barley, and oats) 
coated with alkyl Hg fungicide compounds (commonly methylmercury dicyandiamide). Predators, 
including raptorial birds and various carnivorous mammals, were in turn poisoned after feeding 
on Hg-poisoned prey. Although poisoning of wildlife from this Hg source occurred in a number of 
different countries, the most comprehensive report of the phenomenon is probably that of Borg et 
al. (1969) who described the Swedish experience and concluded that the extent of Hg poisoning was 
great enough to have caused population reductions of some affected species. Although Borg et al. 
(1969) did not indicate specifi c threshold tissue concentrations for assessing Hg poisoning in wild
life, they were among the first to suggest that tissue-Hg (or alkyl Hg) concentrations, together with 
supporting evidence such as behavioral signs and/or characteristic histopathology, were the primary 
criteria for diagnosing Hg poisoning in wildlife. 

In the 1960s, Hg poisoning of scavenging and fish-eating birds in Japan was related to the 
industrial release of methyl Hg, the most notable effects occurring in Minamata Bay (Doi et al. 
1984). Other major point-sources of Hg to the environment during the 1960s and 1970s were 
effluents from pulp mills and chloralkali plants. Aquatic wildlife, especially fi sh-eating species, 
sampled from environments affected by these industrial emissions, commonly demonstrated ele
vated tissue-Hg concentrations (e.g., Fimreite 1974). Occasionally, overt intoxication and mor
tality of fish-eating wildlife (e.g., wild mink, Wobeser and Swift 1976; and wild otter, Lutra 
canadensis, Wren 1985) were attributed to Hg exposure from such sources. In addition, repro
ductive impairment in wild fish-eating birds was linked to elevated Hg exposure in such envi
ronments (Fimreite 1974, Barr 1986). These early studies examined mainly gross toxicological 
endpoints such as overt neurotoxicity, reproductive failure, and outright mortality, but sometimes 
also included histopathological examination for lesions at the cellular level (Tejning 1967, Borg 
et al. 1969, 1970, Fimreite 1971, Fimreite and Karstad 1971, Aulerich et al. 1974, Heinz 1974, Pass 
et al. 1975, Heinz and Locke 1976, Wobeser et al. 1976, Finley and Stendell 1978, Finley et al. 
1979, Heinz 1979). 

A combination of field studies of methyl Hg-exposed animals, and controlled dosing studies 
using captive animals, helped elucidate tissue and dietary levels of methyl Hg that were asso
ciated with overt toxicity or reproductive impairment (reviewed by Wren et al. 1986, Eisler 
1987, Scheuhammer 1987, and more recent reviews by Heinz 1996, Thompson 1996, Burger and 
Gochfeld 1997, Wolfe et al. 1998). In these studies, it was common to measure and report only total 
Hg concentrations in tissues, with the implicit assumption that because exposure was known to be 
primarily to methyl Hg, tissue levels of total Hg and methyl Hg would be essentially identical. This 
assumption was probably valid for most field and lab studies conducted in the 1960s and 1970s 
because dietary methyl Hg exposures in these studies tended to be high, and the duration of expo
sure was generally fairly brief, certainly not more than a few months. However, the assumption is 
not valid for scenarios involving chronic, lower-level dietary methyl Hg exposure. A review of Hg 
concentrations in liver and kidney tissue of wildlife that died from Hg poisoning during the methyl 
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Hg-treated grains era, indicated that total Hg concentrations >20 µg/g wet weight represent poten
tially lethal exposures. But in other unrelated studies, much higher concentrations of total Hg (in 
some cases, several hundred µg/g) in liver of apparently healthy wild animals were reported (e.g., 
ringed seal, Pusa hispida and bearded seal, Erignathus barbatus, Smith and Armstrong 1975; 
striped dolphins, Stenella coeruleoalba, Itano et al. 1984; polar bears, Ursus maritimus, Norstrom 
et al. 1986). An apparently healthy wandering albatross (Diomedea exulans) had liver concentra
tions >1000 µg Hg/g dry weight (Thompson and Furness 1989). How could such dramatically 
elevated Hg concentrations fail to be accompanied by signs of severe toxicity? When studied fur
ther, Hg in livers of these and other species was shown to contain variable proportions of organic 
(methyl) and inorganic forms, with a generally decreasing organic fraction as total Hg concentra
tions increased. After absorption from the diet, some methyl Hg is apparently demethylated in  
certain tissues in response to increasing methyl Hg accumulation. Thompson and Furness (1989) 
demonstrated this phenomenon in a number of seabird species, suggesting that long-lived species 
with relatively slow molt cycles might be slow to eliminate methyl Hg through new feather growth 
and that, therefore, demethylation of methyl Hg might be an important additional mechanism to 
reduce the body burden of toxic methyl Hg. More recent studies have addressed apparent species 
differences in demethylation efficiency among different wild avian species (e.g., Scheuhammer et 
al. 2008, Eagles-Smith et al. 2009). Taken together, these studies demonstrated that Hg in liver 
cannot be assumed to be present primarily as methyl Hg, even though wildlife are exposed primar
ily to dietary methyl Hg in fish and other prey. Inorganic Hg resulting from demethylation in liver 
is often found in close association with selenium (Se), especially at higher Hg concentrations (e.g., 
Koeman et al. 1975, Thompson and Furness 1989, Dietz et al. 1990, Scheuhammer et al. 1998a). 
Further discussion of the biological Hg–Se relationship may be found in accompanying chapters by 
O’Hara et al. (Chapter 10 of this volume) and Shore et al. (Chapter 18 of this volume). 

A major lesson for wildlife toxicologists from the published literature on apparent demethyla
tion of methyl Hg and accumulation of relatively nontoxic Hg–Se complexes is that toxicological 
assessments should not rely solely on total Hg concentration measurements in typically analyzed 
tissues such as liver. This is especially true for long-lived piscivores and other aquatic predators 
for which years of chronic low-level dietary methyl Hg exposure may be occurring. In such cases, 
a high proportion of liver Hg may be present as inorganic Hg bound with Se. Scheuhammer et al. 
(1998a) suggested that total Hg, organic (methyl) Hg, and Se should be analyzed rather than total 
Hg alone, when using liver, kidney, and/or brain tissue for toxicological assessments. Wiener et al. 
(2003) recommended that, when only total Hg measurements were available, Hg in skeletal muscle 
should be analyzed in addition to liver, as almost all of the Hg in muscle remains methylated. Total 
Hg concentrations in liver are not by themselves sufficiently informative to make confi dent toxico
logical judgments. 

By the 1980s, the use of mercurial seed dressings had been abandoned, and releases of Hg from 
the chloralkali and pulp industries had been eliminated or drastically curtailed. At least in North 
America, some other sources of previously significant environmental Hg releases (e.g., its use in 
gold mining) had already been phased out by the early 1900s (Eisler 2000). However, some of these 
older sources of environmental Hg contamination can still cause substantial exposure in wildlife 
today. For example, waterbirds nesting in the Carson River basin, contaminated with Hg from gold 
refining operations during the late 1800s, continue to be exposed to substantially elevated dietary 
methyl Hg concentrations that are of toxicological concern, especially with respect to egg hatch
ability and health of young (Henny et al. 2002, Hill et al. 2008). Similarly, predatory fish and fi sh
eating wildlife such as bald eagles (Haliaeetus leucocephalus) continue to experience elevated Hg 
exposure near a former Hg mine in central British Columbia, Canada (Weech et al. 2004, 2006). 
However, in addition to locations experiencing continued Hg contamination from past point-source 
emissions, a growing recognition evolved during the 1980s that environments remote from such 
releases could also contain fish (and consequently fish-eating wildlife) with elevated Hg concen
trations. Predominant among such remote “Hg-sensitive” environments were acid-impacted lakes 
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(Björklund et al. 1984, Scheuhammer 1991, Spry and Wiener 1991, Scheuhammer and Blancher 
1994), and reservoirs and lakes created by flooding of vegetated land where environmental Hg 
methylation and food chain transfer of Hg are enhanced (Bodaly et al. 1984, Johnson et al. 1991, 
Hall et al. 2005). Furthermore, in some very remote environments, temporal investigations indi
cated that Hg levels in wildlife were increasing near the end of the twentieth century (Monteiro and 
Furness 1997, Braune et al. 2005), whereas levels were declining in some more industrialized areas 
(Koster et al. 1996). 

In response to the recognition of elevated Hg concentrations in food chains of certain remote 
ecosystems, studies of the effects of environmental Hg exposure in wildlife continued through the 
1990s and beyond. A number of field studies sought to characterize exposure and effects in fi sh
eating wildlife in Hg-sensitive habitats, and to better understand the relation between elevated Hg in 
wildlife and their prey (Wren et al. 1987a, 1987b, Meyer et al. 1995, DesGranges et al. 1998, Evers 
et al. 1998, 2003, Scheuhammer et al. 1998b, 2001, Burgess et al. 2005, Champoux et al. 2006). In 
more recent toxicological studies, emphasis has been placed on clarifying the effects of environ
mentally realistic dietary methyl Hg exposures at the molecular (Spalding et al. 2000, Heath and 
Frederick 2005, Basu et al. 2005, 2006, 2007, 2009, Kenow et al. 2008, Scheuhammer et al. 2008), 
organismal (reproductive endpoints) (Wren et al. 1987a, 1987b, Heinz and Hoffman 1998, 2003, 
Dansereau et al. 1999, Albers et al. 2007), and population (Meyer et al. 1998, Moore et al. 1999, 
Sample and Suter 1999, Evers et al. 2005, 2008, Burgess and Meyer 2008) levels of organization in 
wild birds and mammals. In addition, species differences in methyl Hg toxicity in ovo have begun to 
be explicitly addressed through avian egg injection studies (Heinz et al. 2006, 2009). Contemporary 
reviews of the ecological impacts and toxicology of methyl Hg in wildlife have explicitly recognized 
that current levels of Hg exposure for some wildlife species in some environments are suffi ciently 
high to be of toxicological concern (Wiener et al. 2003, Scheuhammer et al. 2007, Wolfe et al. 
2007). In addition, tissue-Hg concentrations recognized to be harmful have gradually decreased as 
increasingly sensitive cellular and biochemical effects have been identified. For example, signifi cant 
correlations between brain Hg concentrations and the density of some neurotransmitter receptors 
in mink have been observed well below the previously estimated lowest observable effect concen
tration (LOEC) for Hg in mink or otter brain (Scheuhammer et al. 2007). Shore et al. (2010), using 
species sensitivity distributions, have established egg-Hg concentrations that are protective of 95% 
(HC5) of avian species. 

Although fish-eating wildlife generally exhibit substantially higher exposure to dietary methyl 
Hg than terrestrial animals, recent research has identified certain terrestrial food chains in forest 
habitats that appear to concentrate methyl Hg. Some forest songbird species feeding in such food 
chains can experience dietary methyl Hg exposure at least as high as fish-eating birds. For example, 
blood Hg concentrations exceeding 4 µg/mL were reported in red-eyed vireos (Vireo olivaceus) 
and Carolina wrens (Thryothorus ludovicianus) (Cristol et al. 2008); these levels exceed the esti
mated threshold for reproductive impairment in common loons (2.87 µg/mL in breeding females; 
Scheuhammer et al. 2007). Spiders (order Araneae), which had methyl Hg concentrations similar to 
fish preyed upon by belted kingfi shers (Megaceryle alcyon), were found to be a major dietary source 
of methyl Hg for these terrestrial birds (Cristol et al. 2008). Additional studies are required to better 
understand the environmental conditions that lead to elevated methyl Hg concentrations in these 
terrestrial food webs, and to determine if reproductive or other impairments accompany elevated 
Hg exposure in the most at-risk wildlife species. 

In summary, Hg in wildlife has been studied for more than 50 years, and much has been learned 
regarding its food chain transfer, accumulation, and toxic effects. Recent studies have begun to doc
ument subtle, yet important effects of Hg on behavior, neurochemistry, and endocrine function in 
wildlife at currently relevant levels of environmental exposure. Insofar as substantial global anthro
pogenic Hg emissions will likely continue into the foreseeable future, there will undoubtedly be a 
need for continued research on ecotoxicology of Hg, and a revisiting of tissue concentration effect 
thresholds, well into the twenty-fi rst century. 
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1.8 CASE HISTORY: DIOXINS AND PCBs IN WILD BIRDS 

PCBs, polychlorinated dibenzo-p-dioxins (PCDDs), and polychlorinated dibenzofurans (PCDFs) 
are structurally similar, persistent, and lipophilic chemicals, which have widely contaminated envi
ronmental media, where they have the potential to cause toxicological effects in wild birds. PCBs 
are anthropogenic in origin and were manufactured and widely used until the latter decades of the 
twentieth century. PCDDs and PCDFs were produced as by-products of industrial processes and 
combustion, especially of plastic wastes. The chemistry, environmental fate, and toxicology of these 
chemicals are complex, and hence controversial. 

The word “dioxin” became known to the scientific community, and eventually part of the pub
lic lexicon, as a result of the death of millions of broiler chickens during the 1950s in parts of the 
eastern and southwestern United States. The condition was labeled “chick edema disease” as it was 
characterized by excessive fluid in the pericardial sac and abdominal cavity, subcutaneous edema, 
liver necrosis, and death beginning at about 3 weeks of age (Friedman et al. 1959). Investigators 
quickly traced the source to toxic factors present in fatty acid feed supplements obtained from 
“fl eshing greases” produced as a by-product of the hide tanning industry (Wootton and Alexander 
1959). Several years of toxicological and chemical research eventually implicated the use of chlo
rophenolic biocides as hide preservatives, and the identification of PCDDs, particularly 1,2,3,7,8,9
hexachlorodibenzo-p-dioxin as the main chick edema factor (Higginbotham et al. 1968, Firestone 
1973). Verrett, Flick and coworkers dosed both chicks and chick embryos with individual PCDDs 
and PCDFs providing the first data of potential value for interpreting tissue concentrations (Verrett 
1970, Flick et al. 1973). 

Concerned over PCDD contaminants in chlorophenolic pesticides, some researchers began to 
investigate food chain contamination in areas of intensive use. During the 1960s, an estimated 400 
kg of 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) was sprayed by the United States military onto 
the forests of Indochina as a contaminant in the 20 million kg of the herbicide 2,4,5-T, a component 
of Agent Orange, used as a chemical warfare agent (Huff and Wassom 1974). A 1970 survey of 
Vietnamese rivers found that whole body samples of catfish (Siluridae), for example, from the Dong 
Nai River had mean 2,3,7,8-TCDD concentrations of 810 pg/g wet weight (Baughman and Meselson 
1973). There appears to have been no published attempt to extrapolate that finding to wildlife; how
ever, assuming that the reported concentrations in fish were accurate within an order of magnitude, 
and using the biomagnification factor from fish to fish-eating birds for 2,3,7,8-TCDD of 32 (Braune 
and Norstrom 1989), aquatic birds feeding in that system would have accumulated suffi cient TCDD 
alone to cause overt toxicity, even in less sensitive species. 

While a number of laboratories were investigating environmental contamination by dioxins, in 
1966 during gas chromatographic analysis for DDT, Jensen identified a series of PCB compounds 
(Jensen 1966, Jensen et al. 1969). Risebrough and coworkers (1968) soon reported that birds from the 
remotest areas of the globe were contaminated by PCBs. Studies of PCB toxicity to birds, particu
larly chickens, soon followed (Chapter 14 of this volume, reviewed by Eisler 1986, Bosveld and Van 
den Berg 1994, Barron et al. 1995). Compared to many of the organochlorine insecticides in wide use 
at that time, acute toxicity of PCBs was low and also varied according to the degree of chlorination of 
the Aroclor mixture (Hill et al. 1975). In cases of experimentally caused mortality, the brain was the 
most reliable diagnostic tissue for determining lethal concentrations of PCBs (e.g., brain: 300–400 
μg/g wet weight in pheasants, Dahlgren et al. 1972; 76–445 μg/g in fish-eating birds, Koeman et al. 
1973; and 310 μg/g in passerines, Stickel et al. 1984; liver: 70–697 μg/g in Bengalese fi nch, Lonchura 
striata, Prestt et al. 1970). A study of lethal effects on the great cormorant (Phalacrocorax carbo) 
reported a lower brain threshold, and attempted to determine if that species was more sensitive or 
whether results were confounded by furan contamination from the Clophen A60 dosing mixture 
(Koeman et al. 1973). Mortality and residue analyses of ring-billed gulls (Larus dalawarensis) in 
the early 1970s on the Great Lakes also implicated PCBs as a possible causative factor (Sileo et al. 
1977). 
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During the late 1960s, scientists began to assess the effects of PCB mixtures on avian reproduc
tion, principally focusing on chickens, but also including other galliform and nongalliform species. 
It soon became evident that, as with dioxins, chickens were more sensitive than other tested species. 
Some researchers employed the egg injection technique, and findings varied according to factors 
such as the Aroclor mixture, injection site, and dosing vehicle. For example, 5 μg/g of Aroclor 1242 
injected into chicken eggs on day zero of incubation caused a variety of malformations in embryos, 
and other effects in hatched chicks (Carlson and Duby 1973). Peakall and Peakall (1973) conducted a 
feeding study with Aroclor 1254 in the ring dove (Streptopelia risoria), and showed that embryonic 
mortality increased with egg concentrations. In subsequent experiments with artifi cially incubated 
eggs, they found that the embryonic mortality was caused by altered parental behavior, specifi cally 
reduced nest attentiveness. 

By the late 1970s, surveys of PCB contamination revealed, not surprisingly, that wildlife in 
heavily industrialized ecosystems, such as the North American Great Lakes and the Baltic region, 
were particularly contaminated, and thus those regions became foci for investigating the effects of 
environmental contaminants on birds (Gilman et al. 1977, Falandysz 1980) (Table 1.1). As early as 
1970, colonies of gulls (Larus spp.) and terns (Sterna spp.) nesting on Lakes Ontario and Michigan, 
were exhibiting high rates of nest failure associated with embryotoxicity and various deformities 
among hatched birds (Gilbertson 1974, 1975). Mean PCB concentrations (as Aroclor 1254:1260) 
in herring gull eggs were 142 µg/g wet weight at a colony in Lake Ontario and 92 µg/g at a Lake 
Michigan colony (Gilman et al. 1977). There were extensive field and laboratory investigations 
of the Great Lakes avifauna; however, establishing cause–effect linkages, and thus critical con
centrations of specific compounds proved problematic. During the period when signs of toxicity 
were overt, fish-eating bird eggs contained elevated concentrations of a complex mixture of haloge
nated aromatic contaminants in addition to PCBs, including DDTs, mirex, hexachlorobenzene, and 
TCDD (Peakall and Fox 1987). 

The early research and monitoring of wildlife contamination by PCBs and dioxins was hindered 
by limitations in analytical chemistry. PCB quantification was based on one or two peaks resolved 
by packed column gas chromatography (GC), ineffective at separating most individual congeners. 
With the introduction and widespread use of fused-silica capillary GC columns, greater resolution 
of compounds was possible, but identification of many peaks remained problematic. In the early 
1980s, Mullin et al. (1984) reported the synthesis and relative retention times of all 209 PCB conge
ners, which allowed researchers to comprehensively assess the patterns of PCB congeners present 
in various environmental media. By comparing patterns of congener peaks among sediment, forage 
fish, and birds, Norstrom (1988) showed which congeners were more resistant to metabolic degra
dation and therefore, tended to bioaccumulate, and he suggested some general structural properties 
governing bioaccumulation in birds. 

Given the findings of widespread embryotoxicity, including deformities, during the late 1960s 
and early 1970s, the presence of 2,3,7,8-TCDD in the Great Lakes food chain had been hypothe
sized, but could not be established with analytical methods employed at that time (Bowes et al. 
1973). By the early 1980s, the availability of high resolution mass spectrometry (MS) combined 
with GC/MS enabled the quantification of PCDDs and PCDFs in tissue samples at <10 pg/g. A new 
GC/MS analytical method was developed and applied to a spatial survey of the Great Lakes, and 
to a temporal survey made possible by retrospective analysis of herring gull egg samples archived 
in the Canadian Wildlife Service National Specimen Bank (Elliott et al. 1988). The results showed 
that eggs from a colony in Lake Ontario contained mean concentrations of 2, 3, 7, 8-TCDD that 
were greater than 1000 pg/g in 1971, and which had decreased to about 100 pg/g by 1980 (Stalling 
et al. 1985). The GC/MS method enabled examination of PCDD and PCDF patterns in environmen
tal media and biota, demonstrating that chlorine substitution at the 2, 3, 7, and 8 carbon positions 
conferred resistance to metabolic breakdown, indicating therefore that those compounds tended to 
bioaccumulate (Stalling et al. 1985). 
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TABLE 1.1 
Some Representative Studies of PCBs and Dioxins in Wild Birds 

Species Location Contaminants Study Type Reference 

Western grebe, British Columbia PCBs, PCDDs, Monitoring Elliott and Martin 1998 
Aechmophorus PCDFs, OCs 
occidentalis 

Black-footed albatross, North Pacific PCBs, OCs Monitoring Auman et al. 1996 
Phoebastria nigripes 

Northern gannet, Eastern Canada PCBs, DDE, Poor reproductive Elliott et al. 1988 
Morus bassanus OCs success 

Great cormorant, Netherlands, PCBs Reports of Koeman et al. 1973, 
Phalacrocorax carbo Japan mortality, Guruge and Tanabe 1994 

monitoring 

Double-crested Great Lakes PCBs, OCs Deformities, Larson et al. 1996, 
cormorant, variable Powell et al. 1998, 
Phalacrocorax auritus reproductive Custer et al. 1999 

success 

Black-crowned night Eastern U.S. PCBs, OCs, Monitoring study Rattner et al. 1997, 2000, 2001 
heron, Nycticorax PCDDs, 
nycticorax PCDFs 

Great blue heron, British Columbia PCDDs, PCDFs Reproductive Elliott et al. 1989, 2001a, 
Ardea herodias failure Bellward et al. 1990 

Wood duck, Aix sponsa Arkansas TCDD, TCDF Poor reproductive White and Seginak 1994, 
success, egg Augspurger et al. 2008 
injection 

Herring gull, Larus Great Lakes PCBs, OCs Poor reproductive Gilman et al. 1977 
argentatus success 

Glaucous gull, Larus Norway PCBs, OCs Monitoring study Bustnes et al. 2001 
hyperboreus 

Common tern, Sterna Great Lakes, PCBs, PCDDs, Deformities, poor Gilbertson et al. 1976, 
hirundo Netherlands PCDFs reproductive Bosveld et al. 1995 

success 

Forster’s tern, Sterna Great Lakes PCBs, TCDD Reproductive Kubiak et al. 1989, 
forsteri problems Harris et al. 1993 

Caspian tern, Great Lakes PCBs, OCs Monitoring Struger and Weseloh 1985 
Hydroprogne caspia 

Atlantic puffi n, Great Britain PCBs Toxicological Harris and Osborne 1981 
Fratercula arctica fi eld experiment 

White-tailed sea-eagle, Sweden PCBs, PCDDs, Poor reproductive Helander et al. 2002 
Haliaeetus albicilla PCDFs, OCs success 

Bald eagle, Haliaeetus United States, PCBs, OCs, Poor reproductive Wiemeyer et al. 1993, 
leucocephalus British PCDDs, success Elliott and Harris 2001 

Columbia PCDFs 

Osprey, Pandion Pacifi c Northwest, PCBs, PCDDs, Monitoring, Elliott et al. 2001a, Henny et al. 
haliaetus Wisconsin, PCDFs industrial site 2009, Woodford et al. 1998, 

Ontario assessment DeSolla and Martin 2009 

American kestrel, Lab study CB-126, CB-77, Egg injection Hoffman et al. 1998, 
Falco sparverius Aroclor study, feeding Fernie et al. 2001, 2003 

mixture study 

continued 
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TABLE 1.1 (continued) 
Some Representative Studies of PCBs and Dioxins in Wild Birds 

Species Location Contaminants Study Type Reference 

Northern bobwhite, Lab study CB-126, CB-77 Egg injection Hoffman et al. 1998 
Colinus virginianus study 

Ring-necked pheasant, Lab study 2,3,7,8-TCDD Feeding study, Nosek et al. 1992, 1993 
Phasianus colchicus egg injection 

Great horned owl, Kalamazoo River, PCBs Contaminated Strause et al. 2007a, 2007b 
Bubo virginianus Michigan site assessment 

Tree swallow, New York, PCBs, TCDD Contaminated McCarty and Secord 1999a, 
Tachycineta bicolor Massachusetts, site assessment 1999b, Custer et al. 2003, 

Rhode Island 2005 

Eastern bluebird, Wisconsin, TCDD Lab study, Thiel et al. 1988, 
Sialia sialis Michigan contaminated Neigh et al. 2007 

site assessment 

American robin, Massachusetts PCBs Contaminated Henning et al. 2003 
Turdus migratorius site assessment 

Eurasian dipper, Wales PCBs Point source Ormerod et al. 2000 
Cinclus cinclus assessment 

American dipper, British Columbia PCBs, OCs Source Morrissey et al. 2005 
Cinclus mexicanus coastal determination 

watershed 

Starling, Sturnus Illinois PCBs Contaminated Arenal et al. 2004 
vulgaris site assessment 

Availability of a full range of compounds for toxicity testing advanced understanding of the 
structure–activity relationships of the 17 various 2,3,7,8-substituted PCDDs and PCDFs and the 
structurally similar non-ortho and mono-ortho PCB congeners. That similarity in structure and  
effects furthered the theory that there was a common mechanism of action that hinged on the binding 
to the cytosolic aryl hydrocarbon (Ah) receptor protein, translocation into the nucleus and induction 
of gene transcription and corresponding proteins (Poland and Knutson 1982). Ranking of potencies 
for individual congeners relative to 2,3,7,8-TCCD resulted in development of the toxic equivalence 
factor (TEF) scheme, whereby the toxicity of complex mixtures could be estimated by multiplying 
each congener concentration in a given sample by its TEF and summing the results of the multiple 
congeners to obtain the TCDD TEQ concentration of the sample (Safe 1984, 1990). An expert panel 
recommended avian-specific TEFs, now in wide usage (Van den Berg et al. 1998); however, recent 
experiments have reported that 2,3,7,8-TCDF may be more toxic than 2,3,7,8-TCDD in some bird 
species, while 2,3,4,7,8-pentaCDF may be tenfold or more toxic to Japanese quail (Coturnix japon
ica), than TCDD, requiring a reassessment of avian TEFs (Cohen-Barnhouse et al. 2008). 

Brunström and coworkers (Brunström 1988, 1990, Brunström and Andersson 1988, Brunström 
and Lund 1988) conducted a series of egg injection experiments using chickens and other avian spe
cies. Those and other studies provided avian-specific data on the relative potencies of various PCB 
congeners, and further demonstrated that the chicken was in a class of its own in relative sensitivity 
to dioxin-like compounds, while the pheasant and the turkey (Melleagris gallopavo) were interme
diate in sensitivity, with other species such as ducks and gulls being much less sensitive. Meanwhile, 
Nosek et al. (1992, 1993) studied the toxicology of TCDD in more depth using the pheasant as a 
model species. 

Congener-specific analytical techniques were employed in field and laboratory investigations 
of ongoing health problems including poor reproductive success of bird populations in the Great 
Lakes. Given the similarity between the apparent syndrome in that region and chick edema disease, 
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Gilbertson and coworkers (1983, 1991) developed the concept of the Great Lakes Embryo Mortality, 
Edema and Deformities Syndrome (GLEMEDS). By the late 1980s, the non-ortho PCBs were 
suggested as the likely causative factor, because of their wide distribution, greater environmental 
concentrations, and dioxin-like toxicity. Kubiak et al. (1989) investigated a Forster’s tern (Sterna 
forsteri) colony in the Green Bay region of Lake Michigan that was exhibiting what was later con
sidered GLEMEDS-type signs of toxicity. Their egg-swap studies in particular pointed toward a 
parental behavioral mechanism to explain lower productivity, rather than embryotoxicity. A sub
sequent study of those birds suggested NOAELs for PCBs and for hatching success (Harris et al. 
1993). Studies of common terns (Sterna hirundo) in North America (e.g., Hoffman et al. 1993), and 
in Europe (Becker et al. 1993, Bosveld et al. 2000), reported some sublethal effects on chick growth 
and development, but no clear evidence of PCB effects on hatching success. Reproduction and 
contaminants, particularly elevated PCB concentrations were investigated by Struger and Weseloh 
(1985) in Great Lakes Caspian terns (Sterna caspia), and despite relatively high concentrations of 
PCBs, there were no apparent effects on productivity. 

Of particular concern to many researchers were the continued reports during the early 1990s of 
deformed nestlings in the Great Lakes, considered by some to be a clear diagnostic of poor fi tness in 
wildlife. Clustered incidences of bill deformities among double-crested cormorants (Phalacrocorax 
auritus) nesting at Lake Michigan colonies were regularly reported. Ludwig et al. (1996) and Giesy 
et al. (1994) considered that the correlative evidence was sufficient to implicate PCBs as a chemical 
driver of deformities in Great Lakes cormorants. It has, however, proven difficult to conclusively 
establish cause and effect between the observed deformities and PCB concentrations in the fi eld, 
given inconsistency in laboratory results, and potential confounding factors such as disease and 
genetics, which are discussed more thoroughly in Chapter 14. 

In the mid-1980s, eggs of aquatic birds from the Pacific coast of Canada were found with high 
concentrations and an unusual pattern of PCDDs and PCDFs (Elliott et al. 1989). Work with great 
blue herons (Ardea herodias) explored possible links between colony failures and increasing PCDD 
and PCDF contamination from forest industry sources. Throughout the 1990s, field work was con
ducted on a variety of potentially vulnerable species, including herons, cormorants, bald eagles, 
osprey (Pandion haliaetus), tree swallows, and various waterfowl species, which described spatial 
and temporal patterns in contamination, and successfully established linkages with specifi c for
est industry sources (Elliott and Martin 1994, Elliott et al. 1996a, 2001a, Harris and Elliott 2000, 
Harris et al. 2003). A complementary series of laboratory studies employing artifi cial incubation 
and egg injection explored the toxicological aspects in more depth, and generated data useful for 
recommending criteria for interpreting tissue concentrations of PCDDs in a number of avian species 
(Bellward et al. 1990, Sanderson et al. 1994a, 1994b, Sanderson and Bellward 1995, Elliott et al. 
1996b, 2001b, Janz and Bellward 1996). The contamination and potential effects of PCDDs and 
PCDFs from the pulp and paper industry were also studied in fish-eating and insectivorous birds 
from other locations in North America (Champoux 1996, Wayland et al. 1998, Woodford et al. 1998, 
Custer et al. 2002). 

Given its conservation status until the mid-1990s as federally endangered in the United States 
and in some Canadian provinces, and its position as a top predator, the role of contaminants in the 
decline of the bald eagle was widely investigated. Nests in many regions of North America were 
visited regularly to document reproduction and to salvage unhatched eggs for contaminant analysis. 
Statistically significant negative associations were found between productivity and various contam
inants, including PCBs, while DDE effects on shell quality was identified as the main determinant 
(Wiemeyer et al. 1993). In the Great Lakes region, Best et al. (2010) reported that associations con
tinued between PCBs and productivity into at least the late 1990s. To improve the quantity of data 
obtained, the salvaged egg metric was enhanced by measuring contaminant burdens in blood sam
ples from nestling bald eagles (Bowerman et al. 1995, 1998), an approach also applied in Sweden 
to the white-tailed sea-eagle (Haliaeetus albicilla). Meanwhile, improved analytical techniques 
also made it possible to measure PCDDs, PCDFs, and non-ortho PCBs in eagle nestlings (Elliott 
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and Norstrom 1998). Tentative critical concentrations for PCBs and DDE in nestling eagle blood 
samples were derived (Elliott and Norstrom 1998) based on regressions between nestling blood 
and egg samples, which were later modified by Elliott and Harris (2001) and Strause et al. (2007a). 
As exposure to legacy contaminants such as PCBs was declining in many jurisdictions during the 
1990s, some researchers began to directly investigate ecological factors, particularly the relative 
role of food supply and weather that may interact with contaminant exposure and effects (Elliott 
et al. 1998, 2005, Dykstra et al. 1998, Gill and Elliott 2003, Hoff et al. 2004, Elliott et al. 2005). 
Similarly, Helander et al. (2002) studied the ecotoxicology of the congeneric white-tailed sea-eagle 
for many decades in Sweden, in the process developing critical tissue values for PCBs in eggs. 

Field research on the effects of PCBs and other contaminants on productivity and other param
eters of birds nesting in the Great Lakes continued through the 1990s and into the present century 
(e.g., Tillitt et al. 1992, Giesy et al. 1995, Fox et al. 1998, Ryckman et al. 1998, Custer et al. 1999). 
As with bald eagles, the role of ecological variables was increasingly factored into understand
ing sources and dynamics of contaminants (Hebert and Weseloh 2006), eventually incorporating 
tools such as stable isotopes and fatty acid profiles (Hebert et al. 2008). Drouillard and Norstrom 
(2000) made valuable progress in understanding the pharmokinetics of PCBs in birds, and applied 
those collective advances to develop a bioenergetics model for contaminant dynamics in wild birds 
(Norstrom et al. 2007). The ongoing concerns about contamination of birds in the Great Lakes and 
elsewhere, led to more comparative egg injection studies with TCDD and non-ortho PCBs. These 
studies furthered the understanding of species variation in sensitivity and provided critical egg con
centrations for the double-crested cormorant (Powell et al. 1998), and common tern and American 
kestrel (Hoffman et al. 1998). Several investigators (Fernie et al. 2001, 2003, Fisher et al. 2001, 
Smits et al. 2002) carried out a feeding study of an Aroclor mixture with the American kestrel as 
a laboratory model of predatory and fish-eating birds, which has yielded valuable data on a wide 
range of reproductive and physiological endpoints. 

Currently, widespread restrictions on use of PCBs and the need to regulate dioxin releases have 
been in place for at least 30 years. There remain, however, numerous point sources of those com
pounds, associated primarily with waste dumps, and soil and sediment contamination at former 
manufacturing and storage sites. Birds have been used to determine the exposure and evaluate 
impacts to wildlife in Canada (Bishop et al. 1999, Harris and Elliott 2000, Ormerod et al. 2000, 
Kocan et al. 2001, Kuzyk et al. 2003, Jaspers et al. 2006), and particularly in the United States, 
where investigations of contamination of wild birds have been conducted as part of Natural Resource 
Damage Assessments. Researchers and risk assessors have looked principally at fi sh-eating birds 
and raptors (Williams et al. 1995, Hart et al. 2003, Strause et al. 2007a, 2007b), and increasingly 
at cavity-nesting passerines (Custer et al. 1998, McCarty and Secord 1999a, 1999b, Arenal et al. 
2004). Custer and colleagues (1998, 1999, 2002, 2003, 2005) in particular have made effective use 
of the tree swallow and provided data on various endpoints useful for determining critical tissue 
concentrations. 

Outside of specific hotspot areas, long-term monitoring of PCBs and other contaminants in avian 
indicator species has continued in some regions, such as the Great Lakes (Norstrom and Hebert 
2006), and other North American aquatic environments (Rattner et al. 2004, Toschik et al. 2005, 
Henny et al. 2009), various marine systems including the Arctic (Barrett et al. 1996, Braune and 
Simon 2003), the Pacific, and Atlantic coasts of Canada (Elliott et al. 1992, 2001a, Harris et al.  
2003), and the Baltic (Bignert et al. 1995). The Arctic has been a focus of ongoing study as biolo
gists from Scandinavia, Canada, and Alaska have investigated the exposure and potential effects 
of PCBs and other persistent organic pollutants in high trophic-level marine birds, particularly the 
glaucous gull (Larus hyperboreus), a species, which often preys on other marine birds (Henriksen 
et al. 1998, Sagerup et al. 2000, 2002, Bustnes et al. 2001, Verreault et al. 2006a, 2007). 

Monitoring of PCBs and dioxins in wildlife has been complemented by the use of biomarkers, 
often measured nondestructively in blood or by bioassay methods, to assess relationships between 
exposure and various endpoints such as hepatic cytochrome P450-associated monooxygenase 
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activities (Fossi et al. 1986, Rattner et al. 1993, 1994, 1997, 2000, Sanderson et al. 1994a, 1994b, 
Davis et al. 1997, Custer et al. 1998, Feyk et al. 2000, Kennedy et al. 2003, Fox et al. 2007a), gene 
mutations (Stapleton et al. 2001), porphyrin metabolism (Fox et al. 1988, Kennedy et al. 1998), 
immune system responses (Grasman  and Fox 2001, Grasman et al. 1996, Bustnes et al. 2004, Fox 
et al. 2007b), thyroid hormone levels (Smits et al. 2002, McNabb and Fox 2003, Saita et al. 2004), 
retinoids (Spear et al. 1990, Elliott et al. 1996b, 2001b, Kuzyk et al. 2003, Murvoll et al. 2006), 
sex steroids (Verreault et al. 2006b), stress hormones (Martinovic et al. 2003), disease (Hario et al. 
2000), and behavior (McCarty and Secord 1999b). Further developments of analytical methodol
ogy have led to surveys of PCB and other organochlorine (OC) metabolites in wild birds and some 
examination of relations with biomarkers (Fangstrom et al. 2005, McKinney et al. 2006). 

Most recently, advances in molecular biology have furthered understanding of the mechanisms 
of dioxin-like toxicity to birds and of the basis for variation in species sensitivity. The cytochrome 
P450 response of birds exposed to Ah receptor ligands has been shown to be unique, with birds hav
ing two distinct CYP1A isoforms (Gilday et al. 1996, Mahajan and Rifkind 1999). Kennedy et al. 
(1996) developed avian in vitro assays and showed that the magnitude of in vitro response to CYP1A 
induction may be predictive of species differences in embryotoxicity in ovo. Application of molecu
lar techniques examined the interspecific variation of response to TCDD-like exposure, and showed 
that sensitivity is closely associated with differences in the molecular structure of the Ah receptor 
and to differences in preferential induction of CYP1A isoforms (Head 2006, Karchner et al. 2006, 
Head and Kennedy 2007, Yasui et al. 2007). Sensitivity to dioxin-like compounds among avian 
species varies according to amino acid differences in the Ah receptor ligand binding domain (Head 
et al. 2008). Consistent with previous toxicological data, chickens exhibit high sensitivity, while of 
particular interest some upland game birds, passerines, and an albatross exhibit moderate sensitiv
ity. All other species tested to date, including raptors, waterbirds, and waterfowl, appear relatively 
insensitive to dioxin-like toxicity (Head et al. 2008). 

In summary, beginning with the identification of the chick edema factor, the collaboration 
among biologist, chemists, and toxicologists over the past 50 years has successfully investigated 
many aspects of the exposure and toxicology of PCBs, PCDDs, and PCDFs in birds. Field studies 
have made correlative links between dioxin-like chemicals and alterations in the metabolic, endo
crine, and immune functions of populations of avian top predators and aquatic insectivores. In some 
instances, reproductive success has been significantly affected, although it has often proved diffi cult 
to separate causal factors, including other contaminants and cumulative anthropogenic and natural 
stressors. The particular sensitivity of the chicken to these chemicals has now been linked to the 
structure of its Ah receptor. One or two changes in the amino acids of the receptor’s binding domain 
causes greatly reduced sensitivity to dioxins. That likely explains in large part the fi ndings that, 
despite widespread exposure to PCBs, dioxins, and furans at concentrations that would severely 
compromise reproduction of chickens, there is limited evidence of a significant impact on popula
tions of wild birds. That contrasts to the population declines associated with DDT and dieldrin, and 
more recently the veterinarian pharmaceutical, diclofenac. Nevertheless, given the ongoing prob
lems posed by numerous contaminated sites, and the global nature particularly of PCB contamina
tion, we can expect these chemicals to remain an issue for sometime into the current century. 

CONCLUSION 

As pointed out in a recent review, the field of wildlife toxicology has been shaped by chemical use 
and misuse, ecological mishaps, and research in the allied field of human toxicology (Rattner 2009). 
The development and use of new chemicals, and unexpected and unpredicted contamination prob
lems continue to drive this discipline. In some instances, environmental release of toxicants could 
have resulted in species extinction (e.g., bald eagle, sparrowhawk, Accipiter nisus, and California 
condor) had not regulatory and remedial actions been undertaken. Dramatic advances in analyt
ical technology over the past 50 years now permit routine detection and measurement of minute 
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quantities of chemicals in a myriad of matrices. However, our greatest challenge remains the extrap
olation of exposure data from laboratory and field studies to effects in diverse species and free-
ranging populations, which are often subject to multiple environmental and toxicological stressors. 
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2.1 INTRODUCTION 

Organohalogen (OH) compounds are persistent hydrocarbon compounds containing a halogen 
group, often chlorine or bromine, that substitutes for hydrogen atoms in different positions in the 
hydrocarbon. They may occur naturally, but this chapter’s focus is on synthetically produced com
pounds, mainly organochlorines, that were produced for use as pesticides. Nine OH compounds 
(aldrin, chlordane, dichlorodiphenyltrichloroethane [DDT], dieldrin, endrin, heptachlor, hexachlo
robenzene, mirex, and toxaphene) are in the top 12 list of particularly toxic and persistent organic 
pollutants (POPs) identified by the Stockholm Convention treaty implemented in 2004 under the 
United Nations Environment Program (UNEP). More than 90 countries have signed on to this treaty 
as Parties. These chemicals became classified as POPs because they may remain in the environment 
for decades following their use, they accumulate in fatty tissues of exposed organisms, they have a 
variety of toxic endpoints, and they travel long distances from source areas through atmospheric or 
aqueous transport. 

Synthetic broad-spectrum OH pesticides such as DDT (1,1,1-trichloro-2,2-bis(p-chlorophenyl) 
ethane) became widely used in agriculture beginning in the 1940s. The term total DDT or ∑DDT 
refers to the sum of DDT and metabolites: 1,1′-(2,2-dichlor-ethenylidene)-bis[4-chlorobenzene] 
(DDE); and 1,1-dichloro-2,2-bis(4-chlorophenyl)ethane (DDD, also referred to as TDE); and their 
ortho para (o,p′ or 2, 4) and para para (p,p′, or 4, 4) isomers. Use of these compounds generally 
consisted of wide-scale spraying and initially was supported by their effectiveness in controlling 
pest vectors and their apparent low acute toxicity to humans and other mammals. Estimated appli
cation amount in 1959 exceeds 450,000 metric tons applied to 5% of the land area in the United 
States, with cotton growing areas of the southeast United States having high DDT, toxaphene, and 
lindane applications (Johnson 1968). Rothane, a metabolite of DDT known as DDD (p,p′ dichlo
rodiphenyldichloroethane), or TDE (1,1-dichloro-2,2-bis(p-chlorophenyl)ethane) also was applied 
as a pesticide in the United States (Schmitt et al. 1990, ATSDR 2002). 

DDT’s acute toxicity to nontarget aquatic organisms was noted early (Ellis et al. 1944). Effects to 
fish and invertebrates from aerial spraying were observed in the 1950s with dramatic die-offs from 
pesticide application (Cope 1961). Shortly after DDT spraying, major fi sh and benthic invertebrate 
kills were noted in various locations; such as in the Yellowstone River, Wyoming; in New Brunswick 
hatchery fish after spruce bud worm spraying; and around Lake George, New York after spraying 
to control gypsy moths. The persistence in tissue, much higher concentrations in tissue compared to 
water, development of resistance, and an ability to travel long distances in aquatic systems also were 
noted early in their use. Public outcry and environmental investigations ensued after the publica
tion of Rachael Carson’s book Silent Spring (Carson 1962), eventually leading to either a complete 
ban, or restricted use, in a number of countries. DDT use was banned in Canada and Sweden in 
1970, in the United States in 1972 (37 FR 13369, July 7, 1972) and in western European countries 
in the early 1970s. DDT production continued in some countries even after use was banned. Use 
of DDT for agriculture was banned in India in 1989, but DDT continues to be manufactured and 
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have restricted use for public health. Aldrin and dieldrin were banned in the United States in 1974 
(39 FR 37246, October 18, 1974), toxaphene in 1983, and chlordane in 1988. Current use of DDT, 
supported by the World Health Organization since 2006, includes indoor residual spraying of DDT 
in dwellings as part of a comprehensive program to control malaria epidemics and transmission in 
African countries such as Zambia, Uganda, Zimbabwe, and Kenya, and some Asian countries. India 
has used indoor spraying to reduce disease transmission. Recent global DDT use was estimated 
at 4000–5000 metric tons per year and production occurred in India, China, and the Democratic 
People’s Republic of Korea (UNEP 2008). 

After DDT, aldrin, and dieldrin were the next most heavily used pesticides in the United States 
during the 1960s–1970s. Use was concentrated on corn crops in mid-western states. Dieldrin was 
used heavily in the northeast United States on a variety of crops, but was also used for pest control 
such as termites in the southern states. Aldrin also was used on large scale sugar cane crops in 
Brazil and Australia. Aldrin use continues in some countries; however, once released to the envi
ronment, aldrin readily degrades to dieldrin, which is very persistent. After DDT, dieldrin, and 
aldrin use were restricted, compounds such as endosulfan and toxaphene were used as replacement 
pesticides. 

The National Pesticide Monitoring Program (NPMP) was established in the United States in 
1964 to assess regional and national contaminant trends for these widely used compounds. The  
National Contaminant Biomonitoring Program (NCBP) originated as part of NPMP and was operated 
by the U.S. Fish and Wildlife Service (USFWS). This program was eventually expanded into the 
Biomonitoring of Environmental Status and Trends (BEST) program and transferred to the U.S. 
Geological Survey (USGS) in 1996. Trends in contamination generally have been downward in the 
United States but continued presence in tissue highlights the extreme persistence of some of these 
compounds which remain a threat in some areas. Southern California, home to one of the largest 
DDT manufacturers in the world, still had an estimated 156 metric tons of DDT in shelf sediments. 
Sampling in 1994 measured DDT in all Pacific and longfin sanddab and Dover sole collected in the 
area (Schiff and Allen 2000). The Huntsville Spring Branch in Huntsville, Alabama, received over 
400 metric tons of DDT from manufacturing at the Redstone Arsenal from 1947 to 1971. More than 35 
years after its ban in the United States, the number of DDT fish advisories continues to increase (U.S. 
EPA 2006). p,p′-DDT is ranked 12th on the U.S. Environmental Protection Agency’s (EPA) 2007 list 
of priority hazardous substances, dieldrin is 17th and chlordane is 20th (ATSDR 2007). 

Many OH compounds are semivolatile and spread locally and globally via the atmosphere. The 
wide geographic reach of OH pesticide contamination is highlighted by their elevated concentrations 
in deep sea fish (Looser et al. 2000) and in higher trophic Arctic organisms (AMAP Assessment 
2002). Transport to remote Arctic areas may occur through what is known as “grasshopping,” chem
icals volatilize and condense, resulting in fractionation, as they are transported atmospherically in 
step-wise fashion to remote areas. Ocean circulation also transports OH compounds to the Arctic, 
but more slowly than atmospheric transport for most OH compounds (Lohman et al. 2007). 

The high molecular weight chlorinated insecticides (e.g., DDT and dieldrin) are particularly 
concerning due to their ability to bioaccumulate and persist in tissue. Early studies to under
stand the significance of tissue residues began with these lipophilic and persistent OH pesticides. 
Reproductive failure noted in New York lake trout populations as a result of DDT spraying was 
among the first studies to relate the tissue concentration in egg with mortality (Burdick et al. 1964). 
The challenge of determining sublethal no-effect concentrations in aquatic organisms was noted 
early. Researchers at the U.S. EPA Gulf Breeze laboratory (currently known as the Gulf Ecology 
Division Laboratory) were among the first to conduct laboratory studies measuring tissue-residue 
concentrations associated with effects, or critical body residues (CBR). 

Organochlorine pesticides are grouped into categories, the diphenyl aliphatics, the cyclodienes, 
hexachlorocyclohexane (HCH), and polychloroterpenes. Properties and uses are summarized briefl y 
in Table 2.1. DDT belongs to the diphenyl aliphatic group. The cyclodienes include aldrin and 
dieldrin, endrin, chlordane, heptachlor, heptachlor epoxide, and endosulfan. Lindane is the gamma 



 

   
 

 

 

 

TABLE 2.1 
Organohalogen  Compound Properties, Products and Uses 

Mol. Wt. 
Chemical Formula g/mole Metabolites Isomers aLog Kow Example Uses 

DDTb C14H9Cl5 354.49 DDE, DDD o,p′, p,p′ 6.79* Agriculture, disease 
vectors 

DDDb C14H10Cl4 320.05 o,p′, p,p′ 5.87* Agriculture 

DDEb C14H8CL4 318.03 o,p′, p,p′ 6.0* 

Aldrin C12H8CL6 364.92 Dieldrin 6.75 Agriculture (corn), 
soil insects 
(termites) 

Chlordane C10H6CL8 409.78 Oxychlordane, Cis, trans 6.22 Corn, citrus, 
(pure) heptachlor, household pests 

chlordene (termites) 
epoxide 

Dieldrin C12H8CL6O 380.91 5.45 Agriculture, disease 
vectors 

Endrin C12H8CL6O 380.91 Dieldrin 5.45 Agriculture, cotton 

Endosulfan C9H6CL6O3S 406.92 Endosulfan Alpha, 3.5 Agriculture 
sulfate beta 

Heptachlor C10H5CL7 373.32 Heptachlor 5.86 Agriculture, 
epoxide termites only since 

1983 in US 

Hexachloro- C6H6CL6 290.83 Lindane 4.26 Ornamentals, soil 
cycohexane (γ-HCH), pests, head lice 
(HCH) 7 others 

Mirex C10CL12 545.55 7.01 Fire ants, fl ame 
retardant 

Toxaphene  C10H10CL8 413.82 Mixture of Numerous 6.79 Agriculture 
(camphechlor) (average of (component polychlorinated (cotton), fi sh 

chlorines) average) terpenes eradication 
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a Log Kow estimated in EPA EPI Suite KOWWIN v1.67. 
b Kow for p,p′ isomers. 

isomer of HCH. Toxaphene, a mixture of more than 670 chemicals, is a polychloroterpene and 
mirex has a caged structure. Several OH pesticides were produced as technical mixtures in addition 
to pure compounds. 

This chapter reviews the tissue residue-effect data available for OH compounds measured 
frequently in tissues of fish and invertebrates. First we review some issues pertinent to interpreting 
tissue-residue data such as analytical methods, which have changed over time and are continuing to 
evolve. We also briefly review factors important to the accumulation and elimination of OH com
pounds (toxicokinetics), modes of action relevant to the tissue-residue literature, and the importance 
of lipids and maternal transfer in understanding their toxicodynamics. Most sections of this chapter 
are divided into separate subsections for fish and invertebrates. 

2.2 ANALYTICAL METHOD CONSIDERATIONS 

To accurately separate, identify, and quantify the variety of chlorinated hydrocarbon concentrations 
in tissue, several analytical challenges have to be overcome. These are reviewed here to help under
stand considerations needed to evaluate both older and recent data. 
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Due to their persistence and widespread occurrence, OH compounds generally occur as mixtures 
in the tissues of fish and invertebrates. In addition, environmental degradation and/or transform
ation within the organism results in various metabolites and isomers of the original forms within the 
tissue. Measured concentrations often are presented as sums of parent and metabolite compounds, 
and may represent a complex assortment of related compounds. Chlordane and toxaphene contain 
many components making quantification very diffi cult. 

OH pesticides have characteristics such as high hydrophobicity and consequently tend to bind 
to, and concentrate in fatty tissues. The efficient and complete extraction of fat-soluble substances 
from tissue is therefore an important analytical step. Interference with other compounds and 
accurate quantification methods can present substantial difficulties potentially causing inaccu
rate measurements. Compound separation achieved by paper chromatography, an early analytical 
method, was not always sufficient to estimate individual compound concentrations (Burdick et al. 
1964), so measured concentrations may have been biased high. The development of gas–liquid 
chromatography in the early 1950s was one of the most significant advances to improve the quan
tification of OH pesticides. When coupled with electron capture detection, developed late in the 
1950s, researchers became able to more reliably measure low concentrations of individual OH 
compounds. 

Current analytical methods include lipid extraction with solvents, followed by cleanup 
techniques to remove coextracted compounds. Lipids typically are removed with liquid-
liquid partitioning and Florisil adsorption chromatography. Additional adsorption chromatog
raphy columns are used for further cleanup, and supplemental cleanup steps may be included. 
Analytical standards such as standard reference material should be used to estimate measure
ment errors. 

Past use of packed columns could have resulted in coelution of some additional components and 
less sensitivity than measurements from capillary columns. For example, differentiating between 
DDD and o,p′-DDT was not always possible with packed columns (Buhler et al. 1969, Jarvinen 
et al. 1976). Sample cleanup with acid and alkaline treatment overcame some packed column prob
lems (Brevik et al. 1996). Comparison of the two column methods showed similar results even 
without extra cleanup, although the packed column results were higher for the DDT metabolite. 
Although the results from packed columns produce different concentrations than capillary columns, 
the  differences may fall within experimental uncertainty (Brevik et al. 1996). 

Toxaphene quantification can still be problematic due to the large number of components (Muir 
et al. 2006). Schmitt (2002a) considers toxaphene residue measurement as approximations, even 
with the analysis techniques used in this decade. 

To circumvent restrictions posed by the typical high costs of analytical chemistry and the detec
tion limits that demand exposure to high concentration in the exposure media, investigations of  
invertebrate and some fish bioaccumulation and CBRs have resorted to the use of radioactive tracer 
techniques. The exposure compound radioactivity is measured using liquid scintillation counting 
(LSC) and its specific activity (Pawlisz and Peters 1993). To identify the compounds providing the 
source of radioactivity being measured, the thin layer chromatographic (TLC) method typically is 
used (e.g., Guarino et al. 1974, Lotufo et al. 2000a). All studies reporting DDT invertebrate CBRs 
derived from radioactivity data (Johnson et al. 1971, Lotufo et al. 2000a, 2000b, 2001a, 2001b), 
except for Mulsow and Landrum (1995), employed TLC as a compound identity confi rmatory tool. 
The radiotracer technique was also employed for deriving CBRs for DDE (Fisher et al. 1999, Hwang 
et al. 2004) and endrin (Keilty et al. 1988a, 1988b). Because those compounds are not expected to 
biotransform in invertebrate tissues, all radioactivity was assumed to be associated with the parent 
compound. 

The cost associated with OH measurement is a major obstacle for understanding distribution and 
risks in countries that continue to use, or have recently banned these products. Muir and Sverko 
(2006) review best practice approaches and new advances as they relate to needs in countries with 
emerging economies. 
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2.3 ENVIRONMENTAL OCCURRENCE 

2.3.1 WATER, SEDIMENT, AND AIR 

In the environment, OH pesticides have low aqueous solubility; tend to bind to particulates and  
organic matter; and bind strongly to sediment where they have long residence times. Consequently, 
many monitoring programs measure concentrations in sediment and biota for assessing OH contami
nant trends. Although dissolved concentrations typically are very low, aqueous measurements do 
provide OH compound transport and flux information. Several recent studies report aqueous concen
trations in areas where OH pesticide use is on-going or recent. For example, in South Africa where 
DDT is used indoors for malarial control, aqueous ∑DDT concentrations in areas downstream of 
spraying ranged from below detection (<0.05 µg/L) to 1.1–7.0 µg/L (Barnhoorn et al. 2009). Aqueous 
∑DDT ranged from 0.02 to 5.2 ng/L in the Daliao River estuary in China (Tan et al. 2009). Aqueous 
concentrations for other OH pesticides in this region are also provided in this study. 

Surface water sampled for 19 organochlorine pesticides in the Bering and Chukchi Seas  measured 
HCH at the highest concentration (Strachan et al. 2001). ∑DDT in this 1993 study ranged from 0.17 
to 0.26 ng/L. 

Water column DDT concentrations measured in the United States include locations near former 
discharges of DDTs such as the Palos Verde shelf in Southern California. Aqueous phase DDT 
concentrations were measured using solid-phase microextraction (SPME) in 2003–2004. Water 
column concentrations of DDT ranged from <0.073 to 2.58 ng/L for p,p′-DDE and from <0.043 to 
0.264 ng/L for o,p′-DDE (Zeng et al. 2005). Water column ∑DDT concentrations measured in 1997 
from this area ranged from 2.3 to 14.5 ng/L (Zeng and Venkatesan 1999). In San Francisco Bay, 
aqueous DDT concentrations ranged from 0.16 to 0.657 ng/L; chlordanes from 0.062 to 0.136 ng/L; 
and dieldrin from 0.028 to 0.067 ng/L (Connor et al. 2007). Water column concentrations of p,p′
DDE and o,p′-DDE in other parts of the world are summarized in Zeng et al. (2005) and OH com
pounds in Fowler (1990) for older data. 

In their review of toxaphene concentrations in the Great Lakes, Muir et al. (2006) report sur
face water concentrations are highest in Lake Superior (0.91–1.12 ng/L) and lowest in Lake Ontario 
and Lake Erie (0.081–0.23 ng/L). In addition to water, toxaphene and HCH are important OH 
compounds in Great Lakes air and precipitation, especially in late summer and early fall (Muir 
et al. 2006). 

Aqueous concentrations of two current use pesticides (endosulfan and γ-HCH) were studied in 
Arctic seawater to understand transport patterns and processes (Weber et al. 2006). Air monitoring 
also is a useful tool for understanding long-range transport and spatial OH compound variation in 
the Arctic (e.g., Su et al. 2008). 

The sea surface microlayer, the thin surface film enriched with organic matter, is another area of 
study because it may play an important role in OH transport and transfer (García-Flor et al. 2005). 
Concentrations of organochlorine compounds were enriched in the surface microlayer, sometimes 
by up to 7 times, compared to concentrations in underlying water. 

The extreme persistence of many OH pesticide compounds in freshwater sediments is demon
strated by their continued detection in most U.S. streams measured as part of the USGS NAWQA 
program (Gilliom et al. 2006). DDE is the metabolite detected most frequently in those areas. 

In the marine environment, sediment DDT concentrations on the Palos Verdes shelf from 0.014 
to 12.5 mg/kg dw were composed of 92–95% DDE (Zeng and Venkatesan 1999). DDT metabolites 
may form from aerobic degradation, photochemical decomposition, or abiotic hydrolytic dehydro
chlorination. DDE is degraded by reductive dechlorination to DDMU [1,1-dichloro-2,2-bis(4-chloro
phenyl)ethylene] under both sulfidogenic and methanogenic conditions. In a study by Eganhouse 
et al. (2000), DDE concentrations generally comprised 60–70% of the ∑DDT concentrations on the 
Palos Verde shelf. DDE is very resistant to degradation and only 9–23% of the DDE inventory on 
the Palos Verdes shelf has been converted to DDMU since releases began in the 1930s (Eganhouse 
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et al. 2000). Therefore, decreases in DDE concentrations are due mainly to remobilization, not 
degradation. 

Sarkar et al. (2008) report on sediment DDT and HCH concentrations in estuaries and bays of 
some Asian countries where OH pesticide use has been more recent. DDT was prevalent in sedi
ments along the coast of India and the ratio of p,p′-DDT to ∑DDT ranged from 0.36 to 0.75 (Sarkar 
et al. 2008), consistent with recent use. In China, DDT remains prevalent in coastal sediments, in 
part due to its use in antifouling paints (Lin et al. 2009). ∑DDT sediment concentrations ranged 
from 0.009 to 7.35 mg/kg dw in coastal fishing harbors of China with p,p′-DDD comprising 64% of 
the ∑DDT (Lin et al. 2009). Comparison to DDT sediment concentrations in other harbors of the 
world are provided in Lin et al. (2009). 

2.3.2 TISSUES 

OH compounds in fish tissue have similar patterns of detection compared to sediment, but typic
ally are detected more frequently because they accumulate to higher concentrations (Gilliom et al. 
2006). An early study on the prevalence and distribution of DDT in fish tissue from a variety of 
widely distributed Wisconsin fish measured DDT (0.021–16.2 mg/kg ww or 0.22–534.6 mg/kg lipid) 
in every fish sampled in that state (Kleinert et al. 1968). Results from this study were consistent with 
similar programs in other U.S. states for frequency of detection and range of concentrations. More 
recently, DDE and DDT were detected in fish from 90% and 30%, respectively, of agricultural 
streams sampled in the United States (Gilliom et al. 2006). Many local, regional, and national pro
grams monitor OH pesticide concentrations in fish and invertebrate tissue. A number of different 
State and National monitoring programs in the United States generally have measured decreasing 
concentrations of DDTs and other OH pesticides in fi sh and invertebrates from many areas during 
the past several decades since their ban (e.g., Nowell et al. 1999, Gilliom et al. 2006, O’Connor and 
Lauenstein 2006). In contrast, monitoring programs in countries where DDT has been used more 
recently have continued to measure stable or increasing concentrations (Wiktelius and Edwards  
1997, Tanabe et al. 2000; Ramu et al. 2007). DDT in coastal mussels of Asia were highest in Hong 
Kong (maximum 0.58 mg/kg), followed by Vietnam (maximum 0.4 mg/kg) and China (maximum 
0.18 mg/kg) in the study by Ramu et al. (2007). This study also reports concentrations for HCH and 
chlordane in green mussels from these areas. 

Table 2.2 provides a small subset of DDT residues in marine/estuarine and freshwater organisms 
from various localities around the world to provide some examples of concentrations measured in 
a variety of aquatic organisms. Table 2.2 also presents historical and recent DDT concentrations in 
fish and invertebrates from locations near DDT manufacturers. DDT biota concentrations measured 
in the past near DDT manufacturing sometimes reached >100 mg/kg. Locations near former DDT 
manufacturers continue to have elevated DDT concentrations in organisms (Bettinetti et al. 2006, 
NOAA and EPA 2007, Hinck et al. 2009). 

In the marine environment, fish surveys indicated that benthic feeders have higher concentra
tions of DDT than pelagic feeders (ATSDR 2002, NOAA and EPA 2007). The reverse was observed 
in a freshwater lake (Kidd et al. 2001). 

The USGS National Water-Quality Assessment program measured the following ratios of DDT 
metabolites and isomers in whole-body field-collected freshwater fish in the United States (1992– 
1995): 84.5% p,p′-DDE, 9.6% p,p′-DDD, 4.6% p,p′-DDT, 0.6% o,p′-DDD, 0.4% o,p′-DDE, and 
0.3% o,p′-DDT (Wong et al. 2000). After uptake, p,p′-DDT is metabolized to DDD and to DDE, 
and therefore their ratios change over time. 

For compounds resistant to degradation, environmental half-lives, or the time for the average 
tissue concentration to decrease by 50%, ranged from 9 to 17.7 years for DDT, 7.7–9.4 years for 
dieldrin and 1–1.9 years for toxaphene in Great Lakes biota (Hickey et al. 2006). DDT in fi sh from 
a Norwegian Lake took 5–7 years for 50% reduction (Brevik et al. 1996). 



 

TABLE 2.2 
Environmental DDT Concentrations in Aquatic Organisms from Various Locations 
Globally and in Locations Near Where DDT Was Manufactured 

Conc. (Mean/ 
Median or Range)  

Species Tissue Form mg/kg ww Location Year(s) Reference 

Estuarine/Marine 

Fish 
Anchovy Fillet DDE 0.009 Adriatic Sea 1997 Bayarri et al. 2001 

Mackerel Fillet DDE 0.0254 Adriatic Sea 1997 Bayarri et al. 2001 

Red mullet Fillet DDE 0.0088 Adriatic Sea 1997 Bayarri et al. 2001 

Herring WB ∑DDT 0.01–0.04 N. Baltic Sea 1991 Strandberg et al. 1998 

Herring WB ∑DDT 0.116 Gulf of Gdansk 1992 Strandberg et al. 1998 

Mullet Muscle ∑DDT 0.013a Portugal 2001 Ferreira et al. 2004 

Mullet WB ∑DDT 0.064 China 2001 Nakata et al. 2005 

Goatfi sh WB ∑DDT 0.276 Midway Atoll Hope and Scatolini 
2005 

Flounder Muscle ∑DDT 0.003a Portugal 2001 Ferreira et al. 2004 

Perch WB ∑DDT 0.0023–0.0064 N. Baltic Sea Strandberg et al. 1998 

Snapper WB ∑DDT 0.37–3.1 Suez Canal 2003 Said and Hamed 2005 

Rabbitfi sh WB ∑DDT 0.16–0.56 Suez Canal 2003 Said and Hamed 2005 

Fish (19 species) WB ∑DDT 0.0003–0.04 Indonesia 2003 Sudaryanto et al. 2007 

African lungfi sh Muscle ∑DDT 0.7 Uganda Ssebugere et al. 2009 

Fish (17 species) WB ∑DDT 0.0018–0.287 China 2004 Qiu et al. 2009 

Dog fi sh Muscle ∑DDT 0.033 India Pandit et al. 2006 

Sturgeon Muscle ∑DDT 0.012–0.44 Caspian Sea 2001–02 Kajiwara et al. 2003 

 Catfish & bass Fillet ∑DDT 0.00003–0.002 Gulf of Mexico 1996 Lewis et al. 2002 

Chinook salmon WB ∑DDT 0.0005–0.041  Pacific NW 1996–01 Johnson et al. 2007a 

Fish (7 species) ∑DDT 0.005–0.061 San Francisco 1997  Greenfield et al. 2005 
Bay 

Invertebrates 
Mussels & ∑DDT 0.0026a United States 2003 O’Connor and 

Oyster Lauenstein 2006 

Oysters 0.0012a Mexico 2000 Carvalho et al. 2009 

Clam DDE 0.0008 Adriatic Sea 1997 Bayarri et al. 2001 

Sea urchin ∑DDT 0.002 Midway Atoll Hope and Scatolini 
2005 

Green mussel ∑DDT 0.24 China 2001 Monirith et al. 2003 

Green mussel ∑DDT 0.12 Hong Kong 1998 Monirith et al. 2003 

Green mussel ∑DDT 0.0042 India 1998 Monirith et al. 2003 

Green mussel ∑DDT 0.004–0.507 China 2005 Guo et al. 2007 

Blue mussel ∑DDT 0.0035 Japan 1994 Monirith et al. 2003 

Green mussel ∑DDT 0.04 Vietnam 1997 Monirith et al. 2003 

Squid DDE 0.0038 Adriatic Sea 1997 Bayarri et al. 2001 

Norway lobster DDE 0.0012 Adriatic Sea 1997 Bayarri et al. 2001 

Prawn ∑DDT 0.002–0.014 China 2005 Guo et al. 2007 

Shrimp WB ∑DDT 0.014 China 2001 Nakata et al. 2005 

Crab WB ∑DDT 0.055 China 2001 Nakata et al. 2005 
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TABLE 2.2 (continued)
 
Environmental DDT Concentrations in Aquatic Organisms from Various Locations 

Globally and in Locations Near Where DDT Was Manufactured 

Conc. (Mean/ 
Median or Range)  

Species Tissue Form mg/kg ww Location Year(s) Reference 

Freshwater 

Fish 
Predator fi sh Fillet ∑DDT 0.008–1.48 500 U.S. Lakes 2000–03 Stahl et al. 2009 

Bottom fi sh WB ∑DDT 0.008–1.76 500 U.S. Lakes 2000–03 Stahl et al. 2009 

Game and WB + p,p′ 0.056 U.S. Background 1987 U.S. EPA 1992 
bottom fi sh fi llets DDE 

Largemouth bass WB p,p′ 2.7 Gila River, AZ 2003 Hinck et al. 2006a 

DDE 

Largemouth bass WB ∑DDT 0.059–0.072 Alabama 2004 Hinck et al. 2009 

Walleye WB ∑DDT 0.076–0.15 Lake Erie 1991–96 Hickey et al. 2006 

Carp WB p,p′ 0.16–0.58 Idaho 1998 Hinck et al. 2006b 

DDE 

Carp WB ∑DDT 0.055 China 2000 Nakata et al. 2005 

Lake trout WB ∑DDT 0.76–1.6 Lake Michigan 1991–98 Hickey et al. 2006 

Fish (4 species) Muscle ∑DDT 0.00017–0.0026 Thailand 1997 Kumblad et al. 2001 

Trahira Muscle ∑DDT 0.027–0.074a Brazil 2005 Miranda et al. 2008 

Nile Tilapia Muscle ∑DDT 0.051 Uganda Ssebugere et al. 2009 

Tilapia WB ∑DDT 0.0781 Indonesia 1998, Sudaryanto et al. 2007 
2003 

Catfi sh Muscle ∑DDT 0.0009 Uganda Ssebugere et al. 2009 

Lake trout Muscle ∑DDT 0.0615 Arctic 2003 Ryan et al. 2005 

Invertebrates 
Zooplankton ∑DDT 0.00013 NW Territories 1995 Kidd et al. 1998 

Chironominae ∑DDT 0.0015 NW Territories 1995 Kidd et al. 1998 

Prawn ∑DDT 0.0001–0.052 China 2005 Guo et al. 2007 

Near Former DDT Manufacturing 

Fish 
Dover sole Flesh ∑DDT 39.7 Palos Verdes, 1977 Mearns et al. 1991 

CA 

White croaker Flesh ∑DDT 39.17 Palos Verdes, 1975 Mearns et al. 1991 
CA 

Spiny dogfi sh Flesh ∑DDT 81.2 Palos Verdes, 1981 Matta et al. 1986 
CA 

White croaker Fillet ∑DDT 3.18 Palos Verdes, 2004 NOAA and EPA 2007 
CA 

Northern WB ∑DDT 0.061 Southern CA 2004 Jarvis et al. 2007 
anchovy Bight 

Largemouth bass WB 0.24–225 Tennessee River 1978 U.S. EPA 2004 

 Channel catfish WB Up to 411.6 Tennessee River 1978 U.S. EPA 2004 

Largemouth bass WB ∑DDT 0.42–49.8 Tombigbee 2004 Hinck et al. 2009 
River, AL 

continued 
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TABLE 2.2 (continued) 
Environmental DDT Concentrations in Aquatic Organisms from Various Locations 
Globally and in Locations Near Where DDT Was Manufactured 

Conc. (Mean/ 
Median or Range)  

Species Tissue Form mg/kg ww Location Year(s) Reference 

Near Former DDT Manufacturing 
Landlocked shad p,p′ 0.458 Lake Maggiori, 1998 Bettinetti et al. 2006 

DDT Italy 

+DDE 

Barbel Muscle ∑DDT 0.997 Cinca River, 2002 de la Cal et al. 2008 
Spain 

Bleak WB ∑DDT 0.840 Cinca River, 2002 de la Cal et al. 2008 
Spain 

Invertebrates 
Coastal mussels ∑DDT 3.24 Palos Verdes, 1969 Matta et al. 1986 

CA 

Mussels ∑DDT 0.092a Palos Verdes, 2005 Kimbrough et al. 2008 
CA 

Mussels ∑DDT 0.013–0.035 Lake Maggiore, 2003 Binelli and Provini 
Italy 2003 

Zooplankton ∑DDT 0.387 Palos Verdes, 1969 Matta et al. 1986 
CA 

Penaid shrimp ∑DDT 4.49 Palos Verdes, 1969 Matta et al. 1986 
CA 

Lobster ∑DDT 0.562 Palos Verdes, 1976 Mearns et al. 1991 
CA 
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a Converted from dry-weight using 80% moisture. 

2.4 BIOACCUMULATION 

OH compounds readily bioaccumulate in aquatic organisms, especially in lipid-rich tissues. OH 
uptake occurs through passive diffusion across gills, dermal surfaces, and digestive organs. Uptake 
and elimination kinetics (toxicokinetics) and related topics are briefly reviewed in this section to 
help interpret tissue-residue toxicity. 

The tendency of OH compounds to partition into lipid is an important factor infl uencing toxi
cokinetics and the degree of hydrophobicity is expressed as the n-octanol (octanol) water partition 
coeffi cient (Kow). Kow is the ratio of the solute concentration in octanol to water, where octanol acts 
as a surrogate for lipid, and the Kow gives an indication about the ability or tendency of the com
pound to transfer between water-lipid phases. Kow is generally expressed as a logarithm (log Kow), 
and different techniques exist for measuring log Kow so a range of values exist for any one com
pound (Pontolillo and Eganhouse 2001, Shen and Wania 2005). The OH compounds covered in 
this chapter and their log Kow predicted using the U.S. EPA EPIweb software are listed in Table 2.1. 
Arnot and Gobas (2006) review both data availability and considerations for bioconcentration fac
tors (BCFs) and bioaccumulation factors (BAFs) of organic chemicals in aquatic organisms. 

Quantitative structure–activity relationship (QSAR) models relate BCFs and log Kow using  linear 
regression (see discussion in Arnot and Gobas 2006). OH compounds generally follow QSAR model 



 

  

 

 

 

  

 

 

 

 

 

  

 

TABLE 2.3 
Elimination Rate Coeffi cient (ke) and Corresponding Time 
to Achieve 95% of Steady-State Body Residue (95% SS) in 
Invertebrates Exposed to OH Compounds in Water 

Species ke (d−1) Time to 95% SS (d) Reference 

Nereis virens 
DDT 0.024 125 Haya and Burridge 1988 

DDT 0.029 102 Kennedy et al. 2010 

DDD 0.033 90 Kennedy et al. 2010 

DDE 0.073 41 Kennedy et al. 2010 

Dieldrin 0.024 125 Haya and Burridge 1988 

Endosulfan 0.432 7 Haya and Burridge 1988 

Macoma nasuta 
DDT 0.041 73 Boese et al. 1997 

DDD 0.078 38 Boese et al. 1997 

DDE 0.030 100 Boese et al. 1997 

Dieldrin 0.054 56 Boese et al. 1997 

Hyalella azteca 
DDT 0.113 27 Lotufo et al. 2000a 

DDD 0.180 17 Lotufo et al. 2000a 

DDE 0.386 8 Lotufo et al. 2000a 

Leptocheirus plumulosus 
DDT 0.48 6.25 Lotufo et al. unpublished 

Diporeia spp. 
DDT 0.017 179 Lotufo et al. 2000a 

DDD 0.012 250 Lotufo et al. 2000a 

DDE 0.014 208 Lotufo et al. 2000a 

Heteromastus fi liformis 
DDT 0.103 29 Mulsow and Landrum 1995 

Acartia erythraea 
DDT 0.01 – 0.05 300–500 Wang and Wang 2005 
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predictions for bioaccumulation. However, BCFs predicted from log Kow may be over-estimated 
when the biotransformation rates are high (Oliver and Niimi 1985). 

Bioaccumulation is the net result of competing process of chemical uptake into the organism 
from food and water, and elimination from the organism into the environment. The uptake and 
elimination of OH compounds is influenced by numerous factors, including exposure temperature 
and organism size (e.g., Landrum et al. 1992, Lotufo et al. 2000a), therefore infl uencing net bioac
cumulation in an organism. The time to steady-state bioaccumulation is directly proportional to  
the rate of elimination of a chemical from the organism, the slower the rate the longer the time to 
steady state. 

Elimination of OH compounds occurs through passive diffusion through dermal surfaces, excre
tion, egestion of feces, and biotransformation of the parent compound. The elimination rate (ke) 
and time to approximate steady-state body residues (3/ke) of DDT and its major transformation 
products varied substantially across compounds and invertebrate species (Table 2.3). Comparison 
of the elimination of DDT, DDD, and DDE was reported for four invertebrate species. The slowest 
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elimination rates for DDT, DDD, and DDE, and therefore longest time for steady-state, were reported 
for the Great Lakes amphipods of the genus Diporeia, while the fastest were reported for the more 
widely distributed amphipod Hyalella azteca (Lotufo et al. 2000a). The slowest elimination rate 
for DDT was reported for the copepod Acartia erythraea. Few reports on toxicokinetics of other 
OH pesticides were found for invertebrates. The elimination of endosulfan was much faster than 
DDT or dieldrin in the polychaete Nereis virens (Haya and Burridge 1988), and the elimination rate 
of dieldrin in the clam Macoma nasuta was in the same range as those reported for DDT, DDD, 
and DDE in the same study (Boese et al. 1997). For fish, the DDT elimination rate constant for the 
mangrove snapper (Lutjanus argentimaculatus) was 0.028 d−1 and 0.002 d−1 for aqueous and dietary 
exposure, respectively (Wang and Wang 2005). Elimination of DDT from fish tissue varied by tis
sue type and was lowest in viscera compared to gills and carcass after aqueous or dietary exposure 
(Kwong et al. 2008). 

Exposure route (aqueous or dietary) may influence tissue distribution and transformation pro
cesses (Kwong et al. 2008) but did not influence DDT absorption efficiency (Wang and Wang 2005). 
The OH compound concentration in the diet may influence assimilation efficiency. DDT contami
nant uptake efficiency by fish reported from studies using part per million (mg/kg) range concen
trations in diet were 20% in rainbow trout (Oncorhynchus mykiss) (Macek et al. 1970), 12–25% in 
chinook salmon (O. tshawytscha), 38–68% in coho salmon (O. kisutch) (Buhler et al. 1969) and 
17–27% in Atlantic menhaden (Brevoortia tyrannus) (Warlen et al. 1977). DDT uptake effi ciency 
by Asian seabass (Lates calcarifer) from food containing DDT in the part per billion (µg/kg) range 
was 98% (Bayen et al. 2005). Assimilation efficiency also may be influenced by prey type, as DDT 
assimilation in mangrove snappers (Lutjanus argentimaculatus) was 72% when clams were the 
DDT food source and 99% when copepods were the DDT source (Wang and Wang 2005). 

Biotransformation is typically an important route of parent compound elimination especially 
if it results in products that are more water soluble. Metabolic products of endosulfan include  
endosulfan sulfate, which is not excreted, and alcohol, lactone, and ether, which are excreted. 
Fifty percent of accumulated dietary endosulfan was estimated to be eliminated by transformation 
(Berntssen et al. 2008). Endosulfan taken up by striped mullet (Mugil cephalus) was metabolized 
to endosulfan sulfate after 28-day (d) aqueous exposure (Schimmel et al. 1977a). Chlordane metab
olizes to oxychlordane and also can be dehydrochlorinated to heptachlor. For DDT, metabolism 
(chemical reduction) results in reduction of the parent DDT compound in fish and an increase in 
the more resistant DDE metabolite over the more readily excreted DDD metabolite (Kwong et al. 
2008) (Table 2.4). The result is an enrichment of the DDE metabolite in fish tissue after longer 
exposures. Biotransformation rate data in fish are lacking for most compounds. A QSAR was 
developed to predict screening level whole-body biotransformation of organic compounds in fi sh 
(Arnot et al. 2009). 

In invertebrates, the degree and product of the transformation of p,p′-DDT varies among spe
cies (Table 2.4). Following a 3-d exposure of seven species to DDT in water, the parent compound 
was present at higher concentration than the sum of the transformation products in five species, and 
DDE was present at higher concentrations than DDD, which was below detection limit in the tissues 
of five species (Johnson et al. 1971). The amphipods Diporeia spp., exposed for 28 d, transformed 
only a very small fraction of the DDT entering the tissues to DDD, while most DDT was trans
formed to DDE in H. azteca (Lotufo et al. 2000a). Biotransformation considerations will improve 
kinetics modeling for compounds subject to transformation, and is especially relevant when parent 
compound and different metabolites vary in toxic potency. 

Variable bioaccumulation of DDT in different tissues and organs is a function of differences 
in lipid content and biotransformation activity. In catfi sh (Heteropneustes fossilis), concentra
tions were highest in the liver followed by ovary and brain (Singh and Singh 2007). Holden (1966) 
noted that DDT distribution in salmon differed under different exposure durations. After acute 
exposure salmon had higher concentrations in the liver, spleen, and fat, while chronic exposures 
resulted in liver concentrations similar or lower than muscle concentrations. Organ to whole-body 



 

 
  

 
 

 

 

TABLE 2.4 
 DDT and Transformation Products Expressed as Percentage of Total Body Residue in Fish 

and Invertebrates Exposed to Either Technical- or p,p′-DDT 

Exposure 
Species DDT DDE DDD Other (Days) Reference 

Fish 
Fathead minnow  7.8 80.3 13.4 0 266 Jarvinen et al. 1976 

Brook Trout 45.7 14.8 39.5 0 156 Macek 1968 

Goldfi sh 60.2 34.9 4.8 0   4 Davy et al. 1972 

Invertebrates 
Daphnia magna 73.4 19.7 6.6 0   3 Johnson et al. 1971 

Gamarus fasciatus 79.1 20.9 0 0   3 Johnson et al. 1971 

Palaemonetes 50.9 13.2 7.2 28.7 (DTMCa,   3 Johnson et al. 1971 
kadiakensis DBPb) 

Hexagenia bilineata 14.9 85 0 0   3 Johnson et al. 1971 

Ishnura vericalis 39.2 60.2 0 0   3 Johnson et al. 1971 

Libellula sp. 56.3 28.4 0 15 (DTMC)   3 Johnson et al. 1971 

Chironomus sp. 80.8 19.1 0 0   3 Johnson et al. 1971 

Neanthes 63.5 6.3 4.5 25.7 (polar)  28 Lotufo et al. 2000b 
arenaceodentata 

Hyalella azteca 34.4 64.4 0 1.2 (polar)  10 Lotufo et al. 2000a 

Diporeia spp. 95.7 4 0.3 (polar)  28 Lotufo et al. 2000a 

Leptocheirus 83.6 9.7 0 6.7 (polar)   2 Lotufo et al. 
plumulosus unpublished 
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Note:	 All organisms were exposed in water to p,p′-DDT, except brook trout which were exposed to technical DDT and 
Neanthes arenaceodentata, which were exposed to p,p′-DDT-spiked sediment. 

a 1,1,1-trichoro-2,2,-bis( p-chlorophenyl)ethanol. 
b 4,4′-dichlorobenzophenone. 

relationships can be difficult to predict and may vary among species, between genders, and by age. 
DDT  concentrations in a variety of whole fish were 4–12 times higher and averaged 10-times higher 
than the skin-off fillet concentrations (NOAA and EPA 2007). White croaker DDT whole-body to 
fillet ratio was 7–8 in this study. 

The fate of DDT and its transformation products in different organs and tissues was examined 
in crustaceans. In aqueous exposure to DDT, Crosby and Tucker (1971) reported that a signifi cant 
proportion of the total body residue in daphnids was adsorbed externally by the exoskeleton. A long-
term exposure (56 d) of the pink shrimp, Farfantepenaeus duorarum (formerly Penaeus duorarum), 
to spiked water resulted in residues of DDT in the hepatopancreas exceeding those in other tissues 
by wide factors (e.g., 30, 275, and 550 when compared to residues in the gills, digestive tract, and tail 
muscle, respectively) (Nimmo et al. 1970). For all organs investigated, DDT transformation prod
ucts were only approximately 10% of the total residue. Similar findings were reported for the lobster 
Homarus americanus (Guarino et al. 1974). Seven days following a 7-d water exposure, approxi
mately 91% of the administered radioactivity was found in the hepatopancreas, 1% in the gill, 4% in 
the intestine, 3.2% in the egg masses, and 1% in the tail muscle. Similar distribution among organs 
and tissues was obtained 7 d following a single dose injection of DDT. The hepatic organ contained 
large amounts of lipids, 50–60% of the wet weight, explaining in part the high concentration rela
tive to other organs. The identity of the radioactivity in the hepatopancreas, determined 48 h after 
DDT injection, was 91% parent compound, 6.8% DDD, and 2.6% DDE. 
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2.4.1 BIOMAGNIFICATION 

Biomagnification occurs when the thermodynamic activity of the chemical in an organism exceeds 
that of its diet (Arnot and Gobas 2006). It is expressed as a factor (biomagnification factor or BMF), 
which for hydrophobic organics is the ratio of the lipid-normalized residue in the predator divided 
by the lipid-normalized prey residue. Use of stable isotopes to establish trophic relationships has 
enabled improved quantification and understanding of factors affecting biomagnification. In addi
tion to lipid content, organism size, dietary sources, and intrinsic toxicokinetic parameters have a 
role in biomagnification (Banas et al. 2009). Biomagnification was reported for DDT (e.g., Fisk et al. 
1998, Kidd et al. 2001, Hu et al. 2010), mirex (Fisk et al. 1998), p,p′ DDE and chlordane (Strandberg 
et al. 1998, Ruus et al. 1999), and endosulfan (Berntssen et al. 2008). 

Concentrations of some OH compounds biomagnify for specific metabolites. For exam
ple, DDT concentrations, in the form of p,p′ DDE, and chlordane in the form of oxychlordane 
and trans-nonachlor increase in higher trophic predator species compared to concentrations in 
prey (Strandberg et al. 1998, Ruus et al. 1999). β-Endosulfan had higher biomagnifi cation than 
α-endosulfan (Berntssen et al. 2008). 

BMFs were determined for mirex and 3 toxaphene congeners (Fisk et al. 1998). BMFs in rain
bow trout were 1.8 and 2.9 for mirex at two concentrations in the diet. For the higher chlorinated 
toxaphene congeners, BMFs ranged from 2.1 to 4.9, depending on concentration in the diet. In this 
study of laboratory-derived parameters relating to bioaccumulation, Fisk et al. (1998) observed a 
curvilinear relationship between log Kow and BMFs. BMFs were highest for compounds with high 
log Kow and low transformation. The BMF for p,p′-DDT was 1.7 in a freshwater food web in China 
(Hu et al. 2010). Trophic position was a key determinant, along with lipid, of DDT body residue in 
a freshwater food web (Kidd et al. 2001). The relationship between lipid and DDT bioaccumulation 
is explored in more detail in the next section. 

2.4.2 LIPIDS 

OH compounds that have low solubility in water (hydrophobic) will partition into lipids within an 
organism. Lipid content and lipid dynamics are important considerations for understanding OH 
tissue-residue effect data. Accumulation, transfer, and toxicity of OH compounds can be affected by 
lipid quantity and type. Contaminants tend to partition into lipids with similar polarity. Polar lipids 
are associated with cell membranes, which are the site of baseline toxicity. Nonpolar lipids such as 
triglycerides, cholesterol, and wax esters serve as energy storage. Triglycerides are an important 
storage lipid in fish. Contaminants can become associated with these storage lipids and are thereby 
removed from sites of toxic action. Periods of stress, starvation, migration, and/or spawning can 
draw on and deplete those lipid reserves. As lipid stores are depleted, organochlorine compounds 
can move to sites of toxic action within the organism where they become available to exert toxic 
effects (Jørgensen et al. 2006). 

The OH–lipid relationship is complicated by a number of factors, but for many compounds and 
species, lipid normalization can reduce variability in measured tissue residues. For example, lipid 
normalization reduced the variability of aqueous lindane toxicity across multiple fish species and 
toxicity to lindane decreased with increasing lipid content (Geyer et al. 1994). Lipid normalization 
also reduced DDT and DDD lethal CBR variability between two freshwater amphipods (Lotufo 
et al. 2000a). However, difference in lipid content did not account for major differences in DDT 
uptake and elimination kinetics between males and females of the polychaete Neanthes arenaceo
denta, as steady-state lipid-normalized body residues were three times higher in females than in 
males (Lotufo et al. 2000b). 

Understanding how best to interpret the residue-effect literature, and whether to express residue-
effects as wet-weight or lipid-normalized (ww or dw residue divided by % tissue lipid) is still being 
evaluated and the best approach may differ for different compounds, species, and tissue types. For 
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hydrophobic compounds, normalization to a specifi c lipid pool such as storage lipid, may improve 
the toxicity relationship (Delbeke et al. 1995). Residue effect studies often do not report lipid con
centrations, and lipid concentrations vary seasonally, with life stage and gender. Different measure
ment techniques and solvents used for lipid analysis can also yield different results on the same 
samples (Randall et al. 1991, 1998). Understanding lipid dynamics is a key issue for OH residue 
transfer and toxicity, especially as it relates to maternal transfer and dose to developing sensitive 
life stages. Elskus et al. (2005) review many of the important factors affecting persistent contami
nant toxicity in fish in the context of lipids. 

2.4.3 MATERNAL TRANSFER 

The maternal transfer of accumulated OH contaminants to developing offspring is a signifi cant and 
critical pathway for early life-stage exposure and potential for toxicity to this sensitive life stage. 
Highly lipophilic compounds may be mobilized from parental stores and transferred into the devel
oping eggs as lipids move from adult storage tissues during oogenesis. Lipophilic OH pesticides 
tend to concentrate in lipid-rich gonads where they are available to exert toxic effects during early 
development. During oogenesis, estrogen stimulates the formation of the egg yolk precursor protein 
known as vitellogenin that serves as nutrient reserves to the developing oocyte in the fish ovary. OH 
compounds can bind to vitellogenin and other lipoproteins and be transported into the developing 
oocytes (Ungerer and Thomas 1996). Fish early developmental stages are a period of enhanced 
sensitivity during the formation of the body’s major systems. Maternally transferred OH pesticides 
may have a stronger influence on toxic effects to fish larvae during the first few weeks of feeding 
than dietary sources (Westin et al. 1985). Bioaccumulation in fish at early life stages is higher than 
in juvenile or adult fish because of lower metabolic capacity. In addition, enzyme systems may not 
be sufficiently developed to reduce the toxicity of accumulated compounds. 

2.5 TOXICITY 

2.5.1 MODES OF ACTION 

Early studies on the effects of OH compounds on aquatic organisms focused primarily on mortality 
endpoints during short-term exposures. Many researchers noted the rapid death of sensitive indi
viduals at relatively low tissue concentrations and the ability of remaining “resistant” organisms to 
accumulate high residues. Death from central nervous system (CNS) disruption was considered the 
primary mode of action for these compounds. The focus of recent literature for DDT and some other 
OHs has shifted toward understanding sublethal effects, in particular endocrine system disruption 
in fish. The potency of OH pesticides to act as endocrine disruptors in fish and invertebrates is gen
erally low compared to natural hormones, however environmental OH concentrations may be high 
enough alone, or in combination with other endocrine disrupting substances, to cause effects. The 
cumulative effect of endocrine disruptors in the environment is an emerging area of research. The 
next paragraphs provide a brief overview for several modes or mechanisms of action to help inter
pret residue-effect endpoints frequently encountered in the fi sh and invertebrate OH tissue-residue 
literature. 

DDT has been described as a neurotoxin (Bloomquist 1996). Accumulation of OH pesticides 
within the nerve tissue is the site of toxic action for CNS disruption. DDT and other organochlo
rines act on the CNS via nerve cell membrane sodium channels. Molecules of OH pesticides bind to 
the lipid-rich membrane-sheaths of nerve axons where they may interfere with sodium and potas
sium ion permeability. The passage of “action potential” is disrupted and results in uncontrolled 
spontaneous discharges along the nerve rather than normal responses to stimulation. Endpoints 
resulting from this mode of action include seizures and behavioral abnormalities that can result in 
mortality. Cyclodiene pesticides may act on the nervous system through a different mechanism. 
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For example, lindane, dieldrin, and endosulfan alter chloride ion flux via the gamma-aminobutyric 
acid (GABA) receptor leading to excitation and hyperactivity, and afterward, suppression (Narahashi 
2000). Reduced activity, also known as hypoactivity or lethargy, may result from this mechanism 
of action (Ballesteros et al. 2009). 

For the neurotoxic mode of action, DDT is expected to promote mortality when whole-body resi
dues reach levels well below those observed for organic compounds that act by general narcosis, or 
baseline toxicity (McCarty and Mackay 1993). However, given the wide range of lethal CBRs in fi sh 
and invertebrates, DDT may have a strong neurotoxic action in some organisms, but only a weak 
action in others; it may produce mortality mostly by a baseline toxicity mechanism. Neurotoxic 
effects of DDT were noted as spasms, lack of coordination or swimming ability or immobiliza
tion in daphnids (Daphnia magna) (Crosby and Tucker 1971), crabs (Cancer irroratus) (Neufeld 
and Pritchard 1979), and amphipods (Lotufo et al. 2000a), and hyperactivity in bluegill (Lepomis 
macrochirus) (Ellgaard et al. 1977). It was noted that the amphipods Diporeia spp. exposed to DDT 
and DDD became sluggish and increasingly immobilized long before death occurred (Lotufo et al. 
2000a). 

Although DDT and DDD are expected to promote neurotoxicity to varying degrees in inverte
brates, that mode of action may be weak or not-exist for the transformation product DDE, which 
produced mortality at levels considered typical for compounds with a baseline toxicity mode of 
action (Lotufo et al. 2000a, Hwang et al. 2004). 

Some OH pesticides are also endocrine disruptors. The endocrine system controls the activity 
of hormones in the body and substances that interfere with the modulation of these hormones are 
known as endocrine disruptors. The endocrine (estrogenic) effects of DDT exposure were identifi ed 
early when cockerels were noted to have decreased testes size and reduced reproduction (Burlington 
and Lindeman 1950). The similarity in the molecular structure of DDT to synthetic estrogens was 
noted at that time, but the field of endocrinology was not well developed. Since about the mid-1990s, 
endocrine disruption from organochlorine exposure has been a major research area for fi sh and 
other vertebrates. 

Hormone activity can be disturbed by different mechanisms such as OH interaction with hormone 
receptors, or alteration of steroid synthesis and metabolism (Garcia-Reyero et al. 2006). Endocrine 
disruptors can interfere with hormone synthesis in the thyroid gland via a number of mechanisms 
that are still not well-understood. The thyroid controls a number of physiological functions in fi sh 
such as reproductive status and embryogenesis. Sex-steroid hormones control sex-specifi c gonad 
differentiation activities such as gonadal recrudescence. Substances that mimic sex hormones are 
known as estrogens or xenoestrogens if they can bind to estrogen receptors and regulate the activity 
of estrogen responsive genes. Examples of xenoestrogenic substances are: o,p′ DDD; p,p′ DDT and 
o,p′ DDT; and endosulfan, as described later. Compounds that interfere with male sex hormones are 
androgenic. Examples include p,p′ DDE and p,p′ DDT. Since the endocrine system controls many 
reproductive functions, disruption can impact the number and health of offspring produced. 

During fish sexual maturation, estrogen stimulates the formation of the egg yolk precursor pro
tein, known as vitellogenin, in the liver of female fish. Female fish livers contain high concentra
tions of estrogen receptors and can synthesize large quantities of vitellogenin, especially during 
their reproductive season. Vitellogenin serves as nutrient reserves to the developing oocyte in the 
fish ovary and concentrations increase dramatically during the reproductive phase to enable female 
fish to form the many, often thousands, of eggs. In contrast, male fish produce no or extremely small 
quantities of vitellogenin (Sumpter and Jobling 1995). The concentration of plasma vitellogenin 
indicates estrogen stimulation (Donohoe and Curtis 1996) and is one way to measure exposure to 
endocrine disrupting compounds in fish. A number of studies in this chapter report vitellogenin and 
steroid hormone measurements as an endpoint. Induction of vitellogenin was initially considered a 
biomarker for exposure to endocrine disrupting compounds; however, its connection to reproduc
tive impairment, especially in female fi sh is becoming supported by more data (Cheek et al. 2001, 
Thorpe et al. 2007). Therefore, it will be the focus for endocrine disruptive effects reported here. 
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Studies investigating altered gene expression connected with hormone synthesis from OH exposure 
is an active area of research but residues are typically not reported (e.g., Zhang and Hu 2008). 

A number of studies have examined endocrine responses from exposure to DDT isomers to fi sh; 
however, few have measured tissue residues associated with these effects. The naturally occurring 
estrogen, 17β-estradiol (E2) is often used as a positive control to compare the responsiveness of 
potential estrogenic substances. Studies reporting the dose administered to fish egg/embryo via 
nanoinjection are included in the DDT residue section below. 

Endocrine disruption in invertebrates is an area of increasing research but relationship with resi
dues has not been reported to date. Depledge and Billinghurst (1999) suggested that DDT, endrin, 
toxaphene, and endosulfan may cause endocrine disruption in invertebrates. Exposure of midges to 
DDE promoted decreased fecundity in association with body residues 2 orders of magnitude lower 
than those found to promote mortality (Hwang et al. 2004). The DDE effect on insect fecundity may 
be attributable to endocrine disruption, although the onset of endocrine disruption of DDE may be 
mechanistically different in insects and fish (Hwang et al. 2004). 

2.6 TISSUE-RESIDUE EFFECTS—FISH AND INVERTEBRATES 

Studies reporting organismal-level effects associated with a whole-body residue, including appro
priate control treatments, were identified with the aid of the Army Corps of Engineer Environmental 
Residue Effects Database (ERED) as well as library and internet search engines. For some com
pounds with little or no whole-body effect data, studies that reported fish organ concentrations were 
also selected. No-effect and low-effect whole-body residue concentrations and the associated effect 
were identified from each study. CBR data are reported individually in tables or in text descriptions. 
CBR data are combined and summarized when data are sufficient. The following sections, orga
nized by OH compound, present CBR data for fish and invertebrates. Unless specified, all residue 
concentrations are wet-weight. 

2.6.1 DDT 

The DDT pesticide was applied as a technical mixture. Technical DDT is composed of a mixture 
of DDT forms, approximately 77% p,p′-DDT, 15% o,p′-DDT, 4% p,p′-DDE, and 0.4% DDD (U.S. 
EPA 1980). The less persistent DDT analogue methoxychlor was once widely used as a pesticide but 
is not covered in this review. 

The ratios of o,p′-isomers to total DDT in the environment can provide information about the 
DDT source since the form applied as an insecticide was technical DDT enriched in the p,p′ DDT 
form. When the o,p′ DDT to DDT ratio is greater than 20%, the source likely is not insecticidal and 
could be from either industrial DDT production or storage (Nowell et al. 1999). Early studies with 
DDT primarily dosed fish with the technical mixture, with a high percentage of p,p′-DDT. 

The following sections review the residue effect literature for DDT in fish and invertebrates. 
Sections are grouped by DDT isomer and include literature that has focused on endocrine disruption 
in fish. Invertebrate CBRs for p,p′-DDT, -DDD, and -DDE from specific studies are presented in 
Table 2.5. ∑DDT fish CBR ranges and medians are summarized in Table 2.6, and invertebrate CBR 
ranges and medians for DDT isomers are summarized in Table 2.7. 

2.6.1.1 p,p′-DDT 
2.6.1.1.1 Fish 
In a previous analysis, Beckvar et al. (2005) examined different approaches for developing protec
tive whole-body DDT residues for fish. Using scientific literature primarily consisting of mortality 
studies and technical or p,p′-DDT exposure, four approaches were explored for analyzing no- and 
low-observed effect residues from different fish species. Results from the different approaches 
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TABLE 2.5 
Toxicity Associated with DDT, DDD, and DDE in Tissues of Aquatic Invertebrates 
(mg/kg ww) 

No Effect Low Effect 
Species mg/kg mg/kg Exposure Effect Reference 

p,p′-DDT 
Callinectes sapidus — 0.95 14 d in diet Mortality Butler 1969 

Callinectes sapidus 0.13 1.0 21 d in diet Mortality Leffl er 1975 

Callinectes sapidus — 0.30 Single oral dose Behavior Neufeld and Pritchard 
1979 

Penaeus sp. — 0.26 15 d in diet Mortality Butler 1969 

Farfantepenaeus 0.1 0.15 22 d in water Mortality Nimmo et al.1970 
duorarum 

Hyalella azteca 1.0 2.1 10 d in water Mortality Lotufo et al. 2000a 

Hyalella azteca 0.5 2.8 10 d in sediment Mortality Lotufo et al. 2001b 

Diporeia spp. 9 15.6 28 d in water Mortality Lotufo et al. 2000a 

Diporeia spp. — 5.9 28 d in sediment Mortality Lotufo et al. 2001b 

Daphnia magna 128 1150 26 h in water Mortality Crosby and Tucker 1971 

Leptocheirus 1.2 2.7 28 d in sediment Mortality Lotufo et al. 2001a 
plumulosus 

Heteromastus 3.4 5.9 28 d in sediment Feeding rate Mulsow and Landrum 
fi liformis 1995 

Neanthes 28 35 28 d in diet Growth Lotufo et al. 2000b 
arenaceodentata 

p,p′-DDD 
Hyalella azteca 6.5 15.0 10 d in water Mortality Lotufo et al. 2000a 

Diporeia spp. — 93.1 28 d in water Mortality Lotufo et al. 2000a 

p,p′-DDE 
Hyalella azteca 30 126.6 10 d in water Mortality Lotufo et al. 2000a 

Hyalella azteca — 116.8 10 d in water Mortality Landrum et al. 2005 

Chironomus riparius — 60 From 2nd instar to Mortality Hwang 2000 
adults in diet 

Chironomus riparius — 0.8 From 2nd instar to Development Hwang et al. 2004 
adults in diet delayed, 

fecundity 

Lumbriculus 79.2 178.4 35 d in diet Mortality Fisher et al. 1999 
variegatus 

Daphnia pulex — 14 5 d in water Feeding Bengtsson et al. 2004 

— Not available. 

were compared to the mean of the control concentrations from the included studies, and ambient 
DDT concentrations to determine the reasonableness of the calculated no-effect threshold resi
dues. A concentration of 0.6 mg/kg DDT was calculated as the concentration below which effects 
(primarily mortality) to juvenile and adult fish were expected to be unlikely. For early life stages a 
threshold residue of 0.7 mg/kg DDT was calculated from the available literature. Data used in this analysis 
were mostly older studies reporting lethal effects so the calculated thresholds were considered pro
visional. Sublethal residue-effect data and data correlating isomer-specific residues with an effect 
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TABLE 2.6 
Summary of CBR Ranges and Medians for OH Compounds in Whole-Body Fish 
(mg/kg ww)
 

Chemical Response Life Stage Range Mediana n
 

∑DDTb Lethal Juv/adult 0.29–113 2.38 6 

∑DDTb Lethal ELSc 0.89–24 1.27 9 

∑DDT Sublethal Egg 0.005–91 0.045 4 

p,p′-DDE ↓ Sex steroids Adult 0.38–0.59 2 

o,p′-DDT Sublethal Egg 0.02–91 0.07 3 

Dieldrin Lethal Juv 0.2–5.9 2 

Endrin Lethal Juv/adult 0.012–1.7 0.88 9 

Endosulfan Lethal Juv/adult 0.03–0.36 0.27 3 

Chlordane Lethal Adult 0.7–16.6 11.4 3 

Heptachlor Lethal Adult 0.33–34 4.1 6 

Heptachlor epoxide Lethal Adult 0.23–11 1.0 6 

Lindane Lethal Adult 5.2–79 10.8 4 

Toxaphene Lethal Adult 1.9–6.1 3.25 4 

Toxaphene Lethal Fry/juveniles 24.7–46.6 34 4 

Toxaphene Sublethal Adult 0.4–5.9 1.95 4 

Toxaphene Sublethal ELSc 0.4–10 0.95 6 

a Up to 100% mortality included for lethal effects. 
b From studies reporting lethality in Beckvar et al. (2005); primarily technical or p,p′-DDT. 
c ELS, early life stages; egg, embryo, and fry. 

TABLE 2.7 
Summary of CBR Ranges and Medians for OH Compounds in 
Invertebrates (mg/kg ww) 

CBR 

Chemical Response Min Max Median n 

p,p′-DDT Lethal 0.15 1150 2.4 10 

p,p′-DDD Lethal 15 93 — 2 

p,p′-DDE Lethal 60 178 122 4 

Dieldrin Lethal 0.08 2.1 1.05 4 

Endrin Lethal 0.03 358 0.61 7 

Endosulfan Lethal <0.01 0.21 — 2 

Chlordane Lethal 1.7 9.1 — 2 

Heptachlor Lethal 0.02 3.5 — 2 

Mirex Lethal 0.02 10.4 0.27 11 

Lindane Lethal 0.03 5.2 — 2 

Toxaphene Lethal 0.54 2.7 — 2 

were insufficient for analysis. No recent studies using technical or p,p′-DDT were found to add to 
this previously compiled dataset. Using the studies identified in Beckvar et al. (2005), the median 
effect concentrations for different life stages were calculated and are reported in Table 2.6 to com
pare with median CBRs from other OH pesticides. 
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2.6.1.1.2 Invertebrates 
The lowest reported lethal CBR (0.15 mg/kg) for p,p′-DDT was for the pink shrimp, F. duorarum, 
exposed for 22 d to 0.14 µg/L in water in a bioaccumulation experiment (Nimmo et al. 1970) 
(Table 2.5). The authors stated that this concentration is lethal to those shrimp after 22 d, but did 
not report percent mortality. Close to 100% mortality likely occurred by day 28, as bioaccumula
tion data for that sampling period were not provided. A lethal CBR (0.26 mg/kg) was reported for 
shrimp (Penaeus sp.) fed oysters exposed to p,p′-DDT (Butler 1969). After 15 d, mortality was 
57% (no  statistical comparison provided) and whole-body residue in dead shrimp was 0.26 mg/kg. 
Mortality in both control shrimp (13%) and DDT treatment groups was partially attributed to 
cannibalism. The same study reported a lethal CBR of 0.95 mg/kg for crabs (Callinectes sapidus) 
fed DDT-exposed oysters (Butler 1969). After 14 d, mortality (54%) was lower than in control crabs 
(no statistical comparison provided), where high mortality (38%) was also explained by cannibal
ism. A later study reported three weekly feedings of 3.2 µg DDT resulting in crab mortality at a 
body residue of 1 mg/kg (Leffler 1975). The percent mortality associated with this lethal residue 
was not reported. The study also reported that slightly lower concentration (0.82 mg/kg) caused a 
significant decrease in ability to regenerate limb and doubled metabolic rate. No effects were asso
ciated with a body residue of 0.13 mg/kg. Sublethal effects for adult C. sapidus injected with DDT 
(isomer not specified) targeting 0.3 mg/kg body weight were convulsions and lack of coordination, 
which disappeared within 24 h (Neufeld and Pritchard 1979). 

The lethal CBRs of p,p′-DDT for two amphipods commonly used in toxicity testing, the estuarine 
Leptocheirus plumulosus (Lotufo et al. 2001a) and the freshwater H. azteca (Lotufo et al. 2000a), 
were similar and higher than those reported for decapod crustaceans (Table 2.5). The median lethal 
CBR for L. plumulosus (2.7 mg/kg) and H. azteca (2.8 mg/kg), measured after a 28-d exposure to 
spiked sediment, were almost identical. A slightly lower median lethal CBR (2.1 mg/kg) was observed 
after a 10-d exposure to water only (Lotufo et al. 2000a). In a 10-d sediment exposure, where no 
supplemental food was provided, exposure to sublethal DDT concentrations signifi cantly enhanced 
growth in L. plumulosus (Lotufo et al. 2001a). No sublethal effects were reported for L. plumulosus 
(reproduction or decreased growth) and H. azteca (decreased growth) in the latter studies. 

Freshwater amphipods, Diporeia spp., which are ecologically relevant benthic organisms in 
the Great Lakes, were more tolerant to p,p′-DDT exposure than H. azteca and L. plumulosus. In 
28-d aqueous exposures, the median lethal CBR was 15.6 mg/kg (0.682 µmol/g lipid) (Lotufo et al. 
2000a). Using inability to actively swim on contact stimulus as the effect endpoint for lethargy, a 
substantially lower median CBR of 4.5 mg/kg was reported for the same exposure. In a 28-d sedi
ment exposure, a lower median lethal CBR was reported (5.9 mg/kg) (Lotufo et al. 2001b), but 
mortality was reported as unexpectedly high and attributed to low lipid content and higher sensitiv
ity of the batch of field organisms used in the experiment. 

The CBRs reported for the water fl ea, D. magna (Crosby and Tucker 1971), were orders of  
magnitude higher than those for other crustaceans. When exposed to p,p′-DDT in water for 26 h, 
the median lethal CBR was 1170 mg/kg. A substantially lower CBR of 128 mg/kg caused only 4% 
mortality but promoted immobilization in 64% of the exposed cladocerans. Full recovery of those 
lethargic animals occurred upon transfer to clean water. 

Polychaete worms (Heteromastus fi liformis) were exposed to increasing spiked sediment concen
trations of radiolabeled p,p′-DDT (Mulsow and Landrum 1995). Although no signifi cant mortality 
was reported, the feeding rate was estimated at various time periods as the quantity of fecal pellets 
produced per individual per unit time. Significantly decreased feeding was associated with mean 
CBRs of 5.9 mg/kg obtained in the highest sediment treatment group. The growth of another spe
cies of polychaete, Neanthes arenoceodentata, exposed to p,p′-DDT-spiked food (fi sh fl akes), sedi
ment or both was significantly decreased at CBRs of 35 mg/kg (Lotufo et al. 2000b). Body residues 
as high as approximately 140 mg/kg did not elicit lethal effects in those invertebrates, a no-lethal
effect body residue similar to that reported for D. magna (Crosby and Tucker 1971). 
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The range and median CBRs for p,p′-DDT in invertebrate species are summarized in Table 2.7. 
Several studies reporting body residues of invertebrates exposed to p,p′-DDT in bioaccumulation 
exposures did not report any associated mortality or sublethal effects. For bivalves, body residue 
as high as 0.88 mg/kg in Mya arenaria and 0.13 mg/kg in Mercenaria mercenaria did not impact 
their survival or feeding behavior (Butler 1971). When freshwater invertebrates were exposed to 
DDT in water for 3 d for the determination of BCFs, highest reported body residues were 0.014 
mg/kg for the dragonfl y (Libellula sp.) 0.047 mg/kg for the crayfi sh (Orconectes nais) 0.075 mg/kg 
for the damselfl y (Ischnura verticalis) 0.1 mg/kg for the grass shrimp, Palaemonetes kadiakensis, 
0.336 mg/kg for the mayfl y, Hexagenia bilineata, and 0.440 mg/kg for the midge, Chironomus 
sp., (Johnson et al. 1971). No effects were reported at a body residue of 6 mg/kg in the mayfl y 
(Ephemera danica) exposed in the lab (Sodergren and Svensson 1973). Longer exposure to DDT 
would likely have resulted in higher body residues in the above species and until further investiga
tion is conducted, their maximum tolerance to DDT bioaccumulation is unknown. Ingersoll et al. 
(2003) reported a p,p′-DDT body residue of 1.9 mg/kg for the oligochaete, Lumbriculus variegatus, 
exposed in the lab. They did not observe mortality, but did observe less activity and smaller size in 
DDT-exposed oligochaetes compared to control. 

2.6.1.2 o,p′-DDT 
2.6.1.2.1 Fish 
Several recent studies examine the effect of maternally transferred DDT isomers using egg
nanoinjection techniques. For fish, DDT concentrations in the eggs were not measured during most of 
these experiments. Instead, egg residues were estimated based on the injected dose and the approxi
mate weight of the egg/embryo. In the Edmunds et al. (2000) study described below, DDT embryo 
concentrations measured by gas chromatography were within 20% of the estimated embryo dose. 
Therefore, doses reported in nanoinjection studies likely estimate actual residues in fi sh embryos. 

Edmunds et al. (2000) injected five doses of o,p′-DDT into d-rR strain medaka (Oryzias latipes) 
embryos 6–8 h after fertilization. Triolein injected and uninjected embryos served as controls and 
estradiol-injected eggs served as positive estrogenic controls. DDT doses were injected into the yolk 
of the embryos, not the oil globule, unlike studies with DDE described later. Percent hatch, survival 
to 14 d posthatch and sex-reversal were measured and followed by breeding trials. Survival decreased 
with increasing DDT dose with a least squares calculated LD50 of 511 ng/egg (or 511 mg/kg based 
on average egg mass of 1 mg). Male to female sex-reversal occurred in 6 of 7 genetic males injected 
with 227 ng/egg (or 227 mg/kg) DDT. Breeding success of these sex-reversed fish was about 50% and 
similar to controls. The authors observed that the DDT oil droplet remained intact throughout hatch
ing, so the amount of DDT exposure is uncertain and may not be related to the injected dose. 

Adult female medaka were exposed to aqueous concentrations of o,p′-DDT to study maternal 
transfer and effects to offspring (Metcalfe et al. 2000). Adult females were exposed to a single sub
lethal concentration of 2.5 µg/L o,p′-DDT for 2 weeks. During exposure, medaka maternal tissue 
residues varied from a maximum of 109.6 mg/kg during exposure and decreased to 0.28 mg/kg after 
23 weeks. Lipid-weight (lw) DDT concentrations were similar between eggs and maternal tissues. 
Median time to hatch was significantly longer in treated groups compared to controls, and ovarian 
development was increased in offspring of DDT-treated fish. The mean DDT concentration in the 
treated 3- and 6-week-old eggs was 91.2 mg/kg. In the same study, posthatch medaka treated with 
aqueous exposures of o,p′-DDT experienced altered sex ratios and males with testes-ova (intersex). 
Tissue residues were not measured but testes-ova induction occurred at exposure to about 2 µg/L 
mean aqueous concentration, and statistically significant difference in sex ratio occurred at about 
5 µg/L mean concentration. 

Lowered gonadosomatic index (GSI, gonad weight/body weight × 100) was measured in male-
summer fl ounder (Paralichthys dentatus) injected subcutaneously with o,p′-DDT using a slow-
release solvent (Mills et al. 2001). Liver concentrations were highly variable within a treatment 
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group but increased in a dose–responsive manner with decreasing GSI after 8 weeks. Gonad 
alterations were confirmed by histological analysis. Plasma testosterone concentration decreased 
in a dose–dependent manner. Liver concentrations in o,p′-DDT treated fish ranged from 188.0 to 
521.3 mg/kg compared to 0.3 mg/kg in control flounder after injection with 30, 60, and 120 mg/kg 
body weight. No effects on these endpoints were observed when fish were injected with p,p′-DDE. 
Study duration was important as a subset of fish that were followed for 15 weeks showed effects 
(elevated plasma estradiol) not apparent when the study was concluded at 8 weeks. 

Faulk et al. (1999) exposed adult Atlantic croaker (Micropogonias undulatus) to o,p′-DDT in the 
diet and tested offspring to behavioral assays representing behaviors needed for survival such as 
feeding and predator avoidance. Growth differences were not observed between control and treated 
fi sh but behavioral alterations such as burst speed were reduced in larvae of treated fi sh. DDT egg 
residues were 0.07 mg/kg in the low treatment group and 0.2 mg/kg in the high treatment group and 
effects were dose-responsive. 

2.6.1.2.2 Invertebrates 
Studies reporting CBRs for o,p′-DDT for invertebrates were not found in the available literature. 
Insufficient data for o,p′-DDT preclude toxicity comparison with p,p′-DDT based on exposure water 
concentration. 

2.6.1.3 o,p′-DDE, p,p′-DDE 
2.6.1.3.1 Fish 
Villalobos et al. (2003) injected o,p′-DDE into fertilized d-rR strain medaka embryos using a triolein 
carrier solvent with 4 doses separated by tenfold dilution (0.0005–0.5 ng/egg or mg/kg based on 1 mg 
medaka egg weight). o,p′-DDE was injected directly into the oil globule of early gastrula embryos. 
The oil globule is used by the developing fish before hatching. Uninjected eggs and carrier-only  
injected eggs served as controls. Survival was followed for 2 months. Mortality was statistically dif
ferent in the highest treatment group with 56% mortality. Mortality occurred most frequently after 
early development near the time of hatching. The authors note that the morphological defects noted 
at death were consistent with effects observed from organochlorine exposure in fi eld populations. 
The survival-based no-observed adverse effect level (NOAEL) and low-observed adverse effect level 
(LOAEL) egg residues from these dosing intervals were 0.05 and 0.5 mg/kg, respectively. 

Papoulias et al. (2003) injected fertilized embryos of d-rR strain medaka using a triolein carrier 
solvent with three doses of o,p′-DDE (0.005, 0.05, and 0.5 ng/egg, or mg/kg). After injection and 
hatching, fish were reared until sexual maturity. Reproduction was assessed by quantifying GSI in 
male and female fish. GSI was significantly reduced in all DDE treatments compared to triolein
injected controls. Histopathic analyses revealed developmental alterations in oocyte formation in 
the ovaries for all treated females, and reduction of testes size in males at the highest treatment 
(0.5 ng/egg or mg/kg). Fish in the highest treatment group also weighed significantly more and had 
the highest mortality (56%). The lowest CBRs for different endpoints from this study were 0.005 
mg/kg for reduction in male and female GSI and 0.5 mg/kg for growth (increased) and mortality. 

Carlson et al. (2000) injected 21-d postfertilization embryos of rainbow trout and coho salmon 
using menhaden oil as a carrier. Prior to sexual differentiation and hatching of the fish, but after 
organ formation, yolks were injected with o,p′-DDE and p,p′-DDE individually or as a mixture.  
Both oil-injected and noninjected rainbow trout embryos served as control treatments. The ratio of 
males to females was statistically different in fish injected with 80 or 160 mg/kg o,p′-DDE in one 
of the experiments, but not in the others. Mortality in oil-injected control rainbow trout was high 
in two of the experiments and was statistically higher than noninjected control fry in doses greater 
than 40 mg/kg. Fish that were grown out for several years after injection had normal gonads and 
spawned successfully. Residues measured in fat at the end of the study were higher in fi sh injected 
with the p,p′ isomer by a factor of 10 compared to the o,p′ isomer. 
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Milston et al. (2003) report effects from o,p′-DDE exposure on immune function in fall chinook 
salmon. Fertilized eggs were exposed to aqueous nominal concentrations of 10 and 100 mg/L 
o,p′-DDE for 1 h after fertilization and an additional 2 h after hatch. After treatment, fi sh were 
reared in the hatchery for 1 year when the effect on gonad histology and humoral immunity was 
assessed. Fry with 0.02 mg/kg o,p′-DDE whole-body residue had significantly reduced ability to 
respond to a bacterial antigen. These fry also weighed significantly less than controls at the fi rst 
sampling event. The authors believed that alteration of gonadal steroids during early development 
likely caused the immune suppression observed 1 year after exposure, although they could not defi 
nitely rule out direct toxicity to o,p′-DDE. 

Muller et al. (2004) exposed 2-year-old largemouth bass to p,p′-DDE spiked food for 30 and 50 d 
and noted statistically reduced sex-steroid concentrations, 17β-estradiol and 11-ketotestosterone 
(E2 and 11-KT), in both female and male fish at whole-body concentrations of about 0.375 mg/kg 
DDE. No statistically significant difference in GSI of treated fish compared to control fish was noted 
in these sexually immature fi sh. 

Johnson et al. (2007b) measured sex-steroid concentrations in 2-year-old largemouth bass exposed 
to p,p′-DDE in food for 120 d. Concentrations of E2 in female bass were significantly reduced com
pared to controls at 0.589 mg/kg p,p′-DDE in female carcass (ovary not included, Johnson 2005). 
The authors were not able to fit a Hill slope dose–response relationship using the dose in the food 
(not the tissue residues), and did not report whether the data could be fit to other dose–response 
models. 

Other studies have measured endocrine activity from exposure to p,p′-DDE; but did not measure 
associated residues. For example, mature male guppies exposed to p,p′-DDE in food for 30 d dem
onstrated impacts at cellular through organism level with reduced sperm cell counts, loss in sexual 
coloration and changes in courtship behavior, and reduction in clutch size (Baatrup and Junge 2001). 
The sperm count of males fed p,p′-DDE at the lowest dose had a hormetic effect, that is, was higher 
than control fish. Juvenile male guppies exposed to the same concentration in food experienced 
delayed development time, a skewed sex ratio, reduced sperm cell counts, reduced growth, and 
altered sexual display coloration (Bayley et al. 2002). Male Japanese medaka exposed to p,p′-DDE 
had reduced GSI and the highest exposure group had intersex (Zhang and Hu 2008). 

2.6.1.3.2 Invertebrates 
Lethal CBRs for p,p′-DDE were similar for a variety of freshwater invertebrates (Table 2.5). Median 
lethal CBRs were 126.6 mg/kg for H. azteca exposed in water for 10 d (Lotufo et al. 2000a), 116.8 mg/ 
kg at day 10 for H. azteca exposed in water for 28 d (Landrum et al. 2005), and 178.4 mg/kg for 
L. variegatus exposed via feeding on algae grown in spiked medium (Fisher et al. 1999). For the 
midge Chironomus riparius fed algae exposed to p,p′-DDE, a lethal body residue of 60 mg/kg was 
reported (Hwang 2000). Sublethal effects associated with DDE, were significantly delayed develop
ment time in female midges and decreased fecundity occurring at approximately 0.8 mg/kg (Hwang 
et al. 2004). For midge Chironomus dilutus (formerly C. tentans), body residues ranging from 10 to 
60 mg/kg were reported as causing developmental delay (Derr and Zabik 1972). A body residue of 
14 mg/kg for sublethal effect was reported for the cladoceran D. magna associated with decreased 
feeding rate (Bengtsson et al. 2004). No significant mortality occurred in Diporeia spp. exposed for 
28 d to a water concentration approaching the DDE solubility limit and producing body residues as 
high as 429 mg/kg (Lotufo et al. 2000a). 

Studies reporting CBRs for o,p′-DDE for invertebrates were not found in the available literature. 

2.6.1.4 o,p′-DDD, p,p′-DDD 
2.6.1.4.1 Fish 
o,p′-DDD is often present in tissue either as a metabolite of DDT or from the technical mix
ture. A high DDD residue may indicate past use of the insecticide rothane. DDD acts on  adrenal 
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steroidogenesis in fish affecting cortisol production but effects have not been associated with resi
dues. No dosing studies could be found that exposed fish to the DDD metabolite and measured 
residue-effects. 

2.6.1.4.2 Invertebrates 
The lethal CBR of p,p′-DDD was reported for freshwater amphipods exposed to spiked water 
(Lotufo et al. 2000a) (Table 2.5). Median lethal CBRs were 15 mg/kg for H. azteca exposed for 10 d 
and 93.1 mg/kg for Diporeia spp. exposed for 28 d. In that study, a mean body residue of 46.7 mg/kg 
was associated with paralysis characterized by inability to actively swim on contact stimulus. All 
amphipods in the lowest exposure treatment were affected. No adverse effects were reported in 
association with a measured body residue of 60 mg/kg in L. variegatus (Ingersoll et al. 2003). 

Studies reporting CBRs for o,p′-DDD for invertebrates were not found in the available literature. 

2.6.2 DDT DISCUSSION 

2.6.2.1 Fish 
Most of the older literature reporting DDT residues associated with effects to fish focused on lethal 
body residues from exposure to p,p′-DDT alone, or as the predominant form in the technical formu
lation (Beckvar et al. 2005). Lethal body residues spanned several orders of magnitude for a variety 
of fish species with CNS the mode of action studied (Table 2.6). Many authors noted behavioral 
disorders preceded death, early life stages were more sensitive than adults, and smaller, leaner, 
or more sensitive fish died more quickly. Few studies reported residues associated with sublethal 
effects during these early investigations. 

Recent investigations on effects to fish have focused on effects from specific DDT isomers, 
mostly related to endocrine disruption. These studies observed effects at concentrations similar to 
and much lower than those reported in the older literature (0.005–91 mg/kg). The variety of effect 
endpoints, dosing techniques (nanoinjection), and life stages preclude detailed data analyses using 
these recent investigations. However some general insights about sublethal effect endpoints and 
effect ranges for the different isomers can be summarized from these more recent studies. 

The studies dosing with o,p′-DDT measured endocrine-related effects and mortality at very high 
egg residues. Doses of o,p′-DDT injected into medaka embryos resulted in sex-reversal in males at 
227 mg/kg, and survival was reduced by 50% at 511 mg/kg (Edmunds et al. 2000). This study dif
fered from the DDE nanoinjection studies because o,p′-DDT was injected into the yolk, not the oil 
globule of the embryo. o,p′-DDT fed to Atlantic croaker was found primarily in the triglyceride-rich 
oil globule in oocytes (Ungerer and Thomas 1996). The way lipids are used from different parts 
of the fish egg during early embryonic development may impact the ability of DDT to reach sites of 
toxic action. DDT and lipid movement within developing embryos were correlated in brook trout 
(Atchison 1976). Comparison of Edmunds et al. (2000) with the studies that injected DDT into other 
parts of the embryo may not be appropriate. 

Two studies using maternal transfer and o,p′-DDT measured effects for different endpoints at 
very different egg concentrations. Eggs from aqueous-exposed adult female medaka contained a 
mean concentration of 91.2 mg/kg o,p′-DDT, and median time to hatch was significantly longer for 
these offsprings (Metcalfe et al. 2000). Eggs from adult female Atlantic croaker exposed to diet
ary o,p′-DDT had residues of 0.07 mg/kg. At this much lower concentration, larvae demonstrated 
behavioral alterations. The studies used different species, exposure routes, and effect endpoints, and 
the relative contribution of these variables on the three order of magnitude difference in egg-effect 
residues is unknown. 

Alterations of sex-steroid hormones were observed in adult fish at residue concentrations from 
0.3 to 0.6 mg/kg p,p′-DDE (Muller et al. 2004, Johnson 2005). Fish were exposed as adults in these 
studies, not during sensitive early life stages, so the effect of a life-time exposure is unknown. 



 

  
 

 
  

 
 

 

  
 
   

 

  
 

  
 

  
 

 
 

  

 
 

 

 
 

71 DDT and Other Organohalogen Pesticides 

Effects associated with o,p′-DDE exposure were reported as doses injected into fi sh embryos. 
A reasonable assumption is that the injected embryo dose is a good estimate of the embryo residue 
concentration (Edmunds et al. 2000). Dose–response relationships also support this assumption. 
Medaka embryo CBRs associated with increased mortality were 0.5 mg/kg (Papoulias et al. 2003, 
Villalobos et al. 2003), and an embryo dose/residue of 0.005 mg/kg was associated with reduced 
gonad weights (GSI) in males and females (Papoulias et al. 2003). Immune response in Chinook 
salmon fry 1 year after aqueous egg exposure to o,p′-DDE was reduced at a measured whole-body 
CBR of 0.02 mg/kg, with growth significantly reduced at the first sampling event (Milston et al. 
2003). CBRs for the DDE isomers in fish were less variable than for the DDT isomer, and the lowest 
effect concentrations for fish embryos in Atlantic croaker for DDT (Faulk et al. 1999) were similar 
to that observed for DDE in Chinook salmon (Milston et al. 2003). 

The results from different isomer experiments report a variable ability for DDT isomers to affect 
endocrine activity. This variability may be a function of life-stage differences, and the timing and 
method of dosing in relation to development and sexual maturation of the organism. Species, gen
der, and other variables among the reviewed studies make direct comparisons about the strength 
of different DDT isomers as endocrine disruptors uncertain. For the studies reviewed here, the 
o,p′-DDT isomer appeared to require higher concentrations compared to the DDE isomers for endo
crine disruption. This result contrasts with effects in rats where the o,p′-DDT isomer was observed 
to have higher potency for endocrine disruption (ATSDR 2002). 

The lowest CBR for fish egg/embryo from the isomer-specific DDT studies reviewed were 
associated with reproduction and behavior endpoints (0.005 mg/kg o,p′-DDE and 0.07 mg/kg 
o,p′-DDT, respectively). Residues associated with mortality in fish eggs were 0.5 mg/kg o,p′-DDE. 
Intersex or sex-reversal endpoints were associated with much higher egg DDT CBRs (80–90 mg/kg 
o,p′-DDT). 

Reduction in immune function response in 1-year-old fish exposed as eggs (Milston et al.  
2003) was the endpoint associated with the lowest whole-body fry residue (0.02 mg/kg o,p′-DDE). 
Residues associated with reductions in sex-steroid concentrations in adult fish (0.3–0.6 mg/kg) were 
measured at concentrations comparable to residues associated with mortality reported by Beckvar 
et al. (2005). However, for the sex-steroid endpoints (Muller et al. 2004, Johnson et al. 2007b), 
DDE exposure was limited to only the adult life stage. Fish exposed throughout their life-time may 
experience effects at lower residue concentrations. 

Few studies are available to compare summary CBR data for DDT isomers in fish (Table 2.6). 
Generally, median CBRs for fish egg life stage and sublethal effects are one to two orders of magni
tude lower than CBRs for fish exposed during older life stages or lethal effects. 

Several studies report reproductive effects from DDT exposure associated with concentrations in 
fish organs. Hose et al. (1989) observed complete absence of spawning in white croaker (Genyonemus 
lineatus) at concentrations greater than 3.8 mg/kg DDT in ovary, and reduction in spawning at ovary 
concentrations of 2.2 mg/kg. Ovary concentration >0.2 mg/kg and dieldrin >0.1 mg/kg impaired 
reproductive success in North Sea whiting (Merlangius merlangus) (von Westernhagen et al. 1989). 
These concentrations are within the range of CBRs observed in the DDT isomer effect studies. 

2.6.2.2 Invertebrates 
Lethal CBRs reported for invertebrates span a wide range, from 0.15 mg/kg for pink shrimp, to 
1150 mg/kg for daphnia with a median 2.4 mg/kg (Table 2.7). While most invertebrates investi
gated appear to be sensitive to the neurotoxic effects of DDT; some such as daphnia and polychaete 
worms, are apparently mostly tolerant to DDT specific mode of action. Lethal CBRs for the p,p′ iso
mers of DDT, DDD, and DDE were compared using two species of freshwater amphipods. Striking 
differences in the lethal CBRs for those compounds suggest that they may cause mortality via dif
ferent modes of action. While DDT, and to a lesser degree DDD, likely act via neurotoxicity impair
ing the normal functioning of voltage-sensitive sodium channels, DDE likely caused amphipod 
mortality by a combination of baseline toxicity and a weak specific, yet unknown, mode of action 
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(Lotufo et al. 2000a). Because the lethal CBR for DDE is much higher (lower toxicity) than for DDT 
in amphipods, biotransformation acts as a protective mechanism against mortality. The DDE lethal 
body residues in midges and oligochaetes were similar to those for amphipods, suggesting similar 
mode of action across taxa. Unfortunately the lethal CBRs of DDT and DDD are unknown for those 
species, and overall broad comparisons on modes of action for parent and transformation products 
cannot be established. Based on toxicity comparison using water concentrations, DDD and DDE are 
more toxic than the parent compound to freshwater planarians (Bonner and Wells 1987), suggest
ing DDT metabolites may also act by specific modes of action associated with low body residues in 
some invertebrates. 

Lethal body residues for amphipods are among the lowest CBRs reported for invertebrates; 
growth and reproductive effects were not significant for amphipods (Lotufo et al. 2000a, 2001a). 
Delayed development in female chironomids and reduced fecundity occurred at a relatively low 
CBR (0.8 mg/kg, Hwang et al. 2004). Sublethal effects were manifested in polychaete worms with 
relatively high tolerance to the lethal effect of DDT, as both growth (Lotufo et al. 2000b) and feed
ing rate (Mulsow et al. 2002). These data suggest that for species tolerant to the neurotoxic effects 
of DDT, other specific modes of action may cause sublethal effects. 

2.6.3 CYCLODIENES 

2.6.3.1 Aldrin and Dieldrin 
Aldrin and dieldrin exist as pure compounds or technical mixtures. The technical mixture of aldrin 
contains not less than 85.5% pure aldrin. Dieldrin technical mixture contains not less than 80.75% 
pure dieldrin. The toxicity of the pure compound is greater than the formulations in both cases. 
Aldrin and dieldrin were used extensively in the United States until the 1970s and continue to be 
used elsewhere to control insects such as termites and tsetse fly (Table 2.1). Aldrin rapidly metabo
lizes to dieldrin in the environment, so even though toxic, tissue residues are generally measured 
as dieldrin. Review of the residue literature for aldrin therefore primarily deals with dieldrin in 
tissue. 

2.6.3.1.1 Fish 
Even though dieldrin is highly accumulated in fish tissue and widespread, studies for both lethal and 
sublethal residue-effects are limited (Table 2.6). A dieldrin concentration of 1.21 mg/kg in winter 
fl ounder (Pseudopleuronectes americanus) eggs was associated with 100% mortality (Smith and 
Cole 1973). These eggs also contained 0.76 mg/kg DDT. Juvenile rainbow trout exposed to dieldrin 
in water for 16 weeks had whole-body residues of 0.2 mg/kg and increased mortality compared to 
control fish, but no statistics were provided (Shubat and Curtis 1986). Juvenile rainbow trout had 
estimated whole-body dieldrin residues of 5.9 mg/kg in the treatment group with 100% mortality 
after dietary exposure (Shubat and Curtis 1986). Behavioral effects in goldfish and bluegill (Lepomis 
macrochirus) were noted at whole-body concentrations of approximately 3.7 mg/kg (Gakstatter and 
Weiss 1967). One study observed 65% mortality at 62.4 mg/kg whole-body dieldrin in sheepshead 
minnow (Cyprinodon variegatus) (Parrish et al. 1974), but residues in the control minnows were 
1.1 mg/kg. Therefore, CBRs associated with mortality in sheepshead minnow from pre-exposed fi sh 
in this study may be biased high. 

Studies reporting sublethal effects observed histological changes and endocrine effects. A whole-
body dieldrin residue in spot (Leiostomus xanthurus) of 2.9 mg/kg was associated with histological 
aberrations of lamellae in gill and mucosal epithelium in small intestine after aqueous exposure for 
4 d. Circulating sex-steroid levels of E2 and 11-KT were reduced in largemouth bass (Micropterus 
salmoides floridanus) fed dieldrin in diet compared to control bass (Muller et al. 2004). GSI was 
not significantly different between treated and control bass; however, according to the authors, 
bass were sexually immature, possibly due to handling stress. Residues in whole-body bass were 
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approximately 0.1 mg/kg dieldrin in the treated bass, with fish retaining 30–35% of the 50-d total 
administered dose. In a similar study, Johnson et al. (2007b, Johnson 2005) exposed 2-year-old 
male and female largemouth bass to dietary dieldrin for 30 and 120 d. The longer exposure was 
needed to measure reductions in sex-steroid concentrations in all the treated bass. Whole-body 
residues at 120 d were similar in control and the lowest treatment group of fish, but sex steroids 
were significantly reduced in all the treatment groups compared to control fish. Bass had average 
whole-body dieldrin residues of 0.2 mg/kg in the lowest treatment and control groups. No difference 
in GSI was noted after 120 d exposure. 

2.6.3.1.2 Invertebrates 
Invertebrate CBRs for aldrin and dieldrin are presented in Table 2.8 and summarized in Table 
2.7. For dieldrin, invertebrate lethal body residue was lowest, 0.08 mg/kg, for the pink shrimp, 
F. duorarum (Parrish et al. 1974) exposed in water for 96 h (44% mortality, full survival in the 
control). Lethal body residues for other invertebrates were higher and within the narrow range of 
1–2.1 mg/kg. For the midge, C. riparius, mortality (percent not reported) after 1 d exposure was 

TABLE 2.8 
Toxicity Associated with Cyclodienes in Tissues of Aquatic Invertebrates (mg/kg ww) 

No Effect Low Effect 
Species mg/kg mg/kg Exposure Effect Reference 

Aldrin 
Chlamydotheca arcuata — 1 96 h in water Mortality Kawatski and 

Schmulbach 1971 

Dieldrin 
Chironomus riparius — 1.1 24 h in water Mortality Estenik and Collins 1979 

Chlamydotheca arcuata — 1 96 h in water Mortality Kawatski and 
Schmulbach 1971 

Palaemonetes pugio 0.09 2.1 96 h in water Mortality Parrish et al. 1974 

Farfantepenaeus 0.016 0.08 96 h in water Mortality Parrish et al. 1974 
duorarum 

Crassostrea virginica 13.9 20 96 h in water Growth Parrish et al. 1974 

Endrin 
Palaemonetes pugio 0.18 0.61 96 h in water Mortality Tyler-Schroeder 1979 

Palaemonetes pugio 0.02 0.19 96 h in water Mortality Schimmel et al. 1975 

Farfantepenaeus 0.01 0.025 96 h in water Mortality Schimmel et al. 1975 
duorarum 

Pteronarcys dorsata 0.03 0.07 96 h in water Mortality Anderson and DeFoe 
1980 

Crassostrea virginica 0.26 16.4 68 h in water Mortality Mason and Rowe 1976 

Crassostrea virginica — 5.8 96 h in water Growth Schimmel et al. 1975 

Limnodrilus hoffmeisteri 58 358 43 d in sediment Mortality Keilty et al. 1988b 

Limnodrilus hoffmeisteri 58 148 43 d in sediment Growth Keilty et al. 1988b 

Limnodrilus hoffmeisteri 58 0.003 43 d in sediment Sediment Keilty et al. 1988b 
reworking 

Stylodrilus heringianus 62 118 43 d in sediment Mortality Keilty et al. 1988a 

Stylodrilus heringianus — 1.5 43 d in sediment Sediment Keilty et al. 1988a 
reworking 

continued 



 

 

 

 
 

TABLE 2.8 (continued)
 
Toxicity Associated with Cyclodienes in Tissues of Aquatic Invertebrates (mg/kg ww)
 

No Effect Low Effect 
Species mg/kg mg/kg Exposure Effect Reference 

Endosulfan 
Palaemonetes pugio 0.065 0.21 96 h in water Mortality Schimmel et al. 1977a 

Farfantepenaeus <0.01 <0.01 96 h in water Mortality Schimmel et al. 1977a 
duorarum 

Mytilus edulis 1.9 8.1 112 d in water Spawning Roberts 1972 

Chlordane 
Palaemonetes pugio 4.8 9.1 96 h in water Mortality Parrish et al. 1976 

Farfantepenaeus 0.71 1.7 96 h in water Mortality Parrish et al. 1976 
duorarum 

Crassostrea virginica <0.01 27 96 h in water Growth Parrish et al. 1976 

Heptachlor (heptachlor and heptachlor epoxide) 
Farfantepenaeus — 0.068a 96 h in water Mortality Schimmel et al. 1976 
duorarum 

Farfantepenaeus — 0.016b 96 h in water Mortality Schimmel et al. 1976 
duorarum 

Farfantepenaeus — 0.21c 96 h in water Mortality Schimmel et al. 1976 
duorarum 

Palaemonetes vulgaris 0.32 3.5c 96 h in water Mortality Schimmel et al. 1976 

Crassostrea virginica — 8.4c 96 h in water Growth Schimmel et al. 1976 

 a Sum heptachlor and heptachlor epoxide (exposure to analytical grade heptachlor). 
 b Heptachlor epoxide (exposure to heptachlor epoxide). 
 c Sum heptachlor and heptachlor epoxide (exposure to technical grade heptachlor). 

— Not available. 
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associated with a body residue of 1.1 mg/kg (Estenik and Collins 1979). Mortality (% not reported) 
in the ostracod, Chlamydotheca arcuata, exposed for 48–96 h was associated with body residues 
less than 1.0 mg/kg (Kawatski and Schmulbach 1971). Parrish et al. (1974) reported a lethal CBR 
of 2.1 mg/kg in the grass shrimp, the Palaemonetes pugio, displaying 20% mortality (full control 
survival) in a 96-h exposure to dieldrin in water. Dieldrin body residues ranging from 14 to 107 
mg/kg were reported as nonlethal to the Eastern oyster, Crassostrea virginica (Parrish et al. 1974, 
Mason and Rowe 1976, Emanuelsen 1978), while this bivalve displayed decreased growth (24%, no 
decrease reported for control oysters) at 13.9 mg/kg (Parrish et al. 1974). Statistical comparisons for 
mortality data were not reported in the above studies. 

The only lethal CBR for aldrin was reported for C. arcuata (Kawatski and Schmulbach 1971) 
as less than 1 mg/kg. Highest no-effect body residues in invertebrates exposed to aldrin in water 
ranged from 0.13 to 2.3 mg/kg (Butler 1971, Johnson et al. 1971). The later studies did not indicate 
whether aldrin was transformed to dieldrin in those invertebrates. The reported body residues are 
assumed to correspond to the aldrin-only body residue. 

2.6.3.2 Endrin 
Endrin is the stereoisomer of dieldrin. The technical formulation contains not less than 92% pure 
endrin (WHO 1992). Endrin was introduced in 1951 and was used to control cotton crop pests in 
the United States (Table 2.1). Endrin use is banned or highly restricted in many countries. Although 
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similar in structure to dieldrin, endrin is more rapidly metabolized and accumulates to a lesser 
degree in lipids. 

2.6.3.2.1 Fish 
Endrin has high acute aqueous toxicity to fish with a relatively narrow LC50 range. Lethal CBRs for 
seven fish species ranged from 0.012 mg/kg in largemouth bass fingerlings (Fabacher and Chambers 
1976) to 1.7 mg/kg in sailfin mollies (Poecilia latipinna) (Schimmel et al. 1975), and 0.9 mg/kg 
median lethal CBR (Table 2.6). Lethal CBR for fingerling channel catfish (100% mortality) was 
1.0 mg/kg (Argyle et al. 1973) and bluegill sunfish LR50 was 0.3 mg/kg (Bennett and Day 1970). 
Fathead minnow fry CBR (89% mortality) was 0.24 mg/kg (Jarvinen and Tyo 1978). Adult fathead 
minnow lethal CBR was 1.1 mg/kg (60% mortality), similar to adult sheepshead minnow lethal 
CBRs (0.88–1.5 mg/kg; Schimmel et al. 1975, Hansen et al. 1977). One study reported hyperactiv
ity in golden shiner (Notemigonus crysoleucas) at 0.21 mg/kg sublethal CBR (Ludke et al. 1968). 
Exposures were acute and chronic duration, and all but one were aqueous exposures. Immune sup
pression has been noted from endrin exposure, but CBRs were not reported. 

2.6.3.2.2 Invertebrates 
Invertebrate CBRs for endrin are presented in Table 2.8. Endrin lethal CBRs varied much more 
widely than those for dieldrin, ranging from 0.025 to 358 mg/kg for eight species. As for dieldrin, 
the lowest invertebrate lethal CBR, 0.025 mg/kg, was reported for the pink shrimp, F. duorarum 
(Schimmel et al. 1975) exposed to technical grade endrin in water for 96 h (25% mortality, full sur
vival in the control). In that same study, the grass shrimp, P. pugio was more tolerant, accumulating 
0.19 mg/kg when mortality was 20% (full control survival). The 28-d median lethal CBR for giant 
black stonefl y Pteronarcys dorsata (Anderson and DeFoe 1980) was 0.07 mg/kg. Other inverte
brates investigated were substantially more tolerant to endrin. High mortality (90%) of the eastern 
oyster C. virginica occurred at a body residue of 16.4 mg/kg after a 7-d exposure (Mason and Rowe 
1976). For the latter species, a lower reported residue of 5.8 mg/kg resulted in 40% decrease in 
growth of juvenile oysters relative to control organisms after 96 h (Schimmel et al. 1975). Statistical 
comparisons of mortality data were not reported in the above studies. 

Keilty et al. (1988a) exposed the tubifi cid oligochaete, Limnodrilus hoffmeisteri, to sediment 
spiked with endrin to investigate several toxicity endpoints as well as bioaccumulation. In contrast 
to CBR of 358 mg/kg for significantly decreased survival (44%; 12% in the control) and 148 mg/ 
kg for decreased growth, feeding activity, measured as sediment reworking rate, was signifi cantly 
decreased at 0.003 mg/kg. Similarly, Keilty et al. (1988b) reported a significant decrease in feed
ing activity in the oligochaete, Stylodrilus heringianus, associated with a CBR (1.5 mg/kg), much 
lower than the reported lethal body residue (118 mg/kg) following a 43-d exposure to spiked sedi
ment. Endrin body residues as high as 0.62 mg/kg in the bivalves Mya arenaria and 0.24 mg/kg in 
Mercenaria mercenaria did not impact their survival or feeding behavior (Butler 1971). 

2.6.3.3 Endosulfan 
Endosulfan consists of two stereoisomers, alpha and beta, also known as endosulfan I and endosulfan 
II. The technical grade mixture has alpha and beta isomers in an approximately 70:30 ratio (WHO 
1984a), and the isomers have different toxicity. Aquatic toxicity to endosulfan I is generally greater 
than toxicity from the other isomers, but the sulfate metabolite can have similar or greater toxic
ity in some species (Knauf and Schulze 1973). Endosulfan is highly toxic to fi sh and invertebrates 
and has resulted in kills following aerial spraying (Naqvi and Vaishnavi 1993). Fairly  persistent in 
water, soil, and sediment, endosulfan fish tissue residues declined rapidly after  exposure ceased 
(Schimmel et al. 1977a). Endosulfan use in the United States was reregistered by the U.S. EPA in 
2001 (U.S. EPA 2002) but concentrations in fish were not analyzed by the USGS under its National 
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Water-Quality Assessment (NAWQA) program. Endosulfan use in other  countries such as China 
and India also continues (PAN North American 2009). 

2.6.3.3.1 Fish 
Few studies have measured whole-body residues and toxicity. After uptake, endosulfan is 
oxidized to the metabolite endosulfan sulfate. One study reported lethal CBRs after a 96-h expo
sure to endosulfan. Spot, pinfi sh (Lagodon rhomboids), and striped mullet experienced 35–40% 
mortality at whole-body total endosulfan concentrations of 0.031, 0.272, and 0.36 mg/kg,  
respectively (Schimmel et al. 1977a). Most of the endosulfan was endosulfan sulfate. Adult 
zebra fish exposed to endosulfan accumulated different concentrations of the individual isomers 
with the alpha  isomer measured at the highest whole-body concentration (Toledo and Jonsson 
1992). Maximum total endosulfan residue after the 27-d exposure was 0.9 mg/kg and was asso
ciated with alterations in gill lamella and zonal necrosis, and lipid accumulation in liver. In 
Atlantic salmon, β-endosulfan was accumulated more readily and depurated more slowly than 
α-endosulfan (Berntssen et al. 2008). 

Matthiessen et al. (1982) measured whole-body residues in fish that died within 3 d after 
aerial spraying with 35% endosulfan emulsifiable concentrate for tsetse fly control in Botswana. 
Concentrations in juvenile fish ranged from 0.07 mg/kg whole body in African catfi sh (Clarias sp.) to 
1.08 mg/kg in African cichlid (Haplochromis sp.). Adult southern mouthbrooder (Pseudocrenilabrus 
sp.) that died had 1.46 mg/kg whole body. After 12 months, fi eld fish still had detectable residues in 
their tissue. In lab studies, Matthiessen et al. (1982) measured concentrations in organs associated 
with mortality and noted that lean fish died more rapidly. 

Endosulfan has been reported to have estrogenic properties, although study results are some
times conflicting (e.g., Smeets et al. 1999, Hemmer et al. 2001, Balasubramani and Pandian 2008). 
Reduction in cortisol levels in fish has been reported from in-vitro studies (Leblond et al. 2001). 
CBRs associated with endocrine disruptive effects have not been reported. 

2.6.3.3.2 Invertebrates 
In the only study reporting endosulfan CBRs for invertebrates (Table 2.8), Schimmel et al. (1977a) 
observed lethal effects (90% mortality, 100% survival in the control) in pink shrimp, F. duorarum 
at water concentrations of 0.076 µg/L resulting in nondetectable residues of endosulfan I and II 
and endosulfan sulfate (0.01 mg/kg detection limit) after 96 h. The same study reported a lethal 
residue of 0.21 mg/kg for the grass shrimp, P. pugio (35% mortality, 100% control survival), that 
was 63% endosulfan sulfate, 28% endosulfan I, and 9% endosulfan II (Schimmel et al. 1977a). The 
same study reported decreased growth (78%), higher than in the control (10%) for C. virginica, and 
no lethal effects were associated with a body residue of 19.9 mg/kg. Statistical comparisons for 
mortality data were not reported in that study. Endosulfan body residues as high as 8.1 mg/kg in 
the mussel Mytilus edulis did not impact their survival although timing of spawning was affected 
(Roberts 1972). 

2.6.3.4 Chlordane 
Chlordane has been used on agricultural crops and for termite control. Pure chlordane consists 
of cis- and trans-isomers. In its technical form it is a complex mixture of more than 140 related 
compounds, including isomers, other chlorinated hydrocarbons, and byproducts. The approximate 
composition of the technical grade chlordane manufactured by Velsicol is 24% trans-chlordane, 
19% cis-chlordane, 10% heptachlor, 20.5% chlordenes, 5% trans-nonachlor, and 2.8% cis-nonachlor 
(Cardwell et al. 1977). The most persistent forms often measured in tissue are trans-nonachlor and 
cis-chlordane (Schmitt 2002b). Chlordane can be metabolized in the organism to form a number 
of different metabolites (Table 2.1). The metabolic products such as heptachlor and its metabolite 
heptachlor epoxide can be more toxic than the parent compound. Chlordane may be reported as 
the sum of chlordane-related compounds (cis- and trans-chlordane, nonachlors, oxychlordane, and 



 

 

 
  

 

 

 
 

  
 
 

  
 
 
 
 

 

 

77 DDT and Other Organohalogen Pesticides 

heptachlor epoxide) (Schmitt 2002b). Chlordane use is either banned or severely restricted in many 
countries. Use in the United States has been prohibited since 1983. 

2.6.3.4.1 Fish 
Tissue-residue concentrations of chlordane associated with effects to fish come from one study that 
used technical chlordane and two studies that used technical heptachlor for dosing. Pinfi sh lethal 
CBR was 16.6 mg/kg and sheapshead minnow fry CBR for behavior was 87 mg/kg (Parrish et al. 
1976). When exposed to technical grade heptachlor in chronic exposures, the sum of cis- and trans-
chlordane was measured in whole body, and heptachlor and heptachlor epoxide were also present 
in tissues. Chlordane CBRs were 0.71 mg/kg for mortality in whole-body spot, and 3.85 mg/kg for 
decreased swimming, and 11.1 mg/kg for mortality in whole-body sheepshead minnow (Schimmel 
et al. 1976, Goodman et al. 1977a). 

2.6.3.4.2 Invertebrates 
Invertebrate CBRs for chlordane are summarized in Table 2.8. Parrish et al. (1976) reported CBRs 
of chlordane associated with toxic effects in invertebrates. Lethal CBRs were lower for pink shrimp, 
F. duorarum (1.7 mg/kg associated with 55% mortality), than for grass shrimp, P. pugio (9.1 mg/kg 
associated with 45% mortality), exposed in water to technical grade chlordane; full control survival 
was observed for both species. For C. virginica, decreased growth (41%), higher than in the control 
(10%), and no lethal effects, were associated with a CBR of 27 mg/kg. Statistical comparisons for 
mortality data were not reported in that study. 

2.6.3.5 Heptachlor and Heptachlor Epoxide 
Pure heptachlor was originally isolated from technical chlordane. The technical formulation for 
heptachlor contains about 65% heptachlor, 22% trans-chlordane, 2% cis-chlordane, and 2% non
achlor (Schimmel et al. 1976). Tissue residues in organisms exposed to technical heptachlor contain 
these other compounds. Heptachlor epoxide is a metabolic product of analytical heptachlor and is 
typically measured in tissue residues after exposure. 

2.6.3.5.1 Fish 
Residue-effect data for four fish species primarily were mortality endpoints from exposure to techni
cal heptachlor (Table 2.9). The lowest CBR was 0.23 mg/kg whole body for heptachlor epoxide in 
bluegill resulting in death of almost all the fish in the pond after a 16-h exposure (Andrews et al. 1966). 
Heptachlor was also present at 2.8 mg/kg for a total heptachlor residue of 3.03 mg/kg. Spot were 
sensitive to heptachlor with a lethal CBR of 2.08 mg/kg for total heptachlor (Schimmel et al. 1976). 
Low concentrations of trans- and cis-chlordane also occurred in these fish (0.55 and 0.16 mg/kg, 
respectively). Sheepshead minnow sublethal CBR for embryos and fry exposed to technical heptachlor 
occurred at a residue three times lower than the residue associated with adult mortality after acute 
exposure, and two times lower than the residue associated with mortality after chronic exposure of 
embryo/fry (Table 2.9). Sheepshead minnow exposed to heptachlor as embryos and juveniles had 
twice the mortality as minnows exposed during only the juvenile stage (Goodman et al. 1977b). 

The ratio of heptachlor epoxide: heptachlor in the tissues is higher when the exposure duration 
is longer (Table 2.9). After acute exposure, heptachlor residues in sheepshead minnow were about 4 
times higher than heptachlor epoxide residues, probably reflecting less time for metabolites to form 
(Schimmel et al. 1976). Heptachlor and heptachlor epoxide CBRs in sheepshead minnow whole 
bodies were similar to each other after chronic exposure to the same technical heptachlor aqueous 
concentration (Goodman et al. 1977b). 

2.6.3.5.2 Invertebrates 
Only one study (Schimmel et al. 1976) reported CBRs of heptachlor for invertebrates (Table 2.8). 
For the pink shrimp, F. duorarum, exposure to analytical grade compound resulted in 40% mortality 



 

   
   

 
   

 

 
 

 

 

   

  
 

 

TABLE 2.9 
Toxicity Associated with Heptachlor and Heptachlor Epoxide in Whole-Body Fish 
(mg/kg ww) after Exposure to Technical Heptachlor 

Heptachlor Heptachlor Epoxide 

Fish No Effect Low Effect No Effect Low Effect 

Sheepshead 4.8 10.4 4.2 8.0 
minnowa 

Spot 0.01 1.5 0.016 0.58 

Spot 1.7 5.3 0.64 1.4 

Sheepshead 0.022 20 0.02 6.7 
minnow 

 Pinfish 5.7 34 3.2 11 

Bluegill 2.8 0.23 

Bluegill 0.33–6.7 0.23–5.0 

Sheepshead 0.038 4.5 0.056 3.6 
minnowa 

a Exposed as embryo/fry. 
b Exposed to analytical grade heptachlor. 
  No statistically significant differences reported in Schimmel et al. 1976. 

Effect, Exposure 

Mortality, 25 d 

Mortality, 96 h 

Mortality,b 96 h 

Mortality, 96 h 

Mortality, 96 h 

Mortality, 16 h 

Mortality, 84 d 

Behavior, 25 d 

Reference 

Goodman et al. 1977b 

Schimmel et al. 1976 

Schimmel et al. 1976 

Schimmel et al. 1976 

Schimmel et al. 1976 

Andrews et al. 1966 

Andrews et al. 1966 

Goodman et al. 1977b 
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and a total heptachlor CBR of 0.068 mg/kg (0.058 mg/kg heptachlor epoxide and 0.010 mg/kg 
hep tachlor), and exposure to heptachlor epoxide resulted in 65% mortality and 0.016 mg/kg CBR. 
Exposure to technical grade heptachlor resulted in 82% mortality associated with a whole-body CBR 
of 0.21 mg/kg (0.18 mg/kg heptachlor epoxide and 0.03 mg/kg heptachlor). The same study reported 
3.5 mg/kg of total heptachlor (2.5 mg/kg heptachlor epoxide and 1 mg/kg heptachlor) associated 
with 70% mortality in the grass shrimp, P. vulgaris, exposed to technical grade heptachlor. The 
above exposures were 96 h and did not cause mortality in the control. Sublethal effects in the Eastern 
oyster (C. virginica) exposed to technical grade heptachlor was 33% decreased growth associated 
with a tissue concentration of 8.4 mg/kg total heptachlor (7.7 mg/kg heptachlor and 0.8 mg/kg hep
tachlor epoxide, in addition to 6.5 mg/kg trans-chlordane and 0.8 mg/kg cis-chlordane), indicating 
the higher tolerance of this species. Statistical comparisons for mortality data were not reported. 

2.6.4 CYCLODIENE DISCUSSION 

2.6.4.1 Fish 
Dieldrin is frequently measured in tissues of fi eld-collected fish tissue, yet few studies report resi
dues associated with effects investigated in laboratory studies. The lowest whole-body CBR was 
0.1 mg/kg for reduced sex steroids in adult largemouth bass (Muller et al. 2004), and 0.2 mg/kg 
reported for mortality in juvenile rainbow trout (Shubat and Curtis 1986). Reduced production of 
steroid hormones can lead to reduced reproductive output, but the reviewed dieldrin studies did not 
provide that link. African catfish exposed to aqueous concentrations greater than 1.5 µg/L dieldrin 
did not produce eggs, but residues were not measured after the 2-month exposure (Lamai et al. 
1999). The dieldrin-exposed fish had significantly less adipose fat reserves than nonexposed fi sh, 
which the authors speculate may be related to failure to produce eggs. 

Almost all endrin residue-effect studies report fish mortality from aqueous exposures, likely 
due to its high acute aqueous toxicity. Largemouth bass was the most sensitive species tested with 
40% mortality at 0.012 mg/kg CBR. Figure 2.1 compares the trends among fish species for cyclo
diene and other OH compounds. Fathead and sheepshead minnow had similar endrin sensitivity. 
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FIGURE 2.1 Comparison of fish critical body residues of select organochlorine pesticides for different spe
cies (data reported in text). Mortality endpoints (25–85% mortality) for all species except for sheepshead 
minnow exposed to chlordane (behavior). 

Sublethal endrin CBRs, which would theoretically occur at lower residues, are lacking, possibly as 
a result of the high acute toxicity of the compound. Only one study reported a sublethal effect for 
behavior in golden shiner at 0.2 mg/kg (Ludke et al. 1968). 

Most of the CBRs for endosulfan are from a single study where residue-effect concentrations 
ranged over an order of magnitude, and spot were the most sensitive species (Schimmel et al. 1977a) 
(Figure 2.1). A larger range (0.07–1.5 mg/kg) in species sensitivity was observed during a fi eld 
application in Africa with African catfish the most sensitive species for mortality (Matthiessen et al. 
1982). Species-sensitivity variability in this study was reduced to less than an order of magnitude 
by lipid normalization (7.4–47.1 mg/kg lipid). Species-sensitivity variability in aquatic toxicity tests 
for endosulfan ranged up to 4 orders of magnitude (18,000) in saltwater species (Chapman 1983), so 
the variability in toxicity was reduced when based on residue concentrations. 

Fish CBRs from chlordane are too few to make conclusions about species sensitivity or effect 
ranges, but OH CBRs are highest for this compound (Figure 2.1). Only one study reports residue-
effects associated with technical chlordane exposure (Parrish et al. 1976). When present along with 
heptachlor and heptachlor epoxide, spot lethal chlordane CBRs were close to an order of magnitude 
lower than sheepshead minnow sublethal and lethal CBRs (Schimmel et al. 1976). 

Fish exposed to technical heptachlor had heptachlor, heptachlor epoxide, and often chlordane 
compounds in their tissue. Most of the studies for heptachlor report mortality and the median lethal 
CBR for heptachlor was 4.1 mg/kg compared to 1.0 mg/kg median lethal CBR for heptachlor epox
ide (Table 2.6). 

2.6.4.2 Invertebrates 
Similar 96-h water exposures were conducted to assess the effects of dieldrin, endrin, chlordane, and 
heptachlor on survival of pink shrimp and grass shrimp and (for all but endosulfan) on growth of the 
Eastern oyster (Parrish et al. 1974, Schimmel et al. 1975, Parrish et al. 1976, Schimmel et al. 1977a). 
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Table 2.7 reports lowest, highest, and median lethal CBR, and Figure 2.2 compares the trends 
among invertebrate species for cyclodiene and other OH compounds. The pink shrimp was consis
tently the species with the lowest lethal CBR, followed by grass shrimp, while much higher residues 
failed to promote mortality in the Eastern oyster. Endrin and heptachlor were overall the most toxic 
and chlordane the least toxic cyclodiene for those three marine species. 

Endrin lethal CBRs are available for seven species. Freshwater oligochaetes were substantially 
more tolerant than crustaceans and the sole insect investigated. Therefore, similar to DDT, endrin 
may be a potent toxicant causing mortality via specific modes of action in some invertebrates, such 
as pink shrimp and stonefly nymph, while lethal at residues approaching the range typical for non
specific, baseline-toxicity-type toxicants for other invertebrates, such as oligochaetes. In contrast, 
endrin sublethal CBRs associated with decreased sediment reworking rates were orders of magni
tude lower than lethal body residues for oligochaetes (Keilty et al. 1988a, 1988b), suggesting that 
physiological impairment by that compound is caused by toxic action other than baseline toxicity. 

2.6.5 MIREX, LINDANE, AND TOXAPHENE 

2.6.5.1 Mirex 
Mirex was used mainly for fire ant control in the southeastern U.S., but also as a fi re retardant 
(dechlorane). Application was concentrated in the southern U.S., but manufacturing of mirex resulted 
in contamination in the Niagara and Oswego Rivers as well as Lake Ontario and the St. Lawrence 
River. Use of mirex-containing products was cancelled in 1977–1978 in the United States. The tech
nical grade mixture contains about 95% mirex and less than 3% chlordecone (kepone). Due to lower 
acute toxicity, mirex replaced heptachlor for some uses. 

2.6.5.1.1 Fish 
In short-term aqueous toxicity tests, mirex did not cause fish mortality even at high concentra
tions (Tagatz et al. 1975, 1976, Skea et al. 1981). Mirex was not acutely toxic to fathead minnows 
(Pimephales promelas), and percent hatchability and growth of 30-d fry was higher in  mirex-exposed 
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FIGURE 2.2 Comparison of invertebrate critical body residues of select organochlorine pesticides for  
different species (data reported in Tables 2.7, 2.8, and 2.10). Mortality endpoints for both shrimp species 
(20–90% mortality), and growth endpoints for Eastern oyster (24–78% reduction in growth). 
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fish compared to controls (Buckler et al. 1981). The number of spawns by fathead minnow was  
reduced at a whole-body CBR of 63 mg/kg (Buckler et al. 1981). Histological changes in gill lamel
lae were observed at whole-body CBR of 0.35–0.94 mg/kg in sheepshead minnow exposed to mirex 
leached from fire ant bait (Tagatz et al. 1975). Catfi sh (Ictalurus punctatus) survival was reduced in 
outdoor ponds at 0.015 mg/kg in muscle (Hyde et al. 1974). 

Contamination of control fish was a problem in a study of bluegill and goldfish (van Valin 
et al. 1968). Bluegill fed mirex had reduced growth at whole-body residues that ranged from 
approximately 15–70 mg/kg from 30 to 160 d, but mirex in control fish ranged from 0.7 to 1.0 
mg/kg. 

Young juvenile striped mullet exposed to aqueous concentrations of mirex for 96 h experienced 
6.4%, 27%, and 32% mortality at whole-body concentrations of 0.18, 0.82, and 3.5 mg/kg, respec
tively (Lee et al. 1975). The highest-dosed fish, with residues of 22.5 mg/kg experienced no mortal
ity, which the authors could not explain. Older juvenile and adult mullet did not experience mortality 
after exposure to aqueous concentrations of mirex. 

Leatherland and Sonstegard (1979) exposed coho salmon to 50 mg/kg mirex in diet. A mirex 
concentration in carcass of 9.6 mg/kg was associated with a significant reduction in the lipid con
tent of the carcass after 3 months exposure. The treatment group exposed to 5 mg/kg mirex in diet 
had 1.6 mg/kg mirex in carcass and had carcass lipid content similar to the control salmon. When 
PCBs and mirex were combined in the diet, mirex appeared to inhibit the uptake of PCBs by coho 
salmon. 

2.6.5.1.2 Invertebrates 
Invertebrate CBRs for mirex are summarized in Table 2.10. Mirex lethal CBRs were reported for a 
variety of estuarine invertebrates in multispecies exposures (Tagatz et al. 1975, 1976). After a 28-d 
exposure to mirex released to water from ant bait, body residues associated with signifi cant mortal
ity were lowest for the blue crab, C. sapidus (0.02 mg/kg), followed by the pink shrimp, F. duorarum 
(0.12 mg/kg), and the grass shrimp, P. pugio (0.27 mg/kg) (Tagatz et al. 1975). In a similar experi
ment conducted for 70 d, lethal body residues were similar for the mud crab, Panapeus herbstii 
(0.22 mg/kg), and the hermit crab, Clibanarius vittatus (0.23 mg/kg) (Tagatz et al. 1976). Lethal 
CBRs were reported for crab by Bookhout and Costlow (1975) in exposure to water throughout its 
development (0.07 mg/kg) and by Leffler (1975) for a 28-d dietary exposure (0.42 mg/kg). The low
est CBR reported for crayfi sh juveniles, Procambarus blandingii, was 1.45 mg/kg following a 54-h 
exposure to water contaminated via mirex released from ant bait (Ludke et al. 1971). Various fresh
water invertebrates tested in bioaccumulation experiments experienced 100% mortality after 7-d 
exposures to technical mirex (de la Cruz and Naqvi 1973). Body residues measured after 2 d were 
1.06 mg/kg in the crayfi sh Orconectes mississippiensis, 2.56 mg/kg in the amphipod, H. azteca, and 
10.37 mg/kg in the dragonfl y naiad, Macromia sp. The highest mirex nonlethal body residues were 
2 mg/kg for the ribbed mussel, Modiolus demissus and 2.8 mg/kg for the Eastern oyster (Tagatz 
et al. 1976), as well as 1.92, 5.07, and 4.91 mg/kg for the leeches, Erpobdella puctata, Placobdella 
rugosa, and Glossiphonia sp., respectively (de la Cruz and Naqvi 1973). 

2.6.5.2 Lindane 
The compound 1,2,3,4,5,6-HCH has eight isomers and the gamma (γ) isomer is lindane (Table 2.1). 
Another name used for lindane is benzene hexachloride (BHC). Lindane is not less than 99% pure 
γ-isomer of HCH (BHC), and is the active insecticide. Product composition varies from different 
manufacturers. Technical HCH is 65–70% α-HCH, 7–10% β-HCH, 14–15% γ-HCH, and smaller 
amounts of some additional compounds (WHO 1991). 

2.6.5.2.1 Fish 
The lindane residue-effect literature reports over an order of magnitude difference in species sen
sitivity from lethal residue data for fish tested under the same conditions. Lethal whole-body CBRs 
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TABLE 2.10 
Toxicity Associated with Mirex, Lindane, and Toxaphene in Tissues of Aquatic 
Invertebrates (mg/kg ww) 

Species No Effect Low Effect Exposure Effect Reference 
mg/kg mg/kg 

Mirex 
Procambarus blandingii — 1.45 54 h in water Mortality Ludke et al. 1971 

Callinectes sapidus — 0.42 28 d in diet Mortality Leffer 1975 

Callinectes sapidus 0.03 0.07 Throughout Mortality Bookhout and Costlow 
development in 1975 
water 

Callinectes sapidus — 0.02 28 d in water Mortality Tagatz et al. 1975 

Palaemonetes pugio — 0.27 28 d in water Mortality Tagatz et al. 1975 

Farfantepenaeus — 0.12 28 d in water Mortality Tagatz et al. 1975 
duorarum 

Clibanarius vittatus — 0.23 70 d in water Mortality Tagatz et al. 1976 

Panopeus herbstii — 0.22 70 d in water Mortality Tagatz et al. 1976 

Macromia sp. — 10.37 7 d in water Mortality de la Cruz and Naqvi 1973 

Orconectes — 1.06 7 d in water Mortality de la Cruz and Naqvi 1973 
mississippiensis 

Hyalella azteca — 2.56 7 d in water Mortality de la Cruz and Naqvi 1973 

Lindane 
Farfantepenaeus — 0.033 96 h in water Mortality Schimmel et al. 1977b 
duorarum 

Palaemonetes pugio — 5.2 96 h in water Mortality Schimmel et al. 1977b 

Mytilus edulis — 0.014 7 d in suspended Feeding Hermsen et al. 1994 
sediment 

1,2,3,4,5,6-Hexachlorocyclohexane 
Farfantepenaeus — 0.028 96 h in water Mortality Schimmel et al. 1977b 
duorarum 

Toxaphene 
Farfantepenaeus — 0.54 96 h in water Mortality Schimmel et al. 1977c 
duorarum 

Palaemonetes pugio — 2.7 96 h in water Mortality Schimmel et al. 1977c 

Crassostrea virginica — 47 96 h in water Growth Schimmel et al. 1977c 

— Not available. 

associated with LC50 data (LR50) after a 96-h exposure were 79 mg/kg for sheepshead minnow 
and 5.2 mg/kg for pinfish (Schimmel et al. 1977b). Fathead minnow exposed to lindane for 18 
months had about 30% reduced survival at 9.5 mg/kg in carcass (Macek et al. 1976). Threespine 
stickleback mortality was associated with 12 mg/kg ww estimated from whole-body dry-weight 
(using water content provided in the chapter) (Hansen 1980). In this chapter Hansen (1980) reported 
that stickleback assimilated about 50% of the lindane in food. 

A lindane concentration of 1.07 mg/kg in gudgeon muscle tissue (Gobio gobio) was associated 
with approximately 50% mortality after a 96-h exposure (Marcelle and Thome 1983). 

Eyed eggs of rainbow trout were exposed to lindane in sediment for 27 d. Lindane residues in 
eggs and fry of rainbow trout did not change appreciably during the 27 d continuous exposure. 
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Sublethal effect residues for fry associated with altered behavior (lethargy) were 0.055–0.1 mg/kg 
(Ramamoorthy 1985). Rainbow trout egg residues averaged 0.048–0.08 mg/kg in 7-d-old embryos 
for those fry. 

Reduced growth and reproduction in brook trout after exposure to aqueous lindane for 18 months 
were associated with residues in muscle of 1.2 mg/kg (Macek et al. 1976). Recent sublethal effect 
studies have measured residues in fat (Pesce et al. 2008) and organs (González de Canales et al. 
2009) but not in whole bodies. 

Immunosuppression by lindane has also been observed, but residues were not reported. The 
β-HCH and γ-HCH isomers have been reported to have estrogenic properties (Wester and Canton 
1986, Singh and Singh 2007). 

2.6.5.2.2 Invertebrates 
Lethal effects of lindane (Table 2.10) were reported at body residue of 0.033 mg/kg for the pink 
shrimp, F. duorarum, and a much higher lethal body residue, 5.2 mg/kg, for the grass shrimp, 
P. pugio, following 96 h (Schimmel et al. 1977b). The percent mortality associated with the latter 
residues was higher than 50%. Lethality to pink shrimp yielded a body residue (0.028 mg/kg) for 
a mixture of HCH isomers that was similar to the lethal body residue reported for lindane alone in 
the same study (Schimmel et al. 1977b). Significant sublethal decrease (20%) of the feeding activ
ity in the mussel, M. edulis, was associated with a lindane body residue of 0.014 mg/kg (Hermsen 
et al.1994) (Table 2.10). 

2.6.5.3 Toxaphene 
Toxaphene (also known as camphechlor) is a complex mixture of compounds and is the technical 
grade of chlorinated camphene. It contains about 67–69% chlorine (WHO 1984b). Toxaphene was 
used extensively on cotton crops in the southeastern United States and replaced DDT after DDT 
use was banned. Toxaphene also has been found in areas where it was never used such as in the 
Great Lakes (Schmitt et al. 1990) and in the Arctic. Toxaphene use was banned for most purposes 
in the United States and Canada in 1982. Toxaphene can be difficult to analyze because of coeluting 
PCBs and other compounds, but use of capillary columns provides good estimates of concentrations 
(Schmitt 2002a). 

2.6.5.3.1 Fish 
Toxaphene CBR data exists for six fish species from laboratory studies. Residues in fish contain the 
more chlorinated toxaphene congeners. Fry and adults had similar accumulation factors. 

Toxaphene in adult fish and fry was associated with reduced growth, mortality, and reduced 
egg viability. The highest CBRs were associated with mortality in fry and juveniles. Lethal body 
residues ranged from 24.7 to 46.4 mg/kg for longnose killifi sh (Fundulus similis) and sheepshead 
minnow and were associated with 35–90% mortality. Brook trout and pinfish were more sensitive 
than both fathead minnow and sheepshead minnow to toxaphene residues but were not represented 
in the fry and juvenile dataset. Lethal body residues associated in adult fish ranged from 1.9 mg/kg 
from acute exposure for pinfish to 6.1 mg/kg from chronic exposure for killifish (Schimmel et al. 
1977c). The authors note that adult killifish were more sensitive than juveniles. They speculate that 
the increased sensitivity of adult fish may have been due to their reproductive status, because expo
sure occurred during their spawning period. Mayer et al. (1975) also noted that adult mortality in 
brook trout occurred just prior to spawning. 

Sublethal effects in adult fish ranged from 0.4 mg/kg for reduced reproduction in brook trout 
(Mayer et al. 1975) to 5.9 mg/kg for reduced growth in fathead minnow (Mehrle and Mayer 1975a). 
Sublethal effects in early life-stage fish ranged from 0.4 mg/kg for reduced growth in brook trout fry 
to 10 mg/kg for abnormal behavior in sheepshead minnow fry (Goodman et al. 1977b). 

The lowest CBRs were for sublethal effects to brook trout. Brook trout whole-body residues 
of 0.4 mg/kg were associated with reduced growth in fry, and in adult tissue, reduced viability 
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of spawned eggs (Mayer et al. 1975, Mehrle and Mayer 1975b). Fathead minnow fry had reduced 
growth at 1.0 mg/kg or 17 mg/kg lw, and adult growth was reduced at 3.3 mg/kg or 46.5 mg/kg lw 
(Mayer et al. 1977). In addition, atrophy and degeneration of cells and tissues in liver, pancreas, and 
kidney were seen during histological analysis. 

Sublethal effects in early life stages were associated with lower whole-body median residues 
compared to similar effects observed in adult fish (Table 2.6). The opposite was observed for adult 
residues; median CBRs associated with mortality were lower (3.25 mg/kg) in adult fish compared to 
median lethal CBRs for juveniles and fry (35.0 mg/kg) (Table 2.6). 

Residue effects of toxaphene were examined in a field-based study where wild lake trout and 
white sucker were injected with a single dose of toxaphene, and along with control fi sh, monitored 
for 5 years to assess effects on survival, growth and reproduction (Delorme et al. 1999). White 
sucker were more sensitive than lake trout to effects of toxaphene when spawning success, using 
the fi eld-deployed fish, was tested in the laboratory. Adult carcass concentrations of 0.859 mg/kg 
were associated with reduced fertilization, viability, and survival of embryo and sac fry 3 years 
after white sucker were injected with toxaphene. White sucker egg concentrations of 0.029 mg/kg 
experienced an 80% decrease in fertilization success. 

2.6.5.3.2 Invertebrates 
In the only study reporting toxaphene CBRs for invertebrates (Table 2.10), Schimmel et al. (1977c) 
reported a 20% decrease in survival associated with 0.54 mg/kg in the pink shrimp, F. duorarum, 
and a 25% decrease in survival at 2.7 mg/kg in the grass shrimp, P. pugio (full survival in the con
trol for both species). Growth decreased 34% in the Eastern oyster, C. virginica, but no signifi cant 
effect on survival was observed at a much higher whole-body CBR, 47 mg/kg. 

2.6.6 MIREX, LINDANE, AND TOXAPHENE DISCUSSION 

2.6.6.1 Fish 
Mirex is readily accumulated by fish but residue-effects data are insufficient to compare species 
sensitivity or lethal and sublethal effect concentrations. Mirex is not included in Table 2.6 because 
endpoints or tissues measured were too dissimilar to combine. The lowest whole-body CBR was 
0.82 mg/kg for young juvenile mullet associated with increased mortality after acute exposure (Lee 
et al. 1975). Statistically significant reduction in catfish survival was associated with 0.015 mg/kg 
muscle concentration (Hyde et al. 1974) and sheepshead minnow had gill alterations at whole-body 
residues from 0.35 to 0.94 mg/kg. 

The median lethal lindane CBR for four adult fish species was 10.8 mg/kg (Table 2.6). Pinfi sh 
were the most sensitive species (Figure 2.1). Altered behavior was also noted in adult fish with high 
residues. Early life stage sublethal effects were the most sensitive endpoints and were four orders of 
magnitude lower (0.055–0.1 mg/kg) than the highest LR50 adult residues. 

Toxaphene has sufficient data to summarize lethal and sublethal CBRs by life stage (Table 2.6). 
Data within each summarized group is limited to at most three species and therefore likely does 
not capture the full range of species sensitivities. The early life stages were twice as sensitive to 
the sublethal effects of toxaphene residues as adult fish. The reverse was true for mortality, as adult 
fish were more sensitive than juvenile fish. This observation may reflect the species used in the 
experiments: adult lethal studies included sensitive species such as pinfish and brook trout, early 
life stage studies included killifi sh and sheepshead minnow, species typically more tolerant to OH 
compounds (Figure 2.1). 

2.6.6.2 Invertebrates 
Five marine and estuarine crustacean species had similar sensitivity to the lethal effects of mirex, 
with lethal CBRs ranging from 0.02 to 0.27 mg/kg (Tagatz et al. 1975, 1976), while four species 
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of freshwater invertebrates were more tolerant, with lethal CBRs ranging from 1.06 to 10.4 mg/kg 
(Ludke et al. 1971, de la Cruz and Naqvi 1973). The relatively narrow range of lethal CBRs for mirex, 
lindane, and toxaphene established with the few existing studies (Table 2.10) suggest less across-
species variability for these compounds compared to that for other OH pesticides. Pink shrimp, the 
most sensitive species for most OH pesticides reviewed in this chapter, was similarly sensitive to the 
three compounds, while grass shrimp was more sensitive to mirex. Similar to CBRS reported for 
other OH compounds, the Eastern oyster appears to be more tolerant to other OH pesticides as well 
(Figure 2.2). The range of invertebrate lethal CBRs for mirex, lindane, and toxaphene is similar to 
the range associated with potent neurotoxic effects speculated for DDT. 

2.7 CONSIDERATIONS 

Interpretation of the OH tissue-residue literature has a number of considerations and complexities. 
Most of the studies were not designed to assess effects from residue concentrations. The differences 
with species and life stages tested, dosing techniques, dosing concentrations and intervals, and the 
variety of endpoints increases the difficulty in comparing and contrasting studies. Application of 
this data to field assessments also has a number of considerations. Single isomer or single chemical 
exposures rarely occur in field organisms, fish will contain variable amounts of the different OH 
compounds, their metabolites and isomers, along with other persistent compounds. Aquatic organ
isms living constantly in contaminated environments typically have life-time exposures. Fish used 
in laboratory experiments typically have short life spans, and other life-history characteristics such 
as short time to reproduction, increased frequency but decreased duration of reproduction, and other 
strategies that may contrast sharply with wild fish living in the field that live much longer, mature 
more slowly, and possibly stay reproductive for years. Laboratory studies may include effects to life-
stages that do not generally have tissue-residue measurement in the field such as fi sh eggs. Exposure 
through maternal transfer is an important pathway in the environment, but infrequently considered 
in laboratory studies. Therefore, applying data from laboratory exposures to concentrations mea
sured in the field has many challenges. These topics are explored further to help with interpretation 
of the residue data. 

2.7.1 MIXTURES 

One of the greatest challenges to the application of CBRs derived for DDT and other individual 
OH pesticides is how to interpret residues in field-collected organisms where their concentrations 
typically co-occur as mixtures. In addition, OH pesticides in the environment typically co-occur in 
tissues with other hydrophobic compounds such as PCBs and PBDEs. Fifty percent of the streams 
receiving agricultural or urban runoff had five or more pesticide compounds in fish tissue measured 
by the USGS NAWQA program (USGS 2008). 

Contaminants in a mixture can interact during uptake and excretion, during distribution and 
metabolism and during action at the receptor site. Interpreting the toxicological consequences of a 
mixture, its magnitude and nature (noninteraction and synergistic or antagonistic interaction) is an 
evolving science. The two most common models for noninteraction are dose addition and response 
addition (Borgert 2007). Response addition assumes that the compounds involved have independent 
mechanisms of action, in contrast to dose addition, which assumes that the compounds have dif
ferent potencies with similar mechanism of action. Response addition is typically assumed for risk 
assessments (Borgert 2007). 

The toxic unit (TU) approach calculates the mixture toxicity according to the degree of toxicity 
for each individual compound. Typically, aqueous mixture TUs are calculated as each compound’s 
aqueous concentration divided by its LC50 and summed. When the sum is >1 the TU mixture would 
predict mortality, or the effect endpoint under consideration. This method assumes response add
ition, or that the joint toxicity is represented by addition of the individual toxicities. 
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The use of the TU approach to predict the toxicity of mixtures of DDT, DDD, and DDE in the 
tissues was validated using freshwater amphipods (Lotufo et al. 2001b). Because substantial dif
ferences in lethal body residues occur among those compounds, predicting mortality for a mixture 
using the toxicity data for a single compound (e.g., DDT) could under- or over-predict mortality. 
The use of the TU approach assumes that CBRs are independent of the exposure route and that 
the effects of DDT, DDD, and DDE on survival are additive. Fifty percent mortality was associ
ated with sum TUs of 1.1 for H. azteca and 0.53 for Diporeia spp., close to the expected value of 1, 
demonstrating that the assumption of additive effects holds true. 

von Westernhagen et al. (1989) used a contamination factor (CF) to scale the relative toxicities 
of different organochlorine compounds measured in fi eld-collected fish in the mixture, similar to 
a TU approach. The CFs were developed based on aqueous 96 h LC50 toxicity data and their ratio 
to PCBs. They scaled each contaminant’s LC50 to PCBs because all fish contained PCBs. Residue 
concentrations for each contaminant were multiplied by its CF and then all the concentrations were 
summed for each sample. Their CF for endrin was highest and next was α-endosulfan and endosul
fan sulfate. Lindane toxicity was lowest of the chlorinated hydrocarbons and closest to PCBs. 

Koenig (1977) measured the combined effects of mirex and DDT to the estuarine cyprinodont, 
Adinia xenica. Adult female fish were exposed to either p,p′-DDT or mirex separately, or combined 
at different ratios in diet for 9 d. Mortality of embryo and larval offspring was followed. Embryo 
concentrations of mirex up to 27.9 mg/kg were not associated with increased mortality. An aver
age p,p′-DDT embryo concentration of 8.6 mg/kg had 22% mortality. Embryos exposed to both 
compounds had 47% mortality with average DDT residue of 8.4 and 2.82 mg/kg mirex. Koenig 
(1977) estimated that the toxicity of DDT and mirex was more than additive. Another study using 
mixtures observed that effects in red-eared slider turtle were more than additive when low doses of 
trans-nonachlor, chlordane and p,p′-DDE were combined (Willingham 2004). A mixture of estro
genic compounds (o,p′ DDT, nonylphenol, octylphenol, arochlor 1221, and bisphenol A) resulted in 
a higher response (increased vitellogenin synthesis) in male rainbow trout cultured hepatocytes than 
any of the compounds alone (Sumpter and Jobling 1995). 

Monod (1985) measured DDT and PCB concentrations in eggs in Lake Geneva char. PCB and 
DDT concentrations in eggs were significantly correlated with each other and lipid-normalized con
centrations of both were correlated with egg mortality in laboratory rearings. Most DDT  measured 
was DDE, and median concentrations of 20 mg/kg lw DDT and 44.5 mg/kg lw PBCs in eggs corre
lated with greater than 50% mortality. 

Models used to deal with aqueous mixture toxicity may also provide useful concepts for other 
potential approaches to address residue mixture toxicity (Belden et al. 2007). A more complete dis
cussion about mixture considerations for the tissue-residue approach is available in the discussion 
in Meador (2006). 

2.7.2 RESISTANCE/PRE-EXPOSURE 

Resistance, that is, the ability to survive or be less affected by exposure to concentrations that 
were toxic to naive or earlier generations, has been observed for many invertebrate and fi sh spe
cies exposed to OH pesticides. The development of resistance may be due either to an organism’s 
ability to physiologically acclimate or to genetically adapt. In either case, organisms that develop 
resistance through short- or long-term processes may respond differently to chemical exposure than 
naive organisms. For neuroactive OH compounds that target sodium and chloride channels, slight 
substitutions at the target site can confer resistance to other compounds in the same chemical class, 
resulting in what is known as cross-resistance (Casida and Quistad 1998). 

Resistant fish tolerated aqueous concentrations of toxaphene, aldrin, dieldrin, and endrin that 
were 36–70 times higher than fi sh that had not been pre-exposed (Ferguson et al. 1964). Mosquito 
fish became resistant to insecticides used and the 300-fold resistance to aqueous concentrations per
sisted for several generations of fish maintained in pesticide-free water (Boyd and Ferguson 1964). 
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Resistance in mosquito fish pre-exposed to endrin appeared to be related to slower uptake in brain 
tissues where endrin residues were about half the brain endrin concentration in mosquito fi sh not 
resistant to endrin toxicity (Fabacher and Chambers 1976). 

Development of resistance has a number of implications. Laboratory studies often employ  species 
with short life spans that have a higher likelihood to develop resistance. OH compounds are present 
in almost all environments and habitats, whether lab-reared, or field-collected, and some of the 
studies reviewed for this chapter report elevated OH concentrations in control organisms, indicating 
pre-exposure. The influence on residue-effect studies is unknown. The potential effect of cross-
resistance to other compounds is also unknown. Results from OH studies using fi eld-collected or 
laboratory-reared organisms may be biased by this pre-exposure. Especially for the older literature 
reviewed in this chapter, results potentially biased by use of resistant organisms cannot be identi
fied or evaluated. Most researchers have reported an increased ability to withstand exposure which 
would indicate that tissue residues that used resistant organisms could be biased high. Although 
recent aqueous toxicity studies continue to report effects resulting from pre-exposure (Brausch and 
Smith 2009), environmental OH concentrations in the United States have been declining during the 
past decades so the bias resulting from resistance may be more pronounced in older studies. 

2.7.3 LIFE STAGE/TISSUE TYPE 

Most of the OH pesticides reviewed here had the lowest effect residues in the egg/embryo and fry 
stages of fish. These life stages are infrequently measured as part of assessment or monitoring  
programs. The reproductive cycle in fish may exert important control over organochlorine con
centrations in these early and sensitive life stages, and these life stages may provide the best tool 
for evaluating tissue-residue effects to fish. Several researchers have reported on the transfer of 
hydrophobic contaminants and noted a relationship between concentration in fish eggs and mater
nal tissues. A variety of fish species have been shown to have a correlation between organochlorine 
concentrations in eggs and muscle (Miller 1993, Miller and Amrhein 1995, Fisk and Johnston 1998) 
and also between liver and oocytes (Serrano et al. 2008). Macek (1968) noted that DDT concentra
tions in fry were related to the maternal dose. When egg residues are not available for comparison 
to laboratory studies the following information may provide some guidance on how to assess effects 
to early life stage when adult tissue has been measured. 

Niimi (1983) noted that the percentage of maternal organic contaminants transferred to eggs 
ranged from about 5% to 30% and that the percentage of lipid in the fish and the percent of that total 
lipid in the egg signifi cantly infl uenced contaminant transfer in the five species examined. Russell 
et al. (1999) reported that the ratio of lipid-normalized organochlorines egg concentrations to lipid-
normalized muscle concentrations was approximately one in a variety of fish, with 95% of all the 
measured ratios within a factor of 2 of the mean ratio (0.56–2.51). Metcalfe et al. (2000) found that 
the lipid-normalized o,p′-DDT concentration in the eggs and the lipid-normalized adult concentra
tion were nearly the same. Serano et al. (2008) found that less than half the contaminant concentra
tion in the liver of sea bream was measured in oocytes. 

Residues measured in fish whole body or muscle may be converted to an egg concentration if 
enough data are collected to make a conversion. Lipid concentration in adult and early life stage 
tissue is needed to use the relationship explored by Russell et al. (1999). 

Burdick et al. (1964) concluded that there was a relationship between maternal and egg DDT 
concentrations, however, variability in this relationship could be explained by a maternal diet com
ponent. Female fish could continue to take up DDT after egg deposition and thereby have a different 
relationship to the egg concentration than when the oils in the eggs were deposited. 

In addition to diet, gender, age, and breeding strategy, influence the uptake, disposition, and 
elimination of organochlorine compounds. Male pike had significantly higher organochlorine con
centrations than the females (Larrson et al. 1993). While oogenesis results in contaminant movement 
into the ovaries, spawning can result in contaminant loss. Miller (1994) estimated that spawning 
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eliminated about 28–39% of the p,p′-DDE concentration in Lake Michigan Chinook salmon. 
A negative correlation between age and organochlorine concentration in female pike was explained 
by the yearly loss of contaminant via deposition of roe (Larsson et al. 1993). For invertebrates, 
female midges lost 11.6–30.9% of their DDE burden during egg deposition (Derr and Zabik 1972). 
Therefore, the seasonal reproductive cycle should be a factor considered when sampling tissues for 
OH compounds. 

Summary 

OH pesticides remain important global contaminants due to extreme persistence in environmen
tal media, continued use in some countries, and ability to accumulate in tissues of biota. Their 
widespread occurrence in biota, especially for the hydrophic OH compounds, and their ability to 
biomagnify, highlights the need for understanding the significance of residue concentrations. 

Key processes affecting residue concentrations are elimination rates and biotransformation 
of parent compounds. DDT and transformation products have slow elimination rates and long 
time-frames for achieving steady-state concentrations. For some compounds, metabolites may 
have  different toxicities than parent compounds. For instance, the toxicity of DDE to amphi
pods was much lower than the parent DDT compound, and biotransformation protected against 
mortality. 

For fish, CBR data for OH compounds are supported by a number of studies for DDT, endrin, 
heptachlor, heptachlor epoxide, and toxaphene (Table 2.6). However, dieldrin and chlordane, 
which are very persistent in fish tissue, have few studies for discerning residue-toxicity relation
ships. The same is true for mirex and lindane. More studies are needed to understand the signif
icance of these compounds in fi sh tissue. 

For invertebrates, tissue residue-effect data for OH compounds are supported by a num
ber of studies for p,p′-DDT, endrin, and mirex (Table 2.7). Data for chlordane, lindane, toxa
phene, heptachlor, and endosulfan are too few to determine residue-toxicity relationships in 
invertebrates. 

Even for OH compounds with multiple studies, data for sublethal effects, long-term expo
sures, or effects to early life stages are often limited for both fish and invertebrates. Although 
residue-toxicity relationships have been reported for sublethal effects for some OH compounds, 
data are generally too few to allow comparison of the same sublethal endpoint for a single com
pound across different species. 

For similar endpoints, species-sensitivity differences sometimes accounted for a one to two 
order of magnitude difference in CBRs for both fish and invertebrate species (Figures 2.1 and 
2.2). Species tended to have similar sensitivity across the different groups of pesticides, but sub
stantial differences in sensitivity among species were observed for most OH pesticides. For fi sh, 
sheepshead minnow, fathead minnow, and killifish were less sensitive than bass, spot, pinfi sh, 
and bluegill. For invertebrates, pink and grass shrimp were the most sensitive species. 

Life stage exposed was an important factor influencing CBRs. The lowest CBRs were reported 
for egg and embryo life stages in fish, and early development in invertebrates. Sublethal end
points for early life stages were typically associated with the lowest CBRs. 

Comparison between fish and invertebrate CBRs for DDT and endrin are possible with the 
available datasets (Figures 2.3 and 2.4). DDT lethal residues in fish are within the range of 
lethal residues for invertebrates with only a slightly narrower range compared to invertebrates 
(Figure 2.3). In addition, the median lethal p,p′-DDT concentrations are about the same for fi sh 
and invertebrates (Tables 2.6 and 2.7). The median lethal residues for fish and invertebrates can 
be compared for the p,p′-DDT form since the ∑DDT fish data came primarily from exposure to 
the p,p′-DDT form (Beckvar et al. 2005). 
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FIGURE 2.3 DDT cumulative distribution function (CDF) for fish and invertebrate lethal CBRs. Solid trian
gles represent fish species, solid squares invertebrate species. Data for fish from mortality endpoints (35–85% 
mortality) from adult fish reported in Beckvar et al. (2005). Invertebrate data are mostly LR50 endpoints. Data 
primarily for p,p′-DDT. 

FIGURE 2.4 Endrin cumulative distribution function (CDF) for fish and invertebrate lethal CBRs. Solid 
triangles represent fish species (data reported in text; 20–100% mortality), solid squares invertebrate species 
(Table 2.8; 20–90% mortality). 

DDT metabolites differed in toxicity for invertebrates. p,p′-DDT was clearly more toxic than 
p,p-DDE, and the two metabolites should be considered separately when metabolite data are 
available. For fish, lethal residue-effect studies are very limited for the DDE form, so comparing 
toxicity between metabolites is hampered. CBR for mortality from o,p′-DDE tissue residues in 
medaka eggs (0.5 mg/kg) from one study was comparable to the value derived for fish ELS mor
tality (0.7 mg/kg) from studies primarily based on p,p′-DDT and mortality endpoints (Beckvar 
et al. 2005). In adult fi sh, p,p-DDE residues (0.4–0.6) were associated with reduced sex-steroid 
production at concentrations close to the tissue-residue concentration of 0.6 mg/kg derived from 
mortality studies, primarily the p,p′-DDT form, in Beckvar et al. (2005). Sublethal effects from 
DDE residues in fish may be within the effects range for DDT, but more data are needed to 
adequately assess that comparison. 
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For DDT sublethal effects in fish, the median sublethal residue-effect for o,p′-DDT in fi sh 
eggs was 0.07 mg/kg which is an order of magnitude lower than the threshold no-effect residue 
concentration of 0.7 mg/kg derived for fish ELS mortality in Beckvar et al. (2005). More stud
ies reporting sublethal effects for this life stage are needed to develop a protective and robust 
CBR. 

DDT sublethal effects reported for invertebrates were limited. For sensitive invertebrate spe
cies, strong neurotoxicity appeared to be the primary cause of mortality. Loss of swimming 
ability or immobilization occurred for both tolerant and sensitive species. Decreased feeding 
was observed in polychaete species tolerant to the lethal effects of DDT. DDE caused repro
ductive impacts in midges (0.8 mg/kg), suggesting a potential effect from endocrine disruption. 
This contrasts with data for other invertebrates which reported no reproductive effects from 
exposure to the DDT metabolite. 

For endrin, variability in fish lethal CBRs is much lower than for invertebrates (Figure 2.4). 
Mortality of fish at relatively low endrin residues and low variability (range of 0.2–1.7 mg/kg for 
all but one species) is consistent with toxicity acting via a specific mode of action. Neurotoxic 
effects in fish may occur through inhibition of the neurotransmitter gamma-aminobutyric 
acid (GABA) similar to the mechanism in higher vertebrates. In contrast, invertebrate CBRs 
for endrin were variable, indicating they may experience toxicity through multiple modes of 
action. Crustaceans, more sensitive (0.025–0.61 mg/kg CBR range) than either bivalves or oli
gochaetes, had CBRs similar to fish, suggesting that toxicity in crustaceans may also act via 
a specific mechanism. Feeding reduction in oligochaete occurred at residues similar to lethal 
endrin CBRs in sensitive invertebrate species. This behavioral alteration may have been caused 
by a single specific mechanism, such as inhibition of GABA receptor function. Mortality at  
elevated CBRs in oligochaetes is consistent with baseline toxicity. The combination of rapid 
metabolism of endrin by fish and sensitivity to neurotoxicity may explain reduced CBR vari
ability in fish compared to invertebrate species. 

Limited and inconsistent data preclude robust CBR comparisons between fish and inverte
brates for other OH pesticides. However some general observations can be made. Invertebrate 
lethal CBRs for dieldrin span 2 orders of magnitude (0.08–2.1 mg/kg) and were lower overall 
than for fish (0.2–5.9 mg/kg). Endosulfan residue effect data were low for both fi sh (0.03– 
0.36 mg/kg) and invertebrates (<0.01–0.21 mg/kg) in the results reported from a single study 
(Tables 2.6 and 2.7). 

Chlordane CBRs also span a similar range in both fish (0.7–16.6 mg/kg) and invertebrates 
(0.7–4.8 mg/kg) for the few species investigated. Heptachlor and the metabolite heptachlor 
epoxide CBRs span a similar range in fish (0.3–34 mg/kg and 0.2–11 mg/kg, respectively) but 
the metabolite heptachlor epoxide is more potent than the parent compound. Invertebrate CBRs 
for heptachlor (0.07–3.5 g/kg) were an order of magnitude lower than CBRs for fish, so inverte
brates appear more sensitive. 

Fish appear to be less sensitive to the lethal effects of mirex than invertebrates, but fi sh data 
are limited and variable. Several studies report no fish mortality from exposure to mirex (van 
Valin et al. 1968, Tagatz et al. 1975, 1976, Buckler et al. 1981), but increased mortality was 
observed in catfish at 0.015 mg/kg muscle (Hyde et al. 1974) and in young juvenile striped 
bass at 0.82 mg/kg (Lee et al. 1975). Invertebrate lethal CBRs for mirex span 2 orders of mag
nitude (0.03–10.0 mg/kg) with a median lethal residue <0.5 mg/kg. Various crab and shrimp 
species were very sensitive to the lethal effects of mirex with lethal CBRs for blue crab as low 
as 0.02 mg/kg. 

The lowest invertebrate CBR for lindane (0.033 mg/kg), derived for a sensitive species (pink 
shrimp) and mortality, is comparable to the lowest fish CBR (0.055 mg/kg) for a sensitive fi sh 
species (rainbow trout), life stage (fry), and sublethal endpoint (behavior). The highest fi sh 
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lindane CBR, an LR50 (79 mg/kg) for insensitive sheepshead minnow was much higher than 
the highest invertebrate CBR for grass shrimp (5.2 mg/kg), typically a sensitive species. 

Toxaphene studies for invertebrates were very limited compared to data available for fi sh. 
The range of toxaphene lethal CBRs were narrower in invertebrates (0.54–2.7 mg/kg) com
pared to adult fish (1.9–6.1 mg/kg) and compared to the range for sublethal effects in adult fi sh 
(0.4–5.9 mg/kg). The reason for the apparent reduced toxaphene sensitivity of juvenile com
pared to adult fish is not known. 

While some species are sensitive to the specific mode of action of OH pesticides (e.g., interfer
ence with sodium and potassium ion permeability in axons, endocrine disruption), others (some 
invertebrates) are affected mostly by the baseline toxicity effect of those compounds. DDT’s  
potency as an endocrine disruptor for invoking complete sex-reversal is weak compared to natu
ral estrogens and would likely require higher residues than typically measured in fi eld-collected 
fish. DDTs potency for endocrine disruption for other effect endpoints such as reduced repro
duction and immune system and behavior alterations is within the range of environmental tissue 
concentrations. If combined with other endocrine-active compounds, DDT may act additively or 
synergistically to cause effects. Investigations on mode of action of these compounds using bio
chemical tools such as gene expression quantification (toxicogenomics) are warranted. 

Other important considerations for OH pesticide residues include laboratory to fi eld extrap
olation and methods for assessing mixture effects. The use of a TU approach is recommended 
for DDT compounds in invertebrates. Sublethal toxicity to early life stages through maternal 
transfer, especially for fish species, should also be considered. 

The OH pesticide residue data overall capture a range of species sensitivities and lethal and 
sublethal effects. Some species were consistently more or less sensitive to OH compounds. For 
example, within the invertebrate species represented, growth in oysters was typically the least 
sensitive endpoint and species. Pink and grass shrimp tended to be the most sensitive species 
for the invertebrates. For fish, sheepshead minnow tended to be one of the least sensitive spe
cies. Data for specifi c compounds often do not have enough species and endpoints represented 
to fully capture the range of species-sensitivity differences and endpoint differences. If sensitive 
species or effect endpoints are not represented in a specific OH data set, CBRs developed from 
that dataset may not be protective of aquatic receptors. 
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3.1 INTRODUCTION 

Polychlorinated dibenzo-p-dioxins (PCDDs) and polychlorinated dibenzofurans (PCDFs; collec
tively referred to as dioxins) and polychlorinated biphenyls (PCBs) are members of a superfamily 
of compounds classifi ed as polyhalogenated persistent organic pollutants (POPs). Polybrominated 
diphenyl ethers (PBDEs) are included along with dioxins and PCBs in a closely related group of  
contaminants identifi ed in the Stockholm Convention as persistent, bioaccumulative, and toxic 
(PBT) substances (Davies 1999). Although not identified formally as a POP, the behavior of PBDEs 
in the environment fulfills the screening criteria in Annex D of the Stockholm Convention. POPs 
and PBT contaminants are generally acknowledged as long-lasting substances that can accumulate 
in fish, reaching levels that have the potential to affect the health of people and wildlife. 
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Dioxins, PCBs, and PBDEs share some—but not all—environmental fate and ecotoxicologi
cal properties. Their half-lives are on the order of 1–20 years or more, depending on the degree of 
chlorination or bromination (IUPAC 1989, Ritter et al. 1995). Their shared chemical characteristics 
predispose these substances to long environmental persistence and facilitate long-range transport to 
and accumulation in the polar region, often far removed from any source of use. Dioxins, PCBs, and 
PBDEs resist degradation and sorb tightly to organic matter in the aquatic environment. They are 
lipophilic, bioaccumulative, and have been shown to transfer from lower to higher trophic levels in 
aquatic food chains, thereby aiding their distribution throughout the environment. In general, dioxin 
levels occur at approximately 1–2 orders of magnitude lower in the environment than PCBs and 
PBDEs. Typically, environmental levels of PBDE are lower than that of PCBs. However, there are 
occasions where environmental samples contain PBDEs at levels 1–2 orders of magnitude higher 
than PCBs. 

This chapter summarizes current knowledge on tissue residues and ecotoxicological effects typi
cally observed in aquatic organisms exposed to dioxins, PCBs, and PBDEs. The chapter is orga
nized into seven sections. The second section summarizes the physical and chemical properties of 
these compounds that are important to understanding environmental fate, bioaccumulation, distri
bution in the environment, and the significance of tissue residues in aquatic organisms. The third 
section summarizes what is currently understood about the environmental fate of these compounds, 
with an emphasis on factors that influence exposure and toxicity. The fourth section includes an 
overview of toxic equivalency factors (TEFs) assigned to different dioxins and certain dioxin-like 
PCBs used to evaluate the significance of environmental exposures, and a discussion of recent TEF 
schemes proposed to aid PBDE risk assessment. The fifth section summarizes available monitoring 
data describing tissue levels in various aquatic species, and comments on emerging trends in fi sh 
body burdens reported in different parts of the world. The sixth section reviews what is suspected or 
known about predominant acute and chronic ecotoxicological effects in different aquatic taxonomic 
groups. The final section is a summary of current gaps in knowledge about environmental fate, lev
els in aquatic organisms, and ecotoxicological effects. 

3.2 CHARACTERISTICS OF DIOXINS, PCBs, AND PBDEs 

3.2.1 DIOXINS 

Dioxins are known to occur naturally from the incomplete combustion of organic material such as 
during forest fires or volcanic activity and are also produced by human activities. Dioxins are unin
tentional by-products of industrial, municipal, and domestic incineration, uncontrolled burning and 
certain industrial processes often used in incinerators, metal smelters, cement kilns, the manufac
ture of chlorinated organics, and coal-burning power plants (U.S. EPA 2005). Dioxins occur most 
notably as a contaminant in the manufacturing process of certain chlorinated organic chemicals 
such as some commercial herbicides and chlorinated phenols. The most widely studied sources of 
dioxins are the manufacture of 2,4-dichlorophenol (2,4-D) and 2,4,5-trichlorophenol (2,4,5-TCP), 
the manufacturing of the microbicide hexachlorphene, and the chlorine bleaching of wood pulp. 
2,4,5-TCP was used to produce hexachlorophene and the herbicide, 2,4,5-trichlorophenoxyacetic 
acid (2,4,5-T). The manufacturing process for 2,4,5-T and related chlorinated herbicides typically 
results in contamination with trace amounts of 2,3,7,8-tetrachlorodibenzo-p-dioxin (2,3,7,8-TCDD). 
Several other manufacturing processes such as those involved in the manufacture of pentachloro
phenol, chlorobenzenes, chlorobiphenyls, and polyvinyl chloride also are known to contain trace 
levels of dioxins and furans. Owing to improvements in production chemistry, manufacturing pro
cesses and chemical products contaminated with dioxins have been greatly reduced over the past 
two decades. 

Dioxin is also produced by nonindustrial sources such as residential wood burning, backyard 
burning of household trash, oil heating, and emissions from automobiles using leaded or unleaded 
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gasoline, and diesel fuel (U.S. EPA 2005). Burning of many materials that may contain chlorine, 
such as plastics, wood treated with PCP, pesticide-treated wastes, other polychlorinated chemicals, 
and even bleached paper are known or suspected to generate dioxins. Although emissions from 
these sources can vary greatly depending on practices and the technology, all of these sources are 
now considered by the U.S. Environmental Protection Agency (U.S. EPA) to represent the largest 
combined source of dioxins in the U.S. environment (U.S. EPA 2006a). 

Strictly defined, dioxins are a class of halogenated aryl hydrocarbon compounds consisting of eight 
homologue groups encompassing 75 PCDD (dioxin) and 135 PCDF (furan) chemicals, each typically 
referred to as a dioxin or furan congener. The PCDD molecule consists of two phenyl rings joined by 
two oxygen bridges. The PCDF molecule comprises two phenyl rings joined by one oxygen bridge and 
one single bond (Figure 3.1). The degree of chlorination and the pattern of chlorine substitution on the 
two phenyl rings affect the stereochemistry of the congener, and are responsible for intercongener dif
ferences in environmental behavior and toxicity. The 17 dioxin and furan compounds substituted only 
at the 2,3,7, or 8-positions are widely regarded as the most toxic to humans and biota. 

Increasingly, the term “dioxin-like” is used to describe compounds that share structural and bio
chemical similarities to PCDDs and PCDFs and share a common mode of action whereby they exert 
similar affects in humans and biota. At present, the term is most often used to describe 4 nonortho 
and 8 mono-ortho substituted PCBs (Figure 3.1). Including the coplanar PCBs, there are 29 dioxin-
like compounds (17 dioxin and furan congeners plus 12 PCB congeners) that are often referred 
to simply as “dioxins.” Table 3.1 provides information on the physical and chemical properties of 
dioxins and dioxin-like compounds. 

3.2.2 PCBS 

PCBs were introduced in the United States in 1929 and banned by the U.S. EPA nearly 50 years 
later due to concerns about toxicity to wildlife and human carcinogenicity. Unlike the dioxins, PCBs 
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FIGURE 3.1 Polychlorinated dibenzo-p-dioxins (dioxins), polychlorinated dibenzofurans (furans), poly
chlorinated biphenyls (PCBs) and Polybrominated Diphenyl Ethers (PBDEs) with “dioxin-like” toxicity. 



 

 
 
 

 

 
 

 

TABLE 3.1 
 Important Physical and Chemical Properties of Polychlorinated Dibenzo-p-Dioxins 

 (PCDDs), Dibenzofurans (PCDFs), Biphenyls (PCBs), and Polybrominated  Diphenyl Ethers 
(PBDEs) 

Property PCDDa PCDFa PCBb PBDE 

Octanol/water partition Between 6 and 12 Between 6 and 10 Between 4.5 and 8.5 6.57d (pentaBDE) 
Coeffi cient (log Kow) for the 75 for the 135 for the 209 congeners 8.35–8.90e (octaBDE) 

congeners congeners 9.97e (decaBDE) 

Vapor pressure (mmHg)  Between 1.5 × 10−9 9.21 × 10−7 Between 7.7 × 10−5 and 4.7 × 10−5f (pentaBDE) 
and 3.4 × 10−5 for 4.1 × 10−3 for the 209 Between 1.6 × 10−6 and  
the 75 congeners congeners 4.7 × 10−7 for the  

hexa- and hepta-BDEs 
2.95 × 10−9h (decaBDE) 

Water solubility (µg/L) 0.019 0.692 Between 2.7 and 590 for 13.3i (pentaBDE) 
the 209 congeners 0.5j (octaBDE) 

<0.1j (decaBDE) 

Henry’s law constant  Between 1.6 × 10−5 1.48 × 10−5 Between 5.2 × 10−4 and 11k (pentaBDE) 
(atm m3/mol) and 1.0 × 10−4 for 2.0 × 10−3 for the 209 10.6l (octaBDE) 

the 75 congeners congeners >44m (decaBDE) 

BAF or BCF 130,000 61,000 0.2–101,000c 220,000–1,400,000n 
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Sources: 
a U.S. EPA (2002). 
b WHO/IPCS (1993) for selected Aroclors; water solubility, vapor pressure, and Henry’s law measured at 25°C. 
c PCB BCF range includes values for fish, crustaceans and mollusks. Values obtained from ECOTOX (U.S. EPA 2009a). 
d MacGregor and Nixon (1997). 
e Watanabe and Tatsukawa (1990). 
f Stenzel and Nixon (1997). 
g Tittlemier et al. (2002). 
h Estimated value by Wania and Dugani (2003). 
i Stenzel and Markley (1997). 
j CMABFRIP (1997). 
k European Communities (2001). 
l European Communities (2003). 
m European Communities (2002). 
n Gustafsson et al. (1999). 

were manufactured purposely because of their resistance to high temperatures, and widely used 
in fire prevention, insulation materials, and the manufacture of transformers, capacitors, electro
magnets, circuit breakers, voltage regulators, and switches. Fluids containing PCBs were used in 
hydraulic systems, and as plasticizers and additives in lubricating and cutting oils. As the number of 
chlorines in a PCB mixture increases, the flash point rises and the mixture becomes less combus
tible (more stable) and, therefore, more highly favored in a wide range of heat-resistant and lubricat
ing uses (Erickson 1997). 

PCBs are a class of compounds consisting of 10 homologue groups encompassing 209  individual 
chlorinated congeners, including the 12 dioxin-like congeners (Erickson 1997, Van den Berg et al. 
2006). The PCB molecule consists of two phenyl rings joined by a single bond (Figure 3.1). The indi
vidual PCB congeners differ in the number and position of the chlorine atoms on each ring. The toxic
ity of PCBs is typically determined by the mixture of homologue groups and, more specifi cally, the 
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chlorination pattern of the biphenyl structure. Congeners with chlorines in both para positions (4 and 4′) 
and at least 2 chlorines at the meta positions (3, 5, 3′, 5′) on the biphenyl structure are considered “dioxin 
like” (Van den Berg et al. 2006). When there is just 1 or no substitution in the ortho position, the atoms 
of the congener are able to line up in a single plane (sometimes referred to as coplanar). The planar or 
“fl at” configuration is regarded as the most potent configuration. Table 3.1 provides information on the 
physical and chemical properties of PCBs. 

3.2.3 PBDES 

PBDEs are included in the class of manufactured chemicals referred to as brominated fl ame retar
dants (BFRs). On the basis of their use in the chemical industry, BFRs are classified as either reac
tive or additive. Reactive BFRs such as the tetrabromobisphenol A (TBBPA) are covalently bound 
into a polymer matrix. Additive BFRs are dissolved in the matrix and weakly associated with the 
polymer. The additive BFRs such as the PBDEs, polybrominated biphenyls (PBBs), and hexabro
mocyclododecane (HBCD) are more likely to be released into the environment more readily than 
reactive BFRs (Alaee and Wenning 2002, de Wit 2002). 

Until regulatory-mandated and voluntary phase-out by industry began in about 2004, three tech
nical formulations containing different mixtures of PBDE congeners were used by the industry: 
pentabromodiphenyl ether (Penta-PBDE), octabromodiphenyl ether (Octa-PBDE), and decabromo
diphenyl ether (Deca-PBDE). Penta-PBDE was mostly used in polyurethane foams and Octa-PBDE 
was mainly used in rigid plastics such as ABS and high-impact polystyrene. The Deca-PBDE for
mulation was used in a wide range of polymers including textiles, resins, and rigid plastics (Alaee 
and Wenning 2002, de Wit 2002). 

The PBDE molecule is structurally similar to PCBs. In addition to the bromine substitution, 
the major difference between PBDEs and PCBs is the presence of an ether group linking the two 
phenyl rings (Figure 3.1). Table 3.1 provides information on the physical and chemical properties of 
PBDEs. Although there are 209 possible congeners, analyses of congeners present in commercial 
PBDEs, organisms, including humans, and environmental matrices reveal a much smaller number 
of congeners tend to be found in the environment (U.S. EPA 2006b). PBDEs are numbered accord
ing to the same IUPAC system used for numbering PCBs. 

3.3 ENVIRONMENTAL FATE AND EXPOSURE 

A brief overview of the important chemical properties influencing the environmental fate of these 
compounds and the levels found in the aquatic environment is provided here. In general, dioxin, 
PCB, and PBDE congeners vary widely in their physical and chemical properties because of their 
differing degrees and patterns of chlorination or bromination. Although there is general agreement 
on the overall trends and relative magnitude of different properties, it is not uncommon to fi nd dis
agreement among published literature values. Detailed reviews of the environmental fate of dioxins, 
PCBs, and PBDEs are available elsewhere (Rahman et al. 2001, de Wit 2002, Voorspoels et al. 
2003, Wang et al. 2007, Beyer and Biziuk 2009). 

3.3.1 ATMOSPHERIC FATE CONSIDERATIONS 

Volatility (as measured by vapor pressure) affects environmental fate in two ways: by controlling 
the rate of partitioning between the vapor and the particle phases, and by controlling, together with 
water solubility (expressed as Henry’s law constant), the rate of partitioning between the vapor 
phase in the atmosphere and the dissolved phase in water. Dioxins and PCBs have a wide range of 
volatilities according to the degree of chlorination. In general, the higher chlorinated congeners are 
less volatile than the lower chlorinated congeners (Davies 1999). PBDEs have low vapor pressures, 
generally lower than dioxins and PCBs. Experimentally determined vapor pressures for several 
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BDE congeners were found to be lower than for comparably chlorinated PCBs, and decreased with 
increasing number of bromines (Tittelmier and Tomy 2000). Halogen substitution pattern infl uences 
vapor pressure such that congeners with bromine substitution in the ortho positions to the ether bond 
tend to have higher vapor pressures (Wong et al. 2001). 

Several fate and transport studies have demonstrated that the most important pathway for 
removal of these compounds from the atmosphere, and the main route through which these com
pounds enter the aquatic environment, is by gravitational settling and washout in rain (Raff and 
Hites 2007). Dioxins and PCBs attached to particulate matter will tend to settle out under gravity, 
with larger, coarser particles deposited more rapidly and closer to emission sources than smaller 
particles (Raff and Hites 2007). Bound to fine particulate and in gaseous form, these compounds 
are more prone to long-range atmospheric transport. These particles will tend to be deposited by 
rain and snow, although they may have traveled far from the emissions source before they are even
tually removed. For PBDEs, however, experiments by Hale et al. (2002) suggest that fragments 
from the disintegration of polyurethane foam may be a mechanism by which PBDEs diffuse into 
the atmosphere. 

3.3.2 AQUATIC FATE CONSIDERATIONS 

Dioxins, PCBs, and PBDEs are generally ubiquitous in the aquatic environment, particularly in sedi
ments, and are transported to and recycled within aquatic systems. These compounds enter aquatic 
environments from wet and dry deposition, river inflows, groundwater flow, and direct and indirect 
discharges from industrial facilities. Dry and wet deposition may be the most important sources to 
water bodies such as lakes and seas with large surface areas. Long-term or temporary sequestration 
in aquatic systems can occur when bound to particles that settle as sediment, or volatilized across 
the air–water interface, or by chemical and biological transformations. The latter two processes are 
possible, but generally considered less significant than sedimentation; studies on transformation and 
decomposition of dioxins, PCBs, and PBDEs have not resolved the signifi cance of these processes 
in the environment (Rahman et al. 2001, Hardy 2002). 

Dioxins, PCBs, and PBDEs are highly lipophilic and hydrophobic compounds; these compounds 
are nearly insoluble in water and generally have low Henry’s Law constant (H) values. The hydro
phobicity of these compounds can be ascertained from their octanol-water partition coeffi cients 
(Kow), which provides insight on the relationship between bioconcentration/bioaccumulation and 
toxicity. Dioxins are super-hydrophobic because experimentally determined log Kows are typically 
greater than 6 and as high as 12 (Gobas et al. 1989, Table 3.1). The log Kows of PCBs also are 
typically greater than 5, ranging from approximately 4.5 to 8.5 (Hawker and Connell 1988). The 
log Kows of PBDEs are in the range of 5.9–6.2 for tetraBDEs, 6.5–7.0 for pentaBDEs, 8.4–8.9 for 
octaBDEs, and 10 for decaBDE (Watanabe and Tatsukawa 1990, MacGregor and Nixon 1997). As 
a consequence of low vapor pressure, low water solubility, and high log Kow values, dioxins, PCBs, 
and PBDEs entering the aquatic environment have a high affinity for the organic fraction of sus
pended particulate matter and sediments. 

In general, dioxins and PBDEs partition weakly, more so than PCBs, between particulate and 
dissolved phases but generally remain bound to particulates when deposited or resuspended in the 
water column (Cetin and Odabasi 2009, Kitamura et al. 2009). The range of water-particle distri
bution coeffi cients (Kd), which represents the ratio of the concentration of a chemical in the par
ticulate phase to its concentration in the dissolved phase is relatively low for dioxins in comparison 
to PCBs and PBDEs. The Kd value for the representative dioxin congener—2,3,7,8-TCDD—is 
2.5E + 05. For PCBs and PBDEs, Kd values generally range by as much as six orders of magnitude 
(Hornbuckle et al. 2006); although for PBDEs, much of what is known is inferred from structure– 
activity relationships and comparisons to PCBs (Hardy 2002, Zeng et al. 2005). Regardless, the 
dioxins, PCBs, and PBDEs associate strongly with organic matter; hence, the degradation and 
mobility of organic carbon in sediment and, possibly, the influence of combustion-derived black 
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carbon are significant factors contributing to their mobility in the aquatic environment (Lohmann 
et al. 2005). Suspended sediment in surface waters may be incorporated into the sediment bed and 
recycled at or near the sediment-water interface. Unless conditions occur where resuspension and 
bottom currents are not strong enough to cause further transport, sediments act as an important 
sink for these chemicals. 

3.3.3 BIOACCUMULATION AND FOOD CHAIN TRANSFERS 

It is widely accepted that the bioavailability of contaminants in sediments is governed by three fac
tors: the composition and characteristics of the natural particles, the physical and chemical proper
ties of the contaminants, and the behavior and physiological characteristics of the aquatic organisms 
(Guerrero 2007). Owing to their hydrophobic nature, the majority of dioxins, PCBs, and PBDEs 
released into aquatic systems ultimately become associated with the organic fraction of suspended 
and/or bed sediments and lipid-rich tissues of aquatic organisms. Lipid normalization may provide 
insight into species differences in contaminant concentrations. However, data is available which 
suggests that the relationship between lipophilic contaminants and lipid content of fish is not clear 
cut or well understood. In fact, there is just as much variation in lipid weight values as wet weight 
values. 

It is important to distinguish between two mechanisms of uptake by aquatic organisms— 
bioaccumulation and bioconcentration—and understand the uncertainties associated with the 
consideration of both pathways in risk assessment (Arnot and Gobas 2006). Bioconcentration  
involves direct uptake from water (e.g., across the gill membrane in fish) and is distinct from bio
accumulation, which also includes dietary uptake and transfer from sediments. Bioconcentration 
factors (BCFs) are determined from the ratio of chemical concentration in the organism, assum
ing steady state metabolism and excretion, to that in the surrounding water column (U.S. EPA 
1992). Bioaccumulation factors (BAFs) are based on lipid-normalized concentration of the chemi
cal in the organism with respect to the concentration of the bioavailable fraction of chemical in 
water (Burkhard et al. 2003). Biota-sediment accumulation factors (BSAFs) are based on the 
lipid-normalized concentration in the organism with respect to organic carbon-normalized con
centration in the sediments (Burkhard et al. 2003). Specifi c definitions for each of these terms are 
provided in Table 3.2. 

Dioxins, PCBs, and PBDEs are known to bioaccumulate in fish and a wide variety of aquatic 
organisms. Field studies and models demonstrate that fish body burdens are largely due to dietary 
uptake rather than membrane transport across the gill surface (Saloranta et al. 2006a, Micheletti 
et al. 2008). Environmental monitoring data generally indicate higher body burdens in benthic 
organisms and bottom-dwelling fish than in pelagic fish residing in the surface water. The highest 
levels tend to occur in top predator species in food chains where successive stages of bioaccumu
lation at each trophic level results in signifi cant biomagnification (a cumulative increase in the 
concentration of a persistent substance in successively higher trophic levels of the food chain). The 
differences are generally attributed to the close association of sediment-dwelling organisms with 
sediments, and the generally low opportunity for exposure to these substances in the water column. 
Differences in BCFs and BAFs between species are often explained by different feeding strategies 
and, perhaps, by different rates of biotransformation or excretion. For example, metabolic transfor
mations of certain dioxin congeners have been suggested as an important factor in explaining low 
BCFs and BAFs in some fish species (Wan et al. 2005). 

Results from dioxin measurements in fish and fish-eating birds from the North American Great 
Lakes indicate that 2,3,7,8-substituted congeners preferentially accumulate to a higher degree than 
non-2,3,7,8-substituted congeners in the food chain (Davies 1999, Kannan et al. 2001, Gauthier et al. 
2008). Further, there is some evidence in fish suggesting that 2,3,7,8-substituted congeners have 
longer half-lives (on the order 50–100 days) than other dioxins (on the order of several weeks or less) 
(Davies 1999, Geyer et al. 2002). 
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TABLE 3.2 
Bioaccumulation, Bioconcentration and Biota-Sediment Accumulation Factor 
Definition of Terms 
BCF Bioconcentration factor The ratio (in L/kg) of a substance’s concentration in tissue of an 

aquatic organism to its concentration in the ambient water, in 
situations where the organism is exposed through the water 
only and the ratio does not change substantially over time. 

BAF Bioaccumulation factor The ratio (in L/kg) of a substance’s concentration in tissue of an 
aquatic organism to its concentration in the ambient water, in 
situations where both the organism and its food are exposed 
and the ratio does not change substantially over time. 

BSAF Biota-sediment accumulation The ratio (in kg of organic carbon/kg of lipid) of a substance’s 
factor lipid-normalized concentration in tissue of an aquatic 

organism to its organic carbon-normalized concentration in 
surface sediment, in situations where the ratio does not change 
substantially over time, both the organism and its food are 
exposed, and the surface sediment is representative of average 
surface sediment in the vicinity of the organism. 

Source: U.S. EPA (2009c). 

In the absence of suffi cient field data for all but a few PBDE congeners, the similarities in struc
ture and physicochemical properties between PBDE and PCB congeners suggest that environmental 
processes may affect their fate comparably (Burreau et al. 2006). However, bioaccumulation behav
ior may differ based on the nature of the chemical structures (an ether bridge for PBDEs; a phenyl 
bridge for dioxins and PCBs) and properties of bromine compared to chlorine (deBruyn et al. 2009). 
Several studies suggest PBDEs are less biomagnified than PCBs (Kelly et al. 2008, Mizukawa et al. 
2009, Wu et al. 2009). PBDEs have been found to exhibit a wider range of molecular size and hydro
phobicity than PCBs, with measured and calculated Kow values exceeding 1010 or greater (Palm et al. 
2002, Braekevelt et al. 2003). 

Furthermore, PBDEs are reported to undergo metabolic debromination more readily than either 
dioxin or PCB dechlorination, suggesting that bioaccumulation of higher brominated congeners 
might be less than that of PCBs (Stapleton et al. 2004a, 2004b, 2006). In PBDE metabolism studies 
investigated by feeding trout DeBDE spiked food, Kierkegaard et al. (1999) observed short-term 
increases in levels of hexa, hepta, octa, and nona-BDE congeners; after depuration, DeBDE rapidly 
decreased and the concentrations of lower BDE congeners were unaffected, concluding that DeBDE 
was metabolized by the trout and metabolic processes did not produce tetraBDE and pentaBDE 
congeners. 

Overall, the higher chlorinated dioxins and PCBs tend to have lower BAFs and BCFs than less 
chlorinated compounds (Table 3.3). Similarly, the higher brominated PBDEs tend to have lower 
BCFs and, possibly, BAFs than less brominated compounds. This has been attributed to factors such 
as differences in membrane transport, larger molecular sizes, lower solubilities, and the possibility 
for preferential metabolism of certain congeners (Opperheizun 1986). Published BCFs for dioxins 
have been shown to vary over 4 orders of magnitude; for example, studies in the U.S. EPA (2009a) 
ECOTOX database report BCFs ranging from 0.08 to 86,000 in fish. The recommended default 
fish BCF for dioxins used by the California Office of Environmental Health Hazard Assessment 
(OEHHA 2000) is 19,000 based on mean BCFs reported in six studies cited by Hsieh et al. (1994) 
ranging from 2.7 to 64,000. 

BCFs for PCBs reported in ECOTOX database also varied over 6 orders of magnitude in fi sh 
from 0.2 to 355,000 (U.S. EPA 2009a). At present, few studies report BCFs for PBDEs. Gustafsson 
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TABLE 3.3 
Bioconcentration Factors (BCFs) Reported for the 2,3,7,8-TCDD 
and Aroclors 

Species Group 

BCF 

Range Mean 

2,3,7,8-TCDD 
Crustaceans 49–7125 2883 

Fish 0.08–86,000 11,225 

Insects/Spiders 2846–9222 5689 

Mollusks 720–3775 1839 

Amphibians 0.12–3.78 1.04 

PCBs (Aroclors) 
Crustaceans 160–108,000 11,374 

Fish 0.2–355,210 51,117 

Invertebrates 14.8–17,000 6962 

Mollusks 2–101,000 4424 

Polychaetes — 8.6 

Insects/Spiders 19.5–24,800 5444 

Notes: Experimental concentrations used to derive BCFs varied widely by study. 
2,3,7,8-TCDD: Amphibian data reported in dry weight and converted to wet weight: dry-weight 

concentration = 5 * wet-weight concentration. 
PCBs: Includes Aroclors 1016, 1242, 1254, and 1260. 
Source: U.S. EPA 2009a—ECOTOX Database (accessed May and December 2009). 

et al. (1999) report BCFs in blue mussels (Mytilus edulis) of 1.4 × 106 and 1.3 × 106 for penta- and 
tetra-BDE congeners, respectively, and 2.2 × 105 for hexa-BDE, almost one order of magnitude 
lower, after 44-d exposure experiments. The high log Kow values for PBDEs suggest high rates of 
bioaccumulation and biomagnification in aquatic biota, particularly for tetra- and penta-bromi
nated PBDEs (Alaee and Wenning 2002, de Wit 2002; Law et al. 2006). 

Similar wide range was found for dioxin BSAF values. Using lake trout and surficial (0–2 cm) 
sediment samples from southern Lake Michigan, Burkhard et al. (2004) calculated BSAFs ranging 
from <0.1 to 18 for PCBs and from <0.001 to 0.32 for dioxins. PCBs with zero or one chlorine in 
an ortho position had lower BSAFs than other PCBs. Dioxins with chlorines at the 2,3,7,8-positions 
had higher BSAFs than other congeners. 

3.4 TOXIC EQUIVALENCY FACTORS 

It is generally understood that different congeners of dioxin, PCB, and PBDE are not equally toxic 
to biota, as defined by their ability to elicit specific adverse effects in animals. Therefore, to assess 
the likely toxicological effect of a particular mixture of congeners, the World Health Organization 
(WHO) and U.S. EPA developed TEFs as early as the mid-1980s as a means to assign different 
degrees of toxicity based on chemical structure and relative potency of the different congeners. 
Since that time, different TEF schemes have been proposed in the United States and other coun
tries for dioxins and certain PCBs exhibiting dioxin-like behavior relative to the potency of 2,3,7,8
TCDD, which is widely recognized as the most toxic to humans and wildlife among the dioxins. 
After 1998, the WHO and U.S. EPA reached scientific consensus on the use of separate sets of 
TEFs applicable to risk assessments for mammals, birds, and fish in response to the observed  



 

 

 

 
 

TABLE 3.4 
World Health Organization (WHO) Toxic Equivalent Factors (TEFs) for Mammals, 
Birds, and Fish 

Congeners Mammalsa Birdsb Fishb 

Polychlorinated dibenzo-p-dioxins 
2,3,7,8-tetraCDD 1 1 1 

1,2,3,7,8-pentaCDD 1 1 1 

1,2,3,4,7,8-hexaCDD 0.1 0.05 0.5 

1,2,3,6,7,8-hexaCDD 0.1 0.01 0.01 

1,2,3,7,8,9-hexaCDD 0.1 0.1 0.01 

1,2,3,4,6,7,8-heptaCDD 0.01 <0.001 0.001 

OctaCDD 0.0003 0.0001 <0.0001 

Polychlorinated dibenzofurans 
2,3,7,8-tetraCDF 0.1 1 0.05 

1,2,3,7,8-pentaCDF 0.03 0.1 0.05 

2,3,4,7,8-pentaCDF 0.3 1 0.5 

1,2,3,4,7,8-hexaCDF 0.1 0.1 0.1 

1,2,3,6,7,8-hexaCDF 0.1 0.1 0.1 

1,2,3,7,8,9-hexaCDF 0.1 0.1 0.1 

2,3,4,6,7,8-hexaCDF 0.1 0.1 0.1 

1,2,3,4,6,7,8-heptaCDF 0.01 0.01 0.01 

1,2,3,4,7,8,9-heptaCDF 0.01 0.01 0.01 

OctaCDF 0.0003 0.0001 <0.0001 

Nonortho polychlorinated biphenyl congeners IUPAC# 
CB#77 0.0001 0.05 0.0001 

PCB#81 0.0003 0.1 0.0005 

PCB#126 0.1 0.1 0.005 

PCB#169 0.03 0.001 0.00005 

Mono-ortho polychlorinated biphenyl congeners IUPAC# 
PCB#105 0.00003 0.0001 <0.000005 

PCB#114 0.00003 0.0001 <0.000005 

PCB#118 0.00003 0.00001 <0.000005 

PCB#123 0.00003 0.00001 <0.000005 

PCB#156 0.00003 0.0001 <0.000005 

PCB#157 0.00003 0.0001 <0.000005 

PCB#167 0.00003 0.00001 <0.000005 

PCB#189 0.00003 0.00001 <0.000005 

Sources: 
a Van den Berg, M. et al., Toxicol. Sci., 93, 223–241, 2006. 
b Van den Berg, M. et al., Environ. Health Perspect., 106, 775–792, 1998. With permission. 
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differences in sensitivities and toxicity of certain congeners among different taxa (van den Berg 
et al. 1998, 2006, U.S. EPA 2008). The TEF scheme, endorsed by WHO in 2005 for humans and 
mammals and in 1998 for birds and fish, is presented in Table 3.4. 

TEF schemes have been proposed for mixtures of PCBs, though regulatory agencies have not for
mally adopted any scheme (Hornung et al. 1996, Simon et al. 2007, Bhavsar et al. 2008a, Burkhard 
and Lukasewycz 2008). While binding of PBDEs to the Ah receptor and estrogen receptors has 
been reported, the current knowledge of the toxicological behavior of PBDEs is rather limited and, 
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therefore, TEFs have not been proposed by WHO or environmental regulatory agencies at this  
time. 

Throughout this chapter, dioxins and furans are presented as 2,3,7,8-TCDD toxic equivalents 
(TEQs) using congener specific mammalian TEFs, following the approach described by the WHO 
International Program on Chemical Safety as part of the 2005 reevaluation of PCDD/F toxicity  
(Van den Berg et al. 2006). The use of mammalian TEFs is consistent with approaches used by the 
Ontario Ministry of the Environment (MOE) and U.S. EPA to report fi sh tissue residue data and to 
facilitate comparisons to comparable fish tissue data reported elsewhere (e.g., Saloranta et al. 2006a, 
2006b, Bhavsar et al. 2007, 2008b, 2008c, Wintermyer and Cooper 2003, FDA 2009, Stahl et al. 
2009, U.S. EPA 2009b). However, it should be noted that the evaluation of PCDD/F residues in 
aquatic organisms should include the use of fish and/or bird TEFs, depending on the use of the data 
for risk assessment purposes (e.g., Cook et al. 2003, Steevens et al. 2005). 

The TEF scheme has significant implications for regulatory programs tasked with monitoring 
and setting exposure limits, despite the assumptions and uncertainties inherent in this approach 
(Dyke and Stratford 2002, Finley et al. 2003, Bhavsar et al. 2008b). The underlying premise for 
using a TEF scheme is twofold: first, the mode of action of all 2,3,7,8-substituted dioxins and dioxin-
like congeners is the same (i.e., AhR mediated); and, second, the combined effects of the individual 
dioxin congeners are dose-additive. Additivity is an important prerequisite of the TEF concept. 
There is evidence supporting and contradicting both of these assumptions for dioxins and dioxin-
like compounds. There is considerable evidence that the relative toxicity of different congeners  
varies significantly among different taxonomic groups (e.g., birds, fish, and mammals); differences 
may be even broader as more information becomes known regarding ecotoxicity to invertebrates, 
reptiles, and amphibians. 

Further, the assumption that the combined effects of the congeners are additive may not be true 
in all cases. Some studies provide evidence that nondioxin-like AhR agonists and antagonists are 
able to increase or decrease the toxicity of 2,3,7,8-substituted compounds. In addition, there are 
natural nonchlorinated AhR agonists in the diets of many animals, and some studies have suggested 
that the potential effects of these may be signifi cant. 

The application of TEFs to obtain TEQs represent a fairly accurate estimate of the toxic poten
tial of a complex mixture of persistent Ah-receptor agonists, such as PCDDs, PCDFs, and coplanar 
PCBs, but completely ignores any other components in a mixture that may elicit a similar toxicity 
via a non-Ah receptor pathway. This is important to keep in mind when attempts are made to associ
ate toxic effects observed in the environment with exposures to dioxin-like compounds or TEQs. 

3.5 TISSUE RESIDUES IN AQUATIC ORGANISMS 

Numerous global, regional, and national surveys of dioxins, PCBs, PBDEs, and other POPs have 
been conducted during the past three decades and are available in the literature (e.g., de Boer and 
Denneman 1998, Alaee et al. 1999, Ikonomou et al. 2000, 2002, Luross et al. 2002, Hale et al. 2003, 
Holden et al. 2003, Kiviranta et al. 2003, AMAP 2004, Chiuchiolo et al. 2004, Hites et al. 2004, 
Rayne et al. 2004, Evans et al. 2005, Gómara et al. 2005, Johnson and Olson 2001, Brown et al. 
2006, Isosaari et al. 2006, Fair et al. 2007, Mathews et al. 2008, Pandelova et al. 2008, Gewurtz 
et al. 2009, Szlinder-Richert et al. 2009, Yogui and Sericano 2009). 

3.5.1 DIOXIN TISSUE RESIDUES 

The U.S. EPA’s National Study of Chemical Residues in Fish, previously referred to as the National 
Bioaccumulation Study, was released in 1992 and, at the time, was among the fi rst comprehen
sive screening investigations of the prevalence of selected bioaccumulative substances in fi sh any
where in the world (U.S. EPA 1992). One or more of the seventeen 2,3,7,8-substituted PCDDs and 
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PCDFs were detected at nearly all of the 388 locations surveyed throughout U.S.* In general, the 
frequency of detection was highest in the east and northeast and lowest in the west and south
west regions of the United States. Levels were higher in bottom-feeding fish than in pelagic fi sh. 
The congeners most frequently detected in fish included four PCDDs compounds (2,3,7,8-TCDD; 
1,2,3,7,8-PeCDD; 1,2,3,6,7,8-HxCDD; and 1,2,3,4,6,7,8-HpCDD) and 3 PCDFs (2,3,7,8-TCDF; 
2,3,4,7,8-PeCDF; and 1,2,3,4,6,7,8-HpCDF). The most frequently detected dioxins (1,2,3,4,6,7,8
HpCDD and 2,3,7,8-TCDF) were also detected at the highest concentrations in whole fi sh tissues: 
249 ng/kg and 404 ng/kg, respectively. 2,3,7,8-TCDD was detected at 70% of the surveyed loca
tions; the maximum concentration was 204 ng/kg and arithmetic mean concentration was 7 ng/kg. 

Since 1992, nearly 1000 international, national, and regional surveys of dioxins in freshwater and 
marine fish have been conducted and published worldwide. In North America, the most comprehen
sive surveys conducted to date are those conducted by the U.S. EPA in U.S. lakes and reservoirs, 
and by U.S. and Canada scientists in the Great Lakes. Much of what is known about dioxin levels in 
fi sh in North America is reported in two studies: U.S. EPA’s National Study of Chemical Residues 
in Lake Fish Tissue in 500 lakes randomly selected from 147,000 target water bodies in the lower 48 
states (Olsen et al. 2009, Stahl et al. 2009, U.S. EPA 2009b) and the Ontario MOE on-going Great 
Lakes sport fish monitoring program (MOE 2009). 

The Ontario MOE Sport Fish Contaminant Monitoring Program, which started in 1976, is the 
largest program of its kind in North America. Fish are tested annually from up to 1860 locations 
in Ontario’s inland lakes and rivers and the Canadian waters of the Great Lakes for a variety of 
substances, including mercury, PCBs, mirex, DDT, and dioxins. The 2009–2010 Ontario sport fi sh 
consumption guide incorporates approximately 120,000 additional test results performed on 12,000 
samples and 100 more locations than the previous 2007–2008 edition (MOE 2009). 

The U.S. EPA National Study of Chemical Residues in Lake Fish Tissue is a 4-year national  
screening-level study of PBT substances in freshwater fish; the sampling work was conducted between 
2000 and 2003. It is the U.S. EPA’s first national fish tissue survey based on a probabilistic (random) 
sampling design, which is intended to support national estimates of the mean concentrations of 268 
PBT substances in fish tissue from lakes and reservoirs in the lower 48 states (U.S. EPA 2009b). 

Figures 3.2 through 3.5 summarize the arithmetic mean dioxin TEQ in fi sh calculated by com
bining the data available in both the U.S. EPA 500 Lakes Study (Figures 3.2 through 3.4) and the 
Ontario MOE Sport Fish Monitoring Program (Figure 3.5) based on geography, species, and the 
type of fish tissue sample collected and analyzed. The 982 fish tissue samples in the U.S. EPA data 
set included 442 whole-body samples and 540 fillet with skin samples. Whole-body fi sh samples 
were grouped by family: Catostomidae (18 species of suckers and buffalo fi sh; n = 154), Cyprinidae 
(3 species of carp and goldfi sh; n = 119), and Ictaluridae (9 species of catfish and bullhead; n = 169). 
Fillet with skin fish samples also were grouped by family: Centrarchidae (10 species of bass, crap
pies, and sunfi sh; n = 352), Esocidae (2 species of pike and pickerel; n = 40), Percidae (5 species of 
walleye, perch, sauger, saugeye, and pumpkinseed; n = 84), and Salmonidae (10 species of salmon, 
trout, and mountain and lake whitefi sh; n = 64). The 443 fi sh tissue samples from the Great Lakes 
included in the Ontario MOE data set represented fillet without skin samples. These data were 
similarly grouped by family: Catostomidae (1 species of white sucker; n = 6), Cyprinidae (1 species 
of carp; n = 57), Esocidae (1 species of pike; n = 7), Ictaluridae (2 species of catfish and bullhead; 
n = 69), Percidae (2 species of walleye and perch; n = 35), and Salmonidae (6 species of chinook 
and coho salmon, and brown, rainbow and lake trout, and Siscowet; n = 269). 

Fish tissue data were analyzed using one-way analysis of variance (ANOVA), if the data satis
fied the requirements of normality with or without log-transformation (Levene 1960, Shapiro and 
Wilk 1965). Data sets that did not meet the requirements of the ANOVA, were evaluated using a 
Kruskal–Wallis test (Kruskal 1952, Kruskal and Wallis 1952). If the ANOVA or Kruskal–Wallis 

* As mentioned above, dioxins are presented as 2,3,7,8-TCDD TEQs, following the approach described by Van den Berg 
et al. 2006. 
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FIGURE 3.2 Mean dioxin total TEQ in fish tissue (whole body) from U.S. EPA regions 1–10 (2000–2003). 

FIGURE 3.3 Mean dioxin total TEQ in fish tissue (whole body) by fish family from U.S. EPA regions 1–10 
(2000–2003). 
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FIGURE 3.4 Mean dioxin total TEQ in fish tissue (fillet with skin) from U.S. EPA regions 1–10 (2000–2003). 

FIGURE 3.5 Mean dioxin total TEQ in fish tissue (fillet without skin) from the Great Lakes (2000–2008). 
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test was significant, pair-wise comparisons of the exposed groups to control were made least squares 
means and the Tukey–Kramer (Kramer 1956) comparison test or a Mann–Whitney U test (Mann 
and Whitney 1947), respectively. 

The mean and range of total dioxin TEQ in fish from different lakes and U.S. EPA regions, 
regardless of species or type of sample (filet or whole body) were calculated. Total dioxin TEQ 
among all fish groups ranged from 0.4 to 2.2 ng/kg for whole-body samples and 0.48–3.6 ng/kg 
for fillet with skin samples. Figure 3.2 presents combined whole-body data for three fi sh families 
(Catostomidae, Cyprinidae, and Ictaluridae) to show regional differences in fish TEQ across the 
United States. When the data from the three fish families are combined in each region, the high
est mean dioxin TEQ (1.3 ng/kg) occurs in fish in U.S. EPA region 4; the lowest mean dioxin TEQ 
(0.59 ng/kg) occurs in U.S. EPA region 10. Mean whole-body fi sh dioxin TEQ in U.S. EPA region 
4 is significantly higher (p < .05) than in U.S. EPA regions 1, 5, 6, 8, and 10. In general, the whole-
body fish tissue TEQ in the western U.S. (regions 9–10) is lower (0.72 ng/kg) than the mean total 
dioxin TEQ (1.11 ng/kg) in the eastern U.S. (regions 1–5). 

Figure 3.3 summarizes mean total dioxin TEQ in the United States for different taxonomic fi sh 
families. The highest mean dioxin TEQs are found in Cyprinidae as compared to Ictaluridae and 
Catostomidae. Mean total dioxin TEQs in Cyprinidae are higher in U.S. EPA region 4 (2.22 ng/kg), 
region 2 (2.16 ng/kg), and region 5 (2.13 ng/kg) than in other regions. TEQ levels in all other fi sh 
families were lower in all ten regions (ranging between 0.43 and 1.55 ng/kg). There were no sig
nificant differences in mean TEQ values across the United States within the Catostomidae family. 
However, significant differences (p < .5) exist across the United States within the Cyprinidae and 
Ictaluridae families. Within the Cyprinidae family of fishes, U.S. EPA regions 4 and 5 have the 
highest mean dioxin TEQ, significantly higher than regions 6, 8, and 10; region 10 has the lowest 
mean dioxin TEQ (0.67 ng/kg). Within the Ictaluridae family of fishes, U.S. EPA region 6 has the 
highest mean dioxin TEQ (1.55 ng/kg), significantly greater than regions 2 and 4, and region 10 has 
the lowest mean dioxin TEQ (0.43 ng/kg). 

Figures 3.4 and 3.5 summarize mean total dioxin TEQ according to the type of fi sh tissue
 sample—either fillet with or fillet without skin, respectively. In general, mean total dioxin TEQs in 
fi sh fillet with skin samples collected from U.S. lakes (ranging between 0.48 and 3.61 ng/kg; Figure 
3.4) were lower than fi sh fillet without skin samples collected from the Great Lakes (ranging between 
1.15 and 9.36 ng/kg; Figure 3.5). Among the six families of fish collected from the Great Lakes, only 
two, Cyprinidae and Salmonidae, showed signifi cant (p < .05) differences in mean total dioxin TEQ. 
In Cyprinidae, the mean TEQ is signifi cantly (p = .01) greater in Lake Ontario (10.6 ng/kg) than in 
Lake Erie (2.20 ng/kg). In Salmonidae, the mean total dioxin TEQ is significantly greater in Lake 
Huron (5.38 ng/kg) than in Lake Erie (2.34 ng/kg) and Lake Superior (4.44 ng/kg). In addition, mean 
dioxin TEQ in Lake Superior is significantly greater and in Lake Ontario (3.58 ng/kg). 

On the basis of the combined fish tissue residue data from the U.S. EPA 500 Lakes Study and 
the Ontario MOE Sport Fish Monitoring Program, 4 of the 2,3,7,8-substituted dioxin congeners are 
most prevalent in fi sh and contribute most to total TEQ: 1,2,3,7,8-PentaCDD; 2,3,4,7,8-PentaDCF; 
2,3,7,8-TCDD; and 2,3,4,7,8-PeCDF. 

Figure 3.6 summarizes mean total dioxin TEQs reported in fish in other countries. Interpretation 
of the available data is challenging, at best, because of large differences in the analytical method
ologies used to measure dioxins in fish and often failure of any explicit indication of the type of 
tissues analyzed (i.e., whole body, fillet, or fillet with and without skin). Moreover, typically only 
a mean concentration or TEQ value is reported in the literature, which limits meaningful statisti
cal comparisons. Mean total dioxin TEQ in fish from all countries ranged from below detection to 
155 ng/kg (Figure 3.6). No clear trends are discernable because TEQs in fish representing differ
ent feeding guilds or habitats vary widely by country. Dioxin TEQs in fi sh from the United States 
generally fall within the mid-range of dioxin TEQs reported in fish from other countries. Overall, 
mean total dioxin TEQs in fish from Asia (with the exception of Korea), Europe, and the United 
States are similar. 
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FIGURE 3.6 Ranges of mean dioxin TEQs reported in the edible portion of fish and aquatic invertebrates 
worldwide. 

The significance of dioxin tissue residues in aquatic organisms is evident using the Environmental 
Residue-Effects Database (ERED) compiled jointly by the U.S. Army Corps of Engineers and 
U.S. EPA (U.S. EPA/ERED 2009). The ERED database is a compilation of data from the literature, 
where biological effects (e.g., reduced survival and growth) and tissue contaminant concentrations 
are simultaneously measured in the same organism. The database is limited to those instances 
where biological effects observed in an organism can be linked to a specifi c contaminant. 

Table 3.5 summarizes no observable effect tissue residues (NOERs) associated with dioxins in 
tissues and lethal tissue residue to 50% of test organisms (LR50) reported in fish and other aquatic 
organisms reported in ERED. Lake trout are reported to have the lowest NOER indicating that this 
species may be particularly sensitive. Mosquito fish, invertebrates including crayfish and aquatic 
insects, and aquatic plants appear to be the least sensitive of the species included in the database 
as tissue residue concentrations between 0.4 and 1 mg/kg wet weight (ww) result in no observable 
adverse effect. Of the congeners evaluated, 1,2,3,4,7,8-HCDD appears to be the most toxic congener 
(to rainbow trout); however, the concentrations affecting 50% (LC50) of test organisms fall within 
the lower range of toxic tissue residues for 2,3,7,8-TCDD. Figure 3.7 illustrates the variation in 
sensitivities of a variety of aquatic organisms to TCDD body burdens using LR50s using a species 
sensitivity distribution (SSD). Note that early life stages of fish are more sensitive than that of juve
nile and adult life stages or invertebrates. 

Steevens et al. (2005) proposed a methodology for searching, reviewing, and analyzing linked, 
tissue residue effect data to derive benchmark distributions. The approach is demonstrated for con
taminants having a dioxin-like mechanism of toxic action and is based on residue-effects data for 
2,3,7,8-TCDD and equivalents in early life stage fish. The tissue-residue benchmark for TCDD TEQ 
for fish (based on the geometric means of NOERs and LOER values used in their study) could range 
from 0.057 to 0.699 ng TCDD TEQ/g lipid, depending on the level of protection needed (99% and 
90% of fish species protected, respectively). 



TABLE 3.5 
No Observable Effect Tissue Residue (NOER) Associated with Dioxins in Tissues and 
Lethal Tissue Residue to 50% of Test Organisms (LR50) Reported in Fish and Other 
Aquatic Organisms 

Tissue Concentration 

Chemical Species Range Mean 

No Observable Effects Tissue Residue (NOERs) 

TCDD (2,3,7,8-TCDD) Mosquito fi sh 440–900 670 
CAS# 1746-01-6 

Trout—Rainbow 0.1–5 1.6 

Trout—Lake 0.023–0.044 0.034 

Trout—Brook — 1.2 

Yellow perch 0.143–1 0.5715 

Catfi sh—Channel 140–190 165 

Salmon—coho — 0.125 

Black Bullhead — 1 

Bluegill — 1 

Largemouth Bass — 1 

Crayfi sh — 0.3 

Snail 9.7–1020 420 

Water fl ea 8.6–2080 580 

Midge — 470 

Algae—Green — 980 

Least Duckweed — 12 

Lethal Tissue Residue to 50% of the Test Group (LR50s) 
TCDD (2,3,7,8-TCDD) Trout—Lake 0.034–65 3.10 
CAS# 1746-01-6 

Trout—Rainbow 0.17–10 1.42 

Common carp 2–3 2.73 

Yellow perch — 3 

Black Bullhead — 5 

Largemouth Bass — 11 

Bluegill — 16 

1,2,3,4,7,8-HCDD Trout—Rainbow — 0.14 

CAS # 39227-28-6 

1,2,3,4,7,8-HxCDF — 0.99 

Cas # 70648-26-9 

1,2,3,7,8-PcCDD — 0.566 

CAS # 40321-76-4 

1,2,3,7,8-PeCDF — 7.34 

CAS # 57117-41-6 

2,3,7,8-TCDF — 8.08 

CAS # 51207-31-9 

2,3,4,7,8-PCDF — 0.7 

57117-31-4 

 Notes: All data in ng/g wet weight. Exposure routes include absorption, injection and/or ingestion or in combination. 
 Source: U.S. EPA/U.S. ACE ERED Database (accessed April 2009; http://el.erdc.usace.army.mil/ered/). 
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FIGURE 3.7 TCDD tissue residue LR50 species sensitivity distribution for a variety of aquatic organisms. 
(From U.S. EPA/U.S. ACE ERED Database, http://el.erdc.usace.army.mil/ered/) 

3.5.2 PCB TISSUE RESIDUES 

Data from the U.S. EPA’s National Study of Chemical Residues in Lake Fish Tissue (U.S. EPA 
2009b), the Ontario MOE Sport Fish Monitoring Program (MOE 2009), the Great Lakes National 
Program Office (GLNPO), and the Great Lakes Fish Monitoring Program (GLFMP) were com
piled and analyzed to understand PCB residue in fi sh tissue from U.S. lakes and waterways and in 
the U.S.–Canadian Great Lakes. The GLFMP consists of two separate programs, the Open Lakes 
Trend Monitoring Program, which examines the health of fish and fish-consuming wildlife through 
trend analysis, and the Game Fish Fillet Monitoring Program, designed to monitor potential human 
exposure to contaminants through consumption of popular sport fish species (GLNPO 2009). 

Figures 3.8–3.10 summarize the available data based on geography, species, and the type of
 fish-tissue sample collected and analyzed. All data are reported on a wet weight basis. The data were 
treated in the same manner as described for the dioxins. Figure 3.8 summarizes mean total PCB in 
whole-body fish from each of the ten U.S. EPA regions. In general, the highest mean total PCB con
centrations were found in U.S. EPA region 4 (0.14 mg/kg) and the lowest in U.S. EPA region 8 (0.012 
mg/kg). Consistent with the trend observed for dioxins, mean total PCB in fish from the western U.S. 
(0.03 mg/kg; regions 6–10) were substantially lower than in fish from the eastern U.S. (0.09 mg/kg). 
Similar to the dioxins, the higher mean total PCBs are found in Cyprinidae than in either Ictaluridae 
or Catostomidae (Figure 3.9a). Mean total PCBs in Cyprinidae are highest in U.S. EPA regions 2, 3, 
4 (ranging from 0.26 to 0.32 mg/kg) and lowest in U.S. EPA regions 8 and 10 (0.018 and 0.017 mg/ 
kg, respectively). Mean total PCBs in Cyprinidae in U.S. EPA region 8 are statistically lower (p < .05) 
than other regions, with the exception of U.S. EPA region 10. For Ictaluridae, the highest mean total 
PCBs are found in U.S. EPA regions 3 and 4 (0.09 and 0.12 mg/kg, respectively) and the lowest are 
found in U.S. EPA region 10 (0.001 mg/kg). Mean total PCBs reported for Catostomidae are highest 
in U.S. EPA region 2 (0.05 mg/kg) and lowest in U.S. EPA region 8 (0.006 mg/kg). 

For fish collected in the Great Lakes between 2000 and 2005 (Figure 3.9b), Salmonidae from 
Lake Erie and Lake Superior had the lowest mean total PCB concentrations among the fi ve Great 
Lakes (0.44 mg/kg in both lakes). Mean total PCB in fish was statistically higher (p < .003) in Lake 
Ontario (0.97 mg/kg) than in the other Great Lakes. 

http://www.el.erdc.usace.army.mil
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FIGURE 3.10 (a) Total PCB in fi sh tissue (fillet with skin) from U.S. EPA Regions 1–10 (2000–2003), 
(b)  comparison of total PCB (fillet without skin) from the Great Lakes (2000–2008). 

In general, mean total PCB levels in fi sh fillet with skin samples collected from U.S. lakes (rang
ing between 0.001 and 0.35 mg/kg) (Figure 3.10a) were lower than fi sh fi llet without skin samples 
collected from the Great Lakes (ranging between 0.02 and 0.64 mg/kg; Figure 3.10b). Among the 
fish families collected from the U.S. lakes, mean total PCBs in  Centrarchidae (fillet with skin) 
collected from region 8 (0.004 mg/kg) were statistically lower (p < .05) than all other regions; the 
highest mean total PCB concentrations were measured in U.S. EPA regions 1 and 2 (0.021 and 
0.027 mg/kg, respectively). When the data from all fish families are combined, mean total PCB 
levels in fi sh (fillet with skin) in U.S. EPA region 8 are statistically lower (p < .05) than other regions 
with the exception of U.S. EPA region 7. In the Great Lakes, mean total PCBs in all fi sh (fi llet with
out skin) are highest in Lake Ontario (0.33 mg/kg, p < .001) and lowest in Lake Huron (0.18 mg/kg, 
p < .01). This also is evident in the Salmonidae family (Figure 3.10b); mean total PCBs are highest 
in Lake Ontario (0.47 mg/kg, p < .001) and lowest in Lake Huron (0.22 mg/kg, p < .001). For the 
Percidae family, the highest mean total PCBs are found in Lake Erie (0.12 mg/kg, p < .001) and 
lowest in Lake Superior (0.03 mg/kg, p < .001) (Figure 3.10b). 

Figure 3.11 summarizes mean total PCBs and dioxin-like PCB TEQs reported in fish from other 
countries. Similar to the dioxins, the interpretation of data reported in studies conducted outside 
North America is challenging, at best, because of large differences in the analytical methodologies 
used to measure PCBs and the lack of information on the type of tissues analyzed. Mean total PCB 
TEQ in fi sh from all countries ranged from 0.008 to 55 ng/kg. Like dioxins, trends are diffi cult to 
discern as TEQs in fish representing different feeding guilds or habitats vary widely by country. 

Table 3.6 summarizes NOERs associated with PCBs in tissues and LR50s reported in fi sh and 
other aquatic organisms reported in ERED. NOER concentrations vary widely across the spectrum 
of species and tested congeners. Interestingly, the lowest and highest NOERs are observed for the 
same two PCB congeners. Among common carp, NOERs for PCB 153 and 180 were 0.00004 and 
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FIGURE 3.11 Ranges of mean dioxin-like PCB TEQs reported in the edible portion of fish and aquatic 
invertebrates worldwide. 

0.00006 mg/kg (wet weight), respectively, while the same two congeners have the highest NOERs 
for fathead minnows, with concentrations averaging 6030 and 4565 mg/kg, respectively. Common 
carp were also particularly sensitive to body burdens of PCB 52, with a reported NOER of 0.00003 
mg/kg. Figure 3.12 illustrates the variation in sensitivities of a variety of aquatic organisms to PCB 
body burdens using LR50s. Note that, like dioxins, early life stages of fish are more sensitive than 
that of juvenile and adult lifestages or invertebrates. 

3.5.3 PBDE TISSUE RESIDUES 

Various synonyms and abbreviations used to describe individual BDE congeners and homologues 
groups, as well as the technical formulations have lead to considerable unintentional misrepresentation 
of environmental levels in the scientific literature (Wenning 2002). Environmental monitoring data 
reported in the scientific literature typically report the concentrations of total PBDEs based on some, 
but not all, of the individual congeners, or the concentrations only of certain BDE congeners (Alaee 
and Wenning 2002, Wenning 2002). Interpretation of the available environmental data is further com
plicated by the fact that much more extensive analysis has been performed for only certain BDE con
geners. Data reported in this manner hinder attempts to develop reliable estimates of environmental 
levels and trends or plausible human exposure. To date, there have been few, if any, studies strictly 
correlating the occurrence of specific BDE congeners with the use of technical formulations. 

PBDEs were first detected in 1979 in sludge and soil samples collected in the vicinity of tex
tile manufacturing plants, and have since been detected in abiotic and biotic samples throughout 
the world. Nearly every environmental monitoring program conducted during the past decade has 
shown increasing levels of some BDE congeners in wildlife, particularly in Nordic countries where 
this trend contrasts with a general decline in the occurrence of dioxins, PCBs, and chlorinated pes
ticides in marine mammals and aquatic wildlife (Hooper and MacDonald 2000). 
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TABLE 3.6 
No Observable Effects Tissue Residue (NOERs) Associated with PCBs in Tissues and 
Lethal Tissue Residue to 50% of Test Organisms (LR50) Reported in Fish and Other 
Aquatic Organisms 

Congener and CAS #	 Species Common Name 

Tissue Concentration 

Range Mean 

No Observable Effect Tissue Residues (NOERs) 

PCB 101 CAS #37680-73-2	 Fathead minnow 1115–4690 2902 

PCBs CAS #1336-36-3	 Clam—Bent nose — 1.7 

Crab—Blue — 23 

Eastern oyster 33–425 229 

Mayfl y — 1.5 

Shrimp—Pink — 1.3 

Starfi sh — 19.3 

Catfi sh—Channel 1.2–14.6a 9 

Pinfi sh 17–170 66 

Salmon—Atlantic — 44 

Sheepshead minnow 0.56–230a 66 

Spot — 27 

Trout—Rainbow — 0.09 

Trout—Lake 1.8–2.4 2.1 

Zebra Danio — 0.14 

PCB 138 CAS #35065-28-2	 Fathead minnow 946–3980 2463 

PCB 153 CAS #35065-27-1	 Fathead minnow 1120–10,940 6030 

Common carp — 4.00E-05 

PCB 52 CAS # 35693-99-3	 Amphipod—Freshwater — 54 

Common carp — 3.00E-05 

Fathead minnow — 2179 

Trout—Rainbow 1–20a 10 

PCB 118 CAS #31508-00-6	 Starfi sh — 3.3 

PCB 180 CAS#35065-29-3	 Fathead minnow 1210–7920 4565 

Common carp — 6.00E-05 

PCB 126 CAS # 57465-28-8	 Trout—Rainbow — 2 

Starfi sh — 3.26 

Killifi shes — 1 

PCB 77 CAS # 32598-13-3	 Trout—Rainbow — 2 

Aroclor 1242 CAS # 53469-21-9	 Amphipod—Freshwater — 30 

Catfi sh—Channel 0.23–2.3a 1.7 

Aroclor 1254 CAS # 11097-69-1	 African Clawed Frog — 114.09 

Amphipod Gammarus sp. — 7.8 

Crayfi sh — 0.04 

Daphnia magna — 10.4 

Shrimp—Grass 0.4–17 8.7 

Fathead minnow — 105 

Pinfi sh — 17 

Salmon—Chinook 1–60 30 

Salmon—Coho — 54 

Sheepshead minnow — 5.4 

Trout—Brook 0.5b–71c — 

Trout—Rainbow 2.3–103 22.4 

Trout—Lake 156–206 181 



 
 

 
  

 

 
 

TABLE 3.6 (continued) 
No Observable Effects Tissue Residue (NOERs) Associated with PCBs in Tissues and 
Lethal Tissue Residue to 50% of Test Organisms (LR50) Reported in Fish and Other 
Aquatic Organisms 

Tissue Concentration 

Chemical Species Common Name Range Mean 

Lethal Tissue Residues to 50% of the Test Group (LR50s) 

PCBs (PCB Mixture) Goldfi sh 250–324 287 

CAS # 1336-36-3 Pinfi sh 30–205 83 

Spot croaker 46 — 

PCB 153 206 — 
Midge

CAS # 35065-27-1 

PCB 47 161–394 270 
Amphipod—Marine

CAS # 2437-79-8
 

PCB 52 29 —
 
Amphipod—Freshwater 

CAS # 35693-99-3
 

2,4,6,2′-tetrachlorobiphenyl 9.2 —
 
Trout—Lake 

CAS # 62796-65-0
 

Aroclor 1254 284 —
 
Trout—Brook 

CAS # 11097-69-1 

PCB 126 Trout—Rainbow 0.074 

CAS # 57465-28-8 Trout—Lake 0.000054–0.029 0.015 

Aroclor or PCB 1242 157 — 
Amphipod—Freshwater 

CAS # 53469-21-9
 

PCB 77 1.35 —
 
Trout—Rainbow 

CAS # 32598-13-3 

 Notes: All data in μg/g wet weight. Exposure routes include absorption, injection, and/or ingestion, or in combination. 
a  Concentrations for various tissues and life stages. 
b Egg. 
c Embryo. 

 Source: U.S. EPA/U.S. ACE ERED Database (accessed April 2009) (http://el.erdc.usace.army.mil/ered/). 
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Few data are available on contamination pathways in aquaculture systems such as that for farmed 
fish. In the United States, for example, recent studies have shown the edible portions of farm-raised 
fi sh containing higher levels of PCDD/Fs, PCBs, and PBDEs than in wild fi sh (Brown et al. 2006, 
Hites et al. 2004).  For PBDEs, a recent study by Pena-Abaurrea et al. (2009) of farmed and wild 
bluefin tuna (Thunnus thynnus) caught in the Mediterranean Sea indicated that total PBDE con
centrations were similar in farmed and wild tuna (17–149 ng/g lipid weight, lw and 25–219 ng/g  w, 
respectively). However, higher concentrations of naturally produced organobromines, such as meth
oxylated PBDEs (MeO-PBDEs) and polybrominated hexahydroxanthene derivatives (PBHDs), 
were observed only in wild tuna, suggesting that natural sources of brominated compounds can be 
signifi cant. 

A summary of total PBDE tissue levels reported in studies of fish and other aquatic organisms 
conducted for the most part after 1995 is presented in Tables 3.7–3.10. In general, 10–12 individual 
BDE congeners are commonly reported (although not consistently) by different researchers involved 
in environmental studies. The predominant PBDEs in ambient air, soil, sediment, and biota are 
BDE-28 (a triBDE), BDE-47 (a tetraBDE), BDE-66 (a tetraBDE), BDE-85 (a pentaBDE), BDE-99 
(a pentaBDE), BDE-100 (a pentaBDE), BDE-153 (a hexaBDE), BDE-154 (a hexaBDE), BDE-183 

http://www.el.erdc.usace.army.mil
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FIGURE 3.12 PCB and PCB mixture tissue residue LR50 species sensitivity distribution for a variety of 
aquatic organisms. (From U.S. EPA/U.S. ACE ERED Database, http://el.erdc.usace.army.mil/ered/) 

(a hepta BDE), and BDE-209 (decaBDE). The predominant BDEs reported in fi sh—BDE-47, 
BDE-99, BDE-100, BDE-153, and BDE-154. 

According to Yogui and Sericano (2009), PBDEs are ubiquitous in surface water, sediment and 
biota in U.S. marine and estuarine environments. PBDEs occur at higher levels in urbanized regions 
and, in some cases, at concentrations among the highest found in the world (Holden et al. 2003, She 
et al. 2004, Stapleton et al. 2006, Fair et al. 2007, Kannan et al. 2007). Seasonal variations in con
centrations have been observed (Sellstrom et al. 1993), for example, lipid-normalized concentrations 
in herring were higher in the spring than fall probably due to a lower fat content in spring. 

In the United States marine environment, BDEs 28, 47, 49, 66, 99, 100, 153, 154, and 155 were 
detected in more than 75% of the studies in which these congeners were analyzed. BDEs 47, 99, 
and 100 typically dominate the composition of PBDEs in most samples and exhibit high concentra
tions in several matrices. Higher congener levels in the U.S. marine environment as compared to 
elsewhere may be due, in part, to the predominant use of the Penta-BDE technical formulation in 
the United States. For example, BDE47, BDE99, and BDE100 typically dominate the composition 
of PBDEs in most samples. BDE17, BDE28, BDE33, BDE49, BDE153, BDE154, and BDE155 are 
also of concern since they are known to be present in a minor proportion in the Penta-BDE products 
(La Guardia et al. 2006). Mono through tri-brominated congeners such as BDE2, BDE8, BDE15, 
and BDE30 have been detected in U.S. marine organisms (Quakenbush 2007) even though these 
congeners do not occur at detectable levels in the technical formulations. 

It has been speculated that the presence of lower brominated BDEs reflects debromination of the 
higher brominated BDEs to less brominated congeners is occurring (Hua et al. 2003, Eriksson et al. 
2004, Soderstrom et al. 2004). However, BDE206, BDE207, BDE208, and BDE209, which occur 
in the Deca-BDE technical formulation, are not as prevalent in marine organisms in U.S. waters. 
Sharks are an exception as they have been found to contain high levels of BDE-209 (Johnson-
Restrepo et al. 2005). 

From the available U.S. studies, total PBDEs in either whole or fi llet fish tissues range from 
nondetect to approximately 1300 ng/g ww in U.S. waterways; the highest levels tend to occur in 
the mid-Atlanta and southeastern regions and the Great Lakes. Levels in fish in the United States 
are comparable to those reported in Europe, with the exception of the Nordic countries, and 
higher than levels reported in Canada. By comparison, total PBDEs in either whole or fi llet fi sh 

http://www.el.erdc.usace.army.mil


  

 

 

 
 

TABLE 3.7 
 No Observable Effect Tissue Residues (NOERs) Associated with PBDEs in Tissues Reported 

in Fish and Other Aquatic Organisms 

Chemical and CAS # Species Common Name Range Mean Effect 

PBDE-47 

40088-47-9 
Fathead minnow 

16–51 

51–61 

42.4 

47.4 

Physiological

Reproductive 

PBDEs 

32534-81-9 
Salmon—Atlantic 180–565 373.3 Biochemical 

PBDEs 22–24.3 23.4 Behavior 

32534-81-9 Oligochaete 22–24.3 23.4 Growth 

24.3 — Mortality 

PBDEs 

32534-81-9 
African Clawed Frog 

99.3 

1030 

— 

— 

Development 

Physiological 

PBDE 

101-84-8 
Trout—Lake 0.06–0.2 0.13 Physiological

PBDE 1.00E-07–6.00E-04 6.89E-05 Physiological
Common carp (Juvenile) 

101-84-8 

 Notes: All data in μg/g wet weight. Exposure routes include absorption, injection, and/or ingestion, or in combination. 
 Source: U.S. EPA/U.S. ACE ERED Database (accessed April 2009) (http://el.erdc.usace.army.mil/ered/). 

127 Dioxins, PCBs, and PBDEs in Aquatic Organisms 

tissues ranged as high as approximately 10000 ng/g ww in Sweden, including fish from the Baltic 
Sea. However, data are generally limited, and the congeners, measurement units, and nomencla
ture used to report results vary widely, making direct comparisons diffi cult. 

With the exception of differences attributed to reporting “total PBDEs” based on some, but not 
all, congeners in whole body or certain tissues, the wide range is likely attributed to differences in 
feeding habits and trophic level. Among salmon, two studies found differences between Chinook 
and the other four salmon species that are likely due to differences in feeding habits (Hites et al. 
2004). Coho, chum, pink, and sockeye salmon diets are based on zooplankton and invertebrates, 
while Chinook salmon tends to feed on higher trophic level organisms. In addition, Chinook salmon 
caught in coastal Oregon waters had higher PBDE levels than the same species caught in coastal 
Alaskan waters. 

In bivalves, not all congeners are readily bioavailable since only BDEs 47, 99, and 100 have been 
found in bivalve tissues in both east and west U.S. coasts at levels as much as three orders of magni
tude higher than detected in mussels from Europe, Asia, and Greenland (Yogui and Sericano 2009). 
According to Sericano et al. (2003) mean concentrations were highest in the Atlantic coast (39 ng/g 
dry wt; range: nd–145 ng/g) and Pacifi c coast (22 ng/g dry wt; range: nd–53 ng/g) than in the Gulf 
of Mexico (5.3 ng/g dry wt; range: 0.6–366 ng/g). 

3.6 ECOTOXICOLOGICAL EFFECTS 

Detailed reviews of the ecotoxicological effects of dioxins, PCBs, and PBDEs in aquatic organisms 
are available elsewhere (Niimi 1996, de Boer and Denneman 1998, U.S. EPA 2001, 2002, Giesy 
et al. 2003). Briefly, ecotoxicology studies conducted over the past two decades suggest that the 
mode of action among dioxins and dioxin-like PCBs is broadly the same, at least among vertebrate 
animals. The mode of action for PBDEs is the subject of considerable debate, at present. Most 
studies have been conducted on laboratory rodents and primates, which have traditionally been 
used as models to extrapolate the results to studies of potential human health effects. Laboratory 

http://www.el.erdc.usace.army.mil
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studies involving fish indicate similar modes of action, though the number of studies is signifi cantly 
fewer; there is little laboratory ecotoxicological information for invertebrates, amphibians, and 
other aquatic species. It has not been firmly established that the mode of action is the same among 
all vertebrate species or in invertebrates. 

3.6.1 DIOXIN TOXICITY 

The mechanism of action for dioxin (and dioxin-like compounds) is generally accepted to function 
by binding to a vertebrate cytosolic protein known as the aryl hydrocarbon receptor (AhR) and 
inducing transcriptional upregulation of the AhR gene battery (Nebert et al. 2000, Mandal 2005). 
Although subject to some debate, invertebrates do not possess this receptor and are generally con
sidered less sensitive to dioxins (Butler et al. 2001). The genes known to be regulated through the 
AhR include drug-metabolizing enzymes, of which cytochrome P450 or CYP1A are best known. 
This signal transduction pathway from AhR binding to gene expression in fish and the role of these 
genes in the toxicity induced by dioxins and dioxin-like PCBs has been extensively studied in the 
past decade. Fish, like mammals possess monooxygenase enzymes (such as CYP1A) designed to 
detoxify chemicals; however, the phase I metabolites of some contaminants may be more toxic than 
the parent compound (Guengerich and Liebler 1985). Induction of CYP1A is mediated through the 
binding of chemicals to AhR. AhR ligands generally have isoteric configurations and are similar 
in structure to 2,3,7,8-TCDD, a model CYP1A inducer. Receptor binding is followed by a series 
of molecular events leading to the expression of several genes (including CYP1A) known as the 
“Ah-gene battery” (Nebert et al. 1993). The toxic effects of dioxin and structurally similar com
pounds are thought to be mediated through the AhR, with induced proteins causing alterations in 
cellular homeostasis (DeVito et al. 1994). In mammals, these effects include wasting syndrome, 
tumor promotion, and thymic atrophy (Poland and Knutson 1982). In fish, early life stages appear to 
be particularly sensitive to AhR ligands (Mehrle et al. 1988, Walker and Peterson 1991), and recent 
evidence indicates the involvement of CYP1A enzymes specifically in this toxic response (Cantrell 
et al. 1996). 

A wide range of effects have been observed in fish, aquatic invertebrates, benthic organisms 
exposed to dioxins in laboratory and field studies (Grimwood and Dobbs 1995, Boening 1998). 
The early developmental stages of most vertebrates are susceptible to the effects of dioxins, and the 
developing embryos of oviparous vertebrates are particularly prone to these adverse effects (Zabel 
et al. 1995, Zabel and Petersen 1996). Symptoms of dioxin exposure in fish embryos and fry include 
edema of the yolk sac and pericardium, hemorrhaging in the head and tail regions, craniofacial  
deformities, and wasting syndrome (Giesy et al. 2002, Heiden et al. 2005, Carney et al. 2006). The 
cardiovascular system, and in particular the vascular endothelium of the developing embryo, has 
been identified as uniquely sensitive to cytochrome P4501A enzyme induction in early life stages of 
freshwater fish such as lake trout, and marine fish such as seabreem (Guiney et al. 1997, Yamauchi 
et al. 2006). 

Adverse impacts to fish tend to be greater when exposure involves tetra-, penta-, and hexa
chlorinated congeners. Lower chlorinated congeners tend to be more rapidly metabolized and elimi
nated, while higher chlorinated compounds have limited membrane permeability and bioavailability. 
It is theorized that the elevatedexposure risk that fish experience through water, sediment, and dietary 
sources of dioxin has led to reduced and, in somecases, failed recruitment of young fish into breeding 
populations. For example, populations of lake trout in the Great Lakes were thought to be limited by 
dioxin-like contaminants in the 1960s–1970s through recruitment failure (Cook et al. 2003). 

Aquatic toxicity data for organisms exposed in water to dioxins and furans are summarized in 
Tables 3.11 and 3.12, respectively. Figure 3.13 illustrates variations in the sensitivities of aquatic 
organisms exposed in water to 2,3,7,8-TCDD. As was shown in the tissue residue SSDs, early life 
stages of aquatic organisms are more sensitive to dioxins than adult life stages; however, sensitiv
ities vary over approximately three orders of magnitude. Clear differences in the sensitivities of 
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FIGURE 3.13 2,3,7,8-TCCD and TBDD chronic water exposure LC50 species sensitivity distribution 
(exposure duration: 30–80 days). (From U.S. EPA ECOTOX Database, accessed April 2009; http://cfpub.epa. 
gov/ecotox) 

various fish species are evident between medaka and trout. Amphibians and crustaceans appear to 
be less sensitive to dioxins than fish; although the available data are too sparse to generate meaning
ful interspecies comparisons (Loonen et al. 1996). Studies have shown that many invertebrates do 
not possess a functional AhR, which may account for the apparent lack of susceptibility to dioxins 
reported in most invertebrate studies, though effects have been observed in a few species (Ashley 
et al. 1996, West et al. 1997, Wu et al. 2001). No significant mortality or morphological abnor
malities have been observed in eggs, tadpoles, and frogs, which tend to eliminate dioxin relatively 
quickly, and appear to be about 100- to 1000-fold less sensitive to the deleterious effects of dioxin 
than early life stages of fi sh (Davies 1999, Karchner et al. 2000). Shorter birth cycles (3–6 days in 
most amphibians compared to 60 days or longer in fish) and reliance by fish on a yolk sac containing 
maternal lipids for 120 days after hatching are plausible explanations (Iguchi et al. 2001). 

3.6.2 PCB TOXICITY 

Less so than in the 1980s and 1990s, ecotoxicological work in aquatic organisms continues to focus 
on the toxicity of commercial PCB formulations such as Aroclor, Clophen, Kanechlor, Chlorofen, 
Sovol, Delor, Phenoclor, and Chinese PCB mixtures (Lerner et al. 2007, Burkhard and Lukasewycz 
2008). Toxicity from exposure to mixtures and individual PCB congeners has been demonstrated in 
several species of fish, aquatic invertebrates, benthic organisms, and avian and mammalian species; 
however, there is far less information on the chronic effects of PCBs on the full life cycles of aquatic 
animals. Considerable work has been done to understand cause–effect relationships between PCB 
levels and congener mixtures in sediment and sediment toxicity to benthic organisms (Fuchsman 
et al. 2006, Beckert and Ginn 2008). 

Adverse effects to aquatic organisms include mortality, impaired growth and reproduction, dis
ruption of the endocrine and immune systems, biochemical changes, behavioral alteration, and 
mutagenicity (Safe 1994, Fisk et al. 2005, Jorgensen et al. 2006). It is generally believed that the 
non- and mono-ortho substituted or planar congeners are more toxic than nonplanar PCBs due to 
their ability to interact with the Ah receptor (Giesy and Kannan 1998, Simon et al. 2007). 

http://www.cfpub.epa.gov
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PCB toxicity in fish has been shown during embryo development and early larval stages, with expo
sure occurring through maternal transfer of PCBs to eggs during oogenesis (Table 3.13; Dethlefsen 
et al. 1996, Niimi 1996). PCBs have been associated with reduced egg hatchability and fry mortality at 
water concentrations orders of magnitude less than concentrations causing adult mortality (Eisler and 
Belisle 1986). Reproductive anomalies include inhibition of spermatogenesis and various testicular 
abnormalities as well as disruption of reproductive endocrine function (Sangalang et al. 1981, Vethaak 
et al. 2002, Khan and Thomas 2006). Interspecies differences in sensitivity and potency are evident 
in fish (Rankouhi et al. 2004). Similar to the dioxins, invertebrates are comparatively insensitive to 
PCBs, although some effects are evident for some congeners at high concentrations (Leney et al. 2006, 
Jofre and Karasov 2008). Similar to fish, maternal transfer of PCB to eggs has been shown in snap
ping turtles (Chelydra serpentina) (Eisenreich et al. 2009). Although maternal exposure of PCBs in 
C. serpentina has been shown not to affect embryonic development or hatching success, high rates of 
mortality are evident in individuals exposed maternally to PCBs beginning approximately 8 months 
after hatching (Eisenreich et al. 2009). 

Figure 3.14 illustrates variations in the sensitivities of aquatic organisms exposed in water to 
PCBs. Similar to the dioxins, the early life stages of aquatic organisms are more sensitive to PCBs 
than adult life stages, and sensitivities vary among aquatic organisms over several orders of mag
nitude. While invertebrates are shown to be less sensitive to dioxin exposure, the sensitivities of 
various aquatic organisms to PCB exposure is less clear, particularly during the earlier stages of 
development. Unlike the dioxins, invertebrates show greater sensitivity to chronic PCB exposure 
than fish; however, toxicity testing methods may account for some of the differences. 

3.6.3 PBDE TOXICITY 

A comprehensive overview on the toxicological effects of PBDEs is available elsewhere (e.g., 
McDonald 2002, Darnerud 2003, 2008, Legler and Brouwer 2003, Hamers et al. 2006). Despite the 
presence of PBDEs in numerous aquatic habitats and their detection in aquatic organisms collected 
in aquatic environments, little information is available, at present, on the toxicity of these compounds 
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FIGURE 3.14 Aroclor 1254 chronic water exposure LC50 species sensitivity distribution (exposure  duration: 
20–35 days). (From U.S. EPA ECOTOX Database, accessed May 2009; http://cfpub.epa.gov/ecotox) 
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to aquatic organisms. PBDEs are suspected to be toxic to aquatic organisms, but dose–response 
relationships have yet to be developed (Ross et al. 2009). 

Results from the few available laboratory studies indicate that PBDEs disrupt thyroid hor
mones in rodents and may have endocrine-disrupting effects on aquatic organisms (de Wit et al. 
2006, Darnerud 2008, Talsness 2008). Studies on effects of PBDEs in fish species have revealed 
changes in hematocrit and blood glucose as well as reduction in spawning success (de Wit 2002). 
Plasma thyroxine levels decreased in juvenile rainbow trout (Salvelinus namaycush) fed a mixture 
of 13 PBDE congeners after a 56-day exposure period (Tomy et al. 2004). Male fathead minnows 
(Pimephales promelas) show decreased sperm production after oral intake of the tetra-brominated 
congener, BDE-47 (Muirhead et al. 2006). Behavioral effects such as altered larval swimming 
activity, predation rates and learning skills were observed in killifi sh (Fundulus heteroclitus) lar
vae exposed during embryonic development to as little as 0.001 μg/L commercial PBDE mixture 
(Timme-Laragay et al. 2006). Due to their structural similarity with PCBs and their affi nity for 
the same cellular receptor (Luthe et al. 2008),  it is possible that PBDE ecotoxicity will be found 
comparable to PCBs. 

Summary 

Although scientific interest regarding the ecological effects of dioxins, PCBs, and PBDEs stems 
from our knowledge of human health, much work remains regarding assessing risks to aquatic 
organisms. In fact, current information is insufficient to provide a thorough understanding of 
the potential for exposure and associated risks. Consequently, the few available environmen
tal quality guidelines for these compounds are based on limited ecotoxicity data. While the 
most sensitive and ecologically important endpoints for mammals and birds are associated with 
reproduction, as shown in the ecotoxicity tables provided, there is a lack of reproduction bio
assays and toxicokinetic information, for most aquatic species, which is needed to establish 
well-defined dose–response relationships. Outside the laboratory, it has not often been possible 
to demonstrate a clear cause/effect relationship between biological response and exposure to 
dioxins, PCBs, or PBDEs. 

Furthermore, it is generally acknowledged that assessing the probability of an individual 
organism experiencing harm (e.g., reproductive impairment or mortality) is not useful for eco
logical assessment; risk is more appropriately assessed at the population, rather than the indi
vidual, level (Stark et al. 2004, Dearfield et al. 2005). Population endpoints, however, tend to be 
difficult to assess, requiring the use of dynamic population models covering effects on survival, 
breeding success, and immigration. In general, well validated population models do not yet 
exist for the majority of species, and it is difficult to estimate the extent of mortality or repro
ductive failure that could be incurred. Since population models are rarely available, it is more 
common for ecological risk assessments to define the NOEL for endpoints such as mortality or 
reproductive effects in individuals, and to assume that these may be used to set levels that will 
protect the whole population. Still, few NOEL values for dioxins, PCBs, and PBDEs are avail
able, and those that are available are associated with high degrees of uncertainty (Bhavsar et al. 
2007, 2008b). 

Reflecting on the current state of knowledge regarding dioxins, PCBs, and PBDEs in aquatic 
organism, the available data in the published literature and results of the two largest studies in 
North America suggest the following trends: 

• 	 The frequency of detection of dioxins in the Continental United States is highest in the 
east and northeast and lowest in the west and southwest regions of the United States. 

• 	 Consistent with the trend observed for dioxins, mean total PCBs in fish from the west
ern U.S. are lower than in fish from the eastern U.S.; in the Great Lakes, mean total 
PCBs in fish are highest in Lake Ontario and lowest in Lake Huron. 
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• 	 Dioxin, PCB, and PBDE levels are generally higher in bottom-feeding fish than in 
pelagic fi sh. 

• 	 The most frequently detected dioxin congeners in fish include four PCDD compounds 
(2,3,7,8-TCDD; 1,2,3,7,8-PeCDD; 1,2,3,6,7,8-HxCDD; and 1,2,3,4,6,7,8-HpCDD) and 
3 PCDF compounds (2,3,7,8-TCDF; 2,3,4,7,8-PeCDF; and 1,2,3,4,6,7,8-HpCDF). 

• 	 The results from the U.S. EPA and Ontario MOE studies indicate that four of the 
2,3,7,8-substituted dioxin congeners are most prevalent in fish and contribute most to 
total TEQ (1,2,3,7,8-PeCDD; 2,3,4,7,8-PeCDF; 2,3,7,8-TCDD; and 2,3,4,7,8-PeCDF). 

• 	 Generally, early life stages of aquatic organisms are more sensitive to dioxins, PCBs, 
and PBDEs than adult life stages; however, the available ecotoxicology data indicates 
that sensitivities vary over approximately three orders of magnitude. 

• 	 Amphibians and crustaceans appear to be less sensitive to dioxins than fi sh; although 
the available data on invertebrates are too sparse to generate meaningful interspecies 
comparisons. 

• 	 Evaluating and predicting dioxin, PCB, and PBDE toxicity to aquatic organisms 
remains difficult; effect levels correlating to tissue residues vary over several orders of 
magnitude depending on species and life stage. Site-specific studies remain, at present, 
the best means for determining injuries to aquatic life and impairment of ecosystems. 
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Fish became contaminated with methylmercury to levels dangerous to consumers. There is little   
evidence to show what levels of mercury contamination in the fi sh may be lethal to the creatures  
themselves. 

F. A. J. Armstrong (1979) 

 . . . scant progress has been made in defi ning  fi sh-tissue residues of mercury associated with toxic effects 
and in assessing the toxicological signifi cance of methylmercury at environmentally relevant exposure  
levels. Armstrong’s statement . . . remains applicable 15 years later. 

J. G. Wiener and D. J. Spry (1996) 
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4.1 INTRODUCTION 

Scientific understanding of the adverse effects of methylmercury exposure on freshwater fi sh has 
advanced substantially since the first-edition chapter on this topic was prepared by Wiener and Spry 
(1996). Sublethal and reproductive effects of methylmercury in freshwater fish have been observed 
at environmentally relevant exposure levels in a number of recent field and laboratory studies. 
Moreover, the fish-tissue concentrations associated with adverse effects in many of these studies are 
much lower than those summarized by Wiener and Spry (1996). 

Methylmercury contamination of fish remains a geographically widespread problem that has 
diminished the recreational, economic, and nutritional benefits derived from fishery resources in 
many fresh waters. In 2008, more than 68,000 km2 of lake area and 2,019,000 km of rivers were 
under fish-consumption advisory for mercury in the United States, with mercury accounting for 
80% of the advisories in the nation (U.S. EPA 2009). In Canada, 97% of fi sh-consumption adviso
ries are attributed to mercury (U.S. EPA 2001). Atmospheric transport and deposition of mercury 
from anthropogenic sources has contaminated landscapes, surface waters, and aquatic food webs 
supporting freshwater fish production on a global scale. Analyses of sediment cores from remote 
lakes in both hemispheres, for example, show that net mercury deposition has increased about three
fold since preindustrial times because of anthropogenic emissions (Bindler et al. 2001, Lamborg 
et al. 2002, Lindberg et al. 2007). 

Many fresh waters contain fish with high mercury concentrations. Early work on mercury
 contaminated fish focused on waters polluted by industrial and mining sources. At such sites, 
mercury concentrations in fi sh have declined but commonly remain elevated for decades after 
peak pollution and cessation of operations (Turner and Southworth 1999, Wiener et al. 2003, 
Kinghorn et al. 2007). Mercury levels in fish also are elevated in aquatic systems that have 
enhanced entry of methylmercury into the base of the food web, as a result of significant 
influxes of methylmercury from external sources, high  in situ rates of methylmercury pro
duction in bed sediments or anoxic hypolimnia, or a combination of these and other biogeo
chemical, biological, trophic, and human factors (Wiener et al. 2003, Munthe et al. 2007, 
Chasar et al. 2009). In newly flooded reservoirs, for example, concentrations of methylmer
cury in water, zooplankton, and fish increase rapidly after flooding of vegetated wetland or 
upland terrestrial habitats, in response to greatly increased rates of microbial methylation of 
inorganic Hg(II) present in the inundated landscapes (Kelly et al. 1997, Paterson et al. 1998, 
Bodaly and Fudge 1999, Bodaly et al. 2004, Hall and St. Louis 2004). Concentrations of 
methylmercury in piscivorous fish can increase as much as 10-fold in new reservoirs relative 
to preflood or reference values, and remain elevated for 20–30 years after fl ooding (Bodaly 
et al. 2007). Mercury concentrations in fish also increase in response to fluctuating water levels 
(Sorensen et al. 2005). Wetlands are sites of active mercury methylation, and water and biota 
in wetland-influenced lakes and streams can contain elevated concentration of methylmercury 
(Hurley et al. 1995, Branfireun et al. 2005, Wiener et al. 2006, Brigham et al. 2009, Chasar 
et al. 2009). 

We summarize recent findings on the ecotoxicology of methylmercury in freshwater fi sh, with 
emphasis on assessing the toxicological significance of mercury concentrations in fi sh tissues. 
Our primary objectives are (1) to briefly summarize the state of scientific knowledge regard
ing bioaccumulation of mercury in fish; (2) to review recent advances in the state of scientifi c 
knowledge regarding toxicological effects of methylmercury in freshwater fish; and (3) to identify 
mercury concentrations in tissue associated with toxicological effects on fish. We do not revisit 
earlier studies of mercury-contaminated fish at grossly polluted sites, such as Minamata Bay  
(Japan) and Clay Lake (Ontario), which were reviewed in the first-edition chapter by Wiener and 
Spry (1996). 
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4.2 METHYLMERCURY BIOACCUMULATION IN FRESHWATER FISH 

We begin with a brief review of mercury bioaccumulation in fish, as a prelude to the following 
sections on toxic effects. This summary is based on a number of reviews (Wiener and Spry 1996, 
Wiener et al. 2003, Crump and Trudeau 2009), as well as the original reports cited. 

Nearly all of the mercury in fish is methylmercury (Grieb et al. 1990, Bloom 1992, Hammerschmidt 
et al. 1999), a highly toxic compound that readily crosses biological membranes, accumulates in 
exposed organisms, and can biomagnify to high concentrations in fish and wildlife atop aquatic 
food webs (Wiener et al. 2003, Scheuhammer et al. 2007). Methylmercury accumulates in fi sh to 
concentrations that exceed those in surface waters as much as 106 to 107 fold (Wiener et al. 2003). 
Most of the mercury in air, atmospheric deposition, watersheds, and surface waters exists as inor
ganic forms. However, inorganic mercury—in marked contrast to methylmercury—is not readily 
transferred through successive trophic levels and does not biomagnify (Watras et al. 1998, Pickhardt 
et al. 2002). Fish accumulate very little inorganic mercury (Oliveira Ribeiro et al. 1999), even in 
surface waters and ecosystems containing unusually high concentrations of inorganic mercury 
(Southworth et al. 1995, Kuwabara et al. 2007, Suchanek et al. 2008). Mercury in fish muscle is typ
ically quantified by determination of total mercury, which requires less effort and cost than deter
mination of methylmercury. Unless specifically indicated, the fish-mercury concentrations reported 
herein were from determination of total mercury. 

Processes that affect the mass of methylmercury in aquatic ecosystems or its concentration at 
the base of the aquatic food web strongly affect its concentration in all trophic levels, including fi sh 
(Paterson et al. 1998, Wiener et al. 2003, Munthe et al. 2007, Chasar et al. 2009). Such processes 
include the production of methylmercury via the microbial methylation of inorganic Hg(II) and the 
destruction of methylmercury by microbial demethylation and photodemethylation. Concentrations 
of methylmercury in fish also can be influenced by biodilution of methylmercury at the base of the 
food web by algal blooms or high algal biomass (Pickhardt et al. 2002, 2005, Chen and Folt 2005). 

Wild fish obtain methylmercury mostly from food (≥90% of total uptake) and—to a much lesser 
extent—from water passed over the gills (Rodgers 1994, Wiener and Spry 1996, Hall et al. 1997, 
Harris and Bodaly 1998). Most of the methylmercury in ingested prey is assimilated across the  
gut, with assimilation efficiencies of 65–80% estimated by bioenergetics-based modeling (Rodgers 
1994) and efficiencies of about 90% estimated in recent laboratory experiments (Pickhardt et al. 
2006). Uptake of methylmercury from water passing over the gills is less efficient, with assimila
tion of about 10% estimated by Phillips and Buhler (1978) and Rodgers and Beamish (1981). In the 
laboratory, fish can accumulate high concentrations of methylmercury via direct uptake from water 
if exposed to waterborne concentrations that greatly exceed those in toxic surface waters, which 
typically contain less than 1.0 ng Hg/L as methylmercury (Wiener and Spry 1996). 

Methylmercury in digested food is rapidly assimilated into the intestine and is transferred to the 
blood, where most of it enters red blood cells and circulates throughout the body (Oliveira Ribeiro 
et al. 1999). The passage of methylmercury from the red blood cells to the tissues and organs 
involves the intermediate transfer from the red blood cells to the plasma, which is probably a rate-
limiting step in the systemic transfer of methylmercury because of the low concentration of small 
mobile sulfhydryl ligands in the plasma (Oliveira Ribeiro et al. 1999). 

Concentrations of methylmercury in fish are typically greatest in the blood and the highly 
perfused spleen, kidney, and liver. Assimilated methylmercury in experimentally exposed fi sh is 
redistributed among the tissues and organs within a few weeks; the concentrations and masses in the 
blood and visceral organs (spleen, kidney, and liver) decrease after experimental exposure to water
borne or dietary methylmercury ceases, and much of the redistributed methylmercury accumulates 
in skeletal muscle (Oliveira Ribeiro et al. 1999)—bound to cysteine in protein (Harris et al. 2003, 
Kuwabara et al. 2007). In experimentally exposed fish, the route of uptake (i.e., from food or water) 



 

 

  

 
   

  
 

 

   
 

 

 
 

  

 

 

 
  

 

 
  

  
 

 
   

172	 Environmental Contaminants in Biota 

has little effect on the internal distribution of methylmercury among the organs and tissues (Wiener 
and Spry 1996), except that concentrations in the gills are much greater after waterborne (than 
dietary) exposure, and concentrations in the intestines are greater after dietary exposure (McKim 
et al. 1976, Huckabee et al. 1979, Boudou and Ribeyre 1983, Harrison et al. 1990). Fish eliminate 
methylmercury very slowly (Trudel and Rasmussen 1997, Van Walleghem et al. 2007). 

Concentrations of methylmercury in the skeletal muscle of individual fish in a given water body 
typically increase with increasing size or age (Phillips and Buhler 1978, Huckabee et al. 1979, 
Lange et al. 1993), partly because of the extremely slow rate of elimination of methylmercury 
relative to its rapid and effi cient dietary uptake. In addition, the methylmercury content of the diet 
of some fishes, particularly those that are piscivorous as adults, increases as the fish grow larger 
(MacCrimmon et al. 1983, Mathers and Johansen 1985). The rate of methylmercury accumulation 
in lake trout (Salvelinus namaycush), for example, increases greatly when the fish become large 
enough to switch from a diet of invertebrates to prey fish (MacCrimmon et al. 1983). 

Fish seem to have few defenses against methylmercury, which readily crosses the gills, intestines, 
and internal cellular membranes and is neither effectively excreted nor bound to metallothioneins 
(Wiener and Spry 1996). In mammals, demethylation in the liver is a key step in the elimination of 
mercury accumulated as methylmercury. Wiener and Spry (1996, p. 312) concluded that there was 
no compelling evidence of  in vivo demethylation of methylmercury by freshwater fi sh. However, 
Drevnick et al. (2008), who analyzed northern pike (Esox lucius) from lakes in Isle Royale National 
Park (a remote archipelago in Lake Superior), found that methylmercury constituted most of the 
mercury in livers with total mercury less than 0.5 μg/g wet weight, but only 28–51% of the total 
mercury in livers with total concentrations exceeding 0.5 μg/g. Drevnick et al. (2008) hypothesized 
that the low percent methylmercury observed in livers of northern pike from Isle Royale was due to 
the accumulation of inorganic mercury, rather than to hepatic demethylation of methylmercury. Yet 
Evans et al. (2000), who reported similar patterns in the methylmercury fraction in livers and kidneys 
of wild river otter (Lutra canadensis) from south-central Ontario, interpreted variations in percent 
methylmercury among individual otters as evidence of demethylation. We believe that the question of 
demethylation of methylmercury in fish remains unresolved and merits focused research. 

4.3  	TOXICOLOGICAL EFFECTS OF METHYLMERCURY 
EXPOSURE ON FRESHWATER FISH 

4.3.1 EFFECTS ON SURVIVAL AND GROWTH 

Survival, growth, and reproduction are endpoints commonly measured in toxicity tests with fi sh 
(Organization for Economic Cooperation and Development 1992a, 1992b, U.S. EPA 2002a, 2002b) 
and frequently used to estimate threshold concentrations of contaminants for regulatory purposes. 
Direct mortality due to methylmercury is observed only at unusually high tissue concentrations 
(6–20 µg/g wet weight in muscle) in cases involving extreme, gross pollution (Wiener and Spry 
1996). The effects of methylmercury on growth of fish vary between laboratory experiments in 
which fish were fed contaminated diets (Table 4.1) and field studies that assessed the relation 
between fish condition and mercury concentrations in the tissues (Table 4.2). Hammerschmidt et al. 
(2002), for example, reported that fathead minnows (Pimephales promelas) fed a methylmercury-
contaminated diet were larger than control fish. Wet weights of male and female minnows were 
weakly, positively correlated with mercury burdens in the fish, and females with 5.6 µg/g wet weight 
in the carcass were about 30% larger than control fish containing 0.12 µg Hg/g (wet concentrations 
estimated from dry-weight values in Table 2 of Hammerschmidt et al. 2002). In contrast, juvenile 
male walleye (Sander vitreus) with a mean concentration of 2.4 µg Hg/g wet weight in the carcass 
(minus viscera), after 6 months on a methylmercury-contaminated diet containing 1.0 µg Hg/g wet 
weight, had slower growth than male controls with 0.25 µg Hg/g (Friedmann et al. 1996). Houck 
and Cech (2004), however, found no alteration in bioenergetics or growth of juvenile Sacramento 
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blackfi sh (Orthodon microlepidotus) that had accumulated about 0.75 µg/g wet weight in axial mus
cle from a methylmercury-contaminated diet containing 0.52 µg Hg/g dry weight and administered 
for 70 days. Growth rates were reduced in Sacramento blackfish fed diets with 22.1 and 55.5 µg Hg/g 
dry weight and accumulated mercury concentrations in axial muscle of about 15 µg/g wet weight or 
greater (Houck and Cech 2004); however, the  methylmercury levels in these two treatments vastly 
exceed those that would be typically encountered by wild freshwater fi sh. 

In field studies, an inverse relation between mercury concentration in tissue and condition  factor 
(an index of fish weight relative to length; Anderson and Neumann 1996) has been reported for 
several fishes, including northern pike from Isle Royale National Park, Michigan (axial muscle,  
0.07–0.62 µg Hg/g wet weight; Drevnick et al. 2008), walleye from the upper Columbia River (axial 
muscle, 0.21–0.39 µg Hg/g wet weight; Munn and Short 1997), white sturgeon (Acipenser trans
montanus) from the lower Columbia River (liver, 0.02–0.78 µg Hg/g wet weight; Webb et al. 2006), 
and striped bass (Morone saxatilis) from Lake Mead (axial muscle, 0.06–1.06 µg Hg/g wet weight; 
Cizdziel et al. 2003). In some field studies, the relation between methylmercury exposure and fi sh 
condition may be confounded and complicated by other, co-occurring contaminants or by changes 
in condition factor with fi sh age. 

4.3.2 EFFECTS ON BEHAVIOR 

Fish behavior is a sensitive and ecologically important indicator of contaminant stress. Critical 
reviews indicate that swimming (Little and Finger 1990) and feeding behaviors (Sandheinrich and 
Atchison 1990) of many fishes can be disrupted by chemicals at concentrations that subsequently 
reduced growth. Similarly, dietary methylmercury altered the predator-evasion behavior of adult 
golden shiners (Notemigonus crysoleucas) that were fed diets containing 0.01–0.96 µg Hg/g dry 
weight for 90 days and subsequently tested with a model avian predator (Webber and Haines 2003). 
Brain acetylcholinesterase did not differ among the treatment groups, yet golden shiners with 
whole-body concentrations of 0.52 µg Hg/g wet weight after being fed the high-methylmercury diet 
(0.96 µg Hg/g) were hyperactive and had altered shoaling behavior relative to fish fed control or low-
methylmercury diets. Mercury concentrations in fish with altered behavior in the laboratory were 
within the range of concentrations measured in wild golden shiners inhabiting lakes in the northern 
United States, leading Webber and Haines (2003) to conclude that methylmercury exposure would 
also alter predator-avoidance behavior of wild golden shiners and possibly increase their vulner
ability to predation. Fjeld et al. (1998) increased the concentrations of methylmercury in grayling 
(Thymallus thymallus) by exposing eggs to four treatments of aqueous methylmercury ranging from 
0.16 to 20 µg Hg/L for 10 days. Concentrations of mercury ranged from 0.09 to 3.8 µg/g wet weight 
in newly hatched fry of grayling, which were raised for 3 years without supplemental methylmer
cury in either water or diet and then tested in foraging experiments with Daphia magna as prey. 
In tests with 3-year-old grayling (length 13.8 ± 0.8 cm), fish from treatment groups with mercury 
concentrations of 0.27 µg/g wet weight or greater as newly hatched fry had impaired feeding effi 
ciencies and reduced competitive abilities relative to controls (0.01 µg Hg/g wet weight as fry) and 
would be expected to grow at a slower rate in the wild. 

The consequences of methylmercury exposure may be more severe for wild fish than for fi sh 
in laboratory tests in which fi sh are provided ample food (Wiener and Spry 1996). The neurotoxic 
effects of methylmercury may severely impede the ability of wild fish to locate, capture, handle, and 
ingest prey and to avoid predation. 

4.3.3 EFFECTS ON REPRODUCTION 

There is compelling and consistent evidence from laboratory and field studies indicating that meth
ylmercury impairs reproduction of fish at environmentally relevant concentrations (Scheuhammer 
et al. 2007, Crump and Trudeau 2009, Tan et al. 2009). Moreover, it impairs reproduction, in part, 
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by disruption of the hypothalamic-pituitary-gonadal axis and is an endocrine disrupter (Colborn 
et al. 1993, Tan et al. 2009). In separate experiments, Hammerschmidt et al. (2002) and Drevnick 
and Sandheinrich (2003) fed fathead minnows from the juvenile stage through sexual maturity with 
diets contaminated with methylmercury chloride. At sexual maturity, pairs of male and female 
fathead minnows were provided with spawning substrates and allowed to reproduce. Dietary meth
ylmercury markedly altered several reproductive endpoints, and results were consistent between 
studies. For example, the spawning success of pairs of fish with mean carcass (i.e., whole body minus 
gonads) concentrations of 0.71–0.92 µg Hg/g wet weight was about 60% or less than that of fi sh fed 
control diets. Spawning of methylmercury-contaminated fish was delayed by an average of 5 days in 
fish that spawned (Drevnick and Sandheinrich 2003). Daily reproductive effort (eggs laid per gram 
of female carcass per day) and instantaneous rate of reproduction were suppressed; the reproductive 
potential of female controls was calculated to be 1.4 times that of females with 0.85 µg Hg/g wet 
weight (Hammerschmidt et al. 2002). Male reproductive behavior was also affected. Control males 
spent about 5% of their time spawning and were inactive only 8% of the time, whereas males with 
mean carcass concentrations of 0.71 µg Hg/g wet weight spent 0.5% of their time spawning and 
were inactive 19% of the time (Sandheinrich and Miller 2006). Altered reproduction was associated 
with suppression of plasma estradiol and testosterone. Plasma testosterone concentrations in male 
fathead minnows fed control diets were 20% and 106% greater, respectively, than those in fi sh fed 
methylmercury-contaminated diets and with 0.86 and 3.6 µg Hg/g wet weight in the carcass. Female 
controls (0.08 µg Hg/g wet weight in carcass) had estradiol concentrations 149% and 402% greater 
than those in fish with 0.92 and 3.8 µg Hg/g wet weight in the carcass (Drevnick and Sandheinrich 
2003). Expression of genes related to endocrine function also was altered in these fish (Klaper et al. 
2006). Tan et al. (2009) have critically reviewed literature on the effects of mercury on the endo
crine systems of humans and wildlife, including fi sh. 

Field studies also have documented altered sex hormones in fish relative to mercury burden. Webb 
et al. (2006) found a significant negative correlation between concentrations of plasma  testosterone, 
11-ketotestosterone, and muscle mercury of male white sturgeon in the lower Columbia River. Mean 
mercury concentrations in muscle, liver, and gonads were 0.17, 0.14, and 0.027 μg Hg/g wet weight, 
respectively. There also was a negative correlation between mercury in the liver (range 0.02–0.78 
μg Hg/g wet weight) and estradiol in the plasma of female fish. For male fish, Webb et al. (2006) 
suggested that total mercury concentrations of 0.19 µg/g wet weight in muscle, 0.09 µg/g in liver, 
and 0.07 µg/g in gonads represented threshold concentrations affecting steroidogenesis; no male 
sturgeon with these or greater levels of mercury had plasma testosterone exceeding 4 ng/mL. A pos
itive correlation between mercury in the axial fillet and 11-ketotestosterone in serum was reported 
for largemouth bass (Micropterus salmoides) from three reservoirs in New Jersey (Friedmann et al. 
2002); however, mercury in muscle of the fish (range 0.30–5.42 μg Hg/g wet weight) was unrelated 
to serum testosterone (Friedmann et al. 2002). 

Methylmercury appears to affect multiple sites of the reproductive axis in fi sh (hypothalamus, 
pituitary, gonads; Crump and Trudeau 2009), and altered concentrations of sex hormones may be 
caused by the cellular effects of methylmercury on the gonads. Drevnick et al. (2006) proposed 
that methylmercury induces apoptosis in steroidogenic cells in the gonads of fish. They observed 
an increase in the number of apoptotic follicular cells in the gonads of female fathead minnows 
that had impaired reproduction due to chronic methylmercury exposure (as previously reported by 
Drevnick and Sandheinrich 2003). There was a significant inverse relation between the number of 
apoptotic cells in the ovarian follicle, the relative size of the gonads (gonadal somatic index), and 
the concentration of estradiol in the serum of female fish. Female fish with whole-body mercury of 
about 0.90 μg Hg/g wet weight had significantly more apoptotic follicular cells than controls with 
0.08 µg Hg/g wet weight. Similarly, Webb et al. (2006) found an inverse relation between gonadal 
somatic index, testosterone, and mercury in immature male sturgeon with 0.04–0.52 μg Hg/g wet 
weight in cheek muscle. 
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Dietary methylmercury also suppressed gonadal development in walleye. Friedmann et al. 
(1996) observed gonadal atrophy in male walleye with whole-body (minus viscera) concentrations 
of 0.25 µg Hg/g wet weight. Histological examination of the testes indicated that methylmercury 
caused multifocal cell atrophy and hypertrophy of cells adjacent to atrophied cells. 

4.3.4 EFFECTS ON TISSUE HISTOLOGY AND BIOCHEMISTRY 

Disruption of cell structure and changes in biochemistry associated with oxidative stress have been 
reported at tissue concentrations of mercury less than those affecting reproduction. In a coordinated 
set of experiments, adult Hoplias malabaricus (a neotropical fi sh) were fed prey fi sh (Astyanax sp.) 
every 5 days for 70 days. Prey fi sh were injected with either distilled water (controls) or with meth
ylmercuric chloride equivalent to a dose of 0.075 μg methylmercury/g wet weight for the predator 
H. malabaricus. Methylmercury exposure increased the number of red blood cells, leukocytes, neu
trophils, and monocytes in H. malabaricus. In addition, hemoglobin concentration, hematocrit, and 
mean corpuscular volume were greater in fish receiving the methylmercury-contaminated diets than 
in controls (Oliveira Ribeiro et al. 2006). 

Dietary methylmercury also damaged liver cells and suppressed plasma δ-aminolevulinic acid 
dehydratase and cholinergic activity in muscle of H. malabaricus (Alves Costa et al. 2007). The 
livers of the fish fed methylmercury-treated prey had prenecrotic lesions (leukocyte infi ltration) and 
necrotic areas, as well as greater numbers of melano-macrophage centers, abnormal cells, phago
cytic areas and intercellular spaces than the controls (Mela et al. 2007). The head kidneys of treated 
fish had increased numbers of leukocytes, dead and atypical cells, and necrotic regions as well as 
increased number of melano-macrophage centers—indicating increased phagocytic activity. Mela 
et al. (2007) suggested that methylmercury caused oxidative stress, which contributed to the devel
opment of necrotic tissues. The concentrations of mercury in the livers of H. malabaricus fed the 
control and treated diet were 0.60 and 1.07 μg/g wet weight, respectively, and corresponding con
centrations in muscle were 0.67 and 1.45 μg/g wet weight. Pre-existing concentrations of mercury in 
the prey fish and predator fish used in these studies were not reported. 

Laboratory and field studies have shown that methylmercury exposure causes oxidative stress 
in fish tissues through the formation of radical oxygen species and lipid peroxidation. Berntssen 
et al. (2003), who fed juvenile Atlantic salmon (Salmo salar) diets containing 0.03 (control), 4.35 
(medium), or 8.48 (high) μg Hg/g dry weight for 4 months, observed no effect of dietary methyl
mercury on growth or condition of test fish. However, the medium diet of methylmercury induced a 
defense response in the brain, indicated by a signifi cant increase of the activity of super oxide dis
mutase. Brains of fish fed the high-methylmercury diet had suppressed super oxide dismutase and 
glutathione peroxidase activity, but a marked increase in thiobarbituric acid-reactive substances, 
products of lipid peroxidation. Brain monoamine oxidase activity also was inhibited by the high-
methylmercury diet, suggesting disruption of the monaminergic system; the activity of these fi sh 
also was suppressed after feeding, but the behavior of fish fed the medium diet of methylmercury 
was not assessed. Brains of fi sh fed the medium and high diets of methylmercury had mean tissue 
concentrations of 1.16 and 0.68 μg/g wet weight, respectively, and exhibited severe vacuolization 
and cell necrosis. Livers of fish fed the high-methylmercury diet also had increased activity of super 
oxide dismutase and glutathione peroxidase. Berntssen et al. (2003) concluded that the medium 
diet of methylmercury induced redox defenses, but that such defenses were overcome—causing 
injury—in fish receiving the high-methylmercury diet. 

Larose et al. (2008) examined the relation between methylmercury and the glutathione system 
in walleye and yellow perch (Perca flavescens) from four boreal lakes in eastern Canada. The size-
standardized concentration of total mercury in axial muscle of 35-cm walleyes ranged from 0.3 to 
0.79 μg/g wet weight in the four lakes. Mean concentrations of methylmercury in livers of walleye 
were greater in Lake Malartic (≈0.38 μg/g wet weight) than in the other three lakes (≈0.18–0.20 μg/g), 
which did not differ (mean values estimated from Fig. 1 in Larose et al. 2008). In Lake Malartic, the 
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hepatosomatic index (size of the liver relative to total body mass) in walleye was inversely related 
to hepatic methylmercury concentration. The activities of glutathione reductase and glutathione 
S-transferase were positively correlated with liver size (and by inference, negatively correlated with 
methylmercury concentration). In Lake Desjardins-East, which had the greatest mean concentration 
of hepatic methylmercury in yellow perch, the activities of glutathione S-transferase and selenium-
dependent glutathione peroxidase were negatively correlated with methylmercury concentration in 
the liver. Larose et al. (2008) concluded that environmentally relevant concentrations of methylmer
cury altered cell metabolism and physiology in these fi shes. 

Oxidative stress associated with methylmercury exposure also was documented in a study of 
four salmonid species (lake trout, brook trout [Salvelinus fontinalis], cutthroat trout [Oncorhynchus 
clarkii], rainbow trout [O. mykiss]) from 14 lakes in eight national parks or preserves in the west
ern United States and Alaska (Schwindt et al. 2008). Concentrations of total mercury in whole 
fish and macrophage aggregates in kidney and spleen were quantified. Macrophage aggregates 
are groupings of macrophages within tissues that collect components of damaged cells, includ
ing cells damaged by oxidation and lipid peroxidation. Increases in the number of macrophage 
aggregates in the kidney and spleen were associated with concentrations of mercury in whole fi sh. 
Although the number of macrophage aggregates can increase with age, Schwindt et al. (2008) 
demonstrated that mercury affected macrophage aggregates independent of fish age. Other con
taminants (including polychlorinated biphenyls and polybrominated diphenyl ethers) also were 
present in these fish; however, mercury alone explained 36% of the variation in macrophage 
aggregates in the spleens of brook trout—the species with the largest sample size and most geo
graphically extensive data set in the study. Whole-body concentrations of total mercury in indi
vidual brook trout ranged from about 0.03 to 0.29 μg/g wet weight (values estimated from Fig. 3 
in Schwindt et al. 2008). 

Drevnick et al. (2008) examined mercury and livers in northern pike from eight inland lakes in 
Isle Royale National Park. Quantitative analysis of pigment in livers showed that color (absorbance 
at 400 nm) was positively related to total mercury in the organ. Concentrations of total mercury in 
liver (range 0.048–3.074 µg/g wet weight) and skin-on fillets (range 0.069–0.62 µg/g wet weight) 
were positively correlated. Lipofuscin, the pigment identified as responsible for altered liver color, 
is formed as a result of lipid peroxidation of membranous organelles and also is found frequently 
in macrophage aggregates. Condition factor of northern pike was negatively correlated with total 
mercury concentration in the liver, indicating that methylmercury exposure adversely affected fi sh 
health. Raldúa et al. (2007) also observed greater concentrations of mercury and a greater incidence 
of liver pathologies—including macrophage aggregates and lipofuscin—in fish downstream from a 
chlor-alkali plant (an industrial source of mercury) than in fish collected upstream from the plant. 
Total mercury in the livers of the fish downstream from the chlor-alkali plant ranged from 0.32 to 
1.96 µg/g wet weight (Raldúa et al. 2007). 

Induction of oxidation defenses by methylmercury exposure also can be detected by alterations 
in gene transcription. Gonzalez et al. (2005) fed diets containing 0.08 (control), 5, and 13.5 μg  
methylmercury/g dry weight to adult male zebrafi sh (Danio rerio) for 63 days. Dietary concentra
tions of 5 µg Hg/g dry weight approximate those in the diets of some piscivorous fi sh inhabiting 
natural lakes and reservoirs in North and South America (Hammerschmidt et al. 2002, Gonzalez 
et al. 2005). The expression of genes associated with mitochondrial metabolism, apoptosis, and 
oxidative stress (including super oxide dismutase) was upregulated in the skeletal muscle and liver 
after 21–63 days of dietary exposure to the 5-μg/g dry weight diet, whereas genes associated with 
DNA repair were downregulated in the skeletal muscle. After 63 days, methylmercury in the skel
etal muscle of these fish was 15 μg/g dry weight (≈3 μg/g wet weight, assuming a water content of 
80%). Expression of the 13 genes evaluated in the study did not change in the brains of the exposed 
fish, although methylmercury in the brain exceeded 20 μg/g dry weight. Experimental results high
lighted by Gonzalez et al. (2005) include (1) lack of effect on gene expression in the brain, particu
larly those associated with antioxidant defense, and (2) effects of dietary methylmercury on gene 
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expression in skeletal muscle. The lack of effect on gene expression in the brain may partly explain 
the neurotoxicity of methylmercury. 

A subsequent study by Oliveira Ribeiro et al. (2008) demonstrated that dietary methylmercury 
disrupted muscle fibers and mitochondria of skeletal muscle in zebrafish that were fed a diet con
taining 13.5 μg methylmercury/g dry weight for 63 days. The mitochondria and spaces between 
muscle fibers of skeletal muscle from fish fed methylmercury were smaller than those fed a control 
diet. On the basis of the prior work of Gonzalez et al. (2005) and their own results, Oliveira Ribeiro 
et al. (2008) concluded that methylmercury damaged red muscle tissue and that modification of the 
mitochondria probably decreased adenosine triphosphate production by the muscle cells. Wiener 
and Spry (1996, p. 313) hypothesized that storage of methylmercury in the muscle may function as 
a detoxifi cation mechanism for methylmercury in fi sh, given that the binding of assimilated meth
ylmercury to proteins in the skeletal muscle reduces the exposure of the brain to methylmercury. 
Their hypothesis is not supported by the subsequent work of Gonzalez et al. (2005) and Oliveira 
Ribeiro et al. (2008), who reported adverse effects of methylmercury on muscle cells and tissue in 
zebrafish exposed experimentally to methylmercury. 

Moran et al. (2007) compared gene expression in livers of cutthroat trout that differed in  
mercury concentrations in two high-altitude lakes in the northwestern United States. Mean con
centrations in cutthroat trout were about 0.016 μg/g wet weight in Skymo Lake and 0.054 μg/g 
in Wilcox Lake (values estimated from Fig. 3 in Moran et al. 2007). Expression of 45 of the 147 
genes evaluated differed between the two lakes. Genes upregulated in the more contaminated fi sh 
(Wilcox Lake) included those associated with stress response (including glutathione peroxidase), 
intermediary metabolism, and endocrine response. Differences in transcriptional responses of 
fish were attributed to differences in mercury contamination between the two lakes. Organic 
contaminants (DDE, total PCB) in these fish were determined, but their concentrations were low 
(median sum of all organochlorines detected in tissues was 12.6 ng/g wet weight) and differed 
little between lakes. 

4.4 CONCENTRATIONS IN TISSUES ASSOCIATED WITH TOXIC EFFECTS 

Recent laboratory experiments and field studies demonstrate that freshwater fish are adversely 
affected at tissue concentrations of methylmercury well below 1.0 μg Hg/g wet weight (Tables 4.1 
and 4.2). We conclude that changes in biochemical processes, damage to cells and tissues, and 
reduced reproduction in fish occur at methylmercury concentrations of about 0.3–0.7 µg Hg/g wet 
weight in the whole body and about 0.5–1.2 µg Hg/g wet weight in axial muscle (Figure 4.1). These 
concentration ranges are based on the studies summarized in the preceding text and in Tables 4.1 
and 4.2, and were derived in part by interconversion of concentrations between whole fish and axial 
muscle tissue with the formula provided in Figure 2 of Peterson et al. (2007). 

Threshold tissue concentrations of methylmercury associated with toxic effects in fish are not 
readily defined in field studies. However, the statistical correlations between mercury concentrations 
in fish tissues and biomarkers of effects in field studies (Table 4.2) agree well with the results of 
toxicological experiments with fish (Table 4.1). Moreover, correlations indicative of adverse effects 
in wild fishes have been reported for multiple recent field studies in which maximal tissue concen
trations were less than 1.0 µg Hg/g wet weight (Webb et al. 2006, Moran et al. 2007, Drevnick et al. 
2008, Larose et al. 2008, Schwindt et al. 2008). 

The skeletal muscle contains most or much of the methylmercury accumulated in fi sh, present 
in the form of methylmercury cysteine (Harris et al. 2003, Kuwabara et al. 2007). Harris et al. 
(2003) have suggested that the toxicity of methylmercury is overestimated in laboratory studies that 
use methylmercury chloride (CH3HgCl) as a model compound for methylmercury in fi sh, partly 
because methylmercury chloride readily crosses biological membranes and is thus expected to be 
more toxic than methylmercury cysteine. Our synthesis, however, shows that the results of recent 
laboratory studies—most of which used methylmercury chloride—are generally consistent with 
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FIGURE 4.1 Tissue concentrations of mercury affecting fish biochemistry, gene transcription, behavior, 
reproduction, histology, and growth. Values are either mean effects concentrations from laboratory studies or 
maximum effects concentrations from correlative fi eld studies (see Tables 4.1 and 4.2). Effects concentrations 
exceeding 2.5 µg/g wet weight were not included on the graph. Numbers on the graph indicate the source of the 
data, as follows: (1) Liao et al. 2006; (2) Friedmann et al. 1996; (3) Moran et al. 2007; (4) Gonzalez et al. 2005; 
(5) Fjeld et al. 1998; (6) Webber and Haines 2003; (7) Sandheinrich and Miller 2006; (8) Webb et al. 2006; 
(9) Hammerschmidt et al. 2002; (10) Drevnick and Sandheinrich 2003; (11) Schwindt et al. 2008; (12) Meinelt 
et al. 1997; (13) Drevnick et al. 2008; (14) Drevnick et al. 2006; (15) Mela et al. 2007; (16) Raldúa et al. 2007; 
(17) Munn and Short 1997; and (18) Cizdziel et al. 2003. 

the results of mensurative fi eld studies of freshwater fi sh. Many of the cited fi eld studies (Table 4.2)  
analyzed piscivorous fi sh (e.g., largemouth bass, northern pike, striped bass, and walleye) that were 
presumably exposed to methylmercury in the form of methylmercury cysteine via the ingestion of 
prey fi sh. Moreover, adverse effects in some fi eld studies were observed at tissue concentrations  
lower than those observed in laboratory studies. 

Experimental studies providing food contaminated with methylmercury bioaccumulated in 
aquatic food webs have also produced results similar to experimental studies exposing fi sh to meth
ylmercury chloride in food or water. For example, walleyes fed skeletal muscle of contaminated  
northern pike (mercury presumably present as methylmercury cysteine) from an industrially con
taminated lake became emaciated; exhibited greatly diminished locomotor activity, coordination, 
and escape behavior; and had high mortality (Scherer et al. 1975). These same biotic effects have 
been reported at similar tissue concentrations in laboratory studies with fi sh exposed to methylmer
cury chloride (reviewed by Wiener and Spry 1996). 

Species differences in sensitivity to methylmercury exposure in fi shes have not been assessed, 
but may be considerable given the variation in avian sensitivity reported by Heinz et al. (2009). 
Consequently, methylmercury-sensitive fi shes may be adversely affected at concentrations signifi 
cantly lower than those summarized here. 

The tissue concentrations associated with adverse effects in recent studies are substantially lower 
than those estimated by Wiener and Spry (1996), whose evaluation was based on published informa
tion available in the mid-1990s. Wiener and Spry (1996) reported that concentrations of total mer
cury (present as methylmercury) associated with sublethal and lethal effects in freshwater fi sh range 
from 5 to 20 µg/g wet weight in axial muscle and from 5 to 10 µg/g wet weight in whole fi sh. On 
the basis of these values, they inferred that tissue concentrations of mercury associated with overt 
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toxic effects in freshwater fish would, therefore, not be expected except in surface waters grossly 
contaminated by point-source industrial pollution. Such an inference is no longer tenable, given that 
the tissue concentrations associated with adverse sublethal and reproductive effects in recent studies 
occur in many freshwater fishes and geographic regions of North America and elsewhere. 

4.5 CONCENTRATIONS OF MERCURY IN FRESHWATER FISH 

Concentrations of mercury in recreational fish have been widely surveyed and monitored in the  
United States and Canada, to provide information for issuance of fish-consumption advice to per
sons who consume wild-caught fish. Most monitoring and surveillance programs quantify concen
trations of total mercury in axial muscle or skin-on fillets of fish, providing reliable estimates of 
methylmercury in edible fi sh flesh (Wiener et al. 2007). Concentrations of total mercury in axial 
muscle of freshwater fish are strongly correlated with those in blood (Schmitt and Brumbaugh 
2007). Thus, concentrations of total mercury in the axial muscle or fillets of freshwater fi sh, which 
have been quantified in many fresh waters, provide a toxicologically relevant indicator of methyl
mercury exposure in adult fi sh. 

Concentrations of methylmercury in freshwater fish have been characterized for a number of 
geographic regions. Kamman et al. (2005) analyzed a large dataset of mercury concentrations in 
fish from northeastern North America (Figure 4.2). Mean concentrations of mercury in the axial 
fillets from eight piscivorous species—including smallmouth bass (Micropterus dolomieu), large-
mouth bass, chain pickerel (Esox niger), northern pike, walleye, lake trout, white perch (Morone 
americana), and muskellunge (Esox masquinongy)—ranged from 0.54 to 0.98 µg/g wet weight  
(Kamman et al. 2005). A survey of fish from 775 lakes and rivers in the province of Quebec, 
Canada, reported that mean concentrations in the muscle of standard-length walleye (40–50 cm), 
northern pike (55–70 cm), and lake trout (55–70 cm) ranged from 0.64 to 0.75 µg/g wet weight; mean 
concentrations in fish longer than 50 cm (walleye) or 70 cm (northern pike and lake trout) exceeded 
1.0 µg Hg/g (Laliberté 2004). 

Concentrations of methylmercury in fish from many streams and rivers of the western United 
States are generally less than those from the northeastern region of North America. Peterson et al. 
(2007), who analyzed more than 2,700 large fi sh from 626 stream and riverine sites in 12 states in 
the western United States, reported mean whole-body concentrations of 0.26 µg/g wet weight in 
piscivorous fish—equivalent to 0.43 µg/g in the fillets. Moreover, concentrations of mercury in pis
civorous fish exceeded the fillet equivalent of 0.30 µg/g in 57% of the assessed stream reaches. In 
California, concentrations of mercury have recently been quantified in sport fishes from the state’s 

FIGURE 4.2 Mean Hg concentrations in fillets of standard-length freshwater fish of various species from 
across northeastern North America. (From Kamman et al., Ecotoxicology, 14, 163–180. With permission.) 
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lakes and reservoirs (Davis et al. 2009) and from major rivers of the Sacramento-San Joaquin Delta 
basin (Melwani et al. 2009). Mercury concentrations in axial muscle of fish exceeded 0.44 µg/g wet 
weight in 23% of 50 randomly selected lakes and reservoirs and in 26% of 102 targeted lakes and 
reservoirs in the state (Davis et al. 2009). Concentrations of mercury in axial muscle of largemouth 
bass exceeded 0.40 µg/g wet weight in many of the riverine sites sampled in the Sacramento-San 
Joaquin basin (Melwani et al. 2009). 

In considering potential toxic effects associated with mercury concentrations in fish, it is evident 
that concentrations exceeding 0.3 Hg µg/g wet weight in whole fi sh and 0.5 Hg µg/g wet weight in 
axial muscle are common in piscivorous fish throughout North America. Moreover, many piscivo
rous fish inhabiting fresh waters in the midwestern and eastern United States and the eastern half of 
Canada contain concentrations exceeding 1.0 µg Hg/g wet weight in axial muscle. Concentrations 
also exceed 1.0 µg Hg/g in piscivorous fish inhabiting some waters in the western United States that 
have been contaminated with mercury from mining activities (Brumbaugh et al. 2001, Kuwabara 
et al. 2007, Davis et al. 2008). 

Reduced methylmercury exposures of fish-eating humans and wildlife are generally considered 
to be principal benefits of regulatory actions to reduce anthropogenic emissions of mercury to the 
environment, given that consumption of fi sh is the dominant pathway for exposure of humans and 
many wildlife species to methylmercury (National Research Council 2000, Mergler et al. 2007, 
Scheuhammer et al. 2007, Swain et al. 2007). It is reasonable to infer—based on the synthesis 
presented in this chapter—that a reduction of methylmercury concentrations in fish would also be 
beneficial to the health of fishes inhabiting many fresh waters. 

Summary 

We summarize recent advances in the state of scientific knowledge regarding the toxicity of 
methylmercury in freshwater fish, with emphasis on assessing the toxicological signifi cance of 
methylmercury concentrations in fish tissues. Sublethal and reproductive effects have been doc
umented at environmentally relevant exposure levels in both field and laboratory studies, and 
the fish-tissue concentrations associated with adverse effects in recent studies are much lower 
than those presented in the first-edition chapter by Wiener and Spry (1996). There is compelling 
evidence that methylmercury exposure of fi sh causes oxidative stress through the formation of 
radical oxygen species and lipid peroxidation that cause biochemical and structural changes 
in tissues. Alterations in gene transcription and glutathione metabolism as well as increases in 
macrophage aggregates have been documented. Thus, effects of methylmercury on fish are not 
only limited to neurotoxicity, but also include histological changes in the spleen, kidney, liver, 
and gonads. These effects have been observed in multiple species of freshwater fish at tissue 
concentrations of methylmercury well below 1.0 μg Hg/g wet weight. Effects on biochemical 
processes, damage to cells and tissues, and reduced reproduction in fish have been documented 
at methylmercury concentrations of about 0.3–0.7 µg Hg/g wet weight in the whole body and 
about 0.5–1.2 µg Hg/g wet weight in axial muscle. 

Concentrations of total mercury in axial muscle or fillets have been quantifi ed for freshwater 
fishes from many surface waters and geographic regions of North America and elsewhere, pro
viding both reliable estimates of methylmercury concentrations in edible fi sh flesh and a toxi
cologically relevant indicator of methylmercury exposure in adult fish. Piscivorous fish in many 
freshwaters and geographic regions bioaccumulate methylmercury to concentrations exceed
ing those associated with sublethal and reproductive effects in toxicological studies. Aquatic 
systems characterized by high-methylmercury levels in piscivorous fish include low-pH and 
highly organic waters, water bodies with fluctuating water levels, newly fl ooded impound
ments, and waters contaminated by mercury from industrial and mining sources. We conclude 
that the principal effects of methylmercury on fish populations at existing exposure levels in 
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North American freshwaters would be sublethal damage to tissues and depressed reproduction. 
Furthermore, we infer that a reduction of methylmercury concentrations in fish would be bene
ficial to the health of fish inhabiting many freshwaters. 
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5.1 INTRODUCTION 

Selenium (Se) is a naturally occurring element that is essential to fish, but at suffi ciently high 
concentrations can cause large-scale reproductive failure in fish populations (Lemly and Smith 
1987). Many of the early studies that evaluated the chronic toxicity of Se to fish focused on aqueous 
exposures to inorganic selenite (e.g., Goettl and Davies 1977; Hodson et al. 1980). However, these 
studies were not able to duplicate the Se toxicity observed in the field (e.g., Belews Lake, NC, U.S.) 
at similar aqueous Se concentrations. Subsequent studies demonstrated that the critical exposure 
pathway for fish is dietary exposure to organic Se (Bryson et al. 1984, 1985a, 1985b, Finley 1985, 
Woock et al. 1987). The biogeochemistry of Se is rather complex. Human-caused releases of Se to 
the aquatic environment are typically in the form of inorganic selenite (e.g., coal power plant dis
charges) or selenate (e.g., mobilization of Se from marine shales via groundwater leaching) (Lemly 
and Smith 1987). Once in the aquatic environment, entry of Se into the food web depends on the Se 
form released (selenite is more bioaccumulative than selenate [Besser et al. 1993]) and site-specifi c 
properties that influence the reduction of Se to organic forms (such as redox conditions and biologi
cal productivity [Lemly and Smith 1987]). For example, at a given Se concentration in surface water, 
Se concentrations in food webs tend to be much higher in standing water (e.g., a pond or wetland) 
than in flowing waters (e.g., streams) (Lillebo et al. 1988, Orr et al. 2006). Accordingly, aqueous Se 
concentrations resulting in toxicity to fish can be highly variable between sites and, therefore, tissue 
Se concentrations are a better indicator of Se toxicity to fi sh. 

The U.S. EPA has developed a draft whole-body fish tissue-based ambient water quality criterion 
for Se of 7.91 µg/g dry wt., which includes a summer/fall monitoring trigger of 5.85 µg/g dry wt. 
(U.S. EPA 2004). This draft criterion is based on a toxicity study in which juvenile bluegill sunfi sh 
(Lepomis macrochirus) were exposed to aqueous and dietary Se under simulated winter conditions 
(i.e., reduced temperature and photoperiod) (Lemly 1993a). This study, which will be summarized 
below in more detail, was expanded upon by a separate laboratory in 2007 with somewhat differ
ent results. At the time this book went to press, the final draft Se criterion for fish tissue was still 
pending. There has been some disagreement in the literature on appropriate Se tissue thresholds for 
fish (Lemly 1993b, 1996, DeForest et al. 1999, Hamilton 2002), with differences in interpretation 
largely due to different opinions on the environmental relevance of different Se toxicity study types. 
Lemly (1993b, 1996) and Hamilton (2002), for example, recommended a whole-body Se threshold 
of 4 µg/g dry wt., while DeForest et al. (1999) recommended whole-body Se thresholds of 9 µg/g 
dry wt. for warm water fish and 6 µg/g dry wt. for coldwater anadromous fish. In addition, Lemly 
(1993b, 1996) recommended an ovary/egg Se threshold of 10 µg/g dry wt., while DeForest et al. 
(1999) recommended an ovary Se threshold of 17 µg/g dry wt. Although the differences in these 
values may seem small in the field of aquatic toxicology, the differences can be important due to the 
often narrow range between background levels of Se and toxicity. 



 

 
   

  
   

  

 

 

   
 

  

 
 

 

 
 

   
 

  
 

 

   

 

 

Selenium Accumulation, Toxicity in Freshwater Fishes 195 

This chapter first provides background information on Se toxicity by summarizing fi eld exam
ples of Se impacts on fish populations and discussing Se bioaccumulation in fish. Mechanisms of 
Se toxicity in fish are then summarized, followed by a detailed review of Se toxicity studies in  
which Se concentrations were measured in fish tissue. Finally, fish tissue-based Se thresholds are 
recommended. 

5.2 FIELD EXAMPLES OF SE POISONING IN FISH 

The most clearly documented case of Se poisoning in fish occurred in Belews Lake (NC, U.S.), a 
cooling plant reservoir for a coal power plant. Operation of the power plant began in 1974 and by 
1976 no centrarchids in the 0–64 mm size range were found and only 8 black and fl at bullheads 
were found in the projected young-of-the-year size range (Cumbie and Van Horn 1978). Similarly, 
Hyco Reservoir (NC, U.S.) served as a cooling water impoundment for a large coal-fi red electric 
power plant (Skorupa 1998a). In four separate coves of the reservoir, 38–75% reductions in densities 
of adult fi sh were observed between 1979 and 1980, and greater than 95% reductions in larval fi sh 
densities were observed along three transects. These episodes at Belews Lake and Hyco Reservoir 
provided the impetus for several of the Se toxicity studies summarized later in this chapter. 

Skorupa (1998a) identified 12 real-world examples of Se poisoning, five of which were associated 
with Se poisoning of fish populations (the other seven examples were for Se poisoning of aquatic 
bird populations). The fi ve examples with fish included Belews Lake and Hyco Reservoir, and also 
Martin Lake, TX (U.S.), Sweitzer Lake, CO (U.S.), and the Swedish Lakes Project (Sweden). Martin 
Lake received unauthorized Se discharges of two fly ash settling ponds containing 2200–2700 µg 
Se/L. After a die-off of fish in the reservoir was detected in the late 1970s, measured Se concentra
tions in fish muscle ranged from 2.0 to 9.1 µg/g wet wt. (or 8.0–37.6 µg/g dry wt. assuming 75% 
moisture) (Garrett and Inman 1984). Sweitzer Lake was created near Delta, Colorado in 1954 for 
recreational purposes. As cited in Skorupa (1998a), Barnhart (1957) reported that mortality of seven 
stocked game fishes was attributed to excessive dietary intake of Se. Butler et al. (1991) state that 
the presence of large green sunfish and carp populations in the lake suggest they may have adapted 
to Se in the lake, but populations of species once present, such as suckers, are minimal. In addition, 
channel catfish have been stocked in the lake, but there is no evidence of catfish reproduction in 
the lake (although it is unclear if suitable spawning habitat was available for catfish, which is not 
unusual in man-made reservoirs [Skorupa 1998a]). The minimum, median, and maximum whole-
body Se concentrations in fish collected in 1988–1989 were approximately 15, 30, and 50 µg/g 
dry wt., respectively; levels sufficiently high to suggest Se would be toxic. In the Swedish Lakes 
Project, a leachable rubber matrix containing sodium selenite was suspended in a sack in 11 lakes 
as a means to mitigate high mercury (Hg) levels. The lakes initially had a Se concentration of about 
0.1 µg/L and the target Se concentration was 3–5 µg/L (although up to 25–35 µg Se/L was measured 
within 100 m of the leach sacks) (Skorupa 1998a). Prior to Se treatment, muscle Se concentrations 
in yellow perch averaged 0.8–2.8 µg/g dry wt. After the fi rst year of treatment the muscle Se con
centrations averaged 6–36 µg/g dry wt. and by the second year perch populations collapsed in sev
eral lakes. Ultimately, the researchers could not clearly establish the cause of the perch population 
collapse, but the possibility of Se poisoning was not ruled out (Skorupa 1998a). 

5.3 SE BIOACCUMULATION IN FISH 

5.3.1 OVERVIEW OF SE IN THE AQUATIC FOOD CHAIN 

In nature, juvenile and adult fish may be simultaneously exposed to inorganic and organic Se forms 
in both the water and the diet; however, in general, it is exposure to organic Se forms in the diet that 
is most important at environmentally relevant exposure levels (Bertram and Brooks 1986, Woock 
et al. 1987, Besser et al. 1993, Coyle et al. 1993). Field-based Se bioaccumulation factors (BAFs) 
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for fi sh, defined as the ratio of the whole-body Se concentration in fish to the Se concentration in 
colocated surface water, are generally greater than 1000 (Brix et al. 2005), inversely related to expo
sure concentration, and can be highly variable between sites and depending on the site conditions. 
In terms of the BAF, most of the Se bioaccumulation in the aquatic food chain occurs at the level 
of primary producers and microorganisms. A number of studies have identified primary producers 
and microorganisms as being the critical link where Se enters the aquatic food chain (e.g., Riedel 
et al. 1991, Maier and Knight 1994, Sanders and Gilmour 1994, Williams et al. 1994, Malchow et al. 
1995, Riedel and Sanders 1996). Although it is mostly organic Se forms that are transferred in the 
aquatic food chain, Se typically enters aquatic systems, either naturally or anthropogenically, in an 
inorganic form (e.g., selenate, selenite). Primary producers can rapidly bioconcentrate and incorpo
rate inorganic Se into selenoamino acids, such as selenocysteine or selenomethionine (Ogle et al. 
1988). Once in the aquatic food chain, Se trophic transfer factors (TTFs), defined as the Se concen
tration in an organism’s tissue to its concentration in the organism’s food item, typically range from 
<1 to 2 for fish in laboratory studies (DeForest et al. 2007, Luoma and Presser 2009). 

5.3.2 EFFECTS OF AGE, SIZE, AND TROPHIC POSITION ON SE BIOACCUMULATION IN FISH 

Unlike chemicals that truly biomagnify up successive levels of the food chain and with concentra
tions increasing in older organisms, such as that observed for methyl mercury, Se concentrations in 
fi sh do not appear to increase with trophic level or organism age. May et al. (2001, 2008) reported 
whole-body Se concentrations in various fish species of different sizes collected from the Republican 
River Basin (Colorado, Nebraska, Kansas—U.S.) and the Solomon River Basin (Kansas—U.S.) and 
did not observe a consistent pattern of whole-body Se concentrations as a function of fish size. In 
both basins, whole-body Se concentration in channel catfish tended to be highest in the smallest fi sh 
collected, while for other species (common carp, green sunfish, bluegill sunfish, and largemouth 
bass) there was no apparent trend in Se concentration as a function of size. Muscatello et al. (2008) 
measured Se concentrations in aquatic food chains from two Se exposure sites downstream from 
uranium mining and milling operations in northern Saskatchewan, Canada. They observed that Se 
concentrations increased by approximately 1.5 to 6-fold between plankton, invertebrates, and forage 
fish; however, no biomagnification was observed between forage fish and predatory fi sh. Overall, 
the data from laboratory and fi eld studies suggest that Se concentrations in fi sh are not size-, age-, 
or trophic level-dependent. However, work by Stewart et al. (2004) has shown using stable isotope 
techniques that Se concentrations can increase across trophic levels in specific food webs. 

5.3.3 INFLUENCE OF EXPOSURE ROUTE AND FORM ON SE BIOACCUMULATION 

As summarized in Luoma and Presser (2009), the uptake of dissolved Se by aquatic animals is 
slow, regardless of form, and therefore makes little or no direct contribution to bioaccumulation and 
toxicity in animals. This observation is supported by a variety of aquatic Se studies. Lemly (1985), 
for example, stated that the results of waterborne Se toxicity studies do not give a true indication 
of the relative sensitivity of fish to Se on a long-term basis in the environment and that it is the die
tary component that is responsible for the largest portion of Se present in aquatic animals in natural 
waters. As concluded in a recent expert Se workshop on Se in aquatic environments, the dietary 
route of exposure generally dominates Se bioaccumulation processes and traditional approaches for 
predicting bioaccumulation based on dissolved concentrations does not work for Se (Chapman et al. 
2009). Further, organic Se is the critical Se form in aquatic food webs. As summarized in Palace 
et al. (2004), oviparous vertebrates are the most sensitive organisms to Se, as these organisms effi 
ciently transfer selenomethionine to their eggs, and that selenomethionine is the dominant Se form 
in fish and bird eggs. These observations are further supported by the studies summarized below. 

The Se bioaccumulation and toxicity data for bluegill reported in Cleveland et al. (1993), Coyle 
et al. (1993), and Hermanutz et al. (1996) support that dietary exposure to Se, and particularly 
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organic Se, is the critical exposure pathway. In Belews Lake, mean whole-body Se concentrations in 
centrarchids (e.g., bluegill) ranged from approximately 20 to >100 µg/g dry wt. at water Se concen
trations of approximately 10 µg/L (Cumbie and Van Horn 1978). However, Cleveland et al. (1993) 
exposed bluegill to an aqueous 6:1 selenate:selenite mixture up to approximately 1100 µg/L for 
60 days and whole-body Se concentrations only reached approximately 10 µg/g dry wt. In the 
same study, an aqueous selenite concentration of 640 µg/L was necessary to achieve a whole-body 
Se concentration of approximately 5 µg/g dry wt. in bluegill. The aqueous Se concentration of 
640 µg/L (6:1 selenate:selenite) is higher than some acute selenate and selenite LC50 values for  
invertebrates (U.S. EPA 2004), which questions the environmental relevance of water-only Se expo
sures for relating fish tissue residues to toxicity. Coyle et al. (1993) observed that Se accumulation of 
Se in bluegill ovaries increased with increasing dietary organic Se exposures, but not when bluegill 
were exposed to an aqueous selenate:selenite mixture of 8.4 µg/L. The results of Hermanutz et al. 
(1996) also demonstrate the importance of the dietary exposure route for Se bioaccumulation. They 
conducted three sets of experiments in experimental streams. In the first two experiments, blue-
gill were exposed to aqueous selenite and dietary Se accumulated in the food items present in the 
streams, while in the third experiment the aqueous selenite source was turned off and bluegill were 
only exposed to the residual Se present in the food items in the streams. Se levels in the bluegill 
from experiment III (diet-only exposure) were nearly as high as Se from the aqueous Se exposures. 
It is critical, therefore, that the Se exposure route in chronic Se toxicity tests include the dietary 
exposure pathway. 

In the Cleveland et al. (1993) study discussed earlier, 5-month-old juvenile bluegill were 
exposed to a waterborne 6:1 selenate:selenite mixture and 3-month-old juvenile bluegill to dietary 
seleno-l-methionine. The relationship between whole-body Se and juvenile mortality was much 
different in the aqueous exposures than in the dietary exposures. For example, at day 30 mortal
ity was 87.5% in fish exposed to an aqueous Se concentration of 2700 µg/L (for comparison, the 
surface water Se concentration in Belews Lake was approximately 10 µg/L), which resulted in a 
whole-body Se concentration of 14.5 µg/g dry wt. In the dietary Se study, fish exposed to the high
est dietary Se concentration of 26.0 µg/g dry wt. had 17.5% mortality after 90 days, which was not 
significantly different from control mortality. These fish had a whole-body Se concentration of 
13.5 µg/g dry wt. Accordingly, very similar whole-body Se concentrations were associated with 
almost complete mortality (when exposed to acutely toxic aqueous Se levels) or low mortality 
(statistically indistinguishable relative to the controls) when exposed to environmentally relevant 
dietary Se levels. 

Due to these observations, in developing and recommending tissue-based Se thresholds we only 
considered Se toxicity studies that included dietary exposures to organic Se. DeForest et al. (1999) 
previously excluded water-only Se exposures in recommending fish tissue-based Se thresholds, as 
did the U.S. EPA in deriving its draft fish tissue-based Se criterion (U.S. EPA 2004). Ultimately, 
however, this decision had limited influence on the tissue-based thresholds we recommend since, for 
reasons discussed later, we considered maternal transfer studies to be the most relevant study type 
for developing and implementing fi sh tissue-based Se thresholds. In maternal transfer studies, par
ent fish are exposed to Se, which is transferred to the ovaries and then the eggs, where, at suffi ciently 
high concentrations, can adversely affect larval development and survival. All of the maternal trans
fer studies available for deriving egg or ovary Se toxicity thresholds are based on dietary exposures 
to organic Se (either explicitly in the lab or implicitly in fi eld-exposed fi sh). 

5.3.4 SE BIOACCUMULATION IN DIFFERENT TISSUES 

Se concentrations in fish, from both laboratory toxicity studies and monitoring in the fi eld, have 
been measured in a wide variety of tissues, including whole-body tissue, muscle, liver, ovaries, and 
eggs. The disparity in tissue types analyzed in toxicity tests has made it difficult to compare the 
relative sensitivities of different fi sh species and to develop broadly applicable tissue guidelines or 
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criteria. In deriving its draft whole-body-based Se criterion, the U.S. EPA estimated whole-body Se 
concentrations from individual tissues when necessary (U.S. EPA 2004). For evaluating the repro
ductive endpoint of embryo/larval development and mortality, the most appropriate tissues to ana
lyze are the ovaries or eggs, as these tissues are closely linked to the site of toxic action. However, 
due to practical sampling constraints (e.g., getting adequate tissue mass or seasonal issues), whole-
body or muscle Se measurements can also be considered. In general, as discussed later, whole-body 
Se can provide a reasonable indicator of potential reproductive toxicity in fish. However, relation
ships between Se in tissues can vary by species, which in turn imparts uncertainty in attempting to 
develop, and then apply, a whole-body- or muscle-based Se threshold in the field. It is apparent that 
a whole-body or muscle Se guideline could be either dramatically under-protective for one species 
or over-protective for another species. The clearest approach for overcoming these species-specifi c 
relationships in Se bioaccumulation is to focus on an egg or ovary-based Se threshold. Such a Se 
threshold could still be related to a site-specific whole-body or muscle Se threshold if a species- and 
site-specific relationship is derived (deBruyn et al. 2008). 

5.4 SE TOXICITY IN FISH 

In general, adult fish do not appear to be especially sensitive to Se, and there are numerous studies 
that found no link between elevated egg Se concentrations and fertilization or hatching success, 
including Gillespie and Baumann (1986), Coyle et al. (1993), Holm et al. (2005), and Muscatello 
et al. (2006). The classic pathway of documented Se poisoning in fish is exposure of adult female 
fish to Se, maternal transfer of the Se to the ovaries and then eggs, and then, if suffi ciently high 
egg Se concentrations are reached, larval deformities and mortality. As discussed in Lemly (2002), 
excess dietary Se is deposited in the developing eggs of fish, particularly in the yolk. After the eggs 
hatch, the larval fish rapidly use the yolk as an energy supply and a source of protein for building 
new body tissues. Lemly (2002) also provides a good overview of Se effects on specifi c fi sh organs, 
as well as Se-induced terata (e.g., spinal, craniofacial, and finfold deformities), which are permanent 
biomarkers of toxicity that can be lethal to the fish. Edema, or accumulation of fluids in the body 
cavity and head, is another effect of elevated Se levels in fish (Lemly 2002). In the field, larval terata 
and edema represent an endpoint that can be used as diagnostic evidence of Se poisoning in the fi sh. 
In the laboratory, it has also been shown that juvenile fish exposed to dietary organic Se can experi
ence reduced growth and survivorship. Studies in which fish were exposed to aqueous selenite were 
not considered for reasons discussed in Section 5.3.3. Table 5.1 lists the toxicity studies in which 
Se was measured in whole-body fish tissue, but excluded from consideration in recommending a 
whole-body Se threshold. 

Chronic dietary Se toxicity studies with fish, in which Se tissue residues were measured, fall 
under two general categories: (1) exposure of adults and evaluation of effects on offspring (e.g.,  larval 
mortality, teratogenesis, and edema) or (2) direct exposure of juveniles. The studies with adults can 
be further divided into two additional categories: (1) exposure of adults to dietary Se in the labora
tory and (2) natural exposure of adults in the field, stripping of gametes, and rearing of embryos 
and larvae in the laboratory. This latter technique has typically been used to evaluate Se toxicity 
in salmonids (e.g., rainbow trout, brook trout, and cutthroat trout) and other rather large  species 
where it is more difficult to rear adults in the laboratory. Further, this latter approach is useful for 
site-specific toxicity evaluations because the Se exposure history of the fish population at the site is 
reflected in the toxicity test results. 

In DeForest et al. (1999) we provided a study-by-study review of Se toxicity studies with fi sh, 
in which Se concentrations in fish tissues were measured during and/or after the Se exposure 
period. That review summarized the Se toxicity studies available at the time (with the exception of 
Doroshov et al. [1992] and CP&L [1997], which we were not aware of) and ultimately recommended 
fish tissue-based Se guidelines by considering only those studies that considered dietary exposures 
to organic Se forms (typically selenomethionine). The following sections separately summarize 



 

 

 

 
 

 

 
 

 

TABLE 5.1 
Summary of Toxicity Studies in Which Selenium Was Measured in Whole Body or Ovary 
Tissue (or Specific Tests Within a Study), but Were Excluded from This Evaluation 

Reference 

Beyers and 
Sodergren 
2002; Hamilton 
et al. 2005c 

Cleveland et al. 
1993 

GEI Consultants 
2008 

Hamilton and 
Wiedmeyer 
1990 

Hamilton et al. 
1986 

Hamilton et al. 
1990 

Species 

Razorback 
sucker 

Bluegill 
sunfi sh 

Fathead 
minnow 

Chinook 
salmon 

Chinook 
salmon 

Chinook 
salmon 

Tissue Se (µg/g dry wt.) 

— 

WB NOEC/LOEC = 
3.8/5.0 

— 

WW WB NOEC/LOEC 
= 10.4/19.5 

FW WB NOEC/LOEC = 
8.2/14.4 

BW WB NOEC = >5.3 

WB NOEC/LOEC = 
9.6/13 

WB LOEC: <3.3 

Summary of Test Conditions and
 
Basis for Exclusion
 

Both studies evaluated Se toxicity to larval razorback 
suckers, but identified widely different Se thresholds. 
Beyers and Sodergren (2002) identified a no effects 
whole-body Se threshold of >42 µg/g dry wt., while 
Hamilton et al. (2005c) reported that whole-body Se 
concentrations of 5.4–6.1 µg/g dry wt. adversely 
affected survival. Given the disparity in the results 
and because the toxicity response for each source of 
larvae in Hamilton et al. (2005c) was not clearly 
related to either the Se exposure concentrations or the 
internal tissue Se concentrations (see text), we did 
not attempt to identify a Se threshold for razorback 
sucker in our evaluation. 

Juvenile bluegill were exposed to aqueous Se (6:1 
selenate:selenite) concentrations ranging from 170 to 
2700 µg/L for 60 days. The NOEC and LOEC for 
mortality were 340 and 680 µg/L, which were 
associated with whole-body Se concentrations of 
approximately 3.8 and 5.0 µg/g dry wt., respectively. 
This study was excluded from our Se threshold 
evaluation because water-only exposures to inorganic 
Se were not considered environmentally relevant 
(see Section 5.3.3). 

Fish were collected from streams across a gradient of 
Se concentrations and spawned in the laboratory. 
However, an effect level could not be estimated due 
to high variation in the endpoint showing the greatest 
response to Se (graduated severity index of larval 
malformations). 

Fish were exposed to a mixture of aqueous selenate, 
selenite, boron, and molybdenum in well water 
(WW), freshwater (FW), and brackish water (BW) 
for 60–90 days. This study was excluded from our Se 
threshold evaluation because fish were exposed to a 
mixture of elevated elements and because water-only 
exposures to inorganic Se were not considered 
environmentally relevant (see Section 5.3.3). 

Parr were fed Se-amended mosquitofi sh collected 
from areas with potential contamination from other 
chemicals. 

In one test from this study juvenile fish were fed 
Se-amended mosquitofish collected from areas with 
potential contamination from other chemicals (this 
study included another test in which fish were fed a 
diet spiked with seleno-dl-methionine—this test was 
included in our evaluation [Table 5.3]). 

continued 
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TABLE 5.1 (continued) 
Summary of Toxicity Studies in Which Selenium Was Measured in Whole Body or Ovary 
Tissue (or Specific Tests Within a Study), but Were Excluded from This Evaluation 

Summary of Test Conditions and 
Reference Species Tissue Se (µg/g dry wt.) Basis for Exclusion 

Hodson et al. Rainbow trout WB NOEC: >1.8 Fish were exposed to five aqueous selenite 
1980 concentrations ranging from 5.5 to 53 µg/L from the 

newly fertilized egg stage until 44 weeks posthatch, 
but tissue Se was only measured in the 53 µg Se/L 
treatment. Negligible effects were observed in the 53 
µg Se/L treatment. In addition, this study was 
excluded from our Se threshold evaluation because 
water-only exposures to inorganic Se were not 
considered environmentally relevant 
(see Section 5.3.3). 

Hunn et al. 1987 Rainbow trout WB NOEC/LOEC = Fry were exposed to five aqueous selenite 
2.6/4.3 concentrations ranging from 7.8 to 100 µg/L for 90 

days. The aqueous NOEC and LOEC for mortality 
were 21.0 and 47.2 µg/L, respectively. This study was 
excluded from our Se threshold evaluation because 
water-only exposures to inorganic Se were not 
considered environmentally relevant 
(see Section 5.3.3).
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WB = whole body; NOEC = no-observed-effect-concentration; LOEC = lowest-observed-effect-concentration.
 

the maternal transfer and juvenile toxicity studies with Se. The review is then further organized by 
fish species. Only studies that measured Se concentrations in whole-body tissue, ovaries, or eggs 
were included in this evaluation. In addition, due to species-specific differences in Se concentration 
relationships between tissues discussed in Section 5.3.4, this evaluation only considered measured 
Se concentrations in fish (no attempt was made to estimate Se concentrations in one tissue from 
concentrations measured in another tissue). 

5.4.1  	MATERNAL TRANSFER SE EXPOSURES: EFFECTS ON 

EMBRYO/LARVAL DEVELOPMENT AND SURVIVAL 

Studies in which adult fish were exposed to dietary organic Se, and effects on offspring were 
evaluated, have been conducted with 13 species of fish: bluegills (L. macrochirus), brook trout 
(Salvelinus fontinalis), brown trout (Salmo trutta), cutthroat trout (Oncorhynchus clarki), Dolly 
Varden (Salvelinus malma), fathead minnows (Pimephales promelas), largemouth bass (Micropterus 
salmoides), eastern mosquitofi sh (Gambusia holbrooki), western mosquitofi sh (Gambusia affinis), 
northern pike (Esox lucius), rainbow trout (Oncorhynchus mykiss), razorback suckers (Xyrauchen 
texanus), and white suckers (Catostomus commersoni). The toxicity results are summarized below 
as no-observed effect concentrations (NOECs) and lowest-observed effect concentrations (LOECs). 
The NOEC is the highest Se concentration in a study that did not result in statistically signifi cant 
effects relative to the control, and the LOEC is the lowest Se concentration in a study that did result 
in statistically significant effects relative to the control. In addition, EC10 and EC20 values (10% 
and 20% effect concentrations) were identifi ed, which were either reported by the study authors or 
which we calculated from the concentration-response data reported in the study. 



 

 

  

   

 

 

 
 

 

 

 

 

201 Selenium Accumulation, Toxicity in Freshwater Fishes 

5.4.1.1 Bluegill 
Bryson et al. (1984, 1985a, 1985b)—Bryson et al. (1984) collected adult bluegills (L. macrochirus) 
from the Se-contaminated Hyco Reservoir (NC, U.S.) and from a reference lake. All combina
tions of males and females from Se-contaminated and reference lakes were artificially crossed in 
different ash pond concentrations (0%, 20%, and 50% ash pond water). Swim-up larvae were fed 
zooplankton from either Hyco Reservoir or the reference lake. Larvae were observed for 28 days 
after hatching. All larvae from a Hyco Reservoir female exhibited abnormal development and 100% 
mortality prior to reaching swim-up. The mean ovary Se concentration in the females from Hyco 
Reservoir was 49 µg/g dry wt. (Table 5.2). 

Bryson et al. (1985a), based on a study similar to Bryson et al. (1984), reported that egg hatch
ability from female bluegills averaging 9.1 µg/g dry wt. Se in the ovaries was 88%, and that 93% 
survived through swim-up (Table 5.2). Swim-up was only approximately 5.6% in larvae from 
females averaging 30 µg Se/g dry wt. in the ovaries (Table 5.2). The results reported in Bryson 
et al. (1985b) are somewhat difficult to interpret because none of the control fish spawned, but 
hatching and swim-up success were 83.8–86.6% and 91.1–95.5%, respectively, from parents with 
a mean ovary Se concentration of 14.8 µg/g dry wt., and 86.0% and 83.3–97.4% from parents with 
a mean ovary Se concentration of 9.2 µg/g dry wt. (Table 5.2). Overall, the studies by Bryson and 
colleagues resulted in ovary NOECs of >9.1, >9.2, and >14.8 µg/g dry wt. and ovary LOECs of <30 
and <49 µg/g dry wt. (Table 5.2). 

Gillespie and Baumann (1986)—Adult bluegills (L. macrochirus) were collected from the 
Se-contaminated Hyco Reservoir and from an uncontaminated reservoir and all possible parent 
combinations were artificially crossed. Zygotes were reared in uncontaminated water and evaluated 
for percent fertilization and hatching success. In over 18 crosses during a two year period, no signifi 
cant differences in percent fertilization or percent hatch were found between all parent combinations. 
However, all crosses involving a female from the Se-contaminated water body resulted in larvae 
with gross abnormal morphology (65–100%), and all larvae died before they reached the swim-up 
stage. The ovary Se concentration in the female producing 65% abnormal larvae was 38.6 µg/g dry 
wt. (assuming a moisture content of 85%, per Gillespie and Baumann [1986]). Accordingly, the 
ovary LOEC from this study was <38.6 µg/g dry wt. (Table 5.2). 

Doroshov et al. (1992)—Bluegill (L. macrochirus) were fed Se concentrations of 5.5, 13.9, and 
21.4 µg/g (as seleno-l-methionine). Natural spawning was not successful, so ovulation was hor
monally induced and fertilization was conducted in vitro. The most sensitive endpoint was larval 
edema, which was observed during the first 5 days posthatch. Edema was observed in 0%, 5%, and 
95.7% of the larvae in the control, 5.5, 13.9, and 21.4 µg/g Se diets, respectively. Because 5% edema 
was statistically signifi cant (p ≤ .05) in the 13.9 µg/g Se treatment, 5.5 and 13.9 µg/g were identifi ed 
as the dietary NOEC and LOEC. The mean egg Se concentrations associated with the NOEC and 
LOEC were reported as 8.3 and 19.5 µg/g dry wt., and the mean ovary Se concentrations associated 
with the NOEC and LOEC were reported as 6.34 and 14.1 µg/g dry wt. In terms of identifying a Se 
toxicity threshold from this study, it is interesting to note that the egg Se concentrations associated 
with the dietary LOEC of 13.9 µg/g were variable. Edema was measured in six progenies from par
ents exposed to this dietary Se concentration and the associated egg Se concentrations are reported 
for three of these progenies in Table 21 of Doroshov et al. (1992). Egg Se concentrations for these 
three progenies from the 13.9 µg Se/g diet were 8.55, 22.06, and 30.20 µg/g dry wt. Likewise, ovary 
Se concentrations were 3.94, 21.82, and 20.40 µg/g dry wt. for the 13.9 µg Se/g dietary treatment. 
Comparison of these Se concentrations to the edema data reported in Appendix 8 of Doroshov et al. 
(1992) shows that edema was 0% at an egg Se concentration of 8.55 µg/g dry wt. (ovary Se = 3.94 
µg/g dry wt.), 10% at 22.06 µg/g dry wt. (ovary Se = 21.82 µg/g dry wt.), and 10% at 30.20 µg/g dry 
wt. (ovary Se = 20.40 µg/g dry wt.). Thus, based on data reported for three of the six progenies, 10% 
edema was only observed in progeny associated with egg Se concentrations ranging from 22.06 to 
30.20 µg/g dry wt. (geometric mean of 25.81 µg/g dry wt.) or ovary Se concentrations ranging from 
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20.40 to 21.82 µg/g dry wt. (geometric mean of 21.10 µg/g dry wt.). Accordingly, the geometric 
mean egg and ovary Se concentrations of 25.81 and 21.1 µg/g dry wt., respectively, were identifi ed 
as the LOECs from this study (Table 5.2). By fitting a probit model to the concentration-response 
data for edema, we calculated ovary Se EC10 and EC20 values of 16 and 20 µg/g dry wt. and egg 
Se EC10 and EC20 values of 21 and 23 µg/g dry wt. (Table 5.2). 

Coyle et al. (1993)—Bluegill (L. macrochirus) were fed diets containing Se concentrations of 
0.8, 4.6, 8.5, 16.8, and 33.3 µg/g, and simultaneously exposed to a nominal aqueous Se concentra
tion of 10 µg/L for 140 days. Seleno-l-methionine was used for the dietary exposures and a 6:1 ratio 
of selenate:selenite was used for aqueous exposures. Spawning frequency, fecundity, and hatching 
success were monitored during the last 80 days of the test and fry survival was monitored for 30 
days after hatch (fry were exposed to the same aqueous Se concentrations as their parents over 
the 30-day posthatch duration). No effects on spawning frequency, fecundity, or hatching success 
were observed in any of the treatments. In addition, growth of bluegill fry at either 15 or 30 days 
posthatch was unaffected by any of the Se treatments tested. However, larvae from females fed 
the 33.3 µg Se/g diet had greatly reduced survival (7%) relative to other treatments (75–90%) 5–6 
days after hatching. All bluegill larvae in this study experienced increased mortality from approxi
mately day-6 through day-30 posthatch, including control fish. Coyle et al. (1993) attributed this 
increased mortality to the likelihood of starvation resulting from the unsuccessful transition from 
endogenous to exogenous feeding. The dietary NOEC and LOEC, therefore, was 16.8 and 33.3 µg 
Se/g, respectively. The corresponding mean ovary Se concentrations at the NOEC and LOEC were 
20 and 35 µg/g dry wt., respectively, and the mean egg Se concentrations at the NOEC and LOEC 
were 22.5 and 41.3 µg/g dry wt. (Table 5.2). On the basis of the whole-body Se concentrations in 
adults on the day spawning was initiated, the whole-body Se concentrations associated with the 
NOEC and LOEC were 7 and 16 µg/g dry wt., respectively (Table 5.2). By fitting a probit model to 
the concentration-response data for larval mortality, we calculated EC10 and EC20 values of 24 and 
27 µg/g dry wt. for ovaries, 22 and 26 µg/g dry wt. for eggs, and 7.8 and 9.2 µg/g dry wt. for whole 
body (Table 5.2). 

Hermanutz et al. (1992, 1996); Tao et al. (1999)—Adult bluegill (L. macrochirus) were exposed 
to Se in experimental streams dosed with selenite. The streams contained well-developed assem
blages of fish food organisms, so an environmentally relevant dietary Se exposure pathway was  
simulated. Three Se exposure regimes were tested: (1) bluegills were exposed in streams dosed with 
10 and 30 µg/L selenite; (2) bluegills were exposed in streams dosed with 2.5 and 10 µg/L selenite; 
and (3) bluegills were exposed in streams that had previously been dosed with either 2.5 or 10 µg/L 
selenite, but the selenite source had been turned off. Of these studies, we focused on the results from 
the second study that evaluated streams continuously dosed to maintain aqueous Se concentrations 
of approximately 2.5 and 10 µg/L (plus a control stream). At the end of the exposure period, whole-
body Se concentrations in adult bluegill were approximately 1.6, 4.4, and 21.8 µg/g dry wt. (assum
ing 75% moisture) and ovary Se concentrations were 5.1, 17.3, and 69.0 µg/g dry wt. (assuming 85% 
moisture, per Gillespie and Baumann [1986]). The most sensitive endpoint was larval edema, which 
was 0% in the control stream and in the 2.5 µg Se/L stream and 100% in the 10 µg Se/L stream. 
Thus, the whole-body NOEC and LOEC were 4.4 and 21.8 µg/g dry wt., respectively, and the ovary 
NOEC and LOEC were 17.3 and 69 µg/g dry wt. (Table 5.2). 

5.4.1.2 Brook Trout 
Holm (2002); Holm et al. (2003, 2005)—Gametes from adult brook trout (S. fontinalis) were col
lected from a stream with elevated Se (Luscar Creek, downstream from active coal mining), inter
mediate Se (Gregg River), and a reference stream (Cold Creek) in west-central Alberta, Canada. 
Eggs were fertilized in the laboratory and deformities and edema in fry were evaluated. The most 
pronounced effect observed in the trout from Luscar Creek was a 7.9 ± 1.8% (mean ± SE)  incidence 
of craniofacial deformities, compared with a 2.3 ± 0.8 and 2.1 ± 0.6% incidence of craniofacial 
deformities in fish collected from the Gregg River and the Cold Creek reference stream, respectively. 
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The incidence of craniofacial deformities was significantly different (p < .05) in Cold Creek relative 
to Luscar Creek, but not in the Gregg River relative Luscar Creek (despite similar levels of craniofa
cial deformities observed in the Gregg River and Cold Creek). The mean (±SE) egg Se from parent 
fish collected from Luscar Creek was 7.8 ± 0.7 µg/g wet wt. (20 ± 1.8 µg/g dry wt.), compared to 
mean egg Se concentrations of 6.6 ± 0.4 µg/g wet wt. (17 ± 1.0 µg/g dry wt.) for Gregg River fi sh and 
1.3 ± 0.1 µg/g wet wt. (3.3 ± 0.26 µg/g dry wt.) for Cold Creek fi sh (wet-to-dry weight conversions 
based on an assumed moisture content of 61% [Holm et al. 2005]). Accordingly, egg Se concentra
tions of 17 and 20 µg/g dry wt. may be considered the NOEC and LOEC from this study, although 
the LOEC based on Luscar Creek fish is based on just a 6% increase in craniofacial deformities 
relative to the intermediate Se (Gregg River) and reference site (Cold Creek) (Table 5.2). 

5.4.1.3 Brown Trout 
Formation Environmental (2009)—Adult brown trout (S. trutta) were collected from south
east Idaho streams with varying Se levels. Gametes were stripped and eggs were fertilized in the 
field. The fertilized eggs were then transported to the laboratory, where they were reared through 
swim-up. Larvae were observed for mortality and deformities. The resulting egg Se EC10 and EC20 
values were 17.7 and 21.6 µg/g dry wt. for alevin mortality and 19.3 and 21.7 µg/g dry wt. for larval 
deformities (Table 5.2). 

5.4.1.4 Cutthroat Trout 
Kennedy et al. (2000)—Adult cutthroat trout (O. clarki lewisi) were collected from a stream 
with  elevated Se levels (Fording River) and a reference site (Connor Lake) in southeastern British 
Columbia, Canada. Gametes were stripped and eggs were fertilized and transported to the labora
tory for rearing. Larvae and fry were then observed for deformities and mortality. Se concentrations 
in Fording River eggs were highly variable, ranging from 8.7 to 81.3 µg/g dry wt., with an average 
of 21.2 µg/g dry wt. No signifi cant (p < .05) correlations between Se concentrations in eggs from 
Fording River and Connor Lake and hatching time, deformities, and mortalities were observed. 
However, the variability in the data may have masked some of the potential Se-related effects. For 
example, percent mortalities ranged from 1.5% to 43.7% after yolk absorption, with the correl
ation between egg Se and mortalities having a p-value of 0.15. Because no statistically signifi cant 
effects could be identified from this study, the mean egg Se concentration of 21.2 µg/g dry wt. was 
identified as a NOEC. Although there is added uncertainty in this value given the variability in 
the data and the relationship between egg Se and larval mortality postyolk absorption, the other 
toxicity studies with cutthroat trout, summarized later, suggest that this egg Se NOEC estimate is 
not unreasonable. 

Hardy et al. (2010)—The sensitivity of southeast Idaho reared cutthroat trout (O. clarki) to 
dietary Se was evaluated in a multiyear laboratory study. Eyed cutthroat trout eggs were obtained 
from the Henry’s Lake hatchery (southeast Idaho) and reared in the laboratory. Once trout reached 
the swim-up stage, they were fed Se diets of 1.2 (control), 3.8, 6.4, 9.0, 11.5, or 12.0 µg/g through 
maturation and spawning. After 80 weeks of feeding, control mortality was 19.5%, and then gener
ally decreased with increasing dietary Se concentration (mortality was 3.0% in fish fed the highest 
Se diet of 12.0 µg/g). The concentration-response relationship for larval deformities was parabolic, 
with the highest percentage of deformities (15.9–20.2%) being observed at the intermediate expo
sure levels and the percentage of deformities at the two highest treatments (6.8–7%) were compara
ble to in the control fish (5.6%). The percentages of total deformities are higher than the percentages 
of craniofacial deformities. Hardy et al. (2010) noted that for comparison, Lemly (1997) considered 
deformity rates of <6% for warm water fishes indistinguishable from background and that deformity 
rates between 6% and 12% the effect of maternal Se intake is deemed slight. Hardy et al. (2010) also 
noted that this categorization is based on specific deformities of the skull and jaw, not with general 
deformities often seen in trout and salmon, such as curled tails and cojoined twins. Accordingly, 
the low frequency of deformities (both total and craniofacial) in the highest dietary Se treatments, 



 

 

 
 

 
 

 
 
 

  
 
 

 
  

 
 

 

 

 
 

 

206 Environmental Contaminants in Biota 

coupled with the low incidence (<10%) of craniofacial deformities in all treatments, suggests that 
none of the dietary Se treatments resulted in significant effects on cutthroat trout in this study. The 
highest whole-body and egg Se concentrations measured across all dietary Se treatments were 11.37 
and 16.04 µg/g dry wt. The study also evaluated Se depuration and found that cutthroat trout fed 
the highest Se diet excreted Se at the highest rate. Consequently, Hardy et al. (2010) suggested that 
cutthroat trout have the ability to tolerate relatively high levels of Se exposure by maintaining non
toxic body levels via enhanced excretory mechanism. The whole-body and egg Se NOECs from this 
study, therefore, were >11.37 and >16.04 µg/g dry wt. (Table 5.2). 

Rudolph et al. (2008)—Adult westslope cutthroat trout (O. clarki lewisi) were collected from 
a reference site (O’Rourke Lake) and a site with elevated Se levels (Clode Pond) in southeastern 
British Columbia, Canada. Similar to Kennedy et al. (2000), gametes were stripped and eggs were 
fertilized in the field. The fertilized eggs were transported to the laboratory and fry were evaluated 
for deformities, edema, and mortality. Mortality of Clode Pond larvae was higher than in larvae 
from the reference site, but no significant differences (p < .05) for percent fertilization, percent 
hatch, or mortality of eggs and alevins were observed. The eggs from four of the Clode Pond fi sh 
died before they reached the laboratory—the Se concentration in these eggs ranged from 86.3 to 
140 µg/g dry wt. In addition, eggs with Se concentrations >46.8 and <75.4 µg/g dry wt. were suc
cessfully fertilized, but no viable fry were produced. The remaining egg Se concentrations in Clode 
Pond fi sh (n = 4) ranged from 11.8 (estimated from muscle) to 20.6 (measured) µg/g dry wt. (mean 
egg Se concentration of 16.4 µg/g dry wt.). For comparison, Se concentrations in O’Rourke Lake 
eggs ranged from 12.3 to 16.7 µg/g dry wt. (mean of 14.1 µg/g dry wt.). All viable fry after yolk 
absorption at swim-up were assessed for the frequency and severity of skeletal, craniofacial, and 
finfold deformities, as well as for edema. Deformities and edema were scored form 0 (normal) to 
3 (severe). The frequency and severity of skeletal, craniofacial, and finfold deformities observed in 
Clode Pond  offspring were either statistically insignificant or signifi cantly (p < .05) lower than the 
O’Rourke Lake fish. For edema, the frequency was signifi cantly (p = .007) greater in Clode Pond 
offspring than in O’Rourke Lake offspring (87.7% vs. 61.2%) and the severity score was signifi cantly 
(p = .007) greater (0.88 vs. 0.61). However, the authors noted that the edema was not severe (indi
cative by the total severity score of <1 for edema), as only slight fluid accumulation was observed 
around the eyes and no edema of the yolk sac or pericardial cavity was observed. However, there did 
appear to be a clear relationship between egg Se and alevin mortality, which is a Se-relevant end
point as alevin mortality occurred during yolk sac absorption and, hence, exposure to Se. With one 
exception, the percentage of dead alevins was ≤15% at egg Se concentrations ranging from 11.8 to 
20.6 µg/g dry wt. On the basis of the data plotted in Figure 1 of Rudolph et al. (2008), we estimated 
egg Se EC10 and EC20 values of 17 and 23 µg/g dry wt. for alevin mortality (Table 5.2). 

5.4.1.5 Dolly Varden 
Golder (2009)—Adult Dolly Varden (S. malma) were targeted for collection from high-Se waters 
(Upper Waste Rock Creek and Upper Waste Rock Creek ponds), a moderate Se water (Lower Waste 
Rock Creek), and a low Se water (North Kemess Creek) in northern British Columbia, Canada. 
However, no mature females were available from the high-Se waters. Gametes were stripped from 
fish collected from the moderate and low Se sites and eggs were fertilized in an on-site laboratory. 
The fertilized eggs were then transported to the toxicology laboratory, where they were reared 
through hatching and the test was terminated when at least 90% of the fry reach the swim-up stage. 
Fry were evaluated for deformities (skeletal, craniofacial, and finfold defects) and edema, which 
were scored from 0 (normal) to 3 (severe). Using a probit model, Golder (2009) derived egg Se EC10 
and EC20 values of 54 and 60 µg/g dry wt., respectively (Table 5.2). 

5.4.1.6 Fathead Minnow 
Ogle and Knight (1989)—Approximately 60-day-old fathead minnows (P. promelas) were pro
vided a diet spiked with 25% seleno-l-methionine, 25% selenate, and 50% selenite at measured 
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concentrations of 5.2, 10.2, 15.2, 20.3, and 29.5 µg Se/g. Every 2 weeks fish were collected 
and weighed, and one fish from two of four replicates was removed for Se analysis. Spawning 
substrates were provided on day 98. On day 105, a male and female were selected and the spawn
ing period was extended for 30 days after the first spawning event in each replicate. Fish were  
collected for Se analysis at the end of the spawning period. Eggs were collected and examined for 
fertility and incubated for determination of hatchability. Survival of larval fish after 14 days was 
determined. After 98 days of exposure, growth was signifi cantly (p < .05) reduced (16% relative to 
the control) in fish fed the diet containing 20.3 µg Se/g. The ecological significance of this level of 
growth reduction (16%) is questionable given the variability in the responses at which signifi cant 
effects were observed (1.30 ± 0.22 g in the control and 1.09 ± 0.16 g in fish fed 20.3 µg Se/g) and, 
that the fish fed the highest Se diet (29.5 µg/g) had no signifi cant (p > .05) effects on any reproduct
ive parameter evaluated: number of spawns per pair, number of eggs per spawn, percent hatch, or 
larval survival to 14 days. For each of these endpoints, the responses were similar to the controls, 
suggesting that the dietary Se threshold for reproductive effects is greater than the highest dietary 
concentration measured (29.5 µg Se/g). Correspondingly, no reproductive effects were observed in 
fish with a mean ovary Se concentration of 10.9 µg/g dry wt. or a whole-body Se concentration of 
7.5 µg/g dry wt. (Table 5.2). 

Schultz and Hermanutz (1990)—Fathead minnows (P. promelas) were exposed to Se in experi
mental streams continuously dosed with 10 µg/L selenite. The streams contained well-developed 
assemblages of fish food organisms, so an environmentally relevant dietary exposure pathway was 
simulated. Submerged spawning platforms were provided and checked daily for embryos. Samples 
of collected embryos were then reared in incubation cups containing stream water with the same 
Se concentrations as in the streams from which they were collected. Each sample was observed 
each posthatch day for edema and lordosis (larvae were not fed, and observations continued until 
all larvae died). Se concentrations in the ovaries of the adult females were also determined. The 
incidence of edema and lordosis in larvae from the dosed stream, 24.6% and 23.4%, respectively, was 
signifi cantly (p < .05) greater than in the control stream (0.9% and 5.6%). The mean Se concentration 
in ovaries of the parental fi sh was 5.89 µg/g dry wt., or 23.6 µg/g dry wt. assuming 75% moisture in 
fathead minnow ovaries). Accordingly, the LOEC from this study was identified as <23.6 µg/g dry wt. 
(Table 5.2). 

5.4.1.7 Largemouth Bass 
CP&L (1997)—Adult largemouth bass (M. salmoides) were provided artificial diets spiked with 
seleno-dl-methionine for several months prior to spawning. In 1995 bass were provided diets 
with measured Se concentrations of 2.9, 7.5, and 11.2 µg/g dry wt., and in 1996 a second set of bass 
were provided diets with measured Se concentrations of 26.7, 53.1, and 78.4 µg/g dry wt. The fi sh 
spawned in the laboratory and the resulting larvae were monitored until swim-up for mortality and 
deformities. The most sensitive endpoint was larval mortality. On the basis of a logistic concentra
tion-response curve developed by the study authors, we calculated ovary Se EC10 and EC20 values 
of 22 and 24 µg/g dry wt., respectively (Table 5.2). 

5.4.1.8 Mosquitofi sh 
Saiki et al. (2004)—Adult western mosquitofi sh (G. affinis) were collected from two Se-contaminated 
sites (Sand Luis Drain and North Mud Slough) and two reference sites (North Mud Slough upstream 
of San Luis Drain and a location on the San Joaquin River with no history of receiving seleniferous 
drainwater) in central California, U.S. Pregnant females were identified (they are a live-bearing fi sh) 
and placed in glass beakers. After birth, live and dead fry were counted, then females and fry were 
killed with an overdose of MS-222 and measured for length and weight, and fry were evaluated for 
gross evidence of external deformities. Fry survival averaged greater than 96% from all sites and no 
fry exhibited evidence of teratogenesis. The highest whole-body Se concentration measured in  parent 
fish was 17.5 µg/g dry wt., which we considered a “greater than” NOEC for this study (Table 5.2). 
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Staub et al. (2004)—Gravid female eastern mosquitofi sh (G. holbrooki) were collected from a 
coal ash basin system and a reference pond on the Savannah River Site in South Carolina, U.S. After 
acclimation in the laboratory, fish were transferred into brood chambers, which included a small 
opening that allowed offspring to avoid cannibalism in an attached bag. Offspring were inspected 
for mortality and deformities. Brood sizes and offspring viability at birth were not signifi cantly dif
ferent (p > .05) between ash pond and reference site fish. The mean whole-body Se concentration 
measured in parent females was 11.85 µg/g dry wt., which we considered a “greater than” NOEC 
from this study (Table 5.2). 

5.4.1.9 Northern Pike 
Muscatello et al. (2006)—Gametes were obtained from northern pike (E. lucius) collected approxi
mately 2 km (high Se), 10 km (intermediate Se), and 15 km (low Se) downstream of a uranium 
milling operation in northern Saskatchewan, Canada. The mean egg Se concentrations in the high, 
intermediate, and low Se exposure sites were 48.23, 31.28, and 3.80 µg/g dry wt., respectively. 
Gametes were also collected from a reference site, which had a mean egg Se concentration of 3.19 
µg/g dry wt. Of 19 trace elements analyzed in the egg samples, only Se was present at elevated 
concentrations in the intermediate and high Se exposure sites. Eggs were fertilized in the fi eld 
and transported to the laboratory. The endpoints evaluated included fertilization success, larval 
deformities, and larval edema. A concentration-response relationship was observed between egg Se 
concentrations and total embryo deformities, and the study authors calculated egg-based Se EC10 
and EC20 values of 20.38 and 33.55 µg/g dry wt., respectively (Table 5.2). The NOEC and LOEC 
were 3.80 and 31.28 µg/g dry wt., respectively (Table 5.2). 

5.4.1.10 Rainbow Trout 
Holm (2002); Holm et al. (2003, 2005)—Gametes from adult rainbow trout (O. mykiss) were 
collected from a stream with elevated Se (Luscar Creek, downstream from active coal mining),  
intermediate Se (Gregg River), and reference streams (Deerlick and Wampus creeks) in west-central 
Alberta, Canada. Eggs were fertilized in the laboratory and embryos and larvae were reared to 
the swim-up stage. Fry were evaluated for deformities and other indicators of Se toxicity, such as 
edema. Craniofacial and skeletal deformities in larvae were more prevalent from fish collected in 
the elevated Se stream being, on average, 33% and 25% at Luscar Creek compared to 7.1–12% and 
7.9–9.2% at the reference streams, respectively. Larval edema was also higher at Luscar Creek 
(34.5%) relative to Deer Creek (6.1%) and Wampus Creek (23.3%), although the difference was only 
signifi cant (p < .05) relative to Deer Creek. The mean (±SE) egg Se from parent fish collected from 
Luscar Creek (elevated Se) was 9.9 ± 1.4 µg/g wet wt. (25 ± 3.6 µg/g dry wt.), compared to mean egg 
Se concentrations of 6.5 ± 1.6 µg/g wet wt. (17 ± 4.1 µg/g dry wt.) for Gregg River fish, and 3.5 ± 0.4 
µg/g wet wt. (9.0 ± 1.0 µg/g dry wt.) for both Deer Creek and Wampus Creek fish (wet-to-dry weight 
conversions based on an assumed moisture content of 61% [Holm et al. 2005]). Holm et al. (2005) 
estimated there was a 15% probability of observing craniofacial deformities, skeletal deformities, 
and edema at an egg Se concentration between 8.8 and 10.5 µg/g wet wt. (or 23–27 µg/g dry wt. 
assuming 61% moisture). Overall, we estimated egg-based NOEC, LOEC, EC10, and EC20 values 
of 17, 25, 23, and 27 µg/g dry wt., respectively, from this study (Table 5.2). 

5.4.1.11 Razorback Sucker 
Hamilton et al. (2005a, 2005b)—Adult razorback suckers (X. texanus) were exposed for 9 months 
to a gradient of Se concentrations in ponds and isolated river channels of the Colorado River near 
Grand Junction, Colorado (U.S.). The water bodies used in the study were: (1) Horsethief ponds, 
reference site (2.2 µg Se/L); (2) Adobe Creek (3.8 µg Se/L); and (3) North Pond (9.5 µg Se/L). 
Suckers in Horsethief ponds were fed a commercial diet, while fish in Adobe Creek and North Pond 
were fed naturally available diets. The Se concentrations in food were 1.1 µg/g in commercial fi sh 
food, 4–56 µg/g in Adobe Creek, and 20–81 µg/g in North Pond. After the 9-month-adult exposure, 
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fish were collected and induced to spawn. The eggs were then used in a 9-day study to evaluate 
egg survival, hatchability, and embryo deformities. The mean egg Se (SE) concentrations (µg/g dry 
wt.) were 6.5 (0.2) at Horsethief ponds, 46.5 (4.6) at Adobe Creek, and 37.8 (1.4) at North Pond. 
There were no significant differences between egg sources on viability, survival, hatch, or hatch
ability, but the percentage of embryos with deformities was signifi cantly (p < .05) increased in the 
Adobe Creek test (26% deformities vs. 18% in Horsethief ponds). Thus, the egg Se concentration of 
46.5 µg/g dry wt. from Adobe Creek was associated with significantly increased deformities, while 
an egg Se concentration of 37.8 µg/g dry wt. was not associated with any adverse effects compared 
to the reference site (Table 5.2). 

5.4.1.12 White Sucker 
de Rosemond et al. (2005)—Gametes were obtained from white sucker (C. commersoni) collected 
from Island Lake, which is downstream of the Cluff Lake uranium mine in northern Saskatchewan, 
Canada. Eggs were fertilized in the field, and embryos were reared in the laboratory. The mean 
egg Se concentration was 25.6 µg/g dry wt. and mean total developmental deformities were 12.8% 
(Table 5.2). A limitation of this study is that an insufficient number of suckers could be collected at 
an uncontaminated reference lake. Nevertheless, the egg Se concentration and level of deformities 
observed based on gametes collected from the elevated Se site is consistent with the other fi eld
based studies for salmonids and northern pike described earlier. 

5.4.2 DIRECT DIETARY SE EXPOSURES: EFFECTS ON LARVAL/JUVENILE GROWTH AND SURVIVAL 

Studies in which juvenile fish were exposed to dietary organoselenium and whole-body Se concen
trations were measured, and effects on growth and survival were evaluated have been conducted 
with six species of fish: bluegills (L. macrochirus), Chinook salmon (Oncorhynchus tshawytscha), 
fathead minnows (P. promelas), rainbow trout (O. mykiss), razorback suckers (X. texanus), and 
white sturgeon (Acipenser transmontanus). These are summarized below. 

5.4.2.1 Bluegill 
Lemly (1993a)—Juvenile bluegill (L. macrochirus) were exposed to 5.1 µg Se/g (as seleno- 
l-methionine) in the diet and 4.8 µg Se/L (as 1:1 selenate:selenite) in water for 180 days. One set of 
fish was exposed to Se under simulated winter conditions, whereby water temperature was gradually 
reduced from 20°C to 4°C over a period of 8 weeks and photoperiod was simultaneously reduced. 
Another set of fish was exposed to Se at a water temperature of 20°C over the entire 180-day 
exposure. Under simulated winter conditions, bluegills reduced activity and feeding. The increased 
respiratory demand combined with reduced feeding resulted in lipid depletion and subsequent mor
tality in a significant number of test fish. The whole-body Se concentration at the onset of winter 
conditions was 5.85 µg/g dry wt., and the whole-body Se concentration after the 120-day exposure 
to winter conditions was 7.91 µg/g dry wt. Bluegills exposed to the same Se level, but in 20°C water, 
continued to feed and did not lose sufficient lipids for mortality to occur. We considered the whole-
body LOEC from this study, under simulated winter conditions, to be <5.85 µg/g dry wt. (Table 
5.3), as this was the whole-body Se concentration at the onset of the final test temperature of 4°C 
(the higher whole-body Se concentration of 7.91 µg/g dry wt. at test termination simply refl ected an 
increase in the Se concentration due to lipid depletion during the test). 

This study was the basis for the U.S. EPA’s draft two-part whole-body fish tissue criterion for 
Se (U.S. EPA 2004). The first part was a trigger concentration of 5.85 µg/g dry wt. that would be 
applied to whole-body fish Se concentrations measured in summer or fall. If this concentration was 
exceeded, fish should be sampled in the winter to determine whether the Se concentration exceeded 
7.91 µg/g dry wt. Because Lemly (1993a) was the only study to evaluate the combined effects of 
Se and simulated winter stress in bluegills (or any fish), and was the basis for the U.S. EPA’s draft 
whole-body Se criterion, the study has received an extra level of scrutiny. One limitation of the 
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study in terms of developing a national criterion, is that there was only one Se treatment (4.8 µg Se/L 
in water and 5.1 µg Se/g in food) and one coldwater temperature regime (4°C). Accordingly, there 
was interest in evaluating additional Se exposure concentrations to ensure that a concentration-
response relationship exists between Se, winter stress, and juvenile mortality. Further, because 
many water bodies in the country do not achieve winter water concentrations of 4°C, there was 
interest in whether winter stress syndrome occurred at an intermediate temperature (e.g., 9°C). To 
address these questions, McIntyre et al. (2008) conducted an additional series of Se toxicity tests 
with juvenile bluegills, which are summarized below. 

McIntyre et al. (2008)—Three Se toxicity tests were conducted with juvenile bluegill. One test 
was similar to the Lemly (1993a) study, in which juvenile bluegill were exposed to an aqueous 
Se concentration of approximately 5 µg/L (as 1:1 selenate:selenite) and a dietary Se concentration 
of approximately 5 µg/g dry wt. (as TetraMin® spiked with seleno-l-methionine) for 182 days. In 
the two Se replicates, no fish died in one and two fish died in the other. The mean whole-body Se 
concentration was 10.0 µg/g dry wt., which was therefore identified as a “greater than” NOEC. In 
the other two toxicity tests, juvenile bluegill were exposed to a series of aqueous and dietary Se 
concentrations at either 4°C or 9°C. In these studies, the bluegill diet was the oligochaete worm 
Lumbriculus variegates, which had been exposed to various levels of selenized yeast. From these 
two toxicity tests, McIntyre et al. (2008) calculated whole-body Se EC10 values, based on juvenile 
mortality, of 9.56 and 13.29 µg/g dry wt. in the 4 and 9°C treatments, respectively (Table 5.3). 

The results from McIntyre et al. (2008) did not corroborate those from Lemly (1993a), but rather 
suggest that juvenile bluegill in this study were no more sensitive than offspring from adults with 
similar whole-body Se concentrations. At the time this book went to press, the U.S. EPA was revis
ing the draft fish tissue Se criterion. 

Cleveland et al. (1993)—Juvenile bluegill were exposed to dietary seleno-l-methionine for 
90 days. An anomalous response in bluegill mortality after 90 days was observed, as fish with a 
whole-body concentration of 4.7 µg/g dry wt. had signifi cantly (p < .05) elevated mortality rela
tive to the control fish, while mortality in fish with whole-body concentrations of approximately 
7.5–13.5 µg/g dry wt. was not significantly greater. Accordingly, neither a NOEC nor a LOEC could 
be estimated from this study. 

5.4.2.2 Chinook Salmon 
Hamilton et al. (1990)—Chinook salmon swim-up larvae (O. tshawytscha) were provided diets 
containing either high-Se mosquitofish collected from the San Luis Drain (California) or mosqui
tofish collected from a reference site that were subsequently fortified with seleno-dl-methionine. 
Hamilton et al. (1990) suggested that increased toxicity observed in the San Luis Drain diet was at 
least partially explained by the presence of other contaminants in the mosquitofi sh. Accordingly, 
the following focuses on the study based on the selenomethionine-spiked diet. In the first of two 
studies, swim-up larvae were exposed to Se-fortified food for 90 days. The larvae were reared in 
reconstituted water, which simulated a 1:37 dilution from the San Luis Drain (minus trace elements). 
Se concentrations in the water were always below the detection limits of 1.5–3.1 µg/L. Dietary Se 
concentrations were 3.2, 5.3, 9.6, 18.2, and 35.4 µg/g. In the second study, fingerlings were exposed 
to the same dietary Se concentrations for 120 days in brackish water. 

Upon termination of the first study at 90 days, survival and growth in Chinook salmon fed a 
diet containing 18.2 µg Se/g were signifi cantly (p < .05) reduced relative to control fish. No signifi 
cant (p < .05) effects on survival or growth were observed in fish fed a dietary Se concentration 
of 9.6 µg/g. The whole-body Se concentrations at the 90-day NOEC and LOEC were 5.4 and 10.8 
µg/g dry wt., respectively. However, the reliability of the 90-day results is questionable given that 
control survival decreased from 99% on day 60 to 67% on day 90. The high mortality rate in the 
control fish suggests that some of the mortality observed in the treatment groups may be due to 
factors other than Se. On the basis of the day 60 data, the whole-body Se NOEC and LOEC for 
growth were only slightly lower (5.3 and 10.4 µg/g dry wt.) relative to the day 90 data. Based on the 
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concentration-response data provided in the study, we estimated day-60 EC10 and EC20 values of 
6.4 and 10.9 µg/g dry wt., respectively (Table 5.3). 

In the second study, 70 mm Chinook fingerlings were exposed to the same dietary Se concentra
tions as above, but in brackish water, for 120 days. After the 120-day exposure, the Chinook were 
exposed to a 10-day seawater (28 g/L salinity) challenge test and percent mortality was assessed. 
The whole-body Se NOEC and LOEC after 120 days of exposure and following the 10-day seawater 
challenge, for both growth and mortality, were 12.6 and 23.2 µg/g dry wt. In terms of the level of 
effect, mortality from the seawater challenge study was more sensitive than the reduction in growth. 
We calculated whole-body EC10 and EC20 values of 4.3 and 8.6 µg/g, dry wt. (Table 5.3). 

5.4.2.3 Fathead Minnow 
Bennett et al. (1986)—Se was followed through a three-tiered food chain (algae-rotifer-fathead 
minnow larvae) in three laboratory experiments. In the first experiment, 4-day-old larvae were 
fed Se-contaminated rotifers for 7 days, followed by a control diet for 19 days. In the second experi
ment, 8-day-old larvae were fed Se-contaminated rotifers for 9 days. In experiment three, 2-day-old 
larvae were fed Se-contaminated rotifers for 7 days before test termination. Mean Se concentra
tions in rotifers fed to fathead minnow larvae were >70 and 68 µg/g dry wt. in experiments one and 
two, respectively. Larval growth in both of these experiments was signifi cantly (p ≤ .05) reduced 
relative to control fish. The mean larval Se concentration at the end of the 7-day exposure period 
was 43.0 µg/g dry wt. in experiment one, and was 51.7 µg/g dry wt. in experiment two. Larval 
growth in experiment three was signifi cantly reduced at p ≤ .10. The mean larval Se concentration 
was 61.1 µg/g dry wt. Accordingly, a LOEC of <43.0 µg/g dry wt. was identified from this study 
(Table 5.3). 

Bertram and Brooks (1986)—Fathead minnows were exposed in the laboratory to either water
borne Se, Se-contaminated food, or a combination of the two for 8 weeks. Tests of fi sh exposed 
only to dietary Se were terminated after 11 weeks. No effects on growth were observed in fathead 
minnows fed a diet containing 7.3 µg/g Se (and 43.5 µg/L Se in the water), the highest dietary con
centration tested. The whole-body Se concentration in the highest dietary Se concentration tested 
was 2.2 µg/g dry wt. (Table 5.3). 

Dobbs et al. (1996)—A three trophic level test system consisting of algae, rotifers, and larval 
fathead minnows was dosed with various concentrations of selenate for 25 days. Fathead minnow 
larval growth was signifi cantly (p ≤ .05) reduced relative to the controls in fish fed rotifers with a 
Se concentration ranging from approximately 33–60 µg/g dry wt. Whole-body Se concentrations in 
the affected fish ranged from 47.5 to 76.0 µg/g dry wt. (Table 5.3). 

5.4.2.4 Rainbow Trout 
Vidal et al. (2005)—Juvenile (24 days old at test initiation) rainbow trout (O. mykiss) were exposed 
to dietary seleno-l-methionine concentrations of 4.6, 12, and 18 µg/g dry wt. for 90 days. Fish 
weight, fork length, and tissue Se concentrations were measured at days 0, 30, 60, and 90. In addi
tion, hepatic lipid peroxidation and reduced glutathione (GSH)-to-oxidized glutathione (GSSG) 
ratios were measured on days 60 and 90. After 90 days, no signifi cant effects on hepatic lipid per-
oxidation or GSH-GSSG ratios were observed in the Se treatments; however, fish exposed to dietary 
Se concentrations of 4.6 and 12 µg/g dry wt. had signifi cantly (p ≤ .05) reduced body weight and 
fork length relative to the controls. Growth (weight) of fish exposed to 4.6, 12, and 18 µg/g dietary Se 
was reduced by 33%, 33%, and 26%, respectively, relative to control fish. The 26% weight reduction 
in the highest treatment was not statistically different (p > .05) from the control. Vidal et al. (2005) 
identified the lowest treatment (4.6 µg/g) as the dietary LOEC. The whole-body Se concentration 
in trout exposed to a dietary Se concentration of 4.6 µg/g was 0.58 µg/g wet wt., or 2.3 µg/g dry wt. 
assuming 75% moisture. However, the authors did not base the whole-body Se LOEC on the con
centration corresponding with the dietary treatment of 4.6 µg/g. Rather, they identified 1.20 µg/g 
wet wt. as the LOEC, or 4.8 µg/g dry wt. assuming 75% moisture, which was associated with the 
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dietary Se concentration of 12 µg/g—presumably because this was the lowest exposure concentra
tion that resulted in a Se tissue level significantly greater than the concentration in the control. This 
results in a circumstance where exposure to Se resulted in a whole-body Se concentration that was 
not significantly different than the control, but growth was still significantly reduced. Further, the 
whole-body-based Se LOEC of 2.3 µg/g dry wt. is also unexpected because it appears to fall within 
the range of background Se concentrations. As Skorupa (1998b) reported, for example, background 
concentrations of Se in whole-body fish range from <1 to 4 µg/g dry wt., and are typically <2 µg/g 
dry wt. 

Adding to the uncertainties in terms of identifying a whole-body Se threshold from the Vidal 
et al. (2005) study, whole-body Se concentrations peaked at day 60 and then decreased by day 90, 
even in the control fish (whole-body Se concentrations were also lower at day 90 than at day 30). 
The changes in whole-body Se during the course of the test were substantial enough that by day 60, 
whole-body Se in control fish was 1.24 µg/g wet wt. (4.96 µg/g dry wt.; 75% moisture), or more than 
two times the effects-based whole-body LOEC of 0.58 µg/g wet wt. (2.3 µg/g dry wt.; 75% mois
ture) discussed earlier (Figure 5.1a). Vidal et al. (2005) suggest that the decreases in whole-body Se 
from day 60 to day 90 likely occurred because of the relative increases in total body mass, which 
would have decreased overall concentrations. However, the observed reduction in Se concentrations 
does not appear to be entirely a growth dilution effect because Se burdens (µg Se per fi sh), calcu
lated based on the whole-body Se concentration and the weight of the fi sh, also declined from day 
60 to 90 (Figure 5.1b). Regardless, temporal variability in whole-body Se concentrations in this  
study makes it difficult to link whole-body Se concentrations to different levels of growth effects. 
Although statistically significant effects were not observed until day 90, these effects were a result 
of internal Se concentrations throughout the 90-day exposure period. Thus, the effects measured at 
day 90 may actually result from the higher whole-body Se concentrations earlier in the study. Given 
all of the above, we did not identify a whole-body Se threshold associated with adverse effects in 
rainbow trout based on this study. 

5.4.2.5 Razorback Sucker 
Beyers and Sodergren (2002)—This study simulated an algae→rotifer→larval razorback sucker 
(X. texanus) food chain. All three components of the food chain were exposed to a control water 
or natural waters representing a gradient of Se concentrations. The natural waters were collected 
from three locations along the Colorado River near Grand Junction, Colorado (U.S.). Aqueous 
Se concentrations ranged from <1 µg/L in the control to 20.3 µg/L in natural waters, from <0.183 to 
3.74 µg/g dry wt. in algae, and from <0.702 to 21.8 µg/g dry wt. in rotifers. Larval razorback 
suckers (5.0 mg, 10.9 mm) were exposed to the test solutions and diets for 28 days and the toxic
ity endpoints were survival and growth (weight and length). At the end of the study whole-body 
Se was measured in the larval suckers. No effects on survival or growth were observed relative 
to the control fish, with whole-body Se concentrations ranging up to 42.0 µg/g dry wt. in the  
highest Se treatment. Consequently, the whole-body Se NOEC from this study was identifi ed as 
>42.0 µg/g dry wt. 

Hamilton et al. (2005c)—This study was a continuation of the Hamilton et al. (2005a, b) stud
ies summarized previously. Larval razorback suckers (X. texanus) were reared from the Horsethief 
Canyon State Wildlife Area (HT) (reference area), Adobe Creek (AC), and North Pond (WW), as 
well as from brood stock from HT. Three spawns were used for each location, with egg Se concen
trations (µg/g dry wt.) ranging from 5.8 to 6.6 at HT, 38.0 to 54.5 at AC, 34.3 to 37.2 at WW, and 
7.1 for brood stock (a single egg sample was analyzed for the latter). The study was initiated with 
5-day-old larvae. Larvae, by source, were exposed to one of the following four treatments: (1) refer
ence food and reference water; (2) reference food and site water; (3) site food and reference water; 
and (4) site food and site water. The reference food was brine shrimp (2.7 µg Se/g) and the reference 
water was from the 24-Road Fish Hatchery (<1.6 µg Se/L). For HT and brood stock  larvae, the site 
food source was zooplankton collected from the Horsethief east wetland (HTEW) and averaged 
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FIGURE 5.1 (a) Whole-body selenium concentrations and (b) selenium body burdens in juvenile rainbow 
trout following 30, 60, and 90 days. Data from Vidal et al. (2005). Asterisks (*) denote where growth was 
 significantly reduced relative to the control. 

5.6 µg Se/g dry wt.; water Se from HT averaged 0.9 µg Se/L. For AC larvae, zooplankton collected 
from the site averaged 20 µg Se/g dry wt. and water Se averaged 5.5 µg Se/L. For WW larvae, 
zooplankton collected from the site averaged 39 µg Se/g dry wt. and water Se averaged 10.7 µg/L. 
Groups of larvae from each fish source were exposed to one of these four possible diet/water combi
nations for up to 30 days. For the HT, AC, and WW larvae exposed to site diets, whether simultane
ously exposed to site water or reference water, 100% mortality was reached in approximately 11, 14, 
and 7 days, respectively. The associated whole-body Se concentrations (µg/g dry wt.) in the HT, AC, 
and WW fish were 8.6–8.8 (day 7), 69–70.6 (day 7), and 28.3–44.5 (day 6). For brood stock larvae 
exposed to site diets, mortality ranged from approximately 40–60% (depending on whether they 
were exposed to reference or site water) and whole-body Se concentrations were 5.4 and 6.9 µg/g 
dry wt. 
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The toxicity response for each source of larvae was not clearly related to either the Se exposure 
concentrations or the internal tissue Se concentrations. For example, the HT site is a reference area 
with water and dietary Se concentrations much lower than AC and WW, which resulted in whole-
body Se concentrations in HT larvae much lower than those observed in AC and WW larvae. Yet 
100% mortality was observed in HT larvae after an exposure period comparable to that required 
for 100% mortality to be observed in AC and WW larvae. This level of mortality would not be 
expected due to the low levels of Se and short period of exposure. In addition, the HT larvae and 
broodstock larvae, which were hatched from eggs with similar Se concentrations and were exposed 
to the same water and dietary Se source, had different levels of mortality with HT larvae experienc
ing 100% mortality after about 11 days and brood stock larvae experiencing 40–60% mortality 
after 30 days. Further, in AC and WW larvae exposed to reference food and reference water, whole-
body Se concentrations were 7.7 and 9.7 µg/g dry wt., respectively, which are comparable or higher 
to the HT larvae and brood stock larvae exposed to site food; however, mortality was much lower 
in the AC and WW larvae versus HT larvae and brood stock larvae despite similar whole-body 
Se concentrations. Hamilton et al. (2005c) suggest that this may have resulted from the protective 
effects of arsenic, which was elevated in the brine shrimp reference food compared to the site zoo
plankton diets. For these reasons, it was not possible to identify a whole-body Se threshold for larval 
razorback suckers from this study. 

Given the inability to derive a whole-body Se threshold for razorback suckers in Hamilton et al. 
(2005c) and due to differences between Hamilton et al. (2005c) and a similar study by Beyers and 
Sodergren (2002), that is, NOEC >42 µg/g dry wt., we determined that there was too much uncer
tainty in deriving a razorback sucker whole-body Se threshold based on the available data. 

5.4.2.6 White Sturgeon 
Tashjian et al. (2006)—Juvenile white sturgeon (A. transmontanus) were provided formulated diets 
spiked with seleno-l-methionine for 8 weeks. The dietary Se concentrations were 0.4 (control), 
9.6, 20.5, 41.7, 89.8, and 191.1 µg/g. Fish were monitored for survival, growth, swimming activ
ity, and histopathological effects. The dietary NOEC and LOEC, based on body weight increase, 
were 20.5 and 41.7 µg/g, respectively. The corresponding whole-body Se NOEC and LOEC were 
14.7 and 22.5 µg/g dry wt., respectively. We derived a whole-body Se EC10 of 15 µg/g dry wt. based 
on percent body weight increase relative to that in the control fi sh. 

Tashjian et al. (2007)—In a continuation of the juvenile white sturgeon study conducted by 
Tashjian et al. (2006), fish exposed to dietary organic Se in freshwater were transferred to water 
with a salinity of either 15 or 20 parts-per-thousand (ppt) in order to evaluate the possible synergistic 
effects of Se and salinity during seaward migration. Following the 8-week Se exposure described 
in Tashjian et al. (2006), eight fish from each treatment group were starved for 24 h and transferred 
to water with a salinity of 15 or 20 ppt for 3 days. Fish survival was defined as those that did not 
die or lose equilibrium. In fish transferred to 15 ppt salinity water for 3 days and in 20 ppt water for 
1 day, the dietary NOEC and LOEC for survival were 89.8 and 191.1 µg/g, respectively. Survival 
of all fish, including control fish, was low in 20 ppt Se water after 2 days. Overall, therefore, the Se 
thresholds from Tashjian et al. (2006) based on 8-week Se exposures are protective of juveniles then 
transferred to 15 ppt salinity for 3 days and 20 ppt salinity water for 1 day. 

5.5 RECOMMENDATION FOR A FISH TISSUE SE THRESHOLD 

The toxicity studies summarized earlier suggest there are differences in the toxicity data and 
patterns for maternal transfer toxicity studies versus the juvenile toxicity studies. The following fi rst 
evaluates whether Se toxicity studies based on maternal transfer or direct toxicity to juveniles is 
more appropriate for developing a tissue-based Se threshold and then fish tissue-based Se thresholds 
are recommended. 
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5.5.1 LIFE STAGE CONSIDERATIONS FOR A SE FISH TISSUE THRESHOLD 

The Se toxicity studies reviewed here were categorized as either maternal transfer studies or juvenile 
direct exposure studies. We recommend that toxicity data from maternal transfer studies, in which 
egg or ovary Se is linked to larval mortality, deformities, or edema, be used to develop a broadly 
applicable fish Se tissue threshold. This recommendation is based on (1) the relative sensitivity of 
maternal transfer and juvenile toxicity studies to Se; (2) consistency of concentration-response rela
tionships within either maternal transfer or juvenile toxicity studies with Se; and (3) consideration of 
important attributes for identifying a good biomonitor of tissue Se concentrations in the fi eld. Each 
of these points are discussed further below. 

5.5.1.1 Relative Sensitivity of Maternal Transfer and Juvenile Toxicity Studies 
The relative sensitivity of two species exposed to a metal or metalloid in the environment is deter
mined by their sensitivity to the external concentration, that is, the substance bioaccessibility (the 
organism’s ability to uptake the substance and transport and sequester it or eliminate the substance). 
This cannot be inferred simply from relationships between internal tissue concentrations and tox
icity under a given set of conditions. The amount of bioavailable metal or metalloid that reaches the 
internal site of action varies between species due to differences in organism strategies/abilities to 
detoxify or excrete excess metal and even within species depending on the exposure conditions, all 
of which influence the bioaccumulation rate and whether toxicity will occur (Luoma and Rainbow 
2005). For example, in streams with elevated Se levels, Holm et al. (2005) observed a higher rate 
of teratogenesis in rainbow trout than in brook trout collected from the same streams. Holm et al. 
(2005) observed that rainbow trout maternally transferred a larger proportion of their body burden 
to the eggs than did brook trout. In other words, rainbow trout may not be intrinsically more sensi
tive to Se than brook trout (e.g., larval development as a function of Se concentration), but may be 
more sensitive at a given exposure concentration due to species differences in Se toxicokinetics (i.e., 
the efficiency of maternal transfer of Se to eggs from the muscle during vitellogenesis may be lower 
in brook trout than in rainbow trout [Holm et al. 2005]). 

Following from the above, the relative sensitivity of two species, or the sensitivity of two study 
types for a given species, is not necessarily based on the level of effects associated with internal 
(i.e., tissue) Se, but rather the external (i.e., dietary) Se concentration to which they are exposed. For 
example, suppose a water body contains Species A and Species B. The whole-body tissue Se EC10 
values for Species A and Species B are 10 and 12 µg/g, respectively. However, Species A is not nec
essarily more sensitive than Species B because the Se dietary TTFs (i.e., bioaccumulation potential) 
for the two species are not necessarily the same. If the dietary TTFs are 1 and 1.5 for Species A 
and B, respectively, Species B requires a lower dietary Se concentration to achieve the whole-body 
EC10 than Species A. Thus, the dietary EC10 would be 10 µg/g for Species A and 8 µg/g for Species 
B and, assuming a similar diet, Species B would therefore be more sensitive than Species A despite 
having a higher whole-body Se EC10. 

The same concept applies when evaluating which fish life stages are more sensitive to Se.  
Accordingly, when assessing whether the larval development and survival endpoints (resulting from 
maternal transfer) are more sensitive than the juvenile survival and growth endpoints, one must con
sider the exposure concentration. For Se, as previously discussed, the most environmentally relevant 
exposure concentration to consider is dietary organic Se. Relevant toxicity studies for this compari
son are limited to laboratory studies with known dietary Se concentrations. The fish species with 
the most data available for making this comparison is bluegill (L. macrochirus). Three laboratory 
studies exposed adult bluegill to dietary organic Se and evaluated effects in offspring: (1) Woock 
et al. (1987); (2) Doroshov et al. (1992); and (3) Coyle et al. (1993). The most sensitive endpoints in 
these three studies were larval mortality in the Woock et al. (1987) and Coyle et al. (1993) studies and 
larval edema in the Doroshov et al. (1992) study. The concentration-response curves relating dietary 
Se concentration to the percentage of effect are shown in Figure 5.2. The concentration-response 
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FIGURE 5.2 Selenium effects on bluegill larvae (from maternal transfer) and juveniles (from direct dietary 
exposures) as a function of dietary selenium. 

relationships are similar between the studies, with low-level effects up to a dietary Se concentration 
of approximately 12–16 µg/g dry wt., and then a rapid increase to a 90–100% effect level. 

There are two studies with juvenile bluegills (nonmaternal transfer) from which concentration-
response relationships could be derived based on dietary Se: Cleveland et al. (1993) and McIntyre 
et al. (2008). As shown in Figure 5.2, the concentration-response curve from the Cleveland et al. 
(1993) study is similar to the maternal transfer studies at low dietary Se concentrations. However, 
the same rapid increase in adverse effects is not observed at dietary Se concentrations greater than 
approximately 12 µg/g dry wt. Rather, the mortality response generally reaches a plateau between 
dietary Se concentrations of 9–33 µg/g dry wt. The concentration-response curves from McIntyre 
et al. (2008) are similar to those in the maternal transfer studies (Figure 5.2). Signifi cant juvenile 
mortality did not begin to occur until dietary Se concentrations reach approximately 14–15 µg/g dry 
wt. and then the concentration-response curves becomes relatively steep. Consequently, the juvenile 
bluegill in these tests appear to be similarly sensitive to, but no more sensitive than, offspring from 
adults exposed to similar dietary Se concentrations. 

Bryson et al. (1984), as summarized earlier, collected adult female and male bluegill from 
Hyco Reservoir and a control lake and crossed eggs and sperm from all combinations. The mean 
ovary Se concentrations were 49 and 3.3 µg/g dry wt. in Hyco Reservoir and control lake bluegill, 
respectively. All larvae hatched from Hyco Reservoir bluegill eggs experienced 100% mortality, 
regardless of the source of the male sperm. The surviving larvae (28 days posthatch) from con
trol lake females were then fed zooplankton collected from either Hyco Reservoir (mean Se ± 
standard deviation = 45 ± 12 µg/g dry wt.) or the control lake (mean Se ± standard deviation = 1.9 
± 2.0 µg/g dry wt.). Mortality was 97.3% in juvenile bluegills fed Hyco zooplankton and 23.7% in 
juveniles fed control lake zooplankton. Accordingly, Se levels in Hyco Reservoir resulted in almost 
complete mortality regardless of the life stage and exposure route (100% mortality prior to swim-
up when exposed to Se via maternal transfer or 97.3% mortality in juveniles when only exposed 
to dietary Se). Given the high Se levels in Hyco zooplankton and female ovaries, however, lower 
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effect levels or thresholds could not be identified and used to determine if one life stage was more 
sensitive than the other. 

Overall, the available data suggest that juvenile bluegill are not more sensitive than bluegill 
larvae exposed to Se via maternal transfer and, in fact, the relative sensitivities of the two life stages 
appear to be relatively similar based on dietary Se exposures. Although the data available for this 
comparison are not extensive, the results for bluegill, if translatable across species, suggest the 
maternal transfer endpoint is more sensitive relative to dietary exposures to juveniles. At this time, 
similar comparisons cannot be made for other species because data from laboratory adult exposure 
studies are not available. 

5.5.1.2 Consistency of Concentration-Response Relationships 
While egg or ovary Se concentrations are strong indicators of whether Se toxicity to fish larvae is 
likely to occur or not, it is less clear how Se concentration-response relationships for juvenile tissues 
vary in response to Se exposure concentrations, recognizing that concentrations may vary as a func
tion of age. As discussed earlier, Vidal et al. (2005) observed highly variable whole-body Se concen
trations over the 90-day exposure of juvenile rainbow trout to dietary Se, so much so that by day 60, 
whole-body Se in control fish was 1.24 µg/g wet wt., or more than two times their proposed effects-
based whole-body LOEC of 0.58 µg/g wet wt. An observation from this study, which was also noted 
by the study authors, is that the results may demonstrate the difficulty in using whole-body tissue 
residues as toxicity thresholds for Se in species that are developmentally immature. However, other 
studies with juvenile fish, such as Chinook salmon (Hamilton et al. 1990), bluegill (Lemly 1993a, 
McIntyre et al. 2008), and white sturgeon (Tashjian et al. 2006), did not observe the same fl uctua
tions in tissue Se over time. The Chinook salmon study conducted by Hamilton et al. (1990) resulted 
in a very different relationship between juvenile whole-body Se and growth effects relative to the 
Vidal et al. (2005) rainbow trout study even though the two studies have very similar test designs. 
This variability in basic concentration-response relationships between two closely related species 
and very similar study designs suggests that the sensitivity of young fish directly exposed to dietary 
Se is variable, or at least not well understood based on the limited data available. 

Teh et al. (2004) provide another example of variability in concentration-response relationships 
for juvenile fish. Although this study was not included in this review because whole-body Se con
centrations were not measured, muscle Se concentrations were measured. Teh et al. (2004) exposed 
Sacramento splittail (Pogonichthys macrolepidotus) to dietary organic Se for 9 months. An anom
alous response was observed between dietary Se and larval deformities (the only study that has 
observed deformities in fish not exposed to egg Se as a developing embryo). Greater than 50% 
deformities were observed at a dietary Se concentration of 6.6 µg/g dry wt. and then the level of 
deformities decreased with increasing dietary Se concentration. Growth and survival was not sig
nificantly reduced at dietary Se concentrations up to 12.6 µg/g dry wt. The growth data from this 
study are more consistent with what was observed in Hamilton et al. (1990) for Chinook salmon— 
weight of fish fed a dietary Se concentration of 12.6 µg/g dry wt. was reduced by 6% relative to the 
control and by 41% in fish fed 26 µg Se/g. The basis for the anomalous concentration-response data 
for deformities is unclear. The study is unique due to its longer duration than typical studies with 
juveniles so there are no results available for direct comparison. 

Although Teh et al. (2004) did not measure whole-body Se concentrations during the study, 
muscle Se concentrations did increase with increasing dietary Se concentrations (and, by infer
ence, whole-body Se would have also increased with increasing dietary Se concentration). As a 
point of comparison, Lemly (1993c) collected 22 species of fish (representing eight families) from 
Belews Lake (and two reference reservoirs), which were assessed for deformities and edema and 
whole-body Se concentrations were measured. Lemly (1993c) observed an increasing relationship 
between whole-body Se and the prevalence of abnormalities. As shown in Figure 5.3, the relation
ship between deformities and whole-body or muscle Se is much different between the field data for 
centrarchids and the laboratory data for the splittail. 
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FIGURE 5.3 Relationship between fish deformities and whole-body Se in Belews Lake centrarchids (Lemly 
1993c) and muscle Se in Sacramento splittails (Teh et al. 2004). 

Overall, there is sufficient variability in concentration-response relationships for Se in young fi sh 
such that dietary Se toxicity studies with juveniles may not be appropriate for developing a broadly 
applicable tissue-based Se threshold for fish. For reasons discussed further below, a Se toxicity 
threshold based on maternal transfer appears to be most reliable for developing a broadly applicable 
tissue Se threshold. 

5.5.1.3 Considerations for Developing and Applying Tissue-Based Toxicity Thresholds 
In developing tissue-based toxicity thresholds for interpreting the concentrations of metals and  
metalloids in fi eld-collected tissues, an important concept to consider is that there are biomonitors 
of exposure and biomonitors of effects (Adams et al. 2010). The biomonitor of effects should be a 
sensitive metric, such as the sensitivity of a species-, population-, or community-based endpoint. 
However, such a biomonitor of effects may not be readily sampled at a site, particularly across an 
exposure gradient. As such, a biomonitor of exposure should be identified that is linked to, either 
directly or by correlation, the biomonitor of effects. As summarized in Adams et al. (2010), a good 
biomonitor of exposure has the following characteristics: (1) widely distributed; (2) not sensitive to 
the element of interest; and (3) a strong accumulator of the element such that the internal concentra
tion correlates well with the external exposure concentration. 

For Se, maternal transfer studies meet the above characteristics of biomonitors of exposure and 
biomonitors of effects. Adult fish are relatively insensitive to Se and, therefore, generally amenable 
to sampling over a range of Se exposure conditions. The Se concentrations measured in the ovaries 
or eggs collected from adults are then directly linked to the critical endpoint of larval mortality and 
deformities (Figure 5.4). 

5.5.2 RECOMMENDATION OF A FISH TISSUE SE THRESHOLD 

In this evaluation, the term “threshold” is intended to represent a Se concentration below which 
negligible Se toxicity is expected to occur. We selected the EC10 (i.e., 10% effect concentration) for 
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FIGURE 5.4 Schematic representation of selenium maternal transfer studies: Attributes of a good biomonitor. 

identifying tissue-based Se thresholds in this evaluation, although it is recognized that lower (e.g., 
EC05) or higher (e.g., EC20) effect levels are often considered in deriving ecological thresholds, 
criteria, or guidelines for chemicals. The Se EC10 values identified in this review are often similar 
to corresponding NOECs from the same study, and always less than the corresponding LOECs. If 
data were available from studies with similar designs, concentration-response data were pooled for 
calculation of the EC10. If it was not possible to pool data from separate studies, the lowest EC10 
was identified as the threshold for that tissue type. The Se tissue thresholds recommended here are 
based on maternal transfer studies, for the reasons concluded earlier. 

5.5.2.1 Egg Se Threshold 
Egg Se-based toxicity data are available for several fish species, including bluegill, brook trout, 
brown trout, cutthroat trout, Dolly Varden, rainbow trout, northern pike, and white suckers. The 
minimum EC10 estimated from an individual study was 17 µg/g dry wt., which was based on the 
relationship between cutthroat trout alevin mortality and egg Se reported in Rudolph et al. (2008) 
(Table 5.2). This EC10 is based on a simple linear regression between egg Se and alevin mortality 
data for a reference site and a Se exposed site, and is less than the egg Se NOEC of 20.6 µg/g dry 
wt. for larval deformities from this same study (Table 5.2). Nevertheless, 17 µg/g dry wt. is assumed 
to represent a conservative egg Se criterion that should be protective of larval effects. Conveniently 
and perhaps not surprisingly given that Se is transferred from the ovaries to eggs and that interspe
cies sensitivity is not highly variable as a function of egg Se, an ovary-based EC10 of 18 µg/g dry wt. 
is estimated below. 

5.5.2.2 Ovary Se Threshold 
All of the data relating ovary Se concentrations to adverse effects on fish larvae are for bluegills, 
largemouth bass, and fathead minnows. The most sensitive endpoints are larval terata, edema, or 
mortality. The bluegill and fathead minnow data were pooled to estimate an ovary Se EC10 of 
18 µg/g dry wt. (Figure 5.5). The raw concentration-response data for largemouth bass were not 
available for inclusion in Figure 5.5, but the ovary Se EC10 from the logistic regression equation 
reported in CP&L (1997) was similar, 22 µg/g dry wt. Most of the ovary-based Se effects data are 
clustered at low effect levels and very high effect levels, which is largely driven by the steepness 
of the concentration-response relationship. The ovary Se EC10 of 18 µg/g dry wt. falls within the 
cluster of empirical low effect data. For comparison, there were three bluegill studies with suffi cient 
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FIGURE 5.5 Relationship between ovary selenium in parent fish versus adverse effects on offspring. 

data to estimate EC10 values from the concentration-response relationships between ovary Se and 
effects on larvae; the EC10 values from these individual studies were 16 µg/g dry wt. (Doroshov et al. 
1992), 24 µg/g dry wt. (Coyle et al. 1993), and 30 µg/g dry wt. (Hermanutz et al. 1996). For conveni
ence due to the similarity of the egg Se and ovary Se EC10 values we derived, we recommend that 
the egg Se threshold of 17 µg/g dry wt. be considered a combined egg or ovary Se threshold. 

5.5.2.3 Whole-Body Se Threshold 
As previously discussed, we recommend that tissue-based thresholds for Se in fish be based on the 
Se concentration in the ovaries or eggs, as it is the egg Se concentration that determines whether 
toxicity in larvae is likely to occur. Because the efficiency with which Se is transferred to the 
eggs appears to vary between species (e.g., Holm et al. 2005), whole-body-based Se thresholds are 
expected to be more variable between species. From the earlier review of maternal transfer studies, 
whole-body-based concentration-response data for bluegill sunfish (Coyle et al. 1993, Hermanutz 
et al. 1996) and fathead minnow data (Ogle and Knight 1989) were pooled to estimate a whole-
body Se EC10 of 8.1 µg/g dry wt., which was associated with adverse effects on larvae (Figure 5.6). 
As shown in Figure 5.6, whole-body Se concentrations up to 7.5 µg/g dry wt. are associated with 
≤5% effects relative to their respective controls, while whole-body Se concentrations ≥16 µg/g dry 
wt. are associated with >90% effects on larvae. Accordingly, no empirical data are available for 
whole-body Se concentrations between 7.5 and 16 µg/g dry wt., which adds uncertainty to the 
concentration-response relationship between this range in whole-body Se concentrations. However, 
the EC10 of 8.1 µg/g dry wt. appears to be adequately conservative for a threshold, as it falls within 
the lower end of this range. This EC10 of 8.1 µg/g dry wt. also appears to be protective of maternal 
transfer toxicity in cutthroat trout, as the NOEC from Hardy et al. (2010) was >11.37 µg/g dry wt. 
The maternal transfer-based whole-body EC10 of 8.1 µg/g dry wt. is similar to the U.S. EPA’s draft 
whole-body Se criterion of 7.91 µg/g dry wt. (which is being revised when this book went to press), 
and lower than the EC10 values for juvenile bluegill mortality from the McIntyre et al. (2008) stud
ies and the EC10 value for reduced juvenile white sturgeon growth from Tashjian et al. (2006). 

The Chinook salmon juvenile growth and seawater challenge study conducted by Hamilton et al. 
(1990) indicates that anadromous salmonids may be more sensitive than other fish species tested. 
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TABLE 5.4 
Comparison of Recommended Selenium Thresholds to the Lowest LOEC and Highest 
NOEC below the Lowest LOEC 

Recommended Se Threshold Lowest LOEC Highest NOEC Below Lowest 
Tissue (µg/g dry wt.) (µg/g dry wt.) LOEC (µg/g dry wt.) 

Egg 17 25 22.5 

Ovary 17 21.1 20 

Whole body  8 16 >11.85 

222 Environmental Contaminants in Biota 

FIGURE 5.6 Relationship between whole-body selenium in parent fish versus adverse effects on offspring. 

The EC10 values we derived from Hamilton et al. (1990) were 6.4 µg/g dry wt. for reduced growth 
and 4.3 µg/g dry wt. for mortality in a 10-day-seawater challenge following a 120-day dietary Se 
exposure. Thus, a whole-body Se threshold less than 8.1 µg/g dry wt. may be warranted for moni
toring Se levels in juvenile anadromous salmon that may be exposed to Se during rearing in fresh 
water bodies. 

5.5.2.4 Summary of Fish Tissue Se Thresholds 
From the above review of maternal transfer toxicity studies, we recommend an egg and ovary Se 
threshold of 17 µg/g dry wt. and a whole-body Se threshold of 8.1 µg/g dry wt. For comparison, 
and because an EC10 could not be calculated for every study, the lowest whole-body, ovary, and 
egg Se LOECs identified are 16, 21, and 25 µg/g dry wt., respectively, and the highest whole-body, 
ovary, and egg Se NOECs that fall below these LOEC values are 11.85, 20, and 22.5 µg/g dry wt., 
respectively (Table 5.4). Thus, the EC10s recommended as thresholds here are all not only below the 
lowest LOEC values, but also within the range of NOEC values for most species. Finally, as shown 
in Figure 5.7, the egg and ovary Se EC10s (or similar effect levels) between most species are not 
highly variable, with nine of the ten lowest values being within a factor of 1.5. This generally low 
variability in egg and ovary Se EC10s between species further supports use of egg or ovary Se in 
deriving a broadly applicable Se threshold. 
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FIGURE 5.7 Distribution of selenium thresholds for eggs or ovaries. 

5.5.3 COMPARISONS OF SE FISH TISSUE THRESHOLDS 

Although there is a general consensus that monitoring and regulating Se based on concentrations in 
fish tissue is more useful and appropriate than monitoring Se in water or sediment, there are still a 
variety of opinions in defining the appropriate fish tissue Se thresholds (e.g., Lemly 1996, DeForest 
et al. 1999, Hamilton 2002, U.S. EPA 2004, Chapman 2007). The Se toxicity thresholds recom
mended here are compared to those of Lemly (1996), DeForest et al. (1999), Hamilton (2002), 
U.S. EPA (2004), and Chapman (2007) in Table 5.5. The egg and ovary Se threshold of 17 µg/g dry 
wt. recommended in this review is higher than the threshold of 10 µg/g dry wt. recommended in 
Lemly (1996) and the whole-body Se threshold of 8.1 µg/g dry wt. recommended in this review is 
higher than the threshold of 4 µg/g dry wt. recommended in Lemly (1996) and Hamilton (2002). 
The following evaluates the differences between these Se threshold values. 

The precise basis for the difference between the recommended Se threshold levels in eggs and 
ovaries cannot be readily determined because the lowest egg or ovary Se concentration associated 
with adverse effects identified in Lemly (1996) was an ovary Se concentration of 18 µg/g dry wt., 
which was associated with reproductive failure in bluegills (Hermanutz et al. 1992). In Hermanutz 
et al. (1992), a mean ovary Se concentration of 4.4 µg/g wet wt. was associated with signifi cantly 
(p ≤ .05) increased mortality, edema, and hemorrhaging in bluegills. Lemly (1996) assumed an 
ovary moisture content of 75%, which resulted in an estimated dry weight Se concentration of 
18 µg/g, while, from Gillespie and Baumann (1986), we assumed a bluegill ovary moisture content 
of 85% to estimate a dry weight Se concentration of 29 µg/g (we ultimately derived an ovary-based 
EC10 of 30 µg/g dry wt. based on the updated Hermanutz et al. [1996] report). Therefore, the differ
ences in egg and ovary Se thresholds of 17 µg/g dry wt. from this review and 10 µg/g dry wt. from 
Lemly (1996) is primarily due to a different percent moisture assumption for bluegill ovaries in the 
Hermanutz et al. (1992, 1996) studies and an undefined extrapolation from 18 to 10 µg/g dry wt. We 
believe that the body of evidence, which includes several maternal transfer studies published after 
Lemly (1996) and DeForest et al. (1999), continues to support that an egg or ovary Se concentration 



 

 

 

   

 
   

 

  

 

TABLE 5.5 
Comparison of Recommended Thresholds for Selenium in Fish Tissues 

Threshold 
Tissue (µg/g dry wt.) Basis Reference 

Egg 17  EC10: Se concentration in fish eggs associated with alevin This review 
mortality; data from Rudolph et al. (2008) 

10 Reproductive failure Lemly 1996 

>16–40 Range in “effects thresholds” for coldwater species Chapman 2007 

Ovary 17  EC10: Se concentration in parent fish ovaries associated with This review 
larval mortality and edema in offspring; data from multiple 
studies with bluegill and fathead minnows (lowered from 18 to 
17 µg/g dry wt. for consistency with egg Se threshold) 

10	 Reproductive failure Lemly 1996 

17  EC10: Se concentration in parent fish ovaries associated with DeForest et al. 
larval mortality and edema in offspring; data from multiple 1999 
studies with bluegill and fathead minnows 

Whole body 8.1  EC10: Se concentration in parent fish associated with larval This review 
mortality and edema in offspring; data from Ogle and Knight 
(1989), Coyle et al. (1993), and Hermanutz et al. (1996) 

4 Mortality of juveniles and reproductive failure	 Lemly 1996 

9  EC10: Se concentration in parent fish associated with larval DeForest et al. 
mortality and edema in offspring; data from Ogle and Knight 1999 
(1989), Hermanutz et al. (1992), and Coyle et al. (1993) 

4 Mortality of juveniles and reproductive failure	 Hamilton 2002 

7.91	 LOAEC for juvenile bluegill simultaneously exposed to Se and U.S. EPA 2004 
simulated winter conditions, with 5.85 µg/g dry wt. considered a 
summer/fall trigger for monitoring in winter; data from Lemly 
(1993a) 

EC10 = 10% effect concentration; LOAEC = lowest-observed-adverse-effect-concentration. 
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of 17 µg/g dry wt. is a broadly applicable Se threshold for these tissues (this is the lowest egg or 
ovary EC10 value that we identified from all available studies). 

Although this review and Lemly (1996) both support that eggs and/or ovaries are the most 
relevant tissues for monitoring the potential for Se toxicity at a site, both studies also provide whole
body-based Se thresholds. The discrepancy in our recommended whole-body Se threshold of 
8.1 µg/g dry wt. and the whole-body Se threshold of 4 µg/g dry wt. recommended by Lemly (1996) 
and Hamilton (2002) is based on the following. First, for reasons discussed earlier, we believe 
that the variability in relationships between whole-body Se and toxicity in direct toxicity studies 
with juvenile fish limit the usefulness of these studies for deriving and implementing a broadly 
applicable tissue-based threshold. Our recommended whole-body Se threshold is based only on 
maternal transfer studies. Second, we note that the lowest whole-body Se concentrations measured 
in adversely affected fish were observed in tests where fish were exposed to very high aqueous Se 
concentrations (Hunn et al. 1987, Cleveland et al. 1993) or exposed to a field-collected diet in which 
the authors noted that elements in addition to Se may have contributed to the toxicity observed 
(Hamilton et al. 1990). We identified whole-body chronic values (geometric mean of the NOEC and 
LOEC) from these studies of 3.3 µg/g dry wt. (rainbow trout; Hunn et al. 1987), 4.4 µg/g dry wt. 
(bluegill; Cleveland et al. 1993); and <3.3 µg/g dry wt. (Chinook salmon; Hamilton et al. 1990). For 
perspective, in the study of Se toxicity to juvenile trout conducted by Vidal et al. (2005), the mea
sured whole-body Se concentration in control fish peaked at 4.96 µg/g dry wt. (calculated from a 
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wet weight concentration of 1.24 µg/g and assuming 75% moisture). In addition, under the National 
Water Quality Assessment (NAWQA) program, the United States Geological Survey (USGS) 
measured whole-body Se concentrations in fish collected from reference sites in Alaska, Arizona, 
California, Oregon, Washington, and Wyoming (U.S.) (http://water.usgs.gov/nawqa/). Whole-body 
Se concentrations in approximately 40% of the reference site fish exceed 4 μg/g dry wt., compared 
to approximately 5% that exceed 8.1 μg/g dry wt. In our opinion, a whole-body Se threshold of 
4 µg/g dry wt. is impractically low for use as a broadly applicable Se threshold. Again, however, we 
believe that using an egg- or ovary-based Se threshold reduces much of the uncertainty in interpret
ing Se concentrations measured in fi eld-collected fi sh. 

Summary 

Se is a naturally occurring element that typically enters aquatic water bodies, either from natural 
or anthropogenic sources, as inorganic selenite or selenate. The critical exposure route for fi sh 
is dietary exposure to organic Se, with the amount of Se that is ultimately reduced to organic 
Se compounds and bioavailable to fish being highly dependent on site-specific conditions and 
uptake by primary consumers. Bioaccumulated Se is maternally transferred to the eggs where, 
at sufficiently high concentrations, it can cause edema, deformities, or mortality in larval fi sh 
during yolk sac absorption. Due to the site-specific factors that influence Se bioavailability and 
bioaccumulation in fish, the Se concentration in fish tissue, especially in the eggs or ovaries, is 
a much more reliable indicator of potential toxicity than Se in the water column. The U.S. EPA 
developed a draft whole-body Se criterion based on the combined effects of Se and simulated 
winter stress on juvenile bluegill survival, which is being revised at the time this book went to 
press. Additional recent studies on the toxicity of Se to juvenile bluegills under simulated winter 
stress suggest that juvenile toxicity studies with Se are not more sensitive than maternal transfer 
toxicity studies. Maternal transfer studies meet the ideal attributes for deriving and implement
ing a tissue-based based threshold, as adults are relatively insensitive to Se and amenable for 
egg or ovary sample collection, with the Se concentration in the eggs or ovaries directly linked 
to the critical endpoints of larval mortality, deformities, and edema. Further, for development of 
a broadly applicable tissue-based threshold, egg and ovary Se EC10 values are not highly var
iable between most freshwater fish species tested to-date. We derived egg and ovary Se EC10 
values of 17 and 18 µg/g dry wt., respectively, and recommend an egg and ovary Se threshold of 
17 µg/g dry wt. (this is the lowest egg or ovary EC10 value that we identified from all available 
studies). Although we believe that eggs or ovaries are the more appropriate tissues for develop
ing a broadly applicable fish tissue Se threshold, we also recommend a whole-body Se threshold 
of 8.1 µg/g dry wt. when egg or ovary Se data are lacking. 
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6.1 INTRODUCTION 

This chapter addresses the interpretation of accumulated trace metal concentrations in one 
component of the biota—in this case aquatic invertebrates. Aquatic invertebrates represent key 
members of the biota of habitats particularly at risk from toxic metal contamination, such as fresh-
waters and estuaries receiving metal-laden effluents from mining activities, industrial concerns, 
and urban and domestic run off. Careful and informed interpretation of the significance of the 
accumulated metal concentrations of aquatic invertebrates has much to tell us about ambient metal 
bioavailabilities, and potential ecotoxicological effects. In this chapter, we shall explore general 
principles to aid such interpretation against a background of the variation in the chemical properties 
of metals that control much of their biochemistry and physiology in organisms, and the additional 
variation in how different invertebrates physiologically handle and are sensitive to the toxic metals 
that they inevitably take up into their bodies. 

As in the corresponding chapter in the original version of this book (Rainbow 1996), we interpret 
the term “trace metal” very widely (see also Luoma and Rainbow 2008), not excluding elements 
such as arsenic and selenium typically referred to as metalloids. For many of our examples, we 
have, however, tried to restrict ourselves to relatively few trace metals—cadmium, a metal gener
ally considered nonessential with a known exception in the case of some oceanic phytoplankton 
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(Cullen et al. 1999, Lane et al. 2005), and two essential metals, zinc and particularly copper. It is 
worth stating clearly at this stage that all trace metals, whether essential or not, are toxic to organ
isms above a threshold bioavailability and are all taken up to varying degrees by organisms, includ
ing of course aquatic invertebrates. 

In the last decade our ability to interpret the significance of trace metal concentrations, particu
larly in animals, has taken a quantum step forward (Rainbow 2002, 2007, Luoma and Rainbow 
2008), not least as a result of the wider application of biodynamic modeling to determine the rela
tive importance of solution and food as metal sources, and to predict accumulated concentrations in 
different animals in different situations (Wang et al. 1996, Luoma and Rainbow 2005). Furthermore 
subcellular fractionation of accumulated metals (Wallace et al. 2003) is being used increasingly 
to understand why the same accumulated total body concentration of a metal in different aquatic 
invertebrates may or may not be reflected in ecotoxicological effects on that invertebrate (Wang and 
Rainbow 2006; Luoma and Rainbow 2008). 

Unless stated otherwise, concentrations are expressed as µg/g dry weight. 

6.2 ACCUMULATION OF TRACE METALS 

It is a striking feature of the accumulation of trace metals by aquatic invertebrates that the resulting 
accumulated concentrations vary hugely, among different invertebrates in the case of one metal, and 
within one invertebrate for different metals, even in the absence of raised metal bioavailabilities. 
This is illustrated in Table 6.1, which shows some of the variability within a single taxon, the crus
taceans, of accumulated concentrations of just three trace metals—zinc, copper, and cadmium. 

Three crustacean taxa are illustrated: barnacles (Cirripedia), and two malacostracan groups— 
amphipods and caridean decapods, with examples from both metal-contaminated and noncontami
nated sites. Barnacles have Zn concentrations an order of magnitude above those of amphipods 
and carideans, even when the barnacles are from uncontaminated sites. On the other hand, bar
nacles from uncontaminated sites typically have body Cu concentrations below those of amphi
pods and carideans. Barnacles, however, increase their body Cu concentrations well above those of 
amphipods and carideans when at Cu-contaminated sites, for example, Chai Wan Kok, Hong Kong 
(Phillips and Rainbow 1988) or Dulas Bay, Wales (Walker 1977). Differences between body Cd 
concentrations in the three crustacean taxa are not so marked. 

An accumulated body concentration of trace metal in an aquatic invertebrate is the net result 
of the processes of uptake of the metal into the body, excretion of the metal from the body and 
changes in weight of the animal. For example, growth will cause a reduction in accumulated metal 
concentration (termed growth dilution) if the rate of growth outpaces the rate of accumulation of 
metal content (a net effect of uptake and excretion), even if net accumulation of metal content is 
ongoing. Loss of weight, for example, by use of energy reserves or loss of gametes, has the potential 
to increase accumulated metal concentration with or without changes in accumulated metal content. 
The same effects can take place at organ or tissue level within an invertebrate. 

6.2.1 UPTAKE 

Aquatic invertebrates take up trace metals from solution and from the diet. Rates of uptake and the 
proportional contributions of the two routes vary between metals and/or invertebrate species. These 
rates and proportional importance also vary intraspecifically with physiological state of the animal 
(e.g., stage in moult cycle of an arthropod), physicochemical state of the surrounding medium (not 
only directly via effects on dissolved metal bioavailabilities, not least dissolved metal concentration 
changes, but also indirectly, such as by salinity changes affecting the animal’s osmotic and/or ionic 
physiology), and by changes in the bioavailability of trace metals in the diet. Here we follow the 
defi nition of bioavailability used by Luoma and Rainbow (2008)—a relative measure of that frac
tion of the total ambient metal that an organism actually takes up when encountering or processing 



 

 

 

 

TABLE 6.1 
Variability in Cd, Cu, and Zn Concentrations among Crustaceans 

Species Location Zinc Copper Cadmium Reference 

Cirripedia 
Tetraclita Hung Hom, Hong Kong (C)  6963 94.9  2.8 Phillips and Rainbow 1988 
squamosa Tung Chung, Hong Kong  2245 14.9  4.2 Phillips and Rainbow 1988 

Balanus Chai Wan Kok, Hong Kong (C)  9353 3472  7.3 Phillips and Rainbow 1988 
amphitrite Lai Chi Chong, Hong Kong  2726 59.3  5.5 Phillips and Rainbow 1988 

Semibalanus Dulas Bay, Wales (C) 50,280 3750 — Walker 1977 
balanoides Menai Strait, Wales 19,230 170 — Rainbow 1987 

Elminius Southend, England  3463 — 23.3 Rainbow and Wang 2001 
modestus 

Malacostraca 

Amphipoda 
Orchestia Restronguet Creek, England (C)   392 139  9.8 Rainbow et al. 1989, 1999 
gammarellus Dulas Bay, Wales (C)   126 105  9.1 Rainbow et al. 1999 

Millport, Scotland   188 77.5  1.6 Rainbow et al. 1999 

Talitrus Dulas Bay, Wales (C)   235 203 — Fialkowski et al. 2009 
saltator Kulikovo, Kaliningrad, Russia   126 52.2  1.0 Fialkowski et al. 2009 

Talorchestia St Kilda, Dunedin, New Zealand   481 31.9 17.2 Rainbow et al. 1993 
quoyana  Sandfly Bay, Dunedin, New 133 15.6  8.9 Rainbow et al. 1993 

Zealand

Eucarida

 Decapoda

  Pleocyemata

 Caridea 
Palaemon Millport, Scotland 80.6 110 0.9 White and Rainbow 1986 
elegans 

Pandalus Firth of Clyde, Scotland 57.5 57.4 — Nugegoda and Rainbow 
montagui 1988 

 Note:	 A selection of body concentrations (µg/g dry wt.) of three trace metals (Zn, Cu, Cd) in a systematic range of crusta
ceans from clean and metal-contaminated (C) sites. Metal-contaminated sites (C) are contaminated with at least one, 
but not necessarily all three, of the metals listed. 
 Source: Partly from Luoma, S. N., and P. S. Rainbow, Metal Contamination in Aquatic Environments: Science and Lateral 

Management, Cambridge University Press, Cambridge, 2008. With permission. 
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environmental media, summated across all possible sources of metal, including water and food as 
appropriate. 

Even animals buried in sediments take up metals by only these routes, although the sediment 
can contribute to either or both, dependent on the biology of the infaunal invertebrate. Metals dis
solved in interstitial porewater are in steady state with metals adsorbed on the sediment particles, 
the dissociation constant varying with the metal, the characteristics of the sediment particles (e.g., 
organic matter content, concentrations of iron and manganese oxides), and the physicochemistry of 
the porewater, not least its redox potential. 

Proportions of dissolved metal uptake from porewater and overlying water column, inevitably of 
different metal bioavailabilities, will depend on how the organism interacts with its environment. 
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If porewater bathes a permeable surface of the burrowing invertebrate, such as the external surface 
of polychaetes, uptake of dissolved metal may occur from this source. However, many burrowing 
invertebrates derive a respiratory and/or feeding current from the overlying water column, despite 
living within the sediments. Exposure to porewater will depend on whether the irrigation current 
mixes with porewater or indeed prevents its access to any body surface. In addition, organisms 
may migrate in and out of the sediments, with consequent exposure to both porewater and surface 
water. Thus, even in animals that live in sediments, the dissolved metal in the water column can 
be, and is commonly, the source of dissolved metal uptake (Warren et al. 1998). Thus, the metal 
uptake properties of the different exposed epithelia depend on the biology of the burrowing inver
tebrate. Second, infaunal invertebrates may take up metals from the sediment particles directly by 
ingestion—many, but not all of them, being deposit feeders. Sediment-ingesting deposit feeders 
inevitably take up metals from this dietary source, metal uptake depending on the nature of the 
sediment and its history of contamination and depth in the sediment column, the digestive physiol
ogy of the invertebrate and the rate of sediment ingestion. The latter two factors at least depend on 
the biology of the animal. 

Dissolved trace metals are taken up across a surface epithelium via several possible mechanisms. 
The relative importance of these different mechanisms varies interspecifically and can change 
intraspecifically, both with the physicochemistry of the surrounding medium and the physiology of 
the invertebrate (Luoma and Rainbow 2008). Furthermore some animals will swallow water as they 
feed or as part of osmotic regulation mechanisms, so some metal uptake from solution may take 
place across the gut epithelium, without these metals strictly being derived from the diet. 

The lipid bilayer of the cell membrane represents an impermeable barrier to a dissolved polar 
entity such as a positively charged metal cation. The metabolism of all cells depends on accessibil
ity to a sufficiency of different metals, be they major ions such as Na+ or Ca2+, or essential trace 
metals like copper and zinc playing key biochemical roles in enzymes. Thus, there are mechanisms 
for trace metals to cross cell membranes; for details refer to Luoma and Rainbow (2008). Such 
transport mechanisms are typically based on proteins crossing the membrane. Carrier or transporter 
proteins bind trace metal ions externally, pass them across the lipid bilayer and release them on the 
intracellular side. This route may well represent the dominant route of uptake for most trace metals 
from solution by most aquatic invertebrates in the media of most aquatic habitats. It appears unlikely 
that specific carriers exist for nonessential metals, which may be presumed to be transported via 
carrier proteins for essential trace metals to which they are chemically similar, as perhaps in the 
case of cadmium and zinc. Major ions typically enter via channels formed from proteins forming 
temporary aqueous pores of a specifi c diameter to allow passage of specifi c ions. Trace metal ions 
similar in size and charge to the appropriate major ion will trespass through these major ion chan
nels, as in the case of cadmium (and in some cases zinc) through calcium channels, and silver and 
copper through sodium channels; the relatively few examples of dissolved metals predominating 
in anionic form such as vanadate and molybdate may trespass on sulfate channels (Luoma and 
Rainbow 2008). Another potential mechanism of trace metal uptake (Luoma and Rainbow 2008) 
can be cotransport with carriers for amino acid or dipeptide uptake (Conrad and Ahearn 2005). This 
is particularly well represented in the gut, and may be of more importance in uptake from diet than 
uptake of dissolved metal. Organometallic compounds may cross the membrane without interces
sion of proteins, and endocytotic uptake of metaliferous colloids or particles (<100 nm) may occur, 
for example of particulate iron in the gills of bivalves (George et al. 1976). Inevitably this latter route 
extends beyond what might be considered as dissolved uptake, but illustrates that organisms may be 
able to take up metals from a continuum of sized materials, from dissolved ions to small molecules 
to nanosized particles. 

Transport of trace metals across membranes through the intercession of proteins, whether in the 
form of carrier proteins, major ion channels or amino acid transporters, does not typically require 
energy (Luoma and Rainbow 2008). In these examples, trace metals can cross the membrane 
by facilitated diffusion, diffusion facilitated by the transmembrane protein, so long as there is a 
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concentration gradient allowing a passive movement of the trace metal from the external medium 
to the intracellular one. Given the extremely low concentrations of dissolved trace metals in many 
aquatic habitats, not least the surface waters of oceans (Luoma and Rainbow 2008), and their usu
ally higher intracellular concentrations, it appears counterintuitive that there is a concentration 
gradient allowing trace metals to enter passively. The explanation lies in the Free Ion Activity 
Model or FIAM (Sunda and Guillard 1976; Anderson and Morel 1977; Campbell 1995). The model 
proposes that it is the activity of the free metal ion that is a good predictor of the dissolved form 
of the metal that binds to the transmembrane protein. In the external medium, trace metals that 
produce cations (e.g., M2+) do not exist only as this free hydrated ion, but achieve stability by com
plexing with ligands, both inorganic (e.g., Cl–, CO3

2–) and organic (dissolved organic matter includ
ing fulvic and humic acids). Metal speciation equilibria are set up according to the nature of the 
medium and complexing anions available, with the free metal ion being available as a percentage 
of total dissolved metal (Luoma and Rainbow 2008). Any free metal ion binding with the trans-
membrane protein for subsequent uptake by the epithelial cell can be replenished from the metal 
speciation equilibrium externally. Intracellularly the free metal ion released from the transmem
brane protein binds to one of many high affinity cellular ligands present (perhaps an intracellular 
protein), maintaining a concentration gradient of the free metal ion from out to in, in spite of the 
very low external activity of this ion. 

The other transmembrane routes above that do not involve a transmembrane protein typically 
do not follow the FIAM (Campbell 1995). Nevertheless, the FIAM is such a good predictor of the 
uptake of dissolved trace metals by aquatic invertebrates for many trace metals under most condi
tions, that uptake via a transmembrane protein (arguably a carrier protein, Luoma and Rainbow 
2008) does seem to be the dominant uptake route for dissolved trace metals. As stated earlier, 
however, different uptake routes coexist and the dominant uptake route, even in one species for one 
metal, may change for biological or physicochemical reasons. 

Aquatic invertebrates will also take up metals from ingested food particles, and the diet can  
indeed be the predominant route of uptake of a trace metal by an aquatic invertebrate (Wang 2002). 
Uptake from food is a function of how much food is ingested (the feeding or ingestion rate), the con
centration of the metal in the food, and the assimilation efficiency (AE) of that metal from that food 
(Wang and Fisher 1999; Luoma and Rainbow 2008). The AE varies between metals and food types 
for a single feeding aquatic invertebrate, and between feeding invertebrates for the same metal and 
food item (Luoma and Rainbow 2008). AE differences between foods are related to the different 
chemical nature of the metal accumulated in the food items (Wallace et al. 2003), and AE differ
ences between feeders are related to the differences between the digestive processes of the different 
feeders (Rainbow et al. 2007). 

An initial proposal to explain variability in the AEs of trace metals in copepod crustaceans was 
that metals bound to soluble components in their phytoplankton food represented that component of 
dietary metal that was bioavailable to the copepod (Reinfelder and Fisher 1991). As standard opera
tional techniques to define the subcellular compartmentalization of accumulated metals in biota 
became routine (Wallace et al. 2003), they facilitated further investigation of the role of the chemi
cal binding of metals in food in affecting the subsequent assimilation of metals by a herbivore or 
predator. Studies of the assimilation of trace metals by aquatic invertebrates spread to further food 
items and further prey (Wallace and Lopez 1996, 1997; Wallace and Luoma 2003; Ng et al. 2005; 
Rainbow et al. 2006), and it became appreciated that other (insoluble) components of accumulated 
metal in the diet could contribute to metal assimilated by the ingesting herbivore or predator. Even 
metals bound in insoluble metal-rich granules in prey items can yield metal for assimilation in the 
gut of neogastropod mollusk predators like Thais clavigera (Cheung and Wang 2005) or scavengers 
like Nassarius festivus (Rainbow et al. 2007). Thus differences in the chemical nature of the differ
ent fractions of dietary metal, differences in the comparative fractionation of accumulated metals 
between food types, and the different assimilative powers of different feeding animals, combine to 
produce the different AEs of different metals from different foods. 
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Biodynamic modeling (Luoma and Rainbow 2005) now represents an important tool in deter
mining the relative importance of dissolved and dietary uptake of different metals to different 
aquatic invertebrates in different habitats under different degrees of metal contamination. 

6.2.2 EXCRETION 

The second process affecting the accumulation of trace metals by aquatic invertebrates is that of 
excretion from the body. The rate of excretion is defined by a species-specifi c rate constant of loss 
multiplied by the concentration in the body at any instant. The rate constant can vary widely and is 
of fundamental importance in the difference in bioaccumulation among species (see later discus
sion of biodynamics). It is not always the case that significant excretion occurs (rate constant of 
loss <0.001 of the body concentration per day), if all incoming metal is stored within the body in 
insoluble forms, for example. But metals can also be excreted very rapidly by some species (e.g., 
0.2–0.4 of the body concentration per day), as in the case of some metals in some arthropods. Metal 
excretion may be in soluble form from organs such as the gills and/or in insoluble form, for example, 
from the alimentary tract (or organs like a hepatopancreas or digestive gland derived therefrom) or 
the kidney. Thus amphipod crustaceans excrete copper-rich granules from the ventral caeca of the 
alimentary tract (Icely and Nott 1980; Nassiri et al. 2000), and mussels excrete zinc granules from 
the kidney (George and Pirie 1980). 

Excretion of a trace metal may be predominantly by a single route or by different routes according 
to the route of uptake, with many different combinations available according to metal and invertebrate 
species. For example, a metal taken up from solution may or may not be translocated to a particular 
organ for temporary storage to be followed by excretion perhaps in insoluble form, or may be lost from 
the gill with or without intermediate translocation elsewhere in the body. Similarly a metal taken up 
in the alimentary tract may stay in the gut epithelial cell into which it was assimilated and later be lost 
from that cell, or may be translocated elsewhere in the body to be excreted from a gill or kidney. 

In biodynamic modeling investigations, the efflux of labeled metal can be quantified by live 
counting the whole organism (with invertebrates, for example) after uptake from solution or diet 
using a unique label to follow the rate of loss. It also is common experimentally to test, for example, 
whether the same rate constants (and therefore probably routes) of excretion apply to the different 
uptake routes. Furthermore curve stripping can be applied to attempt operationally to identify the 
number of different pools from which metals are being excreted. It seems intuitively obvious that 
there is a potential to match these dynamic pools to physiological stores of accumulated metal iden
tified separately at organ and/or subcellular level. But little direct evidence is available to tie the two 
concepts together. It is possible that one or both of these operational tools is insuffi ciently sensitive, 
as of yet, to define mechanisms beyond gross rates or gross distributions. 

6.2.3 ACCUMULATION 

The accumulated concentration of a trace metal in an aquatic invertebrate is the net result of the 
inevitable uptake of that metal from solution and diet, and any excretion of that metal, be it pre
dominantly via one excretion route or by any combination of excretion routes. A high accumulated 
concentration can, therefore, result from different combinations of high and low uptake and excre
tion rates. Furthermore there is typically no absolute definition of what is a high or low accumulated 
concentration of one particular metal across invertebrates. What is a high concentration in one 
aquatic invertebrate may be low for another, and vice versa (see Table 6.1). 

When a metal crosses the membrane of an epithelial cell and enters an invertebrate, from what
ever source, it has the potential to bind with a number of internal ligands, for example proteins, 
which have a high affinity for that metal (Luoma and Rainbow 2008). In short it is metabolically 
available. This binding may be key in the metabolism of the organism as in the case of essential 
trace metals being incorporated into enzymes in which they play a crucial role, or may be the cause 
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of toxic effects, the binding of the wrong metal in the wrong place causing a lack of function for 
example of a key metabolic enzyme. It is important therefore that the binding of that incoming 
metal is controlled by temporary or permanent detoxification, whether the metal is essential or 
not, because all trace metals can elicit toxic effects if left unattended in a cell above a threshold 
concentration. Such detoxification can include binding to soluble metabolites such as glutathione or 
detoxificatory proteins like metallothioneins, or ultimately formation of insoluble granules such as 
metal pyrophosphates or deposits such as tertiary lysosomes (Mason and Jenkins 1995; Marigómez 
et al. 2002; Amiard et al. 2006; Luoma and Rainbow 2008). 

Metals taken up into an epithelial cell by endocytosis, whether into a gut epithelial cell for digestion 
or into an external epithelium cell such as a gill cell of a lamellibranch bivalve, do not become meta
bolically available until the metal is solubilized and crosses the vacuole membrane into the cytosol. 

Figure 6.1 depicts schematically the accumulated metal content of an aquatic invertebrate such 
as a decapod crustacean. It is useful conceptually to divide the accumulated metal content into 
two forms—metabolically available and detoxified, as discussed above. Nevertheless it must be  
appreciated that these categories simply refer to certain products in a network of interconnected 
physiological pathways handling the metals at different rates of reaction. Attempts (Wallace et al. 
2003) can be made to equate these conceptual divisions to recognizable subcellular forms of bound 
metal. This is perhaps easier to achieve in the case of detoxified metal, for example metal bound 
with glutathione, metallothionein or in insoluble granular form, but is more diffi cult in the case of 
metabolically available metal. 

Adsorbed metal available for physical exchange on the external surface of an aquatic invertebrate 
such as an arthropod, may represent a significant proportion of the body content of some surface-
active metals (iron, manganese) for some species under some environmental conditions, and has 
been included in Figure 6.1. For most metals, however, the adsorbed fraction is usually quanti
tatively not significant, and it plays no role in the ecophysiology or ecotoxicology of the metal in the 
invertebrate for it has not been taken up into the body. 

Uptake Excretion 

Ingestion 

Permeable 
surface 
e.g., gill Metabolically

available 

Detoxified 
e.g., in protein,
granule 

blood 

? 

Gut contents Egestion 

e.g., gill 

e.g., 
antennary
gland 

e.g., granule
expulsion 

Passive adsorption/desorption 

FIGURE 6.1 A schematic representation of the body metal content of an aquatic invertebrate such as a 
decapod crustacean (after Rainbow 2007). Metal crossing the membrane of an epithelial cell and fi rst enter
ing the body will be metabolically available, before potentially being stored, temporarily or permanently, 
in detoxified form, probably elsewhere in the body after internal transport. Metals then may or may not 
be excreted, either from the metabolically available component or from the detoxified store. (From Luoma, 
S. N., and P. S. Rainbow, Metal Contamination in Aquatic Environments: Science and Lateral Management, 
Cambridge University Press, Cambridge, 2008. With permission.) 



 

 

 
 

  

 

 
  

 
  

 

 

 
 

  

 
 

 

TABLE 6.2 
Essential Metal Requirements in Enzymes of Metabolizing Soft Tissue 

Number of Average Number of Metal Estimated Enzyme 
Metal-Associated Percentage of Total Atoms per Enzyme Metal Requirement in 

Enzymes Number of Enzymes Molecule Tissue (µg/g dry wt.) 

Copper 30 1.40 2.95 26.3 

Zinc 80 3.74 1.41 34.5 

 Source: From White, S. L., and P. S. Rainbow, Mar. Ecol. Progr. Ser. 8:95–101, 1982; Luoma, S. N., and P. S. Rainbow, 
Metal Contamination in Aquatic Environments: Science and Lateral Management, Cambridge University Press, 
Cambridge, 2008. With permission. 
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6.2.3.1 Metabolic Requirements for Essential Trace Metals 
It is possible to make theoretical estimates of the amounts of essential trace metals required to 
fulfill metabolic needs in an aquatic invertebrate, and thus gain an understanding of the rela
tive size of the metabolically available component of accumulated metal depicted in Figure 6.1 
(Rainbow 2007; Luoma and Rainbow 2008). For example in the cases of copper and zinc, theo
retical calculations (White and Rainbow 1985) can be based on the number of copper- and zinc-
bearing enzymes and their contributions to the total concentrations of enzymes in metabolizing 
tissues (Table 6.2), albeit with an awareness of the many assumptions being made. There may be 
other identified requirements for a trace metal beyond the needs of metal-associated enzymes. 
For example, malacostracan crustaceans (including amphipods and decapods) contain the respira
tory protein hemocyanin, which is copper-based, and so estimates of the copper requirements of 
hemocyanin can be added into any total requirement estimate (White and Rainbow 1985; Rainbow 
2007). Table 6.3 therefore shows such a total estimate for copper in an aquatic decapod crusta
cean, in this case Pandalus montagui, taking into account the weight of the metabolically inert 
exoskeleton in the calculations of enzyme requirements. The total theoretical figure estimated is 
38.1 µg/g (Table 6.3). A measured mean concentration of copper in this decapod collected in the 
Firth of Clyde, Scotland is 57.4 µg/g (Nugegoda and Rainbow 1988), suggesting that such theoreti
cal estimates may have some relevance. 

If there is a minimum requirement for a particular trace metal in an invertebrate, are there any 
examples where invertebrates may be approaching a state of essential metal deficiency? It is appre
ciated that it would be impossible to identify a true case of absolute metal deficiency given that the 
invertebrate would be absent and its body concentration not measurable. Perhaps some oceanic 
decapod crustaceans approach a situation of copper deficiency, for the surface waters of oceans 
show depleted dissolved copper concentrations (Luoma and Rainbow 2008). Small specimens of 
the mesopelagic caridean decapod Systellaspis debilis have low copper concentrations of about 30 
µg/g, only reaching more typical caridean copper concentrations of about 100 µg/g in large adults 
(White and Rainbow 1987; Rainbow and Abdennour 1989; Ridout et al. 1989). According to simi
lar calculations as laid out in Table 6.3, many juvenile S. debilis would only have suffi cient body 
copper to match enzyme needs, whereas larger adults have enough copper for hemocyanin also.  
In fact small S. debilis have been shown to contain little or no hemocyanin while adults contain 
a more typical caridean decapod quotient (Rainbow and Abdennour 1989). Furthermore juvenile 
S. debilis undergo less distinct vertical migrations than the adults (Roe 1984), perhaps related to 
a deficiency of copper for hemocyanin and consequently decreased respiratory performance. Two 
other mesopelagic decapods, the penaeids Sergia robustus and Gennadas valens, also show a posi
tive relationship between body copper concentration and size, perhaps indicative of the same effect 
(Ridout et al. 1989). 



 
  

 
  

 
 

 

 

 

TABLE 6.3 
Estimates of the Essential Requirements for Copper 

 (µg/g dry wt.) in the Caridean Decapod Pandalus  montagui 
(after Luoma and Rainbow 2008) Compared with a 
Measured Concentration (Nugegoda and Rainbow 1988) 

Pandalus montagui 

Percentage distribution dry weight 
Exoskeleton 40.0% 

Blood 2.1% 

Soft tissues 57.9% 

Hemocyanin 
Blood Cu concentration 44 µg/mL 

Blood volume in body 0.52 mL/g dry wt. 

Blood Cu concentration in body 22.9 µg/g 

Enzyme requirement 
Metabolizing soft tissue 26.3 µg/g 

Whole body 15.2 µg/g 

Total body Cu metabolic requirement 
Hemocyanin 22.9 µg/g 

Enzymes 15.2 µg/g 

Total 38.1 µg/g 

Measured body Cu concentration 
Mean ± SD 57.4 ± 18.9 µg/g 

 Note: For further explanation, see text. 
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6.2.3.2 Detoxified Component of Trace Metals 
The second component of accumulated metal depicted in Figure 6.1 is that of detoxified metal, which 
may be stored permanently or temporarily before excretion. Detoxification is the process by which 
a metal released intracellularly is bound by a ligand of such high affinity that it in effect prevents 
that metal from binding to other molecules, in either an essential role or to cause toxicity (Luoma 
and Rainbow 2008). Detoxification can be in soluble form as in the case of metallothioneins or in 
insoluble form in one of a variety of insoluble granules or deposits. Detoxification pathways may 
interrelate. For example a metal bound to a metallothionein may later appear in an insoluble deposit 
in a tertiary lysosome after autolysis of the metallothionein in a turnover cycle of protein produc
tion and breakdown (Mason and Jenkins 1995; Luoma and Rainbow 2008). Copper- and sulfur-rich 
granules in the talitrid amphipod Orchestia gammarellus from copper-contaminated sites probably 
have this origin (Nassiri et al. 2000). Ferritin, an intracellular storage protein binding iron, is usu
ally present in soluble form, but in stegocephalid amphipod crustaceans it is found as large crystals 
in the ventral caeca (Moore and Rainbow 1984). 

Occasionally essential metals in detoxifi ed form may be released back into metabolically avail
able form under carefully controlled circumstances, as in the release of copper from metallothi
onein to be incorporated into the respiratory protein hemocyanin in decapod crustaceans (Brouwer 
et al. 2002; Amiard et al. 2006). 

Copper can be used again as an example to illustrate the relative proportions of accumulated 
metal in metabolically available and detoxified form (Figure 6.1), using the crustaceans listed in 
Table 6.1. 
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Unlike malacostracans, barnacles lack hemocyanin and their metabolic requirements for copper 
may be restricted to enzyme needs. A barnacle body would have a theoretical copper requirement 
of about 15–26 µg/g (Tables 6.2 and 6.3). Body concentrations of copper in barnacles from noncon
taminated sites are as low as 15 µg/g (Table 6.1) suggesting a lack of detoxified storage of copper 
in these barnacles. Nevertheless barnacle species have the potential to increase accumulated body 
concentrations of copper hugely (from 59 to 3472 µg/g in  Balanus amphitrite, and from 170 to 
3750 µg/g in Semibalanus balanoides—Table 6.1) when exposed to copper contamination, the vast 
majority of this accumulated copper now being in detoxified form (in fact in copper- and sulfur-rich 
deposits (Walker 1977), which are probably in tertiary lysosomes derived from the breakdown of 
copper-bearing metallothionein). 

In the case of decapod crustaceans, the metabolic requirements for copper involve both enzymes 
and hemocyanin, estimated to total 38.1 µg/g for P. montagui (Table 6.3). Decapod crustaceans 
therefore seem to contain enough copper for these needs with some to spare (Table 6.1). Over most 
copper bioavailabilities the body copper concentrations of decapods is kept relatively constant,  
apparently in line with metabolic requirements (Rainbow 2002; Luoma and Rainbow 2008). In 
extremely high copper bioavailabilities, the copper concentration of the decapod Palaemon elegans 
can rise from about 100 µg/g (Table 6.1) to about 600 µg/g (White and Rainbow 1982). In order 
to survive such circumstances, the organism must hold the extra accumulated copper in detoxi
fied form, again as copper- and sulfur deposits, now in the hepatopancreas, in tertiary lysosomes 
(Rainbow 1998). 

An extreme example of the relative sizes of metabolically available and detoxifi ed components 
is that of zinc accumulated in barnacles (Rainbow 2002, 2007). Even barnacles from noncontami
nated sites have zinc body concentrations of thousands of µg/g with the potential to increase to tens 
of thousands of µg/g (Table 6.1). Following arguments above for metabolic requirements of a few 
tens of µg/g (Table 6.2), and the fact that decapods maintain body concentrations of a similar mag
nitude (50–100 µg/g, Table 6.1), it would appear that the vast percentage of the high body concen
tration of all barnacles is in detoxified permanently stored form—in this case zinc pyrophosphate 
granules (Pullen and Rainbow 1991; Rainbow 2002, 2007). 

While barnacles store detoxified zinc granules in the general body tissue, in many aquatic  
invertebrates, particular organs are used for detoxifi ed storage of metals, often the hepatopancreas (or 
digestive gland, nomenclature varying between invertebrate taxa) or the kidney. On the other hand, 
oysters actually store detoxified zinc and copper in insoluble forms in blood cells (George et al. 1978). 

6.2.4 VARIATION IN ACCUMULATION PATTERNS AND ACCUMULATED CONCENTRATIONS 

Aquatic invertebrates show different accumulation patterns for different metals, an understanding 
of which illuminates how very different accumulated metal concentrations arise in these different 
invertebrates. Figure 6.2 shows some examples of such accumulation patterns, again using crusta
ceans and the trace metals zinc, copper, and cadmium as examples (Table 6.1). Figure 6.2a and 6.2b 
show two extremes of the gradient of metal accumulation patterns—that of regulation (Figure 6.2a) 
and that of strong net accumulation (Figure 6.2b). 

Figure 6.2a shows the trace metal accumulation pattern of an aquatic invertebrate that regulates 
the total body metal concentration of an essential metal by balancing uptake with excretion, as 
in the case of Zn in the decapod crustacean Palaemon elegans over a wide range of ambient zinc 
bioavailabilities (Rainbow 1998, 2002, 2007). It is assumed that detoxification of the metal in such 
species is minimal. All metal appears to be accumulated in the metabolically available component, 
itself subdivided into the essential metal required for metabolic purposes, and excess metal over 
and above this metabolic requirement. There is a threshold concentration of metabolically available 
metal, above which the accumulated metal is toxic. This threshold is reached when the rate of uptake 
has increased with raised external bioavailability to such an extent that it is no longer matched by 
the rate of excretion only (in the absence of detoxification). Zinc continues to accumulate in the 
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FIGURE 6.2 Trace metal accumulation patterns of aquatic invertebrates, exemplifi ed by crustaceans (after 
Rainbow, 2002). After uptake [U], metal is accumulated in the metabolically available component [A], itself 
subdivided into the essential metal required for metabolic purposes [AR], and excess metal [AE] over and 
above this metabolic requirement. There is no [AR] component in the case of nonessential metals. There is a 
threshold concentration [AT] of metabolically available metal, above which the accumulated metal is toxic. 
Accumulated metal may be moved from the metabolically available component either by excretion [E] or by 
detoxification [D] to be stored [S], either permanently with no upper concentration limit or temporarily before 
excretion. (a) Accumulation pattern of an invertebrate that regulates the total body metal concentration of an 
essential metal by balancing uptake [U] with excretion [E], as in the case of Zn in the decapod crustacean 
Palaemon elegans. (b) Accumulation pattern of an invertebrate that is a net accumulator of an essential metal 
without significant excretion of metal taken up, as in the case of Zn in barnacles. (c) Accumulation pattern of 
an invertebrate that shows net accumulation of an essential metal in detoxified form, but excretes some of that 
accumulated metal in the detoxified component, as in the case of Cu accumulated from the diet by amphipod 
crustaceans. (d) Accumulation pattern of an invertebrate that shows net accumulation of a nonessential metal 
in detoxified form with no significant excretion, as in the case of Cd in barnacles. (From Luoma, S. N., and 
P. S. Rainbow, Metal Contamination in Aquatic Environments: Science and Lateral Management, Cambridge 
University Press, Cambridge, 2008. With permission.) 

body without being detoxified, and toxicity ensues. The regulated body concentration of zinc is 
about 80 µg/g in P. elegans (Table 6.1), the lethal body concentration only about 200 µg/g (White 
and Rainbow 1982), exemplifying the importance of detoxification in the accumulation of raised 
body concentrations. 

Figure 6.2b depicts the trace metal accumulation pattern of an aquatic invertebrate that is a net 
accumulator of an essential metal without signifi cant excretion of metal taken up, as in the case of 
Zn in barnacles. Metabolically available metal in excess of requirements is detoxified to be stored 
as the detoxified component of accumulated metal with no upper concentration limit. Thus all 
barnacles store accumulated zinc detoxified in zinc pyrophosphate granules, the number of these 
granules, and hence body zinc concentration, increasing in zinc-contaminated habitats (Table 6.1) 
(Rainbow 2002, 2007). The fact that barnacles survive with body zinc concentrations in excess 
of 50,000 µg/g while a body concentration of 200 µg/g is lethal to P. elegans again illustrates the 
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importance of detoxification in any appreciation of the significance of an accumulated metal con
centration in an aquatic invertebrate. An uptake rate of zinc higher than the rate of detoxifi cation 
will cause the metabolically available component of accumulated zinc to exceed the toxic threshold, 
and the barnacle will die. This lethal concentration of metabolically available zinc may well only be 
of the order of 200 µg/g as seen in P. elegans, and bears no relation to the total accumulated concen
tration, overwhelmingly dominated by a detoxified zinc component built up over time when the rate 
of detoxification was able to match the rate of uptake, even in relatively high zinc bioavailabilities. 

In another example, Figure 6.2c illustrates the conceptual model for the trace metal accumulation 
pattern of an aquatic invertebrate that shows net accumulation of an essential metal in detoxifi ed 
form, but excretes some of that accumulated metal from the detoxified component. This is the case 
for copper accumulated from the diet by amphipod crustaceans as shown in more detail in Figure 6.3 
(Luoma and Rainbow 2008). Copper taken up from the diet is incorporated into the epithelial cells 
of the ventral caeca in the alimentary tract, ultimately as copper- and sulfur-rich insoluble deposits 
considered to be in tertiary lysosomes and derived from the turnover of metallothionein binding cop
per (Nassiri et al. 2000). Cells of each ventral caecum originate at the distal end and are progressively 
moved along the epithelium towards the main alimentary tract where they disintegrate and release 
all remaining cell contents into the gut lumen (Galay Burgos and Rainbow 1998). Included in the 
cellular debris are the copper-rich lysosomal residual bodies. Thus at a given concentration of cop
per in the diet, the cells of the ventral caecum accumulate a certain number of copper-rich deposits, 
turning over with the cell cycle, and contributing to a steady state caecal (and body) concentration of 
copper (Figure 6.3). If the copper availability in the diet is raised, more  copper is taken up into these 
cells, more copper-rich deposits are present, and a new steady state body copper concentration is 
reached (Figure 6.3). Thus, in Cu-contaminated conditions, the body concentration of the amphipod 

Amphipod ventral cecum 
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FIGURE 6.3  (a, b, c) The accumulation of detoxified metal (e.g., Cu) in the ventral caecal cells of an amphi
pod  crustacean exposed to a trace metal in the diet, and the corresponding changes in total body metal concen
tration [C] over time. (d) The effect of increased dietary exposure to the metal. (From Rainbow, P. S., Environ. 
Pollut., 120, 497–507, 2002; Luoma, S. N., and P. S. Rainbow, Metal Contamination in Aquatic Environments: 
Science and Lateral Management, Cambridge University Press, Cambridge, 2008. With permission.) 
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increases in response to the elevated bioavailable Cu (Table 6.1). But the increase is not infinite, as the 
accumulating, detoxified and temporarily stored copper is excreted at increasing rates until its loss 
rate matches the uptake rate into the organism, and a new steady state has been reached (Figures 6.2 
and 6.3). For the amphipod Talitrus saltator, 200 µg/g is a high body copper concentration compared 
to more typical concentrations of 30–75 µg/g (Fialkowski et al. 2009), and much of this increased 
accumulated copper is in detoxified form. This higher concentration is reached because the rate of 
detoxifi cation matches the increased rate of excretion upon exposure to the more contaminated diet 
(in turn later to be matched by the rate of excretion of detoxified copper after an increase in body 
copper concentration) (Figures 6.2 and 6.3). A very high copper exposure will cause the uptake rate 
to exceed the maximum detoxification rate, increasing the metabolically available body copper con
centration above the threshold, and causing stress or death, even if the total body concentration has 
not reached a concentration as high as 200 µg/g identifi able in fi eld specimens exposed to high, but 
not so high, copper exposure over a longer time period. 

The final example (Figure 6.2d) is the trace metal accumulation pattern of an aquatic inverte
brate that shows net accumulation of a nonessential metal in detoxified form with no signifi cant 
excretion, as in the case of Cd in barnacles. There is no required component of metabolically avail
able accumulated metal as for essential metals, but still a threshold in this component (however 
small) above which toxicity occurs. 

6.2.5 BIODYNAMIC MODELING 

The recent application of biodynamic modeling to trace metal accumulation (Wang et al. 1996; 
Luoma and Rainbow 2005), added to an understanding of accumulation patterns of different trace 
metals by different aquatic invertebrates, has led to the ability to predict accumulated concentra
tions in different invertebrates in different situations. Biodynamic modeling, furthermore, has 
allowed the determination of the relative importance of solution and food as metal sources, and the 
comparative significance of different route of excretion. 

In this context, biodynamic modeling considers a steady state accumulated metal concentration 
to be derived from a summation of uptake rate from solution plus uptake rate from food, minus 
excretion rate and growth rate (Luoma and Rainbow 2005, 2008). 

Over an environmentally realistic range of dissolved trace metal concentrations, the rate of metal 
uptake from solution by an aquatic invertebrate is directly proportional to the dissolved concen
tration Cw; the uptake rate constant ku (L/g/d) is the slope of this direct relationship (Luoma and 
Rainbow 2005). From a measured ku for a given set of physicochemical variables of a medium 
(affecting for example the availability of the free metal ion), it is possible to calculate an uptake 
rate from solution (µg/g/d) as kuCw. The rate of metal uptake from food is expressed as AE (IR) 
Cf where IR is the ingestion rate (g/g/d), Cf the concentration of the metal in the food (µg/g), and 
AE the assimilation efficiency of the metal from that food. AE is measured in the laboratory using 
radiotracers (Wang and Fisher 1999; Rainbow and Wang 2001). Also measured in the laboratory 
with radiotracers is the efflux rate constant ke (per day) (Rainbow and Wang 2001), if appropriate, 
subdivided into two efflux rate constants if excretion after uptake from water and food are different. 
Growth rate constants (per day) allow for the effect of growth dilution if necessary. These separate 
terms are then combined into the biodynamic model to predict the accumulated concentration (C) 
of a trace metal in an aquatic invertebrate. 

k C + AE(IR)C u w fC = 
ke + g 

Luoma and Rainbow (2005) made a comparison of accumulated concentrations of trace met
als predicted by biodynamic modeling in 15 different studies against independently measured 
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bioaccumulated concentrations in the species of interest from the habitat for which the parameters 
discussed earlier had been developed. The data covered 6 metals, 13 animal species, and 11 marine, 
estuarine, and freshwater habitats, and the bioaccumulation parameters used in the predictive 
modeling had been obtained under environmental conditions broadly similar to those in the fi eld
monitoring studies. Table 6.4 presents a selection of these data. The agreement between predicted 
and independently measured bioaccumulated concentrations was strong, indicating that the basic 
assumptions of biodynamic modeling are tenable. Biodynamic modeling allows the prediction and 
explanation of widely differing accumulated trace metal concentrations in aquatic invertebrates, 
combining geochemical measurements of environmental metal concentrations with the estimation 
of key biological parameters. 

Figure 6.4 illustrates the explanatory power of biodynamic modeling (Luoma and Rainbow 
2005, 2008), presenting accumulated zinc concentrations and physiological coefficients for uptake 
and loss for a barnacle (B. amphitrite) and a mussel (Perna viridis) collected simultaneously from 
the same locations in Hong Kong coastal waters. In fact the barnacles were often growing on the 
mussel shells. More assimilation from food and much slower excretion explain the consistently 
higher Zn concentrations in barnacles than in mussels, observed everywhere barnacles and mussels 
co-occur (metal-contaminated or not) (Luoma and Rainbow 2005, 2008). Both the capability for 
validation against nature and the explanatory power of biodynamic modeling suggest many uses for 
this approach in the future. However, to date, most physiological coefficients are more generic than 
specific to any given circumstance. It is likely that applications to very specific circumstances will 
require refinement of the coefficients to those conditions. 

6.2.6 TOXICITY AND ACCUMULATION 

Toxicity occurs when the rate of uptake exceeds the combined rates of excretion and detoxifi cation. 
Under these circumstances, metal taken up continues to accumulate in the metabolically available 
component until it reaches a threshold (Figure 6.2), when too much toxic metal is binding to so many 
vital cellular components (enzymes, etc.) that metabolism is disturbed, ultimately lethally. Both 
essential and nonessential trace metals follow this scenario, although nonessential metals do not 
have a required component of metabolically available metal that must be present to meet metabolic 
needs. According to the accumulation pattern of the particular metal in the particular invertebrate, 
the metabolically available component may represent nearly all the accumulated metal content (e.g., 
accumulated zinc and copper in caridean decapod crustaceans regulating the body content with a 
little to spare, perhaps bound in waiting to the detoxificatory protein metallothionein), or a very tiny 
percentage of the whole-body content. 

6.2.6.1 Lethal Body Concentrations of Trace Metals 
Is there, therefore, a lethal body concentration of an accumulated metal that can be recognized as 
a limiting concentration in field-collected specimens? If the metal is detoxified to be stored perma
nently or temporarily, then the answer is “No.” Thus, a barnacle will die when the local availability 
of zinc increases for whatever reason so that the rate of zinc uptake exceeds the rate of detoxifi ca
tion, zinc accumulates in the metabolically available fraction and the toxic threshold of metaboli
cally available body zinc is reached. This concept suggests that toxicity can occur independently of 
how much zinc has been detoxified over the previous life of the barnacle—that is, regardless of the 
total body zinc concentration. 

In the case of a regulator of trace metal body content, for example the caridean decapod 
Palaemon elegans for zinc, the lethal body concentration concept is more valid (ca. 200 µg/g, see 
earlier). This is because most, if not all, of the body zinc appears to remain in metabolically avail
able form with no detoxification. The figure of 200 µg/g was derived from a laboratory experiment 
(White and Rainbow 1982). In practice, it is highly unlikely to detect or define a lethal body concen
tration in such a species in a field study. Once regulation has broken down (when uptake rate exceeds 
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FIGURE 6.4 Zn concentrations and physiological coefficients for uptake and loss for a barnacle (Balanus 
amphitrite) and a mussel (Perna viridis) collected simultaneously from the same locations in Hong Kong 
coastal waters. AE, assimilation efficiency; IR, ingestion rate; Ku, dissolved uptake rate constant; Ke, rate 
constant of loss. (From Luoma, S. N., and P. S. Rainbow, Environ. Sci. Technol., 39, 1921–1931, 2005; Luoma, 
S. N., and P. S. Rainbow, Metal Contamination in Aquatic Environments: Science and Lateral Management, 
Cambridge University Press, Cambridge, 2008. With permission.) 

excretion rate), the metabolically available (and therefore body) metal concentration will increase 
from the typically regulated concentration over such a short period that it is highly unlikely that any 
field biologist will be in the right place at the right time to collect a specimen on the verge of death 
(the smoking gun in this context). 

What about the case for aquatic invertebrates with an intermediate metal accumulation pat
tern? The same general point holds. The greater the detoxifi cation of accumulated metal, the more 
difficult it will be to define a lethal body concentration applicable to field collected specimens, 
especially if exposures are variable. We have seen earlier that talitrid amphipod crustaceans can 
increase their accumulated copper concentrations (Table 6.1), for example, from 30 to 200 µg/g 
in the case of T. saltator (Fialkowski et al. 2009), when exposed in the field. If such amphipods 
were to be exposed to very high copper bioavailabilities in the laboratory, for example, in toxic
ity testing experiments, then so much copper would enter so rapidly that almost all the copper 
would accumulate in the metabolically available fraction without signifi cant detoxifi cation. With 
any existing detoxified accumulated metal representing a small and/or reproducible proportion of 
total accumulated metal, the copper-exposed amphipod would die at a reproducible concentration of 
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metabolically available metal, and hence of total metal. Thus, there will be a lethal body concentra
tion reproduced in laboratory toxicity testing, but this concentration cannot be directly applied to
 field-exposed amphipods taking up copper at slower rates in the field, even though rates in copper-
exposed habitats are raised above normal. The field-exposed amphipods, with an increased pro
portion of detoxified metal in the body, are likely to accumulate higher concentrations than the 
artifactual laboratory lethal concentration. Again, in this case, no lethal body concentration of an 
accumulated metal can be recognized as a limiting concentration in fi eld-collected specimens. 

We have argued earlier that if there is no detoxification of accumulated metal, then there is theo
retically a lethal body concentration that can be applicable in the field. The same principle would 
apply if any detoxified component is a fixed percentage of total accumulated metal content. 

But are there any exceptions to the general principle that there is no lethal body concentration of a 
metal applicable to an invertebrate in the field? The answer may well be “Yes” for selenium and certain 
organometal compounds (Luoma and Rainbow 2008). Total accumulated selenium concentrations can 
be correlated with toxic effects, at least in fish and birds (Skorupa 1998). There is no known accumu
lated store of detoxified selenium, analogous to the insoluble concretions formed by other metals, for 
example. There is net bioaccumulation of Se, however, (it is not regulated); and some species are some
what slightly more tolerant to an elevated body burden than others. Therefore selenium appears to 
represent a case of a net accumulator with little detoxification. It is also the element with the narrowest 
window between essential and toxic concentrations; and this model may be why (Luoma and Rainbow 
2008). Tributyltin (TBT) bioaccumulated concentrations can also be correlated with observed toxic 
effects (Meador 2000; Luoma and Rainbow 2008), because TBT can be metabolized to less toxic 
forms (i.e., detoxified forms are not bioaccumulated). Its behavior is somewhere between behavior as a 
traditionally accumulated metal and behavior as an organic compound (Luoma and Rainbow 2008). 

If there is no valid lethal total body concentration applicable to a particular species that can be 
recognized as a limiting concentration in field-collected specimens, can we extend the concept to 
define a lethal body concentration of metabolically available accumulated metal? The answer is 
“Yes,” as attempted earlier for zinc in P. elegans. An alternative approach that is being increasingly 
attempted is to use subcellular compartmentalization in an attempt to measure this metabolically 
available fraction (Wallace and Luoma 2003, Wallace et al. 2003, Wang and Rainbow 2006). Such 
attempts may prove productive, but, against a background of cellular reactions handling metals 
occurring at different rates, ultimately it may prove impossible to equate directly a subcellular 
component, operationally separated by techniques such as centrifugation, with the conceptually 
important metabolically available component of accumulated metal. 

6.2.6.2 Bioaccumulated Metal Guidelines 
Although, with the exception of the likes of selenium and TBT, it is not possible to defi ne lethal 
total accumulated body concentrations for field-collected specimens for particular metals, it is pos
sible to recognize what are abnormally high bioaccumulated concentrations of particular metals in 
particular aquatic invertebrates. Such concentrations have great potential as bioaccumulated metal 
guidelines providing information on high and potentially ecotoxicological trace metal bioavailabili
ties in aquatic habitats (Luoma and Rainbow 2008). 

Table 6.5 is a compilation of accumulated trace metal concentrations in selected aquatic inver
tebrates that can be used as biomonitors of trace metal bioavailabilities in coastal waters (Luoma 
and Rainbow 2008). The table identifies accumulated concentrations in these invertebrates that 
are indicative of the presence of atypically high local bioavailabilities (Rainbow 2006). The table 
reinforces earlier conclusions that an absolute concentration that is high in one aquatic invertebrate 
species may be typical in another with no suggestion of local metal contamination. For example, a 
very high zinc concentration in the mussel Mytilus edulis would be considered a typical zinc con
centration in even another bivalve, the tellinid clam Scrobicularia plana (Table 6.5). 

The high accumulated concentrations recognized here can be used as easily measurable bioaccu
mulated metal guidelines indicative of atypically high local availabilities, without the continuing need 
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to measure the ecological parameters (e.g., species numbers, richness, abundances, etc.) now neces
sary to recognize ecotoxicological effects at the community level in an aquatic habitat. The concept 
is well illustrated by the use of accumulated copper concentrations in larvae of species of the caddis 
fl y Hydropsyche as bioaccumulated metal guidelines correlating with copper-induced changes in the 
local mayfly community assemblages of streams in North America affected by mining (Luoma and 
Rainbow 2008). Such copper concentrations can even be used as a threshold to correlate with the loss 
of particular mayflies, particularly heptageneiid mayflies (Luoma and Rainbow 2008). Clearly such 
an approach is particularly applicable in aquatic habitats in which metals are the dominating factor 
explaining much of any ecotoxicological effect, as in waters affected by mine waste. Nevertheless, an 
understanding of the significance of such accumulated metal concentrations in local tolerant bioac
cumulators will also provide information on the relative importance of these metals as ecotxicological 
agents in habitats with mixed sources of trace contaminants, or indeed other causes of ecotoxicity. 

Summary 

We set out in this chapter to explore the general principles involved in the interpretation of 
the significance of accumulated metal concentrations in aquatic invertebrates, and their use in 
understanding ambient metal bioavailabilities and potential ecotoxicological effects. As shown 
earlier, we are now in a position to understand why different aquatic invertebrates accumulate 
different body concentrations of trace metals and their comparative significance. We know why 
a bioaccumulated metal concentration is to be considered as high in one invertebrate and low 
in another. We also know what is a high or low metal concentration in a single invertebrate. 
We argue that there is no general lethal body concentration of a metal applicable to a particular 
species that can be recognized as a limiting body concentration in field-collected specimens, if 
that species carries out any significant storage detoxification of that metal, as is often the case 
for trace metals in invertebrates. Selenium and organometals do not always meet this latter  
provision, and recognition of lethal body concentrations is a distinct possibility. Nevertheless, 
we can use accumulated metal concentrations in hardy biomonitors as bioaccumulated metal 
guidelines, allowing us to draw environmentally significant conclusions on the ecotoxicological 
status of  particular aquatic habitats. 
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7.1 INTRODUCTION 

Organotins are organometallic compounds that exhibit complex environmental chemistry and 
toxicity. The handbook of Chemistry and Physics (CRC 1975) lists more than 250 organotin com
pounds. Even though a number of these are specific compounds (e.g., triphenyltin [TPT]) that are 
listed as various salts (e.g., TPT chloride, sulfide, hydroxide, and bromide), there are dozens of 
unique compounds. Because a number of organotins will be considered here, Table 7.1 lists the 
compounds and their abbreviations. 

The focus for this chapter is the occurrence of organotin compounds in aquatic organisms and 
the associated toxic responses. For aquatic organisms, we traditionally define the effective concen
tration for toxicity based on the ambient-exposure pathway (e.g., water, air, soil/sediment, prey); 
however, tissue residues reflect the bioavailable and effective target dose more accurately than the 
conventional “dose.” The term “dose” is loosely applied; however, it most accurately defi nes that 
bioactive fraction occurring at the site of action. Differences in the inherent toxicity (potency) of 
compounds within and between mechanisms of toxic action (MeOAs) are more apparent in residue-
based dose metrics than exposure-based dose metrics because the influence of many confounding 
factors can be taken into account and avoided. For example, a high percentage of the range for LC50 

or EC50 values that are based on water or sediment concentrations are due to the variability in the 
bioavailable fraction and the uptake and elimination rate kinetics that determine bioaccumulation 
(Meador 2006). When tissue residues are used as the dose metric, differences in bioavailability and 
bioaccumulation are greatly reduced and we are left with just the potential variability in potency 
that may occur among species. In many cases, the range in values for a given  toxicant among all 
species can be reduced by 4–5 orders of magnitude for ambient-exposure  toxicity metrics to one 
order of magnitude when tissue-based toxicity metrics are considered (Meador 2006, Meador et al. 
2008). The major advantage of this feature is in assessing concentrations of a given toxicant in feral 
organisms. Hence, we can more accurately determine the likelihood of potential toxic effects for 
some chemicals measured in field-collected organisms when a low variance is observed among 
species. 

In this chapter I will present an overview for organotins, with some basic information on their 
environmental chemistry, occurrence, and bioaccumulation. The available data on tissue-residue 
toxicity for aquatic biota will be presented and discussed. Some of the toxicity information for small 
mammals will also be shown for comparison and to highlight similarities among diverse taxa. In 
the summary, section I will provide general conclusions regarding the toxicity of organotin com
pounds as a function of tissue concentrations. 

7.2 BACKGROUND 

Organotins have several applications and are primarily used as plasticizers in industrial applications 
and as biocides to control so-called nuisance organisms. As pesticides they are used as antifou
lants, wood preservatives, molluscicides, antihelminthics, and fungicides for textiles and various 
water systems (Cima et al. 2003, Antizar-Ladislao 2008). Most of the pesticides are triorganotin 
compounds and of this group tributyltin (TBT) and TPT are the most commonly encountered envi
ronmental contaminants because of their biocidal properties and widespread use on boat hulls to 
prevent the accumulation of fouling organisms. TPT is also applied to some crops as a fungicide and 
will therefore likely leach into watersheds. Organotins are also used as heat and light stabilizers for 
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TABLE 7.1 
Organotin Properties 

Convert ng Convert μg 
 Log10 Sn/g to ng OT/g to 

Compound Abbrev MW Kow pKa Predicted BCF OT/g nmol/g 

Tetramethyltin TeMT 179 −2.2 na 9 × 10−5 1.50 5.59 

Trimethyltin TMT 164 −2.3 6.6 8 × 10−5 1.38 6.10 

Dimethyltin DMT 148 −3.1 3.5 1 × 10−5 1.24 6.76 

Monomethyltin MMT 135 −3.1 2.6 1 × 10−5 1.13 7.41 

Tetraethyltin TeET 233 — — — 1.97 4.29 

Triethyltin TET 205 −1.8 6.8 2 × 10−4 1.74 4.88 

Diethyltin DET 177 −1.4 3.7 6 × 10−4 1.49 5.65 

Tetrapropyltin TePrT 291 2.0 na 1.50 2.45 3.44 

Tripropyltin TPrT 248 0.9 6.3 0.12 2.08 4.03 

Dipropyltin DPrT 205 na na — 1.72 4.88 

Monopropyltin MPrT 161 na na — 1.35 6.21 

Tetrabutyltin TeBT 347 3.9 na 119 2.92 2.88 

Tributyltin TBT 283 4.4 6.5 377 2.44 3.45 

Dibutyltin DBT 233 1.3 3.8 0.30 1.96 4.29 

Monobutyltin MBT 177 0.4 2.0 0.04 1.49 5.65 

Tetraphenyltin TePT 427 4.4 na 377 3.59 2.34 

Triphenyltin TPT 350 3.6 5.2 60 2.94 2.86 

Diphenyltin DPT 273 1.9 2.7 1.2 2.29 3.66 

Monophenyltin MPT 197 1.2 na 0.24 1.66 5.08 

Tri-n-hexyltin TnHT 375 3.7 na 75 3.15 2.67 

Tri-c-hexyltin TcHT 375 4.1 na 189 3.15 2.67 

Azocyclotin ACT 436 5.4 na 3598 3.66 2.29 

Dihexyltin DHT 298 na na — 2.50 3.36 

Trioctyltin TOT 458 na na — 3.85 2.18 

Dioctyltin DOT 355 5.8 na 9910 2.98 2.82 

Monooctyltin MOT 252 2.1 na 2.1 2.12 3.97 

Inorganic tin Sn 119 na na — — — 

Many of the log10 Kow   values were calculated or determined at unspecified pH. Data for tributyltin, triphenyltin, and  trihexyltin 
from Fent (1996), Meador (2000), Arnold et al. (1997), and Tas (1993) were determined at circumneutral pH. Most other data 
from Wong et al. (1982) and Vighi and Calamari (1985). Convert to ng OT/g is the value to multiply ng Sn/g for the result. 
Covert to nmol/g is the value to multiply μg OT/g for the result (dividing nmol/g by this factor equals μg OT/g). Predicted 
BCF based on Kow QSAR for ionization-corrected substituted phenols, BCF = Kow  × 0.015 (McCarty 1986). MW is the 
 molecular weight, Kow   is the octanol–water partition coefficient, OT is organotin, and na is not available. Note, most organo
tins are reported as the ionic concentration (i.e., without the anion such as Cl or OH) except for the tetra substituted or neutral  
forms. 

polyvinyl chloride (PVC) plastics and as catalysts for various chemical reactions and account for 
approximately 70% of the total production (mostly dibutyltins [DBTs]) (Cima et al. 2003). DBT is 
used as a biocide to treat chickens for tapeworm, and it is also a metabolite of TBT, thus commonly 
found in tissue after TBT exposure. Also, because this compound is used in PVC production, it will 
leach into aquatic systems from pipes made of this plastic. Most of the organotin research has been 
conducted on TBT, although there are several other organotins (e.g., TPT, fenbutatin, azocyclotin, 
and hexamethylditin) that are widely used, mostly as agricultural pesticides that can end up in 
aquatic systems. 
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7.2.1 LEGISLATION 

Organotins as antifoulants were introduced early in the 1970s and widely used throughout the 1980s. 
Late in the 1980s, several countries around the world and states within the United States enacted 
restrictions on the use of organotins as antifoulants. In 1988, the U.S. government enacted the 
Organotin Antifouling Paint Control Act of 1988 (OAPAC; U.S. Congress 1988), which restricted 
the use of tin-based antifoulants on small vessels based on the size of the vessel (<25 m in length) 
and release rate from the paint surface (4 μg TBT/cm2/day). 

An International Convention (treaty) was adopted in 2001 by the International Maritime 
Organization to prohibit the use of TBT by 2008 (IMO 2001). This treaty came into force in  
September of 2008 and it requires signatories to prohibit the use of harmful antifoulants (organo
tins) on ships flagged in their country and to deny entry into their ports for any foreign ship using 
such antifoulants. 

7.2.2 REPORTING CONCENTRATIONS 

Many studies report organotin concentrations as ng Sn/g. This is mostly a result of the standard ana
lytical method (flame photometric detection) that quantifies tin concentrations using a tin-selective 
detector. Reporting organotins as ng Sn/g is misleading because the whole molecule is responsible 
for the toxic response as a function of its interaction with a receptor. The organotin is the active 
molecule causing toxicity, not elemental tin (Sn). There are many metal-containing compounds 
that are not reported in these terms. For example, methyl mercury is not reported as ng Hg/g nor is 
hemoglobin reported as mg Fe/L. When an organotin is expressed as ng Sn/g the variability among 
organotins and their toxic potency is masked. In addition, it is generally not appropriate to report 
the concentration of the various salts or complexes (e.g., tributyltin chloride [TBTCl] or tributyl
tin hydroxide [TBTOH], bis(tributyltin) oxide [bis-TBTO]) mainly because the standard analytical 
techniques for quantitation can not distinguish between these species, and it is not known which 
form (salt or ion) is the toxic species of concern. Once these compounds are introduced to water or 
tissue, they speciate according to the pH and ionic composition of the receiving water or fl uid. Even 
though TBTOH may be the predominant species that is bioaccumulated, TBT is also found as many 
different species in plasma and tissue. 

In comparing specific compounds, molar concentration is more appropriate because the toxic 
response is more closely related to the number of molecules interacting with the receptor, not their 
mass per unit organism weight. Table 7.1 provides conversion factors for mass to molar concentra
tions and for converting ng Sn/g to ng organotin/g. Organotin concentrations in this review are  
reported as mass or molar concentrations [e.g., ng or nmol organotin/unit matrix (e.g., g or mL)]. 
Most organotins are reported as ng organotin/g, except those that are neutral species. Also, all 
tissue concentrations are reported in terms of wet weight (ww) (unless noted), and body weight is 
abbreviated as “bw.” Many tissue concentrations were originally reported as dry weights, which 
were converted to wet weights for this review by multiplying the value by 0.2, a standard conversion 
factor for fish and invertebrate tissue. 

The lethal and effective residue designations (LRp and ERp) are used in this review to denote the 
residue (tissue concentration) associated with a response (Meador 1997). The term “effective resi
due” or “effective concentration” is normally used to characterize a sublethal response and the “p” 
for each represents the percent or proportion responding. Similar designations are used for the low
est observable effect residue (LOER) and no observable effect residue (NOER). These metrics rep
resent the internal acquired dose, which is generally not equivalent to the externally administered 
dose. These values (LRp and ERp) are distinguished from lethal dose (LDp) or effective dose (EDp) 
values, which are usually based on the administered dose (i.e., dietary as a daily or one-time dose; 
μg toxicant/g bw/day or μg toxicant/g bw). The administered dose is frequently not the concentration 
associated with the response, which is our main interest for this review (Meador 2006). 
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7.3 ENVIRONMENTAL CHEMISTRY 

Organotin compounds are a combination of organic moiety and elemental tin (Sn). All organotin 
compounds contain a metal–carbon bond, and in many cases the organic moiety is an alkyl group 
or simple ring structure. The most common alkyl moieties are the methyl, ethyl, propyl, butyl, hexyl, 
and octyl groups and these may occur in series (e.g., methyl, dimethyl, and trimethyl). Tin is also 
found in coordination with other groups (e.g., phenyl, cyclohexyl, and others) and these can also 
occur in series (tri-, di-, and monosubstituted). The presence of various organic moieties greatly 
enhances the compound’s hydrophobicity, which increases its bioavailability and toxicity. A list of 
various organotin compounds and their key physical-chemistry properties can be found in Table 7.1. 
Some organotin compounds found in the environment are not listed because no data were found. As 
a result of the increased hydrophobicity, organotins are readily bioaccumulated by organisms and 
may be more persistent in tissues; however, predicting the bioaccumulated amount is complex. 

The most common organotins in aquatic environments occur as triorganotins (e.g., TBT, TPT, 
trimethyltin [TMT], tripropyltin [TPrT], etc.), diorganotins (DBT, dimethyltin [DMT], diethyltin 
[DET], etc.), and monoorganotins such as monobutyltin (MBT), and monomethyltin (MMT). There 
are a very large number of potentially toxic organotins and many of these are found in the envir
onment and are considered significant contaminants. Unfortunately, we know very little about the 
occurrence, bioaccumulation, and toxicity for most organotins. Organotin environmental chemistry 
is relatively complex because these compounds are often polar, ionizable, and hydrophobic. 

7.3.1 OCTANOL–WATER PARTITION COEFFICIENT 

A very useful chemical parameter for predicting the partitioning behavior between water, sediment, 
and tissue for some organic compounds is the octanol–water partition coeffi cient (Kow). The Kow is 
a surrogate measure of the association of organic compounds with lipid or organic carbon. In many 
cases the Kow is used in quantitative-structure activity relationships (QSARs) to predict sediment-
water or water-tissue partitioning. Even though organotins exhibit strong partitioning to lipid and 
organic carbon (Meador 2000, Brändli et al. 2009) these QSARs do not always predict chemical 
behavior. In some cases QSARs for sediment-water partitioning are fairly accurate (Meador 2000); 
however, those for water-tissue partitioning generally are far from predictive. The available Kow 

values (as log10) for organotin compounds are listed in Table 7.1, and it is important to note the 
large variability among organotins. The very low (some negative) log10  Kow values indicate that 
these organotins may not bioaccumulate as much as others; however, bioaccumulation of individual 
organotins is likely not related to Kow or lipid content (Meador 2000). Surprisingly, many organotins 
exhibit very low Kow values, which would indicate a low potential to cross biological membranes; 
however, some exhibit high bioaccumulation factors. 

7.3.2 HYDROGEN ION ACTIVITY (PH) AND THE ACID-DISSOCIATION CONSTANT (PKA) 

For ionizable organometallic compounds, hydrogen ion activity (pH) and the acid-dissociation 
constant (pKa) appear to be important chemical controlling factors. Many organotins are ionizable; 
therefore, pH can have a strong effect on partitioning. Because neutral chemical species, such as 
TBTOH, are generally more bioavailable for passive diffusion than the ionized form, the propor
tion of the total compound in solution that is in the neutral form is important for bioaccumulation 
assessment. Organotins are generally cations and when the pH of a solution containing an ionizable 
organotin is equal to the pKa, the molecules are equally apportioned between ionized and unionized 
forms. As the pH increases above the pKa, more of the organotin will be in the neutral form and 
available for uptake. 

As shown by Tsuda et al. (1990) and Arnold et al. (1997) the octanol–water partition coeffi cient 
(Kow) for TBT is strongly affected by pH. From a pH of 5.8 to 8.0, the Kow increases from 1600 to 
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12,000. TPT is also affected by pH and for this same range in pH the Kow increases from 1180 to 
3650 (Tsuda et al. 1990). This is an important factor for assessing bioaccumulation because it is the 
hydrophobic portion that partitions into octanol and this is generally the bioavailable form. As seen 
in Table 7.1, the pKa for these compounds ranges between 2 and 7, indicating that in most aquatic 
systems with an alkaline pH, the neutral forms, such as hydroxide species, will predominate. 

7.3.3 CARBON 

Water-sediment partitioning and bioaccumulation of organotins are known to be affected by the 
organic carbon and black carbon content in sediment and dissolved organic carbon in the water col
umn (Fent 1996, Meador 2000, Hoch and Schwesig 2004, Veltman et al. 2006, Brändli et al. 2009). 
Carbon content can affect the amount of free TBT that is available for uptake because of its predomi
nant hydroxide form in aquatic systems that will complex with dissolved or particulate carbon. 

7.4 ENVIRONMENTAL OCCURRENCE 

7.4.1 WATER AND SEDIMENT 

TBT has been reported by several authors in the water column at concentrations commonly  ranging 
from 1 to 200 ng/L in harbors and marinas around the world (Seligman et al. 1989, Fent 1996, 
Antizar-Ladislao 2008, Harino et al. 2008). In a few cases, aqueous concentrations have been 
extremely high (500–2000 ng/L) (Clark and Steritt 1988, Antizar-Ladislao 2008); however, obser
vations in this range were not common. 

When restrictions on the use of TBT as an antifouling paint were enacted in the late 1980s 
in many countries, water concentrations declined (Fent 1996); however, sediment concentrations 
remained relatively high (Krone et al. 1996, Antizar-Ladislao 2008). Even though water concentra
tions in the United States declined after OAPCA was enacted, levels were still somewhat elevated 
because it did not impact use on most commercial ships. Due to the large number of small vessels, 
these restrictions were generally effective causing substantial reductions in aqueous concentrations 
(Huggett et al. 1992), but less so for sediment. This has also been observed in coastal waters around 
Japan where the use of TBT and TPT were restricted in 1989 (Harino et al. 2008). The Harino et al. 
(2008) review on TBT and TPT occurrence in water, sediment, and tissue found large decreases in 
concentrations shortly after the restrictions were enacted, but only minor reductions were observed 
after reaching lower levels. These reduced concentrations are still relatively high compared to toxic 
levels, with water concentrations averaging 11 ng/L (range <1–83 ng/L) and highly variable sedi
ment values (<1–650 ng/g). 

TBT appears to be very persistent in sediment and concentrations in the hundreds of parts per 
billion (ppb) to low parts per million (ppm) range can still be found in harbors and marinas in 
various countries (de Mora et al. 1989, Fent 1996, Antizar-Ladislao 2008). Although TBT may be 
quickly degraded to DBT and MBT in the water column (Seligman et al. 1988), degradation appears 
to be much slower once it is associated with sediment. One study determined half-lives of TBT in 
sediment ranging from 1 to 2 years in surficial aerobic sediment (Dowson et al. 1996); however, they 
reported essentially no degradation in anaerobic sediment. These estimates are supported by other 
studies that observed long half-lives for TBT in sediment (Hwang et al. 1999, Takahashi et al. 1999). 
As a result of these long half-lives, sediment-associated TBT will likely continue to be a source and 
lead to elevated water and tissue concentrations. 

Fent (1996) provides an excellent review of the environmental concentrations that were found 
from the early 1980s through the mid-1990s. It is striking to note the extent and frequency of 
observed sediment concentrations in the low ppm range (i.e., 1–10 μg/g) and water concentrations 
in the high parts per trillion (pptr) range (0.1–1.0 ng/mL). These elevated concentrations certainly 
resulted in severe biological effects in many ecosystems considering that the EPA chronic water 
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quality criteria (U.S. EPA 2003) is set to 0.07 ng/mL in freshwater and 0.007 ng/mL in marine 
ecosystems. 

7.4.2 TISSUE 

7.4.2.1 Butyltins 
Most of the available tissue concentration data are for TBT (and its metabolites DBT and MBT) 
because it is a commonly applied pesticide and is extremely toxic. There are several excellent 
reviews that provide tables of butyltin concentrations in aquatic species (Tanabe 1999, Maguire 
2000, Birchenough et al. 2002, Shim et al. 2005). A recent review article provided an overview of 
measured tissue concentrations in a variety of fish and invertebrates from American, Asian, and 
European harbors and marinas (Antizar-Ladislao 2008). As expected the range in tissue levels is 
very broad, although many of the species exhibit relatively high concentrations (hundreds of ng/g 
ww) for all butyltin compounds. Shim et al. (2005) presented soft-tissue concentrations of butyltins 
and TPT in five bivalve species collected worldwide. Most of those samples span from the late 1980s 
through the 1990s and show very high concentrations for most samples. In this chapter (Table 7.2), 
we have listed some additional recent tissue concentration data for butyltins. These recent values 
also indicate very high values for some locations and species. 

7.4.2.2 Phenyltins 
Phenyltins are also applied as an antifoulant and consequently are commonly found in the tis
sues of field-collected aquatic organisms. In many cases, TPT is found at elevated and similar 
concentrations to that observed for TBT (Tolosa et al. 1992, Shim et al. 2005) with concentrations 
occurring in the range of hundreds of ng/g ww (Table 7.2). A comprehensive review of TPT tissue 
concentrations in the muscle of wild fi sh from around the world (n = 20 species) found high mean 
concentrations with many in the 200–600 ng/g ww range (Zhang et al. 2008, Table S3 in supporting 
information). The review by Shim et al. (2005) also indicates high TPT concentrations (up to 5930 
ng/g ww) for many of the bivalve samples from several locations (Korea, Japan, Mediterranean, and 
The Netherlands). High levels were also reported by Harino et al. (2008) for TPT in mussel tissue 
(up to 3400 ng/g) in their review of data from Japanese coastal waters. 

7.4.2.3 Other Organotins 
Essentially all of the other tissue concentration data for organotins consists of values for the TBT 
and TPT metabolites (DBT, MBT, diphenyltin [DPT], and monophenyltin [MPT]). After extensive 
searching, very few studies were found that reported tissue concentrations for other organotins in 
field-collected aquatic animals. One study examined various seafood species for tetramethyltin 
(TeMT), tetraethyltin (TeET), and TMT (Forsyth and Clerous 1991). No concentrations above the 
method detection limit (MDL) were observed for TeMT (MDL = 1.2 ng/g) and TeET (MDL = 
1.4 ng/g). TMT was found in cockles (1.0 ng/g) and turbot (3.9 ng/g). 

7.4.3 OBSERVATIONS 

One monitoring study found no decline in TBT over time in mussels from the North Sea even 
though this antifoulant was banned on small boats there in 1991 (Rüdel et al. 2003). The authors 
concluded that the absence of decline for tissue residues was likely due to inputs from large vessels 
that were still using TBT. The recently enforced IMO ban may produce reductions in water concen
trations, however, due to the extensive half life of TBT (and likely other organotins) in sediment; 
these compounds will likely continue to be a concern for many years. 

The vast majority of reported tissue concentrations for organotin compounds are for marine 
species; however, there are studies that examined these compounds in freshwater ecosystems. One 
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recent study conducted a survey of DBT and TPT in whole fish from freshwater sites across the 
United States, which reported values from the detection limit (<1 ng/g) to 276 ng/g for DBT and 
<1.8–499 ng/g for TPT (Jones-Lepp et al. 2004). Some older studies reported high concentrations 
of TPT in freshwater organisms. These include bivalves collected in Swiss lakes (Fent 1996) and 
numerous invertebrates and fish from Dutch lakes (Stäb et al. 1996) (Table 7.2). 

Even far offshore in deep (marine) water (100–400 m), elevated concentrations of TBT and TPT 
have been documented (Kono et al. 2008). These authors found several marine species with con
centrations of these two organotins in the range of 2–20 ng/g ww with one value as high as 90 ng/g 
ww. These authors also reported water concentrations in the range of 0.3–0.8 ng/L for TBT and 
sediment concentrations up to 16 ng/g dry wt. for this compound and 12 ng/g dry wt. for TPT. 

Marine mammals also appear to accumulate relatively high concentrations of organotins. Several 
recent studies and reviews demonstrate that numerous marine mammal species exhibit high lev
els in various tissues, including liver, blubber, and muscle. Tanabe (1999) found concentrations 
of TBT at high concentrations (35–2200 ng/g ww) in several different tissues of fi nless porpoise 
(Neophocaena phocaenoides) from waters around Japan, with similar high concentrations for DBT 
and MBT. A review article by Kajiwara et al. (2006) presents data for 11 marine mammals species 
from various locations (Japan, Great Britain, Mediterranean, United States, Indo-Pacific, and India) 
showing high concentrations of TBT in liver (mean values 20–820 ng/g ww, maximum = 1200 
ng/g). A number of studies examined organotins in killer whales (Orcinus orca). Harino et al. (2008) 
found TBT concentrations in the range of 6–25 ng/g ww and far higher levels of DBT (16–556 ng/g) 
and MBT (16–152 ng/g) in the liver of this species (Table 7.2). They also report low levels of TPT 
(<1–58 ng/g) in blubber and liver, which was also noted by Kajiwara et al. (2006) who reported no 
detectable concentrations of TPT or DPT in killer whales. 

7.5 ORGANOTIN BIOACCUMULATION 

Assessing bioaccumulation of organotins is complex. Standard QSAR models used for organic  
compounds are poor predictors of accumulation for these compounds and most organotins do not 
behave as metals. In general, it appears the pattern of bioaccumulation among organotins is some
what correlated to Kow; however, using this parameter to predict bioaccumulation for an individual 
compound across species is not supportable. For example, an analysis of TBT bioaccumulation 
shows that it does not obey organic-compound QSAR predictions for bioaccumulation or toxicity. 
The predicted wet-weight bioconcentration factor (BCF) for TBT in species that do not metabo
lize this compound is approximately 377. This value was determined with the QSAR for ioniza
tion-corrected substituted chlorophenols (Saarikoski and Viluksela 1982; also see McCarty 1986). 
These compounds are known to be uncouplers of oxidative phosphorylation, as are organotins. As 
shown in Meador (2006), all observed TBT BCFs exceed this predicted value. For those species that 
exhibit weak biotransformation of this compound, the BCFs are approximately 30–250 fold higher 
than those predicted using the QSAR. 

7.5.1 CONCEPTS 

Some of the triorganotins exhibit relatively high Kow values (log10 values of 3–4); however, TMT, 
triethyltin (TET), and TPrT are all very low (Table 7.1). In general, there is a very strong association 
between the Kow value and the number of carbons in the substituted groups among triorganotins 
(r2 = 0.80), and based on this relationship the compounds with the highest Kow value and number of 
carbons would be expected to exhibit the highest BCFs or BAFs. As shown later, this is not the case 
for some of the organotins, such as TPrT. Unfortunately, we have very few data for other organotins. 

Based on the Kow at pH 8.0 from Tsuda et al. (1990) the predicted BCF for TPT at steady state 
using the same QSAR formula derived for substituted phenols is 60. The observed steady-state BCF 
for carp (Cyprinus carpio) exposed to TPT was determined to be 600, which is 10 times higher. 
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Because fish are known to extensively metabolize TBT (Lee 1985), the QSAR predicted BCF for 
this species should be far higher than the observed value. Another study reported the TPT BCFs 
for two fish species (Pagrus major and Rudarius ercodes) after 56 days of exposure to be similar at 
3200 and 4100, respectively, 53–68 times the predicted value. In general terms, several studies have 
demonstrated that BCFs for TBT are substantially higher than those for TPT (Tsuda et al. 1988, 
1991, Fent 1996), which may be a result of the speciation profile that is controlled by pH, Kow, or 
some physiologic aspect of bioaccumulation. When tissue-residue toxicity is considered, these dif
ferences become less significant because of the increased importance of toxic potency. 

Many aquatic invertebrate species are known to have minimal metabolic capacity for organotins 
(Fent 1996), and they exhibit BCF values that are far higher than those observed for fish. As seen 
in Meador (2006) the BCFs for TBT in several species are very high ranging from 2000 to 95,000. 
Similarly, high BCF values have also been observed for invertebrates and other organotins. One 
study exposed marine snails (Nucellus lapillus) to aqueous concentrations of TPrT and reported a 
BCF value of approximately 15,000 after 30 days exposure (Bryan et al. 1988). Based on the bioac
cumulation QSAR for this compound used earlier, the expected steady-state BCF for a species that 
does not metabolize TPrT is predicted to be 0.12, which is 1.3 × 105 times lower than the observed 
value for N. lapillus. No bioaccumulation is expected for TMT (log10 Kow of −2.3); however, one study 
reported a BCF value of 75 for the brine shrimp (Artemia franciscana) (Hadjispyrou et al. 2001). The 
same study reported a BCF of 50 for DMT, which exhibits a log10 Kow of −3.1 (essentially 0). 

From these data we can conclude that the commonly used bioaccumulation QSAR equations 
can not be used to predict tissue concentrations for organotins for fish or invertebrates. Therefore, 
measured toxicokinetic values are the only reliable method for such predictions. This is an impor
tant point because a number of guidelines and statutes require chemical screening based on Kow 

when assessing the potential for chemicals to bioaccumulate and cause harm. As seen earlier, these 
assumptions on bioaccumulation QSARs are not valid for organotins and possibly other poorly 
studied contaminants. 

Several environmental factors are likely important for determining bioaccumulation for organo
tins including pH, temperature, redox state, salinity, and organic carbon content in sediment and 
water. Most of these factors will affect the amount of the bioavailable compound or the rate of  
uptake. Also, because of the large disparities between actual and predicted bioaccumulation, there 
must be biological factors (e.g., interspecific differences in rates of uptake, elimination processes, 
membrane permeability, transport mechanisms, etc.) that are prominent controlling factors for bio
accumulation. When we consider tissue-residue toxicity metrics, these factors are all far less ger
mane because bioavailability and toxicokinetics are accounted for when toxicity is expressed as a 
tissue concentration (e.g., LRp or ERp). 

7.5.2 BIOACCUMULATION KINETICS 

A more accurate way to predict bioaccumulation is with uptake and elimination rate constants. As 
a simple example, the rate of uptake (uptake clearance; k1) divided by the rate of elimination (k2) 
equals the BCF at steady state. 

7.5.2.1 Uptake 
As mentioned earlier, pH has a large influence on hydrophobic partitioning because it determines the 
profile of the various organotin species. As pH increases, TBTOH becomes more abundant and the 
ionic form (TBT+) decreases. A few studies have demonstrated that the rate of uptake increases with 
increasing pH for TBT (Fent 1996) and TPT (Tsuda et al. 1990), which is likely a result of the reduc
tion in the ionic species and an increase in neutral species (e.g., TBTOH). Therefore pH impacts the 
rate of uptake only because it affects the proportions of the various organotin species in the exposure 
media. Because of these differences due to pH, marine organisms often exhibit higher BCF values than 
freshwater species for organotins because the pH of freshwater is often lower than seawater (≈8.1). 
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We know from several studies that rate of uptake for TBT is highly variable among species. 
As an example, Meador (1997) observed order of magnitude differences in TBT BCF values and 
toxicokinetics for two similar amphipods under identical environmental conditions. It is not known 
if these results are a function of ventilation rate, membrane permeability, or other physiological or 
morphological differences among species. 

7.5.2.2 Elimination 
The rate of elimination includes the processes of metabolism, passive diffusion, and excretion. 
Because total elimination values are calculated, we do not know what portion was metabolized and 
how much of the parent compound was lost through passive or active processes. Elimination for 
many organotins is accomplished by metabolic transformation, which occurs via the cytochrome 
P450 enzyme system that facilitates the degradation of a large number of xenobiotics (Fent 1996). 
For example, TBT is sequentially debutylated in a series of reactions with the cytochrome P450 sys
tem (TBT → DBT → MBT → Sn) (Fent 1996). All these metabolites will be measured in organisms 
that can metabolize TBT and are exposed to this compound for several days (Meador 1997). TPT is 
metabolized in a similar fashion (TPT → DPT → MPT → Sn) (Fent 1996). A few studies have com
pared the elimination rates of TBT and TPT in fish and found that TBT was generally more rapidly 
eliminated than TPT (Tsuda et al. 1988, 1992) indicating that TPT may persist longer in tissue. A 
low rate of elimination (k2) for TPT was also noted by Stoner (1966) for guinea pigs. 

For fi sh species, metabolic rates (km) for organotins should be substantial due to the high levels 
of cytochrome P450. In general, rates of biotransformation via P450 are known to be highly variable 
among invertebrate taxa (Livingstone 1998). Unfortunately, most studies that examine the elimina
tion of organotins from tissue only report the total loss of the compound over time. It is possible to 
determine km values by quantifying the changes in parent compound and metabolites (e.g., DBT and 
MBT) over time; however, this is rarely calculated. 

7.5.3 OBSERVATIONS 

Parental transfer of organotins is an important factor to consider, especially in light of the toxicity 
information for development. One study reported that maternal transfer of butyltins occurred for the 
Dall’s porpoise; however, the concentrations in fetal tissue were relatively low compared to the adult 
(Yang and Miyazaki 2006). Concentrations of TBT in the fetus (1.0 kg at 6 months post fertilization) 
were about 10 times lower than maternal concentrations (15 ng/g vs. 1.4 ng/g, whole-body values 
determined by summation of organ burdens). Another study (Kajiwara et al. 2006) that examined 
organotins in stranded killer whales found similar differences (2–20 fold) for TBT concentrations in 
liver between mature adults and calves that were estimated to be a few months old. Of note were the 
concentrations of total phenyltins (tri- and di-), which were detected in all three calves and in only 
one of the five mature females, although the concentrations were low (≈1 ng/g). 

The results for marine mammals are in stark contrast to those for fish as demonstrated for vivip
arous surfperch (Ditrema temmincki) (Ohji et al. 2006). The concentration of TBT in fry was 10–16 
times higher than values reported for whole-body parental females. The percentage TBT in relation 
to total butyltins (TBT, DBT, and MBT) was 51% in the females and 81% in the fry indicating a 
reduced capacity for biotransformation. Due to early life-stage sensitivity of fish to butyltins in tis
sue, this is an important observation. 

TBT bioaccumulation was also observed in algae. Maguire et al. (1984) reported a dry-weight 
TBT BCF for the green alga Ankistrodesmus falcatus of 30,000, which can lead to very high con
centrations. The consequences of this high BCF value include the enhancement of dietary uptake by 
planktivores and direct toxicity to algal species because TBT is known to affect energy production 
in chloroplasts, heme metabolism, and disrupt ion pumps (Fent 1996). 

The reason for the very high bioaccumulation factors for many species can be found in the 
rates of uptake and  elimination. Many QSAR models have been developed for organic compounds 
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that relate Kow with k1 and k2 (Connell 1990). These models are generally accurate predictors for 
passive organic-compound fl ux in species that exhibit low rates of metabolism. The toxicokinetic 
model for chlorobenzenes in molluscs was selected as an example (Connell 1990), because low 
metabolism was expected for this taxa. Based on the Kow for TBT, the predicted values are 280/d 
for k1 and 0.96/d for k2. Using these toxicokinetic values, the predicted BCF is 292, which is very 
similar to the predicted BCF of 377 that was described earlier using the bioaccumulation QSAR 
equation for substituted chlorophenols. Measured values for k1 and k2 in species that are expected  
to exhibit low metabolic rates for TBT are generally substantially different than these predicted 
values. For example Gomez-Arizas et al. (1999) determined the TBT k2 for clams (Venerupis decus
sata) to be approximately 0.02–0.03/d, which was similar to the values reported by Meador (1997) 
for an amphipod and Tessier et al. (2007) for a gastropod (Lymnaea stagnalis) (each k2 = 0.04/d). 
These values are 25–50 fold lower than the expected elimination rates for passive diffusion. The 
QSAR predicted k1 value is 280/d, which is approximately 3–27 times less than other reported val
ues (Meador 1997, Gomez-Ariza et al. 1999, Tessier et al. 2007). Given these large differences in 
predicted and observed toxicokinetic rates, it is not surprising that BCFs are far higher than those 
predicted with QSARs. 

The observed TBT BCFs can be two orders of magnitude or more above predicted levels, which 
is consistent with the large observed disparity in toxicokinetics. Based on an examination of the 
limited available data, it appears that the k2 rate constant exhibits a greater infl uence than the k1  
value as determinants for the BCF. We can conclude from this that TBT (and likely other organo
tins) is very slowly eliminated from tissue. Of course, for those species that are able to metabolize 
TBT, the overall elimination rate will be higher; however, the passive rate of elimination is still an 
important factor for determining k2 and bioaccumulation factors. Also noteworthy is that the k2 

values in this range (0.02–0.04/d) indicate that some species will take ≈75–150 days to reach steady-
state tissue concentrations. 

7.6 ORGANOTIN TOXICITY 

In all cases an organotin compound is far more toxic than its individual components. For example, 
the toxicity of TBT is considerably more toxic than inorganic tin or the component butyl groups. 
For comparison, this is generally the same pattern for organomercurials, but not for arsenic because 
methylation reduces toxicity and the inorganic forms tend to be more toxic. Within a series of 
organotin compounds there are differences in toxicity. When expressed in terms of water exposure, 
the triorganotins (e.g., TBT, TPT, TMT, and TPrT) are considered more toxic than the mono-, di-, 
or tetraorganotins (Laughlin et al. 1985, Brüschweiler et al. 1995). These authors proposed that the 
increased water toxicity for the triorganotin compounds may be a result of several factors such as 
their higher Kow values, a higher rate of uptake, differences in the MeOA, or the increased propen
sity for bioaccumulation and persistence. 

Many of the factors that should be considered during toxicity assessment from ambient expo
sure are less important for tissue-residue toxicity. For most contaminants, pH, redox state, organic 
carbon, and salinity are controlling factors for ambient-toxicity metrics; however, once we consider 
tissue concentrations these factors are considerably less important. The factors that are important 
for both ambient-exposure and tissue-residue toxicity metrics include organism health, tempera
ture, and lipid content (Meador et al. 2008). Lipid content is an important parameter for hydro
phobic compounds because of internal toxicant partitioning and the relative amount of the active 
toxicant fraction (i.e., biologically effective dose) (Lassiter and Hallam 1990). There are few data 
on this subject for organotins; however, one study found that the LR50 (lethal tissue residue) for an 
amphipod (Rhepoxynius abronius) was approximately three times lower in individuals containing a 
reduced lipid content (Meador 1993). When this toxicity metric was normalized to lipid content and 
expressed on a lipid basis the values for the normal and reduced lipid groups became statistically 
indistinguishable. 
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7.6.1 TOXICITY FROM AMBIENT EXPOSURE 

It is well known that the toxicity of organotins varies widely among compounds and species when 
external exposure (e.g., water concentrations) is considered. Water exposure to TBT produces LC50 

values ranging over two orders of magnitude among aquatic species (~0.5–200 ng/mL) (Figure 7.1) 
and three orders for most sublethal responses such as growth and reproductive impairment (0.005–5 
ng/mL) (Cardwell and Meador 1989, Meador 2000, U.S. EPA 2003). 

One comprehensive study examined the aqueous toxicity of seven diorganotins (R2SnX2) and 
eight triorganotins (R3SnX2) to crab zoeae (Rhithropanopeus harrisii) (Laughlin et al. 1985). The R 
groups for the triorganotins were methyl, ethyl, propyl, butyl, phenyl, and cyclohexyl. The same list 
applies for the diorganotins with the addition of benzyl. All of the X groups were oxides, hydrox
ides, bromides, and chlorides. The X group is essentially unimportant because as soon as the com
pound is added to water it speciates according to the pH, redox state, and the ionic content of the 
receiving water. The variability among diorganotins for the day 14 LC50 was 250 fold and for the 
triorganotins was 28 fold. For all compounds the range was four orders of magnitude, which was 
very similar to that reported by Nagase et al. (1991) who determined the 48 h LC50 for killifi sh 
(Oryzias latipes) exposed to 29 different organotins (Figure 7.1). In the Laughlin et al. (1985) study, 
a strong linear relationship was found between LC50 and the Hansch lipophilicity parameter (π) 
for both the di- and triorganotins (r2 > 0.94) indicating that the most important factor determining 
toxicity was the hydrophobic characteristics of each compound. We would expect differences in 
potency among these compounds when toxicity is based on tissue concentrations; however, when 
considering  ambient-exposure toxicity metrics, the variability due to differences in toxicokinetics 
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FIGURE 7.1 Circles show 96 h LC50 values in pmol/mL for 28 aquatic species (polychaetes, amphipods, 
copepods, shrimp, and fi sh) exposed to TBT in water. Data from Cardwell and Meador (1989). Triangles are 
the 48 h LC50 values for one species (killifi sh, Oryzias latipes) exposed to many different organotins (OTs) 
(Nagase et al. 1991). Of the 29 organotins tested on killifish, 16 were unique (many were salts of one com
pound). Only three were not shown (n-butyltrimethyltin, di-n-butyldimethyltin, and tri-n-butylmethyltin) all 
of which exhibited LC50 values that fell within the range shown. See Table 7.1 for organotin abbreviations. 
CDF is cumulative distribution function. 
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(bioaccumulation) versus that for toxicodynamics (potency) can not be distinguished. As shown 
later, the differences in potency are relatively minor among all these organotins for lethality. 

This observation is supported by an example for DBT and TBT, both of which are known to inhibit 
adenosine triphosphate (ATP) synthesis. One study found that DBT was more than 50 times less toxic 
than TBT (Lytle et al. 2003) when based on exposure (water) concentrations; however, another study 
demonstrated that DBT was only three times less potent than TBT for this MeOA when based on 
tissue concentrations (Aldridge et al. 1977). These results highlight the differences between aqueous 
and tissue-residue toxicity metrics among compounds as a function of bioavailability and external 
toxicokinetics. Based on this information, the diorganotins will likely cause lethality in aquatic spe
cies at tissue concentrations that are relatively similar to those determined for TBT lethality. 

Another study on organotin toxicity is useful for highlighting the role of bioaccumulation and QSARs. 
Vighi and Calamari (1985) reported the 24 h acute LC50 values for Daphnia magna exposed to TMT, 
TET, TPrT, TBT, and TPT. These values ranged from 13 to 470 ng/mL, which is a factor of 36. This 
range in toxicity values is relatively minor compared to the approximately six orders of magnitude range 
for compound Kow values and the expected differences in bioaccumulation as predicted by Kow QSARs. 
One conclusion from these data is that the predicted BCF values do not accurately reflect the observed 
values. Based on the highly similar tissue-based mortality data presented here (Tables 7.3 and 7.4) it is 

TABLE 7.3 
Critical Triorganotin Body Residues for Aquatic Species 

CBR Range CV CBR Range 
Response Organotin Species (nmol/g) (nmol/g) SD (%) (ng/g) (ng/g) n 

Mortality TBT, TPT Fish and 33.4 12–51 12.4 37 9600 3500–14,780 11 
invertebrates 

Growth TBT Fish and 2.1 0.56–4.3 1.2 57  640 162–1246 11 
impairment invertebrates 

Growth TBT Fish 0.04 — — —  13 —  1 
stimulation/ 
obesogen 

Behavior TBT Fish and 0.70 0.35–1.0 — —  200 100–300  2 
invertebrates 

Imposex— TBT, TPT Gastropod 0.29 0.05–0.42 0.21 73  85 14–141 11 
female snails 
sterilization 

Imposex— TBT, TPT Gastropod 0.10 0.03–0.17 0.06 62  30 10–49  4 
threshold snails* 

Reproductive TBT, TPT Invertebrates 0.48 0.006–0.97 0.49 100  140 2–280  3 
impairment 

Reproductive TBT, TPT Fish—adult/ 0.07 0.06–0.08 0.01 20  24 18–29  2 
impairment juvenile 

Reproductive TBT, TPT Fish—egg 0.28 0.01–0.55 0.23 81  83 5–160  5 
impairment 

Mean, standard deviation (SD), and range in values for critical body residues (CBRs) in nmol/g wet weight and equivalent 
ng/g value. Mortality CBR is based on LR50. The CBRs for reproductive impairment, growth impairment, and growth stimu
lation based on LOER and ERp values. The imposex CBR for female sterilization based on definition in Meador et al. (2002). 
Range shows minimum and maximum values for n studies, most of which are for different species. CV is the coeffi cient of 
variation in %. Values are for whole body, except (*), which are whole body or muscle tissue. Last row shows concentrations 
for eggs. Data from this chapter, Meador (2000), Meador et al. (2002), Meador (in press). 
Source: From Meador, J. P., Rev. Environ. Contam. Toxicol., 166, 1–48, 2000; Meador, J. P. et al., Aquat. Conserv.: Mar. 

Freshwat. Ecosyst., 12, 539–551, 2002. With permission. 
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TABLE 7.4 
Lethal Values for Several Organotins in Small Mammals 

LR50 i.p. 
Triorganotins Species μg/g SD nmol/g 

Trimethyltin Rat 16 — 97.6 

Triethyltin Rabbit 10 — 48.8 

Triethyltin Rat 10 — 48.8 

Tributyltin Rat 10 — 34.6 

Triphenyltin Rat 11.4 (2.0) 32.3 

Triphenyltin Guinea pig 3.7 — 10.7 

Triphenyltin Mouse 7.9 — 37.1 

Triphenyltin Rabbit 16 — 97.6 

Tricyclohexyltin Rat 13 — 34.7 

Trioctyltin Rat >48 — >100 

Est. LRp 

Diorganotins Est. metric μg/g nmol/g 

Dimethyltin LR50 40 — 270.3 

Diethyltin LR100 40 — 226.0 

Dipropyltin LR75 10 — 48.8 

Di-isopropyltin LR100 20 — 97.6 

Dibutyltin LR100 10 — 42.9 

Dipentyltin LR100 20 — 73.5 

Diphenyltin LR100 15.3* — 56.0 

Dihexyltin LR50 10 — 33.6 

Dioctyltin LR100 10 — 28.2 

Calculated LR50 values for triorganotins based on intraperitoneal (i.p.) injection. Each 
diorganotin tested at four doses by intravenous injection (i.v.) to groups of four rats. For 
 diorganotins, LRp (p for percentage) was estimated by the reported number of mortalities per 
treatment. The TPT LR50 for rat based on four experiments. Mean and standard deviation 
(SD) for all triorganotin LR50 values (except trioctyltin) is 10.9 (3.9) μg/g. * Is i.p. injection. 
Data from Barnes and Stoner (1958), Stoner (1966), and Kimbrough (1976). See text for 
details. 

likely that the mode or MeOA for mortality is the same for all these organotins, which would reduce the 
importance of potency as a factor in the observed disparities in LC50 values and expected BCFs. 

7.6.2 RESPONSES AND MODES AND MECHANISMS OF TOXIC ACTION 

Toxic response can be considered at three levels. The first level is the organismal response (e.g., 
mortality, growth, and reproduction), the second level is mode of action (MoOA), and the third is 
the mechanism of action (MeOA). Organotins are known to cause several adverse effects including 
growth impairment, growth enhancement, abnormal development, altered behavior, and reproduct
ive effects. The terms “mode and mechanism of toxic action” have distinct meaning (Meador et al. 
2008). In general, the mode of action is the higher level of toxicological disturbance to biological 
function consisting of physico-chemical, physiological, or biochemical pathway alterations result
ing from one or more MeOAs. Triorganotins, and some of the disubstituted organotins, are known 
to act by several MoOAs including inhibition of cellular energy metabolism (Aldridge et al. 1977, 
Hunziker et al. 2002), endocrine disruption (Matthiessen and Gibbs 1998, Grün et al. 2006), neuro
toxicity (Walsh and DeHaven 1988), inhibition of ion pumps (Fent 1996), inhibition of cytochrome 
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P450 (Fent 1996), inhibition of intracellular enzymes (Walsh and DeHaven 1988), and immune 
system impairment (Bouchard et al. 1999, De Santiago and Aguilar-Santelises 1999). There is very 
little toxicity information for the monosubstituted organotins. 

Most, if not all, of these MoOAs likely result from multiple MeOAs (the crucial and specifi c 
biochemical alteration) or inhibition of specific pathways. Several definitions for MeOA have been 
proposed; however, in many applications it refers to the biochemical target or specifi c biochemical 
pathway affected. More precise definitions have recently been proposed for both mode and MeOA 
(Borgert et al. 2004, Meador et al. 2008). For example, there are many compounds that are consid
ered uncouplers (a mode of action), but do so by different biochemical mechanisms. This distinction 
is important, especially when considering the nature of toxicant interactions (e.g., additivity [dose or 
response] and those that are less or more than additive). 

We have some information regarding toxic action for the commonly encountered organotins and 
limited information for most of the other compounds. There are some similarities among the organ
otins in the MeOA, especially for the acute mortality response for triorganotins. For the sublethal 
response, there are a variety of MoOAs and MeOAs for organotins, which are likely a function 
of dose and the compound’s unique stereochemistry and resultant association with biomolecules. 
Detailed work by a few authors discovered that several of the triorganotins (TMT, TET, TBT, 
TPT, and Tri-c-hexyltin [TcHT]) and many of the diorganotins (DMT, DET, dipropyltin [DPrT], 
DBT, DPT, and dihexyltin [DHT]) inhibit respiration (Aldridge 1958, 1976, Aldridge et al. 1977, 
Connerton and Griffiths 1989). In addition, these diorganotins block the pathway from glutamate to 
oxoglutarate as part of the Krebs cycle in mitochondria (Aldridge 1976). Tetraorganotins generally 
do not inhibit respiration (Aldridge 1976); however, once bioaccumulated they are metabolized to 
triorganotins by many species. 

Several recent studies have explored the role of organotins as agonists of nuclear hormone receptors 
and their role as endocrine disruptors and obesogens (Grün et al. 2006, Grün and Blumberg 2007). One 
study demonstrated that TBT and TPT were potent activators of the retinoid X receptor (RXR) and 
peroxisome proliferator-activated receptor (PPARγ ) (Grün et al. 2006) at low concentrations (3–20 
pmol/g). They also showed that several other butyltins were activators of these receptors but at higher 
levels; tetrabutyltin (TeBT) (150 pmol/g), DBT (3000 pmol/g), TET (2800 pmol/g), and TMT (>10,000 
pmol/g). MBT was not active. These very low potency factors for RXR were confi rmed by Hu et al. 
(2009) for TBT and TPT, which were essentially identical (9.6 and 20 pmol/g, respectively). According 
to Grün et al. (2006) some organotins (especially TBT and TPT) are potent endocrine disruptors that 
target adipogenesis by modulating key regulatory transcription factors via RXR and PPARγ. 

Specific organotins can act by multiple MoOAs and MeOAs that are likely dose and time depend
ent. For example, short-term exposure to high doses of TBT leads to mortality and growth inhib
ition; however, under chronic low-dose exposures endocrine and immunotoxic responses can be 
observed in a variety of species. For these, and many compounds, it is important to consider critical 
toxic concentrations among species for a given response, not all responses combined. 

7.6.3 TISSUE-RESIDUE TOXICITY 

The following is a brief survey of the various biological responses reported for organotins. For 
aquatic species, most of the focus has been on TBT and its effects on survival, growth, and repro
ductive impairment and there are limited data for TPT. In addition, there are toxicity data for several 
of the tri- and diorganotins for small mammals that are informative. Unfortunately, there are no 
tissue-residue mortality data for aquatic species exposed to di- or monoorganotins. 

7.6.3.1 Mortality 
In terms of the tissue-based toxic response, the TBT concentration causing lethality is approximately 
100 times less than that for baseline (narcosis) toxicants that has been characterized for a large num
ber of organic compounds (Di Toro et al. 2000). As shown in Table 7.3, sublethal toxic responses can 
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occur at tissue residues that are 700 times lower than those for lethal levels. The lethal concentration 
for some organotins has been determined in several species and the values are remarkably consist
ent. One comparative study with guppies (Poecillia reticulata) found very similar lethal tissue con
centrations for TBT, TPT, and TcHT, although tri-n-hexyltin (TnHT) was about 10 times more toxic 
(LR100 ≈1 nmol/g ww) on a tissue-residue basis (Tas 1993). It is important to note here that most of 
the mortality data are based on short-term exposures (acute). It is possible to observe mortality during 
chronic exposure, which may be associated with far lower tissue residues. These chronic mortalities 
are likely a secondary response to the primary effect, such as mortality from a pathogen due to a 
weakened immune system or starvation from the inhibition of energy producing pathways. 

The mortality values in Table 7.4 were determined by intraperitoneal (i.p.) or intravenous (i.v.) 
injection (as μg organotin injected per gram organism), which were used to estimate the LRp values. 
Dosing by injection produces far less variable toxicity metrics than what is generally obtained when 
these compounds were administered orally (administered dose) to produce an LDp or EDp value. 
The variability in metabolism among species can have a large impact on the LD50 when toxicants 
are introduced orally, which is likely mitigated when using the injection route of exposure. With 
injection, the toxicant is quickly distributed to the tissues and results in a response when the critical 
concentration is achieved. Because tissue-residue toxicity metrics are often time independent for 
many toxicants (Meador 2006), this route of exposure would lead to a reasonable estimate of the 
tissue (e.g., whole-body) concentration (acquired dose) associated with the biological response (i.e., 
the LRp or ERp). The type of response is also important when considering injection as the route of 
exposure. These results may be reliable for the acute (short term) lethality response, but less so for 
sublethal responses that require extended periods of time at relatively constant concentrations to 
develop and manifest. 

The literature on small mammals indicates a remarkable similarity in the LR50 values for several 
triorganotins. Data were found for nine toxicity values from tests with five organotins (TMT, TET, 
TBT, TPT, and TcHT) and four common laboratory bioassay species. The mean (SD) LR50 for all 
species and triorganotins was 11.0 (3.6) μg/g whole-body ww (Table 7.4). Interestingly, this value is 
almost identical to the TBT LR50 in Table 7.3 for 10 species of fish and invertebrates. Based on the 
data in Table 7.4 it is likely that these triorganotins act by the same MoOA (and possibly mecha
nism), which is assumed to be uncoupling of oxidative phosphorylation. Interestingly, the LR50 for 
trioctyltin was far above 48 μg/g via i.p. injection (no response at this concentration) (Table 7.4) 
(Barnes and Stoner 1958), and this is the one triorganotin that is considered not to be an uncoupler. 
The low variability for these data also imply that the whole-body tissue distribution for the various 
routes of exposure (injection, ingestion, and ventilation) result in similar internal tissue partitioning, 
which may not be the case for other toxicants. 

Barnes and Stoner (1958) report lethal toxicity data for rats exposed to several diorganotins  
(methyl, ethyl, propyl, isopropyl, butyl, pentyl, hexyl, and octyl) that were administered via i.v. injec
tion. Although sample sizes were small (four animals per dose, four doses for each diorganotin), 
all these diorganotins caused 50–100% mortality within 2–72 h at doses between 10 and 20 μg/g, 
except for DMT (50% mortality at 40 μg/g) and DET (100% mortality at 40 μg/g). Interestingly, 
dioctyltin (DOT) was relatively toxic, especially compared to trioctyltin. Because trioctyltin (TOT) 
is a large and presumably very hydrophobic compound (log Kow for DOT is 5.8 and likely much 
higher for TOT) it may exhibit steric hindrance for membrane permeability. As mentioned previ
ously, several of the diorganotin compounds are known inhibitors of energy production and because 
these compounds resulted in mortality at similar concentrations as the triorganotins, it is likely that 
they also act by the same MoOA or MeOA. 

In general, we have very little tissue-residue-based lethality data for organotins other than trior
ganotins in aquatic species; however, we can estimate the acute toxicity for a methyltin. As described 
in Meador (2006), multiplying the BCF by the LC50 for time-matched values will result in the LR50. 
A study by Hadjispyrou et al. (2001) provided the 24 h BCF and LC50 for the brine shrimp Artemia 
franciscana exposed to DMT. Using this equation, the resulting LR50 value is 78 μg/g ww, which 
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is only 1.95 times higher than the value in Table 7.4 for rats. Hadjispyrou et al. (2001) also provide 
data for TMT; however, the BCF was determined at a concentration far higher than the LC50 and 
could not be used for this estimation. 

Surprisingly, the lethal toxicity for TBT and TPT are very similar among invertebrates, fi sh, and 
mammals (Figure 7.2, Table 7.4). As seen in this figure, the LR50 for small mammals exposed to 
TBT via intravenous or intraperitoneal injection is almost identical to the observed LR50 for fi sh and 
invertebrates exposed via water or diet with most values between 10 and 50 nmol/g. Considering 
the 28-fold variability in aqueous LC50 values reported by Laughlin et al. (1985) and the 1800-fold 
range by Nagase et al. (1991) for one species exposed to triorganotins, this range of fi vefold for 
tissue-residue-based mortality for five triorganotins in a very wide diversity of taxa is very low. 
Based on the similarities in the tissue-based mortality metrics for mammals, fish, and invertebrates 
exposed to triorganotins and the fact that most tri- and diorganotins are considered uncouplers, a 
reasonable assumption would be that the diorganotins would also result in similar acute lethality 
toxicity metrics for aquatic species. An important conclusion from these data is that all these com
pounds (di- and triorganotins) are likely dose additive for this response and all species considered. 

7.6.3.2 Growth 
Several studies have demonstrated reduced growth in a variety of aquatic species exposed to TBT 
(Table 7.3). Most of those studies show that growth inhibition occurs at a relatively consistent  
concentration of approximately 2 nmol/g (0.6 μg/g ww) for whole body (Meador 2000, 2006). A 
reasonable hypothesis for this response is that inhibition of oxidative phosphorylation causes a  
reduction in the available energy needed for growth; however, we do not know the actual MoOA 
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FIGURE 7.2 Values are whole-body lethal concentrations (LR50) for 15 species and five organotins. The 
small mammal values are equivalent to the intraperitoneal injection concentration. Values range from 10.6 
to 100 nmol/g wet weight and species names are centered on the value (e.g., guinea pig TPT is 10.6 nmol/g). 
Species are shrimp (Artemia franciscana), amphipods (Hyalella azteca; Eohaustorius estuarius; E. washing
tonianus; Rhepoxynius abronius), clam (Scrobicularia plana), polychaete worms (Armandia brevis; Neanthes 
arenaceodentata), fl ounder (Platichthys stellatus), salmon (Oncorhynchus tshawytscha), and trout (O. mykiss). 
See Table 7.1 for organotin abbreviations. CDF is cumulative distribution function. 
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or MeOA for this response. As discussed later, organotins are known to affect metabolism and 
adipogenesis and low concentrations are known to affect growth, therefore this response may be 
due to long-term disruption in the pathway for steroid metabolism or the result of low-level effects 
on energy production in mitochondria. Widdows and Page (1993) found an impact to the Scope 
for Growth metric (joules/hour) at a TBT tissue concentration of ≈1 μg/g in mussel (Mytilus edu
lis). This value represents the difference between the energy absorbed from food and the energy 
expended with respiration. 

There are very few studies that demonstrate concordance between lab and fi eld-toxicity data, 
which has been confirmed for TBT. The bioaccumulation and toxicity data from field studies for 
TBT are remarkably similar to the values determined in the lab (Salazar and Salazar 1995, 1998). 
The tissue concentration shown to be associated with impaired growth in mussels from caging stud
ies in contaminated harbors is approximately 0.8 μg/g (wet wt.), which is essentially identical to the 
value in Table 7.3 that is derived from lab studies. 

TPT is also known to affect growth; however, none of the studies examined reported tissue con
centrations for this response. Rehage et al. (2002) described reduced growth in larval salamanders 
exposed to 1 ppb of aqueous TPT, which may have resulted in a relatively low tissue concentration 
depending on the toxicokinetics for this species. In addition, Stoner (1966) reported a reduction in 
body mass for guinea pigs fed a relatively low dose of TPT (1 μg/g in diet ≈ 0.1 μg/g bw/day). 

Another well-known effect due to TBT exposure is the chambering response in bivalves. Many 
laboratory (Chagot et al. 1990, Coelho et al. 2006) and field studies (King et al. 1989, Alzieu 2000) 
have documented that low exposure concentrations of TBT (5–100 ng/L; approximately 10–100 
ng/g in tissue) resulted in excessive shell growth (chambering) in oysters and clams. King et al.  
(1989) found a strong correlation between the number of shell chambers for Crassostrea gigas and 
TBT tissue concentrations with an apparent threshold of ≈100 ng/g ww. This abnormal growth  
severely impairs the marketability for oysters and may result in reproductive impairment because 
a large percentage of the available energy is utilized for shell growth leaving less for somatic and 
reproductive biomass. This response may be considered a growth effect; however, in some cases the 
shell malformation is observed at concentrations lower than those causing reductions in soft-tissue 
biomass. 

7.6.3.3 Immunotoxicity 
This mode of action for organotins may result in several biological changes including atrophy of 
the thymus, reduction of kidney macrophages, and changes to the spleen (Fent 1996). One of the 
biochemical mechanisms promoting immunotoxicity is likely related to the disruption of calcium 
homeostasis (Chow et al. 1992). The human health reference dose for TBT (0.3 ng/g bw/d) is based 
on immunotoxicity (U.S. EPA 1997), and there is evidence that DBT is also immunotoxic (Fent 
1996, O’Halloran et al. 1998). Bouchard et al. (1999) and O’Halloran et al. (1998) concluded that 
DBT was a more potent immunotoxicant than TBT (based on concentrations in hemolymph and cell 
cultures), which had important implications for assessing the toxicity of DBT tissue concentrations. 
When considering organotin tissue residues, DBT is particularly important because of its immuno
toxic potency and because high concentrations of DBT are often found in tissue as a result of TBT 
metabolism. The metabolic conversion of organometallics to other compounds and their often toxic 
nature provides a strong argument for considering both the parent compound and any metabolites 
when conducting a toxicity assessment based on tissue residues. 

7.6.3.4 Reproductive 
7.6.3.4.1 Imposex in Molluscs 
Some organotins are also potent endocrine disruptors causing imposex in meso- and neogastropods 
(Matthiessen and Gibbs 1998), which is the manifestation of secondary male sexual characteristics 
in female gastropods. The imposex abnormality was the primary driver for the TBT water quality 
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criteria promulgated by the U.S. EPA (2003) because this response occurred at the lowest effect 
concentrations. For aquatic organisms, this reproductive impairment is one of the most sensitive 
responses and it also occurs at the lowest tissue concentrations (Meador 2006). The observation of 
imposex in molluscs at relatively low tissue concentrations is supported by laboratory (Bryan et al. 
1988, Horiguchi et al. 1997a, 1997b) and field studies (Horiguchi et al. 1994, Morcillo and Porte 
1999, Barreiro et al. 2001, Bech et al. 2002). The threshold for imposex in snails has been reported 
to occur in the 10–50 ng/g ww range (Table 7.5). 

Several theories have been offered over the years on the mechanism for imposex in stenoglossan 
snails; however, the actual mechanistic response was described recently by Nishikawa et al. (2004). 
As described in this study, TBT and TPT are potent agonists for the RXRs. In addition to demon
strating that TBT strongly binds RXRs, the authors of this elegant study were able to induce impo
sex in the rock shell (Thais clavigera) within 4 weeks by injecting individuals with 9-cis retinoic 
acid, the natural ligand for RXR. 

TBT is the main focus for imposex studies; however, TPT also causes imposex within the same 
range of tissue concentrations (Table 7.5; Horiguchi et al. 1997a). Given the similarity in the dose– 
response relationship for imposex and these two compounds they should be considered additive 
when assessing imposex. The concentration of TBT and TPT in tissue associated with sterilization 
in these molluscs occurs at approximately 85 ng/g ww (Meador et al. 2002; Table 7.3). Sterilization 
for these molluscs is a severe effect and has been linked with adverse population level attributes 
(Oehlmann et al. 1996, Horiguchi et al. 1997b). 

One paper reported the results for six organotins (TBT, DBT, MBT, TPT, DPT, and MPT) and 
their potential to cause imposex in Thais clavigera, a commonly studied snail for this response 
(Horiguchi et al. 1997a). A sequential series of experiments using high tissue doses (via injection) 
to screen organotins and lower doses to characterize the degree of increased penis length in female 
snails found that the triorganotins TBT, TPT, and TPrT were the strongest inducers of imposex. 
This study also concluded that the di- and monoorganotins (DBT, MBT, DPT, and MPT) did not 
cause the response. Bryan et al. (1988) also concluded that DBT did not lead to imposex, and they 
observed mixed results for TPrT (positive results only at high concentrations, i.e., >500 ng/g ww) 
in the snail Nucella lapillus. They also reported no response to TPT when animals were exposed to 
590 ng/L in water or injected with 4.4 μg/g bw. TeBT was also tested by Bryan et al. (1988); how
ever, they concluded that the observed positive response may have been caused by TBT contamina
tion, which is commonly found in stock solutions. 

A recent study reported a high correlation (r2 = 0.94) between the degree of imposex in snails and 
the extent of DNA damage as assessed with micronucleus formation in hemocytes (Hagger et al. 
2006). This study also found a high correlation between whole-body TBT concentrations and neo
plastic proliferations on genital organs of male and female snails. 

7.6.3.4.2 Fish Reproduction and Development 
At least five studies examined early-life stage effects in fish due to the exposure of eggs to TBT. 
Three of the studies assessed the effects of maternally transferred TBT using different routes of 
exposure including dietary (Nakayama et al. 2005, Shimasaki et al. 2006) and aqueous (Zhang 
et al. 2008). Two other studies exposed the eggs via nanoinjection (Hano et al. 2007, Hu et al. 2009). 
A number of adverse effects were reported in these studies, and many of those responses occurred 
when TBT was approximately 5–160 ng/g ww egg (Table 7.5). Based on these fi ve studies, we can 
conclude that fish embryos are very sensitive to TBT at these low concentrations and that maternal 
transfer is an important route of exposure. 

Reproductive effects were also observed in juvenile and adult fish at very low tissue concen
trations. A high rate of sex reversal was observed among genetic female fl ounder (Paralichthys 
olivaceus) at a whole-body TBT concentration of 18 and 160 ng/g ww (Shimasaki et al. 2003). 
These authors also reported a statistically signifi cant decrease in growth (body weight and length) 
at 18 ng/g ww. Other studies on reproductive effects in adult fish include Zhang et al. (2008) who 
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reported decreased vitellogenin, spawning frequency, and eggs/female/day at very low whole-body 
concentrations (29 ng/g ww). 

Another study on fish reproductive effects due to TBT exposure found significant increases in the 
sex ratio (males:females) and percentage abnormal sperm in zebrafi sh (Danio rerio) exposed from 
hatch to day 70 at an aqueous concentration of 0.1 ng/L (McAllister and Kime 2003). They also 
reported a large and significant decrease in sperm motility at 1 ng/L and the complete absence of 
flagella in sperm at 10 ng/L. The typical long-term BCF for small fish range from 300 to 5000 (Fent 
1996, Zhang et al. 2008). If we use the high BCF estimate of 5000 that was determined for medaka 
(Zhang et al. 2008), the whole-body tissue concentration in the zebrafish from the McAllister and 
Kime (2003) study is predicted to be 0.5 ng/g for the 0.1 ng/L exposure concentration and 5 ng/g for 
the 1 ng/L treatment. This conservative estimate for the BCF results in very low tissue concentra
tions for these adverse effects that are comparable with measured concentrations and adverse effects 
for fish reported in Table 7.5. 

7.6.3.4.3 Reproductive Effects in Other Species 
One study with the starfi sh (Leptasteria polaris) reported large and statistically signifi cant reductions 
in the diameter of previtellogenic and mature (final-stage) oocytes in females and the thickness of 
gonadal epithelium for both sexes (Mercier et al. 1994). These responses occurred at TBT concentra
tions of ≈300 ng/g as measured in the pyloric caeca. Concentrations of TBT were below the detec
tion limit (2.5 ng/g) in the gonads. Throughout this 53-day dietary exposure study the metabolites 
DBT and MBT continued to increase indicating metabolism of the accumulated TBT. The authors 
concluded that oocyte development could not be maintained at this tissue concentration due to the 
thinning gonadal epithelia and consequent lack of available nutrients for the oocytes to develop. 

Another study with TBT and copepods found reproductive impairment at exposure concentra
tions of 10, 50, and 100 ng/L (Johansen and Mohlenberg 1987), which covers that range of aque
ous concentrations usually reported for imposex in snails. These results indicate that reproductive 
effects at these low concentrations are not limited to gastropod snails. Because stenoglossan snails 
and oysters exhibit the highest BCF values, these copepods are likely exhibiting reproductive effects 
at similar tissue concentrations or lower to those observed for molluscs. 

7.6.3.5 Neurological 
Many of the butyltins are neurotoxic, an effect that has been described for small mammals. TET 
binds myelin with high affinity, and TMT causes cell death in the limbic system, neocortex, and 
sensory neurons, which is considered a unique pathology (Walsh and DeHaven 1988). Because 
TMT and TET are potent neurotoxicants, behavioral effects are also common for mammals and 
likely other vertebrate classes. Unfortunately, very few data exists for aquatic organisms; however, 
invertebrate neurons do not contain myelin, therefore, this mode of action may be less important 
for these taxa. TBT and TPT are not generally considered neurotoxic (Fent 1996); however, they 
do cause behavioral changes. One study examined brain transmitters in rockfi sh (Sebastiscus mar
moratus) that were injected intraperitoneally with TBT and TMT. TMT stimulated dose-response 
increases in the neurotransmitters aspartate and γ-aminobutyric acid (GABA) at all doses injected 
(10, 100, and 1000 ng/g bw). TBT caused an increase only in GABA at the highest dose. Both organ
otins affected the n-methyl-d-aspartate receptor (NMDAR) signaling pathway and its components 
such as calmodulin and calmodulin-dependent kinase II at most doses but in different directions 
(TBT downregulated and TMT upregulated NMDAR and other genes in this pathway) (Zuo et al. 
2009). Changes to the levels of these neurotransmitters can alter neurotransmission, and by exten
sion, cause abnormal neuronal function. 

7.6.3.6 Behavioral 
Triebskorn et al. (1994) demonstrated alterations in behavior for rainbow trout at whole-body TBT 
concentrations of approximately 300 ng/g ww. At this concentration fish exhibited hyperactivity by 
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swimming farther and faster for extended periods than control fish and also exhibited more random 
orientation in tanks. For some organotins, behavioral changes may be due to neurotoxicity; how
ever, for TBT and TPT these responses could also be a result of an energy imbalance and higher 
than normal metabolism, which may result in lethargy or hyperactivity. Another study reported 
behavioral effects related to reproduction for medaka at a dietary dose of 1 μg/g bw/d (Nakayama 
et al. 2004) and concluded that the observed reduction in fertilization success was a result of the 
behavioral alteration. 

Another study on behavioral alterations reported hyperactivity and a complete reversal in pho
totaxis for Daphnia magna exposed to TBT at concentrations between 0.5 and 1.0 ng/mL (Meador 
1986). The percentage of individuals that exhibited positive phototaxis increased gradually from 
0% to 100% over 6 days at 0.5 ng/mL and at a faster rate for the 0.75 and 1.0 ng/mL treatments. The 
photopositive animals increased their antennular strokes (an indication of activity and swimming 
speed) to 5 strokes/sec compared to 2 strokes/sec for the controls. Based on the BCF reported for 
this species by Fent (1996), the predicted tissue concentration for these responses at the lowest dose 
(0.5 ng/mL) is approximately 100 ng/g ww. Alteration in behavior is usually important for organism 
survival in the wild, and these results are especially noteworthy because Daphnia spp. and other 
zooplankton rely on light gradients and contrasts for vertical migration and antipredator behavior. 

7.6.3.7 Obesogen/Somatogen 
Obesogens are compounds that affect metabolic physiology and can lead to increased body fat, but 
not necessarily total body mass. Somatogens are compounds that promote increases in body mass 
(usually muscle) and possibly fat content. These compounds are often endocrine disruptors, and 
they may act through the same mechanism. Organotins have been implicated as obesogens, via 
activation of RXR and PPARγ (Grün and Blumberg 2007). These are the same receptors that have been 
implicated in the imposex response in snails. Because compounds that act as obesogens affect adi
pogenesis, it appears that they not only affect endocrine systems that control sexual differentiation 
but also the biochemical pathways that regulate lipid metabolism and growth. This is a new area of 
research and most of the limited number of studies have been conducted with small  mammals. One 
recent study (Meador et al. in press) with juvenile chinook salmon (10–20 g) found that whole-body 
TBT concentrations as low as 13 ng/g ww caused significant increases in fish weight, whole-body 
lipid content, and several physiological parameters measured in plasma (glucose, alkaline phos
phatase, lipase, triacylglycerols, and cholesterol). These results were more consistent with a somato
gen response rather than the metabolic syndrome associated with the obesogen response. These 
whole-body tissue concentrations are in the same range as those that are considered threshold values 
for the imposex response in snails and reproductive effects in fish. Considering the role of RXR for 
imposex for both TBT and TPT, there is a high probability that TPT will also elicit these metabolic 
abnormalities at similar tissue concentrations reported for TBT. 

The growth response for TBT is a good example of “hormesis,” which is characterized by low-
dose stimulation and high-dose inhibition (Calabrese and Baldwin 2003). As seen in Table 7.3, there 
are several studies demonstrating reduced growth in various species at whole-body concentrations 
of 600 ng/g. In this case we do not know if two separate dose-dependent MeOAs are involved or if 
these responses are just a continuum for one MeOA that produces different results depending of the 
degree of receptor interaction and length of time for exposure. 

Summary 

As shown for many organotins, bioaccumulation values are not predictable using the stan
dard QSAR equations. Because there is no reliable way to predict bioaccumulation, direct 
observation is the best method for determining tissue concentrations for toxicity assessment. 
Bioaccumulation can be predicted with toxicokinetic rates; however, chemical concentration 
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data from water, sediment, or diet would be required to estimate tissue concentrations and these 
are highly variable. Given the highly elevated BCF values observed for TBT and TPT, very 
high tissue concentrations are expected for low exposure concentrations. Due to the highly toxic 
nature of these compounds at relatively low tissue concentrations, these organotins warrant the 
high level of environmental concern they have been given. Many of the other organotins are also 
very toxic at relatively low tissue concentrations; however, data on their occurrence in a variety 
of species are lacking therefore precluding a complete assessment of their potential toxicity. 
Even though BCF values are relatively low for some of these organotins (e.g., TMT and DMT), 
dietary uptake may be important for some. Many of the organotin compounds have not been 
detected in field-collected water or sediment and they are rarely analyzed in tissue. Some of the 
issues involve detection limits and a lack of studies to determine if these compounds occur. The 
butyltins and phenyltins are extensively studied and several tissue values have been reported 
for field-collected organisms. Except for the one study on seafood species (Forsyth and Clerous 
1991), there are no field data for organotins, other than those mentioned earlier. 

Although most of the research has been on TBT and the imposex response, a number of other 
organotins appear to be very toxic. Most notable is TPT, which exhibits a similar BCF and has 
been demonstrated to cause imposex at comparable concentrations as TBT. On the basis of the 
data presented in Table 7.2, it is evident that butyltins and phenyltins can occur in high concen
trations in aquatic biota and should therefore always be considered together when assessing this 
response. When examined in light of the available toxicity information presented in this review, 
we can conclude that many species of fish and invertebrates exhibit concentrations high enough 
to result in adverse biological effects when exposed to these two triorganotins. 

Surprisingly, the acute lethality values for many of the triorganotins, TMT, TET, TBT, TPT, 
and TcHT, are very similar among a variety of species from polychaetes to small mammals 
(Tables 7.3 and 7.4, Figure 7.2). Lethal tissue concentrations for these organotins and species 
exhibit a relatively tight range of concentrations (10–100 nmol/g; 4–16 ppm) with a low vari
ance. Based on the work of Aldridge (1958), Connerton and Griffiths (1989), and others, most 
triorganotins (with the exception of trioctyltin) are considered uncouplers of oxidative phos
phorylation, which is the likely mode of action responsible for lethality. 

Also noteworthy is that many of the diorganotins (DPrT, DBT, DPT, DHT, and DOT) pro
duce lethal responses in rats at very similar concentrations to those observed for triorganotins 
(Table 7.4). Mortality likely results from respiratory uncoupling and it appears to occur at very 
similar whole-body concentrations as that reported for triorganotins. As a result of this similar
ity, these compounds may be dose additive for the mortality response. This information sug
gests that a lethality-based toxicity assessment for organotins in field-collected species consider 
the summed concentration of all these di- and triorganotins. 

Although not stated precisely as such, the concept put forth by Paracelsus (1493–1541) that 
the dose makes the poison, is germane here. For TMT we know that the LR50 for the brine 
shrimp is approximately 16.5 μg/g, which is very similar to values for other triorganotins. Due 
the low Kow (low bioavailability) and high LC50 for this compound (220 ng/mL), it may not be an 
important environmental contaminant unless elevated tissue concentrations occur via dietary 
uptake. Even though most of the triorganotins lead to mortality at a similar whole-body tissue 
concentration, it is important to assess those tissue concentrations and their potential to reach 
adverse levels in feral organisms when concentrations in the environment (water, sediment, and 
prey) are relatively low. 

Because comparable TBT and TPT tissue concentrations lead to similar responses it appears 
that these compounds may act similarly at the molecular level and bind the same receptors. This 
hypothesis is supported by the almost identical potency observed for interaction with the RXR, 
which is linked to the MeOA for endocrine- and metabolic-related responses (reproductive and 
growth disorders). On the basis of the research presented, comparable tissue concentrations for 
TBT and TPT will likely result in similar response levels for mortality, growth stimulation and 



 
 

 

 
 

 

 

 

279 Organotins in Aquatic Biota 

inhibition, and imposex. As a result of these observations, dose additivity would be a reason
able hypothesis for these two compounds, which means their concentrations should be added 
together when assessing these toxicological impacts (Meador 2006). 

Even though imposex in molluscs is considered the most sensitive response, several recent 
studies have shown that fish respond at similar concentrations of triorganotins as those caus
ing imposex. As more research is conducted, it will likely become evident that these very low 
tissue concentrations are able to cause adverse effects in a variety of taxa. It is clear from the 
data that TBT, and likely TPT, are very potent endocrine disruptors and reproductive toxicants 
for snails as well as other species. Based on these data there is no reason to limit the analysis 
of reproductive effects only to stenoglossan snails, which has been the intense focus for several 
years. All species should be considered at risk for reproductive impairment at these low tissue 
concentrations (10–50 ng/g ww). 

The critical body residue (CBR) data for mortality, growth impairment, and population ste
rility due to imposex (Table 7.3) were used recently to develop tissue and sediment quality  
guidelines (Meador et al. 2002, Meador 2006). The observed variance for each endpoint-spe
cific mean was relatively low allowing the selection of a mean value that could be used to assess 
toxic impact in field-collected organisms. Based on the available data presented here, it appears 
that whole-body tissue concentrations in the low ppb range (10–50 ng/g ww) represent threshold 
levels for a variety of effects in all aquatic species and in many cases result in serious impair
ment. Higher concentrations (100–500 ng/g ww) should be considered toxic to all species and 
likely to cause adverse effects in individuals, and potentially populations, if the exposure is long 
term. Any tissue concentrations in the low μg/g range (1–10 ppm) should be considered lethal 
for all species. 

For the well-studied organotins (TBT and TPT), the combination of high uptake kinetics and 
slow rates of elimination coupled with relatively high-potency results in very toxic environmen
tal contaminants. This combination of high bioaccumulation and potency is why organotins 
are considered one of the most toxic anthropogenic compounds ever released into the environ
ment. Given some of the similarities in bioaccumulation and potency for the other organotins 
discussed in this review, we can conclude that this class of compounds warrants caution, assess
ment, and action when found in feral organisms. 
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8.1  INTRODUCTION 

The presence of active pharmaceuticals ingredients (APIs) in aquatic systems has led in recent 
years to a burgeoning literature examining environmental occurrence, fate, effects, risk assessment, 
and treatability of these compounds. The vast preponderance of studies aimed at identifying and 
quantifying contaminant residues in aquatic tissues have involved the conventional and legacy pol
lutants. Comparatively few studies have been targeted at APIs, primarily those that are lipophilic. 
Although APIs have received much attention as “emerging” contaminants of concern, it is impor
tant to recognize that traditional approaches to understand and predict exposure and effects of other 
environmental organic contaminant classes may or may not be appropriate for APIs. For exam
ple, traditional approaches for understanding aquatic effects may not be as useful for some APIs 
(Brooks et al. 2003), but lessons learned from the study of compounds active at the hypothalamic– 
pituitary–gonadal axis (endocrine disruptors/modulators) may reduce uncertainties associated with 
environmental assessments of other APIs (Ankley et al. 2007). 

Whereas APIs are often considered as a combined class of environmental contaminants, 
APIs include diverse groups of chemicals with physiochemical properties ranging in pharmaco
logical potencies, environmental fate profiles, and patient usage patterns. Due to the relatively 
rudimentary state of knowledge for aquatic exposures to these substances, an understanding of 
critical body residues (CBRs) necessary to elicit pharmacologically and ecologically relevant  
responses is not available at this time. Because exposure does not necessarily evoke effects or 
risk, current challenges include understanding the relationship between exposure and effects 
within an ecological risk assessment framework. It appears particularly critical to understand 
whether internal pharmacological doses of APIs in target tissues result from exposures at envi
ronmentally relevant or realistic concentrations. Such information can inform ecological risk 
assessments examining the potential effects of APIs based on their specifi c mechanism/mode 
of action (MOA). 

Tissue residues of contaminants are commonly used in retrospective ecological risk assessments 
to support an understanding of environmental exposure (Suter et al. 2000). Bioconcentration factors 
(BCFs) are useful in both retrospective and prospective assessments of traditional contaminants; 
BCFs are expressed as the ratios of concentrations in tissues (mass/kg) and the respective concen
trations in the surrounding aqueous compartment (mass/L), resulting in units of L/kg. APIs are 
conceptually no different from these conventional contaminants because tissue residues can provide 
important information in exposure analysis, particularly when used as indicators of exposure in 
the fi eld. Whole-body and tissue concentrations are essentially proxies for gauging the actual dose 
at the site(s) of action, which may or may not be known. When bioconcentration occurs, an obvi
ous advantage of measuring internal concentrations is when the external concentrations are below 
method detection limits (MDLs). 
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Compared with many conventional pollutants, APIs are in general comparatively more polar. 
They therefore tend to not partition to particulates and sediments, but rather remain dissolved in 
the aqueous phase. For those APIs that have significant tendency to become sediment-bound, little 
attention has been given to their bioavailability as measured by bioaccumulation. The measure of 
bioaccumulation of a chemical associated with sediment is the biota-sediment accumulation factor 
(BSAF). The BSAF is expressed as a chemical’s tissue concentration normalized to lipid content 
relative to its concentration normalized to sediment total organic carbon (Burkhard 2009). 

In this chapter we examine relevant information on residues in aquatic organisms, select factors 
influencing exposure, and available methods to understand relationships between exposure sce
narios and effects thresholds. Though APIs are often combined with discussions of personal care 
products (PCPs) in the literature that has rapidly developed following publication of Daughton and 
Ternes (1999), we specifically focus on APIs for the purposes of this chapter. A broad literature on 
PCPs in aquatic organisms continues to develop (e.g., Mottaleb et al. 2009) and was recently sum
marized by Ramirez (2007). 

An insight of particular importance concerns the level of knowledge regarding the linkage between 
exposure to APIs and adverse effects in aquatic organisms. Regardless of the available published 
data on exposure of aquatic organisms to APIs (and its size is indeed very limited, especially for 
real-world scenarios), it rarely intersects a complementary body of data for biological effects. When 
exposure data do exist, the same conditions, concentrations, and species have rarely been used in 
toxicity studies; parallel data sets are also usually disconnected temporally. Likewise, a considerable 
body of API data exists for effects, but exposure conditions (especially the API concentration or route 
of exposure) are often not environmentally realistic. The ability to routinely connect real-world API 
occurrence data to documented biological effects is therefore not yet available. Evidence for causality 
is probably strongest for sex steroids, largely because of their ubiquity and potencies; but even here, 
evidence can be confusing (e.g., see Vögeli 2008). A major challenge in establishing causality—a 
lack of correlation between tissue levels and observed effects—could well be the result of delayed 
effects, such as those only manifesting at later life stages but originating from exposure at earlier 
developmental stages; this is especially true for organisms with longer life cycles. 

8.2 EXPOSURE 

8.2.1 BACKGROUND 

The published literature on APIs as environmental contaminants is dominated with data on the 
analysis, occurrence, and fate of these chemicals in the environment, together with evaluation 
of waste and water treatment technologies. Surprisingly, comparatively little has been published 
regarding the aquatic toxicology of APIs, especially data relevant to exposure. Little information is 
available, for example, on the occurrence of APIs in aquatic organisms. This in itself is surprising 
given that predictive models for bioconcentration in fish are not yet up to the task, and empirical 
data are needed at least to validate computational approaches. The complexities and limitations of 
modeling bioconcentration of conventional pollutants (especially the legacy pollutants) in fi sh are 
discussed in detail by a number of authors (e.g., Geyer et al. 2000, Gobas and Morrison 2000, Van 
der Oost et al. 2003, Nichols et al. 2007). 

The bulk of the studies on drug residues in aquatic tissues relate to what is known from aqua
culture, where exposure is restricted to a very limited number of drugs (almost all being veterinary 
drugs) and at concentrations orders of magnitude higher than might occur in the ambient environ
ment. Of the thousands of published studies that have been compiled regarding the many aspects 
of APIs as environmental pollutants (U.S. EPA 2009), roughly only 50 or so are directly relevant 
to aquatic exposure and tissue levels of APIs, and the majority of these studies have been published 
since Brooks et al. (2005) reported fish tissue residues of SSRIs (selective serotonin reuptake inhibi
tors) from an effl uent-dominated stream. 
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APIs have long been assumed to show little propensity to bioconcentrate, no less biomagnify. 
This has been based largely on their greater water solubility compared with conventional pollut
ants such as pesticides and many industrial pollutants, especially the persistent organic pollutants 
(POPs). But APIs are known to sometimes undergo active transport, so this assumption may not be 
valid. Little is known for assisting the assessment of the bioaccumulation potential in fi sh (Cowan-
Ellsberry et al. 2008); even less is known regarding the bioconcentration of APIs by fish or other 
aquatic organisms. Bioaccumulation is deemed possible when the BCF (expressed as L/kg) exceeds 
a range of 500–5000, depending on the standard being applied (Cowan-Ellsberry et al. 2008). 

Even when definitive data have been obtained regarding bioconcentration, whether this can be 
extrapolated among species is unknown. Owen et al. (2007) emphasize the diversity in biology 
among the 28,000 species of fish. Tissue levels are governed largely by the pharmacokinetics of 
the API. These authors also point out that almost nothing is known regarding the pharmacokinetics 
of APIs in aquatic organisms—the xenoestrogen 17α-ethinyl estradiol (EE2) being one exception. 
Also, while it might be useful, extrapolations between mammals and fish can be challenging and 
potentially misleading because of key differences in physiology. Owen et al. (2007) stress that a pri
mary route of uptake in fish is via the gills, from where blood is delivered to various organs before 
reaching the liver, in contrast to oral exposure in mammals, which leads to fi rst-pass metabolism 
in the liver. Yet a further complication is the wide disparity that can exist among reported Kow data 
for a particular API; the Kow is the octanol–water partition coefficient—the ratio of a chemical’s 
equilibrium concentration in octanol versus water at a defined temperature. These values can range 
over several orders of magnitude, pointing to the need for empirical data with which to validate 
and develop better predictive models. As discussed later, site-specific pH can influence the ioni
zation state of many APIs, reducing the utility of using Kow to predict exposure in retrospective 
evaluations; methodologies for estimating the BCFs for organic electrolytes have been assessed by 
Fu et al. (2009). 

Exposure is a term commonly used by toxicologists, modelers, and others involved with envi
ronmental science. Exposure is a key component of the risk assessment paradigm that can provide 
insights for ways to reduce biological effects as well as better understand or predict their potential 
for occurring. Exposure translates the potential of hazard into the reality of risk (see Figure 8.1). 
But defining what is actually meant by exposure poses significant challenges. It does not necessar
ily represent a discrete physical or temporal point in the complex series of events that determine 
the outcomes from physical contact of an organism with a chemical or other stressor. Rather, the 
processes involved with exposure are spread across a complex spatiotemporal continuum that links 
a stressor’s source or origin with the eventual effects that might occur within biological systems. 

Although exposure includes understanding the duration, frequency, and magnitude to which 
organisms interact with biologically available contaminants, exposure magnitude is available for 
a limited number of APIs, and exposure duration and frequency is largely unknown for all APIs. 
Exposure is usually shown in conceptual diagrams as a standalone part of the hazard-risk contin
uum, an example being shown in Figure 8.1. External factors may influence the bioavailability, 
absorption, and uptake of an API, while physiochemical properties of an API infl uences pharmaco
logical bioavailability, and internal factors (e.g., metabolism) will influence the duration of internal 
dosimetry. Chemical exposure is often visualized as the physicochemical interaction of a biological 
receptor with the chemical stressor, as when a ligand binds with a receptor. In practice, however, 
separating exposure from effects can be arbitrary and at times confusing. This is especially true 
when discussing biomarkers of exposure and biomarkers of effects. 

A biomarker can be defined as pathway- or receptor-specific observations that are chemi
cal-induced responses at the biochemical, physiological, or morphological level of an organism 
(Committee on Biological Markers of the National Research Council 1987). In ecotoxicology, bio
markers represent critical measures to support an understanding of exposure and potential effects 
to environmental contaminants. Under prospective and retrospective ecological risk assessment 
frameworks, it is useful to classify the various sublethal responses organisms may exhibit following 
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to-effects continuum. The ovalized rectangular boxes and arrow labels represent variables that affect the 
processes along the continuum. The SCALE arrow represents the level of biological organization that the 
stressor impacts. 

exposure to contaminants as either biomarkers of exposure or biomarkers of effect (Huggett et al. 
1992). Biomarkers of exposure differ from biomarkers of effect in that these measures inform  
whether an organism has been exposed to contaminants (e.g., gene expression) but do not necessarily 
allow for determination of whether the organism has been adversely impaired. Biomarkers of effect 
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(e.g., egg shell thinning, histopathology), however, are indicators of ecotoxicity, especially when 
measures of an adverse effect can be linked to a physiologically and ecologically relevant endpoint 
(e.g., growth) with population-level relevance (Ankley et al. 2007, Brain et al. 2008a). Biomarkers 
of exposure and effect have been successfully employed in a variety of retrospective ecological risk 
assessments (Suter et al. 2000), and their use in prospective environmental risk assessment is pro
jected to increase due to a number of factors. Environmental contaminants such as APIs that may 
exert toxicity through receptor/enzyme interactions are providing an impetus toward “intelligent” 
ecotoxicity testing, which requires development and interpretation of biomarkers. 

Regardless of the difficulty in providing a rigorous definition of exposure, the general concept 
of exposure is essential for organizing discussions about assessing risk. In this chapter, we use expo
sure as the framework to better understand the ramifications of APIs in the aquatic environment. 
After all, in the absence of exposure, hazard cannot translate into risk. Likewise, exposure does 
not necessarily pose ecologically relevant risk levels—for example, if perturbation of homeostasis 
does not result. 

The prime aspect of exposure that creates the potential for a cascade of events within biological 
systems is the initial physical association or interaction of chemical stressors with an organism. In 
the aquatic environment, a prime sign of exposure is the simple occurrence of a stressor within one 
or more tissues, such as blood, lipid, muscle, bile, liver, ovaries, eggs, or brain. The factors driving 
the partitioning and distribution of APIs within fish are incompletely understood. For example, 
fish have a variety of chromatophores, some of which are pigment-containing, such as melano
cytes (New World Encyclopedia contributors August 13, 2008). During development, pigmented 
melanocytes begin appearing within a day of fertilization. The potential significance of these cells 
to exposure is related to their high binding affinities for a broad spectrum of xenobiotics, including 
a wide array of APIs known for high affinity to melanin (Testorf et al. 2001, Aubry 2002, Roffey 
et al. 2007). Since humans only have melanocyte chromatophores, melanin has been most studied. 
Binding to melanin is known to lead to drug accumulation, one of the routes resulting in the concen
tration of drugs in hair (Larsson 1993). In fish, binding to melanin (and possibly to other pigments) 
could lead to API reservoirs within certain tissues. 

APIs introduced to the aquatic environment via sewage pose additional challenges in assessing 
exposure. Because of extreme spatiotemporal fluctuations in concentrations, how accurately can 
exposure be assessed on the basis of monitoring residues in water? This is especially true for APIs 
that are released episodically, whether event-driven (such as by the sporadic practice of disposal) or 
when discharged by diurnal patterns in flushing of sewers or when influenced by seasonality (which 
can affect waste treatment efficiency as well as the types and quantities of individual APIs that are 
being used). These factors can result in high but transient concentrations, strongly infl uencing expo
sure magnitude, duration, and frequency (Daughton 2007). Traditional sampling using discrete grab 
samples may not be representative of longer term exposure levels. Passive, integrative samplers can 
overcome some of these limitations (e.g., Vermeirssen et al. 2008), though the applicability has not 
been demonstrated for a broad range of APIs, and samplers do not characterize all routes of expo
sure (e.g., dietary). 

A body of published work points to a spectrum of potential toxicological consequences follow
ing controlled exposure of certain aquatic organisms to a limited number of APIs, but these studies 
ignore whether real-world exposures actually occur and whether they occur at the requisite real
istic concentrations (e.g., Gaworecki and Klaine 2008). Often, effects using traditional endpoints 
(e.g., survival, growth, and reproduction) in traditional test species (e.g., Ceriodaphnia dubia) are 
found only at levels orders of magnitude higher than known in the environment (e.g., Henry and 
Black 2008). Such observations are generally supported by several recent papers that reviewed 
information on aquatic toxicity of APIs (Crane et al. 2006, Fent et al. 2006, Farré et al. 2008). 
Rather than repeating such efforts here, it is instead important to keep in mind that the effects 
level is a function of the sensitivity of the targeted endpoint in the test species selected for study; 
other endpoints—especially those still not recognized—may have lower effective concentrations 
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(below current NOAELs—no observable adverse effect levels), particularly from standardized 
ecotoxicity assays. 

Determining whether a more sensitive endpoint represents an ecologically relevant measure of 
effect amenable to inclusion in effects analysis of an ecological risk assessment must be considered 
for APIs (Ankley et al. 2007). For example, the ecologically relevant fathead minnow reproduction 
and feeding behavior endpoints are more sensitive to EE2 (Ankley et al. 2001) and fl uoxetine (Stanley 
et al. 2007), respectively, than 7-day juvenile fathead minnow growth, which is routinely employed 
prospectively to assess sublethal effects of individual chemicals, ambient toxicity in  surface waters, 
and whole-effluent toxicity. Other endpoints, which may represent ecologically relevant biomarkers 
of effect, should be mechanistically linked to ecologically relevant endpoints (Ankley et al. 2007) 
that can be integrated in ecological risk assessments (Brooks et al. 2009b). One recent example 
of an ecologically relevant and more sensitive endpoint than traditional morphometric responses 
(e.g., growth) was presented by Brain et al. (2008b). Disruption of the folate biosynthetic pathway 
in aquatic plants was demonstrated following sublethal exposure to sulfamethoxazole at concentra
tions more than an order of magnitude lower than for growth impairment (Brain et al. 2008b). 

Why should we care about exposure? Better understanding of exposure provides the opportunity 
to look both backward and forward in the hazard-risk continuum—ranging from sources to effects. 
Measurement of exposure can be used in a retrospective ecological risk assessment, for example, 
to reveal sources of contamination, measure site-remediation success, as a surrogate measure of 
contaminant concentrations, or to reconstruct dose, or in a prospective ecological risk assessment to 
estimate the possibility of disease and its time of onset. Some of the major reasons for understand
ing and measuring exposure in the aquatic environment are captured in Table 8.1. 

TABLE 8.1 
The Importance of Understanding or Measuring Aquatic Exposure 

Aquatic Exposure Data Can Be 
Used For Rationale 

Advanced warning of effects Measure potential for adverse population-level effects or individual effects (in the 
case of threatened and endangered species), should the level of exposure be 
sustained or rise, or should the onset of effects be delayed. 

Prognosis or vulnerability Predict the likelihood of, or vulnerability for, future disease onset should exposure 
occur. 

Reveal potential for subtle effects Provide insights on the potential for cumulative subtle effects that might go 
unnoticed until a level of irreversible harm has been reached. 

Prioritization of APIs Exposure studies can inform, direct, and guide the selection of APIs for more 
in-depth toxicological study; likewise, occurrence studies (such as from water 
monitoring), can be used to guide exposure studies. 

Reveal inadequacies/fl aws in Bioconcentrated/bioaccumulated body burdens often do not comport with 
models predictive models (e.g., Maunder et al. 2007). 

Reveal potential for food chain When bioconcentration and bioaccumulation resist predictive modeling, analysis of 
disturbances tissue levels are therefore required. 

Sentinel for terrestrial organism Being more susceptible to exposure than terrestrial organisms and for development 
exposure of subtle effects, aquatic exposure can serve as a sentinel model for terrestrial 

exposures (such as might occur from the recycling of treated sewage). 

Potential for human exposure Can provide information on levels of potential stressors that humans might 
consume via the food chain (e.g., contaminated fish in the diet). 

Corroborate representativeness or Establish whether concentrations/doses used in toxicity testing actually occur in 
need for toxicity testing the wild. 

continued 
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TABLE 8.1 (continued)
 
The Importance of Understanding or Measuring Aquatic Exposure
 

Aquatic Exposure Data Can Be 
Used For Rationale 

Stressor sources/origins/ Tissue concentrations can help to reveal the locations, distributions, frequencies, or 
distributions durations of stressor presence in the ambient environment. 

Pollution prevention/source control Guide actions to prevent or control the source or origin of the stressors, thereby 
reducing the potential for exposure. 

Gauge success/progress of cleanup Tissue levels of chemical stressors used to measure ambient concentrations after 
or remediation efforts, or of new cleanup actions or remediation, or after implementing new control measures at 
waste treatment technologies sewage treatment facilities. 

Surrogate measure of pollutant Tissue levels of chemical stressors used as surrogate measures of ambient 
concentrations concentrations of APIs in water. 

Inadequacy in water monitoring for Extreme spatiotemporal fluctuations in water concentrations of APIs obscure or 
predicting exposure complicate evaluation of actual exposure. This is especially true for APIs that are: 

(i) released episodically (event-driven, such as by the sporadic practice of disposal 
or events causing large changes in usage rates or in the types of medication being 
used), (ii) discharged by diurnal patterns in flushing, (iii) infl uenced by 
seasonality. Tissue levels may serve to integrate exposure over time. 

Magnify levels of stressors not Uptake and bioconcentration of chemical stressors at concentrations below 
ordinarily toxic no-effect levels in water can eventually achieve body-burden levels that exceed 

effects levels. 

Magnify levels of stressors not When stressors can be bioconcentrated, exposed organisms serve as sentinels for 
ordinarily detectable sources of pollution or ambient levels that might otherwise be too small to 

directly detect. 

Exposure times extended in Biomagnified residues extend the time during which exposure can occur, even after 
absence of stressor in ambient the API is no longer present in the external environment. 
environment 

Dose reconstruction Levels of exposure can be used to reconstruct the original dose. 

Correlate ambient, external If actual exposure can be calibrated to external exposure levels, then simple 
concentrations with exposure chemical monitoring in water could possibly be used instead of more resource-

intensive tissue monitoring for predicting exposure. 

Deconvolute contributions to Natural incidence can play a role in certain biological conditions that also result 
biological effects originating from from exposure to stressors. Natural background can be confused with effect. 
natural (ambient) background Understanding exposure helps to distinguish the two causes (e.g., Grim et al. 

2007). 

Detecting newly emerging stressors Identifying previously unknown chemicals concentrated in tissues can reveal newly 
emerging pollutants before any linkage with effects might be suspected; this is 
particularly germane to new drug entities recently introduced to commerce. 

Remarkably, given the voluminous literature on APIs in the aquatic environment, little data exist 
relevant to the occurrence of APIs as residues in the tissues of aquatic organisms. These limited data 
come primarily from controlled studies using APIs postulated or known to occur in the environ
ment. These studies involve exposure experiments under controlled conditions (including fi sh caged 
in the wild) and especially from studies of veterinary drug residues in aquacultured fi sh. Another 
source of data exists in the form of calculated BCFs from predictive models. One of the ramifi ca
tions of this is that except for the expected residues of certain veterinary APIs used in aquaculture, 
it is essentially unknown what levels of the numerous APIs occurring in the ambient environment 
might lead to human exposure via consumption of fish or other aquatic life. No human exposure 
studies have been done on API residues in wild fish. It is known, however, that tissue residues of 
certain APIs in aquacultured fish can resist degradation during cooking and can migrate from one 
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tissue to another during cooking, as shown for the antibiotics oxolinic acid (OA) and fl umequine 
(Steffenak et al. 1994). 

8.2.2 SOURCES/ORIGINS LEADING TO EXPOSURE 

Thousands of distinct chemicals are formulated into tens of thousands of commercial products used 
worldwide in the practice of human and veterinary medicine or for personal care. Those of most 
interest in the aquatic environment include the APIs that: (i) are most frequently used or used in the 
greatest quantities (e.g., NSAIDs: nonsteroidal anti-inflammatory drugs) or which are commonly dis
posed by flushing into sewers, (ii) are the most potent (e.g., synthetic hormones such as EE2) or that 
have clear potential for environmental effects (such as antibiotics, serotonin regulators, or oncolytics), 
(iii) are excreted largely unchanged, (iv) share like-modes or mechanisms of action and which could 
therefore act by concentration addition (e.g., SSRI antidepressants), and (v) can bioconcentrate. 

The occurrence and disposition of APIs in the environment is best viewed in terms of their 
origins or sources, which comprise the locations from which they enter the environment and the 
pathways by which they enter (and are initially distributed within) the environment. These are many 
and varied, and even a simplified network flowchart can seem complex (see Figure 1 in Daughton 
2008). The major sources that have the potential for impacting the aquatic environment are sum
marized in Table 8.2; an overview of the many sources and origins of APIs in the environment is 

TABLE 8.2 
Sources/Origins of APIs Significant to Aquatic Exposure 

API Source/Origin Description/Explanation of API Source 

Human and veterinary Human medications (over-the-counter; prescription only or legend drugs) include thousands 
medications of distinct APIs comprising numerous categories used in diagnostics, prophylaxis (including 

vaccines), cosmetics, lifestyle, and therapy. Veterinary medications (including those used in 
aquaculture) primarily comprise anabolic steroids, parasiticides, and antibiotics, though other 
medicines are also used for companion animals (e.g., fl uoxetine). 

Dual-use Some APIs also have uses outside the practice of medicine. Some have dual use as pesticides 
(e.g., lindane, pyrethrins, avermectins, azole fungicides, and warfarin); another example is 
malachite green, a chemical used illegally in aquaculture but where aquatic exposure has 
been documented as a result of other uses (Schuetze et al. 2008). Some veterinary medicines 
have even been evaluated for nonaquaculture pesticidal use directly in the aquatic 
environment; for example, the sedative medetomidine has been proven effective as an 
antifouling agent against barnacles (Hilvarsson et al. 2007). 

Chemical categories Lower and higher MW synthetics; biologics (derived from organisms; e.g., antibodies, 
vaccines, and interleukins); natural products; nanomedicines; halogenated APIs are common 
(especially those containing fl uorine). 

DBPs and transformation Little is known regarding the halogenated disinfection by-products (DBPs) that might be 
products created from any number of APIs (e.g., Flores and Hill 2008); many metabolites or 

environmental transformation products can be bioactive. 

Manufacturing Release in effluent from pretreated and untreated API manufacturing; perhaps a minor, 
localized source in the United States, but possibly of greater significance in less developed 
countries (e.g., Larsson et al. 2007; Fick et al. 2009). 

Excretion Pharmacokinetics for humans differ radically among APIs, resulting in wide spans in 
excretion efficiency of unmetabolized parent APIs or in excretion of biologically active 
metabolites; conjugates can act as reservoirs of parent APIs once hydrolyzed during sewage 
treatment or in the environment. Excretion apportioned between the feces and urine varies 
among APIs. Maternal-fetal transport of APIs in fish is not understood. 

continued 
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TABLE 8.2 (continued)
 
Sources/Origins of APIs Significant to Aquatic Exposure
 

API Source/Origin Description/Explanation of API Source 

Bathing Bathing and swimming release APIs directly to sewers or surface waters by two mechanisms, 
both involving dissolution of APIs: (i) from medications applied directly to the skin, and 
(ii) after excretion to the skin via sweat (Daughton and Ruhoy 2009). 

Sewerage Only the contributions from distributed sewer systems can directly impact the aquatic 
environment; septic and advanced onsite systems generally do not serve as direct sources, but 
can be important in extreme conditions (e.g., improperly installed leach fi elds, direct 
discharge from advanced onsite systems). Straightpiping of untreated sewage continues to be 
practiced in some locales. Wet-weather events can cause discharge of untreated sewage. 

Treated sewage effluent The removal efficiency of APIs from the influents to WWTPs varies greatly—from 0 to 
essentially 100%, as a function of the properties of the individual API and the type of 
treatment being used. Removal includes “destruction” (alteration of chemical structure) as 
well as physical sequestration, such as by filtration or sorption to sludge (and subsequent 
creation of “biosolids”). 

Biosolids, manure, pet One disposal option for biosolids (treated sewage sludges), which can contain sorbed or 
excrement occluded APIs, is amendment of agricultural soils; wet-weather runoff holds the potential for 

transporting these APIs to surface water via runoff; manure from farm animals and 
excrement from medicated pets can also serve as a source (via wet-weather runoff). 

Runoff Primarily relevant to veterinary drugs from CAFOs (e.g., wet-weather flooding of retention 
ponds) or leaching of manure or feces from domestic animals and pets; can also involve 
human medications, which are experiencing growing usage with pets. 

Wet-weather overfl ows Flows that exceed the capacity of sewage treatment plants and rural areas where sewers still 
and straightpiping discharge directly to surface waters represent worst-case sources (e.g., combined sewer 

overflows), as the concentrations of APIs in these waste streams would not be reduced by 
treatment. 

Locations where unused Leftover drugs tend to accumulate (and eventually require disposal from) a wide expanse of 
medications accumulate locations, extending far beyond the domestic medicine cabinet (Ruhoy and Daughton 2008). 

Disposal to sewerage Unwanted medications are often disposed by flushing down sewer drains; this can involve 
leftover, unused medications and also the residuals contained in used containers or delivery 
devices (Ruhoy and Daughton 2008). 

Disposal to domestic Instead of disposal to sewerage, leftover medications are also disposed to domestic trash (this 
trash is currently the preferred method recommended by the U.S. federal government, when 

alternative collection options are not available) (U.S. FDA 2010; ONDCP 2009 [updated 
October]). The leachate collected from trash disposed in engineered landfills is sometimes 
returned to sewage treatment facilities, possibly serving only as a minor and indirect route to 
the aquatic environment. 

Commercial use Agriculture (antibiotics) and aquaculture (medicated feeds) serve as sources in localized 
environments; these sources can involve significant quantities of APIs, especially uneaten 
medicated feeds (Rigos et al. 2004). 

Vaporization/ The vapor pressure (volatility) for the vast preponderance of APIs is insufficient to serve as a 
aerosolization source (or route of loss) for the aquatic environment; vaporization might, however, serve as a 

source for certain PCPs, such as synthetic musks (Aschmann et al. 2001; Peck and 
Hornbuckle 2004, 2006) and cyclic methylsiloxanes (Xu and Chandra 1999); indeed, 
Galaxolide has been detected in the blubber from Antarctic fur seal (Arctocephalus gazella) 
from the South Shetland Islands (Corsolini 2009). APIs can also get entrained on particulates 
that can then become airborne (Hamscher et al. 2003; Cecinato and Balducci 2007). 

Note: An overview of sources and origins of APIs in the environment is also provided by Daughton (2007, 2008). 
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provided by Daughton (2007, 2008). Sources and origins are important to understand not just for 
exposure. A comprehensive inventory of sources and their individual significance relative to each 
other with respect to contributions to environmental loadings can facilitate the prioritization of 
actions needed to reduce, minimize, or eliminate the potential for exposure via source reduction or 
pollution prevention. A complex array of processes acts upon APIs released into sewage to diminish 
their ultimate concentrations in the aquatic environment. One example situation using the fl uoroqui
nolones is provided by Golet et al. (2002). 

8.2.3 	EXPOSURE VARIABLES 

A vast and complex array of variables and their interactions (involving both the stressor and the 
target organism) dictate how and to what degree exposure occurs. These include the routes and 
processes by which exposure occurs. Few of these variables are unique to aquatic exposure involv
ing APIs, and all can play roles, either in concert or in sequence. Not all of the variables, however, 
have been examined with respect to APIs. Many are relevant to controlled exposure studies and 
therefore only have hypothetical applicability to exposure in the wild. Table 8.3 summarizes some 
of the many aspects relevant to aquatic exposure and provides examples from the literature. Some 
of these factors are incorporated in the conceptualized diagram of the “4Ts”: toxicant, totality, tol
erance, and trajectory (Daughton 2005). It is also important to recognize that just because a chem
ical stressor might not be detectable in any tissue does not mean that exposure has not occurred. 
It could be that the analytical methodology cannot detect the stressor at a sufficiently low level 
(the MDL is too high). After all, some concentration levels known to have effects are extraordi
narily low. For example, effects from EE2 have been documented at the sub-ppt level in surround
ing water (i.e., 0.05 ng/L) (Larsen et al. 2008); diclofenac is purported to have pro-infl ammatory 
effects at concentrations as low as 10–14 M (~3 pg/L) (Schirmer and Schirmer 2008). Moreover, the 
kinetics involved with the processes governing exposure might be sufficiently fast that uptake by 
an organism results in immediate formation of irreversible products of exposure, such as adducts, 
or in metabolic transformation to bioactive products. These products might merely be biomarkers 
of exposure or they might alternatively be biomarkers of effect. Regardless, in these situations 
monitoring for tissue residues of the parent API may well yield negative data, and therefore expo
sure can be overlooked or underestimated. 

The internal dose is a function of the external concentration, chemical state of the API (e.g., 
ionization), uptake by and distribution within the organism, and bioavailability. Since the amount of 
stressor that actually interacts with receptors of toxicological consequence cannot be easily deter
mined, surrogate measures are usually used to estimate the actual biologically effective dose. An 
added difficulty arises in translating “concentrations” associated with sediments and particulates 
to freely available portions. Studies of uptake from sediments are not common, one example being 
Higgins et al. (2009), who report on the uptake by an oligochaete of triclocarban. 

8.2.4  	SOME GENERAL PERSPECTIVES AND BACKGROUND 

REGARDING AQUATIC TISSUE LEVELS OF APIS 

Surprisingly few studies have been published that examine the occurrence of APIs not just in fi sh 
but in any aquatic animal or plant. Moreover, most of these data have been obtained for veterinary 
APIs (primarily antibiotics and estrogenic/androgenic steroids), which are used in aquaculture at 
levels far exceeding those found in the ambient environment. Most aquatic biomonitoring studies 
designed to emulate exposure under ambient environmental conditions are performed under con
trolled conditions, often with exposure concentrations still exceeding those that would be found in 
the ambient environment. Controlled exposure studies often use exposure concentrations that are 
one or more orders of magnitude higher than those that exist in the ambient environment, usually to 



 

TABLE 8.3 
Variables Involved with Aquatic Exposure 

Variable Affecting 
Exposure Example 

Exposure under  Baths (immersion in static, replacement, or flow-through systems, sometimes using whole effl uent 
controlled from sewage treatment or water collected from native environments), oral (bolus), injection (IP), 
conditions  feeding, caged in wild, whole-effluent toxicity testing. 

Route of exposure Gill (brachial) transport, dermal absorption, oral/gut, olfactory (e.g., transport of nanoparticles via 
(free in wild) olfactory neurons), lateral-line sensory organ (e.g., Chiu et al. 2008). 

Type of organism  Teleost and cartilaginous fish, macroinvertebrates (invertebrates such as insects, crustaceans, 
mollusks, and worms), periphyton (e.g., Aufwuchs), plants, amphibians, and reptiles, waterfowl, 
and mammals (e.g., otters). 

Environmental River, wetland, lake, reservoir, estuary, marine; benthic, pelagic, interfacial monomolecular 
location   monolayer; proximity to effluent from treated effluent discharge or raw sewage. 

Stressor physical Dissolved in water column, particulate-bound (including incorporation into feed), sediment-bound; 
status uptake from water can differ dramatically from dietary uptake. 

Stressor properties Water solubility, K , pKa, log D, log Klipw, MW, molecular size or cross section, molecular ow

conformation and steric factors, environmental/metabolic half-life, chirality, vapor pressure. 
Ambient pH, temperature (or season), salinity, total dissolved solids, natural organic matter (Galvez et al. 
environment 2008), dissolved oxygen or hypoxia, solar irradiance (photolysis), nutrient levels and turbidity 

 (Gordon et al. 2006), geographic locale, and dilution (e.g., effluent-dominated streams yield 
maximum concentrations). Season can affect performance of sewage treatment (e.g., via 
temperature) and irradiance (e.g., for photolysis or growth of autotrophs). Season and locale can 
also affect the types of APIs present in sewage because different medications are used in different 
seasons and in different locales. 

Engineering controls End-of-pipe treatment can reduce concentrations of some but not all APIs; it can also lead to the  
 formation of biologically active products and API-based DBPs; efficiency is a function of the types of  

engineered treatments used by manufacturers and municipalities (e.g., Snyder et al. 2007). Types and  
 efficiencies of treatment can vary considerably from country to country (e.g., see Larsson et al. 2007). 

Fate The interactions of the stressor with the ambient environment dictate its fate; key processes are 
microbial degradation, photolysis, and sequestration via sorption to sediments. But even short 
environmental half-lives do not preclude a continual presence of those stressors that are continually 
introduced, such as via treated sewage; this has been termed “pseudopersistence” (Daughton 2002). 

Organism status Food supply, nutrient levels, health, prior exposure history, growth state, lipid content, injuries, 
disease, age, gender, condition index/factor, body length, over-expression/inhibition of effl ux 
pumps, species/strain. For example, nutrient concentrations and stoichiometry infl uence lower 
trophic-level responses to triclosan (Fulton et al. 2009). 

Organism behavior  Behavior involving feeding (free-feeding, sessile, filter-feeding), niche, trophic level, swimming/ 
and niche  migratory behavior, and attraction/avoidance, and how these influence proximity to source 

(e.g., sewage outfalls) and aggregation; aquatic, marine, estuarine. 
Timing of exposure Windows of vulnerability, developmental life stage/reproductive status (e.g., embryo, egg, larval, 

hatchling, fry, juvenile, adult, spawning) (Van Aerle et al. 2002). Simultaneous vs. sequential 
exposure when multiple stressors are involved. 

Magnitude of Aqueous concentration is a major determinant of actual internal exposure dose for aquatic 
exposure organisms. For APIs, concentration is partly dictated by the degree of dilution in waters receiving 

  treated or raw sewage effluent (with effluent-dominated streams and streams receiving raw sewage 
 representing worst cases); other determinants include population served, sewage flow rate, and 

treatment technology. High stressor concentrations in controlled laboratory studies are often not 
relevant to real-world exposure. Newer exposure studies, however, are exploring lower and lower 
concentrations; need to ensure that studies are relevant to the real world (Hinton et al. 2005). 
BCFs are often higher at lower concentrations. Lack of exposure or effects at higher 
concentrations cannot be used to rule out the importance of lower concentrations because of 
multiphasic and nonmonotonic dose-response. 
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TABLE 8.3 (continued) 
Variables Involved with Aquatic Exposure 

Variable Affecting 
Exposure Example 

Duration/variability/ Constant, pulsed, discrete, episodic, acute/chronic, life cycle, and multigenerational. 
frequency of 
exposure 

Multiple stressors Simultaneous versus sequential exposure to multiple stressors. Multistressor interaction effects 
(e.g., additive, potentiated, antagonistic, and synergistic) may follow concentration addition or 
independent action models; competition for—or facilitation of—transport across membranes. 

Exposure history Prior or simultaneous exposure to other stressors—both chemical and physical (e.g., temperature, 
salinity, stress from prey, etc.). 

Pharmacokinetics ADME: absorption, distribution, metabolism (e.g., phase I and II), excretion/elimination—all 
affecting half-life and disposition within organism (including depuration); reactivity within 
organism (e.g., formation of adducts vs. bioconcentration within lipid). 

Pharmacological Residues that are bound versus those that are free (e.g., particulate-bound APIs may not transport 
bioavailability across gills); sequestration and/or bioconcentration of body residues, e.g., within lipids, binding 

with melanins (Larsson 1993; Testorf et al. 2001; Aubry 2002; Roffey et al. 2007) and as other 
adducts; disposition in blood/plasma (primarily bound to proteins), muscle, bile, liver, brain, 
gonads, eggs, skin, bone, etc.; these factors also have direct relevance to subsequent human 
exposure to APIs via the food chain (function of edible tissue distribution). 

Aquatic pH influence on ionization state and lipophilicity of APIs. Influence of sorption to suspended 
bioavailability particulate matter. Concentration enrichment within sediments. For example, higher KD values 

were observed for ciprofloxacin with fine particulate organic matter (FPOM) than coarse 
particulate organic matter, resulting in a higher magnitude of exposure to benthic 
macroinvertebrates consuming FPOM (e.g., collector-gatherers) (Belden et al. 2007). 

Transformation Metabolites and environmental transformation products (e.g., degradates from photolysis or 
products halogenation during disinfection) may prove more important that the parent API. 

Resiliency/ Biochemical, physiological, and behavioral repertoire of an organism that determines its ability to 
vulnerability avoid exposure or reduce its magnitude or duration; ability to maintain internal homeostasis and 

adapt to stressors (Clubbs and Brooks 2007). 

Biological Various biological processes can enhance, facilitate, or reduce exposure. Those that are 
modulators of evolutionarily conserved play key roles. Among the most important considerations include 
exposure variations of API metabolism among aquatic organisms. Exposure defenses include p-GP effl ux 

pumps, which can also be induced/repressed by other stressors, especially APIs (see: Tan 2007); 
cellular stress response (e.g., induction of heat shock proteins); facilitation might occur via active 
transport (e.g., for APIs of low Kow or high MW).
 

Note: Some of these factors are discussed in detail by Geyer et al. (2000) and van der Oost (2003).
 

maximize the chances of detecting and quantifying any amount that might accumulate. Most of the 
aquatic studies involving human APIs have been published only in the last few years. 

Some studies examine the presence of APIs (primarily estrogens) indirectly, by way of activity 
assays. For example, Houtman et al. (2004) examined fish bile for estrogenic activity; but fraction
ation of the sample is required for assigning activity to a particular API. It is also important to note 
that in many studies, especially those examining bile, the APIs can be present as metabolically 
reversible conjugates, which may or may not have been cleaved prior to analysis; so the API is not 
really present in its parent form, although it can be reabsorbed once the conjugate is excreted into 
the intestine. The interpretation of tissue levels of many APIs, especially the steroids, is greatly 
complicated by the relative portions that are free versus conjugated. 
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The analysis of bile for free and especially conjugated APIs has been well-established for over 30 
years. In a summary of data acquired in the 1970s for over a dozen APIs, concentration in the bile 
of the dogfish shark was already known (Guarino and Lech 1986). Concentrations in the bile versus 
plasma were known to range up to factors of hundreds (e.g., warfarin and diethylstilbestrol) or thou
sands (e.g., methotrexate). The utility of bile in exposure monitoring is discussed by Adolfsson-Erici 
(2005) and Pettersson (2006). 

Almost no tissue-monitoring study has examined the optical isomer ratios of racemic APIs; 
indeed, even the aquatic toxicity of chiral APIs has been little studied, with Stanley et al. (2006) pub
lishing one of the first studies (with propranolol). Stanley et al. (2007) further examined enantiomer
specific sublethal effects of the antidepressant fluoxetine on traditional endpoints (survival and 
growth) and the ecologically relevant behavioral response of feeding behavior. Both studies by 
Stanley et al. (2006, 2007) indicated that the more pharmacologically active enantiomer was more 
toxic to fish when sublethal rather than lethal responses were examined. Clearly enantiomer-specifi c 
bioaccumulation and effects of chiral compounds require additional attention and may necessitate a 
priori considerations in ecological risk assessments (Stanley and Brooks 2009). 

Although the significance of bioconcentration is largely one of establishing potential internal 
dose, it is important to note that internal exposure is not necessary for an effect to occur. Certain 
effects can occur when the target organ is external. This is the case, for example, with exposure of the 
lateral-line sensory organ (e.g., Chiu et al. 2008) and for olfactory and taste exposure. Theoretically, 
antibiotics could alter the natural community structure of microorganisms that reside on the exter
nal surfaces of any aquatic organism. 

An important perspective regarding the range of APIs and metabolites that have been and will 
continue to be detected in aquatic tissues is that of “self-biasing detectability.” Those APIs with the 
highest probability of being detected are those that (i) can be taken up from water or food, (ii) are 
present in the highest concentrations, (iii) have the lowest MDLs, and (iv) have available appropriate 
analytical reference standards. Regarding the second point, those present in the highest concentra
tions tend to be those with the higher required doses, and which therefore have lower potency (the 
human acceptable daily intakes [ADIs] for residues of veterinary APIs in food therefore tend to also 
be higher). The third point is rarely pointed out. MDLs among APIs in a particular tissue can vary 
by more than 2 orders of magnitude. This means that APIs commonly present in tissues but having 
high MDLs might not be detected. As an example, Ramirez (2007) targeted 25 APIs/metabolites 
in fish in effluent-dominated streams and rivers. Of the seven that were detected, three had the low
est MDLs. Of the seven APIs with the highest MDLs, only one (gemfi brozil) was detected. Tissue 
concentrations below 0.1–1 μg/kg are rarely reported because this usually falls below the current 
method detection capability, primarily because of matrix interferences. But APIs could nonethe
less be present at these levels and will therefore be overlooked or self-censored. In the case of API 
metabolites, very few deuterated standard compounds are commercially available, which presum
ably has precluded their analyses in tissues compared with parent drugs. 

8.2.5 PREDICTIVE MODELING 

Empirical data for the uptake and bioconcentration of APIs by aquatic organisms is very limited. Such 
data are primarily focused on the legacy POPs. The empirical data that do exist are fraught with quality 
issues and uncertainty; extrapolations across chemical classes or aquatic species are notoriously unreli
able. Acquiring empirical data is met with a number of hurdles, not the least of which are cost and ani
mal welfare concerns. Data from real-world fi eld conditions are even more limited than data obtained 
under controlled laboratory conditions, and these data are poorly covered in the available electronic 
databases. The bioaccumulation databases for fish have been summarized by Weisbrod et al. (2007); 
in vitro methods for measuring bioavailability in fish have been reviewed by Weisbrod et al. (2009). 

A comprehensive review of the literature on uptake and bioconcentration of organic chemicals by 
aquatic organisms revealed thousands of BCFs and bioaccumulation factors (BAFs ) for 842 organic 
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chemicals in 219 aquatic species (Arnot and Gobas 2006). But nearly half of the BCFs had major 
sources of uncertainty, and predicted values that usually underestimated empirical values, which 
were sparse. BAFs under ambient field conditions were generally higher than BCFs obtained under 
controlled conditions. None of these data, however, included APIs. 

Ankley et al. (2005) point out that routine aquatic bioconcentration testing is not common, as 
conventional APIs tend to be water soluble, with Kow values below 3. Even then, higher molecular 
weights (MWs) or a propensity for facile transformation (e.g., via hydrolysis) often preclude biocon
centration. On the other hand, given the fact that APIs often rely on active transport for uptake (e.g., 
Van Bambeke et al. 2000), even low Kow values sometimes may not preclude bioconcentration. A 
significant aspect of APIs to note is that they are designed to minimize accumulation in the body 
during intended use, so any build-up that might occur in aquatic tissue could prove toxicologi
cally significant. Another factor that sets APIs apart from conventional POPs is their metabolism— 
sometimes yielding products that themselves can bioconcentrate. This creates the need to calculate 
“pseudo” BCFs—the ratio of tissue concentration of a metabolite and the aqueous concentration of 
the parent API (such as for norfl uoxetine). 

Van der Oost et al. (2003) also stress that predicting bioaccumulation in fish using simple models 
(e.g., relying on Kow) is “virtually impossible” and extremely prone to error even with sophisti
cated models. The dynamics imposed on APIs by pharmacokinetics in particular make prediction 
extremely difficult to model. 

In the absence of empirical data, computed BCFs (e.g., using Quantitative Structure Activity 
Relationship—QSAR—calculations) are often relied upon—at least to try and inform which APIs 
might be of concern with regard to bioconcentration. But this approach has major unknowns with 
respect to pharmaceuticals (Walker et al. 2004a, 2004b). Other approaches for prioritizing which APIs 
might be of highest exposure concern include those that rely on informatics (e.g., Gunnarsson et al. 
2008, Kostich and Lazorchak 2008) or water/sediment monitoring (e.g., Lissemore et al. 2006). 

Cunningham et al. (2009) reported on calculated BCFs in fish for 43 APIs. They range up to 
highs of 353 L/kg (atovaquone), 190 (dutasteride), 64 (beclomethasone), and 51 (nabumetone), but 
nearly all of the remainder were less than 4 L/kg. In a major analysis of the factors involved with 
bioconcentration, Geyer et al. (2000) provide calculated Kow values or BCFs for a number of natural 
and synthetic estrogens and estrogenic chemicals, androgenic steroids, and nonsteroidal antiandro
genic chemicals. Quite a number of computed BCFs are mentioned by Grung et al. (2007), and a 
number of computed BCFs for lipid-regulators are provided by Hernando et al. (2007). Other pre
dictive modeling approaches are explored in Section 8.4. 

The many variables and pitfalls in determining BCFs and their use for predicting BAFs are 
discussed by Parkerton et al. (2008). These issues, which surround the soundness or quality of 
BCF/BAF data, were not evaluated in the summary of published data reported in this chapter. 

8.2.6 OVERVIEW OF FISH TISSUE AND OTHER RESIDUE DATA FOR APIS 

The study of the exposure of fish to APIs is dominated by endocrine-disrupting compounds [EDCs; 
predominately by the natural and synthetic estrogenic sex steroids—primarily 17β-estradiol (E2) 
and EE2; comparatively less focus is directed at androgens] and by antibiotics and biocides (such 
as triclosan). Comparatively few data exist for other drug classes. Most studies regarding EDCs 
obviously concern reproductive and other direct endocrine effects. Little exists on exposure to APIs 
having the potential to lead to subtle, difficult-to-detect effects such as alteration of behavior or  
perturbations of the immune system (e.g., Hoeger et al. 2005, Salo et al. 2007). 

Exposure studies regarding endocrine disruption have been dominated by the numerous stud
ies demonstrating that fish are impacted by exposures to treated and untreated sewage. The fi rst of 
these, which linked exposure to sewage with estrogenicity, was published in 1994 (Purdom et al. 
1994). Most evidence for exposure is inferential. Few studies have established the possibility of 
exposure to either individual or combinations of specific API EDCs. 



 

  
  

 
 

 
 

 
 

 
 

 

 
  

  
 

  

  
   

   
   

 
   

   
 

  
 

  
  

  
 

 

302 Environmental Contaminants in Biota 

Excluding the data collected on fish uptake of antibiotics as a direct or indirect result of usage in 
aquaculture, actual empirical data are rare for fish-tissue residues of APIs resulting from exposures 
in the environment or exposures under controlled conditions emulating ambient concentrations. 
Determination of empirical BCFs is rarer yet. These data come from two major categories: (1) fi sh 
collected from (or caged in) wild, native environments and (2) fish exposed under controlled condi
tions in the laboratory. Collectively, these data exist only for about 30 different APIs, some of which 
were the subject for just a single study (Ramirez et al. 2007). 

The limited data on residue levels from exposure in the natural environment are extremely lim
ited, primarily comprising: SSRIs (especially paroxetine, fluoxetine, sertraline, and some principal 
metabolites such as norfluoxetine and norsertraline), NSAIDs (diclofenac, naproxen, ketoprofen, 
and ibuprofen), steroids (estrone [E1], E2, and EE2), and diphenhydramine, diltiazem, gemfi brozil, 
and carbamazepine (CBZ). Also available are data for biocides (triclosan, methyl triclosan, and 
triclocarban) and malachite green and its leuco metabolite. 

Tissue residue levels resulting from exposures under controlled conditions are a bit more 
common, including many of the same ones as detected under environmental monitoring, but also 
including: β-blockers (propranolol and atenolol), fungicides (the triazoles: bromuconazole, cypro
conazole, metconazole, myclobutanil, penconazole, propiconazole, tebuconazole, tetraconazole, 
and triadimefon), the macrocyclic lactone avermectin B1, steroids (hydroxyestrone, estriol [E3], 
17β-dihydroequilenin, and testosterone), and mono- and di-brominated derivatives of EE2. 

These data are discussed in more detail in the succeeding sections. While on the one hand it is 
interesting that most of these APIs have BCFs greater than unity (considering their generally low 
Kow values), few have BCFs above 1000 and therefore do not have anywhere near the accumula
tion potential of the POPs. The tissue levels of low-Kow APIs point to uptake mechanisms beyond 
passive diffusion. The greatest concentrations tend to be in the bile and liver. Actual bioconcen
tration of diclofenac seems to be higher than for most APIs. The computed BCF for fl uvastatin 
is among one of the highest for any API. But the highest measured BCFs are for the biocide 
triclosan, which was found to range upward of 10,000 in the intestines of zebra fish (Orvos et al. 
2002). The most empirical data exist for steroids and antibiotics. While residues in edible tis
sues have clear ramifications for human exposure, residues in organs such as the brain (a focus 
for monitoring targeted at SSRIs) have implications regarding immediate biological effects. All 
residues have implications with respect to trophic biomagnification, which has not been studied 
with respect to APIs. 

8.2.6.1  	SSRIs/SNRIs (Selective Serotonin and Serotonin-Norepinephrine 
Reuptake Inhibitors) 

Fluoxetine and sertraline and their principal metabolites (norfluoxetine and norsertraline) were 
detected in all fish tissues (brain, liver, and muscle) from three fish species collected from Pecan 
Creek TX, an effl uent-dominated stream: Lepomis macrochirus (bluegill), Ictalurus punctatus 
(channel catfi sh), and Pomoxis nigromaculatus (black crappie) (Brooks et al. 2005). All four 
analytes were detected in all tissues at levels exceeding 0.1 ng/g; no residues were detected in 
fish from a reference site not receiving effluent discharges. Compared with average tissue levels 
of fluoxetine and sertraline, the average levels for norfluoxetine and norsertraline were higher 
in brain, liver, and muscle. The highest concentrations for each API were detected in the brain, 
generally followed by the liver: norsertraline (15.6 and 12.94 ng/g), norfluoxetine (8.86 and 10.27 
ng/g), sertraline (4.27 and 3.59 ng/g), and fluoxetine (1.58 and 1.34 ng/g); the lowest concentra
tions were in muscle: norfluoxetine (1.07 ng/g), norsertraline (0.69 ng/g), sertraline (0.34 ng/g), 
and fluoxetine (0.11 ng/g). These levels are roughly 0–4 orders of magnitude higher than reported 
in wastewater and effluent-dominated streams, reflecting bioconcentration as well as the possi
bility of active transport. Although hypothetical human dietary exposure from these fi sh would 
yield daily intakes roughly 6 orders of magnitude below therapeutic doses, note that ADIs exist 
only for veterinary drugs. 
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Schultz et al. (2010) recently reported extensive data from a monitoring study involving the 
largest suite of APIs yet targeted from any single therapeutic class (SSRIs/SNRIs); they also col
lected concomitant data from three matrices (water, bed sediment, and brain tissue of white sucker, 
Catostomus commersoni) from two effluent-impacted streams in Iowa and Colorado. They targeted 
10 antidepressants (including two metabolic/transformation products): bupropion, citalopram, 
duloxetine, fluoxetine (and norfl uoxetine), fluvoxamine, paroxetine, sertraline (and norsertraline), 
and venlafaxine, an SNRI. All but two (duloxetine and fluvoxamine) were found in brain tissue. 
Of particular interest was the distinct lack of correlation between the types and quantities of these 
APIs measured in the stream waters versus those in the brain tissues. Venlafaxine was found in 
most of the stream samples at concentrations consistently higher than the next two most prevalent 
(bupropion and citalopram), sometimes at levels over an order of magnitude higher. The levels 
of venlafaxine in the streams sometimes exceeded 0.5 µg/L. In contrast, the primary analytes in 
brain tissue were norsertraline and sertraline, followed by norfluoxetine and fluoxetine. Indeed little 
venlafaxine, bupropion, or citalopram were found in brain tissue but were prevalent in sediments 
(although their relative levels were generally the inverse of those in brain tissue). These data point to 
the possible involvement of selective uptake of these chemicals into brain tissue. The maximum and 
the range of mean concentrations (ng/g) in brain tissue were: norsertraline (28.9; 0.01–3), sertraline 
(4.24; 0.005–1.8), norfluoxetine (3.57; 0.07–0.9), and fluoxetine (1.65; 0.02–0.6). The maximum 
level reported for norsertraline (28.9 ng/g) is the highest yet reported for an API in brain tissue. 

In a more recent study, Brooks et al. (in preparation) observed sertraline, norsertraline, fl uox
etine, and norfluoxetine at low ng/g levels in periphyton and three taxa of benthic macroinverte
brates (Corbicula fl uminea, Argia sp., hydropsychidae) collected from Pecan Creek TX, indicating 
that dietary exposure to fish from these SSRIs and potentially other APIs deserve further study. As 
noted elsewhere in this document, extraction and analysis approaches to account for matrix differ
ences among aquatic organisms require further development. For example, a recent study advanced 
extraction techniques for identification of APIs in mollusks (Cueva-Mestanza et al. 2008). 

Fish from a Lake Ontario harbor receiving sewage effluent were analyzed for SSRIs by Chu and 
Metcalfe (2007). Seven fish were collected from three species [three brownbullhead (Ameiurus 
nebulosus), three gizzard shad (Dorosoma cepedianum), and one white perch (Morone ameri
cana)] and analyzed for paroxetine, fluoxetine, and norfluoxetine. Concentrations on the basis of 
whole wet weight ranged up to 1 μg/kg: paroxetine (0.48–0.58 μg/kg; 3 of 7 samples), fl uoxetine 
(0.14–1.02 μg/kg; 6 of 7 samples), and norfluoxetine (0.15–1.08 μg/kg; 4 of 7 samples); neither 
fluoxetine nor norfluoxetine was detected in white perch. This occurrence of paroxetine is the fi rst 
reported in the literature. 

In a 2-year study in the Caloosahatchee River, Florida, water samples and the plasma of juve
nile bull sharks (Carcharhinus leucas) were analyzed for four SSRIs and a metabolite (citalopram, 
fl uoxetine/norfluoxetine, paroxetine, and sertraline) and an SNRI (venlafaxine) (Gelsleichter 2009). 
Only citalopram, sertraline, and venlafaxine were detected in wastewater or river-water samples. 
All analytes except for fluoxetine, however, could be detected at very low quantifiable levels in at 
least one plasma sample from at least one of the 2 years. Sertraline was the only analyte detected in 
all samples in 2006, while only venlafaxine and citalopram were detectable in 2007. 

The bioconcentration of fluoxetine at an exposure concentration of 10 μg/L by Japanese medaka 
(Oryzias latipes) was evaluated under controlled conditions, at three pH values below the pKa 

(Nakamura et al. 2008). The empirical BCFs were 8.8, 30, and 260 for the body and 330, 580, 
and 3100 for the liver, at respective pH values of 7, 8, and 9; the BCF for fl uoxetine summed 
over the body and liver was 11 at pH 7.2. The BCFs increased with increasing pH since fl uoxetine 
is a weak base and uptake of the nonionized molecule is facilitated by diffusion. Not unexpect
edly, the n-demethylated metabolite norfluoxetine was similarly recovered. BCFs predicted from 
liposome/water equilibration did not increase as much with increasing pH as did BCFs predicted 
by octanol/water partitioning (with control of ionic strength). Bioconcentration of an API such as 
fluoxetine, while made complicated by pH influencing ionization, differs dramatically from the 
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bioconcentration of a conventional, long-lived POP. It is further complicated when the API (such as 
fl uoxetine) can be metabolized to another chemical species (in this case, norfl uoxetine) that is also 
subject to bioconcentration. Since S-norfl uoxetine binds to the serotonin reuptake transporter with 
affinity similar to that of R-fluoxetine and S-fluoxetine (Wong et al. 1993), the combined sum of the 
parent compound and active metabolite should be considered in determining bioconcentration and 
effects in ecological risk assessment. 

Using caged fathead minnows in the outfall from sewage treatment plants, Metcalfe et al. (2010) 
detected venlafaxine, citalopram, sertraline, and a demethylated metabolite from each (as well as 
norfluoxetine) at levels roughly ranging from 1 to 4 ng/g (whole-body wet weight). Only sertraline, 
however, was detected in more than one of the three sites examined. 

Research on the pharmacokinetics of APIs in fish is very sparse. Schultz et al. (2001) published 
perhaps the first study—on 17α-ethinylestradiol. Paterson and Metcalfe (2008) published an initial 
examination of the uptake and elimination of fluoxetine. At the outset of exposure to 0.55 μg/L in 
water over 7 days, accumulation by medaka was noted within the fi rst 5 h; norfluoxetine was also 
noted at this time at about 40% of the fluoxetine level. A peak tissue concentration of 49 μg/kg was 
recorded after 3 days for fluoxetine. After 6 days, norfluoxetine exceeded fluoxetine: 64 μg/kg ver
sus 40 μg/kg. This yielded a BCF of 74 for fluoxetine and a pseudo-BCF of 117 for norfl uoxetine. 

These studies (Brooks et al. 2005, Chu and Metcalfe 2007, Nakamura et al. 2008, Paterson and 
Metcalfe 2008, Schultz et al. 2010) collectively show that an API metabolite (such as norfl uoxetine) 
can accumulate to equal or greater tissue concentrations than its parent (e.g., fluoxetine), which is 
not surprising since norfluoxetine is more nonpolar than fluoxetine. This is important when the 
metabolite (such as norfluoxetine) is bioactive. Metabolic conversion of the parent API means that 
its measured BCF will be lower than its actual BCF. Presence of an API in tissue might serve as an 
indicator of higher exposure to a metabolite of similar or higher biological activity. Whether these 
residues are bioavailable, however, is a key question, as shown by Zhou et al. (2008) who reported 
that the BCFs for “free” (unbound and directly bioavailable) fluoxetine were less than unity, while 
those for total fl uoxetine were in the range reported by these previous studies. It is also not always 
clear whether API metabolites in tissues result from endogenous metabolism or from uptake of pre
existing metabolites from water. 

Clearly, the relationship between coexposure to SSRIs/SNRIs, tissue residues, and potential bio
logical effects requires further study. This was highlighted by the recent work of Painter et al. 
(2009), which identified environmentally relevant concentrations of a mixture of SSRIs/SNRIs to 
adversely affect fathead minnow predator escape behavior. 

8.2.6.2 NSAIDs (Nonsteroidal Anti-infl ammatory Drugs) 
Given the widespread usage of NSAIDs and the published data on their environmental occur
rence and ecotoxicology, surprisingly few studies have monitored for any of the NSAIDs in aquatic 
organisms. 

Brown et al. (2007) exposed caged juvenile rainbow trout to sewage effluent at three sites and 
measured plasma levels for various NSAIDs (and gemfibrozil). This was the first reported mea
surement of fish plasma levels of diclofenac, naproxen, and ketoprofen (as well as gemfi brozil) 
after exposure in the field. All except ketoprofen showed a propensity to bioconcentrate in plasma. 
Plasma concentrations ranged from tens to several thousand ng/mL, with the highest being for 
gemfibrozil. Of particular significance was the wide range of BCFs for any particular API across 
the study sites. The wide variance in BCFs did not seem to be a function of API concentration in the 
water, temperature, pH, or exposure time; the authors concluded that some other chemical charac
teristic of the effluents governed uptake, possibly the presence of colloids or surfactants. Compared 
with predicted BCFs, all of the APIs, with the exception of ibuprofen, had BCFs that ranged from 
unity to considerably lower. 

Under static exposure to high nominal concentrations (490–1000 μg/L), plasma levels ranged 
from: 60 ng/mL (ketoprofen), 3440 (diclofenac), and 3640 (naproxen), to 4680 (ibuprofen); under the 
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same conditions, the level for gemfibrozil was 21,500. These gave empirical BCFs ranging from: 0.1 
(ketoprofen), 4 (naproxen), 7 (diclofenac), to 9 (ibuprofen) [and 63 for gemfi brozil]. 

During the caged study, the exposure levels at the three sites ranged from 4.5 ng/L (ibuprofen) 
to 2320 ng/L (diclofenac). Resulting plasma concentrations ranged from undetectable (ketoprofen), 
12 ng/mL (diclofenac), 14 (naproxen), and 84 (ibuprofen) (and 210 for gemfibrozil). These gave 
BCFs ranging from: <11 (ketoprofen), 5 (diclofenac), 56 (naproxen), to 18,667 (ibuprofen) (and 199 
gemfi brozil). 

With juvenile rainbow trout exposed under continuous flow for 96 h to 920 μg/L ibuprofen, after 
the first 24 h of exposure, the plasma concentrations of ibuprofen increased, beginning at about 
7 μg/mL and ending at about 10.6 μg/mL (Huggett et al. 2004), in rough agreement with the data 
from Brown et al. (2007). 

The bioconcentration of diclofenac by fish was reported for the first time by Schwaiger et al. 
(2004). Rainbow trout (Oncorhynchus mykiss) were exposed for 28 days to concentrations ranging 
from 1 to 500 μg/L. Concentrations in the liver were about 40-fold greater than in muscle. With 
exposure to 1 μg/L, tissue residue concentrations were about: 2882 ng/g (liver), 1025 ng/g (kid
ney), 805 ng/g (gills), and 73 ng/g (muscle), yielding BCFs (L/kg) of 2732 (liver), 971 (kidney), 763 
(gills), and 69 (muscle); plasma levels were not reported. Tissue concentrations increased linearly 
with increasing dose, up to 500 μg/L, which yielded tissue concentrations roughly twice those from 
the 1-μg/L dose. The lower tissue concentrations with respect to dose are the reason the calculated 
BCFs decreased with increasing concentrations. 

Mehinto (2010) reported bile BCFs in the narrow range 509–657 after 21-day exposures of trout 
to diclofenac at 0.5, 5.0, and 25 ng/L. 

8.2.6.3 Lipid Regulators 
Gemfibrozil was shown to bioconcentrate in the plasma of goldfi sh (Carassius auratus) after labora
tory exposure to an environmentally relevant concentration of 0.34 μg/L (nominal 1.5), as well as a 
higher concentration of 852 μg/L (nominal 1500) (Mimeault et al. 2005). After 14 days of exposure, 
plasma BCFs were 500 and 92, respectively, resulting from respective plasma concentrations of 
roughly 170 and 78,000 μg/L. Uptake was concluded to occur across the gill membrane but passive 
diffusion or active transport could not be distinguished. 

In the same study with four NSAIDs, gemfibrozil was measured in the plasma from rainbow trout 
caged in effluent-dominated streams and during a controlled static exposure experiment (Brown 
et al. 2007). This was the first measurement of a fish plasma level of gemfibrozil after ambient expo
sure in the field. Of the five APIs, the resulting plasma levels were highest for gemfi brozil. Static 
exposure to a high level of 510 μg/L gave a plasma level of 21,500 ng/mL, yielding a BCF of 63. In 
the caged field study, the plasma level reached 210 ng/mL, yielding a BCF of 199. 

A compendium of calculated Kow and BCF values for a number of fibrates and statins is provided 
by Hernando et al. (2007). While the logKow values all indicate relatively high lipophilicity (most 
exceeding 4), computational approaches for estimating BCFs showed relatively low values (3.2) 
for bezafi brate, gemfi brozil, clofibric acid, fenofibric acid, and pravastatin, and 56 for atorvastatin; 
values ranged from 120 to 380 for clofi brate, fenofibrate, lovastatin, and mevastatin. Higher com
puted values were found only for simvastatin (800) and fluvastatin (2000). These values might be 
useful for targeting these latter two statins for biomonitoring to determine actual empirical BCFs. 
Note, however, that the low computed BCF for gemfibrozil is not predictive of the empirical BCFs, 
being 1–2 orders of magnitude lower than those measured by Mimeault et al. (2005) and Brown 
et al. (2007). 

8.2.6.4 �-Blockers 
Owen et al. (2007; also unpublished data; Owen et al. 2009) exposed juvenile rainbow trout to rela
tively high levels of propranolol: 10 mg/L for 10 days. Plasma levels of about 5 μg/mL were reached; 
concentrations were often 40–80% of the water levels after 40 days. 
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Winter et al. (2008) exposed fathead minnows to relatively high concentrations (0.1–10 mg/L) 
of atenolol. Compared with water concentrations, plasma concentrations ranged between 1.8% and 
6.2% (for males) and 0% and 12.2% (females). The male fish plasma concentration for atenolol 
corresponding to the exposure concentration for the LOEC (Lowest observed effect concentration) 
condition index (3.2 mg/L) was 0.0518 mg/L (51 μg/mL). 

Cleuvers (2005) reported calculated BCFs of 4.47 and 0.89 for propranolol and metoprolol, and 
a value for atenolol too low to calculate. But β-blockers were not detected in fish during a study by 
Brooks et al. (2005, unpublished data). 

8.2.6.5 Fungicides 
Juvenile rainbow trout (O. mykiss) were exposed to nine triazole fungicides (dual-use pesticides 
and pharmaceuticals) in feed containing each at 23–35 μg/g (wet weight) (Konwick et al. 2006).  
These triazoles had log Kow’s ranging from 2.9 to 3.9: bromuconazole, cyproconazole, metcon
azole, myclobutanil, penconazole, propiconazole, tebuconazole, tetraconazole, and triadimefon. 
Each compound was taken up quickly, reaching steady state after a day of exposure. They quickly 
reached concentrations in body lipids ranging from roughly 0.5–1 μg/g lipid, yielding biomagni
fication factors (on the basis of lipid content of fish vs. lipid content of food) ranging from 0.006 
(propiconazole) to 0.012 (triadimefon and tebuconazole). 

8.2.6.6 Macrocyclic Lactones 
The macro-lactone dual-use parasiticides (used in veterinary medicine) are best known as the aver
mectins. Examples of these large, polycyclic lactones include: abamectin, albendazole, doramectin, 
emamectin, eprinomectin, ivermectin, morantel, moxidectin, milbemycin, and selamectin. Residues 
are well-established as occurring primarily in liver and lipid tissues, followed by kidney and muscle. 
An overview of this chemical class is provided by Danaher et al. (2006). Escher et al. (2007) point 
out that uptake kinetics and calculated BCFs are lower than predicted based on hydrophobicity. This 
is hypothesized to result from membrane exclusion because of the large molecular cross section. 

Avermectin B1 (abamectin) was shown to resist uptake by sturgeon (into muscle) (Shen et al. 
2005); biomagnification therefore would not occur. After a 22-day exposure to 0.2 and 1 ng/mL in 
water, concentrations in muscle reached steady state in about 2 weeks, giving muscle concentrations 
of 7.75 and 38.29 ng/g, respectively, yielding BCFs of 41–42. 

Exposure for 28 days of bluegill sunfi sh (L. macrochirus) to an aqueous concentration of 
0.099 μg/L avermectin B1a gave tissue concentrations of 6.8, 3.0, and 11 μg/kg, in whole fi sh, 
fillet, and viscera, respectively, yielding BCFs of 56, 28, and 84 (Van den Heuvel et al. 1996). As 
with other studies, it was concluded that abamectin does not strongly bioconcentrate and would 
therefore not be expected to biomagnify. 

8.2.6.7 Steroids 
Determining the uptake and bioconcentration of steroids is complicated by the fact that many of 
them have multiple origins. Several of the estrogens, for example, are endogenous to all fi sh (and 
some invertebrates but not plankton). Endogenous production can be further complicated by sub
stances that induce synthesis (e.g., via aromatization) or inhibit excretion (e.g., repression of effl ux 
pumps). But they also have at least two other origins. The first is the subject of this chapter—many 
have origins from the pharmaceutical preparations in which they are used; even β-estradiol is used 
in certain hormone preparations. The second origin is from other fish, which excrete a variety of 
steroids, for example as pheromones (Scott and Ellis 2007). These origins become intermingled 
with that resulting from endogenous synthesis; for estrogens and androgens, this becomes problem
atic for modeling female and male fi sh, respectively. 

The steroids are also intimately involved in a metabolic cascade that involves interconversion, 
such as via aromatization, and conjugation. Uptake from surrounding media continually adds to 
the pool involved with natural metabolic processes. These factors greatly complicate the modeling 
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of uptake and bioconcentration. Given the dynamic state of uptake, interconversion, and excretion, 
steady-state concentrations are probably rarely reached in laboratory studies; life-cycle studies are 
rare. This leads to very wide ranges in both predicted and measured tissue concentrations and  
BCFs—measured both under controlled laboratory conditions and in the wild. An overview of the 
environmental occurrence and consequences of exposure of fish to natural and synthetic estrogenic 
chemicals (of which only a small portion are APIs) is provided by Tyler et al. (2008); further discus
sion on bioaccumulation of E2 and EE2 is provided by Langston et al. (2005). A method using gas 
chromatography/mass spectrometry was developed for simultaneously quantifying 12 endogenous 
steroids in plasma and bile, using fl ounders (Platichthys fl esus) as the test species (Budzinski et al. 
2006); the steroid analytes spanned the estrogen/androgen metabolic cascades from pregnenolone 
and progesterone to E2 and 11-ketotestosterone. 

One major but very limited source of data on uptake and tissue levels of estrogenic and androgenic 
steroids is from the aquaculture literature. Steroids are used to induce sex reversal in farmed popula
tions. These data are not covered here. The data of Stewart et al. (2001) serve as one example. 

Rainbow trout (O. mykiss) and roach (Rutilus rutilus) exposed to treated sewage effl uent in 
controlled continuous-flow tanks concentrated E1, E2, and EE2 in the bile—at levels beyond 
endogenous production (Gibson et al. 2005a, 2005b). Most was present as glucuronide conjugates. 
Bioconcentration was roughly 4000–6000 for EE2 and 10,000–13,000 for E2 and E1 combined. The 
conjugated equine estrogen (CEE) metabolite, 17β-dihydroequilenin (17β-Eqn), was also detected; 
while this is perhaps the first report of 17β-Eqn in an aquatic organism (or in any environmental 
sample), its specific source was unknown (e.g., whether an endogenous metabolic product vs. an 
ingredient from a conjugated equine hormone preparation). 

This work on CEEs (Gibson et al. 2005a) was extended further in a comprehensive examina
tion of treated and untreated sewage and fish exposed under controlled conditions (Tyler et al.  
2009). Treated sewage from wastewater treatment plants (WWTPs) in the United Kingdom 
were examined for six CEEs: equilin (Eq) and equilenin (Eqn), and four metabolites, 17β
dihydroequilin (17β-Eq), 17α-dihydroequilin (17α-Eq), 17β-dihydroequilenin (17β-Eqn), and 
17α-dihydroequilenin (17α-Eqn). The bile from two species of fish (rainbow trout and the com
mon carp, Cyprinus carpio) exposed to treated sewage effl uent was also analyzed. Among these 
six CEEs, only two (Eqn and its metabolite 17β-Eqn) were detected in wastewaters. Eqn con
centrations ranged from 1.32 to 2.59 ng/L (influent) and 0.32–1.32 ng/L (effluent), and 17β-Eqn 
ranged from <0.2 (LOD) to 0.37 ng/L (infl uent) and 0.07–0.18 ng/L (effl uent), concentrations on 
par with those of E2 and EE2. The authors pointed out that since these two CEEs occurred in 
sewage influent, their origin from hormone replacement products was more probable than from 
exogenous metabolic processes. 17β-Eqn (as in the prior study) and now Eqn (for the fi rst time) 
were the only two CEEs detected in bile. BCFs for trout exposed to 17β-Eqn were calculated to 
be 1.5 × 106 and 2.2 × 106 for trout exposed to Eqn. 

Notably, the study of Tyler et al. (2009) is one of the very few focusing on aquatic exposure to 
also extend its findings to the potential for effects from exposure to environmentally realistic con
centrations. Concentrations of 17β-Eqn as low as 0.6 ng/L elicited a vitellogenic response in trout, 
as well as all but the lowest exposure concentration of Eqn (4.2 ng/L); the carp were nearly three 
orders of magnitude less sensitive. A 17β-Eqn concentration of 0.6 ng/L nearly intersects with its 
concentrations detected in the treated UK wastewaters, providing a rare linkage between real-world 
exposure levels and the potential for adverse effects. 

The difficulty in tying exposure to effects is demonstrated in another unique study, involving 
fi sh showing signs of possible exposure to estrogens. Three separate projects involved male bream 
(Abramis brama) with ovotestis and vitellogenin from two different locations in the Netherlands 
and whitefi sh (Coregonus lavaretus) with malformed gonads from Lake Thun, Switzerland 
(Vögeli 2008). In the ovotestis case, while levels of E1, E2, and EE2 in adipose tissue did not dif
fer from  controls, levels of E1 and EE2 in bile showed bioaccumulation in the ovotestis fi sh; E2 
did not differ from the control. In contrast, with the case of elevated vitellogenin, levels of E1, E2, 
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and EE2 were higher in the bile of the controls. With the group with malformed gonads, only E1 
and E2 were present (above the MDLs) in the bile of all fish but the levels were higher in the fi sh 
with normal gonads. 

In male Rainbow trout exposed to EE2 at relatively high nominal water levels of 125 ng/L, EE2 
was shown to be rapidly absorbed (Skillman et al. 2006). EE2 was detected in plasma upon the fi rst 
sampling time of 15 min and reached a steady-state range of 60–90 ng/mL within 16 h, yielding a 
BCF of up to 720. Levels in the liver corresponded with those in the plasma. In the bile, levels of 
free EE2 were also similar to those of the plasma and liver. In the bile, however, conjugated EE2 
continued to increase, until 99% of the total EE2 in the bile comprised conjugated glucuronides. 
The authors conclude that EE2 in plasma, reaching equilibrium levels several hundred-fold higher 
than in water, represents a viable means for measuring current environmental levels; bile levels, 
in contrast, were more representative of cumulative exposure. The study also followed the parallel 
time course synthesis of vitellogenin and gene expression. 

A model developed by Lai et al. (2002b) predicted relative bioconcentration of steroids, ranging 
from fish at the highest trophic level (1.8 for E3) to fish at the lowest trophic level (332 for EE2). 
In another study (Lai et al. 2002a) examined the uptake of natural (E1, E2, hydroxyestrone, and 
E3) and synthetic (EE2 and estradiol valerate) estrogens by the freshwater alga, Chlorella vulga
ris. Under static conditions, all the estrogens were taken up, but E3, hydroxyestrone, E2, and EE2 
could not be detected, because of metabolism. No equilibria could be reached, except for E1, for 
which a BCF of about 27 was calculated. On the basis of Kow, EE2 would be expected to accumu
late more, but did not—possibly because of active transport of the endogenous estrogens or active 
efflux of EE2. 

Juvenile rainbow trout (O. mykiss), under controlled conditions, were exposed to sewage under 
continuous flow before and after treatment by sand filtration (Pettersson et al. 2006). After 28 days, 
bile was sampled. When exposed to untreated water, levels of E1 were two orders of magnitude 
higher than in controls (4.0 μg/g vs. 0.04 μg/g). Bile levels were also higher compared with controls 
for EE2 (0.25 μg/g vs. 0.10 μg/g) and E2 (0.17 μg/g vs. 0.04 μg/g). When exposed to treated water 
(posts and filtration), the bile concentrations for E1 (0.17 μg/g) and E2 (0.04 μg/g) were reduced 
considerably. The concentration for EE2, however, was slightly higher (0.38 μg/g). 

In a subsequent study, Pettersson et al. (2007) examined the bile of perch (Perca fluviatilis L.) 
from the coastal waters of the Swedish Baltic Sea impacted by sewage for E1, E2, and EE2. Studies 
of fish from the wild are uncommon. EE2 was never detected, in contrast with E1 and E2, which 
were almost always present. These levels did not differ significantly from samples obtained from 
reference sites. These findings, however, corroborated lack of signs of endocrine effects, possibly 
because of efficient sewage treatment practices. 

In another study using fish in the native ambient environment, Vermeirssen et al. (2005) used 
caged brown trout downstream of sewage effluents at five sampling sites. They measured E2, E1, 
and EE2 but did not report them separately—only as estradiol equivalents. Houtman et al. (2004) 
also indirectly measured EE2 via estrogen assay (in the bile of male bream, A. brama). 

In a study of juvenile bull sharks (C. leucas) in the Caloosahatchee River, Florida, EE2 was 
detected in plasma at levels only up to slightly above the MDL (Gelsleichter 2009). EE2 was detected 
only during the second of 2 years of sampling (2006–2007), being detected in 7 of the 12 sharks 
sampled; EE2 was not detected in the Myakka River, a control river that did not receive treated 
wastewater. Levels of EE2 in the river ranged only up to 0.23 ng/L. Of the seven shark plasma sam
ples with detectable residues, the two that could be quantified ranged up to 3.79 ng/mL plasma. 

Perhaps the first bioconcentration study of EE2 in fish was reported by Larsson et al. (1999). 
Caged juvenile rainbow trout (O. mykiss) were exposed to an effluent-dominated stream, and E1, 
E2, and EE2 were measured in bile. The respective concentrations (conjugated and unconjugated 
combined) for E1, E2, and EE2 in the bile after 2 and 4 weeks were (approximately): 0.6 and 2.5 
μg/g; ND and 1.0 μg/g; and 0.3 and 1.1 μg/g. These bile concentrations of roughly 1 ppm were about 
4–6 orders of magnitude higher than the water levels. A separate static study using juvenile rainbow 
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trout exposed for 46 h to 5 μg/L of either E1, E2, or EE2 produced respective bile concentrations of 
>400, ~200, and ~350 μg/g. 

Perhaps the first full life-cycle bioconcentration study of EE2 in fish was reported by Lange et al. 
(2001). A life-cycle exposure study, using the fathead minnow (Pimephales promelas) was done 
using newly fertilized embryos (24-h old) under continuous flow for 305 days at fi ve concentrations 
of EE2: 0.2, 1.0, 4.0, 16, and 64 ng/L (Lange et al. 2001); note that the two highest concentrations 
were toxic. No EE2 could be detected in tissue (<0.38 ng/g) after exposure at 0.2 and 1.0 ng/L test 
concentrations 192 days posthatch. At 16 ng/L (239 days posthatch) and 64 ng/L (153 days post-
hatch), the EE2 tissue levels were 7.3 and 31 ng/g, yielding BCFs of 610 and 660, respectively. The 
authors concluded that the BCF (L/kg) was likely less than 500 (and probably less than 2400) for 
healthy fish. A more recent study by Caldwell et al. (2008) provided an HC5 value (hazardous con
centration predicted to negatively affect 5% of the population) of 0.343 ng/L for a species sensitivity 
distribution (SSD) of EE2, highlighting the high potency of this API. 

The bioconcentration of steroids is yet further complicated by the possibility that uptake is being 
augmented by facilitated transport to yield tissue levels far beyond what would be predicted with 
existing models assuming passive brachial uptake. 

A study using the three-spined stickleback (Gasterosteus aculeatus) used 6-day static exposure 
concentrations of 1 μg/L (nominal) of either E2, testosterone (T), or E2 and T combined (Maunder 
et al. 2007). Plasma levels climbed rapidly within the first 6 h to within the range of 20–90 ng/mL. 
These bioconcentrated levels were 50-fold (E2) and 200-fold (T) greater than the measured expo
sure concentrations. The authors postulated that the faster and greater uptake than predicted of E2 
and T might be due to the presence of a plasma sex hormone-binding globulin (SHBG). Scott et al. 
(2005) also postulated that SHBG is responsible for enhanced uptake of many of the steroids. This 
hypothesis is set forth in more detail by Miguel-Queralt and Hammond (2008). 

Miguel-Queralt and Hammond (2008) report that natural and synthetic estrogens and androgens 
are actively taken up by fish via the gills by way of binding to SHBG in the brachial fi laments. This 
uptake mechanism is extremely fast, with up to 70% of T or EE2 being removed from water in 90 
min. A broad range of steroids have a high affinity for fish SHBG, whose ligand specifi city varies 
widely across species. Trace amounts (e.g., 50 pmol) of ligand can be taken up from water within 
minutes. After uptake, residues are rapidly distributed throughout the body; EE2 was reported to then 
accumulate in the brain, ovaries/eggs, and muscle. The authors point out that SHBG also has a high 
affinity for at least two of the more common progestin APIs—levonorgestrel and 19-norethindrone. 
Since these APIs may be frequently present in sewage-derived waters, sometimes at relatively high 
concentrations, this points to the possibility of progestins occurring in fish. Progestins, however, have 
only rarely been targeted in environmental monitoring. Sediments in Puget Sound were analyzed for 
the synthetic progestogen 19-norethindrone. Levels ranged from 419 to 890 ng/g, but the analysis was 
done with GC-FID rather than GC-MS (Kimball 2008). 19-Norethindrone was the most frequently 
detected and abundant (26–224 ng/L) of all the synthetic estrogens/progesterones in sewage infl uent 
samples (Fernandez et al. 2007). López de Alda et al. (2002) reported 19-norethindrone as frequently 
occurring in sediments but at low ng/g-levels. Viglino et al. (2008) reported levonorgestrel and 19-no
rethindrone concentrations in sewage effluent ranging between 30 and 53 ng/L, respectively. 

Others postulate that steroid residues in food may contribute more to bioaccumulation by fi sh 
than do the residues at significantly lower concentrations in water. Takahashi et al. (2003) report E2 
concentrations ranging from 0.0001 to 0.0076 μg/L in water, compared with 0.09–2.26 μg/kg-wet 
in the periphytons and less than 0.01–0.22 μg/kg-wet in the benthos. Bioaccumulation factors of E2 
were estimated at 64–1200 for the periphyton and 100–160 for the benthos. 

It is important to note that even though the BCFs for EE2 do not indicate a propensity for bioac
cumulation, the extremely low no-effect levels for this steroid have led a number of investigators to 
recommend more detailed examinations (e.g., Lyssimachou and Arukwe 2007). 

Direct uptake from water of E1 by Daphnia magna gave a BCF of 228 (Gomes et al. 2004);
 biomagnification via feeding on C. vulgaris was not as effi cient. 
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In a controlled study using artificial sediment and radiolabeled EE2, a benthic freshwater oli
gochaete (Lumbriculus variegatus) was exposed over 35 days to a nominal concentration of 300 
ng/g wet-weight sediment (556 ng/g dry weight) (Liebig et al. 2005). Continuous linear uptake  
never reached steady state. The BSAF was 75 after the 35 days. A calculated steady state (after 360 
days of exposure) would yield a BSAF of 190—higher than predicted by Kow. A study with two 
invertebrates—a midge (Chironomus tentans) and amphipod (Hyalella azteca)—followed 21-day 
EE2 exposures using spiked water and water with sediments (Dussault et al. 2009). The exposure 
concentrations, however, ranged up to 3.1 ppm, orders of magnitude higher than those found in the 
ambient environment. At one of the lower, but still high, water-only exposures (20 μg/L), the BCFs 
were 31 for C. tentans and 142 for H. azteca; BSAFs were 0.8 and 1.5, respectively. 

8.2.6.8  	Antibiotics: Informing Environmental Exposure with Data 
from Use of Veterinary Aquaculture Drugs 

APIs are used in aquaculture at levels many orders of magnitude higher than their occurrence in the 
ambient environment. Exposure data in aquaculture settings are obtained usually to assess if thera
peutic or prophylactic doses are reached and to assess subsequent depuration of residues to ensure 
consumer safety. For this reason, the exposure concentrations are orders of magnitude higher than 
ambient levels, and the antibiotics studied tend to be restricted to those used in veterinary practice 
(although use of unapproved, illegal drugs also occurs). An overview of antibiotics used in aquaculture 
is provided by Sapkota et al. (2008). In a Canadian Total Diet Study focused on residues of 39 different 
veterinary drugs, levels tended to be in the range of low nanograms per gram (Tittlemier et al. 2007). 

Even though exposures emulating those during aquaculture occur at higher ambient levels of 
APIs, they might be useful as worst-case scenarios to inform the potential for bioconcentration 
under ambient conditions. As one example, trout raised in aquaculture receiving medicated feed 
with roughly 0.6% oxytetracycline (OTC), which yielded a maximum water concentration of about 
0.8 ppm, reached a maximum muscle-tissue concentration of 1.8 ppm (Bebak-Williams et al. 2002). 
This maximum level rapidly dissipated once the aqueous concentration dissipated. This shows that 
at high exposure concentrations, the muscle-tissue level shows very little bioconcentration. The 
literature on veterinary drug exposure is comparatively large, just two examples being Hou et al. 
(2003) and Chu et al. (2008), who examined the uptake into muscle and depuration of sulfamethaz
ine and nitrofurans. 

The study of aquatic exposure to APIs actually began several decades ago. The study of antibiot
ics used in aquaculture led to the need for examining aquatic tissue levels to assess therapeutic dose 
levels while assuring levels were sufficiently low for human consumption via the food supply. But 
even then, the potential for environmental impacts was also a consideration; the early work of Coats 
et al. (1976) using model ecosystems is an example. 

Early studies on the environmental fate and possible biomagnification of veterinary drugs, par
ticularly parasiticides, antibiotics, and other biocides, began in the 1960s and 1970s. Many of these 
studies were comprehensive and generated considerable data, as they used traditional radiolabeled 
materials to try and reach closure around mass balances. For example, 3-day uptake in fish of four 
veterinary drugs was studied in aquatic model ecosystems, using radiolabeled anthelmintic pheno
thiazine, the coccidiostat clopidol, the bacteriostat sulfamethazine, and the growth promoter dieth
ylstilbestrol (Coats et al. 1976). 

Another route of exposure as a result of aquaculture, however, occurs because 70–80% of the 
APIs used in medicated feed are released to the ambient environment as a result of excretion or 
escape by way of feed that is not consumed (Pouliquen et al. 2009). Native fi sh in the vicinity can 
then be unintentionally exposed—to levels exceeding ambient background concentrations. Usage 
of antibiotics in aquaculture, however, is episodic and occurs for very limited number of days, but 
concentrations in sediments immediately below can exceed the ppm-level (Pouliquen et al. 2009). 
Samuelson et al. (1992) reported that levels of several antibiotics in aquatic organisms nearby aqua
culture exceeded levels considered safe for human consumption; also see Cabello (2006). 
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Blue mussels (Mytilus edulis) were evaluated for their ability to bioconcentrate two veterinary 
antibiotics: OA and OTC (Le Bris and Pouliquen 2004). Exposure concentrations were intended to 
emulate unintended exposure by what might be encountered near aquaculture. Exposure concen
trations were roughly 0.95 mg/L for OTC and 1.46 mg/L for OA. Uptake was determined for foot, 
muscle, mantle, viscera, gills, and shell. OTC concentrations were higher in viscera (1.83 mg/kg) 
than gills (0.37 mg/L), with other parts less than 0.2 mg/kg. OA concentrations were highest in gills 
(0.79 mg/kg) followed by shell (0.19 mg/kg). BAFs less than 1.0 were expected for these two highly 
ionized APIs. 

Nie et al. (2008) found the bioaccumulation of ciprofloxacin by carp (Allogynogenetic crucian) 
under controlled feeding conditions to vary greatly, depending on several exposure scenarios. 
Feeding resulted in much higher residues (in visceral and muscle tissues) than via exposure to  
water. Uptake was fast, with maximum levels being reached within a day. The tissue concentrations 
(μg/kg) resulting from each type of exposure were: water (muscle: 10; viscera: 42); feeding (muscle: 
73; viscera: 645); and dual exposure (muscle: 43; viscera: 368). 

8.2.6.9 Carbamazepine (CBZ) 
Juvenile rainbow trout were exposed under continuous flow for 96 h to 200 μg/L CBZ (Huggett 
et al. 2004). After 24 h of exposure, the plasma concentrations of CBZ decreased, beginning at 
about 2.5 ng/mL and ending at less than 1 ng/mL, showing a low propensity to bioconcentrate. See 
the results for CBZ published by Ramirez (2007), Ramirez et al. (2007), and Zhou et al. (2008) sum
marized under the section “Multianalyte Studies.” In those studies, CBZ was also shown to poorly 
bioconcentrate, having a low BCF (<1). 

After a 60-day exposure to a high 19-ppm concentration of CBZ, no intracellular accumulation 
could be detected in the algae Ankistrodesmus braunii (Andreozzi et al. 2002). A method devel
oped for determining CBZ in tissues was used to analyze a crustacean (Thamnocephalus platyurus) 
after it fed on algae (Pseudokirchneriella subcapitata) that had been previously exposed to CBZ 
at 250  mg/L (Lajeunesse et al. 2009). The mean CBZ concentration in dried T. platyurus was 129 
(±57) μg/mg. 

8.2.6.10 Triclosan (and Methyl Triclosan) and Triclocarban 
With respect to the most heavily used biocides, triclosan [TCS: 5-chloro-2-(2,4-dichlorophen
oxy)phenol] has been studied more frequently than triclocarban [TCC: N-(4-chlorophenyl)-N′
(3,4-dichlorophenyl)urea]. In general, the transformation of triclosan to the more lipophilic methyl 
triclosan (MTCS: 4-chloro-1-(2,4-dichlorophenoxy)-2-methoxybenzene) leads to lower tissue levels 
of TCS compared with MTCS. Most of the research has been conducted in Europe and Scandinavia, 
with very recent studies in the United States (e.g., Leiker et al. 2009). Tissue residue levels of MTCS 
generally exceed those of any API—a result of higher BCFs and higher exposure levels. 

MTCS was fi rst identified in fish by Miyazaki et al. (1984). Up to 38 ng/g was detected in the 
whole bodies of a freshwater fi sh (Carassius carassius) collected from Tama River, Tokyo Bay. 
Samsøe-Petersen et al. (2003) report on a monitoring study that sampled various aquatic species 
from 12 locations in Sweden, where concentrations ranged from less than 0.1 to 13 μg/kg (wet  
weight). Much lower concentrations (in blood plasma) were reported in perhaps the first study from 
the United States, where Alaee et al. (2003) reported on fish from the Detroit River (Michigan-
Ontario) having TCS in the blood plasma of all 13 species surveyed; levels ranged from 0.61 ng/g 
wet weight (brown bullhead) to 10.4 ng/g (white bass). In contrast, MTCS was detected in the plasma 
of all 13 species but ranged only from 0.0004 ng/g for common carp to 0.0132 ng/g for largemouth 
bass; the presence of TCS at 3 orders of magnitude higher concentration than MTCS was ascribed 
to the higher lipophilicity of MTSC and its possible preferential partitioning to lipid tissue. 

Bile was analyzed for TCS in fish subjected to various exposure scenarios involving three 
WWTPs in Sweden, ranging from caged within effl uent-dominated flows, to wild (or directly  
exposed to sewage under controlled compositions) (Adolfsson-Erici et al. 2002). Concentrations 
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ranged from 0.24 to 4.4 mg/kg bile (for wild fish) to 34–120 mg/kg (for those exposed directly to 
treated sewage effl uent). 

Orvos et al. (2002) assessed TCS bioconcentration in zebrafi sh (Danio rerio) using continuous 
fl ow with 3 and 30 μg/L for 5 weeks followed by 2 weeks of depuration. During the 5-week expo
sure, the BCFs ranged between 2000 and less than 3500 for the 39-μg/L exposure and from 3500 to 
about 5200 for the 3-μg/L exposure, giving average BCFs during the exposure period of 4157 at 3 
μg/L and 2532 at 30 μg/L. BCFs for head/scale and fillet ranged from about 1000 to 2000, whereas 
they ranged from about 8000 to 11,000 in the intestines for the low and high exposures, respectively. 
After depuration, the BCFs were 30 and 41 for the high and low exposures, respectively, so half-life 
residence time within the body was short compared with POPs. 

Boehmer et al. (2004) performed a rare 10-year retrospective study (1994–2003) of breams 
(A. brama) from representative German rivers. The study revealed that TCS was rarely present 
in muscle while MTCS was detected in all specimens collected. In general, when present, TCS 
muscle-tissue concentrations remained relatively constant but low for any given river—less than 
1 ng/g wet weight. TCS concentrations were always lower than MTCS, which had excursions above 
30 ng/g wet-weight muscle. 

Balmer et al. (2004) reported MTCS in fish (white fi sh, Coregonus sp.; roach, R. rutilus) from 
various lakes in Switzerland receiving treated sewage effluents. Concentrations ranged up to 35 
ng/g (wet weight) or 365 ng/g (lipid basis) and fell within narrow ranges for a given lake. In another 
study of Swiss lakes, Balmer et al. (2005) measured lipid levels of MTCS in fish lipids, where levels 
(ng/g) ranged from undetectable (perch) and 4–233 (roach), to 4–56 (whitefish). Buser et al. (2006) 
examined the muscle tissue of brown trout (Salmo trutta fario), from seven Swiss rivers that receive 
treated sewage effluent, for MTCS. All concentrations were higher than those reported by Balmer 
et al. (2005) for lake fish (white fi sh, Coregonus sp. and roach, R. rutilus). Concentrations ranged 
from 130 to 2100 ng/g, compared with the previous lake fish study of 4–370 ng/g. The concentra
tions for river fish had considerable variation, possibly due to a more fluctuating input from sewage; 
river fish had higher concentrations probably because the exposure levels were higher. 

In a recent study, a survey of common carp from Las Vegas Bay revealed MTCS (but not TCS) in 
all 29 male common carp at a mean whole-body concentration of 600 μg/kg wet weight (7400 μg/kg 
on the basis of lipid, giving a BCF of 1.8 × 105) (Leiker et al. 2009). Three chlorinated analogs (3- and 
5-chloromethoxy triclosan and 3,5-dichloromethoxy triclosan) were also present but less often and at 
lower concentrations, ranging from 0.5 to 13 μg/kg in 21–76% of the samples; the brominated analog 
(bromomethoxy triclosan) was detected but not quantifi ed. 

In contrast with MTCS, reported TCS levels are not as common and almost always lower (with 
the exception of blood plasma). The average TCS accumulation factor for zebrafish over a 5-week 
test period was 4157 at 3 mg/L and 2532 at 30 mg/L (Orvos et al. 2002). TCS concentrations were 
highest in the digestive tract; head and muscle concentrations were similar. Following a 2-week 
depuration, the average BAF was 41 for 3 mg/L exposure and 32 for 30 mg/L exposure. The BCF 
was predicted to be roughly 2500. 

Houtman et al. (2004) identified TCS at ppm levels in the nonpolar residual fraction of bile from 
wild fi sh in the Netherlands. Bile concentrations were about 14 μg/mL for fi sh from the North Sea 
Canal and 80 μg/mL for fish from the River Dommel. 

In a rare cross-species survey, TCS and MTCS were measured in the blood plasma of 13 species 
of fish (both benthic and pelagic) from a stretch of the “highly contaminated” Detroit River (Valters 
et al. 2005). TCS levels ranged from 0.750 to 10.0 ng/g, while MTCS was present at 0.4–13.4 pg/L, 
3 orders of magnitude lower. TCS in the estuarine water samples averaged 7.5 ng/L, although the 
tissue and water sampling were temporally disconnected. Another feature of this study was the 
parallel analyses for a spectrum of brominated diphenyl ethers. 

Algae were shown to bioconcentrate TCS, MTCS, and TCC (Coogan et al. 2007) by roughly 
3 orders of magnitude when collected from Pecan Creek, the same effluent-dominated stream in 
north Texas, U.S., previously studied by Brooks et al. (2005) and Ramirez et al. (2007). This may 
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be the first report of the bioconcentration of any of these three chemicals in algae; it may also be the 
first report of the bioconcentration of TCC by any organism. Dissolved concentration ranges (and 
algal wet-weight bioconcentration ranges and BAFs, L/kg) from four sampling sites for each of the 
three analytes were: TCS levels of <10–120 ng/L (<10–146 μg/L; BAFs nil-2100); MTCS levels of 
<5–80 ng/L (<5–89 μg/L; BAFs nil-1500); and TCC levels of <15–190 ng/L (<10–401 μg/L; BAFs 
nil-2700). 

Coogan and La Point (2008) extended these initial algal bioconcentration studies to examine 
snail (Helisoma trivolvis) bioaccumulation of TCS, MTCS, and TCC from the effluent outfall to 
Pecan Creek. Dissolved concentration ranges (and snail wet-weight bioconcentration level and 
BAFs) were: TCS level of 112 ng/L (58.7 μg/L; BAF 500); MTCS level of 41 ng/L (49.8 μg/L; 
1200); and TCC 191 ng/L (299 μg/L; 1600). Bioaccumulation of antimicrobials has been observed 
in other macroinvertebrates; adult grass shrimp accumulated MTCS after a 14-day exposure to 100 
μg/L TCS (Delorenzo et al. 2008). 

More recently, Mottaleb et al. (2009) reported mean (n = 11, ±SD) TCS levels at 21 ng/g (±4) in 
L. macrochirus (bluegill) from Pecan Creek, Texas. Although TCS was not detected in fi sh (Sonora 
sucker) collected from a relatively pristine location in the East Fork Gila River, New Mexico, TCS 
was detected at 12 ng/g in bluegill from Clear Creek, Texas, a regional reference site studied by 
Brooks et al. (2005) and Ramirez et al. (2007). This site does not receive point-source munici
pal effluent, but may be influenced by onsite wastewater. In the Mottaleb et al. (2009) study, fi sh 
samples examined from Pecan Creek were the same organisms analyzed previously for target APIs 
by Ramirez et al. (2007). 

The most in-depth controlled study of TCC involved its uptake from sediments by the fresh
water oligochaete L. variegatus (Higgins et al. 2009); depuration was also studied. TCC BSAFs 
were  calculated and determined empirically during a 56-day study. Sediment spiked with TCC  
maintained a constant (and environmentally relevant) concentration over 56 days (22.4 ± 7.6 μg/g 
dry weight); the TCC concentration in the surrounding water also maintained constant, at 820 ± 220 
ng/L. Uptake by L. variegatus was rapid, reaching a maximum of 1310 ± 60 μg/g lipid or 42 ± 2 μg/g 
wet weight at 5 days, after which levels began to decline. Bioaccumulation comported with predic
tions from conventional models. Depuration was rapid. After 21 days in clean sediment, the TCC 
concentration in L. variegatus had declined to 9.6 ± 0.3 μg/g lipid (0.31 ± 0.01 μg/g wet weight). The 
BSAF ([mass of sediment organic carbon]/[mass of tissue lipid organic carbon]) after 56 days was 
calculated as 1.6 ± 0.6. 

In a very rare study of higher-tropic-level aquatic wildlife, triclosan was measured for the fi rst 
time in a marine mammal—bottlenose dolphins (Tursiops truncatus) from two estuarine sites 
(Charleston, South Carolina, and Indian River Lagoon, Florida) (Fair et al. 2009). Both sites are 
influenced by discharged treated wastewaters. Blood-plasma levels of TCS for one site ranged from 
0.12 to 0.27 ng/g (with 4 of the 13 having levels exceeding the MDL of 0.033 ng/g), and for the other 
site ranged from 0.085 to 0.106 (with 3 of 13 having detectable levels). These are possibly the highest 
plasma levels yet reported for any aquatic organism. TCS levels in the respective waters for the two 
sites averaged 7.5 ng/L, with a maximum of 13.7 ng/L. 

8.2.6.11 Miscellaneous APIs 
In perhaps its first reported occurrence in fish from the wild, diazepam was quantified in liver 
samples from 10 hornyhead turbot (Pleuronichthys verticalis) collected near MWTP ocean dis
charges in southern California (Kwon et al. 2009). The levels in five females ranged from 23 to 
45 ng/g (wet weight) and in five males from 58 to 110 ng/g (wet weight); EE2, CBZ, simvastatin, and 
oxybenzone were also targeted but not detected. 

Malachite green is a multiuse chemical. Although it has useful properties in aquaculture, its use 
in food is prohibited worldwide (see Sudova et al. 2007); nonetheless, it still experiences clandes
tine use in aquaculture and can be used legally for ornamental fish. Because it is a chromophore, it 
also has a variety of other commercial uses unrelated to veterinary medicine—particularly as a dye. 
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Malachite green bioconcentrates readily in the lipid of aquatic organisms, primarily as its metabo
lite leuco malachite green, which occurs at a ratio of 5–7:1. It persists in tissues, being found in the 
highest concentration in the liver. Schuetze et al. (2008) documented the occurrence of malachite 
green in the European eel (Anguilla anguilla L.) from lakes, rivers, and a canal in Berlin, Germany. 
Total concentrations of malachite green and the leuco form ranged up to 0.765 μg/kg (wet weight) in 
25 of the 45 eels collected. Exposure was concluded to result from treated sewage. Although some 
of the bioconcentrated residue may have come from the use of malachite green for illegal and legal 
treatment of fish, an unknown but possibly large portion undoubtedly resulted from other commer
cial uses, such as dyed textiles. 

8.2.6.12 API Disinfection By-Products (DBPs) and Metabolites 
Chlorination of either drinking water or wastewater containing steroids is known to produce mono-
and di-chlorinated products of varying estrogenic activity. Little has been published on DBPs from 
APIs. In the presence of bromide, which often occurs in surface waters and wastewaters, multiply
brominated analogs can be formed (Lu and Korshin 2008). In particular, Lu and Korshin (2008) 
demonstrated the formation of stable dibromo-EE2. Buth et al. (2007) identified a number of prod
ucts from the reaction of cimetidine with chlorine; Dodd and Huang (2004) identified products from 
sulfamethoxazole; and DellaGreca et al. (2009) identified various chlorinated and nonchlorinated 
products from atenolol. Similarly, Nakamura et al. (2007) identified a number of chlorinated estrones. 
The bioaccumulative potential for these reaction products is unknown. Similar issues surround the 
complex array of potential metabolites and other transformation products from parent APIs; many 
examples are reviewed by Farré et al. (2008) and by Kosjek and Heath (2008). Little work has been 
published on the possible metabolites from aquatic organisms. The recent work of Mehinto et al. 
(2010) revealed some possible metabolites from diclofenac in fi sh. 

Despite an increasing number of studies on API DBPs and other transformation products, there 
are very few studies regarding their uptake by aquatic organisms. In one of the only such studies, 
roach (R. rutilus) were exposed for 5 days in an aquarium filled with drinking water and spiked 
with EE2 at a nominal concentration of 30 ng/L; the measurable concentration in the test situation, 
however, was below the limit of detection (0.6 ng/L) (Flores and Hill 2008). EE2 was found to be 
rapidly brominated (yielding mono- and di-brominated EE2). Di-brominated EE2 (but no detect
able mono-brominated EE2) accumulated in the ovaries and liver to levels 18- to 67-fold greater 
than the parent EE2. Concentrations (ng/g wet weight) of EE2 and dibromo-EE2 detected were: liver 
(EE2: 2.7 and dibromo-EE2: 92.3) and ovaries (EE2: 0.2 and dibromo-EE2: 2.3), yielding a BCF for 
the ovaries of 130 and for the liver of 7894. 

8.2.7 UPTAKE BY AQUATIC PLANTS AND AERIAL INVERTEBRATES 

The uptake of APIs by plants and algae, which compose an important part of the aquatic food chain, 
might prove a significant part of dietary exposure. Indeed, uptake of APIs by certain plants is so 
efficient that they have been evaluated for in-situ phytoremediation of contaminated waters and  
sediments (e.g., Forni et al. 2002). Plant uptake has been particularly germane to aquaculture sites. 

A discrete body of work has been published on the uptake of APIs by aquatic plants. The aquatic 
bryophyte Fontinalis antipyretica is known to bioconcentrate metals, pesticides, and PAHs and 
has therefore been used in situ as a bioindicator for integrative monitoring. A study of the uptake 
of three antibiotics widely used in aquaculture (OA, flumequine, and OTC) showed BCFs rang
ing from 75 (flumequine) to 450 (OTC) (Delepee et al. 2004). These antibiotics had mean tissue 
residence times of 18 and 59 days. The study was conducted at relatively high concentrations of 
100 and 1000 ppb. BCFs were higher at the lower concentrations and were an inverse function of 
Kow—increasing according to ionization instead of lipophilicity. 

In a study of transpiration stream concentration factors (TSCFs) versus polarity, Dettenmaier 
et al. (2009) showed that polar but nonionizable, highly water soluble organic compounds can be 
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easily taken up by plant roots and translocated to shoot tissue. Studies on uptake of APIs by plants 
(primarily bryophyte) have generally revealed rather high levels, and sometimes the source was 
not necessarily related to aquaculture, as upstream samples have at times shown similar levels. 
Pouliquen et al. (2009) examined bryophytes as biomonitors downstream of aquaculture and sew
age. They reported maximum tissue concentrations (ng/g) for OA (47), flumequine (~600), OTC 
(1200), and fl orfenicol (513). 

Migliore et al. (2000) exposed an aquatic weed (Lythrum salicaria L.) to fl umequine. After 
35 days, the dry-weight tissue concentrations were in the ppm range: 13.3, 8.7, 0.7, 0.3, and 0.2 μg/g at 
flumequine aqueous concentrations of 5000, 1000, 500, 100, and 50 μg/L, respectively. Exposure 
of an aquatic fern (Azolla filiculoides Lam.) to sulfadimethoxine for 5 weeks at concentrations 
of 50, 150, 300, and 450 mg/L resulted in uptake at the mg/g dry-weight level (1000 ppm) (Forni 
et al. 2002). Typha was shown to rapidly absorb clofibric acid at 20 μg/L, removing more than 
50% within 48 h (Dordio et al. 2008). 

Redshaw et al. (2008) recently used a Brassicaceae (cauliflower) model to examine fl uoxetine 
uptake by plants. Following a 12-week exposure to 280 μg/L fluoxetine in growth media, fl uoxetine 
concentrations were higher in the stems (0.49 μg/g wet weight) than in leaf tissues (0.26 μg/g wet 
weight) of Brassicaceae. This study did not examine steady-state tissue levels of fl uoxetine; this is 
important because fluoxetine is photolabile and should have degraded over the 12-week study period 
(Redshaw et al. 2008). However, presence of low μg/g-levels of fluoxetine suggest bioconcentra
tion, which did not correlate with lipid content in leaf and stem tissues of Brassicaceae. Although 
cauliflowers are terrestrial plants and this study was specifically interested in estimating potential 
fluoxetine uptake in terrestrial plants exposed to biosolid-amended soils, it suggests that fl uoxetine 
accumulation by nonrooted aquatic macrophytes such as Lemna sp. should be considered (Redshaw 
et al. 2008). 

Coexposure to APIs will often occur with varying nutrient ratios and stoichiometries. Nutrient 
enrichment was previously demonstrated to influence the magnitude of triclosan toxicity to 
L. gibba, for both traditional morphometric endpoints (Fulton et al. 2009) and nontraditional 
responses, such as internal C:N:P and nitrate uptake kinetics (Fulton et al. 2010). Because nutrient 
stoichiometry can also influence internal lipid metabolism and concentrations in plants and algae, 
site-specific nutrient enrichment differences may result in differential bioconcentration of APIs 
(Fulton et al. 2010). 

The potential for trophic transfer of APIs out of the aquatic realm was recently shown by Park 
et al. (2009). EE2 was determined in aerial invertebrates (primarily Diptera) whose larval stages 
develop in STP percolating filter beds. EE2 concentrations in insects captured near STPs were sig
nificantly higher than in those over 2 km away. The median EE2 tissue concentration was 42 ng/g 
(with the 75th percentile 140 ng/g) from insects near the STPs, compared with a median level of less 
than 3 ng/g (and 9 ng/g 75th percentile level) detected in the insects more distant from the STPs. 
Further transfer to insectivorous bats and birds was postulated. Rough calculations estimated that 
daily exposure to EE2 for bats feeding on insects near the STPs could range from 9 to 159 ng/g. 

8.2.8 MULTIANALYTE STUDIES 

Studies that target multiple APIs to gauge ambient exposure are indeed rare. The recent study of 
Schultz et al. (2010) targeting 10 antidepressants (including two metabolic/transformation products) 
was discussed earlier. The first and most comprehensive multianalyte study to date on fish tissue was 
by Ramirez et al. (2007). From a target list of 23 APIs and 2 metabolites, only four were reported as 
being detected. Fish (Lepomis sp.) were sampled in Texas from an effluent-dominated stream (n = 11) 
and from another creek (n = 20) that served as reference. The four APIs were detected in muscle 
from all samples in the study site. The range (and mean; ng/g wet weight) were: diphenhydramine 
[0.66–1.32 (0.96)]; diltiazem [0.11–0.27 (0.21)]; CBZ [0.83–1.44 (1.16)]; and norfl uoxetine [3.49–5.14 
(4.37)]. This is the first report of diphenhydramine, diltiazem, and CBZ in wild fi sh. 
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With impetus provided by the Brooks et al. (2005) study, the U.S. EPA initiated the National 
Pilot Project of pharmaceuticals and PCPs (PPCPs) in Fish Tissue (U.S. EPA 2008a), which repre
sents the first national-scale reconnaissance study of PPCPs in fish tissue (Ramirez 2007, Ramirez 
et al. 2009). Sample collection and processing procedures followed approaches previously used  
during the U.S. EPA’s National Study of Chemical Residues in Lake Fish Tissue. Analytical meth
ods for PPCPs in the National Pilot Project employed approaches previously developed by Ramirez 
et al. (2007) and Mottaleb et al. (2009). Because effluent-dominated and effl uent-dependent ecosys
tems represent worst-case scenarios for API exposure (Brooks et al. 2006), fi ve effl uent-dominated 
river systems were selected for study: Phoenix, AZ; Orlando, FL; Chicago, IL; West Chester, PA; 
and Dallas, TX. The Gila River, NM was selected as a reference site for this study. Ramirez et al. 
(2009) targeted 25 APIs/metabolites in the fillets and livers from wild-caught fi sh: acetaminophen, 
atenolol, caffeine, CBZ*, cimetidine, clofibric acid, codeine, diltiazem*, 1,7-dimethylxanthine, 
diphenhydramine*, erythromycin, fl uoxetine*, gemfibrozil*, ibuprofen, lincomycin, metoprolol, 
miconazole, norfluoxetine*, propranolol, sertraline*, sulfamethoxazole, thiabendazole, trimetho
prim, tylosin, warfarin. The four shown in italics had MDLs below 1 ng/g. The seven with asterisks 
were detected in multiple fish from multiple locations. Of these seven that were detected, three had 
the lowest MDLs (CBZ, diltiazem, and diphenhydramine) in both fillet (less than 1 ng/g) and liver 
(less than 2 ng/g), while only two (fluoxetine and gemfibrozil) were among those with the highest 
MDLs (greater than 6 ng/g in fillet and 12 ng/g in liver). Of the seven APIs with the highest MDLs, 
only one (gemfibrozil) was detected. 

At only one of the five sites, receiving effluent from a sewage treatment facility using tertiary 
treatment, none of the target APIs was detected in the fillet from any fish; also no API was detected 
in any fish from a nonimpacted reference site. All of the seven APIs detected among the 25 targeted 
APIs were detected in fish from only one site, which received effluent from secondary treatment. 
Mean concentrations in fillet for all the detected APIs were generally less than 3 ng/g and ranged 
from 0.04 to 11 ng/g. The majority of the mean concentrations in liver for all the detected APIs 
were generally greater than 6 ng/g and ranged from 0.03 to a high of 380 ng/g (sertraline). Except 
for one site where fl uoxetine was found in fillet but not in liver (and where the liver also contained 
substantially more norfluoxetine), the API concentrations in livers were always larger—by several 
fold or by over one order of magnitude. Of significance, API concentrations did not correlate with 
lipid content—a finding shared with other published studies. 

Another study targeted five APIs during the course of ground truthing a new in vivo tissue sam
pling method using implanted solid-phase microextraction (SPME) fibers (Zhou et al. 2008). The tar
geted APIs were the ones previously reported by Ramirez et al. (2007): diltiazem, diphenhydramine, 
CBZ, and norfl uoxetine. Under controlled exposure conditions, rainbow trout (O. mykiss) gave BCFs 
for CBZ in muscle after 7- and 14-day exposures of 0.44 and 0.22, respectively. Significantly, free and 
total tissue levels after 14 days were lower than those after 7 days. The authors postulated that CBZ 
metabolism was upregulated during the exposure time. The bioconcentration of fl uoxetine differed 
markedly. While the respective free concentrations in muscle after 7 and 14 days of exposure were 
only 0.30 and 0.65 times those in the aqueous media, the BCFs for total fluoxetine in muscle were 62 
and 84, respectively. The same approach was used for determining muscle levels of free API in wild 
fish captured from streams that received treated sewage. These are the only reports of “free” APIs in 
aquatic tissues. In the wild fish, only diltiazem and diphenhydramine were detected. Free diltiazem 
muscle concentrations were 2.04 and 5.69 pg/g in the white sucker (C. commersoni) and Johnny darter 
(Etheostoma nigrum), respectively. Free diphenhydramine concentrations were 32.0 and 81.6 pg/g for 
white sucker and Johnny darter, respectively. These concentrations are several orders of magnitude 
lower than the conventional “total” levels reported by all previous investigations. 

A more recent study (Fick et al. 2010), which was built on previous efforts by Brown et al. 
(2007), exposed rainbow trout to final treated effluent for 14 d at three different sites in Sweden 
(Umeå, Stockholm, and Gothenburg). Of the 25 API analytes targeted, 16 were detected in fi sh 
plasma (sampled from at least one study location) at levels exceeding one-thousandth of their  



 
 

 
  

 

 
 

 
 

 
 

 
 
 

 
 

TABLE 8.4 
Summary of Bioconcentration Data for APIs in Aquatic Tissues 

APIs Studied in 
Wild Specimens 
(Controlled In Situ 
Studies Indicated 
by Asterisk*) 

Bupropion 

Citalopram 

Fluoxetine 

Maximum 
Concentration in 
Wild Specimens 

(μg/kg) (Controlled Historical 
Studies Indicated Precedence in 

by Asterisk*) Literature Notes 

Antidepressants 
0.013–0.07 brain Probably 1st 

report 

0.57 plasma	 Possibly 1st 
report 

0.01–0.07 brain	 Probably 1st 
report 

1.58 brain Probably 1st 
1.34 liver	 reports 

Detected in samples from 5 of 8 
streams; upper range = 0.348 
ng/g. Water = 20–50 ng/L. 

Sharks. 

Detected in samples from 4 of 8 
streams; upper range = 0.212 
ng/g. Water = 4.5–70 ng/L. 

Lowest concentrations in 
muscle. Empirical BCFs up to 
260 for body and 3100 for 
liver (Nakamura et al. 2008); 
but BCF for “free” fl uoxetine 
less than unity (Zhou et al. 
2008). Controlled exposure to 
0.55 g/L gave peak 
concentration of 49 μg/kg 
tissue (Paterson and Metcalfe 
2008). 

Detected in samples from 6 of 8 
streams; upper range = 1.6 
ng/g. Water = 1–9 ng/L. 

Reference 

Schultz et al. 
(2010) 

Gelsleichter 
(2009) 

Schultz et al. 
(2010) 

Brooks et al. 
(2005) [also 
Chu and 
Metcalfe (2007)] 

Schultz et al. 
(2010) 

continued 

0.02–0.6 brain 
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respective human plasma levels associated with therapeutic dose (Cmax). One of these 16 APIs of 
particular significance was the synthetic progestin levonorgestrel—at plasma levels of 8.5 and 12 ng/ 
mL, a level 4-fold greater than human plasma Cmax. This plasma level of levonorgestrel represented 
an empirical BCF of 12,000, which was 200-fold higher than the predicted BCF. Such approaches 
for relating internal-dose API exposures to potential effect thresholds are explored further below. 

Finally, the study of Kwon et al. (2009), as discussed earlier, targeted five APIs: EE2, diazepam, 
CBZ, simvastatin, and oxybenzone. Only the first two, however, were detected in liver samples from 
hornyhead turbot (P. verticalis) from southern California. 

8.2.9 SUMMARY OF PUBLISHED DATA 

Much of the data for APIs/metabolites and related DBPs in this chapter on aquatic tissue-levels and 
BCFs/BAFs compiled from the published literature is summarized in Table 8.4. Included in the 
table is an indication of historical precedence—whether the data were the first to be reported; most 
of the data are “firsts,” revealing that the depth of the published data in terms of repeated measure
ments is very shallow. 



 

Maximum  
APIs Studied in   Concentration in 
Wild Specimens  Wild Specimens  
(Controlled In Situ  (μg/kg) (Controlled  Historical 

Studies Indicated  Studies Indicated  Precedence in 

by Asterisk*) by Asterisk*) Literature
 Notes Reference 

Norfl uoxetine 10.27 liver Probably 1st Lowest concentrations in muscle.  Brooks et al. 
8.86 brain reports Controlled exposure to 0.55  (2005) [also 

 ng/L of fluoxetine gave peak  Chu and 
concentration of 64 μg/kg tissue  Metcalfe (2007)] 
(Paterson and Metcalfe 2008). 

0.07–0.9 brain Detected in samples from 5 of 8 Schultz et al. 
streams; upper range = 3.6 (2010) 
ng/g. Water = 0.9–4 ng/L. 

Paroxetine 0.58 whole body Probably 1st Chu and Metcalfe 
report (2007) 

0.005–1.8 brain Detected in samples from 6 of 8 Schultz et al. 
streams; upper range = 4.2 (2010) 
ng/g. Water = 2–4 ng/L. 

Sertraline 4.27 brain Probably 1st Lowest concentrations in Brooks et al. 
3.59 liver reports muscle. (2005) 
1.1–1.2 plasma Fish exposed to treated sewage Fick et al. (2010) 

 effluent; 2 of 3 sites in 
Sweden; BCF > 138–240 
(predicted = 959). 

Norsertraline 15.6 brain Probably 1st Lowest concentrations in Brooks et al. 
12.94 liver reports muscle. (2005) 
0.01–3 brain Detected in samples from 7 of 8 Schultz et al. 

streams; upper range = 28.9 (2010) 
ng/g. Water = 1.1–6 ng/L. 

0.01–0.02 brain Detected in samples from 3 of 8 Schultz et al. 
streams; upper range = 0.113 (2010) 
ng/g. Water = 0.8–4 ng/L. 

Venlafaxine 0.32 plasma Possibly 1st Sharks. Gelsleichter 
report (2009) 

0.02–0.1 brain Detected in samples from 2 of 8 Schultz et al. 
streams; upper range = 1.12 (2010) 
ng/g. Water = 102–220 ng/L. 

NSAIDs 
Diclofenac 12 plasma Probably 1st BCF = 5. First report of  Brown et al. 

report bioconcentration (under  (2007) 
controlled conditions) gave mg/ 

 kg concentrations in liver and 
kidney, with BCFs of nearly  
3000 [Schwaiger et al. (2004)]. 

2.2–20 plasma Fish exposed to treated sewage Fick et al. (2010) 
 effluent; 3 of 3 sites in Sweden; 

BCF = 2.5–29 (predicted = 93). 

328 bile Probably 1st 21-day exposure of trout to Mehinto et al. 
report in bile 0.5 ng/mL; BCF = 657. (2010) 

318 Environmental Contaminants in Biota 

TABLE 8.4 (continued)
 
Summary of Bioconcentration Data for APIs in Aquatic Tissues
 



 

 

 

 
 

 

 
 

 
 

 
 
 

 
 

319 Active Pharmaceutical Ingredients and Aquatic Organisms 

TABLE 8.4 (continued)
 
Summary of Bioconcentration Data for APIs in Aquatic Tissues
 

Maximum 
APIs Studied in Concentration in 
Wild Specimens 
(Controlled In Situ 
Studies Indicated 

Wild Specimens 
(μg/kg) (Controlled 
Studies Indicated 

Historical 
Precedence in 

by Asterisk*) by Asterisk*) Literature Notes Reference 

Ibuprofen 84 plasma Possibly 1st BCF = 18,667. Brown et al. 
report (2007) 

5.5–102 plasma Fish exposed to treated sewage Fick et al. (2010) 
effluent; 3 of 3 sites in 
Sweden; BCF = 21–58 
(predicted = 77). 

Ketoprofen Undetected Probably 1st Did not bioconcentrate. Brown et al. 
attempted (2007) 
analysis 

15–107 plasma Probably 1st Fish exposed to treated sewage Fick et al. (2010) 
report effluent; 3 of 3 sites in 

Sweden; BCF = 3.5–48 
(predicted = 20). 

Naproxen 14 plasma Probably 1st BCF = 56. Brown et al. 
report (2007) 

33–46 plasma Fish exposed to treated sewage Fick et al. (2010) 
effluent; 3 of 3 sites in 
Sweden; BCF = 22–28 
(predicted = 24). 

Lipid Regulators Calculated BCFs for a number of fibrates and statins are provided by Hernando et al. (2007); 
values ranged 120–380 for clofi brate, fenofibrate, lovastatin, and mevastatin, but higher for 
simvastatin (800) and fl uvastatin (2000). 

Gemfibrozil 210 plasma Probably 1st BCF = 199. Plasma Brown et al. 
report concentration of 170 μg/L (2007) 

yielded a BCF of 500 after 
controlled exposure to 0.34 
μg/L (Mimeault et al. 2005). 

�-Blockers Not detected in studies of 
Brooks et al. (2005) and 
Brooks (unpublished data). 

Atenolol* 51 plasma* Probably 1st Controlled exposure to Winter et al. 
report (for 3.2 mg/L. Calculated BCF (2008) 
controlled diminishingly low (Cleuvers 
exposure) 2005). 

Propranolol* 5 plasma* Probably 1st Controlled exposure to 10 mg/L Owen et al. 
report (for for 10 days. (2007; also 
controlled unpublished 
exposure) data) 

Fungicides 
Nine triazoles* 500–1000 body Probably 1st Exposed via feed at Konwick et al. 

lipid* report (for concentrations of (2006) 
controlled 23–35 mg/kg w/w. 
exposure) 

continued 
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TABLE 8.4 (continued) 
Summary of Bioconcentration Data for APIs in Aquatic Tissues 

Maximum 
APIs Studied in Concentration in 
Wild Specimens Wild Specimens 
(Controlled In Situ (μg/kg) (Controlled Historical 
Studies Indicated Studies Indicated Precedence in 
by Asterisk*) by Asterisk*) Literature Notes Reference 

Macrocyclic Residues well-established as See overview: 
Lactones occurring in liver and lipids. Danaher et al. 
(avermectins) (2006). 

Abamectin* 38.29 muscle* Controlled 22-d exposure to Shen et al. (2005) 
1 μg/L; BCF = 42. 

Avermectin B1a* 6.8, 3.0, and 11* in One of earliest Controlled 28-d exposure to Van den Heuvel 
whole fi sh, fi llet, reports for 1 μg/L; BCFs of 56, 28, and 84. et al. (1996) 
and viscera controlled 

exposure 

Steroids Considerable data exist on See overview: 
uptake of endogenous Tyler et al. 
estrogens under controlled in (2008). 
situ conditions (not 
summarized here). 

EE2 1100 bile Perhaps 1st 4-week exposure in effl uent- Larsson et al. 
bioconcentration dominated stream; controlled (1999) 
study 46-h exposure to 5 μg/L gave 

350,000 μg/L in bile; 
bioconcentration is in the 
range of 4–6 orders of 
magnitude. 

3.79 plasma Juvenile sharks in wild. Gelsleichter 
(2009) 

EE2* 31 tissue* Perhaps the fi rst Lifecycle/posthatch exposure to Lange et al. 
full life-cycle 64 ng/L. BCFs probably less (2001) 
bioconcentration than 500–2400. No detectable 
study of EE2 residues after exposure to 

1 ng/L. 

32–40 (E2eq) bile* Also detected in testes and Gibson et al. 
ovaries. (2005a) 

EE2 dibrominated* 92.3 liver* Perhaps 1st study Roach exposed for 5 days to Flores and Hill 
2.3 ovaries* (controlled) drinking water with (2008) 

targeted at API measurable EE2 of 0.6 ng/L. 
DBPs Accumulated concentrations 

18–67 greater than those 
measured for EE2. BCFs 7894 
(liver) and 130 (ovaries). 

Levonorgestrel 8.5–12 plasma Probably 1st Fish exposed to treated sewage Fick et al. (2010) 
report effluent; 2 of 3 sites in 

Sweden; BCF = 12,000 
(predicted = 46). 

Testosterone* 80 plasma* 6-day exposure to 1 μg/L; Maunder et al. 
plasma levels dropped quickly (2007) 
upon cessation of exposure. 
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TABLE 8.4 (continued)
 
Summary of Bioconcentration Data for APIs in Aquatic Tissues
 

Maximum 
APIs Studied in Concentration in 
Wild Specimens Wild Specimens 
(Controlled In Situ (μg/kg) (Controlled Historical 
Studies Indicated Studies Indicated Precedence in 
by Asterisk*) by Asterisk*) Literature Notes Reference 

Equilenin* Probably 1st BCF = 2.2 × 106 Tyler et al. (2009) 
report (for 
exposure to 
treated sewage) 

17β 30–40 (E2eq) bile* Probably 1st BCF = 1.5 × 106 Gibson et al. 

Dihydroequilenin* report (for (2005a, 2005b) 
exposure to 
treated sewage) 

Antibiotics Considerable data exist for tissue levels resulting from the high exposures used in aquaculture. 
Some data exists from controlled studies that simulate the indirect exposure that might occur for 
organisms in the vicinity of an aquaculture operation. See text for discussion. 

Miscellaneous 
Carbamazepine 2.5 plasma* Perhaps 1st 24-h exposure to 200 μg/L; Huggett et al. 
(CBZ) report (for BCF < 1. (2004) 

controlled 
exposure) 

0.3–1.0 plasma Fish exposed to treated sewage Fick et al. (2010) 
effluent; 3 of 3 sites in 
Sweden; BCF = 0.8–4.2 
(predicted = 6). 

0.83–1.44 muscle 1st report in wild 11 specimens from effl uent- Ramirez et al. 
fi sh dominated stream. (2007) 

129,000* crustacean Trophic-level Concentration on basis of dried Lajeunesse et al. 
transfer weight; fed algae that had been (2009) 

exposed to CBZ. 

None detected in Exposed to 19 ppm. Andreozzi et al. 
algae (2002) 

Cilazapril 0.1–0.7 plasma Possibly 1st Fish exposed to treated sewage Fick et al. (2010) 
report effluent; 2 of 3 sites in 

Sweden; BCF > 100–700 
(predicted = 6). 

Diazepam 23–110 liver Possibly 1st CBZ and simvastatin also Kwon et al. 
report targeted but not detected. (2009) 

Diltiazem 0.11–0.27 muscle 1st report in wild 11 specimens from effl uent- Ramirez et al. 
fi sh dominated stream. (2007) 

0.002–0.0056 1st report of Zhou et al. (2008) 
muscle “free” 

concentrations 
in wild 

0.9 plasma Fish exposed to treated sewage Fick et al. (2010) 
effluent; 1 of 3 sites in 
Sweden; BCF = 24–139 
(predicted = 14). 

continued 



 

TABLE 8.4 (continued)
 
Summary of Bioconcentration Data for APIs in Aquatic Tissues
 

Maximum  
APIs Studied in   Concentration in 
Wild Specimens  Wild Specimens  
(Controlled In Situ  (μg/kg) (Controlled  Historical 
Studies Indicated  Studies Indicated  Precedence in 
by Asterisk*) by Asterisk*) Literature Notes Reference 

Diphenhydramine 0.66–1.32 muscle 1st report in wild 11 specimens from effl uent Ramirez et al. 
fi sh dominated stream. (2007) 

0.032–0.082 muscle 1st report of Zhou et al. (2008) 
“free” 
concentrations 
in wild 

Haloperidol 1.2 plasma Possibly 1st Fish exposed to treated sewage Fick et al. (2010) 
report  effluent; 1 of 3 sites in 

Sweden; BCF = 3.2 (predicted 
= 153). 

Meclozine 0.1–0.7 plasma Possibly 1st Fish exposed to treated sewage Fick et al. (2010) 
(meclizine) report  effluent; 2 of 3 sites in 

Sweden; BCF > 200–1400 
(predicted = 2521). 

Memantine 2.3 plasma Probably 1st Fish exposed to treated sewage Fick et al. (2010) 
report  effluent; 1 of 3 sites in 

Sweden; BCF < 50–164 
(predicted = 36). 

Orphenadrine 0.9 plasma Probably 1st Fish exposed to treated sewage Fick et al. (2010) 
report  effluent; 1 of 3 sites in 

Sweden; BCF < 63–100 
(predicted = 61). 

Oxazepam 0.2–0.7 plasma Probably 1st Fish exposed to treated sewage Fick et al. (2010) 
report  effluent; 3 of 3 sites in 

Sweden; BCF = 0.7–3.6 
(predicted = 7). 

Risperidone 0.3–2.4 plasma Probably 1st Fish exposed to treated sewage Fick et al. (2010) 
report  effluent; 3 of 3 sites in 

Sweden; BCF > 60–480 
(predicted = 47). 

Tramadol 1.1–1.9 plasma Probably 1st Fish exposed to treated sewage Fick et al. (2010) 
report  effluent; 3 of 3 sites in 

Sweden; BCF = 2.3–3.3 
(predicted = 20). 

Verapamil 0.7 plasma Probably 1st Fish exposed to treated sewage Fick et al. (2010) 
report  effluent; 1 of 3 sites in 

Sweden; BCF < 33–175 
(predicted = 40). 

Triclosan, TCS: 5-chloro-2-(2,4-dichlorophenoxy)phenol 
Methyl triclosan, MTCS: 4-chloro-1-(2,4-dichlorophenoxy)-2-methoxybenzene 
Triclocarban TCC: N-(4-chlorophenyl)-N′-(3,4-dichlorophenyl)urea 

TCS 0.61–10.4 plasma 1st report in U.S. Detected in all 13 species Alaee et al. 
surveyed. (2003) 
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Maximum  
APIs Studied in   Concentration in 
Wild Specimens  Wild Specimens  
(Controlled In Situ  (μg/kg) (Controlled  Historical 
Studies Indicated  Studies Indicated  Precedence in 
by Asterisk*) by Asterisk*) Literature Notes Reference 

0.75–10.0 plasma 13 species from Detroit River. Valters et al. 
MCTS levels 0.0004–0.013 (2005) 
μg/kg, 3 orders of magnitude 
lower. 

85–270 plasma 1st report in Detected in 7 of 26 dolphins. Fair et al. (2009) 
marine Possibly highest plasma level 
mammal reported for any aquatic 

organism. 

240 to 4400 bile Possibly 1st Adolfsson-Erici 
report (in bile et al. (2002) 
of wild fi sh) 

14,000–80,000 bile The Netherlands Houtman et al. 
(2004) 

35 whole body; 365 Swiss lakes Balmer et al. 
lipid (2004) 

21 whole body Mottaleb et al. 
(2009) 

146 algae whole 1st report in Algal BAF: <2100 Coogan et al. 
body snail Snail BAF: 500 (2007) 

58.7 snail whole Coogan and La 
body Point (2008) 

TCS—halogenated 0.5–13 whole body 1st report of 3- and 5-chloromethoxy TCS; Leiker et al. 
analogs halogenated 3,5-dichloromethoxy TCS; (2009) 

products unidentifi ed bromomethoxy 
TCS; detected in 21–76% of 
29 carp from Las Vegas Bay. 

MTCS 38 whole bodies 1st report Miyazaki et al. 
(1984) 

0.1–13 whole Monitoring study of multiple Samsøe-Petersen 
bodies species at 12 locations in et al. (2003) 

Sweden. 

600 whole body; Detected in all 29 carp from Las Leiker et al. 
7000 lipid Vegas Bay. TCS not detected. (2009) 

BCF = 1.8 × 105. 

0.0004–0.0132 1st report in U.S. Detected in all 13 species Alaee et al. 
plasma surveyed. (2003) 

30 muscle 10-year retrospective study of Boehmer et al. 
breams. MTCS was always (2004) 
detected, but TCS was rarely 
present. 

130–2100 muscle Seven Swiss rivers Buser et al. 
(2006) 

continued 
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TABLE 8.4 (continued)
 
Summary of Bioconcentration Data for APIs in Aquatic Tissues
 



 

 

 
 

   

  

 

 

 

Maximum  
APIs Studied in   Concentration in 
Wild Specimens  Wild Specimens  
(Controlled In Situ  (μg/kg) (Controlled  Historical 
Studies Indicated  Studies Indicated  Precedence in 
by Asterisk*) by Asterisk*) Literature Notes Reference 

4–233 lipid Swiss lakes Balmer et al. 
(2005) 

89 algae whole body 1st report in Algal BAF: <1500 Coogan et al. 
49.8 snail whole snail Snail BAF: 1200 (2007) 
body Coogan and La 

Point (2008) 

TCC 401 algae whole 1st report in any Algal BAF: <2700 Coogan et al. 
body organism Snail BAF: 1600 (2007) 

299 snail whole 1st report of Worm BSAF: ca 2 Coogan and La 
body BSAF Point (2008) 

42,000 worm whole Higgins et al. 
body* (2009) 
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TABLE 8.4 (continued)
 
Summary of Bioconcentration Data for APIs in Aquatic Tissues
 

Considering the data for all APIs (excluding triclosan and its derivatives) on aquatic tissue 
levels or bioconcentration, the following can be noted. Only a handful of studies predate 2003. The 
concentrations for the majority of APIs range from 1 to 100 μg/kg regardless of tissue type. Those 
APIs showing higher concentrations include gemfibrozil and triazole fungicides. Most data are for 
controlled in situ exposures rather than for organisms sampled in the wild. Data for tissue levels 
in wild samples exist for roughly 21 APIs and metabolites. Data for controlled studies exist for 
about 9 APIs; the study of Fick et al. (2010) exposed fish to treated sewage effluent and quantifi ed 
an additional 10 unique APIs. Data for tissue levels exist for roughly 40 human APIs/metabolites 
(excluding antibiotics) but many are from single studies. Steroids are commonly quantifi ed as 
total (conjugates combined with free). Of the existing calculated empirical BCFs, except those for 
steroids, nearly all are lower than several thousand, most being lower than 100. More data exist 
for estrogens (especially endogenous estrogens) and triclosan (including MTCS and other deriva
tives) than for any other class of APIs; surprisingly, despite its high usage (similar to triclosan), 
very little data exists for triclocarban. MTCS, unlike TCS, does not concentrate in plasma. Tissue 
concentrations for both TCS and MTCS can exceed tens of thousands μg/kg, with BCFs up to the 
range of several million. 

8.3 FACTORS INFLUENCING EXPOSURE 

8.3.1 GENERAL CONSIDERATIONS 

It is important to keep in mind the difficulty in comparing BCFs between APIs (or even for a given 
API) or between species of fi sh and other aquatic organisms. The wide range of variables in Table 
8.3 can add tremendous variability to these values. But moreover, BCFs are reported on different 
bases, not just whole body; these include different tissues or on a wet-weight basis or on the basis 
of lipid content. They can also use empirical data generated by static (steady-state equilibration and 
nonsteady-state) or kinetic uptake measurements, as well as nominal exposure levels that span one 
or more orders of magnitude (sometimes exceeding the solubility, and other times the uptake rate is 
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the limiting factor, resulting in lower BCFs at higher exposures). These factors make it diffi cult to 
distill existing data into succinct generalizations. 

Various models have been developed in attempting to link aquatic tissue residues with biological 
effects. As an example, attempting to establish a more realistic measurable linkage of exposure with 
effects, the CBR concept holds that the whole-body concentrations across species does not vary 
wildly among chemical stressors sharing the same MOA for a given biological endpoint. The CBR 
is supposedly relatively consistent for a given endpoint, whether acute or chronic. Its appeal derives 
from the assumption that levels of chemical stressors internal to an organism more directly dictate 
receptor interaction than doses calculated from surrounding ambient concentrations. By the nature 
of its definition, CBR should be relatively independent of the stressor’s ambient concentration in the 
immediate aqueous environment. The CBR concept supposedly accounts for a measure that is more 
closely associated with the level of stressor that would actually interact with the receptor. However, 
in a critical examination of CBR by Barron et al. (2002), published data were not found to support 
the CBR concept among members from groups of chemicals sharing the same MOA; variability in 
correlation with effects was found to be as great as other measures such as ambient concentration. 
Many variables may be at work here. For example, it is not known whether bioaccumulated residues 
are readily bioavailable, or if rather, only the free residues are (e.g., Zhou et al. 2008). 

These issues, together with the many terms used in aquatic exposure (e.g., bioconcentration, bio
accumulation, biomagnification, bioavailability, and biomarkers) and exposure’s role in assessing 
aquatic health, are discussed in the comprehensive work of Geyer et al. (2000), Gobas and Morrison 
(2000), and van der Oost et al. (2003). What measure of stressor level experienced by an organism 
serves as the best surrogate for true dose remains elusive. Below we examine several important 
variables that may be critical for ecological risk assessments of APIs. 

8.3.2 SELECT SITE-SPECIFIC FACTORS INFLUENCING EXPOSURE 

8.3.2.1 Hydrology 
Effluent-dominated ecosystems may be defined as receiving systems in which more than 50% of 
the in-stream flow results from effluent discharges. Effluent-dependent conditions result seasonally 
when the in-stream flow of these receiving systems is entirely dependent on effluent discharges. In 
more arid or semiarid regions experiencing rapid urbanization, effluent-dominated or dependent 
conditions are common (Brooks et al. 2006). Examples of effluent-dominated large river systems 
include the Trinity River in Texas and the South Platt River in Colorado (Brooks et al. 2006). 
Prospective environmental assessments of APIs often include a default in-stream dilution factor 
of 10 when predicting expected environmental concentrations (Brooks et al. 2003), which are not 
representative or protective of effluent-dominated or dependent ecosystems. 

In an attempt to estimate effluent-dominated conditions in the United States, Brooks et al. (2006) 
examined information from the U.S. EPA on receiving system critical dilution limits included in 
the National Pollutant Discharge Elimination System (NPDES) program (U.S. EPA 1991). Under 
annual mean flow, it was estimated that less than 20% of discharges entered receiving systems with 
less than 10-fold dilution, but this value increased three fold to approximately 60% of in-stream 
dilution occurring at less than 10 fold during low flow conditions (e.g., 7Q10, the seven consecutive-
day lowest flow with a 10-year recurrence interval) (Brooks et al. 2006). 

The NPDES data summarized above was quite dated. New discharges or increased treatment 
demands on existing dischargers frequently result from increasing population growth. Thus, Brooks 
et al. (2006) examined a representative sample of NPDES permits (582) in U.S. EPA Region 6, 
which comprises the states of Arkansas, Louisiana, Oklahoma, New Mexico, Texas, and a number 
of Tribes. The minimum (or critical) dilution limit for a wastewater stream is the smallest degree of 
dilution that can avoid reasonable potential to exceed water quality criteria. Of the permits exam
ined during the late 1990s and early 2000s by U.S. EPA Region 6 staff, 58% included critical 
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dilution limits of >50%, suggesting effluent-dominated or dependent conditions under low fl ows. 
Critical dilution limits of 100%, indicating effluent-dependent conditions, were observed in 37% of 
permits evaluated (Brooks et al. 2006). 

As noted earlier, in-stream hydrology is an important consideration because effl uent-dominated 
conditions present worst-case locations for API exposures in developed countries. Daughton (2002) 
proposed the term “pseudopersistent” to describe the unique exposure scenarios to APIs in these 
ecosystems. Although APIs are designed to be stable enough to ensure parent stability through  
the manufacturing-distribution-prescription-treatment continuum, APIs are generally considered to 
have lower environmental persistence than conventional priority pollutants. However, human APIs 
(and ingredients from PCPs) may be unique compared with conventional contaminants because  
they can be continuously introduced via effluent to a receiving system (Daughton 2002). Under 
these conditions the half-lives of the compounds may exceed in-stream hydrologic retention times, 
increasing the effective exposure duration experienced by organisms residing in the receiving 
system (Ankley et al. 2007). Of course, increased effective exposure duration could also apply to 
other effluent contaminants in these scenarios. Unfortunately very little information is available for 
in-stream magnitude, frequency, and duration of exposure to APIs originated from any of numerous 
sources, so the influence of hydrology on “pseudopersistence” of APIs requires more study. 

8.3.2.2 Wastewater Treatment Technologies 
Though effluent-dominated or effluent-dependent conditions described earlier deserve particular 
attention for API exposures in developed countries, treatment capabilities of WWTPs discharging 
to these systems are likely to be relatively high because effluent dilution limits are generally more 
stringent to meet effluent quality goals (e.g., water quality criteria, whole effluent toxicity). An 
understanding of treatment capabilities for APIs has grown in recent years, though an understand
ing of site-specific loading of APIs will be influenced by a number of factors. The most comprehen
sive study to date was commissioned by American Water Works Association Research Foundation 
(Snyder et al. 2007). During this study, various treatment technologies were evaluated singularly 
and in combination for their efficiencies in removing select APIs, PCPs, and endocrine-disrupting 
compounds. 

Snyder et al. (2007) concluded that conventional processes for coagulation, fl occulation, 
sedimentation, and ultraviolet radiation (for disinfection) were largely ineffective for many of the 
target analytes examined, including a number of APIs. More advanced treatment technologies such 
as reverse osmosis, activated carbon, advanced oxidation processes, and nanofiltration were con
sidered relatively highly effective for target analytes, though API structural properties infl uenced 
treatability among tested technologies (Snyder et al. 2007). This study highlighted the importance 
of understanding ecological risk from specific APIs prior to making risk-based management deci
sions (U.S. EPA 1999), because risk mitigation technologies such as advanced treatment processes 
for APIs may be cost-prohibitive for municipal dischargers. 

In developing countries, however, advanced WWTP technologies might not be employed, regu
latory guidelines not be developed, or enforcement of regulations may not be as prevalent as in the 
developed world. A recent study by Larsson et al. (2007) examined select APIs in effluent from a 
WWTP in Patancheru, India. This WWTP was reported to primarily receive infl uent wastewater 
from approximately 90 pharmaceutical manufacturers. Although isotope dilution was not employed 
and extraction efficiencies were not reported in this screening study, high levels of several APIs were 
reported in grab samples collected on two consecutive days, ranging from 90 (ranitidine) to 31,000 
(ciprofloxacin) μg/L. Further, 21 of 59 target pharmaceuticals were reported earlier to be 1 μg/L 
(Larsson et al. 2007). Levels of most of these APIs represent the highest concentrations reported 
in the peer-reviewed literature, highlighting the importance of understanding site-specifi c ecolog
ical exposure and risks in less developed countries. A follow-up study (Fick et al. 2009) revealed 
concentrations of APIs surface- and well-water levels that may be the highest yet reported in the 
ambient environment—above the ppm (mg/L) level. Lakes receiving treated wastewater effl uent 
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contained ppm levels of three fluoroquinolone antibiotics (ciprofl oxacin, norfloxacin, and enoxa
cin) and cetirizine, an antihistamine. These studies show that in special cases, aquatic exposure 
levels have the potential to reach concentrations that exceed human plasma levels achieved during 
 therapeutic treatment. 

8.3.3 SITE-SPECIFIC PH AND API PKA 

Many APIs are weak acids or weak bases. Because these compounds are ionizable, their pKa and 
the pH of the medium influence the proportion of the molecules present in a nonionized form. The 
nonionized/ionized ratio of an API in a matrix (e.g., body compartment) is an important consid
eration in pharmacology and toxicology—influencing absorption and disposition profi les of APIs 
following dosage in target organisms (Klaassen and Watkins 2003). As noted earlier, additional 
uptake mechanisms are possible for APIs, but the nonionized form of a drug is more nonpolar and 
thus considered to passively cross membranes more readily than the ionized form of an API (Kah 
and Brown 2008). Such observations for APIs are included in physiological-based pharmacokinetic 
models, which are discussed in greater detail later. 

For conventional contaminants, such as pentachlorophenol and ammonia, the more nonion
ized form is believed to be more bioavailable and toxic to aquatic life. Subsequently, the U.S. 
EPA developed National Ambient Water Quality Criteria for ammonia (U.S. EPA 1985) and 
pentachloro phenol (U.S. EPA 1986) that incorporate adjustment factors for site-specifi c differ
ences in pH. Similarly, the nonionized forms of APIs are likely more bioavailable and potentially 
more toxic to aquatic life residing in receiving systems (Kah and Brown 2008). An example is 
provided in Figure 8.2 for the SSRIs fl uoxetine (Figure 8.2a) and sertraline (Figure 8.2b), which 
were reported in three fish species in a receiving system with in-stream pH commonly >8.0 
(Brooks et al. 2005). 

For chemicals that can ionize, distribution into lipid is a function of the pH. For these dissociative 
systems, a “distribution” coefficient “D” (as opposed to partition coefficient) is calculated; D can be 
viewed as an “apparent” partition coefficient—one that depends on pH and the degree of ionization. 
Both fl uoxetine (pKa = 10.05 ± 0.10) and sertraline (pKa = 9.47 ± 0.40) are weak bases with log D 
values and associated BCFs that are predicted to increase over environmentally relevant pH ranges 
(Figure 8.2); however, the liposome-water distribution coefficient (log Dlipw) may be more useful 
than log D for predicting accumulation of ionizable compounds (Escher et al. 2000). 

As presented previously, Nakamura et al. (2008) observed fluoxetine toxicity for, and BCFs in, 
Japanese medaka to increase with increasing pH in laboratory studies. Valenti et al. (2009) reported 
similar toxicity-pH observations with juvenile fathead minnows exposed to sertraline. Further, 
Valenti et al. (2009) performed a time-to-death fathead minnow study with 500 µg/L of sertraline, 
and estimated associated LT50 values of >48, 31.9, and 4.9 h at pH treatment levels of 6.5, 7.5, and 
8.5, respectively. Such observations support the findings of Nakamura et al. (2008) because if more 
nonionized sertraline exists at higher pH treatment levels, then sertraline should be more bioavail
able and more readily absorbed by juvenile fathead minnows, resulting in the observed more rapid 
onset of mortality at increasingly higher pHs. 

Nakamura et al. (2008) further used pH and the BCF values calculated in their study to predict 
aqueous fluoxetine levels in Pecan Creek, TX that would result in reported levels of accumulation 
of fluoxetine in fish (Brooks et al. 2005). Interestingly Nakamura et al. (2008) imputed that the 
fluoxetine concentrations in Pecan Creek, TX should be ~11 ng/L, which is representative of fl uox
etine levels routinely observed in Pecan Creek over the past few years (Brooks unpublished data). 
However, these estimates do not account for other routes of exposure such as diet. Brooks et al. 
(in preparation) have quantitated levels of sertraline, norsertraline, fl uoxetine, and norfl uoxetine in 
periphyton and benthic macroinvertebrates from Pecan Creek, suggesting that future studies should 
understand the relative contribution of bioconcentration to bioaccumulation of these and other APIs 
in aquatic life. 
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FIGURE 8.2 Bioconcentration factors and log D values for the selective serotonin reuptake inhibitors
 fluoxetine (a) and sertraline (b) across environmentally relevant pH ranges. Values calculated using Advanced 
Chemistry Development (ACD/Labs) Software V8.14. 

8.3.4 ADVANCEMENT IN TISSUE SAMPLING AND SURROGATE MONITORING 

Site-specific exposure may be estimated in situ using surrogate measures of API bioavailability. 
Passive sampling devices have long been used for obtaining estimates of aquatic uptake; see over
views in Greenwood et al. (2007). A variety of devices have been developed for fi eld-deployment 
to emulate the uptake of xenobiotics by fish via diffusion into lipid. These include semipermeable 
membrane devices (SPMD) (Barber et al. 2006) and the polar organic chemical integrative sampler 
(POCIS) (Vermeirssen et al. 2005). Bayen et al. (2009) discuss the variables in the use of passive 
sampling devices for predicting uptake of hydrophobic chemicals, which would be applicable to 
only a portion of APIs. Key characteristics for the device and organism are surface-to-volume/ 
weight ratios. 

Nonlethal sampling via biopsy has been used for other pollutants but not yet for APIs. One 
example is the acquisition of tissue samples from fins (Rolfhus et al. 2008). 

Conventional sampling devices and tissue sampling approaches suffer from cost for the devices 
and expenses associated with sample preparation, including organic solvents (and disposal) and 
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analyst time. More significantly, with respect to exposure studies, tissue extraction usually only 
measures total levels of the analyte as opposed to free, unbound residues that are more readily bio
available. A recently developed approach uses in-vivo sampling by way of implanted fi bers coated 
with the sorbent poly(dimethylsiloxane) in a SPME format (Zhou et al. 2008); another approach 
for establishing chemical activity in tissues is the silicone membrane equilibrator developed by 
Mayer et al. (2009). SPME avoids many of these limitations and serves to collect only free resi
dues. However, an understanding of the utility of various SPMDs, SPMEs, and POCIS technologies 
across API classes ranging in physiochemical properties under varied environmentally relevant pH 
ranges is not available at this time. 

8.4 MODELS FOR PREDICTING EXPOSURE AND POTENTIAL EFFECTS OF APIs 

8.4.1 BACKGROUND AND PRIORITIZATION 

Although several recent book chapters reviewed approaches for predicting human API (Versteeg 
et al. 2005) and veterinary API (Metcalfe et al. 2008) concentrations in aquatic systems, limited 
approaches are available for predicting exposure within an organism and linking exposure to poten
tial ecological effects. Prospective assessments often include trigger values for further testing based 
on predicted environmental concentrations (e.g., 1 μg/L for human APIs in the United States). These 
predicted concentrations are often driven by production volumes and associated patient uses, and do 
not consider API potency. Ankley et al. (2007) reviewed assumptions associated with API  trigger 
values based on usage, noting that a trigger value of 1 μg/L equates to a production volume in the 
United States of 44,000 kg/year, but that this approach is not appropriate for highly potent APIs 
such as EE2. Despite its very low production volume, it is highly potent (Cmax is less than 100 pg/mL, 
where Cmax is the maximum plasma level reached during therapeutic dosing) and lipophilic (log 
P ~ 4). 

Because APIs represent compounds with a wide range of potencies and physiochemical proper
ties (log P or D, pKa), screening approaches that examine similar properties for the large expanse 
of thousands of APIs may be useful for prioritizing substances for further bioaccumulation or eco
toxicity studies. Although risk-based prioritization approaches have been developed for veterinary 
APIs (Boxall et al. 2003, Capleton et al. 2006, Kools et al. 2008) and pesticide transformation 
products (Sinclair et al. 2006), few approaches have been published for prioritizing human APIs 
(see Gunnarsson et al. 2008, Kostich and Lazorchak 2008). A powerful tool for such studies may be 
derived from probabilistic hazard/risk assessment. Chemical toxicity distributions (CTDs) represent 
robust probabilistic approaches for predicting a specific toxicological response in a model organism 
(e.g., fathead minnow reproduction) associated with the universe of chemicals that share a com
mon MOA. CTDs are derived by plotting toxicity property data (e.g., NOAELs for fathead minnow 
reproduction) for a number of chemicals against a probability scale. This represents an approach 
conceptually similar to SSDs, which plot a distribution of toxicity benchmarks for various species 
exposed to a common chemical. Much like SSDs, which allow an assessor to estimate the concen
tration below which a certain percentage of aquatic species would respond to a chemical (e.g., an 
HC5 or 5th centile value), a CTD allows for predictions of the concentration below which a specifi c 
percentage of chemicals with a common MOA (or theoretically any other common data property) 
will still elicit a specific response (e.g., below the NOAEL for fathead minnow reproduction). For 
example, CTDs were previously demonstrated to predict toxicity of carcinogens (Munro 1990), anti
biotics (Brain et al. 2006), estrogen agonists (Dobbins et al. 2008), and the antimicrobial parabens 
(Dobbins et al. 2009). This approach is particularly useful for environmental contaminants such 
as APIs that have limited environmental exposure information (Brain et al. 2006, Dobbins et al. 
2009). CTDs were further demonstrated to exhibit diagnostic capabilities to predict differences in 
sensitivities among common in vitro and in vivo models of estrogen agonist activity (Dobbins et al. 
2008). CTDs are conceptually similar to but provide a more quantitative approach than Threshold 



 

 
 

  

  
    

 

 

TABLE 8.5 
Probabilistic Therapeutic Distribution 
Centiles and Predicted Cmax Values Derived 
from Cmax Plasma Concentrations for 275 
Human Pharmaceuticals; also See Figure 8.3 

Centile Value Cmax (µg/mL) 

1% 0.0001169 

5% 0.00107 

10% 0.00347 

25% 0.0248 

50% 0.221 

75% 1.97 

90% 14.15 

95% 45.97 

99% 419.32 

330 Environmental Contaminants in Biota 

of Toxicological Concern methodologies (Gross et al. 2010) previously used in human health risk 
assessment (Brooks et al. 2009a). 

We explored the utility of using probabilistic therapeutic distributions (PTDs), which are identical to 
CTDs with the exception being that therapeutic plasma data (Cmax) are examined, to represent the full 
spectrum of API potencies. Figure 8.3 presents a PTD of Cmax values for 275 human APIs, and Table 8.5 
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FIGURE 8.3 Probabilistic therapeutic distribution (PTD) of human plasma Cmax values for 275 Active 
Pharmaceutical Ingredients (APIs; r2 = 0.99). For APIs with multiple C  values, distribution values are Cmax max 

concentrations associated with the most common dosage; also see Table 8.5. 
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identifies concentrations associated with specific centiles (e.g., 5th, 95th centile) of the distribution. Using 
this PTD approach ≤ 25% of human APIs are predicted to have Cmax values less than 0.0248 or greater 
than 1.97 μg/mL (Table 8.5). Chemical classes with relatively high potencies include endocrine active 
substances (n = 12; range: 0.0000922–0.0595 μg/mL), whereas NSAIDs (n = 11; range: 0.705–110 μg/ 
mL) have relatively lower potencies. 

Although the PTD approach presented here only examined Cmax values to compare relative  
potencies among a wide range of APIs, PTDs could be developed for other API property data 
useful for predicting accumulation (e.g., BCF). For example, maximum log D (or log Klipw) values 
for weak acids and weak bases could be examined over an environmentally relevant pH range 
(e.g., pH 6–9). Maximum log D PTDs could be developed for weak acids and weak bases (e.g., 
pH 9 used for a weak base with a pKa > 9) to predict the proportion of APIs that may be expected 
to have log D values greater than some screening threshold (e.g., ~3) at environmentally relevant 
conditions. Such approaches could provide useful rankings of relative therapeutic property data and 
for predicting potential property data of new medicines within API classes (Brooks et al. 2009a). 
For example, Berninger and Brooks (2010) provide a more extensive examination of the utility of 
PPDs. Specifically PPDs to prioritize pharmaceutical classes for further study, based on a statis
tically significant relationship between a mammalian margin of safety corollary and fi sh acute
to-chronic ratios, when fish chronic responses were plausibly linked to therapeutic MOA (Berninger 
and Brooks 2010). 

8.4.2 PHYSIOLOGICAL-BASED PHARMACO(TOXICO)KINETIC (PBPK) MODELS 

Pharmacokinetics often utilizes one- and two-compartment models to examine potential systemic 
effects following exposure. These relatively simple approaches model the distribution of a con
taminant (or therapeutic) in a whole body or plasma compartment (one compartment). In a two-
compartment model, disposition in a whole body or plasma compartment is coupled with a second 
compartment, which represents movement to storage depots (e.g., fat) or metabolism. Although  
these models are useful for deriving parameters such as clearance rates, multicompartment PBPK 
models are also useful tools for predicting uptake and disposition of environmental contaminants. 
These more advanced models can: incorporate physiological processes to predict distribution of a 
compound among various tissues; extrapolate among organisms, exposure routes and ages; and esti
mate internal dose (Andersen and Dennison 2002, Barton et al. 2007). Subsequently, PBPK models 
are routinely used in human health risk assessments (U.S. EPA 2006) and increasingly developed 
for ecotoxicological applications in fish models (see other chapters in this book). 

Whereas a number of investigators have examined the utility of physiological models for predict
ing environmental contaminant uptake and distribution in fish (Erickson et al. 2006a, 2006b, 2008), 
Erickson et al. (2006a), recently developed a model in trout for describing uptake and elimination of 
ionizable organic chemicals (chlorophenols) at fish gills. Erickson et al. (2006b) further applied this 
model to several weak acids with pKa values ranging from 4.74 to 8.62 and log Kow values ranging 
from 2.75 to 5.12. This model was found to predict uptake of ionizable chemicals based on phys
iochemical properties under the exposure conditions evaluated with trout (Erickson et al. 2006b). 
Similar approaches with APIs would be useful for predicting uptake. Although multicompartment 
PBPK models have not been developed for ionizable APIs and fish, such efforts could be critical to 
estimate internal dose of APIs to target tissues under environmentally realistic API exposures and 
pH gradients. This area deserves additional study to characterize API exposure in various tissues of 
aquatic organisms where therapeutic targets are present. 

8.4.3 THE HUGGETT MODEL 

In addition to exhibiting wide ranges in potency, lipophilicity of APIs demonstrates marked  
variability along a polar-nonpolar continuum. Accounting for such differences in lipophilicity and 
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potency, Huggett et al. (2003) proposed the following model to prioritize human APIs for additional 
chronic testing (Equation 8.1):

 FSSPC = EC × (PBlood:Water) (8.1) 

where FSSPC is predicted fish steady-state plasma concentration, EC is the aqueous exposure  
concentration, and PBlood:Water is the predicted partition coefficient in blood from aqueous expo
sure medium. Fish were selected for model development because more information is available for 
these organisms, and fish appear to contain relatively high evolutionary conservation of API tar
gets (Huggett et al. 2003, Gunnarsson et al. 2008). The Huggett Model (Huggett “mammalian-fi sh 
leverage model”) simply proposes that the higher an API’s predicted plasma concentration in fi sh 
(FSSPC) compared with that of a mammal (e.g., human therapeutic plasma concentration [HTPC] 
or a Cmax value) the higher the likelihood of chronic adverse effects (Huggett et al. 2003). As the 
effect ratio (ER) (Equation 8.2) inflates, the likelihood of an API causing chronic effects drops. As 
the ER drops, and especially when it becomes less than 1, adverse effects become more probable. 

ER = HTPC/FSSPC (8.2) 

The core calculation of this model (PBlood:Water) employed an empirical relationship between 
 log Kow and plasma concentrations in trout and in vitro partitioning data, which was developed for 
hydrophobic compounds by Fitzsimmons et al. (2001; Equation 8.3):

 log PBlood:Water = 0.73 × log Kow – 0.88 (8.3) 

Though Huggett et al. (2003) used Equation 8.3 for development of Equation 8.2, another rela
tionship (Equation 8.4) reported by Fitzsimmons et al. (2001) appears even more important for APIs 
with apparent log P values lower than 2:

 log PBW = log [(100.73logKow × 0.16) + 0.84] (8.4) 

To derive Equations 8.3 and 8.4, Fitzsimmons et al. (2001) coupled in vivo log PBlood:Water values 
for compounds having log Kow values ranging from 3.1 to 8.2 with previously published in vitro data 
for compounds with lower log Kow’s (Bertelsen et al. 1998). 

Brooks et al. (2009a) extended this approach for fish exposed to veterinary medicines 
(Equation 8.5): 

ER = EICPlasma/Cmax (8.5) 

where EICPlasma is the concentration in fish plasma resulting from environmental exposure. Similar 
to the Huggett Model, the EICPlasma value proposed by Brooks et al. (2008) would include an uptake 
prediction from aqueous exposure, and Cmax would be derived from animal efficacy studies (e.g., 
in livestock). As previously noted, the study by Fick et al. (2010) identified accumulation of select 
pharmaceuticals approaching or exceeding human therapeutic levels in plasma of caged fi sh below 
effl uent discharges. 

It is important to note, however, that the models of Huggett et al. (2003) and Brooks et al. (2009b) 
considered neither bioaccumulation through dietary sources nor the metabolism potential once an API 
is absorbed into the fish. They also did not include log D in model derivation. Despite its limitations, the 
Huggett Model appears to provide a reasonable screening approach that is amenable to further refi ne
ment. Remaining to be determined is whether: (i) a relationship similar to the equation of Fitzsimmons 
et al. (2001) (Equation 8.3) would be appropriate for ionizable APIs if, for example, log Kow were 
substituted with log D; (ii) dietary exposure is a concern for specific APIs; (iii) clearance rates could be 
predicted in fish using mammalian or target organism information and allometric scaling approaches 
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(if the metabolic pathway for eliminating an API [e.g., CYP450 isoenzyme] is present in a study spe
cies); or (iv) API target densities and functional responses would be different between mammals and 
fish. Similar approaches have not been developed for other organisms (e.g., invertebrates). 

Summary 

The preponderance of studies published on APIs as contaminants in the aquatic environment 
have focused on establishing the presence of APIs in the abiotic environment—primarily levels 
in water and sediment. Comparatively few studies document tissue concentrations. Even fewer 
studies examine bioaccumulation from sediments. This is a major limitation in being able to 
establish correlations between biological effects observed in the field with exposure, especially 
because exposure usually involves multiple chemical (and other) stressors acting in unison or 
in sequence. This is a critical step in being able to establish cause and effect. Few data are 
available on tissue levels from free-ranging, migratory fi sh in locales not directly impacted by 
sewage effluent. Even fewer controlled exposure studies follow the emergence of any type of 
biological effect. As one example, a range of effects have been reported for trout chronically 
exposed to a minimum of 500 ng/L of diclofenac for 21 days (Mehinto et al. 2010). 

As part of the EPA’s National Rivers and Streams Assessment (NRSA) study (U.S. EPA 
2008b), plans include analysis of water and fi sh fillets from 183 urban rivers in the United States 
for 54 APIs targeted from a range of therapeutic classes, as well as for four synthetic musks and 
two of their metabolites (Blocksom et al. 2009). The NRSA will attempt to provide the largest 
dataset yet on the occurrence of multiple APIs in fish tissue. Sample collection began in 2008, 
and plans are to report on the data by 2011. 

A concerted effort is needed to synthesize the data and knowledge that have already been 
published, especially in the non-English literature not covered in this review (Daughton 2009). 
This knowledge basically languishes in the published literature, reducing the ability to ration
ally prioritize and design the most needed research. As such, it is also unable to prevent dupli
cation of effort. While actual empirical data on BCFs or tissue levels of APIs are extremely 
scarce, a range of modeling techniques can be used to prioritize APIs according to predicted 
BCF or known tendency for active transport. A limited list of APIs could then be targeted for 
in-field monitoring to corroborate predictions. Computed BCFs from models are more avail
able than empirical BCFs, but these have never been compiled in any database. Further, BAFs 
(and BSAFs) for APIs should be further considered to account for site-specific pH infl uences 
on ionization and partitioning, dietary exposures, and potential trophic transfer. The literature 
focusing on veterinary drug use in aquaculture, although limited primarily to antibiotics and 
steroids, may be of use in extrapolating to the ambient environment. 

Predictive models and studies under controlled laboratory conditions directed at APIs that  
have yet to be identified in aquatic tissue from the wild could be more widely used to better  
inform the prioritization of APIs for field biomonitoring. For example, the fact that some syn
thetic progestins (i.e., levonorgestrel and 19-norethindrone) have a high affinity for fish sex hor
mone-binding globulin, points to the possibility that their enhanced uptake could lead to their 
being found in tissues. Observations by Fick et al. (2010) for levonorgestrel appear to confi rm this 
perspective. This is critical because synthetic progestins have been identified to adversely affect 
fish reproduction at low or even sub-part-per-trillion concentrations (Zeilinger et al. 2009). 

More study is needed on the bioaccumulation of metabolites, especially those that are bio
active themselves. Likewise, more needs to be known about halogenated DBPs, which might 
very well have higher BCFs than their parent APIs. Such data are important with regard to  
trophic chain transfer and accumulation and with respect to human consumption, particularly 
in effluent-dominated or dependent ecosystems. Given the probably significant role in medicine 
to be played by nanomaterials (especially in better targeting drug delivery), studies are needed 
on the uptake of engineered nanoparticles; see overview by Baun et al. (2008). 
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Exposure studies under controlled laboratory conditions need to use concentrations that  
have relevance to the environment. Earlier studies (as late as the 1990s) focused on acute tox
icity studies, yielding results using concentrations that far exceeded realistic ambient levels. 
Concentrations that occur in the aquatic environment are often orders of magnitude lower than 
those used in many controlled studies. Such low concentrations are capable of eliciting sublethal 
effects that are much more difficult to detect, especially those leading to subtle behavioral 
effects or changes that are of delayed onset. Further studies relating tissue-specifi c internal 
exposures to sublethal responses predicted by API MOAs are warranted. 

Perhaps the gold standard for the study of exposure is the “lossless” model using radiolabeled 
APIs. This permits attempts at achieving mass balance closures for residues distribution over 
the whole body (e.g., Junker et al. 2006) and in target tissues where therapeutic targets for many 
APIs are present at highest densities. Even with radiolabeled materials, however, it is rare that 
mass balances can be fully achieved (Roffey et al. 2007). Unfortunately, radiolabeled APIs are 
expensive and not widely available, presumably precluding such studies to date. 

A major question is whether measurements of whole body or of certain tissues or compart
ments accurately reflect the internal dose at target organs better than exposure measurements 
imputed from aqueous concentrations. While assumed to better represent exposure than do 
concentrations external to the organism, the actual bioavailability of these residues is essentially 
unknown. Given the exposure continuum that ultimately leads to stressor-receptor interaction, 
stressor residues residing in tissues such as fat depots, cartilage, bone/scale, gonads, and blood 
may not yet have reached their ultimate destinations where maximal biological activity can be 
affected. New approaches using biopsy or in vivo equilibrative extraction of target tissues could 
illuminate this unknown. As an example, SPME has been used to examine in vivo the body/tis
sue concentrations of free stressors (Wen et al. 2006, Zhou et al. 2008). Other new approaches 
for measuring tissue concentrations include caudal fin biopsy (e.g., Rolfhus et al. 2008). 

The difficulty in assessing tissue concentrations is the driving force behind the development 
of physical model systems that can emulate biological exposure. A number of approaches have 
evolved, primarily aqueous sampling devices that act as surrogates for whole-body exposure (to 
estimate concentrations within the body). These devices include SPMD, SPME, and POCIS. 
However, the utility of such technologies to be predictive of accumulation in organ systems within 
an organism where API targets are present is not understood. Coupling radiolabeled API studies 
with development of PBPK fish models presents a useful approach for future efforts, particularly 
for understanding uptake of ionizable APIs across environmentally relevant pH gradients. 

Perhaps the ultimate question is whether the assessment of exposure is truly meaningful if the 
“totality” of exposure is not considered—that is, all the stressors to which an organism is exposed, 
both anthropogenic and naturally occurring. This includes the universe of chemical stressors and 
the numerous other stressors, including those that are physical, electromagnetic, radiological, or 
biological. Relative risks of APIs for aquatic organisms in the field, compared with other stres
sors, remains a significant research need. Perhaps the major question with regard to APIs in the 
aquatic environment is the importance of long-term, low-level, multistressor exposure. 

A range of other gaps and limitations with respect to better understanding APIs in aquatic 
organisms is summarized in Table 8.6. 
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Limitation of Data Example/Explanation Additional Details 

Limited data on tissue Of the thousands of publications covering the many Only a subset of these studies has 
concentrations aspects of APIs as environmental contaminants, only  reported residues in fish exposed in 

about 50 published studies have reported API wild, native environments. 
concentrations in fi sh tissues. 

Ecotoxicity studies Ecotoxicity studies of APIs have been conducted to 
rarely report tissue assess effects endpoints. They generally provide 
occurrence of APIs little data or insights regarding either the parameters 

involved with internal exposure or tissue 
concentrations. 

Linkage between Do concentrations in aquatic tissues better represent Very few studies have examined 
tissue residues and the potential for toxicity than concentrations free in internal dose (in plasma) following 
biological effects the surrounding aquatic environment? Do they better exposure in the fi eld. 

 reflect the actual dose? Tissue residues in target 
 systems could reflect relevant internal dose 

compared to whole organism CBR approaches. 

Tissue data almost The portion of the total tissue-level of an API that is Total residue levels often involve 
always report total bioavailable is almost always unknown; unknown conjugates, which do not pose a 
concentrations portions can be sequestered as adducts. Free versus readily bioavailable source. 

bound residues are rarely distinguished, likely 
because radiolabeled APIs are scarce. 

Limited scope of Extremely few APIs have been targeted for tissue The limited published data for tissue 
targeted analytes analysis. Empirical tissue levels in nonaquacultured residues are focused primarily on 

 fish have been published for roughly only 30 antibiotics/biocides and natural and 
different APIs, excluding antibiotics (roughly only synthetic sex steroids; very few 
20 in samples from native environments); the vast studies have targeted the 

 majority of all possible APIs identified in the aquatic simultaneous presence of multiple 
environment (and those not yet identifi ed) have APIs. 
never been targeted for tissue analysis. 

Exposure With aqueous exposure under controlled conditions, Inaccurate exposure concentrations 
concentration the actual dosage needs to be measured; the nominal can lead to calculated BCFs that are 
verifi cation in added dosage is likely to be different than the too high or too low by one or more 
laboratory studies measured dosage (as a result of sorption to container orders of magnitude. 

walls and other solids, degradation, etc). 

Exposure duration and Little is known regarding the life-cycle body Multiyear monitoring studies are even 
frequency burden of APIs. Multigenerational studies are rarer (e.g., Boehmer et al. 2004). 

extremely rare. 

Self-biasing APIs with the lowest MDLs have the best chance of Tissue concentrations below 
being detected. Those with the highest MDLs have 0.1–1 μg/kg are rarely reported 
the lowest chance of being detected. API MDLs for because this usually is below the 
a particular tissue can vary by more than 2 orders of method limit of detection—because 
magnitude. This means that APIs commonly present of matrix interferences. So an 
in tissues but having high MDLs might not be unknown number of APIs could be 
detected. present at these levels. 

Tissue and API residues have been reported in a wide range of This makes intercomparisons between 
measurement basis tissues. They are also normalized on different bases studies very diffi cult. 

(e.g., wet weight, dry weight, lipid content, etc.). 

continued 
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TABLE 8.6 
Tissue Levels of APIs in Fish: Limitations, Gaps, and Unique Aspects 



 

Limitation of Data Example/Explanation Additional Details 

Mass balance Few studies attempt to achieve mass closure around Rigorous closure studies usually 
the total body burden of APIs and their distribution require the use of radiolabeled APIs, 
across all tissues. but the commercial availability of 

radiolabeled compounds is extremely 
limited. 

Endogenous For the endogenous sex steroids, levels metabolically Exogenous contributions, even for 
contributions synthesized are augmented by unknown levels endogenous steroids, can have 

contributed by uptake of exogenous residues in origins from pharmaceuticals. 
water and sorbed to food. 

Veterinary medicine The vast preponderance of bioconcentration studies Aquaculture studies comprise two 
exposure studies  for fish has been conducted because of the concern major scenarios: (1) direct 

for food residues resulting from API usage in incorporation of API in fi sh being 
aquaculture. Knowledge gained from these studies treated with high levels during 
could possibly be evaluated for relevance to aquaculture, and (2) indirect 
exposure in the ambient environment. incorporation of API in wild fi sh that 

become exposed to aquaculture 
residues leftover from uneaten feed 
and excreted residues. 

Controlled exposure Tissue data are primarily obtained under controlled Even in native environments, exposure 
studies versus exposure studies. Of the very limited studies on studies are often controlled by using 
real-world settings tissue concentrations, only about two-thirds have  caged wild fish. More studies are 

been obtained under ambient conditions with fi sh in  needed using fish captured from 
their native environments. waters less dominated by sewage 

effl uents. 

Real-world exposure Tissue data obtained under controlled conditions are BCFs usually drop off as exposure 
scenarios and often derived from exposure concentrations far concentrations increase, leading to 
exposure higher than those that occur in native environments. gross underestimates for real-world 
concentrations Controlled exposure studies often use exposure settings at much lower 

concentrations that are one or more orders of concentrations. 
magnitude higher than those that exist in the ambient 
environment, to maximize the chances of detecting 
and quantifying any amounts that have been 
accumulated. 

Inadequate uptake Lipid-solubility (e.g., as modeled by octanol–water Other mechanisms may be involved, 
models  coefficient) is an inadequate predictor of API uptake. especially those involving active 

Kow coupled with pKa (log D, log Klipw) provides a transport, facilitating the uptake of 
more realistic model. polar (ionizable) APIs. 

Kow data unreliable Published Kow data are extremely variable, probably a Models employed for predictions of 
result of ionization and localized charges and physicochemical properties 
because of interaction with other ions. inherently vary. 

Models for predicting Bioaccumulation of APIs cannot currently be Too many variables compared with the 
BAFs modeled. conventional nonpolar pollutants 

(e.g., legacy POPs), whose 
accumulation is dictated primarily by 
lipid-solubility and metabolism is 
minimal. 

Metabolites The metabolism of APIs creates the potential for Little is known regarding 
bioconcentration of metabolites, some of which are pharmacokinetics of APIs in fi sh or 
bioactive themselves. other aquatic organisms. 
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TABLE 8.6 (continued)
 
Tissue Levels of APIs in Fish: Limitations, Gaps, and Unique Aspects
 



 

 

 

TABLE 8.6 (continued)
 
Tissue Levels of APIs in Fish: Limitations, Gaps, and Unique Aspects
 

Limitation of Data Example/Explanation Additional Details 

Tissue depots/ It is poorly understood how APIs are stored and Mechanisms could include adducts 
reservoirs accumulate in aquatic organisms. with DNA, pigments such as 

melanin, and a wide array of 
endogenous proteins (especially 
those in plasma). 

Tissue levels are not Important to note that internal exposure is not This is the case, for example, with 
necessary for adverse necessary for an effect when the target organ is exposure of the lateral-line sensory 
effects external. organ. 

 Significant BCFs are APIs are designed to minimize accumulation during 
not necessary for therapy in the body. Any build-up in aquatic tissue 
adverse effects could be important, regardless of how low the BCF 

might be. 

Interspecies Variance in uptake and pharmacokinetics of fi sh Comparative metabolism and other 
extrapolations species makes usefulness of extrapolations potential applications of 

questionable, requiring further investigation. pharmacological "read-across" are 
largely unknown. 

Surrogates for Sampling devices based on partitioning of analytes 
bioconcentration from aqueous media (e.g., semipermeable 

membranes) have not been calibrated for fi delity to 
 bioconcentration under varying field conditions and 

do not account for bioaccumulation through dietary 
routes of exposure. 
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9.1 INTRODUCTION 

Marine mammals live partly or entirely in the aquatic environment, which is at the receiving end 
of deliberate or accidental discharges of thousands of industrial, agricultural, and urban pollut
ants. As a consequence, marine mammals are exposed to a large array of contaminants through
out their lives. Characterizing the resultant contaminant risks to the health of marine mammal 
populations is complicated in part by the large number of contaminants in their environment, and 
the variations in the properties of these contaminants. These properties include environmental 
half-lives under different conditions, water solubility, vulnerability to abiotic breakdown, vulner
ability to metabolic breakdown in different biota, and propensity to travel long distances through 
atmospheric or oceanic transport. Although these challenges can at times frustrate the assessment 
of particular risks associated with a given chemical, it is possible to categorize contaminants in 
support of a basic understanding of the threat that they may pose to marine mammals. Such an 
approach entails a combination of a chemocentric approach, coupled with an understanding of 
marine mammal vulnerabilities, and can support a set of principles by which managers and con
servationists can make remediation decisions regarding a particular marine mammal species, or a 
contaminated site. 

Because many marine mammals are long lived, often occupy high trophic levels and have large 
stores of fatty tissue, there has been longstanding concern about contaminants possessing persis
tent, bioaccumulative, and toxic (PBT) properties; namely those contaminants deemed PBT. These 
chemicals are as follows: 

• 	 Persist (P) in the environment and do not readily breakdown; 
• 	 Bioaccumulate (B) in organisms over time due to the inability to metabolize and eliminate 

the contaminant, resulting food web magnification; 
• 	 Cause Toxic (T) injury or harm. 

Organic contaminants that do not exhibit PBT characteristics (non-PBTs) may nonetheless 
remain a concern for some marine mammals, as they may mediate injury via different expo
sure and mechanistic pathways. They may cause direct harm to marine mammals or they may 
cause indirect harm by impacting prey quality and quantity. Since marine mammals are likely 
to be exposed to both PBTs and non-PBTs in their environment, it becomes important to catego
rize and prioritize the exposure routes and means of toxic injury that may act synergistically or 
antagonistically. 

Healthy marine mammal populations reflect a healthy aquatic environment, thus marine mam
mals can serve as integrative indicators of aquatic food web quality (Ross 2000, Wells et al. 
2004). By establishing regulations, guidelines, best practices, and principles that protect marine 
mammals from different types of contaminants, one may achieve a broader objective, namely the 
protection of marine ecosystem health. To develop defensible and effective practices that protect 
marine mammals from contaminants, it is also important to recognize some of the other threats 
that have affected marine mammal populations for decades, if not centuries. These include the 
historical and current impacts of commercial and scientific harvesting, fisheries by-catch, habitat 
degradation, harmful algal blooms, competition with fisheries for resources, and altered ocean 
productivity associated with climate change (Lewison et al. 2004, Halpern et al. 2008). 

Numerous approaches to characterizing contaminant risks to an organism exist, and these may 
vary by site, species, management objective or jurisdiction. Risks can be characterized through the 
delineation of exposure routes and associated effects (dose). Before pursuing a chemical-specifi c 
assessment of risk associated with a given dose in a marine mammal, it is important to consider the 
diversity of life history features among the different marine mammal species, and the complexity of 
contaminants to which they are exposed. 
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9.2 EXPOSURE ROUTES AND VULNERABILITY 

Exposure routes are in part defi ned by physicochemical properties of the contaminant of concern, 
coupled with a consideration of marine mammal habitat use, life history, trophic level, foraging ecol
ogy and physiology. Exposure will vary with contaminant type and vulnerability will differ with 
the species of marine mammal; together these will drive the risk of toxic effect at the individual or 
population level. There are three major exposure routes by which organic contaminants may affect 
marine mammal health, these being related to the class of contaminant of concern (Figure 9.1):

 1. Dietary exposure represents the primary means by which marine mammals are exposed 
to environmental contaminants of concern, namely those with PBT properties, through 
the ingestion of prey. The importance of this route is evidenced by the abundant literature 
available on various PBT chemicals in different marine mammals and associations with 
adverse health effects. 

The degree to which marine mammals become contaminated with PBT contaminants varies as a 
direct function of feeding preferences and the proximity to a contaminant source. Because of their 
low water solubility or high octanol/water partitioning coefficients (high log Ko/w), PBT contami
nants can undergo long-range atmospheric transport away from point sources to be deposited into 
remote regions of the world (Wania and Mackay 1996). Once deposited in aquatic environments, 
PBT contaminants partition into lipids at the bottom of food webs where they accumulate over  
time and magnify up food chains, often reaching very high concentrations in top predators (Borga 
et al. 2001, Hoekstra et al. 2003). The high affi nity of PBT contaminants for fatty tissues presents 
a signifi cant concern for marine mammals where lipids represent the currency of energy. The bio
accumulative and biomagnificative properties of these contaminants highlight the importance of 

FIGURE 9.1 Marine mammals may be affected by organic contaminants in three general ways: (1) through 
dietary exposure to chemicals deemed to be persistent, bioaccumulative and toxic, resulting in risk of develop
mental, neurological, reproductive and/or immunological dysfunction; (2) through contact, inhalation and/or 
ingestion when a toxic slick, such as an oil spill, contaminates the water’s surface; and (3) through an indirect 
effect, where the prey base of marine mammals may be impacted by chemicals which might not otherwise be 
considered as a concern to marine mammals because they do not persist or biomagnify in food webs (From 
Garrett, C., and P. S. Ross, Can. Tech. Rep Fish. Aquat. Sci., pp. 243, 2010. With permission.). 
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considering the trophic level of the marine mammal species of concern. For example, mammal-
eating polar bears and killer whales are exposed to concentrations of PBTs 10 to 100 fold greater 
than piscivorous marine mammals (Letcher et al. 1995, Ross et al. 2000).

 2. Direct contact to a given chemical, where exposure in surrounding media (water or air) may 
cause direct and often acute toxic injury to eyes, oral cavity, skin, airway and lungs, gastro
intestinal tract, liver, and/or the nervous system. Contaminants that elicit harm through  
direct exposure, including inhalation, ingestion, and/or dermal/fur contact are typically 
non-PBT contaminants such as petro-chemicals. For example, crude oil spills can introduce 
hundreds of chemicals to marine habitat. Crude oil contaminants can be grouped into four 
classes based on solubility: saturates, resins, asphaltenes and aromatics; the latter category 
includes the toxic polycyclic aromatic hydrocarbons (PAHs) (Leahy and Colwell 1990). 

Despite the constraints to an accumulation of PAHs as a result of relatively effi cient metabolism 
in members of aquatic food webs, some marine mammals may nonetheless be heavily exposed 
through diet because of their reliance on lower trophic level prey items and/or their physiology. 
Baleen whales, shellfish-eating pinnipeds, and sea otters may be at risk for elevated PAH exposure 
as a consequence of their diet of invertebrates. For any marine mammal, risk of PAH toxicity is 
related to their proximity to, and duration spent in, an affected area.

 3. Indirect ecosystem impacts may take place, where food webs may be affected by pollu
tion, thereby diminishing food availability or food quality for marine mammals. Such 
indirect effects typically vary directly as a function of proximity to a pollutant source. 
Over the past few decades, the regulatory and chemical engineering paradigm has increas
ing favored less persistent chemical properties (i.e., “non-PBT” properties), increasing the 
number of contaminants that have poorly described metabolic or breakdown products in 
the environment. Non-PBTs may elicit direct impacts to lower trophic level marine mam
mals; however, the indirect ecosystem risks remain extremely diffi cult to measure or pre
dict. Reduced prey quality and/or quantity have been clearly linked to reduced marine 
mammal population health. For example, El Niño events lead to reduced ocean productiv
ity and the subsequent nutritional stress and population decline of the South American sea 
lions (Otaria flavescens) (Soto et al. 2004). 

9.2.1 MARINE MAMMAL LIFESTYLES 

An understanding of the rich diversity in the biology, ecology, behavior and life histories of marine 
mammals is an important, yet all-too-often overlooked, component of characterizing contaminant 
risks. There are over 120 marine mammal species across four phylogenetic Orders, including the 
toothed and baleen whales (Order Cetacea), the manatees and dugongs (Order Sirenia), true seals, 
eared seals, and the walrus (Order Pinnipedia), sea otters, and the polar bear (Order Carnivora). 
Although our chapter considers marine mammals, it is worth noting that several nonmarine species 
or populations of seals exist, including the freshwater Baikal seals (Phoca sibirica), Caspian seals 
(Phoca caspica), and Ungava harbor seal subspecies (Phoca vitulina mellonae). 

As an initial basis for this chapter, we describe marine mammals as a function of their feeding 
ecology, thereby providing a framework for characterizing risks that are related to dietary exposure 
(Figure 9.2). This schematic depicts the divergent risks between high trophic level marine mam
mals (most vulnerable to PBT contaminant accumulation) and low trophic level marine mammals 
(less vulnerable to PBT contaminant accumulation but more vulnerable to non-PBT contaminants). 
As one starts at the bottom of the aquatic food web and then proceeds to climb up toward the apex 
predators, this divergence of risks associated with these two categories of contaminants, the PBT 
and the non-PBT contaminants, become evident. 
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FIGURE 9.2 The trophic level of different marine mammals presents a functional means of characterizing 
risks associated with dietary exposure. In this way, chemicals deemed to be Persistent, Bioaccumulative, and 
Toxic (PBT) present the highest risk to marine mammals occupying high trophic positions. Conversely, PBT 
chemicals present relatively low risks to marine mammals occupying low trophic positions. Those chemicals 
with non-PBT properties, however, may present an elevated risk to low trophic level marine mammals, as 
much shorter food webs will inevitably reduce the protective actions of metabolism and degradation before 
ingestion. In all cases, proximity to source remains an important consideration. 

The fully aquatic manatee and dugong are the only herbivorous marine mammals. Feeding on 
plants and algae, they are not exposed to high concentrations of contaminants that bioaccumulate 
and biomagnify up food webs. Typically, they inhabit warm environments and lack a thick blub
ber layer for thermoregulation. The manatee relies on coastal and estuarine habitats that are often 
in close proximity to industrial and urban areas, consequently exposing these marine mammals to 
a complex mixture of non-PBT contaminants associated with sewage and other effl uents (O’Shea 
2003, Bonde et al. 2004). 

At the next trophic level are the baleen whales that graze the ocean for plankton, and the walrus, 
a benthic feeder that favors a diet of filter feeding bivalves. Baleen whales are wholly aquatic and 
undergo some of the longest mammalian migrations, typically in offshore marine regions. On the 
other hand, the walrus uses sea ice and shallow Arctic shelves for habitat. Both the baleen whales 
and the walrus lack fur and have thick blubber layers for energy storage, thermoregulation, and 
buoyancy. In general terms, these species can be found in habitats far removed from industrialized 
regions. This, coupled with their low trophic level, limits the exposure risk for both PBT and non-
PBT contaminants for these species (O’Shea and Brownell 1994, Hoekstra et al. 2003). 

The true (phocid) and eared (otariid) seal species, and the sea otter, are essentially omnivores 
that feed on low- to mid- trophic level fi sh, shellfish and/or crustaceans. Many of the toothed whales 
also feed on a mix of prey at mid-trophic levels, including fish and cephalopods. Thus, these marine 
mammals can be exposed to higher concentrations of PBT contaminants that biomagnify in aquatic 
food webs. The true seals are typically temperate and polar species that use both fur and blubber for 
thermoregulation, whereas eared seals and sea otters have little blubber and rely heavily on fur for 
insulation. With over 70 species, the toothed whales have member species that have variable sizes 
and morphologies, as well as habitat types. Habitat use among toothed whales ranges from small 
home ranges in coastal estuarine habitats (e.g., Amazon river dolphins [Inia geoffrensis] (McGuire 
and Winemiller 1998) to large home ranges in the offshore marine environment (e.g., sperm whales 
[Physeter macrocephalus] [Whitehead 2000]). The pinnipeds and sea otters are partially aquatic, 
spending variable amounts of time on land or on sea ice platforms, which may also render them 
vulnerable to contaminants that are found in nearshore or intertidal areas. 
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The apex predators among the marine mammals are represented by three mammal-eating spe
cies, including the polar bear, several populations of killer whales (Ford et al. 1998) and interest
ingly, some seal-eating walruses (Muir et al. 1995). Due to their top trophic position, these marine 
mammals are exposed to some of the highest concentrations of PBT contaminants of any vertebrate 
species in the world (Letcher et al. 1995, Ross et al. 2000). Although these marine mammals may 
share a similar trophic position, their morphologies, life histories, and habitat use differ widely. The 
polar bear roams the Arctic sea ice in search of prey, notably the blubber-rich ringed seal (Phoca 
hispida). Polar bears are fur-bearing and have an adipose layer that is easily mobilized for energy. 
The marine mammal-eating transient killer whales of the NE Pacific Ocean have some of the high
est PCB levels among marine mammals (Ross et al. 2000). Although walrus typically feed on low 
trophic level benthic mollusks, some have demonstrated high PBT levels along with high δ15N that 
supports feeding on higher trophic level species such as ringed seals (Muir et al. 1995). 

While some marine mammals are specialist feeders and may have physiological or behavioral 
adaptations to feeding on a particular species (e.g., the consumption of squid by sperm whales), 
others are generalists that can feed on several species (e.g., the consumption of various species of 
fish and invertebrate by beluga whales). Specialists may be prone to higher exposure risks if their 
preferred prey become highly contaminated. While dietary diversity and trophic level drive, in 
large, the degree to which a given marine mammal will be contaminated, there is often a large 
spatial component to marine mammal foraging. Many marine mammals have large home ranges, 
can undergo extensive migrations and may seasonally feed in different ecosystems, complicating 
the interpretation of exposure and associated health risks. 

Due to the difficulties in observing marine mammal feeding, research has pursued a variety of 
approaches to characterize feeding ecology, such as the collection and identification of stomach 
and/or scat contents (Harvey 1994), the use of tissue biochemical markers such as stable isotopes 
(e.g., Hobson and Welch 1992, Kurle and Worthy 2002) and fatty acids (e.g., Iverson 1993, Iverson 
et al. 2004, Loseto et al. 2009), as well as satellite and/or radio tags equipped with video recorders 
(Bowen et al. 2002). Stable isotopes have provided substantial information about the trophic levels 
of marine mammals (Pauly et al. 1998). A clear understanding of dietary preferences is the basis 
for the characterization of PBT exposure-related risks, as prey represents the route of exposure to 
contaminants and hence the “dose” to which they are exposed. 

In addition to the factors that influence dietary exposure among different marine mammals, a num
ber of factors influence exposure and accumulation within a species. The age, sex, size, and reproduc
tive status of a marine mammal shapes contaminant burdens, reflecting differences in life history and 
dietary intakes within or among different species (Ross et al. 2000). Concentrations of PBT contami
nants in adult females and males differ due to the ability of reproductively mature females to transfer 
fat-soluble PBTs to offspring, thereby lowering their body burden. Males, on the other hand, do not 
have such an opportunity, and their body burden of PBTs reflect a life time accumulation. 

As a result of females offloading PBTs to offspring, marine mammals at the pre and post-natal 
life history stages are exposed to some of the highest levels of PBTs they will encounter during their 
lifetime (Addison and Brodie 1987, Hickie et al. 2005). At the pre-natal stage, the fetus is exposed to 
contaminants passed through the placenta via blood and fat that is mobilized from the blubber of the 
mother (Duinker and Hillebrand 1979, Tanabe et al. 1982). While transplacental transfer does deliver 
a notable fraction of the mother’s burden to her fetus, lactation accounts for more than 80% of the total 
transfer to her offspring (Subramanian et al. 1988, Borrell et al. 1995, Salata et al. 1995, Wolkers et al. 
2004a). Lactational exposure levels are typically an order of magnitude higher than levels in the prey 
of the mother. First born calves or pups will receive the largest amount relative to subsequent young, as 
females offl oad PBT contaminants they have accumulated until they attain sexual maturity (Aguilar 
and Borrell 1994, Beckmen et al. 1999). The concentration of PCBs as well as the congener composi
tion varies during the lactation period in relation to selective mobilization and metabolism of different 
congeners (Jenssen et al. 1996, Debier et al. 2003a, 2003b). The duration of lactation varies among 
marine mammals, thus extending or shortening the period of high PBT exposure to neonates. 
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9.2.2 SPATIAL VARIABILITY OF PBTS IN TRUE SEALS 

Given the wide range in diet, foraging behavior, physiology and life history among marine mam
mals, combined with the different physicochemical properties of the various PBT contaminants 
(which control long-range transport, half-lives, and accumulation potential), it is difficult to draw 
direct comparisons for PBTs in marine mammals across geographic regions. Such a comparison is 
constrained by the variability in sampling techniques and study design (i.e., biopsies, strandings, 
and tissue type), or analytical methods and capabilities (i.e., number of PCBs congeners measured) 
that change over time and across laboratories. Overlaying these complexities with among-species or 
among-population variability related to sex, size, age, and reproductive status reduces the ability to 
adequately assess global trends in marine mammal contaminant levels. 

However, a basic comparative approach can be gleaned from recent studies of like-species and 
similar age categories in the northern hemisphere (Table 9.1). The limited range in PCB concen
tration in true seals across the northern hemisphere is notable, and underscores the importance 

TABLE 9.1 
Polychlorinated Biphenyl (PCB) Concentrations Vary among and within Marine 
Mammal Species 

Region	 Species ∑PCBs Reference 

Russia 
White Sea, Russia Ringed Seal 1.7 Muir et al. 2003 

East Ice, Russia Harp seal 1.7 Kleivane et al. 1997 

Europe 
Jarfjord, Norway Ringed seal 1.6 Muir et al. 2000 

Svalbard, Norway Ringed seal 0.5 Wolkers et al. 1998 

Norway Gray seal 1.5 Sormo et al. 2005 

Baltic Sea Gray seal 5.4 Sormo et al. 2005 

Greenland 
Qeqertarsaug, W. Greenland Ringed seal 0.3 Muir et al. 2000 

Nanortalik, W. Greenland Ringed seal 0.6 Muir et al. 2000 

E. Greenland	 Harp seal 0.6 Oehme et al. 1995 

North America 
Southern Labrador, Canada Harp seal 0.9 Zitko et al. 1998 

Sable Island, Canada Gray seal 7.0 Addison and Stobo 2001 

St. Lawrence Estuary, Canada Gray seal 4.9 Bernt et al. 1999 

St. Lawrence Estuary, Canada Harbor seal 13.3 Bernt et al. 1999 

Queen Charlotte Strait, Canada Harbor seal 1.1 Ross et al. 2004 

Strait of Georgia, Canada Harbor seal 2.5 Ross et al. 2004 

Puget Sound, U.S. Harbor seal 18.0 Ross et al. 2004 

PWS AK, U.S. Harbor seal 0.6 Krahn et al. 1997 

PWS AK, U.S. Ringed seal 0.3 Krahn et al. 1997 

AK, U.S. Ribbon seal 0.5 Quakenbush and 
Sheffi eld 2007 

Asia 
Hokkaido, Japan	 Ribbon seal 0.7 Chiba et al. 2001 

Note: 	This table represents recent PCB concentrations (mg/kg lw) in blubber from small true seals (subfamily 
Phocinae) of a similar age range (pups and juveniles), thereby reducing the confounding effects of age and 
lifestyle, and enabling a more accurate overview of geographical variation within the Northern Hemisphere. 
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of long-range transport in distributing PBT contaminants globally (Table 9.1). Despite the lack of 
large-scale variation among these seals, there are nonetheless indications of localized contamina
tion. For example, the most contaminated seals are found near local industrial and urban sources, 
in particular the St Lawrence Estuary (Canada), Puget Sound (U.S.), and the Baltic Sea (northern 
Europe) (Table 9.1). On the other hand, ringed seals from Arctic regions had the lowest PCB lev
els observed, reflecting the limited contribution of local sources. The difference between two seal 
species in the St. Lawrence Estuary, the harbor and the gray seal, likely reflect the differences in 
feeding ecology (Bernt et al. 1999), whereas the harbor and ringed seals from Alaska had similar 
PCB levels (Krahn et al. 1997). 

Since these phocids represent an important food source for top predators, it is interesting to note 
that the average PCB concentrations in all of these pinnipeds exceed the recommended dietary 
intake of 0.05 mg/kg PCBs required to keep killer whales below the health effects threshold of 17 
mg/kg in their tissues (Hickie et al. 2007). 

9.3 TOXIC EFFECTS OF ORGANIC CONTAMINANTS 

9.3.1 PERSISTENT BIOACCUMULATIVE TOXIC CONTAMINANTS 

9.3.1.1 Legacy Organic Contaminants 
Several PBT contaminants have been banned under the terms of the international Stockholm 
Convention (UNEP 2004).  Polychlorinated biphenyls (PCBs) were once used as heat-resistant oils 
in transformers and industrial applications, but were also used in plastics, adhesives, and paints. The 
chemical structure of PCBs consists of two chlorinated benzene rings, and there exist 209 theoretical 
congeners. The structure of PCBs dictates toxicity through (a) the number and position of chlorine 
atoms on the benzene rings and (b) how close to planarity (benzene rings on the same plane) the conge
ner is. The toxicity of particular PCB congeners can be described in terms of their structural similarity 
to the planar dioxin molecule (2,3,7,8-tetrachlorodibenzo-p-dioxin or TCDD; dioxin-like toxicity) that 
elicits toxicity via the Aryl hydrocarbon Receptor (AhR); or the more “globular” structures (nondioxin 
like) that are carcinogenic, neurotoxic, and endocrine-disrupting (Giesy and Kannan 1998). 

Polychlorinated dibenzo-p-dioxins (PCDDs) and polychlorinated dibenzofurans (PCDFs) were 
never intentionally produced, and represent by-products resulting from a number of processes. These 
include incomplete combustion, low temperature incineration (<800°C), manufacturing of pesticides, 
the use of elemental chlorine in the pulp and paper bleaching process, and the use of pentachlorophe
nol (PCP) for wood chip preservation. PCDDs and PCDFs are structurally related to PCBs, both hav
ing chlorinated phenyl rings. Among the 75 PCDD congeners, 2,3,7,8-TCDD is the most toxic, based 
on acute toxicity studies on cells and organisms (Safe 1992). Dioxin toxicity is mediated through 
the AhR, a cytosolic receptor found in all vertebrates (Hahn 1998). The toxic potency of dioxin-like 
PCB, PCDD, and PCDF congeners in complex mixtures is established on the basis of estimated Toxic 
Equivalency Factors (TEFs) (Safe 1992, Van den Berg et al. 1998, 2006). The TEF concept represents 
an important means of characterizing the overall risk of a relatively complex mixture of contaminants, 
namely for dioxin-like effects for the theoretically possible 419 PCB, PCDD, and PCDF congeners. 

Although the TEF approach is widely accepted, it has limitations to its application. TEFs assume 
that the relative potencies remain the same across species and affect the same endpoints; however, 
both potencies and effects vary among species (Giesy and Kannan 1998). Second, TEFs do not 
address toxicity associated with nondioxin-like structures that are globular (nonplanar) and do not 
induce AhR, but exhibit other effects such as endocrine disruption (Brouwer 1991, Brouwer et al. 
1999), neurotoxicity (Tilson et al. 1998), and carcinogenicity (Ahlborg et al. 1995). 

Dichloro diphenyl trichloroethane (DDT) was introduced as a pesticide for agricultural prac
tices as well as for antimalarial applications. DDT and its metabolites (breakdown products) are 
well known for effects on endocrine and reproductive systems in wildlife brought to attention by 
Rachel Carson’s Silent Spring (Carson 1962). DDT effects on egg shell thinning resulted in the near 
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extinction of fish eating birds (Hickey and Anderson 1968). The use of DDT continues for mosquito 
control and the prevention of malaria in developing countries. 

There are numerous other organochlorine pesticides that are considered to be PBT contaminants, 
many of which have been targeted for elimination under the terms of the Stockholm Convention. 
While typically of less concern to marine mammals than the PCBs, dioxins, furans and DDT, they 
may nonetheless contribute to the toxicity of the complex mixture to which marine mammals are 
exposed (Table 9.2). 

9.3.1.2 Chemicals of Emerging Concern 
A gradual shift in chemical design and management paradigms away from compounds with PBT 
characteristics has contributed to a reduction of contaminant-associated risks in marine mammals 
over the last four decades. However, some PBT chemicals remain in use, in part due to grandfa
ther clauses for chemicals that entered the market prior to new legislative actions. Polybrominated 
diphenyl ethers (PBDEs) and perfluoroalkylated surfactants (PFAS) are PBT chemicals of emerging 
concern that are widely used in consumer products, and have been measured in marine mammal 
food webs around the world (e.g., Giesy and Kannan 2001, AMAP 2004, Wolkers et al. 2004b, 
Tomy et al. 2009). 

PBDEs are a type of brominated flame retardant (BFR) widely used in textiles, appliances, 
plastics and electronic circuitry. They are similar in structure to the PCBs, with two benzene rings 
that are brominated rather than chlorinated. Similar to PCBs, PBDEs have 209 possible conge
ners, are lipophilic, appear to be metabolized through similar enzyme pathways (McKinney et al. 
2006), and are endocrine disrupting (Hallgren et al. 2001, Zhou et al. 2002). Like PCBs, PBDEs 
can be found in marine mammals as far as the remote Arctic (Wolkers et al. 2004b, Tomy et al. 
2009). PBDEs face increasing regulatory scrutiny globally such that certain formulations have  
been added to the list of candidates for elimination under the terms of the Stockholm Convention 
(Ross et al. 2009). 

PFAS are used as refrigerants, polymers, components of pharmaceuticals, lubricants and impreg
nation agents for textiles. Of particular concern are the perfl uorooctane sulfonic acids (PFOS) and 

TABLE 9.2 
The “Dirty Dozen” Chemicals Banned by the United Nations Environmental 
Program (UNEP) at the Stockholm Convention Include Those Deemed to Be 
Persistent in the Environment, Bioaccumulative, and Toxic (PBT), as Well as 
Subject to Long-Range Transport 

Chemical Use 

Aldrin Insecticide 

Chlordane Insecticide 

DDTa Insecticide 

Dieldrin Insecticide 

Dioxins By-product of combustion of chlorine products and paper bleaching 

Endrin Rodenticide and insecticide 

Furans By-product of PCB manufacturing 

Heptachlor Insecticide 

Hexachlorobenzene Fungicide, by-product of pesticide manufacturing 

Mirex Insecticide, fl ame retardant 

PCBsb Coolants, lubricants for transformers, weatherproofi ng, adhesives 

Toxaphene Insecticide 

a Dichlorodiphenyltrichloroethane. 
b Polychlorinated biphenyls. 
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perfluorooctanoic acid (PFOA). These contaminants have received less attention than chlorinated 
and brominated compounds, partly due to the difficulties in their analytical measurement, and 
partly due to their high molecular weights, low volatility and insolubility in water as well as fatty 
tissues (Jensen and Leffers 2008). As a result, PFOS do not concentrate blubber, but rather bind to 
proteins in blood liver, kidney, and the brain of mammals (Jones et al. 2003). The persistence and 
widespread occurrence in the environment and in wildlife highlights the emergence of PFAS as a 
global environmental concern (Giesy and Kannan 2001). 

9.3.1.3 Metabolism and Toxic Action 
Adverse effects associated with PBT contaminants are largely mediated by the disruption of 
physiological functions, with the endocrine, immune, neurological, and reproductive systems 
being particularly vulnerable. The similar structures of many hormones and PBT contaminants 
explain, in part, the endocrine disrupting nature of PBT contaminants. Dioxin and dioxin-like 
chemicals may bind to thyroid hormone receptors due to their similar structure to thyroxine 
(McKinney 1989). The estrogenic properties of DDT and its metabolites are thought to have 
resulted in the thinning of eggshells and associated reproductive failure in fi sh-eating birds 
(Hickey and Anderson 1968), feminization in male gull embryos (Fry and Toone 1981), synthesis 
of vitellogenesis in fish (Donohoe and Curtis 1996), and alteration of steroid metabolism in gray 
seals (Lund 1994). 

PBTs are highly resistant to metabolic removal, and yet marine mammals, along with most ver
tebrates, do have some limited ability to metabolize PBTs. The elimination of contaminants such 
as PCBs or DDT (and PAHs) occurs through the biotransformation and metabolism of lipophilic 
parent chemicals into more hydrophilic products that can be more readily excreted. Although PBT 
metabolism reduces the body burden of these compounds, the metabolite breakdown products are 
also associated with toxic injury (Letcher et al. 2000). PCBs metabolize to hydroxylated (OH-PCBs) 
and methyl sulfone (MeSO2) PCBs that have been associated with a disruption of the thyroid hor
mone system (Brouwer et al. 1998, Letcher et al. 2000), while DDT metabolites (e.g., o,p′ DDE, 
p,p′ DDD) are known as estrogen agonists (Klotz et al. 1996). 

Metabolism is carried out by two major enzyme groups in vertebrates: (a) Phase I, or oxidation 
enzymes, including cytochrome (CYP) P450s and other oxidation-reduction enzymes that assist 
with metabolism by the insertion of a polar group or removal of chlorine molecule (dehalogena
tion); (b) Phase II, or conjugation enzymes, include glutathione S-transferases, among others, that 
increase the hydrophilicity of the contaminant (Parkinson 1996). Expression of phase I and II 
enzymes occurs when contaminants interact as ligands with the AhR. The AhR then dimerizes 
with the AhR nuclear transporter (ARNT) and binds to xenobiotic response elements (XRE) that 
regulate the transcription of contaminant inducible genes (Whitlock 1999). 

Cytochrome P450 enzymes (also known as the microsomal mixed-function monoxygenase 
enzymes) are essential in the metabolism of steroid hormones and fatty acids. Thus, the induction 
of P450 by PBTs may also result in the alteration of hormone and fatty acid metabolism, disrupting 
normal physiological functions. CYP1A1 (cytochrome P450 gene family 1, subfamily A, gene 1) 
is the gene most commonly associated with planar PCB and 2,3,7,8-TCDD metabolism. CYP1A 
activities have been associated with PBTs in cetaceans and pinnipeds including beluga, bottlenose 
dolphins, ringed and gray seal, harbor seal, and polar bears (White et al. 1994, Letcher et al. 1996, 
Nyman et al. 2003, Miller et al. 2005, Assuncao et al. 2007, Montie et al. 2008). 

Non dioxin-like PBTs that are globular or nonplanar in structure may not induce the AhR, 
yet may cause toxic injury by various mechanisms that can disrupt neurological, behavioral, and 
endocrine systems (summarized in Giesy and Kannan 1998). Toxic effects of nondioxin-like PBTs 
include disruption of vitamin A and thyroid hormones (Brouwer 1991). As a result vitamin A and 
thyroid hormones, like CYP1A, have been used as biomarkers of toxic effects in marine mammals 
in correlative and associative studies (e.g., Jensen et al. 2003, Braathen et al. 2004, Hall and Thomas 
2007, Mos et al. 2007). 
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9.3.2 NONPERSISTENT BIOACCUMULATIVE TOXIC CONTAMINANTS 

9.3.2.1 Polycyclic Aromatic Hydrocarbons 
While natural geological seeps release PAHs into many marine areas, anthropogenic oil spills from 
ships, pipelines, and storage facilities can deliver sudden and catastrophic quantities to the ocean 
surface where marine mammals live, breathe, and reproduce. The final sink for PAHs, after volatil
ization and mixing in the water column is the ocean sediments. These sediments, in turn, become 
a source to benthic invertebrates and their predators (Latimer and Zhang 2003). Although the abil
ity of most marine invertebrates to metabolize these chemicals is limited, marine mammals and 
other vertebrates are reasonably able of metabolizing PAHs (Meador et al. 1995). Metabolism by 
vertebrates removes the opportunity for food web biomagnifi cation, and hence, reduces the risk of 
dietary exposure and subsequent accumulation in marine mammals (Nakata 2003). Nevertheless, 
direct contact has been associated with large-scale impacts on marine mammals. 

Marine mammal populations were seriously affected by the Exxon Valdez Oil Spill (EVOS) in 
Prince William Sound, Alaska (U.S.) in 1989. This accident released 40 million litres of crude oil, 
and was implicated in the deaths of killer whales (Orcinus orca), harbor seals (Phoca vitulina), 
and sea otters (Enhydra lutris) (Loughlin 1994). The estimated acute mortality of 302 harbor seals 
(Loughlin and York 2000) was attributed to inhalation and/or ingestion that likely resulted in brain 
lesions and disorientation causing death (Spraker et al. 1994). Effects from inhalation range from 
mild irritation to respiratory stress, narcosis and drowning, lung congestion leading to pneumonia, 
liver damage and death in marine mammals (Geraci 1990, Neff 1990). Killer whales, like other 
cetaceans, lack an olfactory system making it difficult for them to detect and avoid spills (Matkin 
et al. 2008). The EVOS-associated oiling of sea otter fur caused matting and a loss of insulative 
capacity leading to death by hypothermia, smothering, or drowning with mortalities estimated at 
more than 1000 individuals (Garrott et al. 1993). 

Similarly, eared seals (e.g., sea lions Zalophus californianus) rely in part on their fur for thermo
regulation, whereas the harbor seals have a thick blubber layer in addition to fur, making them less 
susceptible to hypothermia (St. Aubin 1990). Nonfur-bearing marine mammals such as bottlenose 
dolphins (Tursiops truncatus) have shown little dermal toxicity in captive experiments due to a thick 
and dense epidermis (Geraci and St. Aubin 1985). 

Chronic exposure at sublethal levels may affect wildlife and recovery for protracted periods of 
time (Peterson et al. 2003). For example, killer whales that fed on oil-covered harbor seals may 
have been more vulnerable to oil-related impacts as a consequence of existing exposure to PBT 
contaminants (Matkin et al. 2008). And while metabolic elimination reduces the scope for food web 
related amplifi cation, PAH breakdown products are highly reactive and may be harmful to marine 
mammals over the long term (Hawkins et al. 2002). 

9.3.2.2 Pesticides, Pharmaceuticals, Personal Care Products, and Plastics 
By virtue of their design, currently used pesticides have shorter half-lives, higher water solubilities, 
and undergo relatively rapid degradation or metabolism. Although such chemicals are designed to 
target specific pests through acute toxicity, some have been found to impact on nontarget species 
such as salmon (Scholz et al. 2000, Tierney et al. 2008), a key component of killer whale diet in 
the NE Pacific Ocean (Ford and Ellis 2006). Reduced returns of Atlantic salmon in eastern Canada 
were associated with the presence of 4-nonylphenol as an adjuvant in the aerial application of the 
forestry pesticide Matacil 1.8D (Brown and Fairchild 2003). Even low-level applications of pesti
cides may alter community structure in ways that ultimately reduce food availability for predators 
(Relyea 2009, Vonesh and Kraus 2009). 

Unlike the target (pest)-specific chemicals that are applied in the environment, many other 
products found in aquatic ecosystems have been inadvertently released following household or 
industrial use. These include pharmaceuticals and personal care products (PPCPs) and plastics. 
PPCPs encompass a large variety of chemicals that have been measured in marine and freshwater 
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environments (Kolpin et al. 2002). The detection of PPCPs in the environment has been constrained 
by analytical challenges related to high detection limits, transformation, and degradation products. 
Concentrations and half-lives of these chemicals are typically low, yet their continual discharge in 
effluent has resulted in “pseudopersistence” (Ankley et al. 2007). 

Plasticizers are softeners used in products made with polyvinyl chloride (PVC) to make the prod
uct flexible (e.g., plastic bags, toys, clothing, flooring, and medical supplies). The most commonly 
used plasticizer is di(2-ethylhexyl) phthalate (DEHP). Bisphenol A (BPA) is used as a hardening 
agent in plastics and is one of the highest-volume chemicals produced worldwide, with 6–10% 
growth in demand expected each year (Burridge 2003 in [vom Saal and Hughes 2005]). BPA has 
been shown to reduce antioxidants and cause an early onset of sexual maturation in females at low 
doses (reviewed in [vom Saal and Hughes 2005]). Given the size of the global plastics industry, and 
the presence of plastic constituents in the aquatic environment, there may increasing impact on 
invertebrate and fi sh communities. 

Like PAHs, BPA and phthalates can also undergo metabolic breakdown, and the metabolites may 
cause toxic injury (Ike et al. 2002). BPA and phthalates are known xenoestrogens and are acutely 
toxic (vom Saal and Hughes 2005), under chronic exposure scenarios may lead to increased risk of 
cancer (Parkinson 1996). The long-term sublethal effects of low-level PPCPs may be of more con
cern than the short acute exposure due to impacts on critical physiological functions. For example, 
altered hormone profiles and reduced reproductive success were caused by the feminization of male 
fish exposed to estrogenic steroid hormones in effluent (Williams et al. 2009). 

9.3.3 APPROACHES IN MARINE MAMMAL TOXICOLOGY: STUDY DESIGN 

The long lives, limited metabolic capacity to eliminate contaminants, large habitat needs, and often 
high trophic level, underlie the special vulnerability of the marine mammals to organic contami
nants, notably those with PBT properties. Despite the extensive literature documenting the extent to 
which many marine mammals have become heavily contaminated by PBT contaminants, it remains 
very difficult to establish cause-and-effect evidence of adverse health effects associated with a given 
contaminant. This is due to three fundamental challenges: (1) the highly complex mixtures of con
taminants, to which free-ranging marine mammals are exposed; (2) the multitude of confounding 
factors other than contaminants that affect the health of free-ranging marine mammals, and may 
confound contaminant-oriented studies (e.g., age, sex, disease, nutritional status and stress, as well 
as anthropogenic influences such as noise disturbance, climate change, and habitat destruction); and 
(3) the legal, ethical, and technical challenges that typically preclude captive dosing studies from 
being carried out (Ross et al. 2003). 

Environmental contaminants have been associated with impacts on several health endpoints in 
captive and free-ranging marine mammals (Table 9.3). Lines of evidence have been derived from 
a variety of approaches, including associative, correlative, captive feeding, laboratory animal, and 
in vitro study designs (Ross 2000, Ross et al. 2003). 

9.3.3.1 Associative Studies 
Associative studies include observations of mass mortality, infectious disease outbreaks, physi
ological abnormalities, and/or low recruitment in free-ranging marine mammals inhabiting con
taminated areas. Early examples of associative findings include pathogen-induced abortions in 
California sea lions (Z. californianus) (DeLong et al. 1973). More recently, the same population is 
experiencing a very high prevalence (18%) of neoplasms among stranded adult pinnipeds (Gulland 
et al. 1996). Death via carcinoma, examined with a logistic model, revealed animals with carcinoma 
had higher mean concentrations of PCBs and DDTs in blubber (Ylitalo et al. 2005). 

The mass mortality of harbor seals attributed to phocine distemper virus (PDV) provided some 
support for contaminant induced immunosuppression because individuals who survived the out
break had significantly lower organochlorine levels (Hall et al. 1992). Associative studies paired with 



 

 

 

TABLE 9.3 
Health Effects Related to Elevated Exposure to Chemicals Deemed to Be Persistent, 
Bioaccumulative, and Toxic (PBT) Have Been Observed in Marine Mammals, Using a 
Combination of Different Study Designs 
Effect/Biomarker ∑PCB Tissue Species Reference 

Captive Feeding 

↓ Implantation, vitamin A, thyroid 26.00 Blood Harbor seal Brouwer et al. 1989, Reijnders 1986 

hormones 

↓ Immune system	 0.02 Blubber Harbor seal de Swart et al. 1996, Ross et al. 1996b 

Correlative 

↑ CYP activity	 0.42 Blubber Beluga whale White et al. 1994 

↑ CYP activity	 5.00a Skin Fin whale Marsili et al. 1998 

↑ CYP activity	 28.00 Liver Gray seal Nyman et al. 2003 

↑ CYP activity	 66.00 Liver Ringed seal Nyman et al. 2003 

↓ Testosterone	 9.00b Blubber Dalls Porpoise Subramanian et al. 1987 

↓ Thyroid hormones	 7.02 Plasma Polar bear Braathen et al. 2004 

↓ Thyroid hormones	 0.74 Blubber Ribbon seal Chiba et al. 2001 

↓ Thyroid hormones	 3.20 Blubber Spotted seal Chiba et al. 2001 

↓ Thyroid hormones	 2.50 Blubber Harbor seal Tabuchi et al. 2006 

↑ Thyroid hormones	 8.20 Blubber Harbor seal Hall and Thomas 2007 

↓ Thyroid hormones	 5.40 Blubber Gray seal Sormo et al. 2005 

↓ Thyroid hormones	 2.80 Plasma Gray seal Jenssen et al. 1994 

↑ Vitamin A	 15.40 Blubber Harbor seal Simms et al. 2000 

↓ Vitamin A	 2.50 Blubber Harbor seal Mos et al. 2007 

↓ Vitamin A	 0.80 Blood Gray seal Jensen et al. 2003 

↓ Bone mineral density 8.60 Fat Polar bear Sonne et al. 2004 

↓ Lymphocyte/Immune 2.52 Blubber Harbor seal Levin et al. 2005 

↑ IgG, antibodies	 0.05 Plasma Polar bear Lie et al. 2004 

↓ Lymphocyte/Immune 3.00 Blubber Harbor seal Mos et al. 2006 

Note: 	   These include both captive feeding studies where controlled conditions enable a high degree of confidence on the 
effects of PBT contaminants, as well as correlative studies in free-ranging populations of marine mammals where 
less control is afforded, but the context is representative of a population in the “real world.” Most literature points to 
the PCBs as the primary PBT contaminant underlying these effects, although a contribution of other PBT contami
nants cannot be ruled out. It should be noted that the ∑PCB values presented here represent mean values taken from 
the studies, rather than a threshold associated with the effect observed. 

a Dry weight. 
b Wet weight. 
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controlled feeding studies can assist in determining contaminant thresholds. For example, Jepson 
et al. (2005) found the previously identified PCB threshold of 17 mg/kg in blubber for adverse health 
effects including immunotoxicity (Ross et al. 1995), effectively delineated the stranded harbor por
poises into an infectious disease group and a physical trauma stranding group. 

Similar to observations in the California sea lions, the St. Lawrence Estuary (SLE) beluga popu
lation has exhibited numerous cancer tumors, low recruitment, and the first case of true hermaphro
ditism in a cetacean (De Guise et al. 1994a, 1994b, 1995, Martineau et al. 1994). The proximity of 
SLE belugas to industrial effluent provided a basis to consider the above effects as being in part due 
to their high contaminant exposure. More recently, the SLE beluga population has been used as an 
indicator for human health, as residents living near the SLE are experiencing elevated incidence of 
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cancer (Martineau et al. 2002). Limited opportunities to obtain samples make it difficult to demon
strate cause and effect between specific contaminants. Therefore, associative field studies provide 
indications of a marine mammal population that show signs of contaminant related effects, with 
limited mechanistic evidence. 

9.3.3.2 Correlative Studies 
Correlative studies use documented statistical relationships between contaminant levels and phys
iological endpoints known to be sensitive to disruption by contaminants such as the endocrine, 
reproductive, and immune systems. Toxicological endpoints or biomarkers for endocrine disruption 
and reproductive impairment in wildlife have been reviewed by (Rolland 2000, Simms and Ross 
2001, Hahn 2002, Peakall et al. 2002). 

CYP1A has been used as a biomarker of PBT exposure and the onset of physiological effects 
in fish and marine mammals (Hahn 2002) (Table 9.3). Beluga whales from the St. Lawrence estu
ary were initially thought to have higher CYP1A activity relative to Arctic belugas in response to 
higher PCB exposure (Muir et al. 1996), but a later study did not support those fi ndings (Wilson 
et al. 2005). This may be explained in part by differences in sampling techniques. A recent study 
of bottlenose dolphins revealed CYP1A1 expression in relation to 2,3,7,8 TCDD and OH-PCBs to 
be significant only in the deep blubber layer (Montie et al. 2008). This was the first study to fi nd 
stratification of CYP1A1 expression in blubber, demonstrating the importance of understanding the 
biomarker selected to study effects. Overall, PBT induced CYP1A activity appears to be a reliable 
indicator of dioxin-like responses in pinnipeds (Nyman et al. 2003) and cetaceans (e.g., Montie 
et al. 2008). However, effort is needed to ensure better comparability among samples and study 
designs that incorporate and/or address the confounding effects of age, sex, condition, and sampling 
techniques. 

Both steroid hormones and thyroid hormones have been used as biomarkers of toxic effects 
(Table 9.3). Altered circulating hormone concentrations with an increase in contaminant levels 
such as PCBs are thought to result from (a) steroid breakdown via PCB and/or PCB metabolite-
induced enzyme activity (P450 induction) and/or (b) a competitive displacement by PCBs and/or 
their metabolites of hormones from their receptors. A decrease in thyroid hormone concentrations 
with increasing PBT contaminant levels was observed in spotted seals (Phoca largha), ribbon seals 
(Phoca fasciata), harbor seals, and polar bears (Chiba et al. 2001, Braathen et al. 2004, Sormo et 
al. 2005, Tabuchi et al. 2006) (Table 9.3). In addition to a reduction in circulating thyroid hormones 
with increased PCB levels in free-ranging harbor seals, Tabuchi et al. (2006) revealed alterations 
in thyroid hormone gene expression (TH α) in blubber. Genotoxic endocrine disruption in blubber 
suggests a potential consequence on blubber functions such as lipid metabolism and thermoregula
tion (Tabuchi et al. 2006). 

Vitamin A is an essential dietary component required for growth, development, and maintenance 
of endocrine, reproductive, and immune systems (Rolland 2000, Simms and Ross 2000). Levels of 
vitamin A in free-ranging marine mammals are thought to have been disrupted by PCBs through 
several modes of toxic action (Rolland 2000, Jensen et al. 2003, Mos et al. 2007). As with all 
biomarkers, an understanding of their baseline physiology, along with the roles of potentially con
founding factors such as nutritional condition, size, sex, and reproductive status, is a critical part of 
study design and interpretation (Simms and Ross 2000, 2001). Selecting an appropriate tissue was 
demonstrated in gray seal pups where plasma levels related more significantly with PCB levels than 
whole blood media (Jensen et al. 2003). 

While serious outbreaks of disease have underscored the possible contribution of contaminant-
related immunotoxicity among marine mammals, measuring immune function in free-ranging 
marine mammals is fraught with challenges. These include the difficulties in obtaining fresh blood 
samples from healthy individuals, the confounding influences of age, sex, disease, condition, and 
stress on immunological endpoints, and the need to conduct functional evaluations of fresh blood 
cells at the same time to ensure interindividual comparability. Endpoints to evaluate immune 
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function include aspects of nonspecific immunity such as natural killer cell activity, and specifi c 
immunity such as lymphocyte function, or the determination of cytokines, proteins, enzymes, or 
antibodies (reviewed in Ross 2002). The complexity of the immune system has limited the number 
of studies on free-ranging marine mammals, with most evidence emanating from the well-studied 
harbor seal (Hall et al. 1992, 2006, Lahvis et al. 1995, Levin et al. 2005, Mos et al. 2006). 

9.3.3.3 Captive Studies 
Captive studies offer a means of studying the effects of contaminants in a controlled setting that 
can help to elucidate causal linkages between contaminants and toxicity endpoints in marine mam
mals. Elevated PBT concentrations were implicated in reduced reproductive success in one group 
of captive harbor seals fed fish from the contaminated Wadden Sea compared to a control group 
(Reijnders 1986) (Table 9.3). Those seals fed contaminated fish experienced altered vitamin A and 
circulating thyroid hormone levels (Brouwer et al. 1989), an effect later attributed to PCB metab
olite-associated displacement of the thyroid hormone-carrier complex in circulation (Brouwer et 
al. 1999). In a later captive-feeding study, reduced function of natural killer cells and T-cells, and 
impaired delayed-type hypersensitivity, were observed in harbor seals fed herring from the con
taminated Baltic Sea compared to seals fed herring from the North Sea (reviewed in de Swart et al. 
1996, Ross et al. 1996b). 

The cumulative evidence from these major studies provided support for the notion that some 
of the virus-associated mass mortalities in Europe may have been exacerbated by PBT contami
nants, as many affected populations had PCB concentrations above those which elicited signifi cant 
changes in immune function in the captive seals (Ross et al. 1996a). Captive dolphins have been 
used to study contaminant pharmacokinetics, including partitioning between blood and blubber, 
transfer during different stages of lactation, and relationship with calving success (Ridgway and 
Reddy 1995, Reddy et al. 1998, 2001). 

9.3.3.4 In Vitro Studies 
In vitro research offers additional opportunities to explore the effects of contaminants on 
the health of marine mammal cells or tissues, with the advantage of being noninvasive. Such 
approaches allow for a careful control of contaminant exposures in the context of a strictly 
defined response. These studies can provide information of cause and effect linkages between 
individual contaminants and an effect, or the effects of a complex mixture. Several in vitro stud
ies have been carried out using cells isolated from beluga whales (De Guise et al. 1996, 1997, 
1998, Levin et al. 2004, Mori et al. 2006). These were aimed at characterizing possible mecha
nisms of action for immunotoxicity by incubating peripheral blood leukocytes with a series of 
single/multiple chemical exposures. The ultimate challenge of in vitro research results is to 
extrapolate the linkage to the organism and population level. At an interspecies level, an in vitro 
PCB exposure in pinnipeds revealed reduced immune function in harbor seals and no effect on 
sympatric gray seals, suggesting the harbor seal to be more vulnerable to immunotoxicity and 
possibly disease (Hammond et al. 2005). 

9.4 CONCEPTS IN RISK ASSESSMENT AND MANAGEMENT 

9.4.1 THE CHALLENGE OF COMPLEX MIXTURES 

Concentrations of PCBs or DDT are typically an order of magnitude higher than new compounds 
such as PBDEs and PFOS in biota. This increasing complexity of contaminants found in marine 
mammals renders it difficult to elucidate the effects of emerging chemicals in free-ranging popula
tions. Controlled laboratory studies assist in determining modes of action of new compounds, but do 
not address the additive, synergistic, or antagonistic effects of the complex mixtures in the marine 
environment. 
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PBDE-exposed rodents revealed a disruption in thyroid hormone circulation (Hallgren et al. 
2001, Zhou et al. 2002) as well as developmental neurotoxic and behavioral effects (Eriksson et al. 
2001, Viberg et al. 2003a, 2003b). One PBDE field study has been conducted to evaluate possible 
PBDE-mediated effects in postweaned gray seal pups and juveniles (Hall et al. 2003). Results dem
onstrated a relationship between circulating thyroid hormones, transport proteins and PBDE uptake 
(0.2; 0.5 mg/kg lw in pups and juveniles). Further research is needed to better characterize the rela
tive contributions of PBDEs to the possibly pre-existing effects of the other PBT contaminants that 
are typically found at much higher concentrations in marine mammals (Law et al. 2002). 

There have been few studies of the effects of PFOS on wildlife, but laboratory studies have dem
onstrated the potential for endocrine disruption (Lau et al. 2004, 2007). High exposure resulted in 
decreased testosterone, and gene expression involved in steroidogenesis, and increased oestriadiol 
(Biegel et al. 1995, Shi et al. 2007). In addition, reduced body weight, increased liver weight, and 
hepatocellular adenomas have been described in laboratory mammal studies (Seacat et al. 2002, 
2003). To date there has only been one field study linking high levels of PFOA (0.06 ± 0.03 mg/ 
kg ww) and PFOS (0.05 ± 0.01 mg/kg ww) in sea otters to infectious disease prevalence (Kannan 
et al. 2006). However, these same individuals also had high levels of PCBs, DDT and heavy metals 
(Kannan et al. 1998, 2004, Nakata et al. 1998), confounding a mechanistic understanding of this 
observation. 

9.4.2 WEIGHT OF EVIDENCE IN MARINE MAMMAL TOXICOLOGY 

No single line of research provides suffi cient evidence of causality at the marine mammal popula
tion level for the effects of a given contaminant, underscoring the need for a “weight of evidence” 
approach (Ross 2000). This approach is akin to that used in human health research (Ross and  
Birnbaum 2003). The integration of human and ecological approaches to toxicology offers benefi ts 
to furthering an understanding of PBT health risks at the ecosystem level (Munns et al. 2003). 

Advantages of associative or correlative field research include the “real world” nature of the 
study, and the relevance to conservation of management questions. Disadvantages to these fi eld
based approaches include the near-impossible task of identifying a single chemical involved in 
observed effects, and the confounding influences of multiple factors that affect health in the wild. 
Advantages of captive studies include the ability to obtain high quality samples from known 
animals, the ability to minimize confounding factors, and the ability to adequately characterize 
contaminant mixtures to which they are exposed in their diet; disadvantages include the ethical con
straints associated with marine mammal research, a still complex contaminant mixture in their diet, 
and the need to ultimately link the results with the real world. Advantages of in vitro studies include 
the ability to work with carefully defined chemicals alone or in combination, the control over simple 
physiological endpoints or systems with the aim of mechanistic evaluation, and the ability to work 
with little or no impact on marine mammals; disadvantages include the lack of organismal context 
and the need to relate back to individual and population health. 

Ultimately, however, each and every one of these lines of research has helped to deliver a “weight 
of evidence” which has clarified the putative roles of PBT contaminants, notably the PCBs, dioxin-
like mixtures, and PCB metabolites, in reduced immunological fitness, reproductive impairment, 
skeletal malformations, tumors, and endocrine disruption in marine mammals. Future toxicological 
studies need to feed results into a broader context for risk assessment managers to better decide 
on appropriate mitigation or management actions in support of the conservation of healthy marine 
mammal populations. 

9.4.3 INTERNATIONAL TREATIES, NATIONAL REGULATIONS, AND LOCAL APPLICATION 

In response to concern for the impacts of PBT contaminants on human and environmental health 
on a global scale, the Stockholm Convention on Persistent Organic Pollutants (POPs) was adopted 
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as an international treaty in 2004. The convention requires signatories to eliminate or reduce the 
release of chemicals that are persistent and capable of long-range transport, bioaccumulation, and 
toxic injury (PBTs). The global treaty administered the removal and regulation of chemicals referred 
to as the “Dirty Dozen,” and included PCBs and DDT (Table 9.2). 

Most countries have adopted sets of regulations to implement the terms of the Stockholm 
Convention. Guidelines on chemical regulations are complex as management and mitigation strat
egies differ among nations and within nations. For example, in the United States, chemical prod
ucts are regulated by the United States Environmental Protection Agency (U.S. EPA). Within the 
U.S. EPA, the Toxic Substances and Control Act provides guidance on regulating the production, 
importation, use and disposal of chemicals such as PCBs, whereas other chemical substances such 
as pharmaceuticals, cosmetics, food, and pesticides are regulated under other acts. Typically these 
regulations require chemical manufactures to go through a “gatekeeper” screening process. 

In Canada, the Canadian Environmental Protection Act (CEPA), created in 1999, manages toxic 
chemical substances, but as many as 25 laws govern chemical substances under food, drug, and 
pesticide components. Regulations for such products require that all new chemicals that are manu
factured or imported be assessed against specifi c criteria. 

The European Union (EU) has developed a comprehensive set of regulations for chemicals, 
known as the Regulation on Registration, Evaluation, Authorization and Restriction of Chemicals 
(REACH). This became law in the EU in 2007, and consists of an intensive “cradle to grave” pro
gram to ensure that manufacturers comply with chemical regulations, as well as take on the respon
sibility of managing risks of substances entering the market. 

9.4.4 REGULATORY GUIDELINES FOR ENVIRONMENTAL MEDIA 

In addition to providing regulatory oversight for chemical design and management, international 
treaties and national regulations translate into state/provincial and municipal jurisdictions to sup
port information needs for management and decisions for the protection of wildlife and human 
health. Environmental quality guidelines for chemicals in media such as water and sediments rely 
on benchmarks, reference points or thresholds to protect wildlife by providing indicators and a 
method of interpreting progress when mitigating site-specific impacts or preventing further dam
age following the use, release or disposal of a chemical. Guidelines have been developed by several 
programs that include but are not limited to the following: Canadian Council of Ministers of the 
Environment (CCME), the Agency for Toxic Substances and Disease Registry (ATSDR), New York 
Department of Environmental Conservation, United States National Academy of Sciences, and the 
European Chemical Agency. 

Guidelines for mitigation, source control, and conservation have been developed to protect site- 
or species-specific effects of contaminants. These typically include water, sediment, and prey tissue 
compartments. Since PBTs in water do not represent a significant mode of exposure for marine  
mammals, guidelines for PBTs in water are not relevant to marine mammals. PBT contaminants 
do partition into sediments, such that sediment contaminants are relevant when contaminants are 
mobilized through biotic and abiotic processes, and taken up into aquatic food webs. Thus, biota-
sediment accumulation factor (BSAF) models have been used to predict bioaccumulation of PBT 
chemicals in fish and aquatic biota using sediment concentrations and equilibrium partitioning 
(Gobas and Morrison 2000, Wong et al. 2001). 

Because diet represents the primary means of PBT exposure in marine mammals, prey tissue 
guidelines provide the most relevant means of assessing risk and designing mitigative strategies. 
Tissue Residue Guidelines (TRGs) have been used to characterize risk to mammals and birds  
(CCME 1998). A TRG is a type of toxicity reference value (TRV) that is determined for a chemi
cal in an exposure medium (Sample et al. 1996). Methods used to select the appropriate TRG for a 
species and contaminant will vary among agencies. The protocol for TRGs for the CCME (CCME 
1998) is partially based on methods developed by the New York State Department of Environmental 
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Conservation (Newell et al. 1987). The latter relies on the tolerable daily intake (TDI) (calculated in 
milligrams per kilogram of body weight per day [mg/kg bw/d]), such that a guideline is anticipated 
to not result in any adverse health effects following exposure. TDIs are calculated with the lowest 
observed adverse effect level (LOAEL) and the no observed adverse effect level (NOAEL) from 
toxicological studies, with the incorporation of an appropriate uncertainty factor (UF): 

 (LOAEL · NOAEL)0.5
TDI =

 UF 

If the NOAEL is unknown, it can be extrapolated from dose–response curves. Using the TDI, refer
ence concentrations (RC) in mg/kg can be calculated for a specifi c species using daily food inges
tion (FI) rates in kg/d and body weights (bw). 

    TDI   RC =
 FI/bw 

Data to run models and determine TRGs are largely derived from laboratory species such as rats or 
mice that are fed a diet of a given chemical to mimic environmental levels of concern. There are strict 
guidelines on the toxicological data deemed acceptable prior to extrapolating, and uncertainty sur
rounding sensitivity variability among species are considered and accounted for. Despite these strict 
guidelines, there are limitations to this approach. First, the use of laboratory animals constrains the 
relevance and limits the environmental variability when resultant TRGs are used for the protection of 
wildlife such as marine mammals. Extrapolation from a controlled laboratory study to a free-ranging 
animal does not adequately account for (a) environmental interactions; (b) variability in exposure/ 
feed (how the contaminant was added to food material), ingestion rate; (c) differences in uptake, 
metabolism, absorption, and excretion of different compounds; and (d) body mass, that together pres
ent challenges to size scaling or extrapolation among species (Sample and Arenal 1999). 

Methods to overcome such interspecies challenges do exist and provide a means to extrapolate 
from lab to field studies using mode of toxicity classification groups (Raimondo et al. 2007). This 
approach, as well as the majority of laboratory effects studies, typically focus on acute effects, 
rather than chronic approaches that may be more environmentally relevant. Chronic studies are gen
erally much more costly, difficult to carry out, and involve low-level effects that may not be valued 
under current risk assessment paradigms. 

TRG- and TDI-based approaches, are largely based on dose–response relationships from labora
tory rodent feeding studies. This is very different from a field-based approach (i.e., correlative) that 
evaluates contaminant concentrations in free-ranging wildlife and associates concentrations with 
disrupted physiological endpoints. Moreover, the physiology and energetics of marine mammals 
typically involves seasonal foraging on lipid rich prey followed by living off of blubber energy  
stores (Costa 2008). This may predispose marine mammals to a different set of risk scenarios when 
compared to the physiological energetics of laboratory species where diets are largely derived from 
carbohydrates and proteins (Young 1976). A wider acceptance of field-study data by risk assessors 
may help to improve the relevance of ecotoxicological studies and improve society’s ability to better 
conserve and protect marine mammals at the population level. 

Marine mammals may offer some guidance on how to improve our ability to design and regulate 
chemicals, and to establish site- or specifi c-specific protections. For example, while the implemen
tation of PCB regulations in the mid-1970s helped to reduce environmental concentrations of this 
chemical, it is increasingly clear that current benchmarks and guidelines do not offer adequate pro
tection for marine mammals. In a case study, it was demonstrated that the fish-eating killer whales of 
the NE Pacific Ocean will not be “protected” from PCB-related health risks for another 30–70 years, 
and that if these cetaceans were to consume prey containing a “safe” level of PCBs (0.050 mg/kg wet 
weight), fully 95% of the population would be at risk for adverse health effects (Hickie et al. 2007). 
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This disconnect between toxicological research and risk assessment paradigms underscores the 
need for a more encompassing consideration of field data and life history features by risk assessors. 
A “weight of evidence” offers a basic start in this regard. On the other hand, fi eld-based scientists 
should be made aware of the needs of risk assessors, such that the resultant research will be of  
greater relevance at the regulatory level. Captive feeding studies has been suggested as a means to 
bridge the field and laboratory approach, and can offer accurate toxicity data for acute and chronic 
injury (O’Shea et al. 1999). However, the logistical and ethical associated with such studies con
strains the opportunities in this regard. 

Summary 

Based on an accumulating weight of evidence, adverse health effects in different marine mam
mal populations have been linked to two principal types of contaminants. First, elevated PBT 
contaminants have been implicated in endocrine disruption, immunotoxicity, increased vulner
ability to disease, and reproductive impacts in the case of mid- to high trophic level species. 
Among the complex mixture of environmental PBTs, PCBs represent the prime culprits in these 
observed health impacts in high trophic level marine mammals in the northern hemisphere. 
Based on the commonly used effect threshold of 17 ppm for PCBs in relation to the lower con
centrations with observed effects presented in Table 9.3, highlights the need for more effects 
research on free-ranging marine mammals. 

In addition to effects of PBTs, hydrocarbons related to oil spills have caused acute impacts in 
the case of several species, notably those that are furred and frequent nearshore and intertidal 
areas. Evidence is more scant for the effects of a wide range of metals, pesticides, and PPCPs, 
but exposures have been documented, particularly among lower trophic level marine mammals. 
Risks for these contaminants will vary as a function of proximity to source and dose, as well as 
the life history features of the marine mammal in question. 

A causal understanding of health effects in marine mammals exposed to highly complex 
mixtures remains a challenge due to the complex mixture to which marine mammals are 
exposed in their habitat, the confounding factors facing researchers such as age, sex, disease, 
or nutritional status, and the ethical, logistical, and legal constraints associated with conducting 
research on free-ranging marine mammals. Further research and management action is needed 
to better protect marine mammals from contaminant-related effects at a population level. Areas 
of interest would include risk assessment, chemical regulation, chemical engineering, source 
control, remediation, and conservation measures; each of these areas should better take into 
account the unique vulnerabilities of different marine mammals. At the end of the day, however, 
the exposure of marine mammals to high levels of endocrine disrupting contaminants signals 
a failure at the regulatory level. A better consideration of such vulnerable species, as well as a 
more all-encompassing inclusion of the precautionary principle, would go a long way in protect
ing the world’s marine mammals. 
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378 Environmental Contaminants in Biota 

10.1 INTRODUCTION 

As stated in Woshner et al. (2002): 

The propensity for various marine mammal species to accumulate some inorganic elements, particu
larly mercury (Hg), in tissues to concentrations associated with toxicosis in domestic species has pro
voked conjecture as to the potential adverse effects of these residues. 

Relatively moderate to high concentrations of many classes of contaminants have been observed in 
high trophic level marine mammals raising concerns about possible adverse health effects. Some 
scientists have viewed these results with alarm, while others have marveled at the apparent physi
ological capacity of these animals to tolerate such concentrations absent acute health impacts. The 
most appropriate investigative approach should strike a balance between these two extremes, neither 
assuming that elevated elemental concentrations in marine mammals necessarily precipitate the 
harmful effects witnessed in some terrestrial species, nor trusting that marine mammals are imper
vious to such adverse effects. 

Temporal trends indicate that certain elements are increasing globally and/or locally (Riget and 
Dietz 2000, Riget et al. 2000, 2004). For example, mercury (Hg) levels in the Beaufort Sea ecosys
tem are rising due to inputs from the Mackenzie River discharge, climate change, and/or industrial 
emissions (Macdonald 2005, Leitch et al. 2007). Concerns with regard to Hg, as well as other  
contaminant classes, include: neurotoxicity, reproductive impairment, reduced immunocompetence 
with consequent increased susceptibility to infectious agent diseases, endocrine disruption, and 
altered growth and development. Some of these health effects are perceptible at the population level, 
including decreased abundance, increased rates of mortality, and decreased reproductive output. Hg 
has been shown to interfere with endocrine processes in marine mammals (Freeman et al. 1975) 
as have some organic compounds (Ross et al. 1996a, 1996b, Simms and Ross 2001, Rolland 2000). 
Metal-induced disruption of natural hormones can have serious implications for growth, metabo
lism, development, reproduction, and immune function in certain marine mammals. For example, 
Kakuschke et al. reported immune dysfunction among both captive (2008) and wild (2005) harbor 
seals (Phoca vitulina) from the North Sea including hypersensitivity reactions (2006). 

10.1.1 BASIC APPROACH AND PHILOSOPHY OF CHAPTER 

Basic principles of comparative toxicology dictate that we evaluate the toxicity of some elements 
(often referred to as “metals”) in marine mammals with caution in that extrapolation of studies of 
laboratory animals and humans are fraught with assumptions (many unwarranted even among mam
mals). Even among marine mammals extrapolation must be done with care given their evolutionary 
and taxonomic diversity. Underlying differences in ecology, anatomy, physiology, and biochemistry 
of individual species must be taken into account. Whenever possible, direct studies on given taxa 
should be conducted to elucidate potential effects of individual elements. For example, it is no more 
appropriate to infer toxic effects of a particular element in beluga whales (Delphinapterus leucas) 
from those in dugongs than it is to extrapolate results from cats to cattle. Thus, we focus on ceta
ceans and pinnipeds in this chapter. 

It is not the intent of this chapter to review sources and pathways of elements to marine mam
mals. We refer readers to documents that review and/or determine fate and transport of these ele
ments (Dietz et al. 1990, 1995, 1996, 1998a, 1998b, 2006, Pacyna and Winchester 1990, Joiris et al. 
1991, Pacyna and Keeler 1995, AMAP 1997, 1998, Joiris 1997, UNEP 1999, 2002). However, the 
marine environment and associated marine mammal food web is intimately linked to both natural 
and anthropogenic sources (Booth and Zeller 2005). It is important to remember that nonessen
tial elements may mimic absorptive and physiologic pathways of essential elements and this often 
relates to their toxicity. 
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When considering elements, we need to recognize that many are essential for life. These are gen
erally classed as (1) macroelements (macronutrients such as the electrolytes sodium [Na], potassium 
[K], chlorine [Cl], etc.), or as (2) trace elements (copper [Cu], selenium [Se], zinc [Zn], iron [Fe], etc.) 
that are critical for numerous biochemical functions. Some essential elements can be toxic at high 
concentrations (e.g., Se and Fe). Other elements, including Hg, Cd, and lead (Pb), have no known 
physiologic function and thus are categorized as “nonessential” or “toxic.” The essentiality of cer
tain elements is controversial, such as arsenic (As) (Uthus 1992, Neff 1997). With respect to marine 
mammals, essentiality of specific elements has been presumed based on other homeothermic ver
tebrates, because studies have not been conducted to directly assess the need for specifi c elements 
in marine mammals. As preposterous as it may seem, one could propose that Hg is “essential” for 
the detoxification of Se in marine mammals because we know that these two elements covalently 
link to yield the insoluble compound tiemannite. Scientists interpret this interaction as a detoxifi 
cation of Hg by Se; however, a quick scan of the veterinary agricultural literature will show that 
hepatic Se concentrations typical for many marine mammals is quite high and potentially lethal for 
other mammals (e.g., Puls [1994] cites toxic Se concentrations in liver of cattle as 1.25–7.0 ppm wet 
weight [ww]). So, is Hg “essential” for prevention of Se toxicity in some pinnipeds and cetaceans? 
Clearly this is exaggerative speculation for these mammals, but the fact remains that one cannot 
underestimate the importance of elemental interactions in the expression of toxicity. In 1974, it was 
reported in an avian model that Hg could alleviate selenosis; thus, the phenomenon has been dem
onstrated (Hill 1974). Similarly, the relative balance between particular elements may be crucial 
to manifestation of appropriate function. For example, inadequate concentrations of magnesium 
(Mg) can be exhibited as functional calcium toxicity. Appraisals of element essentiality are sorely 
needed in marine mammal species and could be an area of research for captive and live-capture 
operations. 

This chapter is intended to represent a global, or multiocean, perspective and thus addresses ele
ments of general concern. This does not diminish the need to better understand and manage locally 
relevant impacts of point source metal contamination on particular populations of marine mam
mals. This chapter mostly references peer-reviewed published research and for the most part omits 
many agency or organizational reports, so-called gray literature. Because of our focus on globally 
germane metals in the published literature, information about emerging metals or metals not typi
cally evaluated will not be represented in this chapter. Other efforts have provided expansive tables 
of element concentrations in marine mammals and we suggest readers refer to these sources (see 
tabulations for pinnipeds, cetaceans and polar bears compiled by O’Shea 1999 and updated infor
mation in O’Hara and O’Shea 2001, 2005, O’Shea and Aguilar 2001, O’Hara et al. 2003, O’Shea 
2003, O’Shea and Tanabe 2003). 

Some regions and species of animals will be better represented due to the authors’ experience 
and awareness, the focus of intense research programs, commercial and political necessity, relative 
wealth of certain countries and regions, our limitations to access all possible resources of informa
tion, intensively managed stranding networks or sanctioned hunts, and so on. This chapter focuses 
on pinnipeds and cetaceans; and does not include assessments of polar bears, sea otters, or sirenians 
because of page limitations. 

10.1.2 DEFINITION OF METALS 

“Heavy metal” is an ambiguous term that does not signify a common set of properties (such as high 
toxicity, high atomic weight, etc.); rather, it basically refers to aspects of density (>5 g/mL) and other 
characteristics but is ill-defined (Duffus 2002). In common scientific parlance and as delineated 
by the periodic table, “heavy metal” implies to the chemical and physical properties of a metallic 
substance at room temperature and includes a number of higher atomic weight elements. Other 
nonmetallic elements share some characteristics with metals and consequently have been dubbed 
“metalloids” (e.g., As, Se). To scientists in certain disciplines, “heavy metal” denotes a subset of 
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elements that possess potent toxicity, such as Hg, Cd, Pb, and As. Throughout this chapter we refer 
to selected essential and nonessential elements as “metals.” Essentiality is based on the scientifi c 
documentation that an element is needed for a critical function in a vertebrate (usually mammal) 
and includes Se (a metalloid chemically similar to sulfur [S]). However, this chapter will focus 
mostly on Hg and Se. 

10.1.3 EFFECTS ASSESSMENT (TOXICITY) 

It is not the intent of this chapter to provide a general review of metal toxicology. We refer readers 
to other resources for such general information (e.g., Casarett and Doull’s Toxicology: The Basic 
Science of Poisons [Klaassen 2007], Zalups and Koropatnick 2000). It is important to recognize 
that metal toxicity is an expression of an interaction between a given element and the individual 
exposed. As such, it is influenced by a vast array of parameters (e.g., valence, associated organic and 
inorganic components, chemical form of the element, acute or chronic nature of the exposure, uptake 
and physiologic interactions with other elements, etc.). This panoply of factors exceeds the limited 
scope of this chapter, which will focus on selected elements and species of marine mammals. 

A propensity to report tissue concentrations of elements with little or no meaningful data per
taining to measures of health outcome and/or biology has continued to hamper development of 
meaningful tissue residue criteria for prediction of toxicological risk. Quite frankly, the continued 
publication of well-documented differences in element concentrations between sexes, or among age 
groups or tissue types in marine mammals is neither novel nor enlightening with respect to evalua
tion of adverse effects. We do recognize that such data may have relevance to spatial and temporal 
assessments, bioaccumulation, biomagnification, and human food safety and quality determination. 
Some frequently reported measures such as metallothionein (MTH) induction do represent a bio
logical response to an element, but are not adverse or toxic responses per se, and are very diffi cult to 
interpret at the population level (epidemiology). This current situation is understandable considering 
the compulsory reliance on opportunistic examination and sample acquisition from stranded (live 
and dead, Bouquegneau et al. 1997), hunter-killed and other less than ideal research candidates. 
As stated in other reviews on this topic (e.g., O’Shea et al. 1998, O’Shea 1999), controlled studies 
with appropriate measures (e.g., pathologic, physiologic, biochemical, and genetic) and time series 
of relevant exposures are required to relate an adverse effect to a specific toxicant or to understand 
an element’s toxicodistribution and toxicokinetics (e.g., Nigro and Leonzio 1996, Nigro et al. 2002). 
Without these data we struggle to develop criteria for toxicity based solely on tissue concentrations 
in cetaceans and pinnipeds. 

Among the difficulties inherent in the assessment of “effects” are that “effects” can be defi ned 
broadly or narrowly, and qualitatively and/or quantitatively determined. Some effects may be overtly 
negative (e.g., death, decreases in abundance) while others are of debatable consequence (e.g., 
induction of enzyme or binding protein). Condition or nutritional status (including feeding ecol
ogy) may be assessed through measurement of various endpoints such as total lipid, lipid classes, 
lipid peroxidation, fatty acid signatures, and carbon (C), and nitrogen (N) stable isotopes of specifi c 
organic acids. Estimation of such endpoints in conjunction with complementary health evaluations, 
modeling efforts, and risk characterizations can assist our interpretations of effects if appropriate 
data and suitable epidemiologic tools are used. For example, the well-known positive correlation 
between renal cadmium (Cd) concentration and age and/or body size is not noteworthy, whereas 
an association with a biomarker of renal function might be (e.g., blood urea nitrogen, creatinine, 
specific peptide markers, and specific histologic changes). An ancillary area of effects assessment 
is the evaluation of contaminant concentrations in tissue versus that observed in prey (food, oral 
intake measures), in conjunction with consumption guidelines published for particular species (e.g., 
humans) or an ecological context (Ross 2000). Organizations engaged in work with captive marine 
mammals where diet is routinely controlled could make valuable contributions to the field of marine 
mammal toxicology through the establishment of consumption criteria that specify the amount 
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of a given toxicant that may be safely consumed over a specific period (Nielsen 1995, Kakuschke 
et al. 2008). The authors strongly encourage increased efforts to access oral intake of elements with 
respect to toxicology (measures of health status and appropriate biomarkers) via enhanced collab
orative efforts of scientists and establish linkages with corresponding tissue residues. 

10.1.3.1 In Vitro Approaches 
Controlled toxicity experiments using viable tissues or cells cultured from marine mammals (De 
Guise et al. 1996, Gauthier et al. 1998, Goodwin et al. 2000, Pillet et al. 2000, Wang et al. 2001, 
Godard et al. 2006, Wise et al. 2008) provide insight to toxicity but may not directly extrapolate to 
the whole animal. Nevertheless, such in vitro techniques serve as valuable tools for the toxicologist, 
not only for estimating toxicity, but for elucidating mechanisms of both the toxicants and the physi
ologic defenses of marine mammals. Such work will improve our ability to assess adverse effects 
on whole animals and ultimately on populations (e.g., develop specific biomarkers). Development 
or application of existing genomic, endocrine, and physiologic tools to characterize the health of 
marine mammals with respect to essential and nonessential elements could allow investigators to 
relate contaminant concentrations to health endpoints, prey, and international consumption guide
lines, thereby facilitating critical evaluation of health risks associated with exposure and accumula
tion. Ideally we could develop models to explore contaminant-related health risks over time and/or 
design and conduct laboratory-based toxicity experiments to evaluate effects of elements on marine 
mammals. However, the limited funding and time-frame (e.g., 1–3 years) associated with most 
awards (projects) present obstacles to designing studies with such a long-term (decadal) view. 

10.1.3.2 Genomic Tools 
Absent knowledge of exposures in the wild, which by definition comprises uncontrolled environ
ments that generally contain complex contaminant mixtures rather than individual compounds, 
researchers frequently have relied on correlative analyses to associate tissue contaminant concentra
tions with health endpoints. Other impediments to judging contaminant impacts on marine mammal 
health include acquisition of suitable samples, confounding variables of age and sex, and the pau
city of species-specific reagents and techniques for many marine mammals. Some species-specifi c 
assays are under development; using toxicogenomics (e.g., Mollenhauer et al. 2009) as an example, 
relevant efforts include: bottlenose dolphin arrays (e.g., Romano and Warr 2004), aquaSCOPE  
(Aquatic Sentinel species Comparative Omics for the Environment as currently implemented in 
British Columbia, Canada), and MAGEX (Multispecies Analysis of Gene Expression, e.g., Helbing 
et al. 2003). A strategic approach would focus on detoxification (biotransformation) pathways, 
immune system processes, transcriptional regulatory factors, and modulators of energy and nutrient 
storage and mobilization. Reliable data generated through these and other in vitro techniques would 
lend themselves to rigorous statistical analyses and ultimately to more defensible determinations of 
cause and effect than may be had by correlations between tissue contaminant concentrations and 
various health indices. Resources and expertise need to be focused on critical answerable questions 
to improve understanding and management of cetaceans and pinnipeds, especially with respect to 
the role of elements in health and disease. 

10.1.3.3 Oral Intake/Feeding Ecology Approaches 
Evaluation of marine mammal diets has the potential to yield information on exposure as a con
sumption rate (e.g., mg of element/kg of body weight/unit time). For each marine mammal species 
of concern, this would require comprehensive knowledge of both their dietary components and 
the concentrations of the elements (including the specific chemical forms) therein. This degree  
of knowledge is generally impracticable, but captive marine mammal situations have permitted 
calculation of dietary intake for a few cetaceans (Reddy et al. 2001, Nigro et al. 2002) and pin
nipeds (Reijnders 1986, Ross et al. 1996a, 1996b) for some contaminants. Captive environments 
offer opportunities for controlled time series experiments as well as measures of subtle responses, 



 

 

 

 

   
 

  
 

 

   
 

 

  

 

 
  

 
 

 

 

382 Environmental Contaminants in Biota 

especially if conducted pursuant to the cutting-edge in vitro techniques to which we alluded in this 
chapter’s introduction. Knowledge of dietary exposure via these studies and resultant tissue element 
concentrations of the consumers would be an important link to understand (e.g., amount ingested 
per kg of body mass results in X mg/kg of various compartments). 

Determinations of stable isotopes of carbon and nitrogen in marine mammals tissues can serve 
as a basic tool to characterize feeding ecology (Hobson and Welch 1992) as well as nutritional sta
tus and have been used extensively by one of this chapter’s authors (O’Hara). The isotopic signature 
of carbon can convey spatial origins of dietary constituents (i.e., nearshore vs. offshore, benthic/ 
littoral vs. pelagic), while that of nitrogen relates to the trophic level of prey items (DeNiro and 
Epstein 1981). These tools have been used to assess Hg dynamics in harbor seals (Brookens et al. 
2007) and marine ecosystems (Atwell et al. 1998). The biochemical processes that govern selective 
accumulation of specific isotopes are also influenced by nutritional stress (Hobson et al. 1993), such 
that during starvation, heavier stable isotopic forms become enriched. Analysis of stable isotopes in 
specific biologic molecules (such as specific fatty acids or amino acids) can provide data regarding 
specific nutrient interactions and sources (Thiemann et al. 2007, 2008, Budge et al. 2008a, 2008b). 
Such information, in turn, may assist in the interpretation of concentrations of other elements of 
interest (e.g., Hg, Se, etc.), including their potential sources and effects. Ecological or spatial factors 
that influence Hg exposure can be reflected through a variety of measurements and techniques (e.g., 
telemetry, individual animal identifiers) but do not elucidate physiologic impacts. These ecologi
cal/biological measures can include stable isotopes of C and N, morphological measures, or life 
history parameters (including season, sex, and age) and should be integrated with epidemiological 
approaches (Woshner et al. 2008). It is important to not confuse associations (correlations) with  
documented impacts. 

10.2 MERCURY 

Hg is a toxic nonessential element that both bioaccumulates and biomagnifies in most piscivorous 
marine mammals (Law et al. 1991, Paludan-Müller et al. 1993), especially in areas where Hg of geo
logic origin is high. Point sources of Hg associated with anthropogenic emissions may also occur, 
such as mining areas near Amazon River dolphin (Inia geoffrensis) habitat (Rosas and Lehti 1996). 
It is now well established that Hg in marine mammal liver increases with age (see tabulations for 
pinnipeds, cetaceans, and polar bears compiled by O’Shea 1999 and updated information in O’Hara 
and O’Shea 2001, 2005, O’Shea and Aguilar 2001, O’Hara et al. 2003, O’Shea 2003, O’Shea and 
Tanabe 2003). While researchers initially found “high” hepatic Hg concentrations in marine mam
mals shocking (e.g., >13,000 ppm dry weight (dw) in bottlenose dolphins (Tursiops truncatus) from 
the Mediterranean Sea (Leonzio et al. 1992), this should no longer be the case. We will discuss Hg 
detoxification with respect to Se in a separate section. It is well recognized that methylmercury can 
be sequestered directly into keratinized structures and eliminated by hair loss or epidermal slough
ing (Scheuhammer 1991, Clarkson 1994, Gaggi et al. 1996, Brookens et al. 2008) and should be 
considered in assessments of Hg and Se. 

10.2.1 CETACEANS 

10.2.1.1 General 
Cetaceans include the large whales, dolphins, and porpoises. Body size varies tremendously 
among cetaceans along with many other features of behavior, physiology, anatomy, and life history. 
Cetaceans are divided into two major taxonomic groups: odontocetes (toothed whales) and mystice
tes (baleen whales). Cetacean species tend to be relatively long-lived, with dolphins easily living 40 
years or more (Wells et al. 2004, 2005), while the longevous bowhead whale (Balaena mysticetus) 
may achieve 150–200 years (George et al. 1999). Various tissues demonstrate metal accumulation 
with age, with some evidence that it may plateau or slightly decrease in tissues of the oldest whales 
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(Dehn et al. 2006). Examples of this accumulation pattern include Cd and Hg in liver and kidney. 
This correlation between age and metal concentration presents profound difficulties for differentiat
ing tissue changes directly caused by metal accumulation from normal age-associated degeneration, 
particularly since neither etiology induces distinctive (i.e., pathognomonic) lesions. Rather, both 
chronic metal exposure and nonspecific stressors associated with aging metabolism can induce 
tissue changes such as fibrosis or pigment accumulation, as well as alteration in other biochemical 
or physiologic indices, such as increases in MTH. For large whales, tissue changes such as fi brosis 
may be adaptations to large body mass and/or diving that are coincidentally age-related (i.e., older 
animals tend to be bigger) as reported in Rosa et al. (2008). These “lesions” could include some 
adaptations to potentially toxic elements (Dietz et al. 1998a). Since most studies depend on correla
tive analyses it is very difficult to infer a cause and effect relationship given that, for many elements 
in various tissues, age and metal concentration are positively associated. 

10.2.1.2 Odontocetes (Case Studies or Species of Focus) 
10.2.1.2.1 Background (Odontocete Examples) 
Various regions report Hg concentrations for bottlenose dolphins (mostly stranded) including the 
North American coastline (Rawson et al. 1993, Kuehl et al. 1994, Kuehl and Haebler 1995, Beck 
et al. 1997, Meador et al. 1999, Carvalho et al. 2002, Woshner et al. 2006, 2008, Stavros et al. 
2007, 2008); European waters (Rudneva and Pronin 1996, Holsbeek et al. 1998, 1999, Frodello and 
Marchand 2001, Roditi-Elasar et al. 2003, Decataldo et al. 2004) and Asia (Endo et al. 2005, 2006). 
Because many of these reports do not offer insights into adverse health effects and space is lim
ited, we will focus on the more recent reports, a few of which have been evaluated within or across 
stock variability in Tursiops (Stavros et al. 2007, 2008, Woshner et al. 2008). Because the coastal 
bottlenose dolphin is common, widely distributed, and demonstrates site fidelity (Das et al. 2000, 
2003, Fair and Becker 2000, Wells et al. 2004, Bossart 2006, Stavros et al. 2007) this species has 
been proposed as a sentinel for monitoring spatial and temporal trends of metals. While these are 
compelling considerations, dolphin movement patterns need closer assessment, and the geographic 
range of their prey base must also be taken into account. Thus, we should not just consider the range 
of the cetacean consumer (the matrix intended for Hg analysis) but the range of the consumer along 
with that of its prey, together with long-range Hg deposition (including abiotic processes). Human 
affi nity for bottlenose dolphins is also a driving force for their study (the “Flipper factor”), and in 
some regions Tursiops are a human food source so that Hg presents a controversial food safety issue 
(Endo et al. 2005). 

The relatively high trophic level and piscivory of beluga whale feeding predisposes this odonto
cete to accumulation of Hg in many tissues, as well as other contaminants (Wagemann et al. 1990, 
1996, Becker et al. 2000, Woshner et al. 2001b, Lockhart et al. 2005, Wagemann and Kozlowska 
2005, Dehn et al. 2006, Loseto et al. 2007). Numerous reviews and studies address OHs and/or 
PAHs in beluga whales, especially for the Saint Lawrence Estuary (SLE) beluga whales (a small, 
endangered population between the United States and Canada). Similar impacts on the immune 
system, reproduction, neoplasia, and general morbidity and mortality can result from some heavy 
metals as well (different mechanisms but the same pathologic effect and/or target). For example, 
adverse health effects of methylmercury occur in the reproductive (Koller 1979), immune (Koller 
1979), and central nervous systems (CNS) (Scheuhammer 1991, Clarkson 1994). Thus, we suggest 
caution in implicating one contaminant over another with respect to observed adverse health effects 
and also admonish that other stressors (infectious agents, nutritional deficiencies) can act alone or in 
concert to produce similar effects (e.g., neoplasia in general and gastric papillomas in beluga whales 
as reported by Martineau et al. 1994, 2002, and De Guise et al. 1994, respectively). This applies to 
all marine mammals, but considering the highly stressed and generally contaminated SLE beluga 
whales we are hesitant to draw conclusions about impacts of specific elements alone on the occur
rence of disease for these animals. Thus, we limit our discussion of the SLE beluga population in 
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this review, but this does not indicate a lack of concern or urgency for the SLE region. It is simply 
the chemical milieu of the SLE that makes teasing out specific effects of certain toxicants (e.g., 
nonessential elements) more difficult than for other already complicated scenarios even in relatively 
“pristine” cetacean environments, for example, Arctic and Antarctic. 

10.2.1.2.2 In Vivo (Odontocetes) 
In whole blood of bottlenose dolphins from Sarasota Bay, Florida (U.S.), mean total Hg exceeded 
500 µg/L (Woshner et al. 2006, 2008). Such concentrations are about 9 times the 58 µg/L bench
mark dose level for human cord blood and 100 times the level at which adverse neurodevelopmental 
effects may occur (5.8 µg/L in human cord blood; Trasande et al. 2005). However, this must be 
interpreted carefully since the regulatory levels are very conservative and derived for human risk 
assessments rather than for cetaceans or marine mammals. Due to the interaction between Hg and 
Se, any assessment of adverse Hg effects in dolphins should include indices of Se status (direct or 
indirect), including measures of thyroid hormones, blood glutathione peroxidase activity, routine 
hematology, and serum chemistry panels as in Woshner et al. (2008). In addition, in vitro immune 
function assays using a range of environmentally relevant blood Hg concentrations will improve our 
understanding of the potential effects of Hg on the immune system of bottlenose dolphins (Pellisso 
et al. 2008). 

Hg in blood and epidermis is mostly methylmercury (Stavros et al. 2007, Woshner et al. 2008), 
whereas in liver and kidney there is an age-associated increase of total Hg but negligible change 
in methylmercury. Concentrations of Hg in epidermis correlate with those in blood, with blood  
concentrations being much lower (Woshner et al. 2008). Hg in blood correlates strongly with serum 
Se concentration, the heavy isotope of N (15N or increased trophic level), and age. These ecological 
and elemental interactions are important considerations for interpreting observed Hg concentra
tions (but still do not indicate impact) and import of exposure pathways. Based on hematology and 
clinical chemistries, Woshner et al. (2008) concluded that dolphins evidently are subject to seasonal 
exacerbation of oxidative stress, which might render them more vulnerable to toxic effects of Hg 
based on Se status and other antioxidant processes. Thus, Hg concentrations and associated risk of 
toxicity may be seasonally and/or nutrient dependent. Although this remains speculative, the Hg 
and Se interaction is more than simple complexation (Hg–Se formation) as Se is needed for numer
ous functions including protection from oxidants. 

10.2.1.2.3 Elemental and MTH Interactions 
Since upper trophic level organisms have increased methylmercury exposure (Das et al. 2000a, 
2000c) and Se antagonizes Hg toxicosis we must consider nutrient interactions, which will be dis
cussed in Section 10.3. Chelation (binding) of metals with MTH and MTH-like proteins is very 
important to consider with respect to uptake, storage, and toxicity of metals (Das et al. 2000b, 
2001, 2004, 2006, Decataldo et al. 2004). Hepatic and renal Hg, Cd, and Zn were determined from 
Stenella coeruleoalba and Tursiops truncatus stranded along the southern coast of Italy. Decataldo 
et al. (2004) confirmed that in odontocetes: (1) Hg is mainly found in the insoluble fractions in liver 
and kidney (thus MTHs seem to have no or a minimal role in end stage Hg detoxification); (2) the 
hepatic molar ratio between Se and inorganic Hg approximates 1:1 suggesting that the end-stage 
product of methylmercury detoxification is likely mercuric selenide (HgSe) (tiemannite); and (3) 
Cd and Zn exist in the purified heat-stable fraction (including MTH-like proteins) of most samples. 
Nevertheless, the uptake and initial biotransformation of Hg is a dynamic process and despite these 
results (Decataldo et al. 2004) the possibility remains that MTH may be involved in the early stages 
of Hg binding, producing a short-lived intermediate that is subsequently processed into the end-
stage Hg–Se form. The study design of Decataldo et al. (2004) does not entertain the early phase of 
Hg toxicodistribution in the odontocetes. Thus, it remains to be seen whether MTH may play a role 
in the initial phases of Hg metabolism, which ultimately results in the MTH-free, insoluble Hg–Se 
complex. 
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Decataldo et al. (2004) state: “The remarkable tolerance of marine mammals to heavy metals is 
well known. It has been reported that they can concentrate Hg from fish and shellfish, and, at the 
same time, be able to tolerate it with no apparent symptoms of poisoning. This tolerance could be 
indicative of detoxification processes, based on the capability of these organisms to store contami
nants in a nontoxic physicochemical form. The processes of intracellular storage tend to increase 
concentrations of metals in certain organs, but, at the same time, reduce the toxicological risk.” 

Information available to date appears to support this view. However, one might question whether 
dolphins display Hg toxicity differently from other mammals or if parallel consumption of criti
cal dietary components (e.g., Se and specific fatty acids) is required to prevent Hg toxicosis. Even 
though intracellular storage of tiemannite granules may serve as an effective detoxifi cation mecha
nism, there is surely some upper limit of Hg that might overwhelm this process, either in the produc
tion of the granules, or the cellular storage capacity for them. We are unable to estimate this upper 
bound of exposure with enough certainty for this chapter. Moreover, researchers may not even be 
monitoring the appropriate organ systems to reflect Hg toxicosis. We certainly lack the capacity 
to evaluate potential CNS effects of Hg on free-ranging animals, but with new technologies being 
developed to assess live-captured and captive dolphins, we may soon be able to relate these subtle 
physiologic measures to toxicant exposure, including Hg (such as is occurring for some human 
populations of the Seychelles Islands and Faroe Islands). 

Stavros et al. (2007) reported concentrations of many trace elements in “skin” (likely epidermal) 
samples from free-ranging bottlenose dolphins near Charleston, South Carolina and Indian River 
Lagoon, Florida (U.S.). As is classically done, distributions of trace element concentrations by age, 
gender, and study area were examined. Their paper, along with many others, reports signifi cant site 
differences while considering correlations with age. In many cases, the critical reader should evalu
ate the biological significance of these differences (actual ppm difference and some relevance to 
dose and response) and not rely solely on a statistical determination of difference. To have biological 
relevance, the actual difference in the concentrations should be interpreted in a toxicological con
text that utilizes the basic principles of the dose–response curve and how it converts to a difference 
in magnitude of adverse response. Again, the lack of data relevant to effects limits our ability to 
determine “safe” upper bound exposure indices. 

10.2.1.2.4 Liver and Kidney Mercury 
Postmortem examination of stranded Atlantic bottlenose dolphins (Florida) revealed suspect age-
correlated hepatic (portal) and renal proximal tubular lipofuscinosis (Rawson et al. 1993). Rawson 
et al. (1993, 1995) noted that lipofuscin-like pigment granules and other findings (fat globules, 
central necrosis, and lymphocytic infiltrates) were associated with relatively high concentrations  
of hepatic total Hg (maximum 443 ppm ww). Pigment granules were found in all dolphins with 61 
ppm or more total Hg (older animals). Energy dispersive X-ray analysis (EDAX) electron micros
copy confirmed Hg aggregates in hepatic lysosomes. Because dolphins with hepatic lipofuscinosis 
had higher hepatic total Hg concentrations than animals without pigment, Rawson et al. (1993) 
suggested a causal relationship between hepatic Hg concentrations, lipofuscin accumulation, and 
hepatic disease. Woshner et al. (2002) and Woshner (2000) also found that Hg concentration and 
lipofuscin were correlated in livers of beluga whales and bowhead whales from Alaska (U.S.).  
Nevertheless they questioned Rawson’s assertion that the lipofuscin pigment itself was a direct 
result of hepatic Hg deposition, because in the arctic cetaceans the pigment occurs in young belugas 
with comparatively low hepatic Hg concentrations, as well as in the lower trophic feeding bowhead 
whales, which have overall low Hg exposure. Lipofuscin may result from Hg intoxication but this 
pigment is not a specific indicator of Hg exposure. Rather, lipofuscin can be found in many species 
across widely varying taxonomic groups, including marine mammals, and is known to be generally 
associated with aging and oxidative stress (Gray and Woulfe 2005). Siebert et al. (1999) determined 
total Hg concentrations and gross and microscopic lesions in tissues of harbor porpoises (Phocoena 
phocoena) and white-beaked dolphins (Lagenorhynchus albirostris) from the Baltic and North Seas 



 

 

 
 

  

  

 

 

 

 
 

 
 

 
 

386 Environmental Contaminants in Biota 

(e.g., Das et al. 2004). No lesions attributable to Hg intoxication were noted with hepatic concentra
tions of total Hg up to 449 ppm dw and of methylmercury up to 26 ppm dw. AMAP (2005) used 
a very uncertain threshold for marine mammal liver toxicity of 60 ppm (ww) as cited from Law 
(1996) and Thompson (1996) for terrestrial mammals at 30 ppm (ww). This emphasizes what was 
stated in AMAP (2005): 

Metal concentrations in tissues can be determined routinely and with high precision. However, tissue 
concentrations alone do not provide accurate predictions of biological effects. 

Thus, we do not prescribe threshold levels for marine mammals in this effort and encourage 
direct assessment of toxicity (clinical signs, biochemical and anatomic lesions, etc.). In fact, some 
published work has used domestic animal toxicity criteria (e.g., Se) and without hesitation extrapo
lated to tissue residues determined in marine mammals (limited sampling effort) and have made 
unfortunate conclusions. This occurred for measures of Se in California sea lions (Edwards et al. 
1989) that concluded selenosis. These concentrations of Se are now considered routine fi ndings. 

The bottlenose dolphin provides an opportunity to better understand metabolism and effects 
of Hg in cetaceans. We require a basic understanding of absorption, distribution, metabolism, and 
excretion (ADME) of Hg and the various systems that could be impacted. Current exposures to 
Hg are of interest and these opportunities should be exploited, particularly through the physiologic 
and pathologic assessment of live-captured and captive animals. Continued development of in vitro 
methods should be aggressively pursued as well. 

The gross distribution of Hg within different parts (lobes) of the liver is basically homogenous. 
However, the accumulation of Hg does not appear to be homogenous at a fine tissular scale. Rather, 
Hg and Se occur as dense intracellular granules (presumably bound by lysosomes) collecting pri
marily in macrophages within the liver, but also in spleen, bone marrow, and lungs (Martoja and 
Berry 1980, Nigro and Leonzio 1996, Woshner et al. 2002). Macrophages may accumulate Hg 
through phagocytosis of erythrocytes (Nigro and Leonzio 1996). Woshner et al. (2002) character
ized inorganic Hg deposition in kidney and liver of free-ranging, hunter-killed beluga and bowhead 
whales through autometallography (AMG). This technique localizes and amplifies the intracellu
lar Hg so that it may be visualized microscopically (Danscher et al. 1994); thus, the technique is 
considered semiquantitative. As expected, AMG granules were not evident in bowhead tissues, 
confirming low Hg concentrations (mean total Hg 0.06 μg/g ww). In belugas, mean total Hg was 
23.29 and 4.97 μg/g ww in liver and kidney, respectively, and granules were easily visible. In kid
ney, the AMG granules were in cortical tubular epithelial cytoplasm in belugas with lower tissue Hg 
concentrations; whereas, whales with higher concentrations displayed AMG granules throughout 
the uriniferous tubular epithelium. Hepatic AMG granular densities differed between lobular zones, 
concentrating in stellate macrophages and bile canalicular regions of hepatocytes. AMG granules 
were aggregated in periportal regions in belugas with lower hepatic Hg concentrations, yet among 
whales with higher Hg the AMG granule deposition extended to pericentral and midzonal regions 
of liver lobules. In beluga livers, AMG staining density was not associated with lipofuscin quantity 
(an index of oxidative damage) as estimated by digital image analysis. Further, although AMG and 
lipofuscin granules were occasionally co-localized, more often they were not, implying that Hg did 
not figure prominently in hepatic lipofuscin deposition in belugas (Woshner 2000). 

Considering that sample collection from marine mammals is often opportunistic and may involve 
substantial logistical constraints, every effort should be made to routinely collect samples for stan
dard histological examination to critically assess the role of toxicants in observed tissue changes 
as well as to rule out other causes of disease and better characterize overall health status. Focusing 
on one or a few key biomarkers does not allow for an overall assessment of animal condition that 
is critical for putting any findings into the proper context, whereas histological examination of tis
sues provides both general and specific indications of health and disease status. Moreover, results 
of chemical analyses may indicate avenues of inquiry that could be addressed through special his
tologic stains, immunohistochemistry, or electron microscopy. 
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10.2.1.2.5 In Vitro (Odontocetes) 
Beluga whale investigators have applied a diverse set of in vitro and in vivo tools to assess contami
nant impacts on a species that is difficult to study. These in vitro studies may assist researchers in 
discriminating prospective effects of individual components in mixed contamination conditions 
(e.g., chemical milieu) such as those described above for the SLE whales. One can isolate certain 
viable cell types for exposure to very specific toxicants to ascertain a dose (concentration) response 
relationship under controlled conditions, including chemical mixtures of interest. For example, De 
Guise et al. (1996) exposed beluga whale splenocytes and thymocytes to different concentrations of 
Hg, Cd and Pb (salts of Cl). Increased cell death was observed in Con-A-stimulated (mitogen) thy
mocytes for Hg, while splenocytes were not killed by these elements at the concentrations employed. 
However, decreased splenocyte and thymocyte proliferation (decreased function) occurred with the 
highest concentration of Hg and Cd (10−5 M), while lower concentrations (10−6 and 10−7 M of Hg 
and Cd) and all concentrations of Pb did not alter cell proliferation. Micronuclei were induced by 
Hg in fibroblasts from epidermal samples of beluga whales; methylmercury inhibited cell prolif
eration and induced micronuclei (Gauthier et al. 1998). Ross et al. (personal communication) have 
proposed exposing various types of beluga whale cells in vitro to concentration gradients of Hg and 
methylmercury in combination with Se relevant to the Hg:Se molar concentrations reported in vivo 
(in situ) for liver, kidney, and epidermis. Such studies will certainly promote a better understanding 
of the mechanisms whereby elements interact, and further cross-species comparisons (De Guise 
et al. 1996, Gauthier et al. 1998, Taddei et al. 2001, Wang et al. 2001). It is important to recognize 
that excessive Se can be toxic as well, so that Hg could conceivably even play a protective role with 
respect to Se in beluga whales. Betti and Nigro (1996) found that cultured lymphocytes of bottle
nose dolphins have greater resistance to cytotoxic and genotoxic (single-strand DNA breakage) 
effects of methylmercury than cells of rats or humans. 

10.2.1.2.6 Hg Toxicodistribution (Odontocetes) 
Dall’s porpoise (Phocoenoides dalli) is a species of small toothed whale that inhabits the North 
Pacific Ocean and adjacent seas. For this species, we will discuss the importance of tissular distri
bution and intracellular distribution and binding as an example of cetacean toxicodistribution. Dall’s 
porpoises showed the highest mean Hg concentration in liver (26 μg/g dw) and kidney (14 μg/g dw), 
and the lowest in bone (0.2 μg/g dw) and blubber (0.2 μg/g dw) among 14 tissues examined (Yang et 
al. 2002). In a mature male from which 14 tissues were analyzed, the whole body burden of 0.19 g 
Hg was distributed primarily in muscle (74.5%), followed by liver (12.8%) (Yang et al. 2006). Ratio 
of organic Hg to total Hg was highest in skin (0.70) and muscle (0.67), and lowest in lung (0.11), 
kidney (0.12), liver (0.13) and spleen (0.14) among 14 tissues of a mature female (Yang et al. 2002). 
Inorganic Hg predominated in liver, while organic Hg was predominant in muscle with increas
ing total Hg in each tissue (Yang et al. 2003). In a maternal-fetal pair, the hepatic Hg level of the 
mother (3.2 μg/g ww) was four times that of her fetus (0.82 μg/g ww) (Yang et al. 2004). In cells of 
both the mother and fetus, about half of the Hg was distributed in cytosol, in which 60–70% was 
bound to high molecular weight substances, while 16% and 40% was bound to MTH in mother and 
fetus, respectively (Yang et al. 2004). It has been suggested that Hg forms a complex with Se and 
then binds to a high molecular weight substance in cytosol (Ikemoto et al. 2004a). In the nuclear 
and mitochondrial fractions, more than 80% of the Hg was extractable with a 2-mercaptoethanol 
+ guanidinium thiocyanate solution; a weak extractant, 2% SDS solution, was able to extract about 
half of the Hg (Ikemoto et al. 2004b). These results suggest that most of the Hg was present as 
labile forms in the liver of the specimens examined, probably due to their low mean total Hg level 
(3.8 μg/g ww). In kidney, maternal Hg concentration (2.7 μg/g ww) was 12 times higher than that of 
her fetus (0.23 μg/g ww) (Yang et al. 2008). In both maternal and fetal renal cells, about 50–60% of 
the Hg was present in cytosol. In maternal kidney, less Hg was distributed in the fraction containing 
high molecular weight substances (48%) than in the liver (70%), and 41% of renal Hg was bound to 



 

 
 

 

 

  
 

  

 
 

 
 

 

  
 

 

  
 

 

388 Environmental Contaminants in Biota 

MTH (Yang et al. 2008). Intracellular distribution was not determined for fetal tissue because of the 
low Hg concentration. 

In Dall’s porpoises, equimolar accumulation of Hg and Se occurred above the threshold Hg con
centration of 20–30 μg/g dw (Yang et al. 2007), which was lower than the threshold for several other 
species of marine mammals (40–60 μg/g dw; S. Tanabe unpublished results) and northern fur seals 
(Callorhinus ursinus) (150–200 μg/g dw; Ikemoto 2004). Across species, a lower threshold concen
tration of hepatic Hg for equimolar accumulation of Hg and Se might indicate a comparatively lower 
ability to detoxify further Hg via formation of HgSe (Yang et al. 2007). 

Very little information is available for metals in short-finned pilot whales (Globicephala mac
rorhynchus) from the Pacific Ocean (or for that matter, other oceans). However, the mean concen
tration of Hg in short-finned pilot whales from offshore water of Japan deserves comment since 
it was 534 μg/g dw in liver, 62.9 in kidney, and 19.6 in muscle (Tanabe et al. unpublished results). 
Specimens from New Caledonia exhibited 1411 and 1452 μg/g dw in liver, 32.8 and 27.3 μg/g dw in 
muscle, and 11.0 and 3.20 μg/g dw in blubber (Bustamante et al. 2003). Mean Hg concentration was 
231 μg/g ww in liver, 24.3 in kidney, and 1.02 in blubber of short-finned pilot whales stranded at 
Cumberland Island, U.S. (Stoneburner 1978). Rawson et al. (1995) reported the presence of HgSe in 
liver, lungs, and hilar lymph nodes of short-finned pilot whales from Florida, U.S. For long-fi nned 
pilot whales (Globicephala melaena) from Cape Cod, high concentration of Hg was reported in 
some specimens: 4.4 μg/g dw in brain, 626 in liver, 49.7 in kidney, and 173 in ovary (Meador et al. 
1993). Pilot whales are likely an odontocete worthy of further investigation with respect to the biol
ogy and physiology of Hg and Se. 

Compared to most other marine mammal species, potential mechanisms of Hg detoxifi cation 
have been studied extensively for striped dolphins (Stenella coeruleoalba) from Japanese coastal 
waters. Among 14 tissues examined, liver showed by far the highest mean Hg level (205 μg/g ww), 
followed by spleen (22.6 μg/g ww) (Itano et al. 1984). The hepatic Hg concentration is higher in 
older animals, whereas in kidney and muscle the concentration after about 18 years of age is lower 
(Honda et al. 1983). In kidney homogenates, only 17% of Hg was present in supernatant, and 41% 
of this Hg was bound to MTH (Kwohn et al. 1986), the amino acid sequence of which showed 93% 
homogeneity with human MTH II (Kwohn et al. 1988). The Hg:Se molar ratio was larger than unity 
in liver of individuals with hepatic Hg levels greater than 400–600 μg/g dw (Agusa et al. 2008). In 
these dolphins, S, as well as Se, might be involved in the detoxification of Hg, in a similar scenario 
to that initially proposed by Pelletier (1985) and outlined in Section 3.1 of this chapter. Ng et al. 
(2001) identified a solid solution Hg(Se, S) in liver of striped dolphins. HgSe occasionally has been 
found in livers with the highest Hg levels. However, even in muscle, the molar ratio of Hg:Se was 
near 1:1 in the salt-insoluble fraction for striped dolphins (Itano et al. 1985a, 1985b). Recently, HgSe 
was identified in various tissues other than liver, including muscle, kidney, lung, spleen, pancreas, 
and brain for a striped dolphin (Nakazawa et al. unpublished data). A water-soluble low-molecular
weight compound (molecular weight < 1000) containing both Hg and Se was also purifi ed from 
a liver sample (Ping et al. 1986). This compound was shown to contain amino-groups, as well as 
Hg and Se at a 1:1 molar ratio, but has not yet been identifi ed. Again, this emphasizes the piscivo
rous odontocete as a critical model for understanding the Hg and Se toxicant-nutrient interaction 
between these two elements and other cellular constituents. 

10.2.1.3 Mysticetes 
Many scientists believe that Hg and other metals are of minimal toxicologic importance to the 
baleen whales (e.g., O’Shea and Brownell 1994). In general, this is a likely scenario based on  
their low trophic level feeding habits (Hoekstra et al. 2002, Dehn et al. 2006). Highly specialized 
baleen whales (such as gray, bowhead, and North Atlantic right whales) that feed almost exclusively 
on invertebrates, or baleen whales that consistently eat a mixture of fish and invertebrates (e.g., 
humpbacks, Megaptera novaeangliae) likely have somewhat constant and predictable exposures 
to Hg and Cd. However, we need to recognize that some mysticetes (e.g., common minke whales, 
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Balaenoptera acutorostrata) can make abrupt changes in diet that will elicit sudden alterations in 
exposure to Hg and Cd. Such shifts from invertebrate prey (associated with Cd) to vertebrate prey 
(fish containing methylmercury) are important to consider (e.g., Hansen et al. 1990). 

Southern minke (Balaenoptera bonaerensis) whales are distributed in the Antarctic Ocean. They 
undertake substantial migrations from summer feeding grounds in the Antarctic to tropical or sub
tropical winter breeding grounds. Hg concentrations in southern minke whales are lower than those 
of many marine mammals from other regions (Kunito et al. 2002). Hg concentration in southern 
minke whales was 0.004–0.062 μg/g ww in muscle, 0.026–0.163 in liver, and 0.005–0.132 in kidney 
(Honda et al. 1987b). The low Hg concentration reflects that in their prey, antarctic krill. In general, 
relatively low Hg levels were observed in other marine organisms from the Antarctic Ocean. Honda 
et al. (1987b) demonstrated that the low Hg levels characteristic of antarctic marine organisms were 
associated with concentrations in seawater, in conjunction with the simple and short food webs of 
the antarctic marine ecosystem. Thus, Hg exposure seems to be of minor importance in southern 
minke whales. Interestingly, Hg concentrations in tissues of southern minke whales apparently 
fluctuate in response to competition for food among baleen whales in the Antarctic Ocean and to 
differences in prey availability caused by the annual changes in sea-ice extent (Honda et al. 1987a, 
2006). Hg and Se concentrations are quite low in bowhead whales (Woshner et al. 2001b) and their 
occasional arctic cohabitants the gray whales (Eschrichtius robustus; Dehn et al. 2006). However, 
Cd is an element of interest for bowhead whales that will be discussed in Section 10.4.2.2. 

10.2.2 PINNIPEDS 

Historically we note a few experimentally based (i.e., direct exposure) investigations and in vitro 
studies of Hg in pinnipeds. Among the general findings of these studies were: the demethylation 
of methylmercury, recognition of a role for Se in ameliorating toxicoses due to Hg, and observa
tions of induced acute toxicosis. Freeman et al. (1975) dosed harp seals (Phoca groenlandica; syn. 
Pagophilus groenlandicus) with 0.25 mg/kg methylmercury daily for 2 months and found sub
stantial demethylation (70%). Administration of methylmercury to gray seals (Halichoerus grypus) 
elicited increased hepatic Hg and Se, but only increased Hg (not Se) concentrations in other tissues 
(van de Ven et al. 1979). Tillander et al. (1970) calculated rates of two excretion phases (55% with 
a half-life of 3 weeks, the balance 500 days) for radioactively labeled methylmercury-dosed ringed 
seal (Phoca hispida). Harp seals administered 25 mg/kg/day methylmercury over 20–26 days devel
oped renal failure, uremia, toxic hepatitis and died. While this shows that there is a limit to Hg 
tolerance, the role of Se is elusive in these studies since it may or may not have been provided in 
relevant amounts, temporal contexts, and/or chemical forms (e.g., Se concentrations and forms in a 
fish diet). No obvious pathologic changes resulted from a single dose of 0.25 mg/kg (Holden 1978). 
Harp seals dosed with methylmercury also showed nonspecific, low level damage to sensory cells 
of the organ of Corti which included missing or damaged stereocilia, reticular scars, and collapsed 
sensory cells (Ramprashad and Ronald 1977). Although the relevance of this damage is unclear 
without some measure of auditory performance, because damage to hair cells is permanent, one can 
conjecture that animals confronted with chronic, lifelong exposure to methylmercury might develop 
auditory or other sensory deficits that could severely compromise their ability to survive in the wild. 
Alterations of in vitro gonadal and adrenal steroid synthesis were reported in harp and gray seals 
administered 0.25 mg/kg methylmercury (Freeman et al. 1975). Most of these investigations were 
done 30 years ago, but are still relevant, particularly since it has become very diffi cult to conduct 
standard toxicity tests on marine mammals. 

Basu et al. (2006) evaluated the effect of Hg and various organochlorines on muscarinic ace
tylcholine receptors in isolated cellular membrane preparations from ringed seal cerebrum. Of all 
neurotoxicants tested, only Hg inhibited binding of the radiolabeled acetylcholine receptor agonist 
[3H]quinuclidinyl benzilate by more than 50%. Inhibition elicited by divalent inorganic Hg was sig
nificantly greater than that instigated by methylmercury, but this difference disappeared when data 
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were normalized for calculation of inhibition constants. Hg inhibition of acetylcholine receptors  
was saturable, and apparently mediated by competitive binding (Basu et al. 2006). 

Piscivorous harbor seals accumulate significant amounts of Hg (Koeman and van de Ven 
1975, Smith and Armstrong 1978, Reijnders 1980, Himeno et al. 1989, Brookens et al. 2007, 
2008). Harbor seals may be useful mammalian integrators for biomonitoring Hg in coastal ecosys
tems (Griesel et al. 2008), and in the context of this chapter applicable as an apt pinniped model for 
the evaluation of adverse health effects of toxicants (including Hg). The proposal that harbor seals 
serve as a prototypical pinniped for metal toxicology is akin to the use of the harbor seal in stud
ies of organohalogens. The harbor seal is relatively well studied as compared to other pinnipeds, 
especially with respect to abundance, stock structure, ecology, physiology, and some contaminants. 
This species was nominated as a model for pinniped toxicology by O’Shea (1999). For the sake 
of brevity we will consider the harbor seal as our model pinniped and provide limited additional 
information on other pinnipeds. The ringed seal has been selected as a key indicator species for 
circumpolar arctic assessments (AMAP 1997, 1998, 2002, 2005, http://www.amap.no/). A recent 
review of ecosystem responses to Hg contamination suggested that some marine mammals, such 
as ringed seals and harbor porpoises would be potentially good indicators of changing Hg loads in 
the coastal environments (Wolfe et al. 2007). These species were selected as indicators based on a 
combination of criteria that included: well-characterized life history; capacity for bioconcentrating 
and accumulating contaminants of concern; common species in the environment; geographically 
widespread; sensitive and hence indicative of change; easily collected and measured; adequate size 
to permit resampling of tissue; occurrence in both polluted and unpolluted areas; display correla
tion with environmental levels of contaminants; and have background data on the natural condition 
(Wolfe et al. 2007). 

Brookens et al. (2007) reported tissue concentrations of total Hg, methylmercury, Se, and Pb 
for harbor seals of central and northern California. Hepatic total Hg concentrations increased with 
age (as had been noted previously by Himeno et al. 1989), and trophic level (Brookens et al. 2007). 
Methylmercury concentrations in liver increased exponentially until approximately 5 years of age 
with an asymptote at 1.3 μg/g ww. However, methylmercury expressed as a percentage of total Hg 
decreased to a minimum (≤5%) at about 4 years of age in what many consider a classic relationship 
between methylmercury and total Hg in marine mammals (i.e., total Hg increases with age while 
methylmercury stays constant and relatively low). Hepatic Se also increased with age and was in 
equimolar ratio with total Hg in adults, whereas, the molar ratio of Se:total Hg in pups deviated 
from 1:1. These age-dependent interactions are very likely important for detoxification and failure 
of demethylation and/or Se-dependent protection, either as an antioxidant or as a direct chelator, 
could result in compromised animals prior to reproductive maturity. The Hg–Se interaction is dis
cussed later in more detail. Metabolic (Hg biotransformation) functions of fetuses and neonates are 
in a dynamic state of development concurrent with maturing reproductive, immune and nervous 
systems (Maramba et al. 2006). Because fetal and neonatal seals act as a Hg “sink” for transplacen
tal and transmammary methylmercury transfer (Jones et al. 1976, Reijnders 1980, Chang and Reuhl 
1983, Wagemann et al. 1988) they have greater percentage methylmercury than adults, and are thus 
considered the cohort of concern for exposure to and effects of Hg, as is the case for most mammals 
(including humans). However, such effects are not merely dependent on Hg concentration but on the 
distribution and overall burden of Hg throughout the body as it relates to target organs or depots of 
limited clinical significance (e.g., sequestration of Hg in hair and epidermis). These depots form in 
utero and may be of questionable benefit in early development. Periods of exposure during gestation 
and lactation require further investigation. 

In response to concerns about run off from old mining sites in the San Francisco Bay area 
(California), Brookens et al. (2008) recently reported Hg tissue burdens of fetal and neonatal har
bor seals in relation to feeding ecology. They considered the toxicodistribution of Hg in this cohort 
with a concurrent assessment of tissue and body burdens. Tissues were weighed and analyzed for 
total Hg concentration (μg/g fresh weight) to calculate burdens (mg) in each tissue compartment. 

http://www.amap.no
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Total Hg concentrations were related as follows: hair >> liver = kidney = pelt > muscle > other = 
heart > brain > blubber > bone. Total Hg burden (mass of Hg in the specified compartment), how
ever, was related as: pelt = muscle > liver = other > kidney = blubber > brain = heart > bone. It is 
known methylmercury can be sequestered directly into keratinized structures and eliminated by 
hair/feather loss or epidermal sloughing (Scheuhammer 1991, Clarkson 1994, Gaggi et al. 1996, 
Wagemann and Kozlowska 2005). This excretory mechanism, whereby the toxic methylmercury 
is rendered biologically unavailable appears to be especially important for the fetus/neonate via 
molt of the lanugo. 

In humans, methylmercury and inorganic Hg are retained by the liver and kidney, recirculated 
throughout the body, and eventually excreted slowly in the feces and urine as part of a complicated 
distribution and excretion process (Morton et al. 2004). Inorganic Hg acts as a free radical and 
induces various forms of molecular injury due to oxidative stress (Sarafian 1999). The percentage of 
methylmercury in the livers of harbor seal pups (22–68%; Brookens et al. 2007) versus that in livers 
of mature pinnipeds (5–15%; Gaskin et al. 1973, Reijnders 1980, Woshner et al. 2001a, Dehn et al. 
2005, Brookens et al. 2007) indicates that the demethylation process likely is not well developed 
until adulthood (Wagemann et al. 1988, Caurant et al. 1996). 

Although data are sparse, Hg in Antarctic Weddell seals (Leptonychotes weddellii) appears low 
and thus unlikely to be of concern (Noda et al. 1993). Yamamoto et al. (1987) reported mean con
centrations of Hg in adult Weddell seals of 5.8 μg/g ww in liver, 0.67 in kidney, and 0.14 in muscle 
(n = 2). Other studies found 38.0 μg/g dw in liver, 12.8 in kidney, and 2.21 in muscle (n = 2–3; Szefer 
et al. 1993, Bargagli et al. 1998). 

10.3 HG AND NUTRIENT INTERACTIONS 

10.3.1 HG AND SE 

Researchers have proposed a role for Se in lessening the toxicity of Hg (and some other elements) 
for marine mammals. This is mostly based on the correlative analysis of increasing Se and Hg 
concentrations with age in the liver of many marine mammals, juxtaposed with well-established 
laboratory animal research (in vivo and in vitro) showing decreased toxicity of Hg in the presence 
of higher Se levels (e.g., Christensen et al. 1989). Consequently we dedicate a section of this chapter 
to this issue. 

Vertebrates have evolved for millions of years in the presence of Hg, particularly in marine 
environments where deep sea vents periodically spew volcanic material. It is intuitive to reason 
that mechanisms for prevention of toxicity exist for the “natural” forms of Hg. In seminal papers, 
Koeman and van de Ven (1975) and Koeman et al. (1973) first reported that marine mammals 
exhibited hepatic Hg concentrations that would be considered toxic in other species, and that the 
Hg appeared to exist in a 1:1 molar ratio with Se in liver (Koeman et al. 1973 and many others, 
Koeman and van de Ven 1975). Because Se antagonizes Hg toxicosis in some laboratory stud
ies, the coincident increase of Se and Hg in tissues of odontocetes implicates a protective role 
for Se (Parizek and Ostadalova 1967, Martoja and Viale 1977, Cuvin-Aralar and Furness 1991, 
Caurant et al. 1996, Nigro and Leonzio 1996, Wang et al. 2001, Woshner et al. 2001b, see sum
mary in O’Shea 1999). Se potentially binds to Hg in equimolar ratios in the liver of marine mam
mals (Koeman and van de Ven 1975, Smith and Armstrong 1978); however, some researchers have 
determined molar ratios deviating from 1, generally in organs other than liver, or in hepatic tissue 
of younger animals (Wagemann et al. 1988, Himeno et al. 1989, Woshner et al. 2001a, Dehn et 
al. 2005). The 1:1 molar relationship representing equimolar binding of Hg and Se may serve as a 
protective mechanism against Hg toxicity by biotransformation of ingested methylmercury into a 
less toxic chemical form. X-ray microanalytic evidence has provided support for the theory that the 
hepatic Hg to Se molar ratio of 1:1 first noted by Koeman et al. (1973) in marine mammals results 
from deposition of tiemannite HgSe crystals as an end product of methylmercury biotransformation 
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(Martoja and Berry 1980, Nigro and Leonzio 1996). Analysis of liver and kidney from northern 
fur seal (Callorhinus ursinus) and Risso’s dolphin (Grampus griseus) by extended X-ray absorp
tion fine structure spectroscopy confirmed that the Hg accumulated in marine mammals exists in 
the form of HgSe (tiemannite; Arai et al. 2004). Depending on their direction, deviations from the 
1:1 molar ratio could indicate that Se reservoirs exceed Hg challenge (Agusa et al. 2008), or con
versely, that the mechanism for Hg detoxification is overwhelmed or is not completely Se-dependent 
(Woshner et al. 2001a, 2008); the role of compounds containing sulfhydryl groups could also be 
important (MTH and MTH-independent), and other nutrients such as fatty acids may be involved. 

In liver, the Hg:Se molar ratio is positively correlated with Hg concentrations below 100 ppm, at 
which point it approximates 1:1 (Krone et al. 1999). The relationship is not consistent among ver
tebrates and is different in fi sh (Koeman et al. 1973, Koeman and deVen 1975, Nigro and Leonzio 
1996). The biochemistry of demethylation and the likely protective effect of Se are not completely 
understood. Pelletier (1985) cited the probable form of the reactions whereby glutathione (GSH) 
could reduce inorganic Se to hydrogen selenide, which subsequently participates in the demethyla
tion of methylmercury to produce HgSe:

 GSH GSH

 SeO3
2+ → GSSeSG → H2Se

 H2Se + 2CH3Hg+ → (CH3Hg)2Se → (CH3)2Hg + HgSe(s) 

Alternatively, Pelletier (1985) suggested the following reaction in which the hypothetical inter
mediate complex formed through oxidation of GSH by Hg2+ would yield oxidized GSH and insol
uble HgSe:

 GSH Hg2+

 SeO3
2− → GSSeSG → [GSHgSeSG] → GSSG + HgSe(s) 

Defense against Hg toxicosis in the kidney, CNS, and other sensitive organs may consist chiefl y 
of this binding of Hg to Se, resulting in formation of an insoluble HgSe complex, with ancillary 
protection provided by sequestration of methylmercury and other elements in hair, muscle, epider
mis, etc. in an apparently non-Se dependent manner (Wagemann et al. 1983, 1990, Wagemann and 
Kozlowska 2005, Andrade et al. 2007, Brookens et al. 2008). In the presence of low Se concentra
tions, Hg may be detoxified by binding to MTH, but how effective this may be in marine mammals 
is unknown. 

Shibata et al. (1992) reviewed the chemical forms of Se and some associated biological functions; 
we emphasize that simply referring to “Se” is not as meaningful as measures of specific forms of Se 
(e.g., valence, organic moieties). Some analytical methods allow speciation of Se, but this is rarely 
conducted and is rather diffi cult (but should be considered). The Hg–Se complex in an odontocete 
liver has been described as a cationic, water-soluble, low molecular-weight compound containing 
Se and Hg in a 1:1 molar ratio that is different from a known Hg–Se complex, bis(methylmercuric) 
selenide. Other studies have addressed the insoluble, rock-like nature of Hg–Se, which implies that 
the elements are not in a “functional” form. This is an important issue with respect to the bioavail
ability, toxicodistribution, and toxicokinetics of these two elements. However, the plethora of cor
relative studies conducted to date provides little physiologic insight. While researchers generally 
maintain that Se most likely ameliorates Hg toxicity in marine mammals, one could also argue  
that toxicity of Se is being prevented by the Hg, or that formation of Hg–Se complexes promotes Se 
deficiency, as well as a number of other scenarios. The dearth of data from controlled experiments 
coupled with correlative analysis of observed chemical data allow any number of interpretations 
that may be largely determined by researcher bias. 
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Varying tissular and subcellular distributions will ultimately determine whether a given element 
will reach its target cells and organs at concentrations sufficient for expression of toxicity. How 
marine and terrestrial mammals may differ in this respect is not known. Ikemoto et al. (2004b) 
characterized the properties of Se, Hg, Ag, Cu, Zn, and Cd in liver of northern fur seals and Dall’s 
porpoises through the use of differential extractions including: (1) sodium dodecylsulfate (SDS); 
(2) 2-mercaptoethanol; (3) 2-mercaptoethanol + guanidinium thiocyanate; and (4) copper sulfate 
(CuSO4). Each differential extraction was employed over several concentrations of nuclear, lyso
somal, and mitochondrial fractions. With increasing hepatic concentrations, Hg, Se, and Ag prefer
entially accumulated in nuclear, lysosomal, and mitochondrial fractions, whereas Cu, Zn, and Cd 
accumulated mainly in cytosol. As Hg concentration in the extraction increased, the molar ratio 
of Se to Hg approached unity in the nonextractable fraction of 2-mercaptoethanol + guanidinium 
thiocyanate, suggesting formation of HgSe with increasing hepatic Hg. It is notable that the state 
of Ag was similar to that of Hg as judged by their subcellular distribution and the extraction tests, 
suggesting that Ag also interacted with Se in the liver of marine animals in this study. 

Many of the studies discussed earlier address the direct interaction of Hg and Se, for example, 
as HgSe. As an essential element and a component of the amino acid selenocysteine, the concen
tration of Se is physiologically regulated. Se is a constituent of numerous proteins, including the 
Se-dependent glutathione peroxidases, which have antioxidant properties (Brigelius-Flohé 1999). 
Other selenoproteins in blood include type I iodothyronine deiodinase, which converts thyroxine 
(T4) to the more active 5-triiodothyronine (T3); this conversion and its consequent impact on meta
bolic rate have been linked to Se availability (Hawkes and Keim 2003). In addition to a strong affi n
ity for Se, Hg binds readily to sulfhydryls; thus, Hg concentration may relate to numerous blood 
parameters reflecting oxidative and metabolic status (Woshner et al. 2008). We suggest that more 
attention be given to the physiologic functions of Se in pinnipeds and cetaceans with respect to 
antioxidant action, Se-dependent proteins (including enzymes), as well as its role in protection from 
Hg toxicity through direct binding. 

10.4 CADMIUM 

10.4.1 GENERAL 

Like Hg, Cd is toxic to a variety of tissues, depending on route of exposure, level and duration of 
intake, and tissue concentrations achieved. As for Hg, toxic effects of Cd at the cellular and subcel
lular level result from generation of reactive oxygen species (Thévenod et al. 2000). The kidney 
is considered the primary target organ of chronic Cd toxicosis, which causes proximal tubular 
necrosis progressing to interstitial fibrosis with prolonged exposure (Dorian et al. 1992). However, 
in rats with chronic exposure to low Cd levels, hepatic injury preceded nephrotoxicity (Dudley 
et al. 1985). With long-term exposure, bone undergoes increased osteoclastic activity producing 
osteoporosis because Cd deposition promotes a relative Ca deficiency (Ando et al. 1978, Wang 
et al. 1994, Brzóska and Moniuszko-Jakoniuk 2004). Cadmium is also a known carcinogen (Goyer 
et al. 2004). 

MTH is an inducible, low molecular-weight protein with a strong affinity for Cd that is found 
in a variety of tissue types and is particularly abundant in the liver. Binding to MTH is generally 
considered a mode of Cd detoxifi cation (Klaassen and Liu 1998). Cadmium bound by MTH in the 
liver is subsequently released into the blood as a Cd-MTH complex (Webb and Cain 1982). The 
Cd-MTH is filtered by the kidneys and resorbed at the renal proximal tubules where Cd-induced 
damage transpires, with experimental evidence suggesting that Cd-MTH is the entity that mediates 
nephrotoxicity (Cherian et al. 1976, Dorian et al. 1992). Moreover, the form in which Cd is encoun
tered markedly affects its tissue disposition. Cadmium ingested as CdCl2 distributes preferentially 
to the liver (>73%), whereas the overwhelming amount of Cd taken in as Cd-MTH accumulates in 
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the kidney (~70%; Cherian 1983). It is important to note that most Cd present in edible tissues is 
believed to exist in the MTH-bound form (Cherian 1983). 

Arai et al. (2004) used extended X-ray absorption fine structure spectroscopy to evaluate the  
detoxification mechanism of Cd in liver and kidney of northern fur seals and Risso’s dolphins 
(Grampus griseus). Cd concentrations in kidney were higher than those in liver for both species, 
which is typical for most marine mammals. Arai et al. (2004) found that Cd was bound to sulfur, 
which was probably derived from MTH and also observed the Cd–oxygen bond in the tissues of 
northern fur seal. The latter phenomenon is probably due to the presence of Cd-phosphoryl or 
Cd-carboxyl complexes in northern fur seals, suggesting that Cd is bound to phosphate and/or car
boxyl groups. It may be that the Cd-oxygen moieties serve as intermediates in a metabolic pathway 
that culminates in formation of Cd-MTH or Cd–Se complexes, similar to the scenario proposed for 
Hg. Although speculative, these are important considerations as we try to learn more about marine 
mammal adaptations to the presence of Cd in their prey. 

Gallien et al. (2001) documented electron dense concretions in basement membranes of renal 
proximal tubules from two of three adult white-sided dolphins in which the range of renal Cd con
centrations was 22.7–31.1 μg/g ww. Energy dispersive X-ray microanalysis revealed that the gran
ules consisted of clusters of spheres comprising calcium, Cd, and phosphorous, with the former two 
elements present in a 10:1 molar ratio. Light microscopic changes observed in proximal tubule cells 
included cytoplasmic vacuolation of tubular cells, thickened basement membranes, and swollen 
capillary loops. While Gallien et al. (2001) suggested that Cd in proximal tubular cells of sampled 
dolphins could reasonably have achieved concentrations in excess of the 50 μg/g ww cited as a  
critical level; they also noted that histopathological changes were nonspecific, and may have been 
attributable to postmortem autolysis. Even if the microscopic lesions could have been defi nitively 
ascribed to Cd, it was unclear whether renal damage would have been sufficient to affect kidney 
function (Gallien et al. 2001). 

10.4.2 CETACEANS 

10.4.2.1 Odontocetes 
In a mature male Dall’s porpoise, Cd concentration was highest in kidney (30.2 μg/g ww), followed 
by liver (10.3 μg/g ww), which accounted for about 41.9% and 29.7%, respectively, of the whole body 
burden of 0.17 g Cd (Yang et al. 2006). Cd was very low in fetal Dall’s porpoises (Fujise et al. 1988), 
suggesting limited placental Cd transfer. The Cd concentration in liver of one female (4.3 μg/g ww) 
was 80 times that of her fetus (0.052 μg/g ww; Yang et al. 2004). In both mother and fetus, greater 
than 80% of the Cd present was in cytosol, and 90% of the maternal cytosolic Cd was bound to 
MTH (because fetal Cd was negligible, cytosolic binding was not determined; Yang et al. 2004). 
The high distribution of hepatic Cd in the MTH-containing subcellular fraction was also observed 
in other specimens of Dall’s porpoise (Ikemoto et al. 2004a). In nuclear and mitochondrial fractions, 
over 70% of the Cd was extractable with 2-mercaptoethanol + guanidinium thiocyanate, while more 
than half was extracted with the less potent 2% SDS solution (Ikemoto et al. 2004b). These results 
suggest that Cd was not present in a form with stability comparable to the HgSe complex. The 
maternal renal Cd concentration (58 μg/g ww) was >2000 times that of her fetus (0.028 μg/g ww; 
Yang et al. 2008). Subcellular Cd distribution was similar in kidney and liver, with about 80% of 
the Cd in the renal cytosol of both mother and fetus, and 91% of the maternal cytosolic Cd bound 
to MTH (Yang et al. 2008). Thus, MTH is involved in Cd detoxification in Dall’s porpoises and 
transplacental transfer appears insignificant, in direct contrast to the scenario for methylmercury, 
which readily crosses the placenta and appears to be ultimately detoxified with little to no MTH 
involvement. 

Cadmium and silver (Ag) accumulation in beluga whales is worthy of some mention. Cd increases 
with age in liver and kidney and could induce some changes in tissue (Wagemann et al. 1990, 1996, 
Woshner et al. 2001b, Lockhart et al. 2005, Dehn et al. 2006); for the sake of space we will discuss 
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Cd and possible renal impacts with respect to work done on bowhead whales. Ag has been shown to 
accumulate in beluga whales (Becker et al. 1995 reports mean hepatic Ag in Alaskan belugas of up 
to 24.3 and 46.6 ppm ww in males and females, respectively), but little is known as to whether this 
is a unique essential element or coincident accumulation with other elements such as Hg and/or Se. 
Ag bioaccumulation may also reflect a unique food source exploited by beluga whales (Dehn et al. 
2006, Rouleau et al. 2000). 

Mean concentrations of Cd in short-finned pilot whales from offshore waters of Japan were 71.0, 
296, and 0.800 μg/g dw in liver, kidney, and muscle, respectively (Tanabe et al. unpublished results). 
Specimens from New Caledonia exhibited 225 and 464 μg/g dw in liver, 0.79 and 1.48 in muscle, 
and 0.95 and 0.84 in blubber (Bustamante et al. 2003). For short-finned pilot whales stranded at 
Cumberland Island, U.S., had mean Cd concentrations of 13.9, 31.4, and 0.54 μg/g ww in liver, kid
ney, and blubber, respectively (Stoneburner 1978). 

10.4.2.2 Mysticetes 
Concentrations of Cd ranged from 0.01 to 0.20 μg/g ww in muscle, 2.32–41.4 in liver, and 3.50–85.0 
in kidney of southern minke whales (n = 37; Honda et al. 1987b). Cd levels in southern minke 
whales are an order of magnitude higher than those measured in common minke whales, which are 
their counterpart in the northern hemisphere (Bargagli 2001). The Cd concentrations of southern 
minke whales are considered to be unusually high (O’Shea 1999), reflecting Cd levels in antarctic 
krill, upon which they feed almost exclusively (Ichii and Kato 1991), whereas Hg concentrations are 
lower than those of marine mammals from other regions as described earlier. The generally high Cd 
levels observed for the antarctic marine organisms have been attributed to the upwelling of Cd-rich 
deep water (Honda et al. 1987b, Sanchez-Herandez 2000). 

The high Cd level might pose a potential threat to the southern minke whales, but a detailed 
evaluation has not been performed. About 70% of hepatic Cd appears to be distributed in the cyto
sol in southern minke whales, and almost all of this cytosolic Cd is bound to MTH (Tanabe et al. 
unpublished results). Because southern minke whales showed marked accumulation of both Cd 
and Se in tissues, with concentrations of these elements positively correlated, Kunito et al. (2002) 
assumed the presence of insoluble Cd selenide (CdSe). However, a Cd–S rather than a Cd–Se inter
action was implicated by X-ray absorption fine structure spectroscopy of southern minke whale 
tissues (Tanabe et al. unpublished results). 

The bowhead whale is an endangered species of great cultural and subsistence value (O’Hara 
et al. 2006) to arctic residents of eastern Russia, Canada, and northern Alaska. Most research 
on bowhead whales focuses on the Bering-Chukchi-Beaufort Sea stock. Woshner et al. (2001b) 
assessed numerous elements (As, Cd, Co, Cu, Pb, Mg, Mn, Hg, Mo, Se, Ag, and Zn) in tissues 
of bowheads from samples collected between 1983 and 1997 (building on efforts of Bratton et 
al. 1997). In some tissues, Cd concentrations associated with toxicoses in domestic species were 
found. Nevertheless, tissue levels of all elements were within ranges reported previously in marine 
mammals. Significant associations included: Cd with age, Zn, or Cu. Using data from Woshner et 
al. (2001b) with samples from additional years, Dehn et al. (2006) examined metal concentrations 
in both bowhead and gray whales in relation to chemical feeding ecology, via analysis of C and 
N stable isotopes in muscle. Gray whales had lower Cd concentrations in liver and kidney than 
bowhead whales and a sigmoid correlation of Cd with length (surrogate for age) was noted. This 
indicates that renal Cd concentrations plateau in older animals and may actually decrease in older 
or “geriatric” whales. A plausible physiologic/anatomic explanation for this observation is that 
renal tissue of older animals tends to be more fibrotic and so has less Cd binding and storage capac
ity; also, the tubular epithelium, where Cd aggregates, tends to shed in geriatric kidneys. However, 
both renal fibrosis and tubular sloughing could ensue from chronic Cd toxicosis; thus, we are back 
to the dilemma posed by a number of metals that exert toxicity via oxidative damage—namely, 
that histologic changes observed with chronic metal toxicosis may be indistinguishable from those 
incurred by aging oxidative metabolism. 
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To more critically evaluate the potential effects of Cd on renal tissue, Goodwin et al. (2000) 
developed a bowhead whale cell culture model (two- and three-dimensional renal proximal tubu
lar cell cultures) and characterized renal MTH (GenBank accession number AF022117). Woshner 
(2000) and Woshner et al. (2002) histologically assessed hepatic and renal tissues of bowheads 
and highlighted that fibrosis was relatively extensive in renal tissue of older whales with the high
est concentrations of Cd. These findings resulted in an effort to increase sample size and more 
critically evaluate the role of aging and/or Cd concentrations in renal fibrosis (Rosa et al. 2008). 
Rosa et al. (2008) evaluated essential and nonessential elements in liver and kidney of bowhead 
whales by expanding efforts of Woshner et al. (2001b) to include samples from additional years 
(up to 2001). These data were interpreted using improved aging techniques (aspartic acid racem
ization of the eye lens and baleen stable isotopes of carbon as in George et al. 1999). Histological 
evaluation revealed the degree of lung fibromuscular hyperplasia, and renal fibrosis was associated 
with hepatic and renal Cd concentrations. A significant age effect was found for both pulmonary 
fibromuscular hyperplasia and renal fibrosis as well, making age a confounding factor (Rosa et al. 
2008). Improvements in aging techniques, along with more specific histological indices, may help 
to clarify how concentrations of elements are related to each other, to life history parameters, and 
to health. To place the above in context, most of these sampled bowhead whales were deemed to be 
in very good condition by scientists and hunters. From current information we can conclude that 
the observed fibrosis is mostly related to age and size of the whales. However, we require a more 
specific evaluation of the role Cd may play (e.g., biochemical, physiologic, and molecular tools). 

Summary 

For decades, researchers have documented the comparatively elevated concentrations of poten
tially toxic metals (particularly Hg and Cd) in marine mammals and debated about the sig
nificance of these levels to individual and population health. There is a substantial body of 
observational data that shows Se correlates strongly with Hg in marine mammals and serves 
an important role in Hg detoxification in several tissues. Nevertheless, it is evident from a few 
studies—dosing whole animals or in vitro—that there is a clear limit to the marine mamma
lian capacity for metal tolerance. Moreover, at least one extreme case of environmental pollu
tion involving Hg (among other contaminants) has clearly adversely affected marine mammal 
health—that is, the St. Lawrence Estuary beluga population. 

Given the extensive history of research on metal toxicants in marine mammals, one would 
think there would be more to show for it. Years of study have culminated in repetitive monitor
ing reports and correlative analyses with little substantive assessment of whether the toxicant 
levels measured are impinging upon marine mammal health. As previously acknowledged, 
monitoring studies can help pinpoint locales where contaminants may be of particular concern, 
as well as track temporal or geographic trends, but they tell us little about the toxicologic import 
of metals in marine mammals. As it stands, evidence that contaminants are adversely affecting 
marine mammals is meager, because such data cannot be gathered in a context conducive to 
defensible conclusions. So, in a bizarre catch-22, “absence of data” may be construed as “data 
of absence (of effects)” and in this roundabout way the very restrictions meant to defend marine 
mammals may hasten their decline. 

Fortunately, in the meantime, some researchers have begun to apply tools from assorted 
scientific disciplines, including molecular biology, genetics, epidemiology, computer modeling, 
and other fields to the question of contaminants in marine mammals. Marine mammal toxicol
ogy must incorporate a plethora of techniques and embrace collaborations among scientists 
whose expertise resides in complementary spheres if we are to realize signifi cant scientifi c 
advances with meaningful ecological and management applications. 
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11.1 INTRODUCTION 

Pesticides are intentionally released into the environment to protect crops, homes, and livestock 
from undesirable insects, weeds, and pathogens. With designed biological activities, pesticides are 
toxic to living organisms, and are generally classified as insecticides, herbicides, and fungicides. 
Extensive usage of pesticides has led to nearly ubiquitous contamination in surface water in many 
places in the world, including most of the United States (Gilliom 2007). Therefore, aquatic animals 
are at risk of pesticides entering their body, accumulating, and potentially causing toxicity. The 
objectives of this chapter are to describe (1) the significance of pesticide bioaccumulation; (2) the 
relationship between body residues and toxicity; (3) biotransformation processes in aquatic animals; 
(4) the impact of biotransformation on toxicological endpoints; and (5) the environmental and physi
ological factors that can influence bioaccumulation and toxicity. 

11.2 BACKGROUND 

Pesticides are used worldwide and their use has increased dramatically over the years, exceeding 
23 million kg being applied worldwide and over 5.4 million kg being used in the United States 
in 2001 (Kiely and Donaldson 2004). Although the application of pesticides highly benefi ts crop 
production, the unintended loss of pesticides by incidental spill, spray drift, and surface runoff has 
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caused contamination to aquatic ecosystems. A recent assessment conducted by the U.S. Geological 
Survey’s (USGS) National Water-Quality Assessment (NAWQA) Program reported frequent occur
rences of pesticides in surface water in the United States, with 97% of streams in agricultural and 
urban areas having one or more detections of the 83 monitored pesticides and degradates. The study 
also indicated that 56% and 83% of the streams in agricultural and urban areas, respectively had 
pesticides detected at concentrations that may cause adverse effects to aquatic life and fi sh-eating 
wildlife. The detected pesticides included not only the current-use pesticides, such as organophos
phate (OP) and carbamate insecticides and multiple classes of herbicides, but also organochlorine 
(OC) insecticides, some of which were banned years ago (Gilliom 2007). 

Although herbicides were the most frequently detected pesticides and were found at the highest 
concentrations in the streams surveyed by the NAWQA program (Gilliom 2007), insecticides were 
also commonly found, especially in urban areas. Insecticides were of the greatest concern due to 
their increased potential to harm nontarget animals. Thus, this chapter will focus on the impacts of 
insecticide toxicity on aquatic animals, even though the general concepts covered are applicable to 
all pesticides. 

Most current-use insecticides, including OPs, carbamates, and pyrethroids, are neurotoxicants, 
and can elicit acute toxic effects to nontarget aquatic vertebrates and invertebrates. Two commonly 
used OPs, chloropyrifos and diazinon, and a carbamate, carbaryl were the most frequently detected 
insecticides in urban streams in the USGS’ NAWQA study (Gilliom 2007), and the application of 
OPs has been linked to surface-water toxicity (Kuivila and Foe 1995). Pyrethroids are extremely 
toxic to fish and aquatic invertebrates (Bradbury and Coats 1989), and they were identified as the 
major contributors to the acute sediment toxicity to benthic invertebrates, Hyallela azteca and 
Chironomus dilutus in both agricultural and urban areas of California (Weston et al. 2004, 2005, 
Amweg et al. 2006) and in urban areas of Texas (Hintzen et al. 2009). 

Most OC insecticides are no longer in use; however, they are still frequently detected in sediment 
and fish tissues due to their persistence in the environment (Gilliom 2007). Compared to OPs and 
pyrethroids, some OCs, such as DDT and its metabolites (DDD and DDE) have little acute toxic
ity, but can cause a variety of sublethal effects, including reduced growth and reproduction (Lotufo 
et al. 2001a). Because of the structural similarity to natural hormones, OCs have been reported to 
induce endocrine-disrupting effects by binding to androgen and/or estrogen receptors (van den Berg 
et al. 2003). In addition, OCs can cause adverse effects on organisms that were not directly exposed, 
since OCs are well known for their potential to bioaccumulate and biomagnify through tropic trans
fer, which poses a greater threat to consumers at the higher tropic levels (Fisk et al. 1998, Lotufo 
et al. 2001b, Kwong et al. 2008). 

Body residues, bioaccumulation factors (BAFs), bioconcentration factors (BCFs) and biomag
nification factors (BMFs) have been introduced as bioaccumulation parameters. Body residue is 
simply the concentration of the pesticide within the organism. BAF is the ratio of the concentra
tion of pesticide within the organism divided by the concentration in the environment. BAF makes 
no assumptions as to the uptake route of the pesticide or which matrix accounts for most of the 
exposure (i.e., sediment or water). BCF is the ratio of the concentration of the pesticide within the 
organism divided by the pesticide concentration of the water the organism is living in. BCF assumes 
uptake and loss of the pesticide solely related to aqueous exposure. Finally, BMF is based on the 
potential for higher trophic levels to have higher body residues of pesticides. The BMF is calculated 
by dividing the body residue of the animal from the higher trophic level by the body residue of the 
animal from the lower trophic level. Each of the values can be calculated empirically using experi
mental method designs that are well established (Landrum et al. 1992). In addition, estimates for 
these values, especially BCF, are commonly reported using quantitative structure-activity relation
ships (QSAR) using octanol/water partition coeffi cients (Kow) for both freshwater and marine spe
cies (Zaroogian et al. 1985, Fisk et al. 1998). However, application of QSAR modeling to estimate 
bioaccumulation and adverse effects caused by pesticides may be restricted due to biotransforma
tion in the animal (De Bruijn and Hermens 1991). 
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11.3	 WHAT IS THE TOXICOLOGICAL SIGNIFICANCE 
OF PESTICIDE BIOACCUMULATION? 

The occurrence and magnitude of bioaccumulation provides insight into the ecotoxicology of pesti
cides in three ways including trophic transfer, markers of exposure, and critical body residues. First, 
and most traditionally, bioaccumulation provides a measure of exposure to higher trophic levels. For 
example, OC insecticides such as chlordane and DDT are not easily biotransformed or depurated 
from most aquatic species and thus can biomagnify. At higher trophic levels, uptake through inges
tion of organisms from lower trophic levels becomes the major route of exposure. For example, 
marine copepods receive greater than 50% of DDT exposure from their phytoplankton food source 
(Wang and Wang 2005). Organisms at higher trophic levels typically have even greater contribu
tions from their food. Harbor seals and Gray seals in northern Norway have 10–30 times more body 
burden of DDT as compared to the fish they use as food even though their exposure is nearly entirely 
through ingestion of fish (Ruus et al. 1999). 

Second, detection of a specific pesticide in an animal indicates that exposure has occurred, 
which is especially important when investigating an environmental incident such as a fi sh kill. 
Basic evidence of exposure can also be important if working with animals that have a large range 
that overlaps possible areas of contamination or for systems where the bioavailability of the pes
ticide is in question. For instance, in Sparling et al. (2001), the researchers were investigating if 
pesticides from coastal areas with high intensity pesticide usage (Central Valley of California, U.S.) 
are transported to a remote mountainous area where there is a documented amphibian decline 
(Sierra Nevada). The presence of OP and OC insecticide body residues in the Pacific Tree frog, Hyla 
regilla, indicated that exposure to pesticides was occurring and could be relevant in determining 
the causes of the decline. 

Finally, in order for toxicants to have an effect they must enter an animal and be present at high 
enough concentrations at the site of toxic action to result in a toxic response. The toxicological 
process includes the movement of the pesticide to the site of toxic action (toxicokinetics) and the 
action of the pesticide at the toxicological receptor site (toxicodynamics). Although factors may 
influence toxicodynamics, changes in toxicokinetics likely account for most of the variability in the 
toxicological response. Therefore, knowing the concentration of the pesticide in the animal should 
provide a much better estimate of the toxicity that may occur compared to only knowing the exter
nal environmental concentration. 

11.4	 RELATIONSHIP BETWEEN BODY RESIDUES AND TOXICITY 

Since dose is typically not known for aqueous exposures, the concentration of the water is typically 
used as a measure of the dose or “dose metric.” However, the relationship between the pesticide 
concentration at the site of toxic action within the animal and the concentration in the water around 
the animal can be variable due to a variety of factors that are discussed later. Since, the resulting 
variability can lead to uncertainty in regard to the toxicity of the pesticide; a better dose metric is 
sometimes needed. Ideally, measurement of the pesticide concentration at the site of toxic action 
would be an ideal dose metric, but it is very difficult to measure. An alternative is to measure the 
pesticide concentration that is present in the whole body or a specific tissue. Although variability 
still exists within the relationship of the whole body residue to the concentration at the site of toxic 
action, whole body residue should theoretically provide a better dose metric than using the external 
concentration. The whole body residue should be presented in molar terms, as toxicity is related to 
the number of pesticide molecules and not the mass of the pesticide. The whole body residue that 
can be linked to causing a biological effect is termed critical body residue (CBR). 

The CBR measurement has been determined for a variety of chemical classes including some 
types of pesticides; however, the approach generally works better for chemicals with nonspecifi c 
modes of action (e.g., narcosis) as compared to specific modes of action (e.g., acetycholinesterase 
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inhibition) (review available from Barron et al. 2002). Most pesticides have specific modes of action, 
at least for organisms that are related to the pesticides target. For example, many OP insecticides 
inhibit acetycholinesterase through the formation of a metabolite, which is further chemically 
altered during inhibition of the enzyme. Thus, molecules that have found their target are no longer 
measurable as the pesticide itself. This increases the chance that factors such as length of exposure 
and pulsed exposure could drastically change the measured CBR based on the parent pesticide. 
Several studies have measured and reported CBRs for OP insecticides; however, the consistency of 
the values may be problematic due to the importance of biotransformation in the toxic action. For 
example, a study that calculated CBR values for short-term high concentration and long-term lower 
concentration exposure regimes found that the CBR values fell within a factor of two for a few OPs, 
such as diazinon. However, the CBR values for the different exposure regimes differed by greater 
than a factor of 10 for other pesticides such as azinophos-methyl and parathion (Deneer et al. 1999, 
Beckvar et al. 2005; Table 11.1). For other pesticides that are not inactivated during receptor site 
binding, CBRs may be consistent and thus predictive of toxicity. For example, pentachlorophenol 
(PCP), an uncoupler of oxidative phosphorylation, has been well studied and tends to provide a 
stable, predictive CBR that may have some utility among different organisms and exposure regimes 
(Kukkenon et al. 2002; Table 11.1). 

TABLE 11.1 
Critical Body Residues (µmol/g) in Fish and Invertebrate Species for Various Toxicological 
Endpoints 

Compound Species Residue (µmol/g) Effect Time (d) Reference 

DDT Goldfi sh 0.00465 Behavioro ukn Davy et al. 1972 

DDT Pinfi sh 0.00155 Lethalityo ukn Butler 1969 

DDT Lake trout 0.000818 Lethalityo ukn Berlin et al. 1981 

DDT Brook trout 0.0316 Growtho ukn Macek 1968a 

DDT Chinook 0.0103 Lethalityo ukn Buhler et al. 1969 
salmon 

DDT Cutthroat 0.0031 Lethalityo ukn Allison et al. 1963, 1964 
salmon 

DDT Brook trout 0.0214 Reproductiono ukn Macek 1968b 

DDT Fathead 0.318 Lethalityo ukn Jarvin et al. 1976, 1977 
minnow 

DDT Coho salmon 0.0953 Lethalityo ukn Buhler et al. 1969 

Azinphos-ethyl Guppy 0.1 ± 0.1 Lethality ukn de Bruijn et al. 1991 

Bromophos-methyl Guppy 5.0 ± 1.1 Lethality ukn Ohayo-Mitoko et al. 
1993 

Chlorothion Guppy 0.4 ± 0.1 Lethality ukn Ohayo-Mitoko et al. 
1993 

Chlorpyrifos Guppy 8.0 ± 3.0 Lethality ukn de Bruijn et al. 1991 

Diazinon Guppy 8.0 ± 2.0 Lethality ukn de Bruijn et al. 1991 

Fenthion Guppy 10.2 ± 4.3 Lethality ukn Ohayo-Mitoko et al. 
1993 

Methidathion Guppy 0.003 ± 0.002 Lethality ukn Ohayo-Mitoko et al. 
1993 

Parathion Guppy 0.1 ± 0.1 Lethality ukn Deneer et al. 1999 

Azinphos-ethyl Guppy 0.011 ± 0.005 Lethality 11 Deneer et al. 1999 

Azinphos-methyl Guppy 0.09 ± 0.06 Lethality 6 Deneer et al. 1999 

Carbophenothion Guppy 0.41 ± 0.36 Lethality 5 Deneer et al. 1999 

Chlorpyrifos Guppy 0.54 ± 0.38 Lethality 11 Deneer et al. 1999 
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TABLE 11.1 (continued) 
Critical Body Residues (µmol/g) in Fish and Invertebrate Species for Various Toxicological 
Endpoints 
Compound Species Residue (µmol/g) Effect Time (d) Reference 
Chlorpyrifos-methyl Guppy 9.9 ± 5.6 Lethality 7 Deneer et al. 1999 

Diazinon Guppy 1.8 ± 0.7 Lethality 7 Deneer et al. 1999 

Dichlofenthion Guppy 29 ± 17 Lethality 11 Deneer et al. 1999 

Fenchlorphos Guppy 18 ± 13 Lethality 11 Deneer et al. 1999 

Fenthion Guppy 13.6 ± 5.3 Lethality 5 Deneer et al. 1999 

Fonofos Guppy 0.02 ± 0.01 Lethality 5 Deneer et al. 1999 

Methidathion Guppy 0.013 ± 0.005 Lethality 6 Deneer et al. 1999 

Parathion Guppy 0.41 ± 1.8 Lethality 15 Deneer et al. 1999 

Parathion-methyl Guppy 7.9 ± 1.8 Lethality 2 Deneer et al. 1999 

26 DCP Lumbriculus 1.72 (1.68–1.76) Lethality 1 Deneer et al. 1999 
variegatus 

26 DCP L. variegatus 1.24 (1.22–1.27) Lethality 2 Deneer et al. 1999 

245 TCP L. variegatus 0.63 (0.60–0.66) Lethality 1 Kukkonen et al. 2002 

245 TCP L. variegatus 0.54 (0.53–0.55) Lethality 2 Kukkonen et al. 2002 

246 TCP L. variegatus 0.81 (0.80–0.83) Lethality 1 Kukkonen et al. 2002 

246 TCP L. variegatus 0.66 (0.64–0.67) Lethality 2 Kukkonen et al. 2002 

2346 TeCP L. variegatus 0.95 (0.87–1.15) Lethality 1 Kukkonen et al. 2002 

2346 TeCP L. variegatus 0.91 (0.85–0.96) Lethality 2 Kukkonen et al. 2002 

PCP L. variegatus 0.7 (0.67–0.74) Lethality 1 Kukkonen et al. 2002 

PCP L. variegatus 0.45 (0.44–0.47) Lethality 2 Kukkonen et al. 2002 

PCP Chironomus 0.22 (0.20–0.24) Lethality 1 Kukkonen et al. 2002 
riparius 

PCP C. riparius 0.15 (0.14–0.16) Lethality 2 Kukkonen et al. 2002 

DDT = dichlorodiphenyltrichloroethane, DCP = dichlorophenol, TCP = trichlorophenol, TeCP = tetrachlorophenol, PCP = 
pentachlorophenol, °low effects residue, ukn = unknown, ± standard deviation, parentheses = 95% confi dence intervals. 

CBR values can also be determined empirically by measuring the body residue of the pesticide 
during toxicity testing. The toxicological endpoint measured can then be compared to the body  
residue to obtain a CBR value. CBR values can also be calculated using toxicological endpoints and 
bioconcentration factors (BCF). Table 11.2 provides examples of this technique. However, these val
ues should be matched based on species and the exposure conditions should be similar. BCF values 
should either be time matched with the toxicity test or the duration of the toxicity test should be long 
enough to allow the body residue concentration within the organisms to obtain steady state. In addi
tion, the body residue measurement should be made using an accurate technique that can specify 
pesticide or pesticide metabolite of interest. If measurements include both parent and metabolites in 
a single value or are otherwise not specifi c to the chemical of interest, the CBR may not be useful 
to future investigators, especially if other measurement techniques are used later. For example, care 
should be taken when using radiolabeled pesticide for measurement of CBR to insure that only the 
chemical of interest is being measured and not transformation products. 

11.5 BIOTRANSFORMATION PROCESSES IN AQUATIC ANIMALS 

Biotransformation plays an important role on pesticide disposition, bioaccumulation, biomagnifi ca
tion, and toxic effects. This process, however, is highly variable as the capacity of aquatic animals to 
biotransform insecticides is dependant on both the enzymatic capabilities of the specific animal and 
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TABLE 11.2 
Critical Body Residues (CBR, µmol/g) in Chironomus dilutus (Aquatic Insect) for Lethality 

Pesticide Temperature (°C) LC50 (µg/L) BCF (mL/g) CBR (µg/kg) CBR (µmol/g) 

Chlorpyrifos 13 0.825 831 686 0.00196 

23 0.459 338 155 0.000442 

DDT 13 3.88 48,800 189,000 0.533 

23 6.26 30,000 188,000 0.530 

Lambda-cyhalothrin 13 0.0124 170 2.11 4.69 E-06 

23 0.0379 92.5 3.51 7.80 E-06 

Permethrin 13 0.0585 315 18.4 4.70 E-05 

23 0.189 87.2 16.4 4.19 E-05 

Note: All values were calculated by multiplying the LC50 and the BCF values reported in Harwood et al. (2009) to obtain 
CBR values. 

properties of the insecticide. Biotransformation is the enzyme-catalyzed processes, which trans
forms xenobiotics to more water-soluble metabolites, enhancing polarity and subsequent excretion, 
and it is generally divided into two components. Phase I biotransformation involves hydrolysis, 
reduction and oxidation reactions, whereas the reactions of phase II (conjugation) reduce toxicity 
by addition of a variety of more polar moiety to contaminants or their phase I products. Enzymes 
generally involved in phase I biotransformation of pesticides by aquatic animals are cytochrome 
P450 monoxygenases (CYP450), flavin-containing monooxygenases (FMOs), esterases, and other 
hydrolases, while glutathione-S-transferase (GST), glucuronosyltransferases, sulfotransferase, and 
acetyl transferase may involve in phase II reactions (Lech and Vodicinik 1985). 

Many enzymes involved in biotransformation of pesticides by aquatic animals are similar to those 
in mammals; however, specific biotransformation features and pathways exist in aquatic animals 
and are often less advanced than in mammals. For instance, the pyrethroid insecticide permethrin 
was not only biotransformed at a slower rate by rainbow trout than mice, but also the dominate 
detoxification pathways differed for the two species (Bradbury and Coats 1989). In addition, aquatic 
invertebrates and fish are poikotherms, so their biotransformation rates are significantly affected by 
changes in temperature (Harwood et al. 2009). The differential abilities to biotransform pesticides 
were demonstrated among aquatic animals as well. Livingstone (1998) has reported an approxi
mately four times higher biotransformation rate for the biocide PCP by fi sh (Carassius auratus) 
compared to aquatic invertebrates (Molluscan species), and the difference in biotransformation 
rates were explained by the difference in enzymatic activity. 

Fish are capable of biotransforming multiple classes of pesticides, as noted by the induction 
of enzymatic activity in fish after exposure to pesticides. Other evidence, such as measurements 
of body residue and bioaccumulation also indicated fish readily biotransform different classes of 
pesticides. A continuous decline in BMF values of chloropyrifos in the fi sh Aphaius iberus which 
was fed previously exposed crustacean Artemia indicated capability of A. iberus to biotransform 
this OP insecticide (Varo et al. 2002). A wide variation in lethal body residues was observed for 
four OPs, bromophos, fenthion, chlorothion, and methidathion in guppy, and it was attributed to the 
differential biotransformation in oxidative and glutathione-mediated in-vitro systems (De Bruijn 
and Hermens 1991, De Bruijn et al. 1991). Extensive biotransformation of triazole fungicides has 
been reported and it accounted for 60–90% of the elimination of the fungicides by juvenile rainbow 
trout (Konwick et al. 2006a). The phenylpyrazole insecticide fipronil was rapidly biotransformed by 
rainbow trout and 88% of its elimination was due to the biotransformation (Konwick et al. 2006b). 
Fish are also well equipped to biotransform OCs, and different biotransformation pathways have 
been reported for DDT in different organs in marine black sea bream (Acanthopagrus schlegeli) 
(Kwong et al. 2008). 
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Interspecies variation in biotransformation potential was also shown among aquatic inverte
brates. Both the endogenous enzymatic activity and the different sensitivity in induction of the 
enzymes could influence the biotransformation potential of the test species. Guerrero et al. (2002) 
reported significant differences in biotransformation potential of PCP and two herbicides, fenpropi
din and trifluralin, by three freshwater invertebrates including an annelid Lumbriculus variegatus, 
a bivalve Sphaerium corneum, and an arthropod Chironomus riparius. Although C. riparius exten
sively biotransformed the pesticides, L. variegatus and S. corneum showed limited biotransforma
tion ability. Ankley and Collyard (1995) suggested that the arthropods, H. azteca and C. riparius, 
biotransformed OPs through CYP450 catalyzed desulfuration reactions, while the oligochaete 
L. variegatus was incapable of this bioactivation step. Because of its low biotransformation poten
tial, L. variegatus was selected as the standard organism for sediment bioaccumulation testing (U.S. 
EPA 2000). However, recent studies demonstrated the biotransformation potential of L. variegatus. 
Mäenpää et al. (2008) reported extensive biotransformation of PCP by L. variegatus with less than 
3% of parent compound being left after a 28-day sediment exposure. With a polar–OH group, PCP 
may be directly biotransformed through phase II glucosidation (Livingstone 1998). Our recent study 
(You et al. 2009) also showed that L. variegatus was capable of biotransforming pyrethroids, with 
nearly half of the bifenthrin and permethrin being biotransformed to more hydrophilic metabolites 
after the 14-day sediment exposure. Therefore, phase II glucosidation and/or hydrolysis reactions 
catalyzed by carboxylesterases may be the major pathways for the biotransformation of pesticides in 
L. variegatus due to the possible lack of oxidative activity (Ankley and Collyard 1995). 

Arthropods showed relatively greater biotransformation potential than other phyla of aquatic 
invertebrates (Ankley and Collyard 1995, Guerrero et al. 2002). Lotufo et al. (2000, 2001b) reported 
species-specific biotransformation of DDT in two freshwater amphipods, H. azteca and Diporeia 
spp. DDT was mainly biotransformed to DDE in H. azteca, while DDD was formed in Diporeia 
spp. and the greater biotransformation and elimination in H. azteca resulted in lower toxicity. 
H. azteca was capable of rapidly biotransforming PCP and the OP methyl parathion as well, which 
may involve multiple types of enzymes, including phase I esterases, hydrolases, and oxidase and the 
phase II enzyme GST (Nuutinen et al. 2003). Chironomus spp. was another model arthropod for 
biotransformation studies (Buchwalter et al. 2004). 

Crustacean species had similar CYP450 and GST activity as fish and generally had higher 
CYP450 activity compared with other invertebrates suggesting a possible higher biotransformation 
potential (Livingstone 1998). In an in-vitro study (Escartin and Porte 1996) using hepatopancreas 
microsomes of red swamp crayfi sh (Procambarus clarkii), the microsomes biotransformed the OP 
fenitrothion to its metabolites fenitrooxon and 3-methyl-4-nitrophenol, indicating two major path
ways, suggesting detoxification by GST and bioactivation by CYP450 enzymes. The EROD activity 
indicated the existence of CYP4501A enzymes in the crayfish, and significant induction of EROD 
occurred in fi eld-collected crayfi sh (Porte and Escartin 1998). Therefore, CYP450 plays an impor
tant role in pesticide biotransformation by crustaceans. Compared to fish and crustaceans, mollusks 
have 4–5 times lower CYP450 activity, two times higher FMO activity and 4–6 times higher GST 
activity (Livingstone 1998), therefore, biotransformation pathways may vary signifi cantly among 
species. Boutet et al. (2004) identified two non-P450 phase I enzymes, FMO-2 and monoamine 
oxidase A involved in biotransformation of the herbicides, glyphosate, atrazine, diuron, and isopro
turon by the Pacifi c oyster, Crassostrea gigas. 

In summary, aquatic animals are capable of biotransforming pesticides, and typically in the 
order of fish, arthropods, mussels, and annelids. The CYP450 enzymes play an important role in 
phase I biotransformation for fish and arthropods, while oxidized biotransformation reactions were 
still uncertain in mussels and annelids. Glucosidation was the major phase II biotransformation 
pathway for aquatic invertebrates (Livingstone 1998). It is desirable to obtain the information on 
the biotransformation rates, pathways, and enzymes activity to better understand biotransformation 
processes in vivo. However, there are limited studies on enzymes involved in biotransformation for 
aquatic animals, especially for aquatic invertebrates. 
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11.6	 HOW DOES BIOTRANSFORMATION OF PESTICIDES 
IMPACT TOXICOLOGICAL ENDPOINTS? 

There are three possible toxicological responses to biotransformation: (1) an increase in toxicity, 
(2) a decrease in toxicity, or (3) a lack of biotransformation, which could lead to bioaccumulation. 
Each of these outcomes may influence CBR. Metabolic activation, or increased toxicity with biotrans
formation, is relatively rare; one notable exception is the OPs (Ankley and Collyard 1995, Bailey et 
al. 1996, Escartin and Porte 1996, Carr et al. 1997). Chlorpyrifos, diazinon, malathion, methyl para
thion, and parathion are commonly used metabolically activated insecticides. Most OP insecticides 
are metabolically activated, with a few exceptions including dichlorvos. Nonmetabolically activated 
OPs can be identified by the presence of terminal oxygen in the phosphate group, whereas metaboli
cally activated OPs generally contain terminal sulfur (phosphoryl vs. thiophosphoryl). The replace
ment of this sulfur with oxygen creates the toxic form of the insecticide. The biotransformation 
requirement for most OP insecticides causes delayed toxicity as compared to other cholinesterase 
inhibitors such as the carbamate insecticides. Carbamates can undergo different types of bioactiva
tion processes. For example, Schlenk (1995) suggested that FMO was responsible for bioactivating 
the carbamate insecticide, aldicarb, in fish. The low sensitivity of channel catfish compared to rain
bow trout and bluegill to aldicarb toxicity was the result of a lower level of bioactivation of aldicarb 
to aldicarb sulfoxide, which is a more potent AChE inhibitor (Perkins and Schlenk 2000). In-vitro 
studies provided valuable information on enzymes involved in the biotransformation reactions. 
Perkins et al. (1999) demonstrated that the biotransformation of aldicarb to more toxic sulfoxide and 
less toxic sulfone not only involved CYP450 and FMO enzymes, but also other unidentifi ed CYP 
isoforms. Therefore, the consistency of CBR values determined for pesticides that are transformed 
to more toxic products may be low if the body residue of the parent is used as the CBR. 

For the majority of the insecticides, however, toxicity is reduced with biotransformation. This 
includes the carbamates, a few organophosphates, phenylpyrazoles, and pyrethroids that are 
biotransformed into less toxic degradates (Lydy et al. 2004). Carbamates undergo one of several 
reactions depending on insecticide and organism and these include ester hydrolysis, oxidation, and 
conjugation. Pyrethroids, another class of compounds that become less toxic as they are biotrans
formed, are typically biotransformed via ester hydrolysis. The OC insecticides are unique due to 
the diversity of compounds; therefore, OCs could fit in several of the aforementioned categories. 
Toxicity, biotransformation, and the results of biotransformation are highly variable by compound, 
species, and a variety of environmental factors. Compounds such as endrin, lindane, and methoxy
chlor have short half-lives, whereas chlordane, DDT, dicofol, and mirex bioaccumulate (Cole et al. 
1970, Wolfe and Norment 1973, Brooks 1974, Kawano et al. 1988, Colombo et al. 1995, Lotufo et al. 
2000, 2001a, 2001b, Stansley et al. 2001). CBR values for biotransformed pesticides, where the par
ent is the primary source of toxicity, may provide a more consistent dose metric since differential 
biotransformation of the pesticide would be accounted for in the body residue measurement, but not 
in the measurement of the external media. 

The aforementioned classes of compounds are often acutely toxic. Hence, the rate of biotransfor
mation can directly impact an insecticide’s potential for eliciting toxicity. For example, the poten
tial for toxicity is reduced if an acutely toxic compound is rapidly biotransformed into a less toxic 
byproduct. This may explain the differences in relative susceptibilities among species, since some 
organisms have greater biotransformation capabilities. There appears to be a trade-off between 
insecticides that are relatively acutely toxic to aquatic species, that is, the carbamates, OPs, and 
pyrethroids that are rapidly biotransformed and those that are relatively less toxic, with slower 
biotransformation and subsequent bioaccumulation such as some OCs. These properties seem to 
be present not only in how organisms as individuals process these insecticides, but also in how an 
ecosystem processes them. Those compounds not readily biotransformed by organisms also tend to 
be environmentally persistent. 
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The majority of current-use insecticides have been designed to degrade more rapidly than their 
bioaccumulating predecessors to prevent long-term contamination. These properties subsequently 
make the compound easier for organisms to process, particularly birds and mammals, thus decreas
ing the toxicity to these species. Since many invertebrates, especially insects, lack certain metabolic 
pathways they are more susceptible to toxicity. This design utilizes the species differences to be 
insect specific. Fipronil for example, is much more selective to insect receptors decreasing its poten
tial to harm fish and mammal communities directly. However, it is still acutely toxic to nontarget 
species. Since most commonly used insecticides are biotransformed by most species, estimating the 
bioaccumulation is difficult. High rates of biotransformation also reduce the ability to accurately 
determine residues in organisms as the concentration of parent compound may be rapidly changing. 
Furthermore, previously established predictors of toxicity, such as hydrophobicity are no longer  
applicable because as the compounds constantly change form the concentration of the toxic form 
within the animal is altered. This dynamic internal concentration makes it difficult to establish 
relationships that can be developed in slowly biotransformed compounds or in animals that do not 
readily biotransform these insecticides. The difficulty in establishing these predictors makes the 
hazard assessments for these compounds more complex. 

Traditional QSAR models for predicting toxicity and bioaccumulation potential of compounds 
have used the octanol–water partition coeffi cient (Kow) and this predictor worked well for hydro
phobic pesticides that are not biotransformed (Lydy et al. 1990, 2004). However, as stated earlier, 
many pesticides are readily biotransformed to more or less toxic metabolites and bioaccumulation 
is influenced by the formation of more polar or more easily excreted metabolites. Therefore, other 
predictors other than simple water/lipid partitioning are needed. Fisher et al. (1993) examined fi ve 
different molecular descriptors, including molecular volume, Henry’s law constant, Kow, molecular 
connectivity and linear solvation models, as potential predictors of pesticide toxicity. They found 
that when sediment was present in the system, sorptive interactions between the pesticides and 
sediment dominated the processes affecting toxicity. Conversely, in the absence of sediment, the 
molecular structure of the pesticides was more important than simply partitioning for determining 
toxicity and the molecular connectivity and linear solvation modeling successfully described the 
toxicity with up to 96% of the variability in toxicity being described by these models (Fisher et al. 
1993). 

11.7	 ENVIRONMENTAL AND PHYSIOLOGICAL FACTORS THAT 
INFLUENCE BIOACCUMULATION AND TOXICITY 

Bioaccumulation studies tend to focus broadly on individual species or higher organizational lev
els. As a result, BCF and CBR values are typically provided for a contaminant and a species with 
limited discussion of how associated factors such as age of the organism and water chemistry may 
influence pesticide uptake and depuration rates. However, many environmental and physiological 
factors may influence the extent that an individual or population bioaccumulates a pesticide. Three 
broad areas that should be considered when measuring bioaccumulation include: (1) the physical/ 
chemical properties of the environment, (2) the physiological status of the organism, and (3) the 
presence of other chemical stressors. 

Several physical and chemical properties can greatly influence bioaccumulation. For example, 
if a chemical is ionizable and the pKa is near environmentally relevant pHs, the pH of the water 
can cause considerable changes in uptake of the pesticide. For example, PCP (pKa = 4.74) has BCF 
values of 1066 at pH 6.5 and 281 at pH 8.5. The relationship between pH and log BCF is linear 
throughout the pH range tested (6.5–8.5) indicating that the decrease in bioaccumulation is caused 
by a lower uptake rate of the ionized form of the molecule (Spehar et al. 1985). In this case, a CBR 
approach will improve assessment of toxicity, as changes in uptake would correspond to changes in 
body residue. Changes in temperature can also change the toxicokinetics of pesticides. In general, 
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increased temperature increases uptake rate (Lydy et al. 1999, Harwood et al. 2009), which is likely 
the mechanism behind the increase in toxicity reported for most chemicals (Mayer and Ellersieck 
1988) and will by itself increase the bioaccumulation of the compound. However, increased tem
perature also increases the rate of pesticide biotransformation and depuration. For example, despite 
an increased uptake rate, the OP insecticides chlorpyrifos and methyl parathion have lower bioac
cumulation rates for overall accumulation (parent and metabolites) and parent pesticide at higher 
temperatures (Lydy et al. 1999). In this case, the CBR values also change because as temperature 
increases, accumulation drops and toxicity increases. Since OP insecticides are pro-insecticides and 
their oxon metabolite is more toxic, an increase in biotransformation rate could result in a greater 
occurrence of receptor site binding that is not reversible within a biological time scale resulting 
in increased toxicity. However, for the majority of highly biotransformed insecticides, where the 
biotransformation product is less toxic, this increase in biotransformation subsequently decreases 
toxicity. As shown in Table 11.2, the CBR values likely differ greatly for chlorpyrifos across tem
peratures due to changes in toxicokinetics, since it is a pro-insecticide. In contrast, the CBRs for the 
pyrethroids and OC insecticides are expected to be more stable. 

The chemical and physical properties of the external matrix containing the pesticide (e.g., water, 
sediment) may also influence the toxicity. For example, Maul et al. (2008) found that bifenthrin 
toxicity to H. azteca was greater in systems with either leaf material or sediment alone compared 
to mixed media systems. In addition, partitioning of bifenthrin was greatest within sediment and 
lowest in coarse leaf material. Therefore, greater partitioning onto the sediment and preferential use 
of leaf substrates may drive H. azteca survival. Utility of a CBR approach would likely improve 
assessment of toxicity in cases, such as this, where the bioavailability and uptake routes are not well 
understood and thus the concentration in the external media is not as good of a dose metric. 

The physiological status of the organism can also influence the rate of bioaccumulation. Although 
a large number of factors change the “physiology” of an organism to a degree that bioaccumulation 
would likely change, very few of the factors have ever been well tested. Examples of factors include: 
age, sex, developmental characteristics (presence of gills or an oil gland, active metamorphosis), 
and reproductive status. Several of these factors were studied in relationship to DDT accumulation 
in the polychaete Neanthes arenaceodentata. Sex of the worms proved to be one of the biggest fac
tors as elimination rates were nearly five times faster in males and accumulation was 2.5 times lower 
(lipid based; Lotufo et al. 2000). 

Several studies have evaluated the effect of secondary pesticides on the bioaccumulation of the 
pesticide of interest with mixed results. For example, Tsuda et al. (1995) determined BCF values for 
OP insecticides fenthion, fenitrothion, and diazinon singly and in combination. In this case, mini
mal differences were noted between BCF values determined after exposure to a single pesticide as 
compared to the BCF of the same pesticide when jointly exposed to the other pesticides as well. 
However, other studies have demonstrated that pesticides can change the toxicokinetics of other 
pesticides. The classic example is the synergist piperonyl butoxide, which inhibits mixed function 
oxygenases that biotransform many pesticides. As a result, the biological half-life of many pesti
cides, especially the pyrethroids insecticides, is increased resulting in greater accumulation and 
toxicity (Casida et al. 1970). Other than the known synergists, other changes in toxicokinetics have 
been demonstrated. For example, several OP insecticides inhibit esterase activity. Through toxicity 
testing, they have been shown to increase the toxicity, and likely the bioaccumulation factor, of pyre
throid insecticides (Denton et al. 2003, Belden and Lydy 2006). In another example, the herbicide 
atrazine has been shown to change the toxicokinetics of several OP insecticides including chlorpy
rifos. Although bioaccumulation of parent compound does not increase due to the joint exposure to 
atrazine, bioaccumulation of chlorpyrifos metabolites does increase, as does the observed toxicity 
(Belden and Lydy 2000). Similarly to the scenario discussed for OP insecticides and temperature, 
the increase rate of biotransformation leads to an increase in formation of the active metabolite 
(the oxon form). Atrazine has been shown to increase the specifi c activity of microsomal enzymes 
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involved in this transformation (Belden and Lydy 2000) and the enzyme responsible and an increase 
in expression has been noted (Miota et al. 2000). 

Similarly as discussed in the section of biotransformation, using body residues as a dose metric 
will usually result in less variability for most pesticides that have variable toxicity due to changing 
environmental and physiological conditions. Many of these conditions change the toxicokinetics of 
the pesticide, which is at least partially considered in CBR measurements. For example, in Table 
11.2, the estimated CBRs for both permethrin and lambda-cyhalothrin differed by less than 40% 
between the two temperatures evaluated; however, the LC50 values were nearly 300% different. In 
contrast, for the pro-insecticide chlorpyrifos, the difference between the estimated CBR values was 
greater than the difference between the LC50 values. 

Summary 

In this chapter we have attempted to summarize the toxicological significance of pesticide accu
mulation to aquatic animals. Toxicological significance of bioaccumulation includes sublethal 
and lethal effects and exposure to higher trophic levels. In general, greater bioaccumulation 
occurs for pesticides that are not readily biotransformed and toxicity and bioaccumulation 
potential are predictable from simple lipid-water partitioning (e.g., Kow, Fisher et al. 1993). For 
these compounds, CBR has been proven as a good dose metric and is better than using exter
nal media concentrations. However, many pesticides are biotransformed by aquatic animals 
and biotransformation can complicate the predictive process. This is especially true when the 
transformation products either bioaccumulate or contribute to the toxicity. The question then 
arises whether parent, metabolite or both should be used as the true dose metric. This assess
ment is further complicated by the fact that many of the biotransformation products are diffi cult 
to measure analytically due to their presence at very low concentrations or because of a lack 
of appropriate analytical methods. In the near future, greater availability of mass spectrometry 
and applications such as biomimetic devices will increase our ability to measure CBRs for pes
ticides. In addition, other environmental and physiological factors like the physical/chemical 
properties of the environment; the physiological status of the animal, and the presence of other 
chemical stressors can complicate the estimation. Future research should target techniques that 
will help us address these challenges and provide a more accurate framework for predicting 
toxicity of pesticides. 
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12.1 INTRODUCTION 

The organochlorine compound known as dichlorodiphenyltrichloroethane (DDT) was synthesized 
in 1874. Paul Müller discovered its insecticidal activity in 1939 and subsequently received the Nobel 
Prize for this discovery (Carson 1962). DDT was used extensively in human health operations dur
ing World War II. Agricultural applications started immediately after the war, and the amounts used 
increased exponentially after that time (Hayes 1991). 

Concern about the effects on wildlife began almost immediately (Cottam and Higgins 1946). 
Early field studies with DDT were concerned with the short-term effects after heavy rates of appli
cation; for example, 5.6 kg of DDT per hectare (ha) resulted in immediate reductions in the popu
lations of songbirds and invertebrates in an upland hardwood forest (Hotchkiss and Pough 1946). 
In contrast, 5.6 kg/ha had no effect on the eggs or nestlings of forest birds, but the DDT spray was 
limited to an area of only 0.09 m2 around each nest (Mitchell 1946). DDT applied to a bottom land 
hardwood forest at a rate of 2.2 kg/ha had no effect on bird populations when applied for only 1 year 
(Stewart et al. 1946). We know now that the approximate cause-and-effect relation of DDT for mor
tality may occur immediately after application as well as many months or years after application. 

The fi rst important step in uncovering long-term relations was dependent on the development of 
precise and accurate analytical techniques that could detect DDT and its principal metabolites— 
DDD and DDE—in environmental samples. Heyroth (1950) summarized the early efforts to develop 
analytical methodology for detecting residues of DDT. Some of the early work was of limited value, 
because DDT and one or more metabolites were lumped together or DDE was not measured. Residue 

Reprinted from the first edition of this book, Environmental Contaminants in Wildlife: Interpreting Tissue Concentrations, 
published by Lewis Publishers in 1996. 
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analysis improved with time, vastly progressing with the development of electron-capture gas chro
matography, and was essentially perfected with the development of mass spectrometry. With these 
advances, the residues of DDT and its metabolites in wildlife could be related to lethal as well as 
sublethal effects, especially eggshell thinning and reduced reproductive success. Technical DDT, the 
insecticidal formulation applied in the field, consists of several compounds that may be changed or 
broken down by a number of physical or biological factors in the environment. Of these compounds, 
only p,p′-DDT (DDT), p,p′-DDD (DDD), and p,p′-DDE (DDE) have been related to adverse environ
mental effects. The residue data reported here are on a wet-weight basis unless otherwise indicated. 

The purposes of this chapter are to summarize the residue levels of these three compounds in 
birds that are diagnostic for or are associated with mortality and important sublethal effects and 
to suggest improvements in the design of contemporary field studies that will result in maximum 
usefulness in interpreting residue data. 

12.2 INTERPRETING LETHAL RESIDUES 

12.2.1 BRAIN 

The first experimental attempts to measure lethal levels in animals fed DDT-contaminated diets 
included analyses of several tissues, including the brain. With the limitations of analytical method
ology, some of the studies combined DDT with DDD, or DDE was not detected. Considering DDT 
and DDD combined, Bernard (1963), Stickel et al. (1966), and Stickel and Stickel (1969) concluded 
that 30 µg/g in the brain were a useful approximation of the lower level representing serious danger 
and possible death. Most measurements of DDT + DDD in the brains of birds dying from DDT 
were above this level, but lethal levels were as low as 25 µg/g in house sparrows used in experiments 
(Passer domesticus; Bernard 1963) and 17 µg/g in wild American robins (Turdus migratorius) dying 
with tremors (Hunt 1968). Stickel et al. (1966) concluded that the relative importance of DDT and 
DDD was not apparent from these data. 

With improvements in analytical methodology, residues of DDT, DDD, and DDE were deter
mined in the brains of experimental and wild animals killed by DDT, and more defi nitive evalua
tions of the contribution of the individual compounds to lethality were established. Weighting was 
necessary, because residues in the brains at death ranged from nearly all DDD to nearly all DDT 
(Stickel et al. 1970). It was also necessary to evaluate residues in the brains of apparently normal 
animals exposed to DDT and euthanized at periods when others were dying from accumulated dos
age and to evaluate the effects of exposure routes, time to death, age, sex, and various stresses on 
lethal levels in the brain. It was concluded by Stickel et al. (1970) that there is little or no postmor
tem breakdown of DDT to DDD. Measurements of the lethal levels of DDE and DDD in animals 
exposed to these individual compounds also helped in evaluating the relative contributions of each 
toxicant. By considering the levels of DDT and its major metabolites in the brains of animals on 
DDT dosage that either died or were euthanized, an excellent relation of residues to lethality was 
established (Table 12.1). This separation was possible because residues in the brain increase rapidly 
shortly before death, and concentrations uniformly meet or exceed the lower lethal limit in relation 
to exposure routes, time to death, and the other variables mentioned above (Stickel et al. 1970). 
There was variation in the means of DDT and the major metabolites in the brain at death; for exam
ple, DDT ranged from 15 µg/g in American robins (Wurster et al. 1965) to 40 µg/g in brown-headed 
cowbirds (Molothrus ater; Stickel and Stickel 1969), and DDD ranged from 2 µg/g in northern 
bobwhite quail (Colinus virginianus; Hill et al. 1971) to 99 µg/g in brown-headed cowbirds (Stickel 
and Stickel 1969). Because of these variations, Stickel et al. (1970) developed the concept of a DDT 
equivalent, wherein 1 µg/g of DDT equals 5 µg/g of DDD or 15 µg/g of DDE. Using this weighting 
system, Stickel et al. (1970) indicated that 10 DDT equivalents in the brain constitute an approxi
mate lower lethal limit. American robins that died in tremors had as little as 10 DDT equivalents 
in their brains. In Table 12.1, all the mean DDT equivalents in the brains of animals that died were 
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TABLE 12.2 
Residues of DDE and DDD in Brains of Birds that Died or Were Euthanized after 
Experimental Dietary Exposure to DDE or DDD 

µg/g ww 

Species Sex/Fatea Mean Range 
Mean DDT 
Equivalent Reference 

DDE 
Brown-headed cowbird M/D 499 250–660 39 Stickel et al. 1970 

M/E 152  67–400 10 Stickel et al. 1970 

Passerinesb (4 species) B/D 499 305–694 39 Stickel et al. 1984 

B/E 137  52–219  9 Stickel et al. 1984 

DDD 
Brown-headed cowbird	 M/D 172  86–358 34 Stickel et al. 1970 

M/E  42  19–105  8 Stickel et al. 1970 

a B, both sexes; D, died; E, euthanized, appeared normal. 
b Combined data for brown-headed cowbird, common grackle (Quiscalus quiscula), red-winged blackbird (Agelaius 

phoeniceus), and European starling (Sturnus vulgaris). 
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≥18, and the mean DDT equivalents in the brains of brown-headed cowbirds that were euthanized 
on DDT dosage ranged from 8 to 11. Stickel et al. (1970) indicated that the DDT equivalent system 
was approximate; a 50% margin of error was estimated when all series of data were included. The 
DDT equivalent weighting system remains a valuable interpretive tool, although the equivalent for 
DDE probably should be raised to 20 or 25 to reflect the lethal level of DDE alone. 

With two notable exceptions, DDE residues in the brains of animals dying from DDT ranged 
from <1 to 28 µg/g (Table 12.1). Wurster et al. (1965) reported 57 µg/g of DDE in the brains of wild 
American robins that died from DDT sprayed for Dutch elm disease; DDE exceeded DDT and DDD 
in these birds. Another more striking exception was the high mean levels of DDE in the brains of 
cockerels (Gallus gallus) that died after being fed DDT; DDE equaled or exceeded the levels of 
DDT + DDD in these birds with a high of 227 µg/g in a series of birds fed 250 µg of DDT per day 
(Ecobichon and Saschenbrecker 1968). In comparison with the results of other studies, these high 
levels of DDE seem anomalous, possibly because of problems in analytical methodology or species 
differences in the metabolism of DDT. 

In animals given diets containing DDE during experiments, residues of only DDE were detected 
in their brains (Table 12.2). The mean lethal residue of DDE was 499 µg/g in four species of pas
serine birds, with the lowest individual level of 250 µg/g in a brown-headed cowbird. Stickel et al. 
(1984) concluded that, for all species tested, residues of DDE in the brain were clearly diagnostic; 
there was a strong likelihood for death with residues ≥300 µg/g. DDE residues ranged from 52 to 
400 µg/g in the brains of birds that were euthanized while receiving dietary levels of DDE that were 
lethal to other birds. The DDE residue level in the brain of only one euthanized bird overlapped the 
levels in birds that died (Stickel et al. 1970, 1984). 

Regarding DDT equivalents in the brains of birds receiving DDE dosage, the means ranged from 
35 to 39 for those that died and from 9 to 10 for those that were euthanized (Table 12.2). Few possi
ble cases of lethal levels of DDE in the brains of wild birds in the United States exist; these include a 
bald eagle (Haliaeetus leucocephalus) with 385 µg/g (Belisle et al. 1972), a great blue heron (Ardea 
herodias) with 246 µg/g (Call et al. 1976), and a black-crowned night heron (Nycticorax nycticorax) 
with 230 µg/g (Ohlendorf et al. 1981). Also, two experimental American kestrels (Falco sparverius) 
that died after a long period on a low dietary dosage of DDE (2.8 ppm) had 213 and 301 µg/g of 
DDE in their brains (Porter and Wiemeyer 1972). Three other American kestrels died several days 
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after receiving diets containing 160–250 ppm of DDE; their brains contained from 230 to 280 µg/g 
of DDE (Henny and Meeker 1981). Although the lower lethal limit of 300 µg/g seems to provide a 
reliable criterion, there is some evidence that lower levels occasionally prove lethal. 

Concerning lethal residues of DDD in the brain, birds dying on DDT dosage had mean levels 
that varied from 3 to 59 µg/g, with individual levels as high as 151 µg/g (Table 12.1). The brains of 
birds on experimental dietary dosages of DDD contained an average of 172 µg/g of DDD at death, 
with an individual lower level of 86 µg/g (Table 12.2). Birds on DDD dosage that were euthanized 
had 19–105 µg/g in their brains. Stickel et al. (1970) concluded that brain concentrations ≥65 µg/g 
indicate an increasing likelihood that death was due to poisoning from DDD. DDT equivalents were 
34 in those dying on DDD dosage and 8 in those euthanized on that same dosage (Table 12.2). The 
only confirmed instance of DDD poisoning in a wild animal was that of a common loon (Gavia 
immer). Its brain contained 200 µg/g of DDD, 130 µg/g of DDE, and 2 µg/g of DDT; DDT equiva
lents totaled 41 (Prouty et al. 1975). The most vivid example of the effects of DDD occurred when 
Clear Lake in California was treated with DDD for several years. Although DDD almost certainly 
adversely affected western grebe (Aechmophorus occidentalis) survival and reproductive success, 
the only two brains analyzed (both females found moribund and euthanized) had DDD residues of 
46 and 48 µg/g (Rudd and Herman 1972); these levels were less than the lowest individual residues 
of birds dying on DDD dosage but were slightly greater than the mean level found in birds eutha
nized (Table 12.2). 

One problem with interpreting residues of the DDT group is that other contaminants includ
ing organochlorines are frequently present in the eggs or tissues of wild birds. Regarding organo
chlorines in the brain, Sileo et al. (1977) assumed straightforward additivity of the toxic effects 
and developed an “organochlorine index” based on the addition of the proportions of lower lethal 
levels for all compounds; for example, one half of a lower lethal level contributes 0.5 to the index 
on the basis of 1 indicating lethality. This index has received little use, one reason being that the 
lower lethal level of 150 µg/g of DDE ascribed by Sileo et al. (1977) is nearly 100 µg/g less than 
the accepted lower lethal limit (Table 12.2). Another reason is that the lethal limits of individual 
organochlorines in wild birds are usually distinct from one another. Finally, the assumed additiv
ity of organochlorines related to lethality in birds has received little verification from experimental 
studies, although additivity seems the most common joint action (Smyth et al. 1969). 

12.2.2 LIVER 

Residues in the livers of animals dying during experiments while receiving dietary dosages of 
DDT differ from residues in their brains in that DDD constitutes the bulk of the residues (Table 12.3). 
Mean levels of DDT ranged from 1 to 35 µg/g, with a range in individual values from <1 to 254 
µg/g. Residues of DDE were relatively low in livers except in American robins, where the residues 
exceeded those of DDD (Wurster et al. 1965); this is the same series that had exceptionally high 
residues of DDE in their brains. Cockerels dying while receiving a DDT dietary dosage also had 
levels of DDE in their livers that exceeded the levels of DDD and DDT combined; the same relation 
held for residues in their brains as previously mentioned (Ecobichon and Saschenbrecker 1968). 

Mean residues of DDE in the livers of brown-headed cowbirds receiving dietary DDE (Table 12.4) 
were 3883 µg/g (range, 460–11725 µg/g) in those that died and 523 µg/g (range, 266–1560 µg/g) in 
those that were euthanized (Stickel et al. 1970). In Great Britain, Newton et al. (1992) reported that 
23 Eurasian kestrels (Falco tinnunculus) and 10 Eurasian sparrowhawks (Accipiter nisus) died with 
lethal levels of DDE in their livers, but the lower lethal limit of 100 µg/g was based on correlative 
field evidence related to DDT and metabolites (Cooke et al. 1982). According to experimentally 
derived lethal levels (Stickel et al. 1970), DDE residues in Eurasian sparrowhawk livers (140–254 
µg/g) were too low to ascribe lethality to DDE, but DDE residues in the livers of at least three 
Eurasian kestrels (812, 1474, and 1500 µg/g) were within the lethal range. In the United States, the 



 

 

 

 

  

  

  

TABLE 12.3 
Residues of DDT, DDD, and DDE in Livers of Birds that Died or Were Euthanized after 
Experimental Dietary Exposure to DDT and in Wild American Robins that Died in Tremors 

µg/g ww 

DDT DDD DDE
Sex/ 

Species Fatea Mean Range Mean Range Mean Range Reference 

Brown- M/D 34 3–254 768 215–1,640 55 25–104 Stickel and Stickel 1969 
headed 
cowbird 

M/E  5 1–20  58 30–115  3 2–6 Stickel and Stickel 1969 

F/D 35 9–161 552 292–1,063 53 32–88 Stickel and Stickel 1969 

F/E  8 4–16  72 61–107  4 2–8 Stickel and Stickel 1969 

American B/D 1 NL 139 NL 165 NL Wurster et al. 1965 
robin 

Clapper M/D 3 <1–5 308 75–938 24 7–47 Van Velzen and Kreitzer 1975 
rail 

F/D 4 <1–10 229 130–337 19 13–27 Van Velzen and Kreitzer 1975 

M/E 3 <1–7 157 38–352 11 2–36 Van Velzen and Kreitzer 1975 

a B, both sexes; D, died; E, euthanized, appeared normal. 
NL, not listed. 

TABLE 12.4 
Residues of DDE and DDD in Livers of Male Brown-
Headed Cowbirds that Died or Were Euthanized after  
Exposure to DDE or DDD in Their Diets (after Stickel 
et al. 1970) 

µg/g ww 

Fatea Mean Range 

DDE 
D 3,883 460–11,725 

E   523 266–1,560 

DDD 
D 1,219 79–5,300 

E   521 104–2,854 

a D, died; E, euthanized, appeared normal. 
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only liver analysis from a wild bird that apparently died from DDE was that of a great blue heron 
that had DDE residues of 246 µg/g in the brain and 570 µg/g in the liver (Call et al. 1976). 

The mean residue levels of DDD in the livers of birds receiving dietary dosages of DDD were 
1219 µg/g (range, 79–5300 µg/g) in those that died and 521 µg/g (range, 104–2854 µg/g) in those that 
were euthanized (Stickel et al. 1970). 

To interpret the lethal levels of DDT and its metabolites in the liver, researchers should devise a 
weighting system, such as that developed for the brain, to determine the relative contribution of each 
of the compounds. Also, Stickel et al. (1970) indicated that, for birds killed by DDT, residue levels of 
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DDT and its metabolites in the livers of wild birds were lower than those of laboratory birds. Cooke 
et al. (1982) indicated that starvation of birds dying from organochlorine pesticides complicated the 
interpretation of lethal levels in the liver. Bernard (1963) concluded that residues in the brain were 
more consistent than those in the liver with regard to the interpretation of lethal residues. 

12.2.3 OTHER TISSUES 

A number of tissues including blood plasma, carcass remainder, kidney, heart, breast muscle, intes
tinal tract, skin, and fat have been analyzed in birds that were dying or euthanized while receiving a 
dosage of DDT (Ecobichon and Saschenbrecker 1968, Stickel et al. 1970). Although residues in these 
tissues have not received the same scrutiny as those in the brain during the assessment of diagnostic 
lethal levels, Stickel et al. (1970) concluded that residue levels of DDD + DDT in the carcasses of birds 
dying from DDT increased with the time on dietary dosage and that residue levels in those that were 
euthanized were essentially indistinguishable from those that died on dosage. In contrast, DDE resi
dues, expressed on a lipid basis, in the carcasses of brown-headed cowbirds sacrificed while receiving 
DDE dietary dosage differed markedly from those that died on that dosage (Stickel et al. 1984). The 
same authors concluded that residues in carcass lipids accurately predicted lethal brain residues. 

12.3 INTERPRETING SUBLETHAL RESIDUES 

12.3.1 EGGS 

12.3.1.1 Eggshell Thinning 
The classic paper by Ratcliffe (1967a) described eggshell thinning in eggs of peregrine falcons 
(Falco peregrinus) and Eurasian sparrowhawks in Great Britain that occurred following the intro
duction of DDT. 

Soon thereafter in the United States, eggshell thinning was documented in several species of 
raptorial and fish-eating birds, and the inverse relation between DDE residues in eggs and shell 
thickness was first established (Hickey and Anderson 1968). Also, Hickey and Anderson (1968) 
were the first to document decreases in the mean eggshell thickness over a period of years in rela
tion to population declines. Heath et al. (1969) first documented eggshell thinning and associated 
lowered reproductive success of experimental birds on DDE diets. Subsequently, there have been a 
substantial number of experimental and field studies that document eggshell thinning and a smaller 
number that relate residues in eggs to thinning (Tables 12.5 and 12.6). 

Birds in experiments on dietary dosages of DDE laid eggs that had considerably thinner shells 
than did birds on “clean” diets without the compound (Table 12.5). Barn owls (Tyto alba) exhibited 

TABLE 12.5 
Relation of DDE Residues in Eggs to Eggshell Thinning in Birds on Experimental Dietary 
Dosages of DDE 

Thinning (%) Residues (µg/g ww) 

Species Mean Range Mean Range Reference 

Black duck 18 12–29 46 34–63 Longcore et al. 1971 

24 12–32 144 96–219 Longcore et al. 1971 

American kestrel 10 1–18 32 17–44 Wiemeyer and Porter 1970 

Barn owl 20 NL 12 NL Mendenhall et al. 1983 

28 NL 41 NL Mendenhall et al. 1983 

NL, not listed. 



 

TABLE 12.6 
DDE Residues in Eggs Associated with Eggshell Thinning in Wild Birds 

Species	 Areaa 

Mean 

Reference µg/g ww % Thinning 

Brown pelican CA 59b 44 Risebrough 1972 

BC 66b 46 Jehl 1973 

BC 25b,c 47 Jehl 1973 

BC 8b 26 Jehl 1973 

BC 3b 18 Jehl 1973 

SC 5 17 Blus et al. 1974, 1979 

SC 3 16 Blus et al. 1974, 1979 

SC 1 10 Blus et al. 1974, 1979 

FL 1 5 Blus et al. 1974, 1979 

FL 2 11 Blus et al. 1974, 1979 

TX 3 11 King et al. 1977 

American white pelican	 CA 2 15 Boellstorff et al. 1985 

 (Pelecanus erythrorhynchos) CA 2 10 Boellstorff et al. 1985 

Western grebe CA 1 1 Boellstorff et al. 1985 

Great blue heron WA 4 10 Fitzner et al. 1988 

WA 5 13 Fitzner et al. 1988 

Peregrine falcon	 AK 2 3d White 1973 

AK 7 8d White 1973 

AK 4 7d White 1973 

AK 44 22d Cade et al. 1971 

AK 34 17d Cade et al. 1971 

AK 8 8d Cade et al. 1971 

AU 18 20d Pruett-Jones et al. 1988 

 Northern gannet (Sula bassanus)	 QU 19 17 Elliott et al. 1988 

Double-crested cormorant CAb,e 32 11 Gress et al. 1973 

BCb,e 24 30 Gress et al. 1973 

ON 24 15 Weseloh et al. 1983 

Snowy egret NV 2 12 Henny et al. 1985 

NV 1 3 Henny et al. 1985 

White-faced ibis	 NV 2 12 Henny et al. 1985 

NV 1 8 Henny et al. 1985 

TX 1 3 King et al. 1980 

TX 3 14 King et al. 1980 

White-tailed eagle (Haliaeetus FI 30 15 Koivusaari et al. 1980 
albicilla) 

Black-crowned night heron	 CO, WY 4 9 McEwen et al. 1984 

QU 2 <1d Tremblay and Ellison 1980 

MA 4 4 Custer et al. 1983 

MA 2 0 Custer et al. 1983 

RI 4 6 Custer et al. 1983 

RI 1 0 Custer et al. 1983 

Gray heron	 GB 6 12d Cooke et al. 1976 

 (Ardea cinerea)  GB  3  19d Cooke et al. 1976 

Eurasian sparrowhawk GB 7 18d Newton and Bogan 1974 

Black skimmer TX 12 12 White et al. 1984 

 (Rynchops niger) TX 3 0 White et al. 1984 

Osprey CT 9 15 Wiemeyer et al. 1975 
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TABLE 12.6 (continued) 
DDE Residues in Eggs Associated with Eggshell Thinning in Wild Birds 

Species	 Areaa 

Mean 

Reference µg/g ww % Thinning 

MD 2 12 Wiemeyer et al. 1975 

Bald eagle	 OR, WA 10 10 Anthony et al. 1993 

Golden eagle GB 0.1 7d Newton and Galbraith 1991 

 (Aquila chrysaetos) GB 0.1 1d Newton and Galbraith 1991 

GB 0.2 3d Newton and Galbraith 1991 

GB 0.3 4d Newton and Galbraith 1991 

GB 0.3 5d Newton and Galbraith 1991 
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a CA, California; BC, Baja California; SC, South Carolina; FL, Florida; TX, Texas; WA, Washington; AK, Alaska; AU, 
Australia; QU, Quebec; ON, Ontario; NV, Nevada; FI, Finland; CO, Colorado; WY, Wyoming; MA, Massachusetts; RI, 
Rhode Islands; GB, Great Britain; CT, Connecticut; MD, Maryland; OR, Oregon. 

b 	 Approximate value converted from lipid basis. 
Authors suspected residues were too low because of analytical errors. 

d 	 Percentage of thinning based on thickness index (Ratcliffe 1967a); all others based on eggshell thickness. 
e Intact eggs used only for eggshell thickness and residue analysis; the mean eggshell thinning of both crushed and intact 

eggs was 29% in CA and 38% in BC. 

20% eggshell thinning when eggs contained 12 µg/g of DDE (Mendenhall et al. 1983), and black 
ducks (Anas rubripes) exhibited 18% thinning when eggs contained 46 µg/g (Longcore et al. 1971). 
Although there were several studies of eggshell thinning of birds that were given diets contain
ing technical DDT, most did not list residues in the eggs, and DDE—not DDT—comprises most 
of the dietary exposure of wild birds with significant eggshell thinning (Stickel 1973). Eggs and 
tissues of ring-necked pheasants (Phasianus colchicus) accumulated high levels of DDT, about 
5 times greater than DDE, in areas of intense application of technical DDT (Hunt and Keith 1963). 
Domestic chickens given diets containing 300 µg/g of technical DDT showed no effects on eggshell 
thickness compared with controls, even though the eggs of dosed birds contained mean levels of 
10 µg/g of DDE and 87 µg/g of DDT (approximate conversion from egg yolk basis at 14 days of 
incubation; Waibel et al. 1972). Results of the various studies of DDE relations to eggshell thickness 
in wild birds indicated extreme species differences in sensitivity. Brown pelicans (Pelecanus occi
dentalis) in California and Baja California (Risebrough 1972, Jehl 1973) displayed extreme eggshell 
thinning and high residues of DDE in 1969 and the early 1970s, with nearly all eggs breaking in the 
most heavily contaminated colonies. In South Carolina, Florida, and Texas, much lower residues 
still resulted in mean eggshell thinning of 5–17% (Blus et al. 1974, 1979, King et al. 1977). While 
there was a statistically significant relation between DDE and eggshell thickness or the thickness 
index, there were some marked intraspecifi c differences in response. For example, when consider
ing means (Table 12.6), the peregrine falcon in Alaska showed 22% thinning at 44 µg/g of DDE 
(Cade et al. 1971) compared with 20% thinning at 18 µg/g of DDE in Australia (Pruett-Jones et al. 
1980). Intact eggs of the double-crested cormorant (Phalacrocorax auritus) in California exhibited 
11% shell thinning at 32 µg/g compared with 24% thinning at 30 µg/g in Baja California (Gress et al. 
1973). Many of the cormorant eggs were crushed in both colonies; overall thinning in collections 
containing both crushed and intact eggs reached 29% in California and 38% in Baja California. 

Eggshell thinning is based on either eggshell thickness or the thickness index. In comparisons of 
the thickness index with eggshell thickness using museum specimens, the index indicated ≥% thin
ning 76% of the time (Anderson and Hickey 1972) with extreme differences of 10% for each mea
surement. Thus, it is obvious that either of these measurements represents an accurate indication of 
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eggshell thinning, but thickness is probably the measurement of choice in most instances, particu
larly when shells are cut because of loss of fragments. 

The rate of thinning per microgram per gram of DDE is much greater at lower residues. Using 
the brown pelican as an example, there is 5–10% thinning at 1 µg/g of DDE compared with 44% 
at 59 µg/g (Table 12.6). While there is evidence that certain other contaminants and physiological 
conditions may induce eggshell thinning, the burden of proof overwhelmingly indicates that DDE is 
the major cause of the eggshell thinning syndrome. There have been attempts to relate DDE residues 
in the egg to a level of eggshell thinning that is associated with population decline if such thinning 
persists over a period of years. Initially, Hickey and Anderson (1968) concluded that ≥18% thinning 
was associated with declining populations; Anderson and Hickey (1972) modified this to “above 
15–20% for a period of years.” Thus, some have taken 15% as an effect level; however, with few 
exceptions, 18% is probably a more accurate indicator. 

One notable exception was that of a declining Eurasian sparrowhawk population in the Netherlands 
that had poor production, 18% eggshell thinning, and mean DDE residues of 25 µg/g. Even though 
there was no significant relation between DDE and eggshell thickness, Koeman et al. (1972) sug
gested that DDE was responsible for the reproductive problems of Eurasian sparrowhawks. Also, 
Wiemeyer et al. (1972) found a poor correlation between eggshell thinning and DDE concentrations 
in bald eagle eggs, but there was a significant relation established when additional data were accu
mulated (Wiemeyer et al. 1988). One of the problems in these relations is that a greater effect per 
microgram per gram of DDE occurs at lower levels and, if residues are clumped, particularly on 
the high side, statistical relations are more difficult to establish. Ideally, a wide spread in residues is 
optimal for detecting effects on eggshell thickness. 

When regression analysis was used to relate DDE levels to 20% eggshell thinning (Table 12.7), 
the critical estimates have ranged from 5 µg/g for the California condor (Gymnogyps californianus; 
Kiff et al. 1979) to 60 µg/g (fresh eggs) to 110 μg/g (failed eggs) for the bald eagle (Wiemeyer et 
al. 1993). Estimates in Table 12.7 are of value, but they must be interpreted with some caution. For 
example, the regression equation listed by Cade et al. (1971) indicated that 20% eggshell thinning 
was associated with 22 µg/g of DDE, whereas their tabular data indicated 17% thinning at 34 µg/g 
and 22% thinning at 44 µg/g (Tables 12.6 and 12.7). Blus (1984) reported that most of the error 
was related to extending the regression line beyond the range of the data. Thus, the critical level of 
19 µg/g for the great blue heron is much too low, and that of 54 µg/g for the black-crowned night 
heron is much too high. There are wide disparities in the estimates for the common loon, osprey 
(Pandion haliaetus), and the peregrine falcon. While the California condor is listed as the most sen
sitive to DDE-induced thinning, the estimated critical level is based on the measurement of eggshell 
fragments and extraction of DDE from eggshell membranes and then the calculation of residues in 
the entire egg from these measurements. From work on the extraction of DDE from membranes 
of intact peregrine falcon eggshells in museums, lower residues are associated with a far greater 
degree of thinning than are those of intact eggs collected from the field (Peakall and Kiff 1979). 
Therefore, the accuracy of this technique requires experimental verification. Although Fox (1979) 
indicated that the measurement of eggshell thickness was a reliable indicator of the DDE content 
of the egg in some populations, Blus (1984) concluded that the DDE-thickness relation is not tight 
enough to do this for individual eggs and that residue analysis is essential for interpretation. 

The calculated no-effect level for DDE in eggs related to the effects on eggshell thickness ranged 
from 0.1 µg/g for the brown pelican (Blus 1984) to 2 µg/g for the peregrine falcon (Cade et al. 1971). 
An earlier estimate for the brown pelican was 0.5 µg/g (Blus et al. 1974), but the sample size and 
range in residues were much smaller than in the subsequent study. 

12.3.1.2 Eggshell Strength 
The strength of eggshells, as determined by various mechanical devices, is related to eggshell thick
ness and, therefore, to DDE residues in the egg. Shell strength decreased more than eggshell thick
ness per unit of DDE; for example, 8–16 µg/g in sample eggs of the white-faced ibis were associated 
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TABLE 12.7 
Estimated Residues of DDE in Eggs Associated with Eggshell Thinning of 
20% in Wild Birds 

Species DDE (µg/g ww) Reference 

Common loon 14 Price 1977 

47 Fox et al. 1980 

California condor 5a Kiff et al. 1979 

Peregrine falcon 15–20b Peakall et al. 1975 

22b Cade et al. 1971 

18b Pruett-Jones et al. 1980 

20 Enderson and Wrege 1973 

Brown pelican 8 Blus 1984 

Black-crowned night heron 54 Blus 1984, Henny et al. 1984 

Prairie falcon 7 Enderson and Wrege 1973 

Great blue heron 19 Blus 1984 

Osprey 9 Wiemeyer et al. 1988 

29c Wiemeyer et al. 1988 

41c Spitzer et al. 1978 

Eurasian sparrowhawk 10c Newton et al. 1986 

Merlin 16c Newton et al. 1982 

White-faced ibis 7 Henny and Herron 1989 

Bald eagle 60–110 Wiemeyer et al. 1993 

a Based on thickness of eggshell fragments and DDE content of shell membranes. 
b Percentage of thinning based on thickness index (Ratcliffe 1967a); all others based on eggshell thickness. 
c Eggs collected after nest failure; all other studies except that of Kiff et al. (1979) included at least some 

eggs collected while nests were active. 

with a decrease of 16% in thickness and 37% in strength. In addition, productivity of the young was 
related to DDE, shell thickness, and shell strength. Although shell strength may provide a more 
sensitive indicator of potential egg failure due to DDE, simple thickness measurements have served 
very well in that regard, and there are fewer logistical and financial constraints than are required to 
measure strength. 

12.3.1.3 Productivity 
DDT, primarily through its major metabolite DDE, also affects the reproductive success of birds. 
Eggshell thinning is an important, but not exclusive, factor related to reproductive problems (Blus 
1984). Unfortunately, most experimental studies of the reproductive effects of DDE or DDT did not 
present residues. This was a loss for interpreting the effects of residues on reproductive success in 
fi eld studies. 

There are several methods of expressing reproductive success relative to residues in birds. One 
method relates the overall reproductive success of a colony or other breeding group, such as a pen of 
experimental birds, to the mean residue content in their eggs (Table 12.8). Black ducks (A. rubripes) 
receiving dietary dosages of 10 or 30 ppm of DDE had a significantly reduced survival of embryo
nated eggs or hatchlings to 3 weeks posthatch in relation to controls; DDE averaged 46 and 144 µg/g 
in eggs of treated birds (Longcore et al. 1971). Barn owls on a diet containing 3 ppm of DDE had 
hatchling and fledging rates that were reduced about 75% from control values over 2 years when 
eggs contained an average of 12 µg/g the first year and 41 µg/g the second year (Mendenhall et al. 
1983). The response was approximately the same each year, even though residues in eggs of the barn 
owls were much higher the second year. Although these studies document the effects from DDE, 



 

 
 

TABLE 12.8 
Residues of DDE in Eggs Related to the Reproductive Success of Birds on Experimental 
Dietary Dosages of DDE 

Reproductive Success (% of Survival 
Residues (µg/g ww) to 3 Weeks Posthatch) 

Species Reference Treatment Mean Range Hatchlings Embryonated Eggs 

Black duck Longcore 	 Control 0.28 0.14–0.67 91 38 
et al. 1971 

10 ppm 46 34–63 64a 23a 

30 ppm 144 96–219 50a  9a 

Mean per Pair 

Eggs Hatched Young Fledged 

Barn owl Mendenhall Control (1st year) 0.25 NL 3.2 2.9 
et al. 1983 

Control (2nd year) 0.40 NL 3.7 3.1 

3 ppm (1st year) 12 NL 1.1a 0.7a 

3 ppm (2nd year) 41 NL 0.9a 0.7a 

a  Significantly different (p ≤ .05) from controls. 
NL, not listed. 
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TABLE 12.9 
Mean Residues of DDE in Eggs Related to Mean Reproductive Success of Wild Birds 

Residues Young Produced 
Species	 Areaa (µg/g ww) per Active Nest Reference 

Double-crested cormorant	 CA 32b 0.0 Gress et al. 1973 

BC 24b <0.1 Gress et al. 1973 

ON 14–16 0–0.1c Weseloh et al. 1983 

ON 5 0.3 Weseloh et al. 1983 

Black-crowned night heron	 QU 2 2.4 Tremblay and Ellison 1980 

Common loon	 SA 6 0.7 Fox et al. 1980 

Brown pelican CA 59d <0.1 Risebrough 1972 

BC 66d 0.0 Jehl 1973 

25d,eBC <0.1 Jehl 1973 

BC 8d 0.1 Jehl 1973 

BC 3d −0.8 Jehl 1973 

Bald eagle	 OR, WA 10 0.6 Anthony et al. 1993 

a CA, California; BC, Baja California; ON, Ontario; QU, Quebec; SA, Saskatchewan; OR, Oregon; WA, Washington. 
b 	 Approximate conversion from dry weight basis. 

Five colonies. 
d 	 Approximate conversion from lipid weight basis. 
e Authors suspected residues were too low because of analytical errors. 

a narrow part of the relation is presented; for example, there is no indication of the dietary levels or 
residues in eggs at which problems first appear or where they initially become serious. 

Some of the field data on reproductive success also follow the average residue-average effect 
design (Table 12.9). A method that gives more insight into the effects of residues on reproductive 
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success is the sample egg technique (Table 12.10), whereby one egg is taken from a nest and ana
lyzed, the nest is marked, its fate is monitored through periodic visits, and the residues in eggs are 
related to nest success (Blus 1984). This is particularly valuable in the field, where many factors 
may influence reproductive outcome. Blus (1984) lists advantages and disadvantages of this method. 
Where nest predation is a problem and where clutch size permits, one egg may be collected for resi
due analysis and another taken and placed in an incubator. 

There are several variations to the sample egg technique as shown in Table 12.10. One involves 
work with threatened or endangered species or other special situations where the sample egg is not 
collected until the fate of the marked nest is determined (Spitzer et al. 1978). The major bias with col
lecting eggs after the fact is that those with thin eggshells and high DDE residues have a greater chance 
of being crushed or cracked and therefore lost from the population. Other variations relate to statistical 
analysis of the data, regardless of the time of egg collections. One method ranks young fl edged versus 
residues (Fyfe et al. 1976, Spitzer et al. 1978), and another method ranks residues or a range of residues 
versus young fl edged (Blus et al. 1980, Blus 1982, Henny et al. 1984, 1985, Henny and Herron 1989, 
Ambrose et al. 1988, Wiemeyer et al. 1993). Of these two methods, I recommend the second, because 

TABLE 12.10 
Residues of DDE in Sample Eggs of Wild Birds Related to Reproductive Success 

Young Produced per 
Species Areaa Residues (µg/g ww) Active Nestb Reference 

Osprey CT, NY 23c,d,e 0.0 Spitzer et al. 1978 

CT, NY 12c,d,e 1.0 Spitzer et al. 1978 

CT, NY 6c,d,e 2.1 Spitzer et al. 1978 

ID 14 0.0 Johnson et al. 1975 

ID 6 1.6 Johnson et al. 1975 

Peregrine falcon AK ≤15 1.8 Ambrose et al. 1988 

AK 15–30 2.0 Ambrose et al. 1988 

AK >30 1.0 Ambrose et al. 1988 

Snowy egret NV ≤1 2.2 Henny et al. 1985 

NV 1–5 2.4 Henny et al. 1985 

NV 5–10 1.0 Henny et al. 1985 

NV 10–20 1.0 Henny et al. 1985 

Prairie falcon AB 2c 0.0 Fyfe et al. 1976 

AB 2c 1.0 Fyfe et al. 1976 

AB 2c 2.0 Fyfe et al. 1976 

AB 2c 3.0 Fyfe et al. 1976 

AB 1c 4.0 Fyfe et al. 1976 

Merlin AB 11c 0.0 Fyfe et al. 1976 

AB 11c 1.0 Fyfe et al. 1976 

AB 6c 2.0 Fyfe et al. 1976 

AB 5c 3.0 Fyfe et al. 1976 

AB 6c 4.0 Fyfe et al. 1976 

Brown pelican SCf ≤1.5 0.6 (FL),g 0.8 (EM) Blus 1982 

SCf 1.5–3 0.6 (FL), 0.8 (EM) Blus 1982 

SCf >3 0.0 (FL), 0.6 (EM) Blus 1982 

Bald eagle U.S.e <2.2 1.0 Wiemeyer et al. 1993 

U.S.e 2.2–3.5 1.0 Wiemeyer et al. 1993 

U.S.e 3.6–6.2 0.5 Wiemeyer et al. 1993 

U.S.e 6.3–11.9 0.3 Wiemeyer et al. 1993 

U.S.e ≥12 0.2 Wiemeyer et al. 1993 

continued 
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TABLE 12.10 (continued) 
Residues of DDE in Sample Eggs of Wild Birds Related to Reproductive Success 

Young Produced per 
Species Areaa Residues (µg/g ww) Active Nestb Reference 

Black-crowned U.S. ≤1 2.0 Henny et al. 1984 

night heron U.S. 1–4 1.7 Henny et al. 1984 

U.S. 4–8 1.5	 Henny et al. 1984 

U.S. 8–12 1.1	 Henny et al. 1984 

U.S. 12–16 1.0	 Henny et al. 1984 

U.S. 16–25 0.8	 Henny et al. 1984 

U.S. 25–50 0.4	 Henny et al. 1984 

White-faced lbis	 NV ≤1 1.8 Henny and Herron 1989 

NV 1–4 1.8 Henny and Herron 1989 

NV 4–8 1.3 Henny and Herron 1989 

NV 8–16 0.8 Henny and Herron 1989 

NV >16 0.6 Henny and Herron 1989 

Great blue heron	 OR, WA 3 1.7–2.0 Blus et al. 1980 

a CT, Connecticut; NY, New York; ID, Idaho; AK, Alaska; NV, Nevada; AB, Alberta and nearby areas; SC, South Carolina; 
U.S., various locations within the U.S. 

b Young produced not adjusted for sample egg collected. 
Approximate adjustment from dry weight basis. 

d Elevated levels (17–29 µg/g) of polychlorinated biphenyls also present. 
e All or most eggs were collected after the fate of marked nests was determined. Production of young at each nest is based 

on a 5-year mean. 
f Sample egg either freshly laid or embryonated when collected. 
g FL, freshly laid; EM, embryonated. 

it seems to more closely approximate the dependent variable-independent variable relation; however, it 
should be recognized that these methods have not been subjected to rigid statistical testing. 

Problems with comparing the young fledged per nest with the residue content of sample eggs 
seemed evident in a study of prairie falcons (Falco mexicanus) in Alberta, Canada, and surrounding 
areas, where the mean DDE levels of 1–2 µg/g were said to adversely affect fledging success (Table 
12.10; Fyfe et al. 1976). However, differences in the mean residue content were not statistically differ
ent, and the egg with the highest level of 11 µg/g was from a nest that fl edged five young (Fyfe et al. 
1976). In merlins (Falco columbarius), fledging success was significantly related to DDE residues 
in sample eggs with an effect level of near 10 µg/g but, again, high levels of about 31 and 26 µg/g 
were found in eggs from nests that fledged one and five young, respectively (Fyfe et al. 1976). On the 
basis of addled or deserted eggs collected from merlin nests in Great Britain, Newton et al. (1982) 
indicated a positive correlation between fledging success and DDE residues, with zero young fl edged 
when eggs contained 5 µg/g increasing to four young fledged at 8 µg/g. Although the lower critical 
level of DDE that adversely affects the reproductive success of peregrine falcons was considered to 
be 15–20 µg/g (Peakall 1976), nest success in Great Britain seemed unaffected by DDE, with the 
highest residues of 25 and 31 µg/g being detected in sample eggs from successful nests (Ratcliffe 
1967b). More recent, albeit limited, evidence from peregrine falcons in Alaska indicated that the  
effects on nest success occur only when residues exceed 30 µg/g (Ambrose et al. 1988). 

Considering DDE residues versus the young produced per nest, declines in the productivity of 
brown pelicans (Blus 1982), bald eagles (Wiemeyer et al. 1993), black-crowned night herons (Henny 
et al. 1984), snowy egrets (Egretta thula; Henny et al. 1985), and the white-faced ibis (Plegadis 
chihi; Henny and Herron 1989) are obvious (Table 12.10). One can determine the level at which 
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residues first begin having an adverse effect on the number of young produced, for example, 4–8 
µg/g in the white-faced ibis (Henny and Herron 1989), and at which few or no young are produced, 
for example, ≥15 µg/g in the bald eagle. Black-crowned night herons demonstrate an impressive 
gradual decline in productivity with an increase in residues; however, a few young are produced 
even at levels >25 µg/g (Henny et al. 1984). In the brown pelican, Blus (1982) indicated a dramatic 
effect above 3 µg/g, with no young produced in sample eggs that were freshly laid when collected 
and a 25% reduction in those that were embryonated when collected (Table 12.10). The brown 
pelican is apparently the most sensitive avian species to DDE, with reproductive failure when resi
dues in eggs exceed 3.7 µg/g (Blus 1982). In South Carolina, a combination of effects from DDE, 
including eggshell thinning, seemed to adversely affect reproductive success, whereas in California 
and Baja California nearly every egg collapsed from extreme eggshell thinning in 1969 and several 
subsequent years (Risebrough 1972, Jehl 1973). To interpret what a DDE-related reduction in the 
number of young fledged means in terms of population reduction, one has to know a great deal 
about the population, for example, an approximate recruitment standard (number of young that must 
be fledged per pair of breeding age to maintain a stable population) and adult mortality compensat
ing mechanisms, including renesting and other factors. Recruitment standards are 1.2–1.5 young 
for the brown pelican (Henny 1972), 1.0 young for the bald eagle (Wiemeyer et al. 1993), 1–1.3 
young (Henny and Wight 1969) and 0.8 young (Spitzer et al. 1983) for the osprey, 1.9 young for the 
great blue heron (Henny 1972), and 2–2.1 young for the black-crowned night heron (Henny 1972). 
Variations in the recruitment standard for the osprey probably result from whether active nests 
(Spitzer et al. 1983) or pairs of breeding age (Henny and Wight 1969) are used in the calculations. 

In Table 12.10, no compensation in the young produced was made for collection of the sam
ple egg. Therefore, most of these productivity data are probably biased low, compared with nests 
without an egg collected. To measure this bias, Henny and Herron (1989) compared production in 
white-faced ibis nests with an egg collected to that without an egg collected; sample egg collection 
was associated with a 30% reduction in the young produced per active nest. The percentage of the 
reduction, of course, would be influenced by clutch size in the species of interest. 

Although DDE was responsible for most reproductive failure in birds, very high levels of DDT in 
ring-necked pheasant eggs in California may have caused reproductive problems, such as crippling 
and mortality of young; however, the link between them was never clearly established (Hunt and 
Keith 1963). 

Domestic chickens given diets containing 300 µg/g of technical DDT showed no signifi cant 
effects on reproduction compared with controls, even though their eggs contained mean levels of 
10 µg/g of DDE and 87 µg/g of DDT (approximate conversion from egg yolk basis at 14 days of 
incubation; Waibel et al. 1972). 

12.4 FOOD 

The lowest dietary concentration of DDE that resulted in critical eggshell thinning and decreased pro
duction in the peregrine falcon was estimated at 1 µg/g (Enderson et al. 1982). A more recent study 
used 3 µg/g as a critical level, but this was based on dietary levels given to experimental raptors that 
experienced serious reproductive problems and even adult mortality (DeWeese et al. 1986). For the 
brown pelican, the lower critical dietary level of DDE was estimated at about 0.1 µg/g on the basis of 
31 × biomagnification from fish to pelican egg; however, because the chief prey fish also contained 
DDT at one-half the amount of DDE, the 0.1-µg/g level probably should be raised slightly to account for 
metabolism from DDT to DDE (Blus et al. 1977). These examples included a highly sensitive species 
and a moderately sensitive species, so higher estimates for less sensitive species are expected based on 
experimental studies of the domestic chicken, one of the least sensitive species (Waibel et al. 1972); but 
lower estimates are unlikely. Because of the lipophilicity and bioaccumulativeness of all three com
pounds, the highest residues and, depending on species sensitivity, the most extreme effects are found 
in species at the highest trophic levels, as is evident in most of the studies summarized in this review. 
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12.5 OTHER TISSUES 

There are other measurements of the sublethal effects related to residues of DDT and its metabolites 
in other tissues of animals used in experiments, but most of these data are fragmentary, and few of 
these measurements have proven useful in fi eld studies. 

Summary 

Although technical DDT was initially hailed as a tremendous tool in pest control, the environ
mental problems soon outweighed the positive aspects. As a result, this compound was banned 
over much of the world; however, use of DDT continues in some countries, especially for control 
of insects that are disease vectors. 

One of the fi rst findings related to the use of technical DDT was the mortality of wildlife 
after heavy applications, but suitable analytical techniques were required to detect residues 
because many adverse effects occurred sometime after exposure. Residues in tissues, particu
larly the brain, have proven to be diagnostic of lethality in animals on dietary dosages of DDT, 
DDD, and DDE in experiments. When used in field investigations, this technique made possible 
the interpretation of lethality when DDT equivalents (weighting system where an equivalent 
equals 1 µg/g of DDT, 5 µg/g of DDD, or 15 µg/g of DDE) are as low as 10 in brains; however, 
most birds or mammals that die from DDT have DDT equivalents >20. Few dead wild birds 
have been found with lethal levels of DDE or DDD in their brains. Residues in livers also have 
been used to establish the lethality of DDT in wild animals, but a system for the weighting of 
the three compounds has not been developed. 

Residues in the eggs of birds are a reliable indicator of eggshell thinning and reproductive suc
cess. Of the three compounds reviewed in this chapter, evidence overwhelmingly indicates that 
DDE is responsible for most eggshell thinning, reproductive problems, and population reductions. 
There is a tremendous variation in species sensitivity to these compounds. The brown pelican 
is the most sensitive, with eggshell thinning and depressed productivity occurring at 3.0 µg/g of 
DDE in the egg and total reproductive failure when residues exceed 3.7 µg/g. In contrast, adverse 
effects on the reproductive success of peregrine falcons first occur when DDE residues in the egg 
are about 10-fold higher, that is, 30 µg/g. Black-crowned night herons demonstrate a different 
pattern involving a gradual decline in productivity with increasing residues. A few young are still 
produced at levels >25 µg/g. The domestic chicken is very tolerant of high dietary exposure to 
technical DDT. By efficient use of the sample egg technique, the effects induced by DDE residues 
within one colony or breeding area, or compared with a reference colony or area where residues 
are low, can be quantified and related to the adverse effects on the individual and the population. 
Techniques for quantifying the relation between residues of DDT and its metabolites and the 
effects on the biota have been successful, but the process required much time, effort, and fi nan
cial outlay. Many contemporary field studies are designed inefficiently with regard to quantify
ing residues, with little or no consideration given to establishing the effects, or less commonly, 
establishing the effects without evidence from residues. In addition, few experimental studies 
are directly applicable to the field. Results of experimental and field studies could be made more 
pertinent to interpretation of field data by changes in the experimental design, so that effi cient use 
can be made of the establishing and measuring of effects induced by residues. 
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13.1 INTRODUCTION 

Based on chemical structure, the organochlorine (OC) insecticides can be placed into fi ve groups: 
DDT and related compounds (reviewed separately by Blus, this volume), hexachlorocyclohexane 
(HCH), cyclodienes and related compounds, mirex (and chlordecone), and toxaphene. This chap
ter focuses mainly on the cyclodiene group of OC pesticides, which includes aldrin, dieldrin, and 
endrin (the “drins”), as well as heptachlor and chlordane. We also briefly consider several other OC 
pesticides such as endosulfan, hexachlorocyclohexane, and methoxychlor, which continue to be 
widely used, and hexachlorobenzene, mirex, and toxaphene, for which detectable residues continue 
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to be reported regularly in wild birds. Since the reviews by Peakall and Wiemeyer in the fi rst edition 
of this book, there has been a paucity of new data published on acute lethal effects of OC pesticides 
in birds. As a result, we have leaned heavily on those earlier efforts and added new information 
where available. We have, however, extended the assessments of sublethal effects, particularly for 
anorexic effects of dieldrin and consequences for breeding birds and migrants. 

Acute toxicity of the OC pesticides varies considerably by chemical and among species for the 
same chemical (Table 13.1). Those data are useful for predicting relative capacity to kill wild birds 
in acute exposure scenarios, such as following application events or in highly contaminated environ
ments. However, as is well known, chronic exposure to some OC pesticides can signifi cantly alter 
other endpoints, not readily predicted from structure or acute toxicity. Those include the effects of 
the DDT metabolite, DDE, on eggshell quality and embryotoxicity (Blus 2003), or the endocrine-
disrupting effects of methoxychlor (Ottinger et al. 2005). Where possible, we also examine the lit
erature on chronic effects of other OC pesticides in birds, and try to suggest criteria. 

Tissues of wild birds rarely contain quantifiable residues of only a single OC compound. Analysis 
and interpretation of data on exposure to multiple compounds has always posed a challenge. For 
some structurally and mechanistically linked chemicals, such as the dioxin-like compounds, toxic 
equivalency schemes have been developed (Safe 1990). The structural and functional similarity of 
the cyclodiene compounds does provide some basis for development of a toxicity index. We sug
gest a simple model of “Dieldrin Toxic Equivalents” for assessing lethal concentrations of a mix of 
cyclodienes and also of DDTs in brain of birds. We also suggest that for the cyclodienes, but not the 
DDTs, that index could be extended to interpreting residue concentrations of mixtures commonly 
determined in eggs. 

TABLE 13.1 
Acute Toxicity of Some Organochlorine Pesticides to Birds (Hudson et al. 1984) 

Acute Oral 
Chemical	 Test Species N Sex Age (months) (LD50 mg/kg) 

Endrin	 Mallard (Anas platyrhynchos) 12 F 12 5.6 

California Quail (Callipepla californica) 12 F 9–10 1.2 

Pheasant (Phasianus colchicus) 12 M 3–4 1.8 

Rock dove (Columba livia) 16 M,F — 2.0–5.0 

Aldrin	 Mallard 16 F 3–4 530 

Bobwhite quail (Colinus virginianus) 12 F 3–4 6.59 

Pheasant 12 F 3–4 16.8 

Dieldrin	 Mallard 12 F 6–7 381 

California Quail 12 M 7 8.8 

Pheasant 9 M 10–23 79.0 

Rock dove 15 M,F — 26.6 

DDT	 Mallard 8 F 3 >2,240 

California Quail 12 M 6 595 

Pheasant 15 F 3–4 1,334 

Beta-HCH Mallard 15 F 3 >1,414 

Pheasant 12 F 3–4 118 

Gamma-HCH Mallard 12 M 3–4 >2,000 
(Lindane) 

Chlordane	 Mallard 12 F 4–5 1,200 

California Quail 12 M 12 14.1 

Pheasant 4 F 3 24.0–72.0 

Endosulfan	 Mallard 20 F 12 31.2 

Pheasant 12 F 3–4 190 
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13.2 CYCLODIENES 

As a group, the cyclodienes are characterized as the most acutely toxic of the persistent OC pesticides 
that were registered and widely used (Table 13.1). Although very similar in structure (Figure 13.1), 
there is some variation in toxicity of each compound among species. That variation is likely due in 
part to differences in capacity to metabolize those xenobiotics (Ronis and Walker 1989). 

The cyclodienes were used to control a wide range of pests in many different jurisdictions across 
the globe. Usage in North America probably peaked by the early to mid-1960s for aldrin/dieldrin, 
while chlordane was heavily used during the early 1970s as a substitute for other restricted OC 
pesticides (NRCC 1974). Aldrin is rapidly converted to dieldrin in environmental and biological 
media, and if detected, is usually at much lower concentrations than dieldrin. Endrin is another 
chemical isomer of dieldrin, and is about an order of magnitude more toxic than dieldrin to most 
vertebrates (Table 13.1). Chlordane and heptachlor are readily metabolized and multiple compounds 
with varying persistence and toxicity are often reported, or they are combined and reported as total 
chlordane. 

All of the cyclodienes act through a similar central nervous system (CNS) mechanism (Hayes 
and Laws 1991). The primary mechanism involves inhibition of the CNS neurotransmitter, gamma
aminobutyric acid (GABA, Figure 13.2). GABA is secreted at the terminal ends of neurons in the 
spinal chord, cerebellum, basal ganglia, retina, and parts of the cortex. It is an important neuro
transmitter for the functioning of inhibitory synapses and is thought to act by inhibiting the infl ow 
of chloride ions, which apparently results in only partial repolarization of neurons leading to a 
state of continued excitation (Matsumura 1975, Matsumura and Giasudding 1983, Bloomquist and 
Soderlund 1985, Eldefrawi et al. 1985, Coats 1990, Guyton 1991). Cyclodienes also inhibit neuronal 
Na+−K+−ATPase and Ca+−Mg+−ATPase, with the latter enzyme being crucial for control of free 
Ca+ at the synaptic membrane of the nerve terminus. Elevated [Ca+] at the terminus region induces 
release of neuro-transmitters from storage vesicles and the subsequent stimulation of adjacent neu
rons and increased CNS stimulation (Matsumura 1975, Wafford et al. 1989). 

ClClCl Cl 
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ClO Cl O 

ClCl Cl ClCl Cl 

Dieldrin Oxychlordane 
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FIGURE 13.1 Molecular structures for some representative cyclodienes; formulas are provided in the text. 
Cyclodienes all share a characteristic endomethylene bridge structure. (From Matsumura, F., Toxicology of 
Insecticides, Plenum Press, New York, NY, 1975. With permission.) 
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FIGURE 13.2 Proposed mechanism of action of cyclodiene insecticides such as dieldrin. Two primary pro
cesses are involved: inhibition of the neurotransmitter, GABA, thus affecting chloride ion transport; and inhi
bition of Na+−K+−ATPase and Ca+−Mg+−ATPase. (From Matsumura, F., Toxicology of Insecticides, Plenum 
Press, New York, NY, 1975; Ecobichon, D. J., 1991. Casarett and Doull’s Toxicology, pp. 565–622, Pergamon, 
New York, 1991. With permission.) 

The pharmacokinetics and dynamics of some cyclodienes, particularly dieldrin, have been exam
ined. Dietary exposure is considered the most important route, and, therefore, has been given the 
most attention, although dieldrin is readily absorbed through skin (WHO 1989). Chronic dosing 
with low levels of dieldrin produces a steady accumulation of the compound in fat depots of mam
mals and birds. Robinson et al. (1967) fed rock doves (Columbia livia) dieldrin at 50 ppm in diet 
for 6 months. Birds were then fed a clean diet and sacrificed periodically. Dieldrin concentrations 
decreased steadily with a calculated half-life of 47 days. They also reported that ratios of dieldrin in 
fat, liver, muscle, and brain remained constant during the decline phase, indicating a dynamic equi
librium of the dieldrin body burden, the result of circulation of dieldrin in blood and high perfusion 
rates of those tissues. A longer half-life of 82 days was calculated for wild adult female herring gulls 
(Larus argentatus) (Clark et al. 1987). 

Half-lives for the chlordane metabolite, oxychlordane, have been reported as 66 days in black
birds (Agelaius phoeniceus) (Stickel et al. 1979c), with a much longer half-life of 215 days reported 
for the herring gull (Clark et al. 1987). 

13.2.1 DIELDRIN 

Dieldrin (1,2,3,4,10,10-hexachloro-6,7-epoxy-1,4,4a,5,6,7,8,8a, octahydro-1,4,5,8-dimethanonaph
thalene) has poisoned large numbers of birds, mammals, and other wildlife. The introduction in 
1956 of aldrin and dieldrin in Britain as seed treatments resulted in immediate poisonings of birds, 
particularly wood pigeons (Columba palumbus) and pheasants (Phasianus colchicus). Those poi
sonings involved hundreds of incidents a year and thousands of individual birds and continued 
unabated until use of dieldrin as a wheat seed treatment was discontinued in 1975 (Stanley and 
Bunyan 1979, Stanley and Fletcher 1981, Sheail 1985). 

Similarly, during the 1960s in the United States there was extensive poisoning of pheasants and 
other wildlife from use of dieldrin to control Japanese beetle (Popillia japonica) (Blus 2003). Aldrin
treated rice seed caused poisoning of numerous waterfowl and other birds during the 1960s and 
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1970s in Texas, and apparently caused the fulvous whistling duck population to decline (Flickinger 
and King 1972), an effect which persisted into the 1980s (Flickinger et al. 1986). 

13.2.1.1 Acute Effects 
There have been numerous experimental studies of dieldrin toxicity (Table 13.2). Two commonly 
cited sources for data on toxicity and lethal tissue levels of dieldrin are the experimental work by 
Robinson et al. (1967) and Stickel et al. (1969), both in Japanese quail (Coturnix japonica). There 
were differences in some factors such as time to death and possibly greater sensitivity of males in 
the studies of Stickel et al.; however, both groups concluded that lethal brain concentrations were 
independent of dose. Robinson et al. (1967) calculated a critical concentration of dieldrin in the 
brain as 10 μg/g, whereas due to greater variation in their data, Stickel et al. (1969) recommended 
a threshold concentration of 4–5 μg/g, the lower end of their 95% confidence interval. Linder et al. 
concurred as they reported a mean brain concentration of 5.8 μg/g dieldrin in pheasants that died 
after being fed varying doses, and concluded that 3–4 μg/g in avian brain was diagnostic of toxic
ity. Other peer-reviewed studies report a range of potential lethal concentrations, including up to 
20 μg/g in rock dove (Robinson et al. 1967). 

Those laboratory studies are important for determining dose–response relationships and 
diagnostic concentrations in target organs, under controlled conditions of constant light and 
temperature and adequate food. However, under wild conditions, an animal is subject to multi
ple stresses including inclement weather, food shortages, predation pressure, disease, and other 
contaminants. Table 13.3 reports the results of some of the many field studies of avian mortal
ity ascribed to dieldrin. In some reported mortality incidents for the American robin (Turdus 
migratorius), the snow goose (Chen caeruluescens), the peregrine falcon (Falco peregrinus), the 
sparrow hawk (Accipter nisus.), barn owl (Tyto alba), and the sandwich tern (Sterna sandivicen
sis), the lower range of concentrations of dieldrin in brain is approximately 5–6 μg/g, in some 
cases less. Stickel et al. (1969) argued that prevalence of lower brain residue concentrations in 
field samples may be partly the result of more susceptible individuals succumbing fi rst; they 
later suggested that rapid mobilization of a chemical caused, for example, by stress events may 
kill an animal at exposure levels which normally would be tolerated (Stickel et al. 1973). Thus, 
they argued there is reasonable support for use of the value of 4 μg/g dieldrin in brain as a criti
cal level. In our opinion this value is a more  protective benchmark of avian mortality caused by 
exposure to dieldrin. 

13.2.1.2 Sublethal Effects 
There has been some debate about the potential of dieldrin, and possibly other cyclodienes, to affect 
wild birds at exposures lower than those associated with lethality. While a number of such studies 
have reported significant effects of dieldrin, they have proved of limited use for inferring criti
cal tissue concentrations. For example, Friend and Trainer (1974) reported immune system effects 
of dieldrin in mallard (Anas platyrhincos) ducklings using challenge with duck hepatitis virus. 
Baxter et al. (1969) reported that ring-necked pheasant chicks (Phasianus colichicus) produced by 
dieldrin-dosed hens showed reduced feeding efficiency by choosing the deep side of a visual cliff, 
while controls tended to choose the shallow side. Loggerhead shrikes (Lanius ludovicianus) fed 
1 μg/g dieldrin per day showed significant effects on their capability to capture mice (Busbee, 1977). 
Besides convulsions, another sign of impending death in the shrikes was a weight loss beginning 
a few days prior to death. Sharma et al. (1976) further investigated the effects of dieldrin on bio
genic amines and on behavior. When fed 10–30 ppm dieldrin, encounters between mallard drakes 
indicated a significant decline in the tendency for dieldrin exposed drakes to take the initiative and 
establish rights of access in approach confrontations (Sharma et al. 1976). Based on such evidence 
of neurological and behavioral effects of dieldrin on birds, Walker and Newton (1999) concluded 
there was potential for sublethal dieldrin exposure to impact hunting behavior of raptors, and to have 
played a role in population declines. 
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TABLE 13.2 
Experimental Studies Determining Lethal Levels of Dieldrin—Birds 

Residue Level (μg/g ww) 
Sample 

Species Sex Size No. Organ Mean Range Reference 

Bobwhite quail (Colinus — — Brain 12–14 — Rudd and Genelly 1956 

virginianus) 
M 11 Brain 12.4 8.5–17.8 Gesell and Robel 1979 

Japanese quail (Coturnix 
coturnix japonica) 
Died M 30 Brain 17.4 15.7–19.3a Robinson et al. 1967 

Died F 35 Brain 17.3 15–20a Robinson et al. 1967 

Survived M,F 12 Brain 6.9 3.1–15.0 Robinson et al. 1967 

17b M  Liver 32.3–41.2 — Robinson et al. 1967 

19b F  Liver 37.5–57.7 — Robinson et al. 1967 

Died M 10 Brain 14.8 4.9–44.3a Stickel et al. 1969 

Died F 7 Brain 21.7 10.4–45.4a Stickel et al. 1969 

Survived M 8 Brain 2.6 0.8–8.8a Stickel et al. 1969 

Survived F 8 Brain 4.1 0.1–18.4a Stickel et al. 1969 

Pheasant (Phasianus 
colchicus) 
Died M,F 39 Brain 5.8 1.2–27 Linder et al. 1970 

Survived F 10 Brain 0.96 0.2–2.2 Linder et al. 1970 

M 
Sharp-tailed grouse 12 Brain 6.9 4.4–10.9 McEwen and Brown 

(Tympanuchus phasianellus) 1966 

Rock dove (Columba livia) 
Died M,F 19 Brain 20 18.1–22.0a Robinson et al. 1967 

Died M,F 20 Liver 45.6 37.5–55.5a Robinson et al. 1967 

Survived M 11 Brain 7.7 2.1–8.5 Robinson et al. 1967 

Died M,F 2 Brain 27.7 19.2 and 36.2 Jefferies and French 
1972 

Liver 77.2 51.9 and 102.6 Jefferies and French 
1972 

Survived M,F 4 Brain n.g. 5.4–9.5 Jefferies and French 
1972 

Cowbird (Molothrus ater) 
Died M 21 Brain 16.3 9.8–23.5 Heinz and Johnson 

1981 

Ceased feeding 17 6.8 1.5–11.7 Heinz and Johnson 
1981 

Red-winged blackbird 
(Agelaius phoeniceus) 
Unstressed M 30 Brain 19.8 (1.7)c Clark 1975 

Food stressed M 30 Brain 22.2 (0.8)c Clark 1975 

a 95% confi dence intervals. 
b Three groups of birds on different dosages. Values are geometric means. 
c Numbers in parentheses, standard deviation. 
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TABLE 13.3 
Field Studies of Dieldrin Mortality of Birds 

Residue Level (μg/g ww) 
Sample 

Species Size (No.) Organ Mean Range Reference 

Sarus crane (Grus antigone) 5 Brain 19.3 3.6–43.5 Muralidharan 1993 

5 Liver 56.8 10.5–92.6 Muralidharan 1993 

Pink-footed goose (Anser 6 Liver 31 15–48 Stanley and Bunyan 1979 

brachyrhynchus) 
Snow goose (Chen caerulescens) 5/157a Brain 17.3 13.0–24.5 Babcock and Flickinger 

1977 
8/112a Brain 8.2 4.9–14 Flickinger 1979 

Lesser scaup (Aythya affi nis) 4 Brain 11.9 7.7–16 Sheldon et al. 1963 cited 
in Stickel et al. 1969 

Buzzard (Buteo buteo) 14 Liver 19.7b 7.8–31.2 Fuchs 1967 

Lanner falcon (Falco biarmicus) 2 Brain 2.0 and 3.3 Jefferies and Prestt 1966 

Peregrine (Falco peregrinus) 2 Brain 6.8 and 16.4 Bogan and Mitchell 1973 

Liver 17.3 and 53.9 Bogan and Mitchell 1973 

1 Brain 5.4c Reichel et al. 1974 

2 Brain 3.5 and 7.8d Jefferies and Prestt 1966 

Liver 4.0 and 9.3e Jefferies and Prestt 1966 

European kestrel (Falco 84 Liver 6–30f Newton et al. 1992 

tinnunculus) 
Sparrow hawk (Accipter nisus) 25 Liver 5–21g Newton et al. 1992 

Owlsh 10 Brain 15 11–25 Jones et al. 1978 

Barn owl (Tyto alba) 51 Liver 14 6–44 Newton et al. 1991 

Sandwich tern (Sterna 
sandvicensis) 
Chick 6 Liver 5.6 2.4–12i Koeman et al. 1967 
Juvenile 8 4.6 1.9–6.6j Koeman et al. 1967 
Adult 5 5.5 4.7–7.2k Koeman et al. 1967 

Meadowlark (Sturnella magna) 5 Brain 9.3 8.6–12.1 Stickel et al. 1969 

Liver 13.1 7.9–15.9 Stickel et al. 1969 

American robin (Turdus 7 Brain 9.6 5.0–17.0 Stickel et al. 1969 

migratorius) 
Pigeon (Columba livia) 4 Liver 15–24 Turtle et al. 1963 cited in 

Koeman et al. 1967 

Collared dove (Steptopelia 3 Brain 15.2 7.4–20.7 Muralidharan 1993 

decaocto) 
3 Liver 36 20–66.2 Muralidharan 1993 

a Number at each site presumed dead from dieldrin over total numbers. 
b Wet weight assumed. 
c Also 34 μg/g of DDE and 55 μg/g of PCBs. 
d Also 45 μg/g and 44 μg/g of DDE. 
e Also 70 μg/g and 60 μg/g of DDE. 
f Measurement given as μg/g; a few outliers as high as 99 μg/g. 
g Measurement given as μg/g; a few outliners as high as 85 μg/g. 
h A number of different species maintained at the London Zoo. 
i Also 2.3 μg/g of telodrin and 0.47 μg/g of endrin. 
j Also 0.86 μg/g of telodrin and 0.43 μg/g of endrin. 
k Also 1.0 μg/g of telodrin and 0.67 μg/g of endrin. 
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13.2.1.2.1 Suppression of Feeding 
A number of investigators have noted that sublethal brain concentrations of dieldrin appear to affect 
appetite and feeding behavior. We thought those findings warranted more consideration, given the par
ticular vulnerability to food shortage in many bird populations during reproduction and migration. 

Heinz and Johnson (1981) investigated dieldrin effects on feeding and toxicity in the brown-
headed cowbird (Molothrus ater). In a pilot study, they found that if dieldrin-dosed birds made less 
than four feeding attempts within a 5-h period then they rarely resumed eating, and eventually died. 
Thus, they set a “5 hour-stop feeding” criterion as the indicator for cessation of eating. In a com
prehensive study, they fed 20 ppm dieldrin to male cowbirds and sacrificed them as soon as they 
stopped feeding for 5 h. Brain residues in the “stopped feeding” group were compared to results 
from birds which continued to feed on a 20 ppm dieldrin diet until death. 

In both dieldrin treatment groups, those that ceased feeding and those that continued feeding till 
death, all but four individual birds displayed substantial weight loss. All of the control birds gained 
weight. Brain dieldrin residues in birds that stopped feeding averaged 4.4 mg/kg for a subgroup which 
fed in the morning, then ceased feeding and were sacrificed later in the day. Among those was a bird 
containing 1.5 mg/kg dieldrin in brain, leading Heinz and Johnson to speculate that 1 mg/kg dieldrin 
residues in brain could be sufficient to induce anorexic behavior. Consistent with that suggestion, a phar
macokinetic study of rats demonstrated that following a single oral dose of 10 µg/g, dieldrin partitioned 
rapidly to brain and remained at 1 µg/g for 2 days (Hayes 1974). Those findings suggest that even a single 
exposure, as potentially experienced by a hyperphagic songbird, could induce cessation of feeding. This 
is consistent with the feeding patterns seen in some of the earlier dieldrin exposure studies (Table 13.4). 

TABLE 13.4 
A Summary of Studies that Examined the Effect of Dieldrin on Feeding of Birds 

Species Dose Effect Reference 

Ring-necked pheasant 
(Phasianus colchicus) 

0, 25, 50 μg/g dieldrin in diet to 
breeding males and females 
through courtship, breeding 
and egg laying (no time period 
given) 

Mean daily consumption by bird/day 
reduced from 44.6 g (25 ppm) to 36.6 g 
(50ppm) compared to 51.6 g in control 
group; mean live weight change of 
females (g) increased by 64 g in controls 
and decreased by 14 g (25 ppm) and 36 g 
(50 ppm). No statistical analysis reported. 

Genelly and 
Rudd 1956 

Game farm pheasants 
(Phasianus colchicus) 

6 mg weekly dose for 1 year Dosed pheasants consumed less food and 
lost more weight in 1 of 2 years. Hens 
began breeding season at relative heavy 
weights and no mortality occurred at 0, 2, 
4, 6 mg/week. In the other year of the 
study, hens began breeding season at 
relatively low weights and mortality 
occurred at a higher rate on 4 mg than 
those on 1 or 2 mg/week. 

Atkins and 
Linder 
1967 

Homing pigeon 
(Columbia livia var.) 

0 (9 weeks only), 2 mg/kg body 
weight for 2 years 10 months 

“Body fat was not found in any of the 
[dead] birds at autopsy an observation 
similar to that for the experimental 
poisoned birds that had been housed in 
cages (Robinson Brown et al. 1967).” 
Body weights of males during 110 weeks 
showed no increase and showed 

Robinson 
and 
Crabtree 
1969 

occasional sudden decreases and females 
showed steady increased in weights during 
110 weeks of monitoring (no statistics). 



TABLE 13.4 (continued)
 
A Summary of Studies that Examined the Effect of Dieldrin on Feeding of Birds
 

Species Dose Effect Reference 

Pheasant (Phasianus 6, 8, 12 mg/week Pheasants “reduced food consumption and Baxter et al. 
colchicus) subsequently weights” at 6, 8, 12 mg/ 1969 

week as breeding hens in second 
generation. 

Japanese quail Dietary concentrations of 0, 10, Weights not reported. Walker et al. 
(Coturnix coturnix 20, 30, 40 μg/g dieldrin 1969 
japonica) 

Fulvous tree duck Rice was planted (112 kg/ha or Within 3 days of feeding on contaminated Flickinger 
(Dendrocygna 100 lb/acre) with aldrin + 2.5 dieldrin seed the adult ducks were and King 
bicolour) g/kg seed (4 oz/100 lb) and “markedly underweight and in poorer 1972 

Ceresan L, a mercurial physical condition than the controls.” 
fungicide (0.75 g/kg or “The hungry fulvous tree ducks were not 
1.2 oz/100 lb)  at first repelled by the treated seed, but 

those that survived initial exposure 
virtually stopped feeding probably as a 
result of a physiological response in 
intoxication.” 

Pheasant (Phasianus Weekly doses to pheasants; hens “Treatment did not affect cock or hen Dahlgren 
colchicus) received 1, 6, 10 mg and cocks weight (p > .05) until just prior to death. and Linder 

received 10, 4, 6, mg. F1 and At that time, birds stopped eating and lost 1974. 
F2 were bred weight rapidly.” 

Mallard (Anas 0, 4, 10, 30 μg/g dieldrin in diet Increase in brain: body weight ratio at 30 Sharma et al. 
platyrynchos) to parents and offspring and ppm. Dominance assessment by encounter 1976 

endpoints evaluated in  scores were significantly different than 
offspring at 60–75 days old controls in adults and juveniles at 4, 10, 
and in adult drakes 30 ppm. 

Japanese quail Expt 1. at 25% egg production Body weights and food consumption were Reading 
(Coturnix coturnix quail fed 0, 10, 25 μg/g  not significantly affected by any dieldrin et al. 1976 
japonica) dieldrin for 6, 28-day periods treatments. 

Expt 2. 0, 5, 25 ppm of dieldrin 
for 4, 28 day periods 

Leghorn chicken 0, 10, and 20 μg/g dieldrin in Survival time after feed removal was Davison 
(Gallus domesticus) diet for 12 weeks  significantly lower in 20 ppm; Fat in et al. 1971 

carcass dry matter % was signifi cantly 
higher in 10 and 20ppm groups. 

Brown-headed 20 μg/g dieldrin in diet  Of the birds that were ‘sacrificed’ as soon Heinz and 
cowbird as they did not eat for 5 h: 14 of 17 birds Johnson 
(Molothrus ater) lost 1–10 g of body mass during the study. 1981 

Of the birds that were allowed to die of 
dieldrin exposure in their own time, all 
birds (n = 21) lost weight during the study. 
While the sample of control birds (n = 4) 
was small, all gained weight during the 
study despite the availability of food ad 
libitum. 

Loggerhead shrike To test behavioral effects: At 1 mg/kg/day 7 of 11 behavior endpoints Busbee 1977 
(Lanius ludovicianus) Doses: 0 or 1 mg/kg body  were significantly different than controls. 

weight per day; To determine “Weight loss began a few days before 
mortality: 0, 1, 2, 3, 4 death” occurred. 
mg/kg/day 
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Peakall (1996) considered the work of Heinz and Johnson (1981) interesting from a mechanistic 
perspective, but rejected the results as a basis for interpreting tissue residues. He concluded that 
acute lethality was the only endpoint sufficiently supported by the literature to recommend critical 
concentrations. However, in our opinion, given the consequences of anorexic effects on migrat
ing and breeding birds, we have examined the relevant literature in further detail with the aim of 
suggesting criteria for sublethal effects. 

13.2.1.2.2 Implications for Migrants 
Migration is a costly strategy, with substantial energy expended by migrants both in sustaining  
prolonged flight and in rebuilding fuel stores at stopover locations (Moore and Kerlinger 1987,  
Woodrey and Moore 1997, Wikelski et al. 2003). Cool weather and storm conditions often encoun
tered during migration further increase energetic needs. In assessing the risks and costs, spring and 
fall migration must be considered separately. Spring migrants are returning to breeding sites, and 
overall energy costs of migration may be higher in spring than fall migration (Scott et al. 1994). 
Both body condition and timing of arrival at the breeding grounds are critical factors determining 
reproductive success and overall fitness (Marra et al. 1998, Verboven and Visser 1998, Both and 
Visser 2001). However, fall migration includes large numbers of inexperienced juvenile birds and 
many species moult during fall migration, further increasing energy demands (Woodrey and Moore 
1997, Schaub and Jenni 2001). 

To undertake and sustain migration, birds must acquire and store considerable amounts of energy, 
primarily in the form of lipid stores (e.g., Bairlein and Gwinner 1994, Deviche 1995). Deposition 
of fat stores prior to and at stopover sites during migration is at least partially due to hyperphagia 
(reviewed in Bairlein and Gwinner 1994), although factors associated with increased effi ciency of 
assimilation and of fat, protein and carbohydrate use, and shifts in food selection also appear to 
be involved. Although detailed mechanisms are not well understood, there is evidence that GABA 
plays a role in appetite stimulation (Pu et al. 1999), and thus there is at least a tentative mechanistic 
link between GABA-inhibiting compounds, such as the cyclodienes, and appetite suppression. 

The ultimate factor inducing hyperphagic behavior in both spring and fall is the change in photope
riod; however, there are a variety of proximal factors involved in modifying and attenuating that behav
ior in different species, even including some evidence that secondary plant metabolites may play a role 
(Bairlein and Gwinner 1994). Hyperphagic behaviors are also associated with the behavioral processes 
which induce the inclination of birds to migrate, termed “migratory restlessness.” Migratory restless
ness can be inhibited following spontaneous or induced body mass loss (Bairlein and Gwinner 1994). 

Stopover times and fat deposition rates of migrant warblers arriving at sites along the U.S. gulf 
coast during spring migration were studied (Moore and Kerlinger 1987), and many factors infl u
enced body condition of migrant birds on their arrival at a stopover site. Those included species 
differences, location of departure, flight times, weather and habitat at stopover sites as well as innate 
species variation in body condition. However, in general, the majority of birds arrive at migratory 
stopover sites with depleted fat stores (Moore and Kerlinger 1987). For example, 41.1% of 627 
migrant songbirds crossing the Gulf of Mexico and stopping along the northern coast were lean (fat 
class = 0). Significant impediments to foraging efficiency or alterations to the physiological pro
cesses regulating energy intake and/or fat deposition would reduce body condition. In the extreme, 
an affected bird might not survive migration, and if it reached the breeding grounds would likely 
have reduced productivity. Overall fitness of the bird would, therefore, be lower. At sites where 
contamination by dieldrin and related chemicals persist (e.g., Frank and Lutz 1999, Stansley and 
Roscoe 1999), migrating birds could experience substantial exposure even during short stays. 

Among the cowbirds studied by Heinz and Johnson, those that were heavier before dieldrin  treatment 
took significantly longer to stop feeding. Migrant songbirds often arrive at stop over sites in reduced 
body condition, and continue to lose weight before locating food (Winker et al. 1992, Scott et al. 1994, 
Schaub and Jenni 2001). In that situation, a bird would be at risk of an anorexic effect if exposed to 
dieldrin or another anorexic agent at lower concentrations than would normally cause death. 
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As reported by Flickinger (1979), migrating birds can be affected by dieldrin contamination at 
stopover sites and can die at locations some distance from the contaminated area. He reported large 
numbers of dead and debilitated waterfowl in Texas rice fields treated with aldrin, and no mortality 
associated with untreated reference fields. A snow goose (Chen c. caerulescens) and a blue-winged 
teal (Anas discors) were observed 5.6 km from the nearest rice field displaying symptoms of diel
drin poisoning; both birds eventually died. The dieldrin concentration in the brain of one goose 
was 14 μg/g, and was 19 μg/g in the brain of a blue-winged teal. The goose was determined to be 
a migrant because only migrating geese were observed in the area where it was found; the nearest 
wintering flock of geese was located 57.9 km southeast of the site (Flickinger 1979). They further 
reported that “dieldrin residues may affect reproduction once geese reached their nesting grounds.” 
Band returns showed that many of the snow geese which spent the winter on the Garwood Prairie 
and other parts of southeast Texas eventually nested on the McConnell River on the western shore 
of Hudson Bay, Canada. Mortality of snow geese at the McConnell River nesting area in 1967, 
1971, and 1972 coincided with goose mortality on the Garwood Prairie. Four of fi ve reproductively 
unsuccessful nesting females found dead at McConnell River in 1972, and four of five females from 
failed nests contained traces of dieldrin in their brains, but only one of ten that nested successfully 
contained such traces. While mercurial fungicides were also used at the Texas site, mercury resi
dues were almost negligible in those geese (Flickinger 1979). 

From this evidence, we conclude that the presence of 1 μg/g of dieldrin, or dieldrin equivalents, 
in brain or other tissues of migrating birds is cause for concern. We base that determination on 
the evidence for potential effects on feeding behavior, which at the extreme could reduce overall 
survival, or affect fitness by delaying arrival on breeding grounds. 

13.2.1.2.3 Effects on Reproduction 
In contrast to the lethal effects of dieldrin and thus on survival, there is no clear evidence that 
dieldrin affects the actual reproductive processes of birds. This is in contrast, for example, to DDT 
where the persistent metabolite, DDE, reduces the nest success of captive and wild birds through 
effects on shell quality and likely embryotoxic mechanisms (Blus 2003). 

Dietary intakes of dieldrin at 10 μg/g in Japanese quail, which resulted in egg yolk dieldrin  
concentrations of 23 μg/g, had no effects on reproduction (Walker et al. 1969). Similarly, 15 μg/g 
in crowned guinea-fowl (Numida meleagris) (Wiese et al. 1969) did not significantly affect repro
ductive parameters such as egg production, fertility, or hatchability. However, in the case of the 
study of Wiese et al. chick survival was significantly reduced in the 15 μg/g group and an attempt 
to repeat the experiment at this higher dose failed due to mortality of breeding fl ocks. Experiments 
with American kestrels (Falco sparverius) (Wiemeyer et al. 1986), and a field study of common 
(Gallinula chloropus) and purple gallinules (Porphyrio porphyrio) (Fowler et al. 1971) did not fi nd 
significant effects of dieldrin on reproductive outcome, particularly egg hatchability. Studies with 
barn owls, which produced average concentrations of 9.4 μg/g dieldrin in carcasses, had no effect 
on hatching or fledging (Mendenhall et al. 1983). Chronic dosing of chickens (Gallus gallus) with 
concentrations of 0.2–5 ppm dieldrin in feed, which produced more environmentally realistic con
centrations in eggs from 0.36 to 4.20 μg/g, had no effects on egg production, hatching, or survival of 
chicks (Graves et al. 1969). Some chronic dosing studies of the effects of dieldrin on reproduction of 
captive birds did, however, report that both juvenile and adult birds suffered mortality (Wiese et al. 
1969, Mendenhall et al. 1983). 

More recently, Frank and Lutz (1999) studied reproduction of a wild population of great horned 
owls (Bubo virginianus) at a contaminated site, the Rocky Mountain Arsenal National Wildlife Refuge 
(RMA NWR). Great horned owls were radio-tagged from nests within the core contaminated area of 
the RMA NWR and from nests where adult birds had been observed foraging in the more contam
inated areas. They were designated as “contaminated pairs.” There were no differences in hatching 
and fledging success between owls nesting in areas considered contaminated versus uncontami
nated. They used a combination of radio-telemetry and blood sampling which showed a signifi cant 
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negative relationship between dieldrin concentrations in plasma of juvenile owls and post fl edging 
survival. Interval survival of juvenile owls in a high dieldrin plasma concentration category, >0.1 μg/g 
(100 μg/L) was significantly lower (p < .01) than that of birds classified as in a low dieldrin plasma 
concentration category, <0.05 μg/g (50 μg/L). Although based on only a single study, those results 
suggest an effect of dieldrin on nestling survival when plasma concentrations exceed 0.1 μg/g. Vander 
Lee and Lutz (2000) administered dieldrin to nestling black-billed magpies (Pica pica), and exam
ined plasma and tissue distribution of dieldrin residues. They reported a good relationship between 
plasma and brain (y = 0.882x + 0.007, p < .001, r2 = 0.959, n = 38). The results of those studies suggest 
that brain concentrations as low as 0.1 μg/g dieldrin are associated with reduced survival of juvenile 
birds. While those findings are interesting, they are not sufficient to recommend criteria. 

Roy (1997) reported the results of an investigation (1993–1996) of American kestrels breeding in 
nest boxes placed at the RMA NWR, and at reference sites. There were no significant differences in 
hatching success among core and peripheral areas of that highly contaminated site, and a reference 
area. Rather, he detected a significant effect of dieldrin on young fledged per nest attempt and nest 
success. However, there were confounding relations with DDE as well, despite low mean DDE con
centrations, for example 0.37 μg/g in 32 eggs from the core area, being well below a putative effect 
level of 10 μg/g. He compared nest success at varying intervals of dieldrin in eggs and calculated 
a dieldrin “Effect Zone” (Henny 1997) of greater than 0.5–1 μg/g in kestrel eggs for nest success, 
hatching success and number of young fledged. That was based on comparisons, for example, of 
mean nest success of 66 nests with dieldrin concentrations in eggs less than 0.5 of 75.8% compared 
to 48.4% for nests with egg dieldrin greater than 0.5 μg/g. The general trend of the relationships 
seem to hold, although eight nests with greater than 5.0 to 10.0 μg/g dieldrin in eggs had mean nest 
success of 62.5%, not much different from the 34 nests with less than 0.15 μg/g at 67.7%. They 
discussed the likely mechanism for reduced nest success, and stated that there did not appear to be 
any effects of dieldrin on hatchability or embryo survival or any dieldrin-related nestling mortality. 
Cases of reduced nest success were the result of “entire nest failure” during egg laying or early incu
bation periods. They concluded that egg concentrations were a barometer of adult exposure during 
the nesting period. They made a link, therefore, between nest failure and disappeared and presum
ably dead males. This was supported by evidence of dead or moribund kestrels, mostly males found 
during the breeding season, some of which had brain dieldrin concentrations diagnostic of lethal 
poisoning. The interval suggested by Roy (1997) of 0.5–1.0 μg/g in eggs is consistent with the value 
of 0.7 μg/g dieldrin in addled eggs of peregrines suggested by Newton (1988) as associated with 
population decline of that species. 

A study of golden eagles (Aquila chrysaetos) in Scotland reported that nest success increased 
significantly coincident with a decrease in dieldrin concentrations in eggs, and that no other causal 
factor could be identified (Lockie et al. 1969); a level of dieldrin causing reproductive effects of 
1 μg/g was implied. Later, however, Newton and Galbraith (1991) were less convinced of the possi
ble role of chlorinated hydrocarbon contaminants in impacting golden eagle nesting success during 
the 1960s in Scotland. 

Concentrations of OCs in eggs are directly indicative of female body burden; ratios of diel
drin and other cyclodienes in eggs to liver of female herring gulls were close to one (Braune and 
Norstrom 1989). Thus, concentrations of dieldrin or dieldrin equivalents (see Section 13.5 below 
for further details) in eggs greater than 1 μg/g provide an indication that adult body burdens, and, 
therefore, potentially brain concentrations are greater than 1 μg/g, and, within the anorexic danger 
zone. This would have greater consequences for male birds, which are not able to reduce their body 
burden via deposition to eggs, and in some species are energetically stressed by the extra demands 
of feeding chicks and mates. 

13.2.1.2.4 Population Level Assessments 
The causative role of dieldrin in the decline of a variety of British raptors, sparrow hawks, mer
lins (Falco columbarius), and barn owls has been extensively documented (Newton and Bogan 
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1974, 1978, Newton and Haas 1988, Newton 1986, Newton and Galbraith 1991, Newton et al. 1992, 
Walker and Newton 1999, Sibly et al. 2000). Despite evidence of relatively high concomitant expo
sure to DDT, and evidence of effects of DDT on shell quality and reproduction (Newton 1986), the 
reduction in juvenile and adult survival due to dieldrin poisoning has been determined to be the 
more significant factor influencing population stability (Sibly et al. 2000). 

Nisbet (1998) reviewed and summarized dieldrin mortality incidents during 1940s–1960s in the 
United States. He was primarily interested in the role of dieldrin in population decline of the pere
grine falcon, and contended that the rapid population crash in the 1950s was more consistent with 
a mechanism of mortality of breeders, rather than reproductive failure due to DDE effects on shell 
quality. The timing of the introduction and withdrawal of dieldrin appeared to fit the pattern of 
peregrine decline and recovery better than did DDT. Similarly, Ratcliffe (1973, 1988) and Newton 
(1988) argued that adult poisoning caused by the cyclodienes dieldrin, aldrin, and also possibly hep
tachlor had more to do with the decline of British and European peregrines than DDT. 

Nisbet (1989) also examined the possible role of dieldrin in the decline of the bald eagle in North 
America, and argued that dieldrin may have been an important factor, particularly in some regions. 
However, he also concluded that the effects of DDE on shell quality were dominant, as have oth
ers (Wiemeyer et al. 1993, Elliott and Harris 2001). In both the bald eagle and peregrine cases, the 
direct evidence from chemical analysis of tissues from dead peregrines is very limited. However, 
North American accipiter hawks collected from Ontario, Canada had higher concentrations of diel
drin and other cyclodienes, compared for example to primarily aquatic feeding species such as gulls 
(e.g., Larus argentatus) or ospreys (Pandion haliaetus) from the Great Lakes (Elliott and Martin 
1994). They compared temporal trends in accipiter populations with sales of dieldrin and DDT, and 
found the strongest association with dieldrin exposure. 

Newton (1988) presented evidence that British sparrowhawk populations did not recover from 
low numbers caused primarily by dieldrin mortality until liver concentrations were less than a geo
metric mean of 1 μg/g, and argued for that as a “Level Leading to Population Decline” (LPD) for 
dieldrin in wild raptors. Newton compared data from mortality incidents of kestrels and suggested 
there was evidence that raptors were perhaps more sensitive to dieldrin toxicity than laboratory 
species such as rock doves or Japanese quail. Walker and Newton (1999) further examined the mor
tality monitoring database as did Sibly et al. (2000) and argued that there was support for sublethal 
effects of dieldrin, in the range of 3–9 μg/g in liver particularly of sparrowhawks, which use speed 
and agility to capture prey and thus would be more susceptible to any subtle neurotoxic effects of 
dieldrin. They also discussed the data reported in Newton et al. (1992) that a number of birds with 
residues in that range died from trauma after hitting trees or telephone wires, perhaps suggestive of 
neurotoxic effects. 

When combined with the argument that 1 μg/g dieldrin in the brain is potentially associated 
with threshold value above which at least some proportion of birds cease to feed, we propose the 
adoption of concentrations of 1 μg/g of dieldrin equivalents in brain, plasma or eggs and 3 μg/g in 
liver as protective effect levels (Table 13.5). Dieldrin concentrations in brain and plasma of nestling 

TABLE 13.5 
Concentrations of Dieldrin or Dieldrin Equivalents in Various Tissues Associated 
with Significant Toxicological or Ecological Outcomes 

Endpoint Tissue Concentration (μg/g) Reference 

Lethality Brain 4 Stickel et al. 1969 

Anorexia Brain, egg, plasma 1 Heinz and Johnson 1981, this chapter 

Population decline Egg 0.7 Newton 1988 

Population decline Liver 3 Newton 1988, Walker and Newton 
1999, Elliott and Bishop, this chapter 
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birds were reported to be close to 1:1 (Vander Lee and Lutz 2000). Thus 1 μg/g dieldrin in plasma 
indicates a similar brain concentration and can be considered a value associated with cessation of 
feeding (Table 13.5). However, the measurement of an order of magnitude less, 0.1 μg/g dieldrin was 
associated with reduced survival of great horned owls (Frank and Lutz 1999), suggesting that lower 
threshold should be considered for nestlings. 

13.2.2 ENDRIN 

Endrin ((1a,2,2a,3,6,6a,7,7a)-3,4,5,6,9,9-hexachloro-1a,2,2a,3,6,6a,7,7a-octahydro-2,7:3,6-dimethanonaphth 
[2,3-b]oxirene) is extremely toxic to birds (Table 13.1). In some mammals, but apparently not in 
birds, endrin is converted metabolically to 12-ketoendrin which for example in rats is 5-times more 
toxic than the parent compound (Bedford et al. 1975, Stickel et al. 1979a, Blus et al. 1983). In con
trast to many of the other OC pesticides, in birds, endrin has a shorter metabolic half-life (Heinz and 
Johnson 1979). That more rapid clearance likely accounts for endrin rarely being reported in wild
life tissues, when compared for example to dieldrin and HCB for which uses have been restricted or 
banned for a similar time period. 

The toxicity of endrin to terrestrial vertebrate wildlife was reviewed by Blus (2003). A num
ber of studies have reported endrin to be the cause of relatively wide scale mortality of wild birds. 
For example, Blus et al. (1979) determined that endrin killed a large percentage of brown pelicans 
(Pelecanus occidentalis) that had been re-established to Louisiana estuaries in the 1970s. Pelicans 
had lethal brain concentrations greater than or equal to 0.8 μg/g. Use of endrin as a rodenticide in 
Washington State orchards caused mortality of large numbers of birds (Fleming et al. 1982). 

Stickel et al. (1979a) experimentally investigated endrin toxicity in mallards, starlings 
(Sturnus vulgaris), cowbirds, and blackbirds (Icteridae) and recommended a lethal brain concen
tration of 1 μg/g. 

13.2.3 CHLORDANE 

Chordane (1,2,4,5,6,7,8,8-octachloro-2,3,3a,4,7,7a-hexahydro-4,7-methanoindene) was produced as 
a complex mixture of some 45 compounds, primarily cis- and trans-chlordane, heptachlor, and 
cis- and trans-nonachlor. Oxychlordane is a metabolite of cis- and trans-chlordane, which along 
with another oxidative product, heptachlor epoxide, constitutes the major toxicological components 
(Eisler 1995). Chlordane was widely used in North America, and heaviest use occurred in the early 
1970s as a substitute for other restricted OC pesticides (NRCC 1974). However, like the compounds 
it replaced, chlordane components are particularly persistent and lipophilic, and most uses were soon 
restricted, although underground use for termite control continued at least until the late 1980s in 
many North American jurisdictions. Oxychlordane and heptachlor epoxide continue to be detected 
in wildlife from remote locations (e.g., Elliott et al. 2000, Henricksen et al. 2000). Continuing until 
at least the late 1990s, there were reports of lethal concentrations of chlordane compounds, along 
with dieldrin, in brains of birds found dead and moribund at various locations in the northeastern 
American states (Stone and Okoniewski 1988, Okoniewski and Novesky 1993, Stansley and Roscoe 
1999). Cyclodienes were diagnosed as the cause of death in various species of songbirds and in the 
secondary poisoning of raptors, mainly Cooper’s hawks (Accipiter cooperii). The food chain uptake 
of chlordane in particular was subsequently investigated, and it was suggested that the problem was 
caused by efforts to control scarab beetles, particularly the grub of the oriental beetle (Anomala 
orientalis) and the Japanese beetle (Popilla japonica; Stansley et al. 2001). Apparently a key factor 
was the degree to which those scarabs developed resistance to chlordane use, resulting in increased 
applications. Data from those studies are summarized in Table 13.6, which also includes our own 
calculations of dieldrin equivalents, as an example of that approach. As suggested by Stansley et al. 
(2001) the problem was likely quite widespread, and, given the persistence of chlordane and diel
drin, likely to be continuing at some sites. 
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TABLE 13.6 
Select Field Studies of Cyclodiene Residues in Brains of Birds (μg/g ww, Mean, Range 
in Brackets) Associated with Mortality 

Sample Heptachlor Oxychlordane Toxic 
Species Location Size Epoxide (0.5) (0.8) Dieldrin (1) Equivalents Reference 

Starling NJ 6 4.4 (3.5–5.7) 4.6 (2.5–5.7) 0.68 6.53 Stansley and 
(0.24–1.3) (5.16–7.73) Roscoe 1999 

Grackle NJ 17 5.0 (2.5–8.7) 4.5 (1.6–6.4) 1.21 7.32 Stansley and 
(0.62–2.8) (3.15–11.48) Roscoe 1999 

Robin NJ 3 3.8 (3.3–4.5) 4.4 (4.2–4.9) 0.34 5.77 Stansley and 
(0.15–0.56) (5.16–6.73) Roscoe 1999 

American crow NJ 1 4.10 1.80 0.30 6.24 Stansley and 
Roscoe 1999 

Blue jay NJ 1 3.30 2.90 0.70 6.93 Stansley and 
Roscoe 1999 

House sparrow NJ 1 5.00 2.80 <0.19 7.99 Stansley and 
Roscoe 1999 

Cooper’s hawk NJ 9 3.9 (2.5–5.3) 2.8 (1.5–5.5) 1.17 5.36 Stansley and 
(0.41–2.60) (3.70–8.25) Roscoe 1999 

Sharp-shinned NJ 1 3.20 5.30 0.65 9.15 Stansley and 
hawk Roscoe 1999 

Red-tailed hawk NJ 2 4.3 (2.5–6.6) 4.1 (1.5–5.7) 1.31 7.02 Stansley and 
(0.41–3.10) (3.70–9.87) Roscoe 1999 

Great horned owl NJ 1 3.90 6.30 <0.66 10.86 Stansley and 
Roscoe 1999 

Northern fl icker NY 1 1.13 7.64 2.39 11.16 Okoniewski 
and Novesky 
1993 

Blue jay NY 20 2.68 2.28 2.86 7.82 Okoniewski 
(0.67–5.94) (0.56–3.75) (0.14–9.78) (3.47–12.39) and Novesky 

1993 

Blue jay MD 5 4.01 5.28 0.95 10.33 Okoniewski 
(2.84–5.07) (3.89–6.83) (0.44–1.79) (8.64–11.89) and Novesky 

1993 

Blue jay NJ 3 2.21 2.92 0.82 5.95 Okoniewski 
(1.32–3.39) (2.57–3.28) (0.43–1.57) (4.91–7.88) and Novesky 

1993 

American crow NY 4 3.17 3.12 0.14 6.43 Okoniewski 
(1.94–5.16) (2.39–4.26) (0.03–0.39) (5.08–9.81) and Novesky 

1993 

American crow MD 1 3.91 3.59 0.70 8.20 Okoniewski 
and Novesky 
1993 

Eastern bluebird NY 2 6.41 5.54 0.17 12.12 Okoniewski 
(3.3–9.52) (1.08–10.00) (0.05–0.29) (10.65–13.59) and Novesky 

1993 

American robin NY 17 4.25 2.46 5.34 12.05 Okoniewski 
(0.58–9.12) (0.39–6.96) (0.04–15.7) (4.84–26.83) and Novesky 

1993 

continued 
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TABLE 13.6 (continued)
 
Select Field Studies of Cyclodiene Residues in Brains of Birds (μg/g ww, Mean, Range in 

Brackets) Associated with Mortality
 

Species Location 
Sample 

Size 
Heptachlor 

Epoxide (0.5) 
Oxychlordane 

(0.8) Dieldrin (1) 
Toxic 

Equivalents Reference 

Gray catbird NY 1 6.29 5.19 1.96 13.44 Okoniewski 
and Novesky 
1993 

Northern MD 1 2.58 4.52 0.30 7.40 Okoniewski 
mockingbird and Novesky 

1993 

Northern NY 3 6.30 4.14 3.58 14.03 Okoniewski 
mockingbird (1.57–15.6) (1.61–6.75) (0.2–7.5) (5.83–25.4) and Novesky 

1993 

European starling NJ 1 3.16 3.98 0.52 7.66 Okoniewski 
and Novesky 
1993 

European starling NY 18 1.85 
(0.07–5.12) 

1.81 
(0.11–7.72) 

9.14 
(0.41–20.5) 

12.79 
(4.27–25.44) 

Okoniewski 
and Novesky 
1993 

Song sparrow NY 1 1.20 5.50 1.10 7.80 Okoniewski 
and Novesky 
1993 

Common grackle MD 1 2.34 4.12 1.82 8.28 Okoniewski 
and Novesky 
1993 

Common grackle NY 9 3.32 
(1.19–6.06) 

3.72 
(0.63–6.34) 

5.37 
(0.36–13.4) 

12.40 
(5.87–17.33) 

Okoniewski 
and Novesky 
1993 

House sparrow NY 15 3.17 
(1.03–6.65) 

2.74 
(0.58–7.04) 

2.38 
(0.08–8.17) 

8.28 
(5.34–14.54) 

Okoniewski 
and Novesky 
1993 

Sharp-shinned 
hawk 

NY 4 2.91 
(1.45–5.03) 

6.47 (2.1–12.2) 2.4 
(0.87–4.09) 

11.78 
(4.78–21.32) 

Okoniewski 
and Novesky 
1993 

Cooper’s-hawk NY 1 1.64 3.90 1.58 7.12 Okoniewski 
and Novesky 
1993 

Red-shouldered 
hawk 

MD 3 4.01(1.93– 
7.36) 

2.89(0.04– 
5.15) 

4.34(0.11– 
11.3) 

11.24(9.49– 
13.27) 

Okoniewski 
and Novesky 
1993 

Red-tailed hawk NY 3 2.44 3.38 3.42 9.24 Okoniewski 
(1.93–3.00) (2.24–4.13) (0.47–7.31) (7.24–11.48) and Novesky 

1993 

American kestrel MD 2 1.39 
(0.08–2.69) 

2.97 (2.63–3.3) 0.94 
(0.75–1.13) 

5.29 
(4.13–6.45) 

Okoniewski 
and Novesky 
1993 

American kestrel NY 3 3.51 3.12 1.97 8.61 Okoniewski 
(2.3–5.17) (1.97–5.15) (0.83–3.7) (6.7–11.15) and Novesky 

1993 



 

 

 
 
 

 
 

 

  

 

 

 

Sample Heptachlor Oxychlordane Toxic 
Species Location Size Epoxide (0.5) (0.8) Dieldrin (1) Equivalents Reference 

Common barn NY 2 2.04 3.71 0.25 5.99 Okoniewski 
owl (1.71–2.36) (2.91–4.51) (0.09–0.40) (5.02–6.96) and Novesky 

1993 

Eastern screech NY 4 1.73 4.21 0.17 6.11 Okoniewski 
owl (0.71–2.36) (3.83–4.51) (0.04–0.35) (4.58–7.00) and Novesky 

1993 

Great horned owl NY 13 3.22 3.59 2.33 8.97 Okoniewski 
(0.44–14.6) (1.16–5.87) (0.01–10.3) (5.17–17.31) and Novesky 

1993 

Barred owl MD 1 2.41 3.20 0.39 6.00 Okoniewski 
and Novesky 
1993 

 Note: Dieldrin equivalents are calculated using the dieldrin equivalence factors suggested in this report and as shown below 
the compound. 

Units = μg/g. 
NJ = New Jersey, NY = New York, MD = Maryland. 
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TABLE 13.6 (continued) 
Select Field Studies of Cyclodiene Residues in Brains of Birds (μg/g ww, Mean, Range in 
Brackets) Associated with Mortality 

The toxicity of chlordane compounds to passerine birds including red-winged blackbirds, com
mon grackles (Quiscalus quiscula), brown-headed cowbirds, and starlings has been examined in 
feeding studies. Wiemeyer (1996) examined data from studies with oxychlordane or mixtures con
taining chlordane that compared brain residues in birds that died with those that survived and were 
sacrificed, and recommended that a concentration of 5 μg/g oxychlordane in brain could be consid
ered diagnostic of lethality (Stickel et al. 1979c, 1983). 

13.2.4 HEPTACHLOR 

Heptachlor (1,4,5,6,7,8,8-heptachloro-3a,4,7,7,7a-tetrahydro-4,7-methanoindene), another cyclodiene 
insecticide, was primarily used to control soil pests, including termites (Fairchild 1976). Most uses 
of heptachlor were phased out by 1983 in the United States. Heptachlor is readily metabolized to 
heptachlor epoxide in vertebrates. 

Lethal concentrations of heptachlor epoxide were examined in feeding studies with technical  
heptachlor in passerine birds. Comparisons of brain residues of heptachlor epoxide were compared 
between birds that died and survivors that were later sacrificed, and a critical value of 8 μg/g hepta
chlor epoxide has been suggested (Stickel et al. 1979c). 

Effects of heptachlor treated seed on wildlife were investigated in field studies during the late 
1970s in the Columbia Basin of Oregon. Canada geese (Branta canadensis) fed on spilled and 
dumped seed, and exhibited reduced nest success when heptachlor epoxide residue concentrations 
exceeded 10 μg/g in eggs (Blus et al. 1984). American kestrels that fed on contaminated prey had 
reduced nest success when egg resides exceeded 1.5 μg/g. 

13.3 OTHER OC PESTICIDES IN BIRDS 

Numerous publications continue to report the presence of OC pesticides in tissues of wild birds, 
and in some cases to report correlative associations with toxicological or ecological parameters 
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(e.g., Henricksen et al. 2000, Bustnes et al. 2005, Helberg et al. 2005). However, in most cases there 
is relatively limited new information from which to derive critical tissue concentrations for endo
sulfan, hexachlorocyclohexane, methoxychlor, or toxaphene. Much of the information presented 
here on the characteristics of each chemical is summarized from Wiemeyer (1996) in the previous 
edition of this book, with reference to the original sources. Criteria, where discernible, are provided 
in Table 13.7. 

13.3.1 ENDOSULFAN 

Endosulfan (6,7,8,9,10,10-hexachloro-1,5,5a,6,9,9a-hexahydro-6,9-methano-2,4,3-benzodioxathie
pin-3-oxide) is a member of the cyclodiene group but differs so greatly in properties and effects that 
it is recommended that it not be considered one of them (Maier-Bode 1968). The technical grade 
includes two isomers α and β at a 70:30 ratio. Endosulfan is rapidly eliminated and does not readily 
accumulate. 

Endosulfan metabolites were reported in water and sediments near areas of use in 2005–2006 
(Bishop et al. 2000). Low concentrations of endosulfan sulphate were reported in eggs of tree swal
lows (Tachycineta bicolor) from an orchard environment in the 1990s (Bishop et al. 1998). 

13.3.2 HEXACHLOROBENZENE 

Hexachlorobenzene (HCB) was registered and applied in many jurisdictions as a fungicidal seed 
treatment. It was used in a number of industrial manufacturing processes, and was found as a 

TABLE 13.7 
A Summary of Published Critical Values for Other Organochlorines 

Concentration 
Compound Endpoint Tissue (μg/g ww) Comments Reference 

Chlordane Lethality Brain 5 As oxychlordane Stickel et al. 1979c 

Heptachlor Lethality Brain 8 As heptachlor epoxide Stickel et al. 
1979c, 1983 

Reproduction Egg 1.5 As heptachlor epoxide Henny et al. 1983 

HCB Chick Egg 6.2 Chick survival reduced in chicks Schwetz et al. 
Survival	 hatched from eggs produced by 1974 

Japanese quail (Coturnix coturnix 
japonica) fed 20 ppm for 90 days 

Reproduction Egg 0.35–4.4 NOAEL from Japanese quail fed 1 Vos et al. 1971 
μg/g for 90 days 

Mirex	 Lethality Brain 200 If carcass lipid < 2.4% Stickel et al. 1973 

Lethality Brain 177 Stickel et al. 1973 

Reproduction Egg 20 NOAEL from mallards fed 10 μg/g Heath and Spann 
in diet for 3 months 1973 

Sperm Liver 1.6 Liver residues in kestrels fed 8 μg/g Bird et al. 1983 
number in diet and tested for sperm quality 

Toxaphene Duckling Egg 45.4 (based on Mean egg residues from long term Mehrle et al..1979, 
growth area under study of reproduction of black Haseltine et al. 

2 peaks) ducks (Anas rubripes) fed 50 μg/g 1980 
in diet. Ducklings from that group 
had depressed growth 

Reproduction Egg 13.9 (based on NOAEL in chickens (Gallus Bush et al. 1977 
3 peaks) domesticus) fed 100 μg/g 
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contaminant in pesticides such as dacthal and pentachloronitrobenzene. It is a bioaccumulative and 
persistent compound. 

Japanese quail fed 20 μg/g of HCB in the diet and the survived had a mean of 35.5 μg/g HCB 
(range 13.8–94 μg/g) in liver at sacrifice (Vos et al. 1968). Residues in liver ranging from 4.1 to 
16.7 μg/g HCB were associated with increased liver weight and evidence of porphyria in Japanese 
quail fed 5 ppm of HCB (Vos et al. 1971). Livers of quail fed 1 μg/g in diet for 90 days contained 
0.35–4.4 μg/g and were not associated with any evident effects. Chicks of Japanese quail fed 20 μg/g 
of HCB for 90 days exhibited a significant reduction in survival; mean HCB concentrations in eggs 
collected toward the end of the study were 6.2 μg/g wet weight (Schwetz et al. 1974). 

Reproduction was apparently normal in both Canada geese with 2.97 μg/g HCB in eggs (Blus 
et al. 1984) and American kestrels with 2.4 μg/g in eggs (Henny et al. 1983). Recently, Bustnes et al. 
(2005) reported in a field study of the glaucous gull (Larus hyperboreus) from the Norwegian arc
tic that early chick growth was negatively related to maternal levels of four OCs, including HCB. 
Whole blood concentrations of HCB were in the range of 12.5–20 ng/g; DDE and particularly PCB 
concentrations were much higher. Helberg et al. (2005) reported that HCB and other contaminants 
in blood of female great black-backed gulls (Larus marinus) were associated with laying date. It is 
difficult to evaluate the significance of those results given the lack of experimental or other fi eld data 
for comparison. However, the concentrations are much lower than would be expected in association 
with the no effect egg levels of 0.35–4.4 μg/g reported in quail by Vos et al. (1971). 

13.3.3 HEXACHLOROCYCLOHEXANE 

Hexachlorocyclohexane (1,2,3,5,6-hexachlorocyclohexane) also known as benzene hexachloride 
occurs as eight different isomers, but only three, α, β, and γ , are of environmental interest (Willett 
et al. 1998). The γ isomer is also known as lindane and is the most active insecticide (USDA 1980). 
The three major uses were on seed, on hardwood lumber, and on livestock (USDA 1980, Wiemeyer 
1996). Lindane is readily metabolized and excreted in birds, and minimally accumulated in tis
sues (Blus et al. 1984), which was confirmed by Clark et al. (1987) who estimated a half-life for 
γ-hexachlorocyclohexane in herring gulls of 2.3 days. Thus, it is not surprising that residues of 
HCH, especially the γ-isomer, are generally found at low, for example, <0.1 μg/g concentrations in 
eggs and other tissues of wild birds. However, high concentrations of ΣHCHs, mainly β-HCH, reg
ularly exceeding 1 μg/g wet weight and as high as 8.8 μg/g were reported in samples of resident and 
migratory birds from India (Tanabe et al. 1998). 

There is a lack of data on toxicity of HCH to birds to form a basis for criteria or guidelines. Rock 
doves fed a high dose 72 mg/kg γ-HCH daily had liver residues of 4.2–37 μg/g γ-HCH when sacri
ficed after 15 days (Turtle et al. 1963). A dosing study with γ-HCH in pheasants reported no effects 
on hatching of eggs with residues of 10 μg/g (Ash and Taylor 1964). 

13.3.4 METHOXYCHLOR 

Methoxychlor (1,1″-(2,2,2-trichloroethylidene)-bis(4-methoxybenzene) is the p,p′-methoxy analogue 
of DDT and has been used to control a wide spectrum of insects. In Canada, it was used to control 
biting flies (Gardner and Bailey 1975). Methoxychlor is readily metabolized in birds and tends not 
to bioaccumulate (Gardner and Bailey 1975). 

There has been some recent interest in the potential of methoxychlor as an endocrine-disrupting 
compound in wildlife. Ottinger et al. (2005) reported evidence of physiological effects, such as  
reduced circulating levels of sex steroids, in Japanese quail fed a low dose of 0.5 μg/g methoxy
chlor. Feeding of hens dosed with methoxychlor prior to egg laying resulted in concentrations of 
2–6 ng/g methoxychlor in egg yolks. Gee et al. (2004) dosed zebra fi nches (Taeniopygia guttata) 
with methoxychlor and reported effects on egg quality and some other reproductive parameters. 
They considered that the dose was within the range potentially encountered by seed-eating birds in 
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the field. Overall, monitoring studies have rarely detected methoxychlor residues in fish or wildlife 
(e.g., Schmitt et al. 1985). But recently, methoxychlor was detected intermittently but at concentra
tions up to 112 ng/g in chorioallantoic membranes of Morelet’s crocodiles (Crocodylus moreletti) 
from Belize (Pepper et al. 2004). 

13.3.5 MIREX 

Mirex (1,1a,2,2,3,3a,4,5,5,5a,5b,6-dodechlorooctahydro-1,3,4-metheno-H-cyclo-buta[cd]pentalene) 
was used for control of fi re ants in the southeastern United States, and as a flame retardant, while 
manufacturing residues contaminated Lake Ontario (Norstrom et al. 1980). All uses were cancelled 
in 1978 (Eisler 1985). 

Stickel et al. (1973) concluded that lethal brain residues were greater than 117 μg/g if carcass 
lipids were depleted to less than 2.4% and that greater than 200 μg/g in brain was certainly asso
ciated with lethality. Mallard reproduction was not affected in birds given 10 ppm of mirex for 
3 months, while egg levels on that dose contained 20 μg/g, which could be considered a no effect 
level (NOEL) when compared to other reproductive studies. 

13.3.6 TOXAPHENE 

Toxaphene is a complex mixture of chlorinated camphenes including 177 chemicals with a wide 
range of toxicities, most of which have not been identified (Eisler and Jacknow 1985). This has made 
chemical analysis problematic and interpretation of analytical results difficult and is compounded 
by changes in the composition of the residues found in tissues. It is one of the less frequently 
reported OC pesticides in wildlife tissues, although that may partly be due to methodology factors. 
It was one of the most widely used OC insecticides in the United States, but most registrations were 
cancelled in 1982 (Wiemeyer 1996; see also Pollock and Kilgore 1978). American black ducks were 
fed 0, 10, and 50 μg/g of toxaphene through two breeding seasons, and essentially experienced no 
reproductive effects, even with total toxaphene residues in the 50 μg/g group at 50 μg/g in eggs  
after two cycles (Haseltine et al. 1980). Mehrle et al. (1979) did fi nd significant effects on growth of 
ducklings produced in that study from the 50 μg/g group. 

Some studies have recently reported toxaphene residues in wildlife samples. Toxaphene was one 
of the OCs measured at high tissue concentrations and potentially implicated in mortality of water
birds on restored Lake Apopka lands (Rauschenberger 2007). Total toxaphene residue concentra
tions greater than 1 μg/g were also measured in both eggs and nestling plasma of osprey nesting in 
remote alpine lakes in western Canada (Elliott et al. 2007). 

13.4 AN ADDITIVE MODEL FOR TOXICITY OF OC MIXTURES 

For both the DDTs and the cyclodienes, the essential mode of action is neurotoxicity, with simi
larities and differences in the apparent specific mechanisms, and in the appearance of intoxicated 
animals. Both groups of chemicals affect neuronal reflex arcs, which in the simplest form includes 
a peripheral afferent or sensory neuron connecting to the CNS, which in turn connects and interacts 
with efferent motor neurons leading back to muscle tissues. Signals are conducted along the neuron 
by changes in the membrane electric potential, involving small movements of cations, sodium and 
potassium, across the membrane. As the signal is propagated along the neuron, the electric potential 
returns to a normal or resting state. This process takes place against the gradient of ion concentra
tions and thus requires energy. This involves active ion transport via the “sodium pump” mediated 
by a specific enzyme Na+ K+–ATPase (Matsumura 1975). 

DDT-poisoned animals exhibit intermittent periods of continuous tremoring and seizures, con
sistent with neurons discharging repetitively. The animal is also hyper-sensitive to stimuli. DDT 
effects on the nervous system are initially observed in the peripheral sensory tract. In contrast, 
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toxicity of the cyclodienes, including aldrin, dieldrin, endrin, and the chlordanes is located in the 
CNS. Superficially at least, symptoms of cyclodiene toxicity resemble the DDTs, and there are 
similar effects on ion-transport systems (Matsumura 1975). Like DDTs, they also affect neuronal 
Na+−K+−ATPase and Ca+−Mg+−ATPase (Matsumura 1975, Wafford et al. 1989). 

The problems associated with simultaneous exposure to more than one toxicant have been recog
nized for some time. Early researchers attempted to classify mixture responses, and several empir
ical studies determined that additive models were largely adequate for predicting the toxicity at least 
of paired exposure to range of toxic agents (see, e.g., Finney 1952, Pozzani et al. 1959, Smyth et al. 
1969). In recent years there have been further efforts to address the challenges posed by exposure 
to both simple and complex mixtures (Groten et al. 2001). Although there are some differences in 
responses and mechanisms by which DDTs and cyclodienes cause intoxication of animals, they 
do impact the same target organ system and share some commonality of mechanism. That would 
appear to adequately address the requirements for application of an additive model proposed by 
Ferona et al. (1995). Additionally, Ludke’s (1976) findings provide some empirical confi rmation that 
two cyclodienes, chlordane and endrin, act in an additive manner. That was determined by compar
ing brain residue concentrations in bobwhite quail (Colinus virginianus) dosed only with endrin to 
those given chlordane followed by endrin. An earlier study reported additive effects of dosing with 
dieldrin and chlordane in rats (Keplinger and Deichmann 1967). 

The acute toxicity of both cyclodiene and DDT compounds to birds and mammals has been 
evaluated by dose–response experiments, and by measurements of brain residues. Given that we 
have reasonably good information on what constitutes a lethal brain concentration, we believe there 
is adequate support to apply a simple additive model at least for purposes of interpreting brain 
 residue data. 

Stickel et al. (1970) devised an additive DDT equivalents model based on toxic brain residue 
concentrations. In their scheme, brain residues of 1 μg/g DDT equal 5 μg/g DDD and 15 μg/g DDE. 
They set a lower lethal limit of 10 μg/g DDT equivalents in brain. Blus (1996) expressed reserva
tions about the conservative lethal brain residues recommended by Stickel et al. (1970). We concur 
with those reservations, and have used higher values of 25 μg/g for DDT and 300 μg/g for DDE 
based on concentrations of DDT and DDE in birds which died in dosing studies summarized by 
Blus (1996). 

Using a similar approach and the data in their studies of cyclodiene and DDT toxicity to birds, 
we propose the use of a toxic equivalence scheme for both groups of OC compounds, as shown in 
Table 13.8. We have set dieldrin at unity, as the contaminant for which there is the most extensive 
data base on lethal residues in birds, and then set the toxic equivalence factors (TEFs) accordingly. 

Thus, to determine the dieldrin toxic equivalents in a sample, we take the product of the con
centration of the chemical and its TEF to obtain the toxicity equivalent concentration (TEQ). The 

TABLE 13.8 
A Dieldrin Toxic Equivalents Scheme for Interpreting Concentrations of Organochlorine 
Insecticide Residues in Brains of Birds or Mammals 

Compound Lethal Brain Concentration Toxic Equivalence Factor Reference 

Dieldrin 4 1 Stickel et al. 1969 

Endrin 1 4 Stickel et al. 1979b 

Oxychlordane 5 0.8 Stickel et al. 1979c 

Heptachlor 8 0.5 Stickel et al. 1979c 

DDT 25 0.16 Stickel et al. 1970, Blus 1996 

DDD 50 0.08 Stickel et al. 1970, Blus 1996 

DDE 300 0.0133 Stickel et al. 1970, Blus 1996 

DDT equivalents 25 0.16 Stickel et al. 1970, Blus 1996 
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concentration of a mixture of OC chemicals is then estimated by adding the converted concentra
tions to derive a TEQ for the mixture. Therefore,

 TEQmixture = ∑(TEFi * ci ) 

where, ci is the concentration of an individual compound and TEFi is the corresponding TEF. 
This provides, therefore, a relatively simple and reasonably defensible scheme for interpreting 

data on mixtures of cyclodiene and DDT compounds measured in brain of birds. A number of 
authors have previously devised (Sileo et al. 1977) or discussed the appropriateness of an additive 
model at least of cyclodiene toxicity (Wiemeyer 1996, Stansley and Roscoe 1999). Interestingly, 
for many of the cases, concentrations of the individual compounds are less than the putative lethal 
levels (Table 13.6). However, when the dieldrin toxic equivalence was calculated from the val
ues reported for the individual cyclodienes, mean concentrations in brain exceeded 4 μg/g in all 
instances. 

13.5 EXTRAPOLATION OF DIELDRIN EQUIVALENTS TO EGGS 

As also discussed in the section on sublethal effects, we believe that dieldrin equivalents could be 
calculated for egg data, using only cyclodiene residue measurements (not DDTs), and used to infer 
toxicity. Egg values provide a reasonable metric for exposure of the female. For example, wet weight 
liver:egg ratios for oxychlordane, trans-nonachlor, heptachlor epoxide and dieldrin were all one or 
very close to one in a study of herring gulls (Braune and Norstrom 1989). Vermeer and Reynolds 
(1970) reported a liver: egg ratio of 1.5 in California gulls (Larus californicus) though r values were 
low. There is, however, a marked lack of data comparing brain residues with other tissues, especially 
eggs, in birds. Enderson and Berger (1970) experimentally dosed wild prairie falcons (Falco) with 
dieldrin and reported residues in eggs and brain, but it is not possible to determine ratios from those 
results. Liver: brain ratios in glaucous gulls (Larus hyperborus) of dieldrin and oxychlordane were 
remarkably close to one, although the poor body condition of those birds may have infl uenced tis
sue ratios (Gabrielsen et al. 1995). In California, gulls brain:egg ratios were 0.27 with an r = 0.937 
(Vermeer and Reynolds 1970). Given the lack of data and the variability, the extrapolation from egg 
to brain has to be done with some caution and awareness that confidence intervals are large. Many 
factors could influence the relationships in any given situation, particularly the condition of the 
breeding birds and life history factors such as breeding strategies, income versus capital breeding 
for example, and diet. 

As discussed in the sublethal effects section, dieldrin, and possibly other cyclodienes, could 
affect reproduction of wild birds via mortality of adult males. The male bird may not only have a 
higher residue burden as, unlike the female, he does not deposit some portion to the eggs, but also in 
many species the male must forage to provision himself, the female and the growing young (Newton 
1998). Thus there is a risk of the male bird experiencing either overt toxicity, particularly if lipid 
stores are depleted during foraging efforts, or the more subtle anorexic effects, leading eventually 
lethal feedback process of reduced feeding and further mobilization of lipid stores and contami
nants. Concentrations of total dieldrin equivalents in eggs exceeding 1 μg/g, therefore, may be an 
indirect indicator of the exposure of male birds to brain levels sufficient to cause some anorexia, and 
thus affect foraging activity and potentially survival. 

Summary 

In birds, a diagnosis of poisoning can be made with confidence when concentrations of dieldrin 
in brain are ≥10 μg/g. In a number of laboratory studies a concentration of 4 μg/g dieldrin in 
the brain is associated with death of a proportion of birds, and given the additional stresses of a 
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field situation, it is a more protective criterion, and is recommended here (Table 13.5). Evidence 
from a number of lab and field studies suggests that dieldrin can cause cessation of feeding or 
anorexic behavior at concentrations as low as 1 μg/g in brain. Although we stress that value is 
a guideline as a cause for concern, but may be of particular value for interpretation of residues 
found in birds collected during migration or other stressful periods including reproduction. 
That rationale also can be applied to interpretation of egg residues, as the finding of greater 
than 1 μg/g dieldrin in eggs indicates a similar range of exposure of adult birds, and suggests 
that male birds in particular could be at risk given the stress of additional foraging (Table 13.5). 
Measurement of 1 μg/g dieldrin in plasma also indicates a similar value in brain and should also 
be considered as cause for concern. In juvenile owls as little as 0.1 μg/g dieldrin was associated 
with reduced survival at fl edging. 

Given the commonality of mechanism for the cyclodiene compounds and the overlap with 
the DDT compounds, we suggest use of a dieldrin toxic equivalence scheme for interpretation of 
data on mixtures of those compounds. The TEFs (Table 13.8) were derived from data on lethal 
brain residues and would be most applicable as an aid to diagnosing cause of death when a mix
ture of OC residues are measured in the brain. However, we suggest that calculation of dieldrin 
toxic equivalents using only cyclodiene residues (excluding DDTs as shell quality mechanisms 
are likely to dominate in the case of eggs) also could prove useful for interpretation of egg 
residues. The egg provides a valid metric of adult exposure and, therefore, whether adults were 
exposed to residues exceeding our suggested anorexic level, thus impairing foraging or survival 
of adult birds. We draw the readers’ attention again to the recommended criteria of 1 μg/g diel
drin or dieldrin toxic equivalents in eggs as concentration potentially indicative of effects on 
reproduction via impaired foraging or reduced adult survival. 

We have provided a summary of available criteria for other OCs (Table 13.7), which may be 
of value to interpretation of residues of HCB, mirex, and toxaphene in avian tissues. 
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14.1 INTRODUCTION 

Polychlorinated biphenyls (PCBs), polychlorinated dibenzo-p-dioxins (PCDDs), and polychlori
nated dibenzofurans (PCDFs) are structurally related families of persistent organic pollutants with 
an extensive history of bioaccumulation and toxicity in wildlife around the world. PCBs are chlori
nated aromatic hydrocarbons consisting of 209 congener variants of chlorine atoms around a biphe
nyl ring. PCBs were manufactured from the early 1930s to the mid-1980s in the developed world, 
up to the 1990s in some countries. A global ban on their use was instated in 2004, in accordance 
with the Stockholm Convention on Persistent Organic Pollutants (http://www.pops.int). PCDDs and 
PCDFs were never intentionally produced for commercial purposes. Rather, they appeared in envi
ronmental media as by-products of industrial processes, such as manufacturing of chlorophenol
based biocides and chlorine bleach pulping of wood, or during combustion, especially of plastics. 
Once their presence in the environment was identified and their toxicological signifi cance known, 
steps were taken by industry to reduce their incidental production. 

PCBs, PCDDs, and PCDFs are hydrophobic and lipophilic, thus tending to sequester to sediments 
and accumulate in fatty tissues of organisms. Environmental persistence increases with the degree 
of chlorination and toxicity is most often associated with those congeners that have a “co-planar” 
conformation (for PCBs, these are the non-ortho substituted congeners, Table 14.1). The three fami
lies produce similar toxicity responses in aquatic organisms, with the dibenzodioxin 2,3,7,8-TCDD 
considered the most potent compound (Peterson et al. 1993, Safe 1994, van den Berg et al. 1998). In 
very recent egg-injection research, it appears that this may not hold true for wild birds, as some of the 
dibenzofurans proved more embryo-lethal (Cohen-Barnhouse et al. 2010). PCBs that are not copla
nar produce responses that are not dioxin-like in their mode of action, but those responses have yet 
to be thoroughly evaluated in birds, and are treated only incidentally in this review. In this chapter, 
“dioxin-like” refers to those effects initiated through the aryl hydrocarbon receptor (AhR) (detailed 
in Section 14.2). 

Following bans on use in North America and Europe (1977–1982), environmental monitoring 
programs reported declines in bioavailability of PCBs throughout the 1990s (Gilbertson et al. 
1991, Harris et al. 1993, Bowerman et al. 1995, van den Berg et al. 1995, Hario et al. 2000). 
PCDDs and PCDFs were initially less prevalent globally in terms of environmental concentra
tions. Widespread process improvements limiting their production and environmental release 
were initiated during the mid- to late-1990s. Past reviews of PCB toxicity to avian wildlife 
described correlative associations between PCBs and reduced reproductive success found in fi eld 
monitoring studies, along with some supporting evidence for effects on embryonic development 
from egg-injection studies mainly with chicken models (Bosveld and van den Berg 1994, Barron 
et al. 1995, Hoffman et al. 1996a). Since that time, monitoring programs have continued to record 
declines in tissue burdens of PCBs and PCDDs in wild birds (Helander et al. 2002, Norstrom and 
Hebert 2006). 

As discussed by previous reviewers, it has proven difficult to determine the relative contribu
tion of PCBs to field observations of toxicity, where PCBs were and are almost always highly cor
related with a number of other contaminants, notably PCDDs, PCDFs, and organochlorine (OC) 
pesticides such as p,p′-dichlorodiphenyl trichloroethylene (-DDE), hexachlorobenzene (HCB), and 
oxychlordane (Dawson 2000, Elliott and Harris 2001, Bosveld and van den Berg 2002, Rice et al. 
2004, Bustnes 2006). Injection and in vitro studies, recently supported by data on the structure of 
the AhR, have shown that the domestic chicken (Gallus gallus) is a sensitive outlier to dioxin-like 
effects associated with exposure to PCDDs, PCDFs, and coplanar PCBs compared to most tested 
species of wild birds (Hoffman et al. 1995, 1998, Sanderson and Bellward 1995, Powell et al. 1998, 
Head et al. 2008). Previous reviewers did not find strong evidence that non-ortho PCBs were histori
cally the main contributors to poor reproductive success via embryotoxicity or other tested mecha
nisms in populations of wild birds (Dawson 2000, Bosveld and van den Berg 2002). That weak 
strength of association suggested by Dawson (2000) and Bosveld and van den Berg (2002) was in 

http://www.pops.int
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TABLE 14.1 
Proportionally or Toxicologically Dominant PCB, PCDD, and PCDF Congeners in Tissues 
of Wild Birdsa 

Congener IUPAC Number Toxic Equivalency Factor (TEF) Metabolic Pathway 

Non-ortho PCBs 
3,3′,4,4′-tetraCB  77 0.05 CYP1A4-inducer 

3,4,4′,5-tetraCB  81 0.1 CYP1A4-inducer 

3,3′,4,4′,5-pentaCB 126 0.1 CYP1A4-inducer 

3,3′,4,4′,5,5′-hexaCB 169 0.001 CYP1A4-inducer 

Mono-ortho PCBs 
2,3,3′,4,4′-pentaCB 105 0.0001 CYP1A5-inducerb 

2,3,4,4′,5-pentaCB 114 0.0001 unknown 

2,3′,4,4′,5-pentaCB 118 0.00001 CYP1A5-inducerb 

2′,3,4,4′,5-pentaCB 123 0.00001 unknown 

2,3,3′,4,4′,5-hexaCB 156 0.0001 unknown 

2,3,3′,4,4′,5′-hexaCB 157 0.0001 unknown 

2,3′,4,4′,5,5′-hexaCB 167 0.00001 unknown 

2,3,3′,4,4′,5,5′-heptaCB 189 0.00001 unknown 

Di-ortho PCBs 
2,2′,4,4′,5-pentaCB  99 — unknown 

2,2′,3,4,4′,5′-hexaCB 138 — unknown 

2,2′,3,3′,4,4′-hexaCB 153 — Possible CYP1A antagonistc 

2,2′,3,3′,4,4′,5-heptaCB 170 — unknown 

2,2′,3,4,4′,5,5′-heptaCB 180 — unknown 

PCDDs 
2,3,7,8-tetraCDD — 1.0 CYP1A4-inducer 

1,2,3,7,8-pentaCDD — 1.0 CYP1A4-inducer 

1,2,3,4,7,8-hexaCDD — 0.05 CYP1A4-inducer 

1,2,3,6,7,8-hexaCDD — 0.01 CYP1A4-inducer 

1,2,3,7,8,9-hexaCDD — 0.1 CYP1A4-inducer 

PCDFs 
2,3,7,8-tetraCDF — 1.0 CYP1A4-inducer 

1,2,3,7,8-pentaCDF — 0.1 CYP1A4-inducer 

2,3,4,7,8-pentaCDF — 1.0 CYP1A4-inducer 

1,2,3,4,7,8-hexaCDF — 0.1 CYP1A4-inducer 

1,2,3,6,7,8-hexaCDF — 0.1 CYP1A4-inducer 

1,2,3,7,8,9-hexaCDF — 0.1 CYP1A4-inducer 

2,3,4,6,7,8-hexaCDF — 0.1 CYP1A4-inducer 

a IUPAC = International Union of Pure and Applied Chemists; Toxic equivalency factors are those recommended for birds 
by van den Berg et al. 1998. 

b Kennedy et al. 1998, Head and Kennedy 2007. 
c Bosveld et al. 2000, Verhallen et al. 1997. 

part due to a lack of mechanistic studies in birds, and the complexity of ecological moderators (food 
quality, food quantity, thermal stress, etc.) on effects expressed in the fi eld. 

Since those earlier reviews, several studies have sought to clarify the influence of PCBs and other 
chlorinated hydrocarbon contaminants on the health, and specifically, the survival and productivity 
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of wild birds. Retrospective analyses of historical data using new statistical approaches, dietary 
exposure studies, an expansion of field studies to encompass altricial passerine species as well 
as semiprecocial water-birds, and attempts to find sources of the large interspecies variability in 
sensitivity to dioxin-like contaminants have contributed to a better understanding of PCB, PCDD, 
and PCDF effects in wild birds. This review attempts to collate the more recent findings of PCB, 
PCDD, and PCDF toxicity in wild birds, to propose effect thresholds and to identify high risk spe
cies groups. Although we incorporate discussions of some key findings published prior to 1996, we 
refer the reader to earlier reviews (Eisler 1986, Peterson et al. 1993, Bosveld and van den Berg 1994, 
Barron et al. 1995, Hoffman et al. 1996a) for a comprehensive analysis of earlier work. In addition, 
the emphasis in this chapter is placed on wild birds and the response complexities encountered in 
the field, thus the literature pertaining to dioxin-like toxicity in chickens has not been exhaustively 
referenced. 

Polybrominated diphenyl ethers (PBDEs) are a group of polycyclic aromatic hydrocarbons of 
more recent concern (de Wit 2002, Ikonomou et al. 2002). Widespread use as flame retardants in 
plastics, textiles, and electronics has caused a global distribution approaching that of PCBs. PBDEs 
share many chemico-structural elements with PCBs; key differences are the replacement of chlorines 
with bromines on the benzene rings and an oxygen link between the rings. Dispersal, persistence, 
and bioaccumulation patterns appear similar to PCBs (Manchester-Neesvig et al. 2001), although 
there is some indication that they do not biomagnify with trophic level in marine wildlife to the 
same degree as PCBs (Kelly et al. 2008, Elliott et al. 2009). Data on temporal trends of PBDEs in 
wild birds have followed usage patterns in various jurisdictions, first increasing until the mid-1980s 
and then decreasing in Baltic guillemots (Uria algae) (Sellström et al. 2003), and increasing rapidly 
into the early 2000s in North American and arctic wildlife with some signs of possible decline since 
2006 (Norstrom et al. 2002, Rayne et al. 2003, Elliott et al. 2005, de Wit et al. 2006, Gauthier et 
al. 2008). Although published data is limited, there is sufficient information on avian toxicity to 
suspect that PBDEs may have consequences for survival and/or reproduction of wild populations. 
PBDEs are reviewed in a separate section (Section 14.5) and tentative criteria suggested. 

14.2	 AVIAN EXPOSURE TO AND METABOLISM OF 
DIOXIN-LIKE CONTAMINANTS 

14.2.1 MEASURED VARIABILITY IN PCB AND PCDD METABOLISM 

It has long been recognized that the variability in response to PCB or TCDD exposure is consider
able, both within and among bird species. Avian toxic equivalency factors (TEFs; van den Berg 
et al. 1998) were established to quantify the magnitude of dioxin-like effects using data for the 
domestic chicken, yet we know that the chicken is considerably more sensitive to dioxin-like con
taminants than most wild birds (Sanderson and Bellward 1995, Kennedy et al. 1996, Hoffman et al. 
1998, Head et al. 2008). Also, metabolic activation within individual birds of a single species is 
apparently triggered across a wide range of hepatic tissue values (Sanderson et al. 1998). Although 
those elements of variability were recognized some time ago, mechanistic studies exploring the root 
causes of variable sensitivity only began in earnest in the late 1990s with an expanded application 
of molecular techniques. 

Studies of metabolic pathways for dioxin-like contaminants in birds have focused on actions 
mediated by the AhR. PCDDs, PCDFs, non-ortho and some mono-ortho PCBs produce dioxin-like 
toxicity, presumably through cellular activity subsequent to binding with the AhR, the first (phase I) 
step in TCDD metabolism (Whitlock 1999). AhR binding alters transcription rates of dioxin-
responsive genes, and the most studied of those, the cytochrome P4501A (CYP1A) genes, have been 
applied as markers of PCB, PCDD, and PCDF exposure. Avian CYP1A isoforms sensitive to diox
in-like compounds have been classified as CYP1A4 and CYP1A5, distinct from mammalian iso
forms (Gilday et al. 1996, Mahajan and Rifkind 1999). CYP1A4 induction is commonly measured 
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as hepatic ethoxyresorufi n-O-deethylase (EROD) or aryl hydrocarbon hydroxylase (AHH) activi
ties, whereas CYP1A5 induction may be measured as arachidonic acid metabolism or as a cellular 
accumulation of porphyrins (via uroporphyrinogen oxidation). 

There is some evidence that the relative potential of CYP1A to be induced in wild birds may 
also be indicative of species’ sensitivity to PCB toxicity. One study suggests that the magnitude 
of in vitro EROD induction is predictive of  in ovo CB-77 embryotoxicity in several species of 
Galiiformes and herring gulls (Kennedy et al. 1996). Another showed two orders of magnitude 
variation in hepatic in ovo EROD-inducing potency of TCDD among hatchlings of chicken, pigeon 
(Columba livia), great blue heron (Ardea herodias), and double-crested cormorant (Phalacrocorax 
auritus), which was predictive of hatchling viability (Sanderson and Bellward 1995). Interspecies 
variability in metabolic response to PCB exposure may be partially related to differences in the 
AhR molecular structure and to differences in preferential induction of CYP1A isoforms (Head 
2006, Karchner et al. 2006, Head and Kennedy 2007, Yasui et al. 2007). 

DNA cloning and sequencing work has identified amino acid differences in the ligand binding 
domain (LBD) of the AhR that were broadly predictive of species’ sensitivity to dioxin-like con
taminants (Head 2006, Karchner et al. 2006, Head et al. 2008). Karchner et al. (2006) showed that 
amino acids isoleucine-324 and serine-380 in the high affinity chicken receptor are replaced by 
valine-325 and alanine-381 in the lower affinity (by 7-fold) common tern (Sterna hirundo) receptor, 
and that those substitutions caused reductions in in vitro transactivation by the tern AhR. Further 
sequencing studies of the AhR LBD in other species confirm that those amino acid differences 
are predictive of binding affinity and species’ sensitivity differences in a number of wild birds 
(Table 14.2). Of the species sequenced, the Galiiformes (primarily upland game birds), eastern 
bluebird (Sialia sialis), and black-footed albatross (Phoebastria nigripes) show an intermediate sen
sitivity to dioxin-like compounds, while other wild birds appear relatively insensitive (Head 2006, 
Yasui et al. 2007, Head et al. 2008). 

Other recent DNA sequencing of AhRs in black-footed albatross and common cormorant 
(Phalacrocorax carbo) suggest that birds also have two AhR isoforms, a mammalian-like AhR1, 
which appears to be the dominant form, and a fish-like AhR2 (Yasui et al. 2007). Variability in 
induction of AhR2 may further explain species’ response variability to PCBs. 

Differential sensitivity of species to dioxin-like toxicity may also be linked to preferential induc
tion of the two CYP1A isoforms. Kennedy et al. (2003) showed that hepatic EROD activity was not 
significantly correlated with total PCB concentrations in herring gull livers, and identifi ed studies 
with other gull species that also found no relationship between PCBs and EROD (glaucous gulls 
Larus hyperboreus, Henriksen et al. 2000; black-headed gulls L. ridibundus, Fossi et al. 1986; 
black-tailed gulls L. crassirostris, Yamashita et al. 1993). In vitro investigations of CYP1A4 and 
CYP1A5 mRNA expression indicate that the apparent insensitivity to EROD induction by PCBs in 
gulls may relate to preferential induction of the non-EROD-inducing isoform, CYP1A5. Head and 
Kennedy (2007) found that TCDD-related induction and stability of the two CYP1A isoforms are 
differentially regulated in chicken and herring gull, and that CYP1A5 is preferentially induced in 
herring gull. This suggests that CYP1A5-regulated toxicity pathways, including porphyria, may 
be the most relevant for herring gull exposed to PCBs. The relative expression of CYP1A isoforms 
in mRNA of wild bird species is, therefore, another means of predicting high-risk species and the 
species-specific metabolic pathways of key interest. 

Studies of CYP1A induction in PCB-exposed adult wild birds have frequently reported extreme 
variability in response among individuals of the same population and among subpopulations (Davis 
et al. 1997, Hilscherova et al. 2003, Head 2006). An analysis of EROD activity in primary hepato
cytes of chicken, herring gull, ring-billed gull, double-crested cormorant and Forster’s tern (Sterna 
forsteri) exposed to TCDD found that differences in sensitivity among individuals of the same spe
cies could be as large as the average differences among the tested species (Sanderson et al. 1998). 
Head (2006) found 20-fold and 125-fold variability in basal expression of CYP1A4 and CYP1A5 
among 55 herring gull embryo hepatocyte cultures. In addition, a proportion of in vitro embryo 
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TABLE 14.2 
Genotypes for the AhR Ligand Binding Domain (LBD) in Wild Birdsa 

Predicted Sensitivity to 
Order and Species Common Name Genotype Dioxin-Like Toxicity 

Anseriformes 
Aix sponsa Wood duck TTTVKA Insensitive 

Somateria mollissima Common eider TTTVKA Insensitive 

Charadriiformes 
Larus argentatus Herring gull ATTVKA Insensitive 

L. delawarensis Ring-billed gull ATTVKA Insensitive 

Sterna hirundo Common tern ATTVKA Insensitive 

Uria lomvia Thick-billed murre ATTVKA Insensitive 

Ciconiiformes 
Ardea herodias Great blue heron AATVKA Insensitive 

Falconiformes 
Falco sparverius American kestrel ATTVKA Insensitive 

Haliaeetus leucocephalus Bald eagle ATTVKA Insensitive 

Pandion haliaetus Osprey ATTVKA Insensitive 

Galiiformes 
Gallus gallus Chicken AATIKS Highly sensitive 

Coturnix japonica Japanese quail AATVKA Insensitive 

Phasianus colchicus Ring-necked pheasant TAIIKA Intermediate sensitivity 

Meleagris gallopavo Turkey TAIIKA Intermediate sensitivity 

Lagopus lagopus Willow ptarmigan AAIIKA Intermediate sensitivity 

L. mutus Rock ptarmigan AAVIKA Intermediate sensitivity 

Bonasa umbellus Ruffed grouse AAIIKA Intermediate sensitivity 

Passeriformes 
Tachycineta bicolor Tree swallow ATTVEA Intermediate sensitivity 

Pelecaniformes 
Phalacrocorax auritus Double-crested cormorant ATTVKA Insensitive 

P. carbo Common cormorant ATTVKA Insensitive 

Procellariiformes 
Phoebastria nigripes Black-footed albatross ATTIKA Intermediate sensitivity 

a Genotype refers to the 6 amino acids in the LBD: A = Ala (alanine); E = Glu (glutamic acid); I = Ile (isoleucine); K = Lys 
(lysine); S = Ser (serine); T = Thr (threonine); V = Val (valine); residue sequence positions are 256, 257, 297, 324, 341 and 
380 of the chicken LBD. 

Sources:	 Reproduced from Head, J.A. Variation in the cytochrome P4501A response to dioxin-like compounds in avian 
species. PhD dissertation, University of Ottawa, Ottawa, ON, 2006. 
From Yasui, T. et al., Toxicol. Sci., 99, 101–117, 2007. 
Reproduced from Head, J.A. et al., Environ. Sci. Technol., 42, 7535–7541, 2008. 

cultures appear nonresponsive in all cases, ranging from 8% to 40% of individuals tested (Davis 
et al. 1997, Sanderson et al. 1998, Head 2006). 

Sources of variation in CYP1A response among individuals of a species may be related to previ
ous maternal or direct exposure to inducing contaminants, or to genetic differences associated with 
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acquired resistance. Head et al. (2006) found that chicken in ovo exposure to CB-126 increased the 
CYP1A mRNA response to TCDD in vitro at concentrations of 0.8 and 1.6 µg/kg CB-126, but not 
at the environmentally relevant concentration of 0.4 µg/kg. That suggests there is a threshold for 
embryonic exposure, above which subsequent responses of the individual to dioxin-like contami
nants would be enhanced. However, Bosveld et al. (1995) did not find any evidence for pre-induction 
of CYP1A in ovo in two colonies of common tern, a species that appears relatively insensitive 
to dioxin-like contaminants (Hoffman et al. 1998). Although there is a suggestion that history of 
exposure may have been a factor in individual responses when environmental contamination with 
dioxin-like contaminants was higher, it is unlikely that this source of variability is relevant today for 
wild birds, except those inhabiting highly contaminated sites. 

Head (2006) also found limited evidence for genetic differences in CYP1A mRNA expression 
among subpopulations of herring gulls. A reproductively isolated and relatively uncontaminated 
Atlantic population of herring gulls expressed significantly higher basal levels of CYP1A4 and  
CYP1A5 than two Great Lakes colonies, while also containing a greater proportion of individu
als that were effectively nonresponsive to TCDD exposure. It is still unclear whether this apparent 
differential expression of CYP1A would equate to genetic resistance in historically contaminated 
subpopulations of herring gull. 

Papp et al. (2005) similarly identified genetic variability in basal CYP1A expression among tree 
swallows from a single breeding population along the northern shore of Lake Erie. They found a 
positive correlation between hatching date and EROD activity, independent of the signifi cant asso
ciations between PCBs and both biological parameters. Laying date is used as a measure of parental 
fitness in wild birds (Wardrop and Ydenberg 2003). 

Gender of breeding birds also appears to explain some of the variability in PCB metabolism 
among cohorts. Breeding females transfer some of their tissue contaminant burden to their eggs, 
and recent work with glaucous gulls suggests that maternal transfer favors the less persistent conge
ners (Verreault et al. 2006a). In a small passerine, the blue tit (Cyanistes caeruleus), however, when 
whole body burdens of PCBs, rather than maternal blood measurements, were compared to eggs, 
maternal transfer favored the more bioaccumulative and persistent compounds (Van den Steen et 
al. 2009). In predatory birds, there may also be differences in foraging patterns between the sexes 
that leads to variable congener patterns. For instance, male gulls may prey more on other seabirds 
and their eggs than females who show a greater reliance on fish (Verreault et al. 2006b). Despite the 
recognition that gender may alter the expression and regulation of CYP1A enzymes (Sanderson et 
al. 1997) we are not aware of published works that evaluated that source of variability. 

There is some evidence that toxicokinetic interactions among PCB congeners may alter CYP1A 
induction in birds. Bosveld et al. (2000) fed common tern hatchlings a diet contaminated with 
CB-126 and found that the lowest-observed-effect-level (LOEL) for CYP1A induction was increased 
when an additional dosage of the di-ortho CB-153 was added. They suggested that CB-153 may act 
as an antagonist of CYP1A induction in terns and possibly other species. van den Berg et al. (1994) 
had also previously reported similar interactions between CB-153 and TCDD. 

14.2.2 ROUTES OF EXPOSURE AND CONGENER PATTERNS IN AVIAN TISSUES 

The availability of some PCB congeners appears to have changed since restrictions on use were 
imposed, as has the relative tissue burden of total PCBs compared to DDE, PCDDs, and PCDFs. 
Two retrospective analyses of long-term egg monitoring datasets suggest that higher chlorinated 
congeners have gradually increased as a proportion of total PCBs. Eggs of white-tailed sea eagle 
(Haliaeetus albicilla) collected in Sweden from the 1970s to the 1990s contained increasingly greater 
contributions from the higher chlorinated PCBs, with the inflection point occurring around CB-138 
(Helander et al. 2002). Similarly, reanalyses of archived herring gull (Larus argentatus) eggs col
lected in the Great Lakes from 1971 to 1982 found a progressive shift in the congener pattern toward 
higher chlorinated PCBs (Norstrom and Hebert 2006). However, the relative contribution of CB-126 
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in both instances did not change over time, and the toxic potency of tissue burdens, as measured by 
TEQs, decreased in parallel with total PCBs. Hence, those long-term monitoring programs found no 
evidence for selective enrichment of PCBs during environmental weathering as had been suggested 
previously (Jones et al. 1993, Giesy et al. 1994, 1995), other than that associated with variable, 
congener-specific rates of biotic metabolism. 

Species’ differences in PCB congener pattern appear to be strongly influenced by the source 
of PCBs more so than varying metabolic capacities (Custer and Read 2006). Congeners 153, 138, 
and 180 dominated avian tissues collected from diverse locations and taxonomic groupings: tree 
swallows (Tachycineta bicolor) from Massachusetts (Custer and Read 2006), dippers from Wales 
(Cinclus cinclus; Ormerod et al. 2000) and western Canada (C. mexicanus; Morrissey et al. 2005), 
starlings (Sturnus vulgaris) from Illinois (Arenal et al. 2004), albatrosses (Procellariiformes) in 
the North and South Pacific (Guruge et al. 2001), various pelagic seabirds from the North Pacifi c 
(Elliott 2005); cormorants (Phalacrocorax aristotelis) from Norway (Murvoll et al. 2006a), black 
guillemots (Cepphus grylle) from Labrador (Kuzyk et al. 2003), and terns, shorebirds, and pas
serines from India and Russia (Kunisue et al. 2003) were among others. Other congeners such as 
CBs 118, 99, 105, 187, 170, and 31 vary in dominance according to source (e.g., Aroclor 1254, 1260, 
Clophen A50, Sovol or other; see Table 14.1 for a list of common congeners) and possibly, to a lesser 
extent, also species and trophic properties (Elliott et al. 1996a, 2000, Hebert et al. 1999, Kunisue et 
al. 2003, Custer and Read 2006). 

PCDD and PCDF congener patterns in wild birds are broadly indicative of the dominant sources 
for those by-products in the environment. In intensively industrialized regions where combustion is 
the prevalent source, and at sites of chlorophenol manufacturing, the avian tissue pattern is domi
nated by TCDD, OCDD, and OCDF (Hebert et al. 1994, Custer et al. 2005). Conversely, in wild 
birds that forage in pulp mill discharge zones, the pattern is dominated by PnCDD and HxCDD 
congeners (Elliott et al. 1996a, 1998, 2001a, 2001b, Harris et al. 2003). 

Stable isotope studies have proven useful in identifying ecological factors that infl uence exposure 
to PCBs, particularly food web structure and migration patterns (Sagerup et al. 2002, Morrissey et al. 
2004, Hebert and Weseloh 2006). Retrospective analyses of stable nitrogen isotopes and fatty acids in 
herring gull eggs from the Great Lakes demonstrated the key role of food web structural changes on 
exposure patterns (Hebert and Weseloh 2006, Fox et al. 2007a). The food web, altered by declining 
populations of native invertebrate prey of lake trout (Salvelinus namaycush) and increasing numbers 
of exotic bivalves and fi shes, influenced the true rate of decline of PCBs in the herring gull population 
such that it was slower than previously calculated. Carbon and nitrogen isotope analyses have also 
been used to examine intraspecies variability in contaminant levels associated with feeding ecology. 
Individual American dipper eating a higher proportion of salmon fry than invertebrates (Morrissey et 
al. 2004) and glaucous gull eating a higher proportion of seabird eggs than fish (Sagerup et al. 2002) 
contained greater tissue burdens of PCBs than their cohorts. In the case of the breeding glaucous 
gulls in the western Barents Sea, individual food preference determined from stable isotope signa
tures could explain up to 18% of the variation in OC concentrations (Sagerup et al. 2002). 

Application of new statistical approaches, and molecular and ecological methodologies have 
refined our knowledge of metabolic and exposure pathways for wild birds. Further application of 
those techniques should help to identify species, populations, and even subpopulations most at risk 
from exposure to point sources of PCBs, PCDDs, and PCDFs. 

14.3 EFFECTS ON REPRODUCTION 

Most studies on the effects of PCBs and dioxins in wild birds have focused on reproductive outcomes. 
However, most study designs did not permit the discrimination of mechanism for effects observed, 
whether via embryotoxicity, alterations in parental reproductive effort, compromised nestling fi tness 
or a complexity of multiple mechanisms (Barron et al. 1995, Hoffman et al. 1996a). Here, we exam
ine the weight of evidence for which effects were and continue to be most clearly associated with the 
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PCB, PCDD, or PCDF content in environmental contaminant mixtures. Where the weight of evidence 
allows, we suggest threshold values for different tissues and endpoints in the section Summary. 

14.3.1 REPRODUCTIVE EFFORT 

14.3.1.1 Parental Behavior 
A few early studies suggested a parental behavior component to PCB effects on wild birds, but 
the response patterns were inconsistent among species, and logistical limitations often precluded 
robust field studies (Peakall 1996). Ringed turtledoves (Streptopelia risoria) dosed chronically with 
10 ppm Aroclor 1254 in their diet (resulting in brain residues of 5.5 µg/g) exhibited reduced nest 
attentiveness and subsequent increased egg mortality from thermal stress (Peakall and Peakall 
1973). However, other dietary dosing studies with captive mallards (Anas platyrhynchos) and wild 
Atlantic puffi n (Fratercula arctica) did not find similar behavioral responses at comparable egg 
concentrations (dove egg = 16 µg/g, mallard egg = 23 µg/g, puffin egg = >10 µg/g; Custer and Heinz 
1980, Haseltine and Prouty 1980, Harris and Osborn 1981). In the field, reduced nest attendance was 
considered to contribute to poor reproductive success in herring gull and Forster’s tern populations 
in the Great Lakes during the 1970s and 1980s (Fox et al. 1978, Peakall et al. 1980, Kubiak et al. 
1989). In those early studies in the Great Lakes, it was very difficult to isolate and identify criti
cal variables in terms of both contaminants of greatest concern and principal pathways for effect, 
because the environmental contamination was so extreme and multifaceted. It is highly probable 
that multiple mechanisms were in play during that time. 

An expansion of research to include more species of altricial birds, where young are more depen
dent on parents over a longer period of development, has enabled analysis of a greater range of 
behavioral endpoints. Those findings are summarized in Table 14.3. The exact mechanisms driv
ing behavioral responses remain unclear (endocrine-disrupting, neurological or generic stress), but 
altered parenting behavior has been observed and statistically supported during courtship, egg-
laying and incubation phases with PCB exposure in some birds. Asynchrony in parental duties and 
a preponderance of abnormal behaviors in the male birds were seen in a number of studies. 

Prenesting behaviors, including nest-building and courtship interactions among males and females 
may be affected by PCB exposure in some species. Captive American kestrel (Falco sparverius) males 
and females fed on cockerels spiked with Aroclors 1248:1254:1260 (1:1:1 by weight) from one month 
prior to pairing through until hatching (7 mg/kg body weight/day or 3.8 µg/g in plasma at dose termi
nation) exhibited a suite of altered breeding behaviors (Fisher et al. 2001, 2006, Fernie et al. 2001b, 
2003a). Exposed males exhibited a significant increase in the number of aerial display and sexual  
behaviors compared to control males, with no corresponding increase in copulation or mounting fre
quencies (Fisher et al. 2001). In a quarter of exposed pairs (6 of 24 pairs), aggressive courtship interac
tions or a lack of any courtship behaviors were reported (Fernie et al. 2003a). When aggressive birds 
were replaced with other exposed birds, the majority of the new pairs (96%) went on to lay eggs. 

During laying and incubation phases, those same kestrels displayed a number of differences in 
the frequency, duration, and timing of normal behaviors. Once again, the majority of disruptions 
occurred in males. Clutch initiation was significantly delayed in PCB-exposed pairs, the incubation 
period was extended, and 8% of pairs (vs. no controls) abandoned the clutch before hatching (Fernie 
et al. 2003a, Fisher et al. 2006). PCB-exposed males contributed significantly less time to incuba
tion duties than control males (Fisher et al. 2006). Coordination of incubation recesses was also 
affected, as males were more likely to be late in returning to the nest for a switch of duties. Some 
of those effects were reported again in second generation breeding kestrels exposed in ovo. Delays 
in clutch initiation of about 5 or 3 days were seen in pairs with an in ovo-exposed female or male, 
respectively (Fernie et al. 2001a). One quarter of in ovo-exposed females failed to lay a clutch of 
eggs (Fernie et al. 2001a). 

Captive zebra fi nch (Taeniopygia guttata) females exposed to a total 40 µg Aroclor 1248 through 
oral gavage in 4 pulse doses administered over 16 days prior to pairing laid eggs with 0.2 µg/g 
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ΣPCBs (Hoogesteijn et al. 2005). Those birds produced a greater number of clutches and nests 
constructed. Finches also exhibited an extended (by 7 days on average) incubation phase, similar to 
the dietary dosed kestrels. 

Recent field studies have also attempted to assess effects of PCBs on parental breeding behavior 
during the nest-building and incubation phases. Nest box studies of tree swallows breeding along a 
PCB-contaminated stretch of the Hudson River (New York) reported abnormal nest-building, with 
small, low quality nests predominant (McCarty and Secord 1999a). Other tree swallows nesting 
near a sewage treatment plant in Vancouver (British Columbia) also built smaller nests with looser 
weaves than cohorts at a reference site (Dods et al. 2005). European starlings using nest boxes at 
a PCB-contaminated superfund site in the Crab Orchard National Wildlife Refuge in Illinois fre
quently failed to complete nest-building. Only 9% of the nests initiated were completed to full cup 
stage, as compared to a completion rate of 57–69% at other sites (Arenal et al. 2004). Incidences of 
nest abandonment and egg burial during incubation were elevated in the Hudson River (NY) popu
lation of tree swallows previously shown to exhibit abnormal nest-building behavior (McCarty and 
Secord 1999a, 1999b). However, site differences were apparent in only one of two study years. Tree 
swallows from a broadly contaminated stretch of the Kalamazoo River (Michigan) showed higher 
rates of nest abandonment than swallows from a reference location; however, egg burial was wit
nessed at both Michigan sites and was not always a precursor to abandonment (Neigh et al. 2006), 
as had been seen in the New York populations. Tree swallows nesting downstream of pulp mills 
and contaminated with PCDDs and PCDFs exhibited increased rates of nest abandonment during 
a one-season study along the Fraser River (British Columbia), but sample sizes were insuffi cient to 
distinguish between ecological and contaminant effects (Harris and Elliott 2000). Starlings breed
ing at a superfund site also experienced an increased rate of nest abandonment during incubation in 
some but not all years (McKee 1995, Arenal et al. 2004). 

Male and female glaucous gulls from breeding colonies in the Norwegian north Atlantic showed 
signifi cant associations between time absent from the nest and blood concentrations of total PCBs 
(Bustnes et al. 2001). Incubation time was not noticeably affected by PCB contamination, but atten
dance at the nest site by the nonincubating partner was reduced as circulating PCBs increased; 
incubating glaucous gull pairs take turns guarding the nest site against threats from predators and 
con-specifics. Female absences were longer and more frequent than male absences, but those gender 
differences could be at least partly explained by gender-specific foraging patterns. DDE and other 
persistent contaminants were present in gull blood, although PCB concentrations were fi ve times 
greater than those of DDE (Bustnes et al. 2001, 2003). 

Great black-backed gulls (Larus marinus) also from the Norwegian north Atlantic showed delays 
in clutch initiation associated with female blood levels of several contaminants, including PCBs but 
with HCB concentration being the best predictor of laying date (Helberg et al. 2005). Females with 
higher contaminant levels, particularly oxychlordane and DDE, also appeared at greater risk of 
nest predation from corvids. Higher contaminant concentrations in eggs were also related to longer 
incubation periods or delayed hatching in south polar skua (Bustnes et al. 2007) and in artifi cially 
incubated common tern (Bosveld et al. 1995). 

Attempts to evaluate parental attentiveness during the chick rearing phase provided limited evi
dence for a PCB effect. Tree swallows feeding young along a contaminated section of the Kalamazoo 
River (Michigan) made significantly fewer visits to nest boxes than their counterparts in a reference 
area, but only during one of three consecutive breeding seasons (Neigh et al. 2006). In one breed
ing season, starlings rearing chicks in boxes within a PCB-contaminated superfund site (Illinois) 
made fewer foraging trips than parents in a nearby reference population, but only during part of 
the rearing phase. During days 1–5 after hatch, there were no differences among nest box sites in 
starling adult provisioning behavior; however, provisioning dropped significantly at the PCB site 
during days 6–15 after hatch (Arenal et al. 2004). Those starling adults from the contaminated site 
also exhibited poor avoidance behavior, frequently sitting on the roofs of the nest boxes and easily 
captured by researchers. 
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The comparison of results between laboratory and fi eld studies is exacerbated by a lack of con
sistency in tissue residues analyzed. In a few instances, one can compare whole egg or adult plasma 
values. Parental behavioral effects observed in laboratory studies on kestrels and zebra fi nches 
occurred where subsequent egg PCB concentrations ranged between 0.2 and 34 µg/g wet weight 
(Hoogesteijn et al. 2005, Fisher et al. 2006). Similar observations in the fi eld in Forster’s tern, tree 
swallows and starlings occurred where eggs contained 5.1–29.5 µg/g ΣPCBs (Kubiak et al. 1989, 
McCarty and Secord 1999a, Arenal et al. 2004, Neigh et al. 2006). Effects observed in captive 
adult kestrels occurred at plasma concentrations of 3.8 µg/g  ΣPCBs (Fisher et al. 2001, 2006), 
whereas those observed in wild gulls occurred at 0.2–2.2 µg/g ΣPCBs (Verreault et al. 2006b). In all 
other instances, residues cannot be directly compared using published values. Despite those logistic 
restrictions in comparative capacity, the concentration ranges described in field and laboratory stud
ies appear quite similar. In future studies, consistent measurement of residues in adult blood, brain, 
and liver tissues for examination of parental behavior effects would greatly increase the capacity for 
cross-study comparisons. 

The root causes for the aberrant parenting behaviors identified during laboratory and fi eld stud
ies remain unclear; many of the authors speculated effects on endocrine, neurological, or generic 
physiological stress pathways. The evidence for endocrine disruption provided by a small number 
of corresponding circulating hormone analyses is equivocal and hampered by design diffi culties 
associated with the normal, rapid cycling of steroid hormones during the prenesting and incubation 
phases of breeding. 

The adult male kestrels exposed to food contaminated with Aroclors 1248:1254:1260 prior to and 
during pairing (that resulted in plasma concentrations of 3.8 µg/g ΣPCBs, Fernie et al. 2001b) con
tained circulating total androgen levels similar to control males on day 7 after pairing (Fisher et al. 
2001). Similarly, the exposed females in the study contained circulating 17β-estradiol levels similar 
to control females. Since the timing of those analyses corresponded to the peak period of behavioral 
anomalies, there was little evidence that the anomalies were the direct result of hormonal disrup
tion. Also, Quinn et al. (2002) found no differences in circulating levels of estradiol in female and 
male American kestrels orally dosed with Aroclor 1242; however, the timing of their assessments, 
from egg-laying onward, did not correspond to the normal peaks in circulating hormones (during 
courtship activities) and basal levels in individuals were so low that many were not quantifi able. 

Verreault et al. (2006b) measured the circulating levels of testosterone, 17β-estradiol, and pro
gesterone in incubating glaucous gulls from the Norwegian population previously shown to exhibit 
reduced nest site attentiveness (Bustnes et al. 2001; though hormone tests were conducted during 
a different breeding season). They found no differences in testosterone or estradiol associated with 
varying contaminant burdens in blood; that was not unexpected, as blood concentrations of those 
hormones rapidly return to basal levels at the onset of incubation. However, progesterone levels 
in males were strongly positively related to a number of contaminants, including PCBs, DDTs, 
and PBDEs, suggesting potential interference with steroidogenesis in male but not female birds 
(Verreault et al. 2006b). 

There has also been speculation that altered nest attentiveness may have a physiological basis in 
hyperthyroidism (Hoogesteijn et al. 2005). Quinn et al. (2002) detected depressed circulating levels 
of thyroxine (T4) in female American kestrels dosed with Aroclor 1242 from the egg-laying phase 
throughout breeding; male T4 was also lower in exposed birds relative to controls, but not signifi 
cantly so. Behavioral markers were not assessed in those birds. Effects of PCBs on the developing 
thyroid system in embryos and nestlings have been reasonably well studied (see Section 14.3.2.5), 
but changes in adult thyroid function have not been comprehensively assessed (see Section 14.4) 
with the possible exception of herring gull populations in the Great Lakes. PCB-associated reduc
tions in T4 were observed in thyroid gland tissue of adult herring gulls, but not in plasma (McNabb 
and Fox 2003). Nonetheless, studies that measure thyroid function relative to breeding behavior 
in adult birds were not found in the published literature, and thus the potential mechanistic link 
between thyroid and nest attentiveness cannot be adequately evaluated. 
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Early laboratory studies drew a tentative link between abnormal parenting behavior and central 
nervous system effects of PCBs, but little follow-up of this neurological mechanism has occurred. 
Brain dopamine and norepinephrine were reduced in ringed turtle doves exposed to Aroclor 1254 
and correlated to PCB residues in the brain (Heinz et al. 1980). Affected doves contained brain tis
sue PCBs of 2.8 µg/g wet weight. 

Offspring of the zebra finch study reported earlier (dosed orally with 4 doses totalling 40 µg 
Aroclor 1248 and resulting in 0.19 µg ΣPCBs/g ww in eggs) also exhibited changes in the brain as 
a result of their in ovo exposure. Male and female 50-day-old offsprings had signifi cantly smaller 
robustus arcopallialis centres in the brain, an area that is critical for song production in birds 
(Hoogesteijn et al. 2008). The authors suggested that PCBs were producing hormonally mediated 
neurological damage similar to that reported for robins exposed to DDT (Iwaniuk et al. 2006). 

Where genders were evaluated independently, observed effects were frequently male-biased, 
suggesting male physiological processes may predispose them to PCB-induced behavior alterations. 
Bird et al. (1983) reported that sperm numbers declined by up to 27% per ejaculate in male kestrels 
exposed to 9–10 mg/kg body weight/day Aroclor 1254 in their diet (resulting in PCB concentrations 
in the testes and liver of 128 and 92 µg/g lipid weight, respectively). That implies a physiological 
problem with fertility in males that may or may not be related to male behavior patterns. Delays in 
clutch initiation may also be linked to effects in males if they failed to stimulate their mate’s hor
monal triggers for egg-laying (Fisher et al. 2006). Alternatively, delays may be related to effects on 
female ovulation or follicular development (Rattner et al. 1984) or the result of a complex combina
tion of effects on both males and females (Fernie et al. 2001b). 

Discrepancies in expression of behavioral effects among studies may be related in part to species 
differences in sensitivity and variation in exposure to specifi c congeners. Expression of behavioral 
breeding abnormalities in exposed kestrels during the season of exposure but not in the same indi
viduals during their subsequent breeding year lead Fernie et al. (2003a) to postulate that the rapidly 
metabolized, less persistent PCB congeners (Drouillard et al. 2001) may have been responsible 
for the majority of those effects. That theory draws some support from studies of osprey (Pandion 
haliaetus) and bald eagle (Haliaeetus leucocephalus) which showed that exposure to PCDDs and 
PCDFs (similar in toxicity to persistent PCBs) was not directly associated with poor parental pro
visioning (Woodford et al. 1998, Gill and Elliott 2003). Although increased rates of nest abandon
ment have been seen in great blue herons and tree swallows exposed to elevated PCDDs and PCDFs 
(Harris and Elliott 2000, Elliott et al. 2001b, Gill and Elliott 2003), the evidence for cause–effect 
could not be established given the compounding presence of ecological stressors such as limited 
food supply and bad weather. 

14.3.1.2 Clutch Size 
Clutch sizes typically show a broadly modal distribution in populations of wild birds, and changes 
in the median can be difficult to detect in a small to moderate sample of the population. Captive 
breeding and nest box study designs help to overcome some of the logistical diffi culties encountered 
with this measure of parental reproductive effort. 

Results of captive breeding trials suggest that PCB exposure of adults early in breeding may both 
increase the normal variability in clutch size and lead to modest reductions in median size. Clutch 
size ranged from extreme lows to extreme highs in American kestrel exposed to an Aroclor mixture 
that produced egg concentrations of 34 µg/g ΣPCBs (one to eight eggs; Fernie et al. 2003a) and in 
zebra fi nch exposed to Aroclor 1248 that produced egg concentrations of 0.2 µg/g ΣPCBs (zero to 
eighteen eggs compared to a control range of 4 to 15 eggs; Hoogesteijn et al. 2005). Clutch sizes 
were smaller on average for kestrel pairs directly exposed to Aroclors and for pairs with one second 
generation in ovo-exposed individual (Fernie et al. 2001a, 2001b). Only the effect in in ovo-exposed 
pairs was signifi cant. 

Most field studies reporting clutch sizes did not find relationships with tissue burdens of PCBs 
or other dioxin-like contaminants (glaucous gulls, Bustnes et al. 2003; great black-backed gulls, 
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Helberg et al. 2005; wood ducks, White and Seginak 1994; European dippers, Ormerod et al. 2000; 
tree swallows, Custer et al. 1998, 2003; European starlings, Arenal et al. 2004). Tree swallow clutch 
sizes were smaller in a contaminated Michigan population in two of three seasons relative to refer
ence values (Neigh et al. 2006), whereas McCarty and Secord (1999b) reported incidences of super
normal clutches in a contaminated New York population of tree swallows (Table 14.3). 

14.3.1.3 Secondary Sexual Characteristics 
Plumage color in mature birds has been evaluated as another marker of effects on reproductive effort 
in adults. Plumage in wild birds is a secondary sexual characteristic and brightness is correlated 
with health (low levels of pathogens and parasites) as well as high fertility of males (Palokangas 
et al. 1994, Wiehn 1997). One study of American kestrels found no effect of PCBs on plumage, 
while another found age- and gender-specific effects that varied seasonally. Where male and female 
adult kestrels were dosed with Aroclor 1242 (6–60 mg/kg) in feed from 1 week before egg-laying 
until the end of their autumn molt, there was no effect on color of secondary tail and wing fl ight 
feathers at the time of molt (Quinn et al. 2002). Where juvenile and adult kestrels of both sexes were 
dosed with Aroclor 1254:1248:1260 (7 mg/kg body weight/day, 3.8 µg/g ΣPCBs in male plasma) in 
feed from 1 month prior to pairing until hatching of young by adult pairs, there was a complexity 
of significant effects on plumage color and carotenoid concentrations (Bortolotti et al. 2003). Color 
of ceres and lores and plasma carotenoids were evaluated at pairing and courtship for adults, at 
fl edging for juveniles, and again in winter for both age groups. PCB-exposed males were duller in 
color than control males during the critical period of courtship. Control females lost color during 
courtship, as expected when carotenoids are being diverted to developing ovaries; however, PCB-
exposed females maintained color over the same period, suggesting that they may not have been 
physiologically prepared for breeding (Bortolotti et al. 2003). During winter months, the brightest 
individuals were PCB-exposed juveniles. The authors contend that the significant effects on plum
age and carotenoids were consistent with endocrine disruption, although the mechanism of action 
remains unclear. Certainly, timing of exposure appears to be critical for the expression of altered 
pigmentation. 

In fi eld studies, subadult female tree swallows from nest box sites along the PCB-contaminated 
Hudson River (New York) showed color plumage patterns similar to adult females (Table 14.3; 
McCarty and Secord 2000). Tree swallow subadult females normally exhibit a dull brown plumage 
in comparison to the blue–green colors of mature females; 46% of female subadults from Hudson 
River exhibited blue–green plumage on the back, compared to a normal rate of approximately 15%. 
Again, the authors contended that precocious pigmentation was consistent with endocrine disrup
tion, but the underlying mechanism could not be identifi ed. 

14.3.2 EARLY DEVELOPMENT 

A key point of debate regarding PCB, PCDD, and PCDF toxicity has been the relative contribution 
of intrinsic in ovo effects to the overall reproductive success of wild birds. Factors intrinsic to the 
egg may relate to nutritional quality or hormonal triggers for development, as well as acute toxic
ity to developing embryos. This section discusses the evidence for effects of PCBs and dioxin-like 
contaminants on egg quality, hatching success, rate of deformity in embryos and hatchlings, and 
nestling fitness prior to fledging. Table 14.4 provides a summary of the fi ndings. 

There also remains the complex issue of delayed effects on mature wild birds resulting from early 
exposure to TCDD-like compounds in ovo or during chick growth. It has been posited independently 
by a number of researchers that exposure of embryos or even chicks to xenobiotics during critical 
developmental windows may have consequences on later development of neural and reproductive 
systems, where there are timed releases of hormones. This “delayed response” scenario might occur 
at doses much lower than are toxic from direct exposure of adult animals (Peterson et al. 1993, 
Dawson 2000, Brunström et al. 2003, Giesy et al. 2003). There is evidence from mammalian studies 
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that in utero or lactational exposure to TCDD or PCBs affects neuro-endocrine and sexual devel
opment (Peterson et al. 1993, Dickerson and Gore 2007, Steinberg et al. 2008). Investigations on 
birds have focused primarily on the possible estrogenic or antiandrogenic effects of early exposure 
to DDE (Fry and Toone 1981, Helander et al. 2002, Holm et al. 2006, Iwaniuk et al. 2006) rather 
than delayed responses to PCBs or PCDDs. The few available studies (Fernie et al. 2001a, Hart 
et al. 2003, Hoogesteijn et al. 2008) are discussed in this section, but there is a lack of concerted 
experimentation in this area. 

14.3.2.1 Egg Quality 
Physical and nutritive constraints in incubated eggs have been examined in a number of fi eld studies 
as potential mechanisms for contaminant effects on early embryos. The findings from those studies 
are equivocal, while support from laboratory experimentation is limited. Infertile American kestrel 
eggs containing an average 34 µg/g wet weight ΣPCBs from dietary exposure of the captive parents 
showed significantly altered nutrient composition. In ovo-exposed eggs had heavier yolks and less 
wet and dry albumin than control eggs (Fernie et al. 2000). Assuming those eggs were representa
tive of the clutch, the embryos of exposed parents would have more lipid and less protein available 
for development than those of unexposed parents. Although survival to hatch may be enhanced by 
greater availability of yolk nutrients, albumin content is more often associated with hatchling size 
(Finkler et al. 1998). Thus, positive effects in ovo may be countered by negative effects on nestling 
viability. Incidences of heavier yolks with PCB exposure were also observed in European cormo
rants from the Netherlands (van den Berg et al. 1992), whereas the opposite relationship of lighter 
yolks with increasing TCDD-toxic equivalents (derived largely from PCDDs) was observed in 
double-crested cormorants in the Great Lakes and Canadian west coast (Sanderson et al. 1994a). 

A number of studies have examined but found no relationship between PCBs and egg volume, 
shape, or mass in glaucous gulls, house wrens (Troglodytes aedon), American kestrels, osprey, and 
white-tailed sea eagle (Fernie et al. 2000, Elliott et al. 2001a, Helander et al. 2002, Bustnes et al. 
2003, Neigh et al. 2007). Egg volume and embryo weight of double-crested cormorants from Green 
Bay (Lake Michigan) were negatively correlated with PCBs (Custer et al. 1999), but when these eggs 
were considered as part of a larger regional population that included uncontaminated colonies, the 
volume and mass associations with PCBs were no longer detected (Custer et al. 2001). That sug
gests other factors unrelated to PCB exposure may have had a stronger influence on egg morphol
ogy. Bosveld et al. (1995) reported that egg volume of common tern eggs collected from colonies 
in the Netherlands and Belgium and artificially incubated was negatively correlated with yolk-sac 
TEQs. Helberg et al. (2005) found that female great black-backed gulls with higher tissue burdens of 
persistent contaminants, particularly PCBs, produced smaller second and third eggs in a three-egg 
clutch relative to females with low tissue contaminant burdens. 

In an assessment of a common tern population exhibiting incidences of ovotestes in male embryos 
at pipping, the concentrations of steroid hormones in eggs were measured as a potential causative 
factor (French et al. 2001). There were no relationships between total PCBs in eggs and concentra
tions of 17β-estradiol, 5α-dihydrotestosterone, testosterone, or androstenedione. In an egg-injection 
study with TCDD, Janz and Bellward (1996b) also found no effect of in ovo exposure to TCDD 
(0.1–2 µg/kg egg) on hepatic estrogen receptor or plasma estradiol concentrations in female hatch
lings of chicken, domestic pigeon, or great blue heron. 

14.3.2.2 Hatching Success 
Hatching success is a measure of reproductive outcome that integrates a number of factors relating 
to both parental fitness and embryo viability during early development. Influences related to fertility 
and parenting behavior are classifi ed as egg extrinsic and were discussed above. Conversely, infl u
ences of maternally deposited contaminants on embryonic development, growth and survival are 
classified as egg intrinsic. A clear distinction between these two mechanistic pathways for effects of 
PCBs and PCDDs in wild birds has been difficult to achieve in the field, and the most robust dataset 
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indicating the presence of egg intrinsic effects is derived from laboratory egg-injection studies. 
Although the injection route of exposure does not exactly mimic that for field-exposed embryos, the 
studies do indicate some potential for direct embryotoxicity in birds. 

Egg-injection methodology evolved through the 1970s and 1980s, with later research indicating 
that early injection was essential for evaluating the developmental stages most sensitive to embryo-
lethality. Therefore, here we discuss only those studies that applied an early injection protocol. 
Recent research also suggests that hatching frequency is reduced by vertical incubation in standard 
incubators, as opposed to the natural horizontal positioning (McKernan et al. 2007). However, we 
could not distinguish on this basis, as most studies do not report incubation orientation. 

An extensive suite of studies on chicken embryos provide a baseline for lethality in wild species, 
but comparative studies indicate the chicken is at least 30-fold more sensitive to embryotoxicity 
than the majority of tested species (Figure 14.1). A recent compilation of the primary literature 
determined average values for chicken embryo LD50s of 0.18 ng TCDD/g wet weight (ww), and 
1.1 ng CB-126/g ww (Head et al. 2008). Other congener-specifi c analyses reported chicken LD50s 
of 2.6 ng CB-77/g ww (Hoffman et al. 1998), 3326 ng CB-105/g ww (Hoffman et al. 1995), and 
>14,000 ng CB-153/g ww (Hoffman et al. 1995). An early study using the formulation Aroclor 1248 
reported 50% mortality in the range 1–5 µg/g ww PCBs (Brunström and Orberg 1982). 

In a comparative developmental study of chicken, American kestrel and common tern, Hoffman 
et al. (1998) injected CB-126 or CB-77 into 4-day-old eggs (or the equivalent kestrel stage 6-day
old) and evaluated their development through hatching. They estimated LD50s for chicken embryo-
lethality at 0.4 and 2.6 ng/g for CBs 126 and 77, respectively. American kestrels were less sensitive 
than chicken, with LD50s of 65 and 316 ng/g for CB-126 and 77, respectively. Common tern was the 
least sensitive species tested, with an LD50 of 104 ng/g for CB-126 (Hoffman et al. 1998). Similarly 

FIGURE 14.1 Species sensitivity to embryolethality, estimated using LD50s from egg early injection proto
cols. No-observed-effect-level (NOEL) concentrations for herring gull and mallard are included for broad com
parative purposes, but should not be equated to the other LD50 values. Refer to Table 14.8 for data sources. 
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injected double-crested cormorant eggs exhibited a LD50 for CB-126 of 158–177 ng/g (Powell et al. 
1997a, 1998); these eggs were injected prior to the start of incubation. A comparable lethal measure 
for TCDD was estimated at 4–26 ng/g TCDD. Terrestrial passerines and game birds appeared to 
be more sensitive than raptors and water-birds although still not as sensitive as the chicken. Nosek 
et al. (1993) reported an LD50 for ring-necked pheasant of 2.2 ng TCDD/g whereas Thiel et al. 
(1988) determined 50% mortality in eastern bluebirds occurred in the range 1–10 ng TCDD/g ww. 
Conversely, LD50s could not be attained in studies with herring gull, wood duck and mallard, with 
upper no-effect concentrations of 1000 ng CB-77/g, 4.6 ng TCDD/g, and 5000 ng CB-77/g, respec
tively (Brunström 1988, Augspurger et al. 2008). 

In one early semicontrolled field injection study of herring gulls, contaminants extracted from 
Lake Ontario eggs were injected into reference eggs from Kent Island (New Brunswick) and left 
to incubate naturally by unexposed parents (Gilman et al. 1978). In that case, there were no eleva
tions in rates of embryo or chick mortality, suggesting that the low hatching success observed in 
Lake Ontario colonies was not the result of embryotoxicity but rather egg-extrinsic factors such as 
parental care or infertility. 

A very recent comparative egg-injection study with supportive in vitro experimentation suggests 
that some bird species may be more sensitive to furans than dioxins (Cohen-Barnhouse et al. 2010, 
Herve et al. 2010), thereby challenging the ranking currently used for Toxic Equivalency Factors 
(van den Berg et al. 1998). Using a relatively insensitive species, Japanese quail (Coturnix japonica), 
Cohen-Barnhouse et al. (2010) reported embryo LD50s for TCDD, 2,3,7,8-TCDF and 2,3,4,7,8
PentaCDF of 11.3 ng/g, 3.1 ng/g, and 1.1 ng/g, respectively. Those translate to potencies of 3.6 for 
TCDF and 10.3 for PeCDF, relative to TCDD. Their results have ramifications for past and present 
field studies which used conventional, chicken-derived TEQs to evaluate avian embryotoxicity at 
sites where furan contamination occurred as part of the environmental mixture. 

Aside from egg-injection studies, there are few laboratory studies that examine embryotoxic
ity in birds other than chickens. Dietary exposures of captive breeding American kestrel to an 
Aroclor mixture reported some effects on hatching, at total PCB concentrations in eggs averaging 
34 µg/g wet weight (Fernie et al. 2001a, 2001b). However, there was no evidence that embryolethal
ity contributed significantly to the reduced hatching success; rather, PCB-exposed pairs laid more 
completely infertile clutches (7 from 25 pairs vs. 2 from 25 pairs, p = .04) and experienced delayed 
clutch initiation (average lag of 6.3 d compared to controls, p = .003) that was associated with poor 
hatching (Fernie et al. 2001b). These effects suggest more of a parental physiological element to the 
causative mechanism instead of a direct in ovo response to PCBs. Effects on fertility and hatching 
success were not observed one season after exposure in the same birds, nor in the fl edged young 
that had been exposed in ovo during their first year breeding (Fernie et al. 2001a, 2001b). Since eggs 
in the first and second year of breeding contained comparable concentrations of total PCBs (34 vs. 
29 µg/g wet weight) it was possible that fertility was related to effects of nonpersistent congeners 
(Drouillard et al. 2001). 

These studies of captive birds suggest that embryolethality can occur with in ovo exposure to 
dioxin-like PCBs and PCDDs, but only at concentrations that are increasingly unlikely to occur in 
all but the most heavily contaminated sites. It seems probable that hatching success in wild birds 
is more often impacted through indirect mechanisms such as low fertility of the male or delayed 
clutch initiation by the female parent. These effects may be more the result of rapidly metabolized 
congeners (or their metabolites) rather than the non-ortho dioxin-like forms. 

Several early field studies did not report on the nature of egg contents, such as the presence or not 
of a visible embryo (Tillitt et al. 1992, Larson et al. 1996), thus raising questions about mechanisms 
controlling variable hatching success in wild birds contaminated with a complex mixture of chemi
cals. It has proven difficult to establish cause–effect linkages between embryolethality and PCBs or 
PCDDs in the field. A protocol for distinguishing between infertility and dead early embryos has 
recently been developed (Birkhead et al. 2008) and may help to further resolve such questions in 
the future. 
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Two broad assessments of the long-term impact of contaminants on reproduction in wild raptors 
found that PCBs were negatively associated with success in a Swedish Baltic population of white-
tailed sea eagle (1988–1997), and in a Great Lakes shoreline population of bald eagle (1986–2000). 
In both assessments, eggs with a visible embryo present contained higher concentrations of PCBs 
and other chlorinated hydrocarbons than eggs without a discernable embryo (Helander et al. 2002, 
Best et al. 2010). When Helander et al. (2002) corrected for lipid metabolism, CB-138 in unde
veloped sea eagle eggs (~55 µg/g lipid weight, n = 17) remained significantly lower than in eggs 
containing embryos (~95 µg/g lipid weight, n = 9), whereas DDE did not differ among the two egg 
classes. They suggested that PCBs may have caused embryo lethality in sea eagles when whole egg 
values were above 500 µg/g lipid weight ΣPCBs, 160 ng/g lipid weight CB-126, or 320 pg/g fresh 
weight TEQs. In the same populations of sea eagle, researchers monitoring nests during a relatively 
short 3-year period (1996–1998) found a negative relationship between brood size (number of chicks 
hatched) and PCB 118 (Olsson et al. 2000). 

Best et al. (in preparation) also attempted to compare contaminant concentrations in bald eagle 
eggs having a visible embryo with those in visibly undeveloped eggs. However, statistical analysis 
with Akaike’s Information Criterion (designed to extract biologically relevant variables from large, 
noisy data sets) found that, for the whole dataset, chlordane compounds, and for the Great Lakes 
shoreline dataset, DDE, had the strongest association with presence of a visible embryo. PCBs were 
only significant as an interaction term and not as a main factor in the three statistical models used. 
Further, the low correlation coefficients produced for all of the measured contaminants suggested 
that other ecological or genetic factors were also influencing embryonic survival. In the full dataset 
of collected eggs, the majority (123 of 196 eggs or 63%) were visibly undeveloped and, therefore, 
the dominant direct determinant of hatching success in that population of bald eagles was early 
embryonic death and/or infertility. 

Other field studies conducted well after the peaks in environmental contamination, from the ear
ly-1990s onward, also provide mixed messages about the influence of PCBs and PCDDs on hatching 
success of wild birds. Studies of dippers in Wales (Ormerod et al. 2000), double-crested cormorants 
and tree swallows in Green Bay, Lake Michigan (Custer et al. 1998, 1999), double-crested cor
morants in Lakes Huron and Superior (Hilscherova et al. 2003), osprey and bald eagle in British 
Columbia (Elliott et al. 1996b, 2001a), American robins (Turdus migratorius) in Massachusetts 
(Henning et al. 2003), and starlings in Illinois (Arenal et al. 2004) found no signifi cant associa
tions between hatching success and exposure to PCBs or TEQs. Tissue concentrations of ΣPCBs 
were less on average than 560 µg/g lipid weight in bald eagle yolk sacs (TCDD < 3000 ng/kg lipid 
weight), 13.6 µg/g wet weight in cormorant eggs, 8.4 µg/g lipid weight in dipper eggs, 150 µg/g lipid 
weight in osprey yolk sacs (TCDD < 3600 ng/kg lipid weight), 3.3 µg/g wet weight in tree swallow 
pippers, 84 µg/g wet weight in robin eggs, and 9 µg/g wet weight in starling eggs. 

Conversely, hatching success was reported to be significantly correlated with PCBs or PCDDs 
in glaucous gulls from the Norwegian Arctic (Bustnes et al. 2003), house wrens from Michigan 
(Neigh et al. 2007), and tree swallows from New York, Massachusetts, and Rhode Island (McCarty 
and Secord 1999b, Custer et al. 2003, 2005, Table 14.4). Bustnes et al. (2003) reported a signifi cant 
positive relationship between the presence of unhatched eggs in a glaucous gull nest and the cor
responding female blood concentrations of PCBs (289 ng/g ww) and other chlorinated hydrocarbons 
(including chlordanes); however, they did not report the condition of egg contents. Similarly, Neigh 
et al. (2007) did not report what proportions of house wren eggs that failed to hatch were infertile or 
contained dead embryos; average ΣPCB concentrations in eggs from the contaminated site were not 
particularly elevated at 6.3 µg/g wet weight, but within the range of concentrations shown to alter 
parental behavior in other passerines (see Section 14.3.1.1). Eastern bluebirds nesting at the same 
locations did not show associations between hatching success and contaminants, although their eggs 
contained 2 µg/g PCBs more on average than the wrens (Neigh et al. 2007). The majority (~60%) 
of tree swallow eggs that failed to hatch along the Hudson River in New York were undeveloped/ 
infertile; eggs from this population contained 9.3–29.5 µg/g PCBs (McCarty and Secord 1999b). 
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That result again implies a physiological effect on the parent birds rather than an embryotoxic 
effect, and that is consistent with the possible aberrant nesting behavior also reported during their 
study (McCarty and Secord 1999a, 1999b). 

Other tree swallow studies along the Housatonic (MS) and Woonasquatucket (RI) Rivers identi
fied strong associations between hatching success and PCDDs (Custer et al. 2003, 2005). Housatonic 
River tree swallow pippers contained up to 101 µg/g wet weight PCBs on average, which is the 
highest reported for the species (Custer et al. 2003); however, a correlative model identifi ed dioxin/ 
furan TEQs and not PCB TEQs as being significantly associated with hatching success. On the 
Woonasquatucket River, TCDD concentrations of 300 to over 1000 pg/g wet weight in eggs were 
associated with 50–70% hatching success; total hatching failures in clutches became common at 
TCDD egg concentrations above 180 pg/g (Custer et al. 2005). One earlier study of wood ducks 
observed reduced hatching success with exposure to PCDDs and PCDFs, when total concentrations 
were higher than ~190 pg/g wet weight in eggs (White and Seginak 1994). In that case, most of the 
eggs that failed to hatch did not contain a visible embryo (35% with embryo, 65% without). Thus, a 
fertility response mechanism again seems more probable in those exposed birds. An embryotoxic 
sensitivity to TCDD would not be consistent with other studies reporting a relative insensitivity of 
duck species in general (Brunström 1988, Jin et al. 2001), and more specifi cally with a wood duck 
egg-injection study that reported no effect on embryolethality at 4600 pg/g wet weight in eggs  
(Augspurger et al. 2008). In addition, the field study was conducted downstream of a 2,4,5-T manu
facturing plant, where other contaminants may have been present yet unmeasured. 

In a few instances, egg-exchange designs have been used in the field to try and differentiate 
between intrinsic and extrinsic factors influencing embryonic development. The egg-exchange 
design involves switching incubated eggs between nests from contaminated and uncontaminated 
sites. Kubiak et al. (1989) used this technique with Forster’s terns in Green Bay (Lake Michigan) 
and reported an apparent intrinsic effect of PCBs on hatching success (Table 14.4). However, the 
poorest hatching by a marked margin occurred where incubation was by “dirty” adults (those at  
contaminated sites), and the authors concluded that the over-riding influence on hatching success 
related to an extrinsic effect of parental inattendance. Woodford et al. (1998) found no direct or indi
rect effects of TCDD on hatching rates of osprey foraging in watersheds impacted by outfl ows from 
bleached kraft pulp mills (exposed egg concentrations ranged from 29 to 162 pg/g wet wt TCDD). 
Artificial incubation methods have also been used to eliminate some extrinsic factors (such as paren
tal attentiveness), and have found no intrinsic effects of dioxin-like contaminants on hatching suc
cess in bald eagle (NOEL 303 pg TEQs/g ww, Elliott et al. 1996b, Elliott and Harris 2001), osprey 
(NOEL 136 pg TEQs/g ww, Woodford et al. 1998) and cormorants (NOEL 175 pg TEQs/g ww, 
Hilscherova et al. 2003). The afore-mentioned study of Forster’s tern in Lake Michigan also applied 
artificial incubation methods and detected some reduction in hatching success related to intrinsic 
effects (Kubiak et al. 1989); however, as previously mentioned, the dominant effect occurred where 
extrinsic factors were acting alone (egg-exchange and incubation by “dirty” parents). 

The more recent field studies corroborate the laboratory findings, in that the majority have not 
been able to identify intrinsic effects on bird embryos at the concentrations of PCBs and PCDDs 
prevalent in environments today. It seems likely that intrinsic effects were occurring in the 1970s in 
hotspots like the Great Lakes, but inconsistencies in reporting of the condition of unhatched eggs 
(with or without visible embryos) largely prevent the distinction between intrinsic and extrinsic 
effects. 

14.3.2.3 Rates of Overt Morphological Deformities 
The toxicity of dioxin-like compounds to birds first became apparent with the appearance in the 
1950s of chick edema disease in the poultry industry. Poultry diets were found to be contaminated 
by PCDDs and PCDFs from feed fats collected from animal hides treated with chlorophenolics 
(Firestone 1973). That disease etiology was later applied to symptoms observed in wild birds during 
the 1970s and called Great Lakes Embryo Mortality, Edema and Deformities Syndrome (GLEMEDS) 
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(Gilbertson et al. 1991, Hoffman et al. 1996a). GLEMEDS was characterized in embryos and hatch
lings by elevated rates of subcutaneous pericardial and peritoneal edemas, embryonic weight loss 
and mortality, and skeletal abnormalities including bill defects. Retrospective analyses of herring 
gull eggs collected from some Great Lakes colonies in the 1970s detected elevated concentrations of 
TCDD, in some cases over 1000 ng/g (Hebert et al. 1994), that could have contributed to the symp
toms expressed in wild birds (Gilbertson 1983). However, PCBs also were suggested as a potential 
causative factor, because of their wider distribution, more elevated environmental levels, and the 
dioxin-like toxicity of coplanar congeners (Gilbertson et al. 1991). 

Laboratory studies suggest that water-birds and raptors exposed to PCBs in ovo can exhibit 
deformities consistent with GLEMEDS, although there is considerable species variability in the 
form of expression of deformities and in sensitivity. Chicken and American kestrel eggs injected 
with CB-126 or CB-77 on day 4–6 of incubation produced embryos with edema and beak defects 
generally consistent with GLEMEDS (Hoffman et al. 1998). However, whereas chickens frequently 
expressed crossed bills, kestrels instead expressed shortened lower mandibles. Signifi cant eleva
tions in deformity incidence occurred at 0.3 ng/g CB-126 in chickens, and at 23 ng/g CB-126 in 
kestrels, a difference in sensitivity of almost two orders of magnitude. Although common tern  
embryos exhibited crossed bills, they appeared only at embryo-lethal concentrations (240 ng/g 
CB-126, Hoffman et al. 1998); presumably, those would not be seen in a wild tern population, 
because the affected individuals would die before hatching. Double-crested cormorant eggs injected 
with TCDD or CB-126 did not show a dose-response with rates of deformity at doses up to 11.7 and 
698 ng/g, respectively, and appear to be relatively insensitive to the expression of developmental 
physical defects compared to kestrel and chicken (Powell et al. 1997a, 1997b, 1998). 

Both dietary and in ovo exposures to a PCB mixture (29–34 µg/g ww ΣPCBs in eggs) produced 
embryo and hatchling deformities in American kestrel (Fernie et al. 2003a). The appearance of 
dwarfed limbs, shortened lower mandibles, craniofacial defects and hematomas only during dietary 
exposure and not one breeding year after exposure suggested that these particular abnormalities 
were induced by readily cleared congeners (Drouillard et al. 2001, Fernie et al. 2003a). Conversely, 
multiple deformities per exposed pair and underdevelopment and edema in embryos and hatchlings 
occurred with dietary exposure, 1 year after such exposure and with in ovo exposure, which implies 
that these abnormalities were induced by persistent congeners or unidentified stress factors (Fernie 
et al. 2003a). The overall incidence of abnormalities was not associated with total PCBs in sibling 
eggs even though on average the frequencies in PCB-exposed pairs were signifi cantly greater than 
control pairs. The appearance of shortened lower mandibles, but not crossed bills, in that species is 
consistent with the egg-injection study of Hoffman et al. (1998). 

The colonial water-birds of the Great Lakes have been the most extensively studied for the pres
ence of deformities, which were considered a dramatic diagnostic of poor fitness in wildlife and 
of contamination of the Great Lakes ecosystem. The deformity frequency, however, was local
ized and not accompanied by population declines (Price and Weseloh 1986, Ryckman et al. 1998). 
Clustered incidences of bill deformities in Lake Michigan colonies of double-crested cormorants, 
particularly on Spider Island during the 1980s through to the early 1990s were regularly reported; 
Ludwig et al. (1996) and Giesy et al. (1994) considered that the correlative evidence was suffi cient 
to implicate PCBs as a chemical driver of GLEMEDS disease in cormorants of the Great Lakes. 
Species other than double-crested cormorants that exhibited bill deformities at low levels in wild 
populations were herring gulls and common tern from Lake Ontario in the 1970s (Gilman et al. 
1977, Gilbertson 1983), Forster’s tern from Lake Huron (Yamashita et al. 1993), wood ducks from 
PCDD- and PCDF-contaminated wetlands in Arkansas (White and Seginak 1994; 6 of 250, all 
from one nest), bald eagles from the Great Lakes (Bowerman et al. 1994, Best et al. in preparation), 
white-tailed sea eagles from Sweden (Helander et al. 2002), and great blue herons from PCDD- and 
PCDF-contaminated coastal colonies in western Canada (Hart et al. 1991). Although edema often 
was reported more frequently than bill deformities, it is not in and of itself diagnostic of GLEMEDS 
or a developmental etiology (Peterson et al. 1993). 
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Retrospectively, the cause–effect relationship between developmental abnormalities and PCBs 
has been questioned, after more extensive field sampling and as a result of difficulties in replicating 
the syndrome with laboratory exposures of birds other than chickens. A lack of association between 
deformity rates and total PCB concentrations was evident in field studies where experimental design 
allowed correlation by nest rather than with colony averages. Incidences of bill deformities were 
observed in double-crested cormorants from Lake Michigan in 1988–1990 and 1994–1998 (Larson 
et al. 1996, Custer et al. 1999, Hilscherova et al. 2003); however, there were no correlations between 
embryonic deformities and PCBs on a nest/sibling basis, despite a reasonably wide range in PCB 
concentrations (1–72 µg/g ww). Re-analysis of historical data on deformity rates in the Great Lakes 
bald eagle population did not establish a clear statistical link with PCBs or other contaminants 
(Best et al. in preparation). In a sample of 73 bald eagle eggs having a visible embryo (of a total of 
197 eggs salvaged during banding visits), eight deformities were observed and two of these were 
skewed bills (2.7%). Using Akaike’s Information Criterion statistical models, there was no support 
for cause–effect relationships between any contaminant concentrations and eagle abnormalities 
(Best et al. in preparation). 

PCBs and dioxins were recently linked to elevated incidences of skeletal deformities in grey  
heron (Ardea cinerea) nestlings from the United Kingdom (Thompson et al. 2006). Nestlings prone 
to multiple fractures of the tarsus, tibia and metacarpal bones contained a combined PCB—dioxin 
TEQ of 619 ng/g lipid weight in fat deposits. Heronries with high incidences of deformities also 
had elevated chick mortality. Previous studies reported correlations between shortened limbs and 
PCDD and PCDF exposure in wild great blue herons (Sanderson et al. 1994b) and captive PCB-
exposed kestrels (Fernie et al. 2003a). The GLEMEDS etiology was not present, however, and there 
were inconsistencies among equally contaminated colonies in the expression of abnormalities. 

The incidence of GLEMEDS-type symptoms appears to have decreased significantly since the 
mid-1990s in affected wild populations, and conclusive cause–effect relationships remain elusive. 
In the Canadian Great Lakes during the early 1990s, the prevalence of bill deformities in double-
crested cormorant colonies was less than 3 per 10,000, down from as high as 12 per 10,000 in the 
1980s (Ryckman et al. 1998). In Green Bay, Lake Michigan the prevalence of bill deformities in 
cormorants was 6 per 10,000 in the years 1997–2001 (Stromborg, unpublished data), down from 
76 per 10,000 in the late 1980s (Larson et al. 1996). Although the full suite of OC tissue burdens has 
coincidentally declined, the major reductions in contamination occurred earlier, during the 1970s. 

It remains difficult to separate the role of contaminants from contributions of extraneous factors 
such as genetics and disease. Elevated incidence of deformities in wild Great Lakes populations 
paralleled periods of rapid population growth in severely depleted populations of wild birds, which 
makes the argument for genetic contributions a plausible one (Briskie and Mackintosh 2004). Also, 
during the period 1988 to 1995, deformed hatchlings were routinely removed from Great Lakes pop
ulations for chemical analysis, which could have in effect removed a genetic mutation or an infec
tious agent (parasite, etc.) from the wild. Additionally, incidences of malformations documented in 
heron colonies outside of the Great Lakes were frequently colony-specific, and potentially having a 
genetic component (Sanderson et al. 1994b, Thompson et al. 2006). The documentation of crossed 
bills in captive, uncontaminated double-crested cormorants as a result of nutritional defi ciencies, 
most probably vitamin D deficiencies, also reintroduces the importance of nutrition as a contribut
ing variable in expression of developmental deformities (Kuiken et al. 1999). 

For the purposes of diagnosing current impacts of PCBs, PCDDs, and PCDFs on wild birds, we 
do not find deformity rates useful as a definitive marker. Some wild bird species do not express the 
most visibly extreme symptoms of GLEMEDS (crossed bills) with laboratory exposure, and there is 
sufficient evidence from laboratory and field studies that incidences in the wild were not exclusively 
the result of dioxin-like toxicity. In the absence of a standardized scoring protocol and in the face of 
necessarily very large sample sizes (in the 1000s), the diagnosis of GLEMEDS is also logistically 
difficult to achieve. 
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14.3.2.4 Nestling Mortality and Pre- and Posthatching Growth 
Nestlings may experience effects related to alterations in ovo, in parental attendance to them or in 
their own physiology when exposed to PCBs, PCDDs, and PCDFs. As such, they tend to show a 
diversity of responses that can be species- and gender-specific. Altricial and precocial chicks may 
show widely varying response patterns, because of their varying dependence on the parents for food 
and thermal protection. Significant effects on nestling viability are summarized in Table 14.4. 

A number of cases of significant mortality shortly after hatching, usually within 3 days, have 
been reported in laboratory studies. Hoogesteijn et al. (2005) found many chicks of zebra fi nch hens 
exposed to Aroclor 1248 (laying eggs with 0.2 µg/g ΣPCBs) died immediately after pipping due to 
inanition or hypothermia. Similarly, 52% of kestrel hatchlings of PCB-exposed parents (laying eggs 
with 34 µg/g ΣPCBs) died within 3 days of hatching, compared to a rate of 14% for controls (Fernie 
et al. 2003b). 

In a northern Baltic colony of lesser black-backed gulls suffering from unexplained disease, a 
high proportion of nestling deaths occurred within 3 days of hatching. Those individuals lost around 
16% of their body mass during the time before death, and had hepatic concentrations of ΣPCBs 
from 4 to 36 µg/g wet weight (CB-77 + CB-126 = ~31 – 380 ng/g ww) and DDE from 2 to 30 µg/g 
wet weight (Hario et al. 2004). Starvation was evaluated as a possible cause for gull chick mortality 
and was rejected. Similarly, second clutches of starlings nesting in nest boxes at a PCB-exposed 
site in Illinois experienced 100% mortality, with most nestlings dying within 3 or 4 days of hatch 
(Arenal et al. 2004). 

The mortalities of young nestlings may be related to thermoregulatory or food stress, either as a 
result of reduced parental attentiveness or physiological defects in the nestlings themselves. Since 
the species reportedly experiencing this early death phenomenon are altricial or semi-altricial, it is 
also possible that the hatchlings are being exposed to a more concentrated dose of contaminants 
as they absorb the last of the egg yolk within a few days of hatching (D. J. Hoffman, personal 
communication). 

Nestling growth has been examined as both daily weight gain and terminal (fl edgling) weight, 
but few definitive effects of PCB or PCDD exposure have been shown. The growth of captive  
American kestrel nestlings exposed in ovo to PCBs was affected in a complex and gender-specifi c 
manner (Fernie et al. 2003b, 2003c). First generation (exposed to 34 µg/g) and maternally exposed 
second generation (exposed to 29 µg/g) female nestlings grew at faster rates than control females 
and attained greater asymptotic mass. Exposed first generation male nestlings also grew at faster 
rates than control males and had stimulated bone growth, but showed lesser asymptotic mass (Fernie 
et al. 2003b). Maternally exposed second generation males grew at faster rates than control males, 
had greater asymptotic mass but shorter bones (Fernie et al. 2003c). Paternally exposed nestlings 
grew slower than controls and the females were smaller at fledging (Fernie et al. 2003c). Two sets 
of first generation nestlings were affected, in the year of parental exposure and also 1 year after 
exposure. Those observations on captive kestrels suggest that growth effects of PCBs may be sex-
specific and hormonally mediated, and thus, overlooked in field studies where the gender of chicks 
was unknown or not distinguished. 

In an artificial incubation experiment, Bosveld et al. (2000) could not find growth effects of 
CB-126 or CB-153 in reared common tern chicks exposed through food spiked with concentrations 
ranging 0.01–1.2 ng/g TEQ; this is in agreement with field studies of European colonies (Bosveld 
et al. 1995). Hatchling weights were also not affected by in ovo exposure to PCBs or TCDDs in fi eld 
or egg-injection experiments with cormorants (double-crested, Sanderson et al. 1994a, Sanderson 
and Bellward 1995, Powell et al. 1997a, 1998, European, van den Berg et al. 1994, 1995), wood 
ducks (White and Seginak 1994), or American kestrels (Hoffman et al. 1998). 

Where nestling growth has been statistically linked to dioxin-like contamination in fi eld studies, 
the alterations have frequently been subtle and the long-term ramifications for survival consequently 
difficult to ascertain. In the field, exposure presumably occurs through a combination of in ovo and 
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dietary routes. In egg-exchange experiments, Woodford et al. (1998) found that osprey nestlings 
from reference areas accrued mass significantly faster than nestlings transported to contaminated 
areas from reference areas as incubating eggs; contamination in that study was largely the result of 
PCDDs and PCDFs released from pulp mills (Table 14.4). 

In nest box studies of the PCB-contaminated Kalamazoo River (Lake Michigan), Neigh et al. 
(2007) found that house wren and eastern bluebird nestlings showed reduced daily mass gain rates 
at contaminated versus reference sites in some but not all years. Nest-box tree swallow studies 
found no effect of in ovo or dietary exposure to PCBs or PCDDs on growth (Custer et al. 2005, 
Neigh et al. 2006) or an increased growth rate with PCB exposure (McCarty and Secord 1999b). A 
nest box study of starlings found reduced body weights in 3- and 15-day-old chicks from a PCB-
contaminated site, but no difference in 9-day-old chicks (Arenal et al. 2004). 

South polar skuas (Catharacta maccormicki) exhibited an eight percent reduction in hatchling 
body mass between adult females carrying low and high tissue burdens of a chlorinated hydrocarbon 
mix (Bustnes et al. 2007). Although total PCBs were elevated in the female blood of this species, 
significant contamination with HCB and mirex was also present. Similar reductions in hatchling 
mass were observed in northern colonies of glaucous gulls (Bustnes et al. 2003). In field studies on 
the Great Lakes, double-crested cormorant embryo mass was negatively correlated with total PCBs 
(r = –0.28, p = 0.04; Custer et al. 1999), while subdued growth curves for nestling Forster’s terns 
were deemed suggestive of a wasting syndrome (Kubiak et al. 1989, Harris et al. 1993). Also in 
the Great Lakes, Hoffman et al. (1993) reported significant reductions in the femur length-to-body 
weight ratio of day-old common tern and black-crowned night heron nestlings that were negatively 
correlated with PCB concentrations in eggs (r = −0.7, p ≤ .05). Similarly, a signifi cant association 
between growth and total PCBs was detected in pipping black-crowned night herons (Nycticorax 
nycticorax) from San Francisco Bay (r = −0.61, p < .05); the relative reduction in mass in this case 
was ~15% (Hoffman et al. 1986). 

14.3.2.5 Other Measures of Nestling Fitness 
Long-term viability of nestlings is difficult to assess in wild birds, particularly those species that 
migrate and are logistically difficult to track after fledge. It is common to apply a weight of evi
dence approach to evaluating fitness, using a suite of morphological, physiological, and biochemical 
indicators. Although the majority of the applied indicators are not specific to xenobiotic response 
patterns, they have value when considered together for assessing the overall vigour of young birds 
(Fox et al. 2007a, 2007b). 

A number of studies have reported relationships between exposure to PCBs or PCDDs and 
altered internal morphology, particularly brain asymmetry and weights of liver, heart, and bursa 
of Fabricius. Many of these markers are not specific to dioxin-like contamination. In general, mea
sures taken of hatchlings have reported few significant effects (Elliott et al. 1996b, 2001a, Custer et 
al. 2001, Murvoll et al. 2006a), whereas more instances of altered morphology were reported with 
measures taken close to the time of fledge (Bosveld et al. 2000, Kuzyk et al. 2003, Papp et al. 2005, 
DeWitt et al. 2006). In the following text, the majority of studies were conducted in the fi eld. 

Brain asymmetry in response to TCDD exposure has been reported in great blue heron, double-
crested cormorant and bald eagle nestlings, and was reviewed in detail by Henshel (1998). Unlike 
the majority of dioxin-like toxicity studies, chicken did not appear to be more sensitive to brain 
asymmetry effects than wild birds; Henshel (1998) reported ED50s for chicken, double-crested cor
morant and great blue heron of 37, 34, and 21 pg/g TCDD in embryos, respectively. Unfortunately, 
we could not find any studies that measured brain asymmetry and then related findings to measured 
behavior responses, indicative of a whole-body effect. Custer et al. (2001) suggested that brain 
asymmetries in pipping embryos may at times be an artifact of physical constraints imposed by egg 
size, based on a correlation between asymmetry and egg volume in double-crested cormorants. 

Liver enlargement and necrosis may be symptomatic of a generalized enzymatic response to 
xenobiotics. In American kestrel nestlings exposed to CB-126 through their diet, these hepatic 
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responses increased in severity as doses increased from 50 to 1000 ng/g body weight (resulting in 
hepatic concentrations of 156–1098 ng/g ww, Hoffman et al. 1996b). 

Kuzyk et al. (2003) observed 36% liver enlargement in female black guillemot nestlings exposed 
to PCBs in the field, which is similar to the altered size reported in wild birds of the Great Lakes 
during the 1980s (Kubiak et al. 1989). However, male nestlings did not exhibit comparable enlarge
ment, with an average 5% increase. Despite correlations with ΣPCBs, there were no differences 
between genders in hepatic tissue burdens (0.17–6.2 µg/g ww), suggesting an enhanced susceptibil
ity in female young. Hence, difficulty in differentiating gender during early development in other 
species may mask morphological effects. For instance, studies of tree swallows typically found 
no changes to organ weights despite elevated PCB and PCDD tissue burdens; however, results for 
males and females were often considered together (Bishop et al. 1999, Custer et al. 2005). 

A suite of altricial passerines, namely tree swallow, house wren, Carolina chickadee (Parus 
carolinensis), eastern bluebird and red-winged blackbird (Agelaius phoeniceus) exhibited negative 
associations between heart weight or shape and total PCB concentrations in nestlings (DeWitt et al. 
2006). Sensitivities to heart malformation appeared similar to those observed for chicken with 
exposure to TCDD or dioxin-like PCBs (Powell et al. 1996, Walker et al. 1997). Cheung et al. (1981) 
suggested a threshold for heart abnormalities in 14-day-old chicken embryos of 11 pg/g (Cheung 
et al. 1981). The lowest-observed-adverse-effect (LOAEL) levels for the wild passerines ranged 
from 0.01 to 10 µg/g PCBs (DeWitt et al. 2006). Once again, studies in wild birds generally failed 
to evaluate associations between heart malformation and whole body-effects such as cardiac fi tness 
or first year return rates in migratory species. 

In a companion study to that examining heart defects, Henshel and Sparks (2006) assessed a 
number of organ somatic indices in the same five passerine species. Several associations with PCB 
tissue burdens were detected, predominantly with brain and bursa weights; also of signifi cance was 
the finding that tree swallows appeared less sensitive to morphological alterations than the other 
altricial species, and may not be representative of those passerines if used as a surrogate monitoring 
species. The findings of that study were, however, equivocal due to a lack of consistency in effects 
observed in various species. That may have been in part due to the use of site averages for correla
tion analysis rather than nest-by-nest correlations, and the masking of true effects by coincidental 
environmental variability. The results of such regional or site averaging on assessments of cause– 
effect were clearly evident among the varying findings of hatching success and bill deformities in 
Great Lakes species (see Sections 14.3.2.2 and 14.3.2.3). 

Bursa of fabricius is an avian organ with important immune functions that has occasionally been 
associated with PCB contaminant effects in wild birds. Common tern chicks exposed to CB-126 
and CB-153 in their food exhibited a dose-dependent decrease in bursa weight, which the authors 
suggested was consistent with immune dysfunction (Bosveld et al. 2000). Effects on bursa weight 
were evident at the LOEL for EROD induction and ED50 for plasma total T4 reduction, namely 
25 ng TEQ/g liver lipid. Reduced bursa weight was also evident in American kestrel nestlings simi
larly exposed to CB-126 (380–1000 ng/g ww in liver, Hoffman et al. 1996b). 

Whereas organ weight changes are assumed to reflect potential physiological responses to xeno
biotic insults in the avian body, biochemical markers are often used to infer endocrine disruption 
mechanisms in birds exposed to chlorinated hydrocarbons. Unfortunately, those measures too often 
are applied incompletely in field studies and in the absence of a clear understanding of the mechanis
tic actions of PCBs and PCDDs. There is sufficient evidence that avian and mammalian endocrine 
systems respond differently to these contaminants and there are few comprehensive mechanistic 
studies with birds. The remainder of this section describes what is known of potential endocrine 
disruption, measured as alterations in thyroid, vitamin A, and immune function. 

The development of the thyroid system in nestling birds is still not well characterized and the 
use of these markers in young birds exposed to PCBs has produced equivocal results. Rolland 
(2000) provides a comprehensive review of the mammalian and avian literature on both thyroid 
and vitamin A function. Captive nestling American kestrels exposed in ovo to 34 µg/g wet weight 
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ΣPCBs exhibited lower plasma triiodothyronine (T3) concentrations than controls, but no differ
ence in T4 levels (Smits et al. 2002). Nestlings of those kestrels that were exposed in ovo (the F1 

generation, that contained 29 µg/g wet weight ΣPCBs as eggs) exhibited the opposite pattern of 
effect. Chicken studies have suggested that the timing of exposure is important, as embryos from 
eggs injected prior to incubation exhibited reduced plasma T4 while later injections produced no 
effect (Gould et al. 1997, 1999). Kestrel nestlings exposed to CB-126 through their diet for their 
first 10 days displayed lymphoid depletion of the spleen and bursa, reduced thyroid tissue and 
degenerative lesions, increasing in severity with dose (ranging from 156 to 1098 ng/g ww in liver, 
Hoffman et al. 1996b). Thyroid function is believed to be influenced by PCBs and PCDDs via 
induction of phase II biotransformation enzymes during exposure (specifically, uridine diphos
phate glucuronosyltransferase) or via competitive inhibition binding to transthyretin (McNabb and 
Fox 2003). Altered thyroid function may influence growth, expression of developmental abnor
malities or immune function. 

There is a history of reported contaminant-correlated alterations in thyroid function in wild 
colonial birds of the Great Lakes. Pipping herring gull embryos from PCB-contaminated sites had 
significantly decreased yolk-sac stores of T4, as little as one-tenth that of reference embryos, but 
half of these affected embryos had no corresponding decrease in plasma concentrations (McNabb 
and Fox 2003). Prefledgling herring gulls exhibited significant reductions in plasma T4 as well as 
larger thyroid glands, indicative of hypothyroidism (McNabb et al. 2001, McNabb and Fox 2003). 
Those field studies of herring gulls suggest thyroid hormone responses to PCBs may be strongly 
age-specific, with compensation mechanisms developing as young birds age. A reduced capacity to 
respond to stresses associated with poor weather or limited food resources may occur as a result of 
those changes to thyroid function in developing herring gulls. Thyroid studies in the Great Lakes 
also may be confounded by natural iodine deficiencies present in the region (Rolland 2000, Fox 
et al. 2007b). Hatchling European cormorants exhibited a negative correlation between free T4 and 
yolk-sac mono-ortho PCBs, but no similar relationships for plasma T4 or T3 (van den Berg et al. 
1994). T3 was negatively correlated with PCBs in great blue heron nestlings from the St. Lawrence 
River (Champoux et al. 2006). 

Immune function is a highly complex system to evaluate with biochemical markers; toxico
logical studies with PCBs and PCDDs have, not surprisingly, reported species-specifi c, age-specifi c 
and gender-specifi c effects (Grasman 2002). Lavoie and Grasman (2007) measured a twofold sup
pression in antibody titers of 28-day-old chickens exposed in ovo to CB-126 (0.25 ng/g in eggs)  
or CB-77 (0.64 ng/g in eggs), but no phytohemagglutinin (PHA) skin response or altered blood 
chemistry. American kestrel nestlings exposed in ovo to PCBs (34 µg/g in eggs) exhibited a greater 
antibody response (as measured by the PHA skin test) than control nestlings, indicating no signs of 
immunosuppression (Smits et al. 2002). Nonetheless, immunosuppression was reported during the 
1990s in Great Lakes populations of Caspian terns and herring gulls and related to PCBs (Grasman 
et al. 1996). Young Caspian terns collected in the late 1990s from Lake Huron continued to show 
T-lymphocyte-mediated immunosuppression, as measured by the PHA skin test and differential 
white blood cell counts (Grasman and Fox 2001). Those later incidences of immunosuppression 
were associated with elevated concentrations of PCBs (3.5–8.5 µg/g ww in eggs) and DDE (1.0–1.5 
µg/g ww in eggs). 

Stores of vitamin A (hepatic retinyl palmitate) and circulating concentrations (plasma  retinol) 
have also been suggested as a marker of PCB and PCDD effects in young wild birds (Spear 
et al. 1986, 1990). Vitamin A is important for growth and development processes in wild birds. 
Laboratory studies with young Japanese quail exposed to PCBs in their diet suggested that liver 
stores of vitamin A were negatively affected by the exposure (Cecil et al. 1973). Similarly, CB-77 
(10, 20, or 40 µg/g body weight) injected into juvenile ring doves reduced retinol concentrations 
(Spear et al. 1986). Suggested mechanisms for the action of dioxin-like contaminants on vitamin A 
status include accelerated metabolism, breakdown and clearance of vitamin A by interference with 
carrier proteins like retinol-binding protein and transthyretin (Brouwer et al. 1998). 
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Vitamin A in wild birds may be strongly influenced by dietary uptake which confounds the 
analysis of contaminant effects in the field. However, Spear et al. (1990) found strong positive asso
ciations between the molar ratio of retinol: retinyl palmitate and TCDD or TCDD-TEQs in herring 
gull eggs from the Great Lakes. Similar findings were reported for common tern (Murk et al. 1996) 
and great blue heron (Champoux et al. 2006). 

Where nestlings have been monitored rather than eggs, the general response pattern appears to be 
one of reduced circulating concentrations with increasing PCB or PCDD contamination. Signifi cant 
negative correlations between nestling plasma retinol and PCBs were reported in great blue heron 
from the St. Lawrence River (Canada, Champoux et al. 2006), European shag (Phalacrocorax aris
totelis) from Norway (Murvoll et al. 2006a), black guillemots from Labrador (Kuzyk et al. 2003), 
and herring gulls and Caspian terns from the Great Lakes (Grasman et al. 1996), but not for bald 
eagle nestlings from British Columbia (Cesh et al. 2010).  The study of black guillemots also reported 
a sex-specific reduction in liver stores with PCB exposure; the negative association was evident in 
female nestlings but not male nestlings (Kuzyk et al. 2003). In addition, hydroxylated metabolites of 
PCBs, OH-PCBs, were negatively correlated with plasma retinol in a 1998 study of bald eagle chicks 
from British Columbia (Newson et al. 2000), but not in a 2003 study (Cesh et al. 2010).  Positive rela
tionships between PCBs and/or TEQs with hepatic dehydro-retinol, retinyl-ester 2 or retinyl palmi
tate were reported in osprey and bald eagle hatchlings from British Columbia (Elliott et al. 1996b, 
2001a). Martinovic et al. (2003a) found a positive relationship between PCDDs and the molar ratio 
of retinol: retinyl palmitate in kidneys of tree swallow nestlings from the St. Lawrence River; plasma 
concentrations were not measured. Those tree swallows also showed a negative correlation between 
basal plasma corticosterone levels and PCDFs (ranging from 5 to 121 pg/g ww), suggesting they were 
responding to a chronic stress (Martinovic et al. 2003b). 

Thyroid and vitamin A status are the most widely applied markers of dioxin-like physiological 
effects in young and adult wild bird studies; however, there is still a need for better understanding 
of how age of birds influences the natural functioning of these systems. Also, studies that measure 
only one component of the complex feedback mechanisms, for instance only circulating levels of 
vitamin A and not storage forms, run the risk of missing subtle changes in the functioning of these 
important and highly complex systems. A further discussion of responses in adult birds is provided 
in Section 14.4. 

14.3.3 PRODUCTIVITY 

Productivity and adult survival (in Section 14.4) are the key determinants of population sur
vival in wild birds. Productivity is more critical for short-lived species, whereas adult survival 
is more critical for long-lived species (Lebreton and Clobert 1991). These two gross measures of 
fitness express the cumulative impacts of ecological and toxicological factors, and thus present 
the greatest challenges for researchers trying to pinpoint cause–effect associations in complex 
ecosystems. 

Early studies of colonial water-birds and raptors in the Great Lakes and Europe reported poor 
productivity associated with regional contamination from OC contaminants (Gilman et al. 1977, 
Price and Weseloh 1986, Kozie and Anderson 1991, Elliott and Harris 2001, Helander et al. 2002). 
Typically, PCBs were present in eggs of affected species at higher concentrations than other OCs, 
such as DDE and HCB, and were thus implicated as a probable dominant cause of poor productiv
ity. However, the strength of correlations among OCs in these environments was very strong, and 
regional averages were largely insufficient to provide statistical evidence of cause–effect. 

These confounding associations among contaminants continued to exert an infl uence in more 
recent productivity assessments (Table 14.5). The bulk of studies suggest that the strongest chemi
cal determinants of productivity often were not PCBs, but instead DDE or PCDDs. For instance, 
in a retrospective analysis of white-tailed sea eagles from Sweden, productivity over the period 
1964–1999 was most strongly associated with an eggshell desiccation index that was in turn strongly 
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TABLE 14.5 
Evidence for Associations between PCBs or PCDDs and Productivity Measures 
in Wild Birds in the Field 

Other Signifi cant 
Effect/No Response Contaminants/ 

Species Effect Variable Tissue Burdena Variables Reference 

American No effect Productivity 84 µg/g (egg) Henning et al. 2003 
robin 12 µg/g (whole 

nestling) 

Bald eagle No effect 5-year 7–100 ng/g or 2.6–13 Weak association with Elliott and Norstrom 
productivity pg/g TEQs (nestling DDE 1998, Gill and 

plasma) Elliott 2003 

Dipper No effect Post-fl edge 0.5–1.3 µg/g (egg) Ormerod et al. 2000 
survival 

House wren No effect 3-year 6 µg/g (egg) Neigh et al. 2007 
productivity 0.8 µg/g (whole 

nestling) 

Great No effect Fledge 0.5–40 µg/g (egg) Strause et al. 2007 
horned owl success 

Osprey No effect Fledge rate 0.5–1.7 µg/g (egg) Woodford et al. 
4–119 pg/g 1998 
PCDD-TEQs 

Tree No effect Fledge 5.1 µg/g (egg) Papp et al. 2005, 
swallow success 3.1 µg/g (whole Neigh et al. 2006 

nestling) 

Black- Effect Fledge rate 8–21 µg/g (nestling Chick disease (unknown Hario et al. 2000, 
backed liver) etiology); association 2004 
gull with DDE 

Eastern Effect 3-year 8.3 µg/g (egg) Interspecies competition Neigh et al. 2007 
bluebird productivity 1.3 µg/g (whole for nest boxes and 

nestling) prey; associations with 
DDE 

European Effect Fledge rate 6 µg/g (whole Arenal et al. 2004 
starling nestling) 

Herring gull Effect Productivity 142 µg/g (egg) Many co-contaminants Gilman et al. 1977 

Tree Effect Fledge rate 9.3–29.5 µg/g (egg) McCarty and Secord 
swallow 3.7–62 µg/g 1999b 

(nestling) 

Effect Nestling 0.57 ng/g TCDD Year-to-year variability Custer et al. 2005 
success (nestling) 

White-tailed Effect Productivity 380–750 µg/g lipid Strong association with Helander et al. 2002 
sea eagle wt (egg) DDE 

Wood duck Effect Productivity 0.02–0.05 ng/g White and Seginak 
PCDD-TEQs (egg) 1994 

a Units for ∑PCBs, wet weight unless stated otherwise. 

associated with DDE (Helander et al. 2002). LOELs for reduced productivity were 120 µg/g lipid 
weight DDE and 500 µg/g lipid weight PCBs in eggs (Helander et al. 2002). A re-analysis of Great 
Lakes bald eagle productivity data for the period 1986–2000 reported associations on an individual 
nest basis for both PCBs and DDE, with a lower threshold value for DDE (Best et al. 2010). For the 
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entire Great Lakes bald eagle sample, and for a subset of birds nesting on the Great Lakes shoreline, 
∑PCBs had the clearest relationship with productivity, and the best relationship was dose-dependent 
and included ∑PCBs and DDE as factors. Reductions in productivity below a threshold level for 
population sustainability were associated with 6.5 µg/g wet weight DDE and 26 µg/g wet weight 
PCBs (Best et al. in preparation), which is similar to critical values estimated from North American 
regional productivity averages for the species (6 µg/g ww DDE and 20 µg/g ww PCBs; Elliott and 
Harris 2001). 

Nest box studies with tree swallows and wood ducks reported associations between productiv
ity, measured as fl edge success, and TCDD or PCDDs in general. Tree swallows nesting along the 
TCDD-contaminated Woonasquatucket River (Rhode Island) were less likely to reach 12 days old 
than nestlings along a reference river system (Custer et al. 2005); however, the greatest infl uence 
on that fledge rate was poor hatching success, and some compensation during the nestling stage 
seemed to occur. Similarly, wood ducks nesting along the Bayou Meto in Arkansas showed reduced 
productivity at PCDD concentrations equivalent to 0.05 ng/g PCDD-TEQs (White and Seginak  
1994), although it is unlikely that embryo survival would have been significantly affected at those 
exposure levels based on egg-injection data for that species (Augspurger et al. 2008). 

A few nest box studies of passerine species recently reported reductions in productivity or fl edge 
success statistically associated with PCBs (Table 14.5). Studies with starlings, bluebirds, and tree 
swallows suggest that productivity is reduced at threshold whole nestling concentrations in the range 
of 1–6 µg/g wet weight PCBs (McCarty and Secord 1999b, Arenal et al. 2004, Neigh et al. 2007). 

Not surprisingly, many recent studies have had increasing difficulty quantifying the magnitude 
of influence of diminishing concentrations of OCs and PCDDs on productivity, relative to ecologi
cal variables such as food or thermal stress (Hario et al. 2000, Gill and Elliott 2003, Neigh et al. 
2007). In long-term, extensive monitoring of herring gull populations in the Great Lakes, Hebert 
et al. (2002) determined that diet quality was significantly correlated with productivity, egg size and 
female body condition. These ecological determinants will remain relevant and require consider
ation in future field studies, necessitating individual nest correlative contaminant analyses rather 
than regional averaging techniques, and combined toxicological/ecological study designs. 

14.4 ADULT SURVIVAL 

Adult survival is a critical determinant of population growth rate in long-lived birds. PCBs and 
PCDDs have not been strongly associated with this parameter in the past, possibly because inci
dences of direct poisoning of adults were infrequent even during the 1960s and 1970s when bio
availability was relatively high. However, there is some evidence that OCs, PCBs, and PCDDs may 
have exerted indirect impacts on adult survival rates by exacerbating the effects of natural stressors 
such as low food availability (Elliott et al. 1996c, Gervais and Anthony 2003, Gill and Elliott 2003, 
Bustnes et al. 2006a, 2006b, Breton et al. 2008). 

Table 14.6 summarizes the evidence for direct lethal effects of PCBs on wild bird adults. 
Laboratory studies on a variety of mostly passerine species indicated that the most reliable diagnos
tic tissue residue for PCB poisoning was the concentration in the brain (Prestt et al. 1970, Dahlgren 
et al. 1972, Stickel et al. 1984). Lethal brain residues in laboratory tests typically fell within the 
range 300–800 µg/g wet weight, depending on the species (Table 14.6). One study of wild, captured 
and dietary-exposed great cormorant reported a lower brain threshold of 76–180 µg/g; however, that 
study used Clophen A60 for dosing, a formulation that contained PCDF impurities (Koeman et al. 
1973). The PCDFs may have contributed to a lower lethality threshold in the species, or alternatively 
the species may exhibit greater sensitivity. Coinciding field studies reporting 190 µg/g PCBs in cor
morants found dead would lend support for the latter hypothesis (Koeman et al. 1973). 

Only two other reports of suspected poisoning in wild populations measured brain residues 
within the reported laboratory range. One was a study of ring-billed gulls on the Great Lakes in 
the early 1970s (Sileo et al. 1977), whereas the other was more recent, the finding of an individual 
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debilitated and moribund red-tailed hawk (Buteo jamaicensis) in 1996 near a contaminated trans
former manufacturing site in New York (Stone and Okoniewski 2000). The other cases listed in 
Table 14.6 were potential diagnoses of poisoning, where other chemical or ecological factors also 
likely contributed significantly to the observed mortalities. 

Although the focus of many studies of PCB and PCDD effects in wild birds has been reproduc
tion, a few have also attempted to measure chronic effects on adult survival in the field by inves
tigating adult return rates in species exhibiting strong nest- or natal-site fidelity. In two instances, 
significant associations were reported between PCB tissue burdens and poor return rates (Table 
14.6). In 1990, Mora et al. (1993) reported that return rates of Caspian tern to their natal region 
was negatively associated with regional averages of PCBs in blood of the adults. In particular, of 
those birds banded as chicks, the return rate at the two most contaminated colonies in Green and 
Saginaw Bays (Lakes Huron and Michigan, respectively) was 20–23%, compared to rates around 
70% for colonies in northern Lake Huron (Mora et al. 1993). During the period 1997–2000, 
Bustnes et al. (2003) similarly found associations between blood PCBs and decreased adult return 
rates for glaucous gull in the Norwegian Arctic. Overall, a 10-fold increase in blood concentra
tions of OCs corresponded to a reduction in survival probability of up to 29% for females and 
up to 16% for males. There was a significant negative correlation between adult survivorship 
and both oxychlordane (p < .01) and PCBs (p < .05). A few other studies reported fi nding no 
associations between return rates and PCBs: in south polar skuas (Bustnes et al. 2007), in her
ring gull from Lake Ontario over the period 1993–1998 (Breton et al. 2008), and in tree swallow 
from the PCB-contaminated Housatonic River over the period 2000–2004 (Custer et al. 2007). 
Breton et al. (2008) considered that PCBs may have contributed to lower adult survival of herring 
gull during the 1990s or earlier, but the overwhelming explanatory variable of survival at Lake 
Ontario colonies appeared to be changing prey availability and nutritional value, as measured by 
the abundance of alewife. In the tree swallow study, Custer et al. (2007) actually found higher 
concentrations of PCBs in females that returned versus those that did not, and considered that 
higher lipid reserves (and consequently higher lipophilic contaminants) were the best predictor of 
survival between breeding seasons. 

In short, there is little evidence that PCB and PCDD tissue burdens in wild birds are suffi cient 
to impact on survival rates on their own. However, there are cases where they were suggested as 
potential contributors to reduced survival during periods of food stress or disease stress. In addition 
to the case of herring gull described earlier, Gill and Elliott (2003) suggested that PCDD and PCDF 
contamination from a pulp mill effluent exacerbated food availability-related reduced productiv
ity in bald eagle from British Columbia over the period 1992–1998. Bustnes et al. (2006b) did not 
find that OCs in tissues infl uenced the survival of parasite-infested adult glaucous gulls, but tissue 
burdens did exacerbate the reproductive impacts of the infestation on those birds. Episodic food, 
thermal and disease stresses in wild birds will continue to occur, possibly more frequently with  
climate change, and it is therefore important to better understand the synergistic effects exerted by 
PCBs and PCDDs under such conditions. 

The traditionally monitored biochemical markers of PCB and PCDD impacts, namely porphy
ria, vitamin A status, thyroid function, and immune function, may provide some indications of the 
vulnerability of adult wild birds to ecologically mediated stress events. They also provide some 
information on the potential for these contaminants to be impacting through endocrine disruption 
mechanisms. As discussed for nestlings, there is a need for further mechanistic laboratory studies 
to better understand contaminant impacts on endocrine function in avian species. 

Immune dysfunction is one process by which PCBs, PCDDs, and PCDFs may reduce adult sur
vival rates (Grasman 2002, Møller and Saino 2004). The thymus is an important organ for immune 
function and hence many studies link hematology, antibody-related immunity, and thymus function 
together to investigate immune function. 

Captive studies with breeding adult American kestrel fed Aroclor 1248:1254:1260 (7 mg/ 
kg body weight/day for 120 days) reported higher white blood cell counts, principally related 
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to lymphocyte proliferation (Smits et al. 2002). Lymphocytes (B and T cells) are involved in an 
adaptive immune response, proliferating once the body recognizes a specific antigen and often 
where a chronic infectious stress is present (Janeway et al. 1999). The response in kestrels was 
significant only for males, although the pattern of proliferation was consistent in both sexes. Those 
males also showed significantly depressed circulating corticosterone levels (Love et al. 2003), an 
increased PHA skin response under immune challenge, reduced plasma T3 concentrations (Smits 
et al. 2002), and suppressed antibody production (Smits and Bortolloti 2001). In adult females,  
antibody production was enhanced rather than suppressed (Smits and Bortolloti 2001). Those  
results suggest chronic impacts on immune function by PCBs, mediated possibly by hormonal 
(sex-specifi c) mechanisms. 

Earlier laboratory studies using mallards exposed by oral gavage to Aroclor 1254 reported fewer 
significant effects on immune and thyroid function (Fowles et al. 1997). This is consistent with 
ducks showing low sensitivity overall to PCB toxicity. Male mallards did not exhibit an effect on 
the PHA skin response with exposure up to 500 µg/g twice weekly for 5 weeks. However, liver and 
thyroid weights were increased in treatments above 100 µg/g, while plasma T3 concentrations were 
decreased, with a LOEL of 20 µg/g (Fowles et al. 1997). 

Consistencies exist between the few laboratory studies outlined above and fi eld-based studies 
of immunity in breeding adult wild birds. Lymphocyte proliferation, in particular, was correlated 
to PCB (and other OC) exposure in herring gulls from the Great Lakes (Grasman et al. 2000), 
black-footed albatross from Midway Atoll (Finkelstein et al. 2007), and glaucous gulls from the 
Norwegian Arctic (Bustnes et al. 2004). Plasma T4 but not T3 concentrations were reduced in both 
the herring gulls (Fox et al. 2007a) and the glaucous gulls (Verreault et al. 2004). Moccia et al. 
(1986) and Fox et al. (2007b) also reported enlarged thyroids and microfollicular hyperplasia in 
thyroids of Great Lakes herring gulls, correlated with PCB tissue burdens. 

There is insufficient evidence from these immune studies to propose effect levels from immune 
dysfunction in wild birds exposed to PCBs, but the consistencies between field and laboratory fi nd
ings suggest that different species may be responding similarly and in a chronic fashion. Møller and 
Saino (2004) suggest that mounting an inappropriate immune response, either via suppression or 
hypersensitivity, can reduce the long-term survival of wild birds. Further research on parasite loads 
in the Arctic-breeding glaucous gulls described earlier reported that the more contaminated birds 
carried greater infestations of intestinal nematodes (Sagerup et al. 2000), supporting the idea that 
OC contaminants in general are associated with compromised immunity. 

14.5	 POSSIBLE INFLUENCE OF PBDES ON REPRODUCTION 
AND SURVIVAL OF WILD BIRDS 

The recent addition of PBDEs to the environmental mix of similarly structured, persistent, and bio
accumulative contaminants creates further potential for additive effects of whole tissue burdens on 
avian wildlife. PBDEs have a similar chemical structure to PCBs, but have chlorines replaced with 
bromines and an oxygen bonding the two rings. Since the 1980s, these fl ame retardants have been 
produced in technical formulations that contain predominantly penta-, octa-, or deca-congeners 
(de Wit 2002). Early evidence of mammalian toxicity associated with lower brominated congeners 
has led to restrictions on manufacture of penta-technical mixtures. Three congeners in particu
lar which are associated with the penta-formulations, BDE-47 (2,2′,4,4′-tetrabromoDE), BDE-99 
(2,2′,4,4′,5-pentabromoDE), and BDE-100 (2,2′,4,4′,6-pentabromoDE), have been widely reported 
in eggs of water-birds and raptors (Norstrom et al. 2002, Elliott et al. 2005, McKinney et al. 2006, 
Murvoll et al. 2007, Gauthier et al. 2008). 

Although the avian literature pertaining to effects of PBDEs is still very limited, a few recent 
studies suggest that PBDEs and their hydroxylated metabolites may alter reproduction and physiol
ogy in ways consistent with PCBs. Here we describe these early fi ndings. 
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14.5.1 EFFECTS ON REPRODUCTION 

A small number of laboratory studies have explored the effects of the formulation DE-71 on parent
ing behavior, embryolethality, hatching and fledging success in wild birds and the chicken. In broad 
terms, PBDEs appear to invoke similar responses as PCBs, but the relative sensitivity of species 
does not follow the predicted pattern described earlier in Section 14.2.1 on measured variability in 
PCB and TCDD metabolism. 

Captive adult American kestrels exposed to DE-71 in their diet for 75 days, starting 21 days prior 
to breeding, exhibited altered courtship behaviors. Individuals in both low (0.289 µg/g ww in eggs) 
and high (1.13 µg/g ww in eggs) exposure groups displayed fewer pair-bonding behaviors, spent less 
time in nest boxes and copulated less than control birds (Fernie et al. 2008). Exposed females also 
ate less, which may have impacted their capacity to produce high-quality eggs. 

These same birds went on to show significant delays in clutch initiation (by 4 and 10 days for the 
low and high exposure groups) and smaller eggs (Fernie et al. 2009). Exposed females laid eggs with 
less volume, length, width, and mass than control eggs. Eggshells were also significantly thinned and 
embryos lost more weight during incubation when compared to control embryos. As a result, hatching 
success was significantly reduced (from 69% in controls to 49% in the high exposure group) and fl edg
ing success was nonsignificantly reduced (from 70% in controls to 56% in the high exposure group). 

In an independent comparison of the kestrel with chicken and mallard, the kestrel was found to 
be more sensitive to embryotoxic effects of PBDEs than the chicken, unlike previous species com
parisons with PCBs. Egg injection with DE-71 resulted in only 18% transfer of the dose to kestrel 
embryos and 29% transfer to chicken embryos (McKernan et al. 2009). Thus, the concentration 
affecting pipping and hatching success in kestrels was estimated to be as low as 1.8 µg ΣPBDE/g 
(from administered doses of 10 and 20 µg/g egg). That is comparable to the high exposure group 
described earlier in the adult oral dosing study (1.13 µg ΣPBDE/g, Fernie et al. 2008). In contrast, 
neither chicken or mallard embryo survival was altered by these dosage levels (McKernan et al. 
2009). Chicken hatchlings did exhibit EROD induction and altered histology of the bursa, symp
toms not observed in the other species. 

The apparent effect level of 1–2 µg ΣPBDE/g from laboratory studies is supported by a single 
field study of osprey in the US northwest. Henny et al. (2009) found a negative relationship between 
osprey productivity and PBDE burdens in eggs from 30 nests along the Columbia and Willamette 
Rivers in 2006 and 2007. Productivity was markedly reduced where egg concentrations exceeded 
1 µg/g (up to a maximum of 1.88 µg/g). Hence, PBDEs may not be present in environmental media 
at levels as high as PCBs even today, but they may nonetheless impact reproductive success through 
multiple egg intrinsic and extrinsic mechanisms at concentrations much lower than PCBs. 

14.5.2 EFFECTS ON NESTLING FITNESS 

A number of recent laboratory and field studies have focused on the potential for PBDEs and their 
hydroxylated metabolites to alter thyroid function in birds. Hydroxylated metabolites of both PCBs 
and PBDEs have been shown to bind more effectively to the transport protein, transthyretin, than 
either of the natural hormones, T4 or T3, in herring and glaucous gulls (Ucán-Marín et al. 2009). In 
theory, the transformed contaminants may compete with thyroid hormones and vitamin A (which 
also uses transthyretin as a means of transport), and disrupt their distribution within the body. 

Captive American kestrel nestlings exposed in ovo and post-hatch for 29 days to a mix of PBDE 
congeners (BDE-47, -99, -100, and -153) showed no statistically signifi cant (p = .05) differences from 
control birds in circulating T4, T3, and retinol (vitamin A) or in hepatic stores of retinol and retinyl 
palmitate (Fernie et al. 2005a). However, all but the last were negatively correlated to concentrations 
of one or more PBDE congeners. Dosed nestlings had whole body burdens of 86 ng ΣPBDEs/g wet 
weight on average. In addition to thyroid and vitamin A function, that study suggested some symp
toms of induced oxidative stress (Fernie et al. 2005a) and indications of altered immune function 
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(Fernie et al. 2005b). However, in those PBDE-exposed nestlings, the PHA skin response, antibody-
mediated response, and changes in the structure of the spleen, bursa and thymus were not signifi 
cantly different from controls at p = .05, with the exception of the splenic somatic index. 

Circulating and hepatic levels of vitamin A and vitamin E were also evaluated in mallard hatch
lings exposed to PBDE-99 via a single egg injection of 0.1, 1, or 10 ng/g wet weight (Murvoll et al. 
2005).  While vitamin A was not affected by exposure, hepatic concentrations of tocopherol (vita
min E) were negatively correlated with PBDE-99 in yolk sacs. The authors suggested that tocoph
erol may be impacted through oxidative stress mechanisms, consistent with findings noted above 
for kestrel nestlings. 

Despite the evidence for thyroid hormone and vitamin A and E effects during laboratory study, 
there is little suggestion that wild birds in the field experience similar altered physiology. Field-
hatched Brünnich’s guillemot (Uria lomvia), common eider (Somateria mollissima), North Atlantic 
kittiwake (Rissa tridactyla) and bald eagle showed no changes in vitamin status or T4 levels associ
ated with PBDEs in the range of 2–530 ng/g lipid weight in yolk sacs or 0.6–31 ng/g wet weight in 
nestling plasma (McKinney et al. 2006, Murvoll et al. 2006b, 2007, Cesh et al. 2009). Circulating T3 

and retinol were weakly and positively associated with hydroxylated metabolites of PBDEs in bald 
eagle nestlings from California and British Columbia (Cesh et al. 2009). 

As with similar evaluations made with PCBs (Section 14.3.2.5), variations in the measure of tis
sue burdens among laboratory and fi eld studies make comparison of these data diffi cult; however, a 
reporting of wet weight and lipid weight values for kittiwake and European shag by Murvoll et al. 
(2006b) suggests that at least some of these fi eld hatchlings were more contaminated with PBDEs 
than those exposed in laboratory studies. It may be that the impacts on these functional systems in  
nestlings can be compensated for during development and are not expressed as widely in natural 
environments as in captive colonies. 

Summary 

PCBs, PCDDs, and PCDFs are legacy contaminants that continue to occur in environmen
tal media with the potential to cause toxicological effects in wild birds. PBDEs are similarly 
structured more recent additions to the environment, and limited research indicates that they 
may also exert effects on reproduction and early development. Ongoing research has produced 
signifi cant advances in our understanding of dioxin-like toxicity in birds since the last edition 
of this book was published in 1996. These advances include the following: 

• 	 Differences in the AhR-mediated response mechanisms between mammals and birds 
affect the extrapolation of mechanistic results from laboratory mammalian studies to 
wild birds. Birds have unique forms of the Cytochrome P450 enzymes responsible for 
mounting a response to tissue burdens of PCBs, PCDDs, or PCDFs (detailed discus
sion in Section 14.2.1). 

• 	 Different bird species exhibit varying sensitivity to dioxin-like contaminants in the 
fi eld and those sensitivities may be broadly categorized according to amino acid dif
ferences in the structure of the AhR ligand binding domain. Whereas the chicken is the 
only species tested which exhibits high sensitivity, some upland game birds, passerines  
and albatross exhibit moderate sensitivity. All other birds (raptors, colonial water-birds, 
and ducks) appear relatively insensitive to dioxin-like contaminants. Considerable  
response variability remains within and among species in the latter  category, driven 
by other factors, some of which may still be related to the AhR (detailed discussion in  
Sections 14.2.1 and 14.2.2). 

• 	 Evaluations of long-term datasets suggest that elevated PCBs in hotspots such as the  
Great Lakes and the Baltic region most probably impacted productivity of wild birds, 
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though the mechanisms are complex. In addition, then and now there is increasing 
evidence that PCBs, PCDDs, and PCDFs were eliciting responses in stressful ecologi
cal conditions, most frequently where food quality or quantity was reduced (detailed 
discussion in Section 14.3). 

• 	 There are indications from early development studies that TCDD may not be the most 
toxic congener in the suite of dioxin-like chemicals for wild birds. The furans, notably 
TCDF and PeCDF, are reported to be more toxic in some instances, thereby implying  
that correlative fi eld assessments might have missed cause–effect relationships in the 
past (detailed discussion in Section 14.3.2.2). 

• 	 Accumulating evidence of behavioral drivers for PCB toxicity, through hormonally 
triggered mechanisms in maturing birds, is compelling. Although diffi cult to quantify  
in fi eld studies, parenting behavior may be a sensitive endpoint for continuing low-level 
PCB and PBDE exposure, and likely to alter the outcomes of responses mounted to 
ecological stressors. There is increasing evidence from mammalian studies and lim
ited evidence in birds, although with other chlorinated hydrocarbons such as DDE,   
that altered adult behaviors are the result of neuro-endocrine changes which occur 
principally as an outcome of exposure to contaminants during critical early stages of  
development (detailed discussion in Section 14.3.1). 

Tables 14.7 and 14.8 provide some suggested critical thresholds for PCB and TCDD toxicity in  
birds, based on weight of evidence from laboratory and fi eld  studies. 

The EROD activity provides the most consistently monitored endpoint for an AhR-mediated 
response in birds, although there are clearly large differences in sensitivity among species. Since 
the AhR mechanism is integral to the initiation of biochemical and physiological responses 
to dioxin-like contaminants, we suggest EROD be considered as a cross-species comparable 
LOEL. Although EROD is often considered a measure of exposure rather than effect, it does 
indicate a redirection of energy allocation in the individual away from processes critical for 
survival and reproduction. As such, it may be the most consistently measured indicator of low-
grade effect. EROD induction has occurred in laboratory studies of wild bird hatchlings (not 
domesticated fowl such as the chicken) at concentrations ranging 0.3–5 ng TCDD/g wet weight 
and 25–230 ng CB-126/g ww (Table 14.7). In the fi eld, where EROD is induced in response to  
a mix of AhR-active contaminants, corresponding threshold concentrations ranged 0.4–1.6 ng 
TEQs/g ww (Table 14.7). Although data exists for EROD induction at other life stages, the   
hatchling is the only age group where suffi cient information exists to suggest these critical 
threshold values. 

Although embryotoxicity may not be as sensitive to PCBs as behavioral alterations, it is   
easier to standardize and quantify this measure using egg-injection protocols. Therefore, we 
suggest embryolethality thresholds listed in Table 14.8 and Figure 14.1 be used as an additional  
comparison of expected variability in sensitivity among the various bird functional groups. 
The range in concentration thresholds described for wild species are 1–3 ng furans/g egg ww, 
~1–11 ng TCDD/g egg ww, 24–158 ng CB-126/g egg ww, and 1–2 µg ΣPBDEs/g egg ww (Table  
14.8). Hatching success, which incorporates factors that are both intrinsic and extrinsic to the 
egg (e.g., embryolethality and parental attendance), has been affected in species of intermediate  
sensitivity at egg concentrations ranging 6–50 µg ΣPCBs/g ww and 1–10 ng TCDD/g ww. Less 
sensitive species (raptors and water-birds) show reduced hatching success at egg concentrations 
ranging 23–142 µg ΣPCBs/g ww (Table 14.8). 

Behavioral endpoints listed in Table 14.8 may be the most sensitive to PCB exposure and 
most relevant for scenarios likely in today’s environment; however, there is a need for further 
mechanistic study in this area before they can be widely used to evaluate the effects of PCB 
exposure in the field. To date, the data suggests critical thresholds for altered parental care of 
1–30 µg ΣPCBs/g ww in eggs or 2–4 µg ΣPCBs/g ww in adult plasma (Tables 14.3 and 14.8). 
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15.1 INTRODUCTION 

Polychlorinated biphenyls (PCBs), polychlorinated dibenzo-p-dioxins (PCDDs), and polychlorinated 
dibenzofurans (PCDFs) constitute a group of structurally related halogenated aromatic compounds that 
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are ubiquitous, persistent, and toxic (Safe 1990, 1998a, Van den Berg et al. 1994, Huwe 2002, Mandal 
2005, Schecter et al. 2006). Because of their persistence and lipid solubility, these compounds can 
bioaccumulate in individual organisms and biomagnify up through higher trophic layers of the food 
chain. Mammalian characteristics, including food intake rate, life span, trophic status, and lactation in 
support of young, result in measurable residues of these compounds in virtually every species studied 
to date. Humans and mammalian wildlife share air, water, food chains, and biochemical and molecu
lar processes. Thus, select species of wildlife are often used as sentinels, providing important real-
world information on bioavailability and effects of environmental factors on toxicological responses. 
Episodic mortalities and declines of local wildlife populations that include physiological responses that 
are similar to those noted in controlled laboratory studies have raised scientific, public, and regulatory 
concern related to potential adverse environmental and human health effects associated with PCB/ 
PCDD/PCDF exposure. These concerns have led to institutional regulation of PCB/PCDD/PCDF use 
and release in most developed countries. The good news is that since regulations have been imposed, 
mammalian exposure to these environmental contaminants is, in general, on the decline. 

This chapter provides a review of literature pertaining to the exposure of mammalian wildlife 
species to PCBs, PCDDs, and PCDFs and aims to interpret those data in terms of potential for 
adverse effects as they relate to tissue concentrations. An overview of the chemistry, uses, and 
sources of PCBs/PCDDs/PCDFs is followed by a description of the spatial and temporal trends 
of these chemicals in mammalian wildlife species. Because the majority of toxic effects associ
ated with exposure to PCBs/PCDDs/PCDFs are presumed to result from interaction with the aryl 
hydrocarbon receptor (AhR), an overview of the mechanism of action of these chemicals is pro
vided. Based on this shared mechanism, combined with assumptions of toxicological additively,  
the TCDD-like toxicity of complex mixtures of individual congeners can be predicted with some 
accuracy based on a toxic equivalency factor (TEF) approach. The strengths and limitations of such 
an approach are discussed. Field and feeding studies involving terrestrial (such as shrews, voles, and 
mice), marine (such as whales, dolphins, seals, sea otters, and polar bears), and aquatic (mink and 
river otters) mammalian species are reviewed. Where possible, tissue-based no observed adverse 
effect concentrations (NOAECs) and lowest observable adverse effect concentrations (LOAECs)  
are identified using ecologically relevant endpoints such as reproductive impairment and reduced 
offspring survivability and/or growth. In rare cases, NOAECs and LOAECs are based on measure
ment endpoints that are more difficult to interpret in terms of individual, or population level effects, 
such as alterations in vitamin A and hormone concentrations, immunological parameters, and tis
sue morphology. Finally, key studies are chosen that are used to derive threshold tissue residue 
concentrations (geometric means of the relevant NOAECs and LOAECs) for terrestrial, marine, 
and aquatic mammalian wildlife species. The uncertainties associated with data interpretations, 
including extrapolations across compounds and across species, are discussed. 

15.2 PCBs/PCDDs/PCDFs 

15.2.1 PCBS 

PCBs are a nonpolar class of 209 individual compounds referred to as congeners, in which one 
to ten hydrogen atoms of a biphenyl molecule can be substituted for chlorine (Figure 15.1). The 
physical and chemical properties of PCBs that were advantageous for many industrial purposes,  
such as high stability, low flammability, inertness, and dielectric properties, led to the international 
use of PCBs in large quantities (Tanabe 1988). Commercial production of PCBs, primarily by the 
Monsanto Corporation, began in the United States in 1929 and lasted until 1977 (Kimbrough 1987, 
1995, Tanabe 1988, Headrick et al. 1999). PCBs were used in closed-use systems including electri
cal transformers, capacitors, and heat transfer and hydraulic systems. For a period of time, PCBs 
also had a number of applications with direct environmental exposure including their use in paints, 
polymers, and adhesives, as lubricants, plasticizers, fire retardants, immersion oils, vehicles for 
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FIGURE 15.1 Structures and numbering of generic polychlorinated/polybrominated biphenyl (PCB/PBB), 
polychlorinated dibenzo-p-dioxin, and polychlorinated dibenzofuran molecules. 

pesticide application and as agents for the suspension of pigments in carbonless copy paper (Safe 
1990; Headrick et al. 1999). The PCB products that were manufactured by Monsanto in the United 
States had the trade name Aroclor followed by four digits that identified the particular mixture. 
Commercial PCB products similar to Monsanto’s Aroclor mixtures were produced by manufactur
ers in Germany (Clophens, Bayer), France (Pheoclors and Pyralenes, Prodelec), Italy (Fenclors, 
Caffro), and Japan (Kanechlors, Kanegafuchi) (Kimbrough 1987, 1995, Safe 1994). 

The estimated cumulative production of PCBs in the United States between 1930 and 1975 was 
700,000 tons with an estimated 1.2 million tons produced worldwide. Domestic sales of PCBs in 
the United States during this time period totaled 627,000 tons (Kimbrough 1987, 1995, Tanabe 
1988). As a result of extensive use, PCBs were identified in environmental media and biota as 
early as the 1960s. After the discovery of their widespread contamination of the environment, 
PCB production decreased and eventually ceased (Tanabe 1988). In 1971, Monsanto voluntarily 
stopped production of PCBs for open-ended uses, and subsequently only the lower chlorinated 
biphenyls were produced (Aroclor 1242 and 1016). In 1977, Monsanto ceased production entirely 
(Kimbrough 1987, 1995). 
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Although PCBs are no longer used commercially, because of their persistence about 31% of 
all the PCBs produced (370,000 tons) is present in coastal sediments and open ocean water. It is 
estimated that the remaining portion (780,000 tons) is either still in use or deposited in landfi lls or 
dumps or is in storage (Tanabe 1988). 

15.2.2 PCDDS AND PCDFS 

PCDDs and PCDFs are formed as by-products of commercial and natural processes (Safe 1990). 
PCDDs are composed of two benzene rings connected by two oxygen atom bridges and contain 
four to eight chlorines, for a total of 75 congeners (Figure 15.1). PCDFs are also composed of two 
benzene rings fused to a central furan ring, having four chlorine binding sites available on each 
ring (Figure 15.1). There are 135 different PCDF congeners (Di Carlo et al. 1978, Safe 1990, 1998a, 
Headrick et al. 1999, Huwe 2002, Mandal 2005, Schecter et al. 2006). 

Some of the significant industrial sources of PCDDs and PCDFs included their formation as 
by-products in the production of PCBs, chlorinated phenols, and chlorinated phenol-derived chemi
cals, hexachlorobenzene, technical hexachlorocyclohexanes, and chlorides of iron, aluminum, and 
copper. PCDDs and PCDFs have also been identified in effluents, wastes, and pulp samples from the 
pulp and paper industry, and in finished paper products. Emissions from municipal and hazardous 
waste incinerators as well as home heating systems that use wood and coal, diesel engines, forest 
and grass fires, and agricultural and backyard burning contain PCDDs and PCDFs. Another source 
might be naturally formed PCDDs and PCDFs, which have been detected in deep soils and clays 
from the southern United States and Germany (Safe 1990, Huwe 2002). 

Historical data suggest that the majority of anthropogenic PCDDs and PCDFs began entering 
the environment in the 1930s and 1940s with releases peaking in the 1970s. Since the 1970s, emis
sions have been decreasing (Bhavsar et al. 2008). The US Environmental Protection Agency (U.S. EPA) 
estimated that annual emissions of PCDDs and PCDFs decreased from 13.5 to 2.8 kg 2,3,7,8-tet
rachlorodibenzo-p-dioxin (TCDD) toxic equivalents (TEQ)/year between 1987 and 1995 primarily 
due to improvements in incinerator performance and removal of incinerators that could not meet 
emission standards. Other regulations, including bans or restrictions on the production and use of 
chemicals such as the wood preservative pentachlorophenol (PCP), the phase-out of leaded gasoline 
that contained halogenated additives, and the elimination of chlorine bleaching in the pulp industry 
also contributed to reducing concentrations of PCDDs and PCDFs (Huwe 2002). There has been a 
further 50% decline in emissions between 1995 and 2000 from known sources in the United States 
(Bhavsar et al. 2008). 

15.3 SPATIAL AND TEMPORAL TRENDS OF PCBs/PCDDs/PCDFs IN MAMMALS 

Concentrations of PCBs/PCDDs/PCDFs in tissues collected from wildlife species, including mam
malian wildlife species, have been used to assess temporal and spatial trends of environmental  
exposure (Addison et al. 1986, Muir et al. 1992, 1996, 1999, Mossner and Ballschmiter 1997, Muir 
and Norstrom 2000, Addison and Sobo 2001, Tanabe et al. 2003, Riget et al. 2004, 2006, Aguilar 
and Borrell 2005, Braune et al. 2005, Verreault et al. 2005, Martin et al. 2006a), thus providing 
important information on their presence and bioavailability in the environment and the potential 
for human exposure (Basu and Head 2010). Numerous researchers have reported greater tissue 
concentration for marine animals foraging around coastal areas associated with large human popu
lation centers, heavy industrial activity or in known areas of contamination. Bioaccumulation and 
biomagnification of these contaminants have been documented in marine mammal species like the 
harbor seal (Phoca vitulina) (Ross et al. 2004). Trends associated with global distribution have also 
been noted, including differences between hemispheres (Iwata et al. 1993, Muir et al. 1999), which 
are likely associated with disproportionate production and use of PCBs, cross-continental patterns 
associated with atmospheric release and deposition of contaminants (Muir and Norstrom 2000, 
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Anderson et al. 2001), and climate-related patterns thought to be associated with the “cold conden
sation hypothesis” (Weis and Muir 1997). Mammalian demographic patterns have been reported, 
including those based on age, sex, and reproductive history. For instance a number of researchers 
have noted that postreproduction, females of some marine mammalian species have lesser body 
burdens of PCBs/PCDDs/PCDFs than their similar aged male counterparts (Stern et al. 1994, Wells 
et al. 2005). The disparity is thought to be due to placental transfer of the chemical(s) to the fetus 
during pregnancy (Aguilar and Borrel 1994a) and more significantly, a reduction in maternal body 
burdens during lactation (Tanabe et al. 1994, Debier et al. 2003a, 2003b). 

In terms of temporal changes, after an increase in tissue concentrations of PCBs and related  
chemicals in arctic marine mammals, such as polar bears (Ursus maritimus) and ringed seals 
(Phoca hispida) in the 1970s and 1980s, the most commonly noted trend has been a general decline 
in PCB/PCDD/PCDF tissue concentrations over the last 30 years (Muir and Norstrom 2000). Riget 
et al. (2004) noted a 78% decline in PCB concentrations in tissue samples of adipose collected 
from polar bears in Greenland between 1990 and 2000 while Henriksen et al. (2001) noted a 40% 
decline for 2,2′4,4′,5,5′-hexachlorbiphenyl (PCB 153) in fat of polar bears from Svalbard during 
the same time period. Similarly, temporal declines of PCBs in tissues of striped dolphins (Stenella 
coeruleoalba) in the Mediterranean Sea (Aguilar and Borrell 2005), ringed seals from the Canadian 
Arctic (Riget et al. 2004), and gray seals (Halichoerus grypus) of the Baltic Sea (Bergman et al. 
2003) have all been noted. Since the 1980s, PCB concentrations in Eurasian river otters (Lutra 
lutra) have decreased by 6% to 11% annually (Mason and Madsen 1993, Roos et al. 2001). Martin 
and associates (2006a) compared contaminant concentrations in liver tissue of American mink 
(Mustela vison) trapped from 1998 to 2003 in the Lake Erie and Lake St. Clair basins to those of 
mink similarly obtained in 1978/1979. They reported that while concentrations of PCBs and other 
chlorinated hydrocarbons in mink generally decreased over the past two decades, PCB concen
trations tended to increase in western Lake Erie mink over the same time period. In general, the 
declines in PCBs/PCDDs/PCDFs appear to be greatest in areas previously noted for elevated expo
sure and are likely the result of institutional controls, including the ban of production and open use 
of PCBs that occurred in the 1970s and the reduction in the allowable concentrations of PCDDs and 
PCDFs in smoke stack and waste water emissions. A temporal decline in tissue concentrations is 
not as apparent in areas that previously had low exposure as well as in areas proximal to countries 
with lesser institutional controls. 

15.4 MECHANISM OF ACTION OF TCDD-LIKE PCBs/PCDDs/PCDFs 

Certain approximate stereoisomers of PCBs/PCDDs/PCDFs as well as similarly structured pla
nar polyhalogenated chemicals are known to induce a common suite of effects through a share 
mechanism of action. This mechanism is mediated by binding of the planar ligand to a specifi c 
high-affinity cytosolic protein, known as the aryl hydrocarbon receptor (AhR), which is differen
tially expressed in target tissues and organs. Mechanistically, the AhR is a ligand activated tran
scription factor that transduces extracellular signaling via DNA-binding dependent and independent 
mechanisms. There is a correlation between the AhR binding affinity of these chemicals and their 
structure. This structure–activity relationship supports the concept that the AhR is involved in the 
mediation of common responses induced by select PCDD, PCDF, and PCB congeners (Okey et al. 
1994, Hahn 1998, 2002, Safe 1998a, Denison et al. 2002, Denison and Nagy 2003, Mandal 2005). 
While there are other halogenated and nonhalogenated polycyclic aromatic compounds that activate 
the AhR, the most commonly recognized chemicals in this group includes seven PCDD congeners, 
10 PCDF congeners, and 12 PCB congeners. Toxicity and persistence of AhR-active chemicals are 
determined by structure, with lateral halogen substitutions on two coupled aromatic rings result
ing in the most planar configuration and highest degree of toxicity. For the PCDDs and PCDFs, 
congeners with chlorines in the 2, 3, 7, and 8 positions fall into this category. The TCDD-like PCB 
congeners are the non-ortho- and mono-ortho-substituted compounds with no chlorines and one 
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chlorine, respectively, in the ortho 2,2′, 6 or 6′ position (Safe 1990, Headrick et al. 1999, Huwe 
2002, Mandal 2005, Schecter et al. 2006). 

15.5 THE TOXIC EQUIVALENCY APPROACH 

The common mechanism of action of TCDD and related compounds facilitates the use of the TEF 
approach to estimate TCDD-like toxicity of complex mixtures containing chemicals that resemble 
TCDD. TEFs are used to assess the additive toxicity of PCDDs, PCDFs, and TCDD-like PCB con
geners that act through interaction with the AhR (Giesy and Kannan 2002). The TEF value for a 
TCDD-like congener is defined as the potency of the individual congener relative to TCDD. Using 
the TEF concept, a TCDD toxic equivalent (TEQ), which is the sum of the product of the concentra
tion of each congener and its respective TEF, can be calculated for any complex mixture containing 
TCDD-like chemicals to provide an estimation of the total TCDD-like toxicity (Safe 1998a, Van 
den Berg et al. 1998, 2006, Huwe 2002). While it is likely that environmental mixtures containing 
PCBs, PCDDs, and PCDFs elicit toxicological responses by multiple mechanisms, it is generally 
assumed that the most sensitive and detrimental responses are associated with activation of the AhR 
(Blankenship et al. 2008). 

There are some limitations with the TEQ approach. Blankenship et al. (2008) point out that 
TEFs are consensus values of relative potencies of the various PCB/PCDD/PCDF congeners rather 
than precise values. They may vary depending upon species, measurement endpoints and the rela
tive proportions of individual congeners in complex mixtures. The assumption that toxic responses 
to TCDD-like chemicals are additive and that other classes of contaminants do not modify or add 
to the toxicity clearly is not always correct Safe (1998a, 1998b). In addition, some of the mam
malian TEFs are based on in vitro studies. These types of studies do not account for whole animal 
exposure characteristics including absorption and distribution, nor does it account for response 
mechanisms including the effects of metabolism and elimination on target tissue exposure. Other 
TEFs are based on quantitative structure–activity relationships because of a lack of toxicity data for 
some congeners, which can introduce an additional degree of uncertainty into the determination of 
TEQs. Another limitation of the TEF approach is that it does not consider potential adverse effects 
of ortho-substituted PCB congeners. Ortho-substituted PCBs have been shown to elicit a variety of 
non-AhR-mediated toxic responses in experimental animals including neurobehavioral, neurotoxic, 
carcinogenic, and endocrine changes. However, studies reviewed by Giesy and Kannan (2002) sug
gest that it is unlikely that the effects of ortho-substituted PCBs are critical to survival at concentra
tions typically associated with the AhR-mediated toxic effects of PCBs for a number of reasons. In 
short, Giesy and Kannan (2002) suggest that relatively great concentrations of lesser-chlorinated 
di-ortho-substituted congeners need to accumulate in the brain to cause the observed effects; con
geners that are active do not tend to accumulate in brains of animals exposed to complex mixtures 
of PCBs in the environment; and the most neurotoxic congeners with the greatest potency are less 
chlorinated and subsequently more easily degraded in the environment, less bioconcentrated and 
more readily metabolized and excreted. 

TEFs are consensus values that intentionally overestimate the relative potency of congeners 
across a taxonomic class for the express purpose of risk assessment. TEF values are designed to be 
protective, rather than predictive of thresholds of effects (Blankenship et al. 2008). 

In instances where data from the same or related species are available, relative potency factors 
(RPFs) from the scientific literature may be used in place of TEFs to reduce uncertainty (U.S. EPA 
2003, Blankenship et al. 2008). A definition of relative potency is the dose of a reference compound 
required to cause a particular incidence of a specific toxic response in a specific species divided by 
the dose of a test compound needed to cause an equal incidence of that same effect in the same or 
closely related species. In this manner, toxicological assessments for a chemical of concern can be 
made in terms of another compound about which much is known (Jones 1995). 
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15.6 FIELD AND FEEDING STUDIES 

A number of studies have been conducted pertaining to PCBs, PCDDs, and/or PCDFs involving 
aquatic, marine, and terrestrial mammalian species. These studies can be categorized as fi eld or 
laboratory feeding studies. Field studies usually involve the assessment of tissue concentrations 
of PCBs, PCDDs, and PCDFs, or in some cases, TEQs with subsequent comparison of these con
centrations to tissue concentrations associated with deleterious effects as determined in labora
tory feeding studies. In a few cases, animals have been sampled for assessment of biochemical, 
morphological, and/or histological alterations, which have then been correlated to tissue concen
trations of contaminants. The limitations inherent in field studies make it difficult to establish a 
relationship between contaminant concentrations in tissues and deleterious effects. These limita
tions include: exposure of the animal to confounding contaminants in addition to the specifi c 
contaminant(s) of concern; unknown impact of other stressors such as habitat alteration; unknown 
health and physiological status of the animal; possible deterioration of the animal at the time of 
tissue collection; possible deterioration of the tissue sample before analysis (Kamrin and Ringer 
1996). Laboratory feeding studies offer distinct advantages over field studies in determining cause 
and effect relationships, but they may not accurately reflect environmental exposure to contami
nants and other stressors. 

15.7 TERRESTRIAL MAMMALS 

Terrestrial mammals generally are used as indicators of pollution near industries and landfi lls where 
they have been shown to have greater concentrations of pollutants compared to less contaminated 
areas (Bremle et al. 1997). Different terrestrial species offer unique characteristics that may make 
them a preferred sentinel species in a particular location. Such considerations include abundance, 
home range, diet, and rate of metabolism. 

15.7.1 FIELD STUDIES 

A number of field studies examining PCB/PCDD/PCDF concentrations in tissues of wild terrestrial 
mammalian species have been conducted (see later). Of the field studies examined, none correlated 
specific reproductive or physiological endpoints with tissue concentrations. Instead, general observa
tions were made, including the possibility that perceived population declines or conversely, the lack 
of observed deleterious effects, were expected based on comparison of field tissue concentrations 
with results from a laboratory feeding study. The various species examined include the short-tailed 
shrew (Blarina brevicauda), masked shrew (Sorex cinerus), meadow vole (Microtus pennsylvani
cus), meadow jumping mouse (Zapus hudsonicus), white-footed deer mouse (Peromyscus leuco
pus), eastern chipmunk (Tamius striatus), red squirrel (Tamiasciurus hudsonicus) (Blankenship 
et al. 2005), Japanese field mouse (Apodemus speciosus), lesser Japanese mole (Mogera imaizumii), 
raccoon dog (Nyctereutes procyonoides) (Kunisue et al. 2006), raccoon (Procyon lotor) (Smith 
et al. 2003), pine martin (Martes martes) (Bremle et al. 1997), hedgehog (Erinaceus europaeus) 
(D’Havé et al. 2006), weasel (Mustela nivalis), stoat (Mustela erminea), polecat (Mustela putorius) 
(Leonards et al. 1998), arctic fox (Alopex logopus) (Fuglei et al. 2007), red fox (Vulpes vulpes) 
(Corsolini et al. 1999), wolf (Canis lupus) (Carril González-Barros et al. 1997, Gamberg and Braune 
1999, Shore et al. 2001), ocelot (Felis pardalis) (Mora et al. 2000), European roe deer (Capreolus 
capreolus) (Naso et al. 2004), grizzly bear (Ursus arctos horribilis) (Christensen et al. 2007), New 
World fruit bat (Pteropus marianus), Indian pipistrelle bat (Pipistrellus pipistrellus), and short-
nosed fruit bat (Cynopterus brachyotis) (Senthilkumar et al. 2001). It should be pointed out that 
none of these species has been studied extensively in terms of spatial and/or temporal changes in 
tissue contaminant concentrations. 
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15.7.2 FEEDING STUDIES 

Although no controlled feeding studies with wild terrestrial mammals were identified, there are 
laboratory rodent studies that can be used to establish tissue concentrations of a commercial PCB 
mixture that correspond to ecologically relevant endpoints such as reduced litter size. Linder  
et al. (1974) conducted a two-generation reproduction study with Sherman rats fed diets contain
ing 0, 1, 5, 20, or 100 mg Aroclor 1254/kg feed. Rats exposed to Aroclor 1254 at dietary concen
trations of 20 mg/kg diet or greater had fewer pups per litter compared to controls. Because tissue 
concentrations were not assessed in this study, a similar chronic rat study by Grant et al. (1974), in 
which rats were exposed to the same dietary doses of 0, 2, 20, or 100 mg Aroclor 1254/kg for 246 
days, was used for hepatic PCB concentrations. In this study, the average hepatic concentration 
of Aroclor 1254 residues in the rats fed 20 mg Aroclor 1254/kg feed for 246 days was 4.8 mg/kg, 
wet weight. Thus, the dietary lowest observed adverse effect level (LOAEL) in the Linder et al. 
(1974) study of 20 mg Aroclor 1254/kg feed corresponds to a tissue-based LOAEC of 4.8 mg 
Aroclor 1254 residues/kg liver, wet weight. The no observed adverse effect level (NOAEL) in 
the Linder et al. (1974) study was 5 mg Aroclor 1254/kg feed. Tissue residue concentrations of 
Aroclor 1254 were not measured in Grant et al. (1974) study at a concentration corresponding to 
the dietary-based NOAEL in the Linder et al. (1974) study. However, Grant et al. (1974) reported 
a hepatic concentration of 1.1 mg Aroclor 1254/kg liver, wet weight for a dietary concentration 
of 2 mg Aroclor 1254/kg feed, which can be used as a reasonable approximation of the NOAEC 
(Table 15.1). 

Similarly, there are laboratory rodent studies that can be used to establish tissue concentrations 
of TEQs that correspond to deleterious effects on reproduction and offspring survivability. Murray 
and associates (1979) conducted a three-generation reproduction study to evaluate the effects of 
chronic ingestion of TCDD in Sprague-Dawley rats. A daily dose of 0.01 µg TCDD/kg body weight/ 
day was considered to be the LOAEL based on decreases in fertility, litter size at birth, gestational 
survival and neonatal survival and growth. The NOAEL was identified as 0.001 µg TCDD/kg body 
weight/day. These daily doses corresponded to dietary concentrations of approximately 200 and 
20 ng TCDD/kg feed, respectively, or 200 and 20 ng TEQs/kg feed, using a TEF value of 1.0 for 
TCDD (Van den Berg et al. 2006). While hepatic concentrations of TCDD were not determined in 
this study, they were determined in a 2-year chronic toxicity and oncogenicity study in Sprague-
Dawley rats that reported the same NOAEL and LOAEL (Kociba et al. 1978). The concentration of 
TCDD in the liver corresponding to the NOAEL was 510 ng TCDD or TEQs/kg liver, wet weight, 
and the hepatic concentration corresponding to the LOAEL was 5100 ng TCDD or TEQs/kg liver, 
wet weight (Table 15.1). 

15.8 MARINE MAMMALS 

Marine mammals have some of the greatest reported tissue concentrations of PCBs/PCDDs/PCDFs 
as compared to other mammals (Ross 2000). Predators like seals, dolphins, whales, and polar bears 
can consume highly contaminated prey, such as fish or seals, making them some of the most highly 
exposed marine animal species. Marine mammals are long lived, consume great amounts of prey, 
and transfer their body burdens from one generation to the next through lactation, similar to their 
terrestrial and aquatic counterparts. In addition, marine mammals often require lipid-rich blubber 
for buoyancy, insulation, and nutrition to help them survive in the marine environment. The lipid-
rich blubber is an ideal matrix for storage and transport of lipophilic contaminants such as PCBs/ 
PCDDs/PCDFs. As a result, the greater relative proportion of lipids on a body mass basis associ
ated with an effective contaminant transport system results in elevated exposures and body bur
dens. This unique characteristic may exacerbate target tissue contaminant exposure during times 
of physiological challenge such as illness, extreme environmental conditions, nutritional stress, or 
pregnancy as blubber stores are metabolized for survival. 



 
 

NOAEC LOAEC 

Study Critical Effect ∑PCBs TEQ ∑PCBs TEQ 

Rat 
Linder et al. (1974)/Grant et al. ↓ Litter size 1.1 — 4.8 — 
(1974)a 

Kociba et al. (1978)/Murray et al. Reproduction/survivability/ — 510 — 5100 
(1979)a growth 

Harbor Seal 
Boon et al. (1987)/Brouwer et al. ↓ Plasma thyroid 5.2 — 25 — 
(1989)b hormones/↓ plasma retinol 

de Swart et al. (1994)/Ross et al. ↓ Immune function 903 —  — 286 
 (1995, 1996a, 1996b)c 

Otter 
Smit et al. (1996)/Murk et al. ↓ Hepatic retinol/↓ hepatic 0.17 42 0.46 210 
(1998)d retinyl palmitate 

Mink 
Restum et al. (1998) ↓ Kit weights 0.07 — 0.98 — 

Halbrook et al. (1999)a ↓ Kit weights 5.9 — 7.3 — 

 Heaton et al. (1995a)/Tillitt ↓ Kit survivability 0.09 17 2.2 226 
et al. (1996)a 

Bursian et al. (2006a)a Reproduction/survivability/ 18 77 — — 
growth 

Bursian et al. (2006b, 2006c)a ↓ Kit survivability 3.1 50 3.1 189 

Bursian et al. (2006a)e Jaw lesion–juveniles 8.1 20 16 52 

Bursian et al. (2006c)e Jaw lesion–juveniles 0.73 16 1.7 32 

Martin et al. (2006b)f ↓ Vitamin A–kits 11 120 19 237 

Martin et al. (2006b)e ↓ Vitamin A–juveniles 16 52 18 77 
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TABLE 15.1 
No Observed Adverse Effect Concentrations (NOAEC) and Lowest Observed Adverse 
Effect Concentrations (LOAEC) from Select Toxicity Studies 

a NOAECs and LOAECs are based on maternal hepatic concentrations (mg/kg, wet weight). 
b NOAEC and LOAEC are based on plasma PCB concentrations (mg/kg lipid). 
c NOAEC and LOAEC are based on blubber TEQ concentrations (ng/kg lipid). 
d NOAEC and LOAEC (EC90) are based on hepatic PCB (mg/kg, wet weight) and TEQ (ng/kg, wet weight) 

concentrations. 
e NOAECs and LOAECs are based on juvenile hepatic concentrations (mg/kg, wet weight). 
f NOAECs and LOAECs are based on kit hepatic concentrations (mg/kg, wet weight). 

15.8.1 FIELD STUDIES 

Studies related to marine mammal PCB/PCDD/PCDF exposure and effects are generally surveys 
of wild populations that have been initiated in response to mortality events or population declines. 
Only a small number of controlled or semifield exposure studies have been completed to date, 
largely due to legal, ethical, logistical, and practical limitations. PCBs, PCDDs, and PCDFs have 
been shown to cause a number of adverse effects in laboratory animals. These include reductions or 
failure to reproduce and challenges to survival including wasting syndrome, endocrine disruption, 
reduced immune function, and others. Although an unequivocal causal link has not been established 
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to date, similar effects have been noted in a number of highly exposed marine mammal populations 
in the wild. 

Poor reproduction in dolphins, whales, seals, sea lions, and sea otters have been noted. Reddy 
et al. (2001) identifi ed significant differences in mean ∑PCB (based on the sum of 10 congeners) 
blubber concentrations for semicaptive bottlenose dolphins (Tursiops truncatus) whose calves sur
vived beyond 6 months as compared to those who were stillborn or died within 12 days. Females 
with lesser reproductive success had mean ∑PCB concentrations of 14 mg/kg lipid, which was  
2.5 fold greater than the more successful group (p = .076). In an examination of demographics of 
beluga whales (Delphinapterus leucas) from the St. Lawrence Estuary, Martineau and colleagues 
(1987) noted a lesser than expected number of calves and juveniles and suggested that a decreased 
birth rate or decreased juvenile survival could be the cause because ∑PCB blubber concentrations 
were as great as 576 mg/kg, wet weight. Helle et al. (1976) reported that an unusually great percent
age of wild seals that annually failed to conceive also had significantly greater ∑PCB concentra
tions (77 mg/kg, wet weight) in their blubber as compared to their pregnant cohorts (56 mg/kg, 
wet weight). Similarly, a study of common or harbor seals fed fish containing substantial concen
trations of PCBs (1.5 mg/kg, wet weight) from the Wadden Sea indicated sharp declines in pup 
production that appeared to be due to early abortion as compared to seals on a diet containing a 
lesser PCB concentration (0.22 mg/kg, wet weight) (Reijnders 1986). After a number of researchers 
noted early termination of California sea lion (Zalophus californias) pregnancies on San Miguel 
Island (California, U.S.), Delong and colleagues (1973) reported mean ∑PCB residues in the blubber 
(112 mg/kg, wet weight) and liver (5.7 mg/kg, wet weight) of pre-parturient females that were two to 
eight times greater than ∑PCB concentrations in the same tissues of full-term parturient females. 

More specifi cally, PCBs/PCDFs/PCDDs may be bioactive in the endocrine system or other key 
biochemical pathways associated with reproduction and homeostasis. Polar bears and seals exposed 
to elevated concentrations of PCBs and related compounds in the wild are reported to have abnor
mal concentrations of reproductive hormones (Haave et al. 2003, Oskam et al. 2003). Bone-related 
effects in highly exposed seals may be associated with changes in vitamin D and thyroid hormones 
that in turn appear to be correlated to PCB exposure (Routti et al. 2008). In addition, research
ers have noted correlations between the prevalence of disease and altered immune function with 
increased tissue concentrations of PCBs and related compounds in some of these same animals. 
The correlation was first noticed in studies investigating apparent pathogenically derived mass 
mortalities in dolphins (Kuehl et al. 1991, Aguilar and Borrell 1994b), and more recently, studies 
utilizing live free-ranging animals and nondestructive sampling have shown relationships between 
biochemical measures of immune response and PCB body burdens (Lahvis et al. 1995, Skaare et al. 
2000). It should be noted that the earlier studies of wild populations all indicated the presence of 
cocontaminants, including, in some cases, greatly elevated concentrations of DTT and metabolites 
that confound these results. However, given the weight-of-evidence, it is highly probable that PCBs 
and related compounds have played at least some part in noted population declines and select mass 
mortalities of highly exposed marine mammals. 

15.9 FRESHWATER AQUATIC MAMMALS 

Many of the field studies and most of the laboratory feeding studies for aquatic mammals have 
focused on Mustelids. Several species of this family have been used in ecological risk assessments 
for sites involving aquatic habitats with elevated concentrations of PCBs, PCDDs, PCDFs, and 
related compounds (Blankenship et al. 2008) and are considered to be an important sentinel species. 
Because humans and other vertebrate species that share the same environment often have similar 
responses from exposure to toxic substances, certain of these animal species can be used as sur
rogates to monitor environmental contaminant exposure and effects. These sentinel species were 
defined by Grove et al. (2009) as those that are used to evaluate environmental contamination and 
its implications on environmental health based on their chemical sensitivity, position in the biotic 
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community, exposure potential, and geographic distribution or abundance. A sentinel species must 
meet certain requirements as presented in Basu et al. (2007). These criteria include (1) widespread 
distribution, (2) high trophic status, (3) ability to accumulate contaminants, (4) maintained and 
studied in captivity, (5) captured in sufficient numbers, (6) restricted home range, (7) well-known 
biology, and (8) sensitive to contaminants. 

The identification of the mink as a potential sentinel species can be traced back to 1968 when 
coho salmon (Oncorhynchus kisutch) that were collected from Lake Michigan tributaries during 
1967 were incorporated into mink feed that was fed prior to and during the breeding and whelp
ing periods on commercial fur farms, resulting in abnormally great kit mortality (Aulerich et al. 
1971, 1973). Studies conducted at Michigan State University by Richard Aulerich and associates 
confi rmed that Lake Michigan coho salmon, when fed to breeder mink at 30% of the diet, caused 
either complete reproductive failure or increased kit mortality. Chlorinated pesticide (DDT, DDT 
isomers, and dieldrin) contamination was ruled out by mink feeding experiments that indicated no 
reproductive effects at dietary concentrations in excess of what was detected in the fi sh (Aulerich 
et al. 1971, 1973). Further analysis of the fish indicated the presence of PCBs at concentrations up to 
15 mg/kg whole body, wet weight. Subsequent feeding studies by Aulerich and colleagues demon
strated that mink were very sensitive to PCBs. Thirty milligram per kilogram of commercial PCB 
mixtures in feed was lethal to adult breeders within 4 months, 15 mg/kg feed caused reproductive 
failure and some adult mortality, and diets containing 10 mg of a commercial PCB mixture/kg feed 
resulted in reduced weight gain in growing mink. The clinical signs and gross lesions of mink fed 
diets containing the commercial PCB mixture were very similar to the signs noted in mink fed feed 
containing coho salmon (Aulerich et al. 1973, Aulerich and Ringer 1977). 

15.9.1 FIELD STUDIES 

The majority of PCB-related field studies involving aquatic mammalian species have focused on 
mink (Osowski et al. 1995, Haffner et al. 1998, Harding et al. 1999, Millsap et al. 2004, Beckett 
et al. 2005, Kay et al. 2005, Martin et al. 2006a, Zwiernik et al. 2008a, Haynes et al. 2009) and the 
Eurasian and river otter (Lutra canadensis) (Kruuk and Conroy 1991, Leonards et al. 1997, Simpson 
1997, Sjoasen et al. 1997, Murk et al. 1998, Harding et al. 1999, Roos et al. 2001, Grove and Henny 
2008). 

In the study by Murk and associates (1998), the relationship between hepatic retinoids and cor
responding ∑PCB concentrations (based on the sum of PCBs 26, 52, 101, 118, 138, 153, and 180) and 
TEQ concentrations (based on concentrations of non-ortho and mono-ortho PCBs using TEF values 
described by Ahlborg et al. 1994) in both captive and free-living Eurasian otters was determined. For 
environmentally exposed otters, a significant, negative correlation was found between hepatic retinol 
and retinyl palmitate when compared to TEQ concentrations. When expressed on a lipid weight basis, 
the authors estimated a NOAEC of 4 mg ∑PCBs/kg lipid (1 µg TEQs/kg lipid) and the concentration 
affecting 90% of the animals (EC90) as 11 mg ∑PCBS/kg lipid (2 µg TEQs/kg lipid). The average 
hepatic lipid content was reported to be 4.2%, which results in a NOAEC of 0.17 mg ∑PCBs/kg liver, 
wet weight (42 ng TEQs/kg liver, wet weight) and an EC90 of 0.46 mg ∑PCBs/kg liver, wet weight 
(210 ng TEQs/kg liver, wet weight) (Table 15.1). Hepatic retinoid concentrations were suggested as 
a sensitive indicator for AhR-related PCB toxicity in otters because of the relationship between a 
deficiency of vitamin A and an increased risk of infection (Murk et al. 1998). 

Harding et al. (1999) reported a significant correlation between hepatic ∑PCB concentra
tions (as Aroclor 1260) and baculum length in juvenile mink (but not river otter) collected on the 
Columbia and Frazer river systems in British Columbia, Canada. However, alterations of baculum 
length were not noted in subsequent laboratory or field studies with similar or greater ∑PCB expo
sures. Hepatic ∑PCB concentrations in animals in the Harding et al. (1999) study ranged from an 
estimated 0.01–0.18 mg/kg, wet weight. Feeding 12-week-old male mink a diet containing 3.2 mg 
Aroclor 1254/kg feed for approximately 5 months did not adversely affect baculum length or mass 
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(Aulerich et al. 2000). However, while there was a strong correlation between baculum length and 
mass in control animals, the correlation was weak in PCB-exposed animals suggesting subtle devel
opmental alterations. Similarly, field studies of mink on the Kalamazoo (Millsap et al. 2004) and 
Tittabawasee (Zwiernik et al. 2008a) rivers (MI, U.S.) found no correlation between hepatic ∑PCB 
and TEQ concentrations and baculum length or mass, nor did they fi nd significant differences in 
these parameters between exposed and unexposed mink. 

Zwiernik and associates (2008a) assessed a number of endpoints in mink residing in the 
Tittabawassee River basin (Midland, MI, U.S.). Significant concentrations of PCDFs and PCDDs 
have been measured in sediments, soil, and biota collected from this area. The resident mink survey 
(26 animals in the reference area and 22 animals in the study area) indicated no observable adverse 
effects based on abundance, morphological measurements, sex ratios, population age structure, and 
gross and histological tissue examination. Hepatic concentrations of PCDDs, PCDFs, and total 
TEQs were significantly greater in animals collected from the study area compared to the refer
ence animals. The mean total hepatic TEQ concentration in reference area mink was 20 ng/kg, 
wet weight when compared to 400 ng/kg, wet weight in study area mink. PCDDs, PCDFs, non
ortho PCBs, and mono-ortho PCBs contributed 21, 290, 80, and 5.8 ng TEQs/kg liver, wet weight, 
respectively. Of the contaminants analyzed, 2,3,4,7,8-pentachlorodibenzofuran (PeCDF) accounted 
for 56% of the total TEQs and occurred at concentrations approximately 86-fold greater in animals 
collected from the study area. 

Recently, a lesion that had been described only in ranch mink fed diets containing PCB and PCDD 
congeners or environmentally derived PCBs/PCDDs/PCDFs was reported in wild-caught animals. 
The lesion was described as a mandibular and maxillary squamous epithelial proliferation with 
subsequent osteolysysis (Figures 15.2–15.4). These findings were similar to jaw and skull lesions 
previously observed in Baltic gray seals (Halichoerus grypus) that were heavily contaminated with 
DDTs and PCBs (Bergman et al. 1992) and thus has attracted attention as a potential endpoint indic
ative of compromised health. Initially, Render and associates (2000a) observed maxillary and man
dibular osteoinvasive squamous epithelial proliferation in 12-week-old mink fed a diet containing 
24 µg of 3,3′4,4′5-pentachlorobiphenyl (PCB 126)/kg feed. Gross examination revealed mandibular 
and maxillary lesions consisting of swollen tissue of the lower and upper jaws with nodular prolif
eration of the gingiva and loose teeth with increased gingival surface area. Radiographs indicated 
osteolysis of the maxilla and mandible, and histologic examination documented extensive osteoin
vasion by squamous epithelial cells. A subsequent study by Render et al. (2001), in which 6- and 
12-week-old mink were fed 24 µg PCB 126 or 2.4 µg TCDD/kg feed, verified induction of maxillary 
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FIGURE 15.2 Mandibular and maxillary squamous epithelial proliferation in mink exposed to PCB 126. 
(a) Cross section through the mandible of a control mink shown for reference. Note the solid appearing  alveolar 
bone (ab) surrounding the teeth (t), which are above the gingiva (g). (b) Cross section through the mandible of 
a mink fed a diet containing PCB 126. Note the infiltration of cysts of squamous cells throughout the alveolar 
bone (arrows), resulting in loosening of teeth. 
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(a) (b) 

FIGURE 15.3 Dental malalignment and increased interdental spacing in mink induced by consumption of a 
diet containing 24.0 µg PCB 126/kg feed. (a) Inflammation of gingival tissue and moderate spreading of inci
sors. (b) Extended canines and missing incisors (mandibular and maxillary); gums are bloody and swollen. 

(a) 

(b) 

FIGURE 15.4 Osteolysis (arrows) induced by exposure to PCB 126. (a) Front view of skulls from a control 
mink (left) and a mink fed a diet containing PCB 126 (right). (b) Side view of skulls from a control mink (top) 
and a mink fed a diet containing PCB 126 (bottom). 
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and mandibular osteoinvasive squamous epithelial cell proliferation by PCB 126 and demonstrated 
its induction by TCDD. The latter study also showed that the lesion could be detected histologically 
after only 2 weeks of dietary exposure. Adult female mink that were fed 5.0 µg TCDD/kg feed for 
6 months developed proliferation of squamous epithelial cells (Render et al. 2000b) that resulted 
in focal loss of alveolar bone or osteolysis. Studies by Render and associates (2000a, 2000b, 2001) 
suggested that juvenile mink exposed to PCB 126 or TCDD are more susceptible to proliferation of 
squamous epithelia than adult mink. 

In a recent field study, Beckett et al. (2005) reported histological evidence of a jaw lesion char
acterized by hyperplasia of squamous epithelium in the mandible and maxilla in wild mink col
lected during an assessment of PCB exposure in the Kalamazoo River basin located in southwestern 
Michigan (U.S.) (Millsap et al. 2004, Kay et al. 2005). Lesion severity was positively correlated 
with hepatic ∑PCB (based on 100 congeners) and TEQ concentrations in mink collected from the 
study area. Hepatic ∑PCB and TEQ concentrations in mink having the lesion ranged from 2.9 to 
6.0 mg/kg, wet weight and 0.21–1.3 ng/kg, wet weight, respectively. 

Most recently, Haynes et al. (2009) reported that a mink collected near the shore of Lake Ontario 
within the Rochester Embayment area of concern (New York, U.S.) had histological and gross 
evidence of mandibular and maxillary squamous epithelial proliferation. This animal, which con
stitutes the first report of the lesion being detectable grossly in a naturally exposed mink, had a 
hepatic ∑PCB (based on 155 congeners/coeluters) concentration of 5.9 mg/kg, wet weight and a 
TEQ concentration based on PCDDs and PCDFs of 21.3 ng/kg, wet weight. 

15.9.2 FEEDING STUDIES 

Mammalian wildlife-based laboratory feeding studies have focused on mink for a number reasons 
discussed previously. Mink laboratory feeding studies can be divided into those involving administra
tion of commercial PCB mixtures (Aulerich and Ringer 1977, 1980, Jensen et al. 1977, Bleavins et al. 
1980, Aulerich et al. 1985, Hornshaw et al. 1986, Wren et al. 1987a, 1987b, Kihlstrom et al. 1992, 
Brunstrom et al. 2001, Kakela et al. 2002a, 2002b), administration of discrete PCB, PCDD, or PCDF 
congeners (Aulerich et al. 1985, 1987, 1988, Hochstein et al. 1988, 1998, 2001, Render et al. 2000a, 
2000b, 2001, Beckett et al. 2008, Zwiernik et al. 2008b, Moore et al. 2009, Zwiernik et al. 2009), or 
administration of environmentally derived PCB/PCDD/PCDF congener mixes by the incorporation 
of contaminated food items into the test diet (Aulerich et al. 1971, 1973, Platonow and Karstad 1973, 
Hornshaw et al. 1983, Heaton et al. 1995a, 1995b, Tillitt et al. 1996, Restum et al. 1998, Halbrook 
et al. 1999, Bursian et al. 2006a, 2006b, 2006c). 

While the use of commercial PCB mixtures diminishes the potential of exposure to other con
taminants, this exposure scenario does not accurately reflect the compositions of the mixtures that 
humans and wildlife are exposed to because of differences in metabolism and/or biodegradation 
rates of individual congeners comprising commercial PCB mixtures. An extensive discussion of 
this issue can be found in Giesy and Kannan (2002). 

Similarly, the use of individual PCB/PCDD/PCDF congeners or small groups of congeners can 
provide important information related to the toxicokinetics and toxicodynamics of the specifi c con
gener. However, exposures do not accurately reflect what the animal encounters in the environment. 

Incorporation of contaminated food items collected from the environment into the test diet alle
viates the concerns about environmental relevancy, but cocontaminants such as chlorinated pesti
cides complicate the identification of causality. In addition, the contaminated food items are usually 
collected from a single site, thus results from a feeding study of this nature tend to be site-specifi c 
and may not be applicable to other locations because of differences in congener profiles. However, if 
a congener-specific analysis of the feed as well as tissues is conducted, then the relative contribution 
of individual congeners to the toxic potency of the mixture can be accounted for by using the TEQ 
approach, keeping in mind the limitations associated with the TEQ approach that were discussed 
previously. 
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15.9.2.1 Effects of Commercial PCB Mixtures 

In an early study by Aulerich and colleagues (1973), three male and 12 female mink were fed diets 
containing 30% ocean fish (control), 30% Lake Michigan coho salmon, and 30% ocean fi sh plus 
30 mg of commercial PCB mixtures/kg feed (10 mg/kg feed each provided by Aroclors 1242, 1248, 
and 1254) for 180 days beginning 2 months prior to breeding (January 1). None of the females on 
the coho salmon diet and Aroclor-supplemented diet whelped. Six of 15 mink on the coho salmon 
diet and all of the animals on the 30 mg Aroclor/kg feed treatment died between the beginning of 
breeding (March 1) and the end of the whelping period (mid-May). The clinical signs and lesions 
in mink that died on diets containing coho salmon or supplemental PCBs were similar and con
sisted of anorexia, bloody stools, fatty infiltration, and degeneration of the liver and kidneys, and 
hemorrhagic gastric ulcers. Selected tissues from animals that died on trial were analyzed for PCB 
residues. Tissue concentrations were equivalent in animals fed diets containing 30% Lake Michigan 
coho salmon and 30 mg Aroclors/kg feed. The greatest average ∑PCB concentration occurred in 
the brain (11 mg/kg, wet weight), which was approximately twofold greater than concentrations 
reported for the other tissues including the liver. 

In a subsequent mink feeding study utilizing commercial PCB mixture (Aulerich and Ringer 
1980), three male and 12 female mink were assigned to one of four treatment groups each (con
trol or 2.0, 10, or 25 mg Aroclor 1016/kg feed) beginning 2 months prior to the breeding season 
through a second breeding season 18 months later. Aroclor 1016 (made by redistilling Aroclor 
1242 to remove some of the more highly chlorinated PCB congeners) was introduced in 1970 as an 
environmentally acceptable replacement for Aroclor 1242. Reproduction was not adversely affected 
although kit body weights at 4 weeks of age were significantly less than control body weights in the 
25 mg/kg feed group. Tissue concentrations of Aroclor 1016 in the adult females were greatest in 
adipose tissue (8.0 mg/kg, wet weight) with liver concentrations averaging 0.73 mg/kg, wet weight. 
Adipose and hepatic residue concentration in the females fed 10 ppm Aroclor 1016 averaged 5.2 
and 0.41 mg/kg, wet weight, respectively. The authors noted that PCB residues in mink fed Aroclor 
1016 were considerably less than those from mink fed comparable concentrations of a combination 
of Aroclors 1242, 1248, and 1254 (Aulerich et al. 1973, Aulerich and Ringer 1977), perhaps explain
ing their relative tolerance of dietary Aroclor 1016. 

Adult mink (four males and 12 females) were fed diets containing 1.0 mg Aroclor 1254/kg feed 
alone or in combination with 1.0 mg methyl mercury/kg feed for a period of 184 days that included 
reproduction and lactation (Wren et al. 1987a, 1987b). A third treatment group was fed a diet con
taining 0.50 mg Aroclor 1254 plus 0.50 mg methyl mercury/kg feed. The diet containing 1 mg 
Aroclor 1254/kg feed had no significant effect on reproductive parameters, but growth rates of kits 
were significantly reduced at 3 and 5 weeks of age compared to controls. The NOAEC and LOAEC 
based on maternal hepatic PCB concentrations in the control and 1.0 mg Aroclor 1254/kg feed 
groups are thus 0.13 and 3.1 mg/kg, wet weight, respectively. 

Kihlstrom et al. (1992) conducted a study in which a group of adult female mink was dosed with 
1.64 mg Aroclor 1254/kg body weight/day beginning approximately 1 month prior to breeding 
until 5 days postwhelping. If a food consumption rate of 0.15 kg/day and body weight of 1.0 kg is 
assumed (U.S. EPA 1995), this dose is equivalent to an adult female mink consuming feed contain
ing approximately 11 mg Aroclor 1254/kg. These animals had a significantly reduced whelping 
rate with no live kits being born. The concentration of Aroclor 1254 in the adipose tissue averaged 
74 mg/kg, wet weight. 

15.9.2.2 Effects of Environmentally Derived PCBs, PCDDs, and PCDFs 

Halbrook et al. (1999) conducted a study in which adult female mink were fed diets containing 25%, 
50%, or 75% fish collected from Poplar Creek (Tennessee, U.S.) 2 months prior to breeding through 
weaning of kits at 6 weeks of age. The diets provided 0.52, 1.01, or 1.86 mg ∑PCBs/kg feed with 
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Aroclor 1260 being the dominant Aroclor detected in both the fish and resulting feed. Because a 
congener-specific analysis was not conducted on feed and tissue samples, dietary and tissue TEQ 
concentrations are not available. Six-week-old male kits in the 1.86 mg ∑PCB/kg feed group had 
body weights that were signifi cantly less than control body weights, resulting in a dietary NOAEL 
and LOAEL of 1.01 and 1.86 mg ∑PCBs/kg feed, respectively. The LOAEC was 7.3 mg ∑PCBs (as 
Aroclor 1260)/kg liver, wet weight. In this particular study, hepatic ∑PCB concentrations were not 
determined in the other treatment groups, but concentrations in adipose tissue were. The hepatic 
concentration of ∑PCBs in the 1.86 mg ∑PCB/kg feed group was 5.6% of the adipose tissue con
centration. If this relationship is applied to adult females in the 1.01 mg ∑PCBs/kg feed group (the 
dietary NOAEL), then the NOAEC approximates 5.9 mg ∑PCBs/kg liver, wet weight (Table 15.1). 

Restum and associates (1998) administered male and female mink (eight males and 16 females per 
group) diets containing fish collected from Saginaw Bay (Lake Huron, Michigan, U.S.) that provided 
∑PCB concentrations (based on a multiple regression pattern analysis program used to quantify PCBs 
as a linear combination of Aroclors as described in Heaton et al. [1995a]) of 0.25, 0.50, or 1.0 mg/kg 
feed beginning approximately 2 months prior to breeding. Figure 15.5 provides a timeline for this two-
generation reproduction study in which a portion of the animals were switched from their respective 
PCB-containing diets to the control diet. Because a congener-specific analysis was not conducted on 
feed and tissue samples, dietary and tissue TEQ concentrations are not available. Table 15.2 summa
rizes the critical effects that were reported in this study. The authors identified a dietary LOAEL of 0.25 
mg ∑PCBs/kg feed based on reduced F1-1 kit body weights at three and six weeks of age. Plasma and 
hepatic ∑PCB concentrations in these animals averaged 0.04 and 0.64 mg/kg, wet weight, respectively. 
Concentrations of ∑PCBs in plasma and liver of parental females continuously exposed to 0.25 mg 
∑PCBs/kg feed for 18 months were 0.06 and 0.98 mg/kg, wet weight, respectively. Hepatic ∑PCB con
centrations in the control F1-1 kits and parental females averaged 0.07 mg/kg, wet weight (Table 15.1). 

In a study reported by Heaton et al. (1995a, 1995b) and Tillitt et al. (1996), adult mink (three 
males and 12 females per group) were fed diets containing 10%, 20%, or 40% carp collected from 
Saginaw Bay (Lake Huron, Michigan, U.S.), which provided 0.72, 1.53, or 2.56 mg ∑PCBs/kg feed 
(based on a multiple regression pattern analysis program used to quantify PCBs as a linear com
bination of Aroclors), respectively, or 16.8, 32.8, or 65.7 ng TEQs/kg feed (recalculated using TEF 

FIGURE 15.5 Exposure regimen for P, F1-1, F1-2, and F2 generation mink exposed to various concentrations 
of PCBs derived from Saginaw Bay carp. Event numbers: 1 = study initiation (12/23/1991); 2 = breeding; 
3 = whelping; 4 = weaning; 5 = study termination (7/1/1993). (From Restum, J. C. et al., J. Toxicol. Environ. 
Health Part A, 54, 343–375, 1998. With permission.) 



 

  

 
 

  
 
 

 

  

TABLE 15.2 
Summary of Critical Effects in Restum et al. (1988) Study 

Generationa Treatmentb Critical Effect 

F1-1 1.0 ↓ Kit survivability 

F1-2 1.0 → 0 ↓ Kit survivability 

F1-2  0.5 → 0.5 ↓ Kit survivability 

F1-2  1.0 → 1.0 ↓ Kit survivability 

F2  0.5 → 0.5 ↓ Kit survivability 

F2  1.0 → 1.0 ↓ Kit survivability 

F1-1 0.25 ↓ Kit body weight 

F1-1 0.5  ↓ Kit body weight 

F1-1 1.0  ↓ Kit body weight 

F1-2  1.0 → 1.0  ↓ Kit body weight 

F2  0.5 → 0.5  ↓ Kit body weight 

F2  1.0 → 1.0  ↓ Kit body weight 

a  F1-1 animals were whelped (mid-April to mid-May, 1992) by adult females (P) fed diets containing 
PCBs derived from fi sh collected from Saginaw Bay, MI, U.S. At weaning of F1-1 kits at 6 weeks 
of age, half of the P and F1-1 animals were switched to the control diet and the remaining half were 
maintained on their respective diets containing 0.25, 0.50, or 1.0 mg ∑PCBs/kg diet. During the next 
breeding season (March, 1993), animals were bred within their respective age and treatment groups. 
F1-2 kits were the second set of animals whelped by P females and F2 kits were whelped by F1-1 
females. 

b	  Numbers refer to parental treatment groups. For example, 1.0 → 0 refers to the situation where 
the parent was switched from 1.0 mg ∑PCBs/kg feed to the control diet prior to whelping while 

 1.0 → 1.0 signifies that the parent was in the 1.0 mg ∑PCBs/kg feed treatment group for the duration 
of the feeding trial. 
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values presented in Van den Burg et al. [2006]), respectively. A dietary concentration of 0.72 mg 
∑PCBs/kg feed (16.8 ng TEQs/kg feed) resulted in a decrease in kit body weights at 3 and 6 weeks 
of age as well as reduced kit survivability at the two time points. The greatest feed concentration 
resulted in no viable kits within 24 h of whelping. The dietary LOAEL in this study is 0.72 mg 
∑PCBs/kg feed (16.8 ng TEQs/kg feed) and the LOAEC is 2.19 mg ∑PCBs/kg liver, wet weight 
(226 ng TEQs/kg liver, wet weight) based on tissue concentrations in adult females. The authors 
reported a NOAEL and NOAEC based on ∑PCB and TEQ concentrations in control feed and  livers 
from adult females in the control group. The control diet contained 40% ocean fish scraps that 
resulted in 0.015 mg ∑PCBs/kg feed or 0.7 ng TEQs/kg feed. Hepatic ∑PCB and TEQ concentra
tions in adult female controls were 0.09 mg/kg liver, wet weight and 17.4 ng/kg liver, wet weight, 
respectively (Table 15.1). 

A subsequent study by Bursian et al. (2006a) utilized fish collected from the mouth of the 
Saginaw River (Michigan, U.S.), which empties into Saginaw Bay (Lake Huron, Michigan, U.S.), 
post sediment-remediation and 14 years after collection of fish used in the Heaton et al. (1995a, 
1995b)/Tillitt et al. (1996) and Restum et al. (1998) studies. In this study, adult female mink (10 per 
treatment) were fed diets containing 10%, 20%, or 30% carp that provided 0.83 1.1 or 1.7 mg  
∑PCBs/kg feed, respectively, and 22, 36, or 57 ng TEQs/kg feed (recalculated using TEF values 
presented in Van den Burg et al. [2006]), respectively. Animals were exposed beginning 3 weeks 
prior to breeding through weaning of their offspring at 6 weeks of age (119 days). Eight kits from 
each treatment group were continued on their respective diets through 27 weeks of age (an addi
tional 147 days). Consumption of diets containing up to 1.7 mg ∑PCBs/kg feed (57 ng TEQs/kg 
feed) had no significant effect on mink reproduction and kit survivability. Although maternal  
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hepatic ∑PCB and TEQ concentrations were not assessed in this study, if it is assumed that the 
hepatic concentrations in the adult females were similar to concentrations in the 27-week-old juve
niles as has been seen in other studies (Bursian et al. 2006c), then the NOAEC would be 18 mg 
∑PCBs/kg liver, weight wet and 77 ng TEQs/kg liver, wet weight (Table 15.1). Juvenile mink  
developed histologically identified maxillary and mandibular squamous epithelial proliferation at 
the two greatest dietary concentrations (1.1 and 1.7 mg ∑PCBs/kg feed or 36 and 57 ng TEQs/kg 
feed). Corresponding liver concentrations were 16 and 18 mg ∑PCBs/kg, wet weight or 52 and 
77 ng TEQs/kg, wet weight. The dietary no observed effect level (NOEL) based on the histologi
cally identified jaw lesion is 0.83 mg ∑PCBs/kg feed (22 ng TEQs/kg feed) and the no observed 
effect concentration (NOEC) is 8.1 mg ∑PCBs/kg liver, wet weight (20 ng TEQs/kg liver, weight 
wet) (Table 15.1). 

Mink kits and juveniles from the aforementioned Saginaw River feeding study were assessed for 
changes in thyroid and vitamin A status (Martin et al. 2006b). No evidence of overt thyroid toxic
ity was reported, but plasma retinol and total ester concentrations were decreased in both kits and 
juveniles exposed to 1.7 mg ∑PCBs/kg feed (57 ng TEQs/kg feed). This results in a dietary-based 
NOEL and LOEL of 1.1 and 1.7 mg ∑PCBs/kg feed or 36 and 57 ng TEQs/kg feed. The NOEC and 
LOEC for kits are 11 and 19 mg ∑PCBs/kg, wet weight or 120 and 237 ng TEQs/kg, wet weight, 
respectively. The NOEC and LOEC for the juveniles are 16 and 18 mg ∑PCBs/kg, wet weight or 
52 and 77 ng TEQs/kg, wet weight (Table 15.1). 

A study similar to the Saginaw River study (Bursian et al. 2006a) was conducted utilizing fi sh 
collected from the Housatonic River (Massachusetts, U.S.) (Bursian et al. 2006b, 2006c). Twelve 
adult female mink per group were fed diets containing varying percentages of fi sh that provided 
dietary concentrations of ∑PCBs (based on the sum of concentrations of 100 congeners) ranging 
from 0.34 to 3.7 mg/kg feed or 2.5 to 50.5 ng TEQs/kg feed (recalculated using TEF values pre
sented in Van den Burg et al. [2006]). Exposure of adults began approximately two months prior 
to breeding through weaning of kits at six weeks of age (160 days). Twelve kits per group were 
maintained on their respective treatments through 31 weeks of age (an additional 168 days). Mink 
kits exposed to 3.7 mg ∑PCBs/kg feed (50.5 ng TEQs/kg feed) in utero and during lactation had 
reduced survivability between 3 and 6 weeks of age. This dietary concentration resulted in a mater
nal hepatic concentration of 3.1 mg ∑PCBs/kg, wet weight or 189 ng TEQs/kg, wet weight). Using 
kit survivability as an environmentally relevant endpoint, the dietary NOAEL is 1.6 mg ∑PCBs/kg 
feed (12.1 ng TEQs/kg feed) and the NOAEC is 3.1 mg ∑PCBs/kg liver, wet weight (50.0 ng TEQs/ 
kg liver, wet weight) (Table 15.1). Mandibular and maxillary squamous cell proliferation was appar
ent in 31-week-old juveniles exposed to as low as 0.96 mg ∑PCBs/kg feed (6.6 ng TEQs/kg feed). 
Animals in this exposure group had hepatic concentrations of 1.7 mg ∑PCBs/kg, wet weight and 
32.2 ng TEQs/kg, wet weight. The dietary NOEL based on the jaw lesion is 0.61 mg ∑PCBs/kg feed 
(4.2 ng TEQs/kg feed) and the NOEC is 0.73 mg ∑PCBs/kg liver, wet weight (15.7 ng TEQs/kg liver, 
wet weight) (Table 15.1). 

15.10 THRESHOLD TISSUE RESIDUE CONCENTRATIONS 

Threshold tissue residue concentrations are presented in the following sections for terrestrial, marine 
and aquatic mammals on both a ∑PCB and TEQ basis. The threshold tissue residue concentration is 
the geometric mean of the NOAEC and LOAEC for a specific effect from a specific study or from a 
group of closely related studies (Tillitt et al. 1996, Kannan et al. 2000). This value is a conservative 
endpoint between the NOAEC, which is over-protective, and the LOAEC, which is under-protective 
and is assumed to represent a tissue concentration below which the specific effect in the species of 
concern will not occur. Depending upon the specific application, some of the values presented here 
could be used as a toxicity reference values (TRVs). 

A TRV is a chemical concentration expressed as an administered dose or as a media concentration 
that is used in conjunction with an exposure prediction to estimate health hazard or ecological risk 
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(USACHPPM 2000). There are several possible approaches to derive tissue-based TRVs (Sample 
et al. 1996, Blankenship and Giesy 2002, U.S. EPA 2003). These include the use of a single defi ni
tive study when one study is significantly more scientifically defendable than all others available, or 
the use of multiple studies to defi ne a range or develop a multistudy dose–response curve. Ideally, 
TRVs are derived from chronic toxicity studies in which a dose–response relationship has been 
observed for ecologically relevant endpoints in the species of concern, or a closely related species 
(Sample et al. 1996, U.S. EPA 1997). Furthermore, the duration of exposure should include sensitive 
life stages to assess potential developmental and reproductive effects and there should be minimal 
impact of cocontaminants (Blankenship et al. 2008). 

In deriving a TRV, it is essential to critically evaluate the applicability of the data to the site
 specific receptors of concern and exposure pathways. TRVs derived in the same species are generally 
not available for the majority of wildlife receptors. Thus, it is often necessary to derive TRVs using 
toxicological data for surrogate species in combination with uncertainty factors (UFs) to account 
for uncertainty associated with factors such as species differences, different laboratory endpoints 
and differences in experimental design (Blankenship et al. 2008). For this reason, only the threshold 
tissue residue concentrations based on mink offspring survivability could be used as TRVs for this 
species without further modifi cation. 

15.10.1 TERRESTRIAL MAMMAL THRESHOLD TISSUE RESIDUE CONCENTRATIONS 

Due to its insectivorous diet, relatively great ingestion rate and metabolism per unit of body weight 
(Lawlor 1979), relatively small home range (varies from 0.39 to 0.96 ha; Buckner 1966, Faust 
et al. 1971), and its relatively short lifespan (~1 year; Russell 1998), the short-tailed shrew has 
been recommended as a sentinel species of contaminant exposure based on its trophic level and 
value as a biomonitor of the local biome (Talmage and Walton 1991). The shrew is often selected 
as a surrogate species for terrestrial mammalian wildlife that would be expected to have maximal 
exposure to ∑PCBs in the soils. A threshold tissue residue concentration for shrews was devel
oped from the two rodent studies by Linder et al. (1974) and Grant et al. (1974) in which a hepatic 
Aroclor 1254 concentration of 4.8 mg/kg liver, wet weight was the LOAEC and 1.1 mg Aroclor 
1254/kg liver, weight wet was the NOAEC based on reduced litter size. The geometric mean of the 
NOAEC and LOAEC resulted in a threshold tissue concentration of 2.3 mg Aroclor 1254/kg liver, 
wet weight. When expressed on a lipid weight basis (assuming the liver contains 5% lipid [Poole 
et al. 1995]), the threshold tissue residue concentration is 46 mg Aroclor 1254/kg lipid (Table 15.3). 
A TEQ-based threshold tissue residue concentration of 1613 ng TEQ/kg liver, wet weight was 
derived using a NOAEC of 510 ng TEQ/kg liver, wet weight and a LOAEC of 5100 ng TEQ/kg 
liver, wet weight from the two rodent studies by Kociba et al. (1978) and Murray et al. (1979). The 
TEQ-based threshold tissue residue concentration expressed on lipid weight basis is 32 µg TEQ/kg 
lipid (Table 15.3). 

15.10.2 MARINE MAMMAL THRESHOLD TISSUE RESIDUE CONCENTRATIONS 

Despite calls for controlled studies on captive marine mammals (Marine Mammal Commission 
1999), ethical, logistical, and practical difficulties have resulted in a limited data set for only a few 
individuals. Thus, threshold tissue residue concentrations must rely largely on other mammalian 
data sets with a focus on AhR associated responses. 

In a review by Kannan et al. (2000), threshold tissue residue concentrations were derived for 
marine mammal exposure to PCBs and related compounds in terms of ∑PCBs and TEQs using three 
data sets: (1) data associated with semicontrolled exposure studies of marine mammals, (2) expo
sure studies in Eurasian otters, and (3) PCB exposure studies in mink. TEQs used by Kannan et al. 
(2000) are those presented in the original citations and do not reflect the most recent TEF values 
reported by Van den Berg et al. (2006). Controlled studies of mink and otter were selected to 



 

 
 

 

 

 

 

TABLE 15.3 
Threshold Tissue Residue Concentrations of PCBs (mg/kg lipid) and 
Toxic Equivalents (TEQ; ng/kg lipid) Based on the Geometric Mean 
of the NOAEC and LOAEC 

Mammal Type Tissue Type ∑PCBs TEQs 

Terrestrial	 Liver 46a 32,255b 

Marine	 Liver and blood 8.6c 1292c 

Blubber 17d 160e 

Aquatic	 Liver 41f 1540f 

a  NOAEC and LOAEC were used to derive the geometric mean based on liver wet weight 
concentrations in Grant et al. (1974) and associated effect concentrations noted in Linder et 
al. (1974). The lipid content of the liver is assumed to be 5%. 

b	  The NOAEC and LOAEC used to derive the geometric mean were based on effects data from  
Murray et al. (1979) and tissue residue concentration data from Kociba et al. (1978) who  
examined the effects of TCDD on rats. The lipid content of the liver is assumed to be 5%. 

c  Geometric mean of NOAECs and LOAECs for seals, otter and mink based on lipid nor
malized blood and liver. 

d	  The threshold tissue residue concentration ∑PCBs for marine liver in blood was multiplied 
by 2 based on Reddy et al. (1998) from Kannan et al. (2000). 

e  Value based on seal data derived by Kannan et al. (2000). 
f	  Geometric mean of NOAECs and LOAECs are based on lipid normalized mink hepatic 

concentrations from Heaton et al. (1995a)/Tillitt et al. (1996)  and Bursian et al. (2006a, 
2006b, 2006c). 
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supplement the limited marine mammal data because these species are piscivorous mammals with 
a similar reproductive physiology. NOAEC and LOAEC values for toxic effects of PCBs and related 
compounds in seals, dolphins, otter, and mink were compared and used to derive threshold tissue 
residue concentrations. A seal blood-based threshold tissue residue concentration was derived using 
data from a study that assessed the effects of feeding captive harbor seals PCB-contaminated fi sh 
on plasma retinol and thyroid hormone concentrations (Boon et al. 1987, Brouwer et al. 1989) (Table 
15.1). Kannan et al. (2000) identified a NOAEC of 5.2 mg ∑PCBs/kg lipid and a LOAEC of 25 mg 
∑PCBs/kg lipid, resulting in a threshold concentration of 11 mg ∑PCBs/kg lipid. In a semifi eld study 
conducted with harbor seals that assessed the effects of feeding PCB-contaminated fi sh on immu
nological parameters (de Swart et al. 1994, Ross et al. 1995, 1996a, 1996b) (Table 15.1), a blubber-
based threshold tissue residue concentration of 160 ng TEQs/kg lipid (Table 15.3) was derived using 
a NOAEC of 90 ng TEQs/kg lipid and a LOAEC of 286 ng TEQs/kg lipid. A semifield study that 
examined hepatic retinoids and corresponding ∑PCB concentrations in environmentally exposed 
feral and captive otter (Smit et al. 1996, Murk et al. 1998) (Table 15.1) was used by Kannan et al. 
(2000) to derive tissue-based threshold ∑PCB and TEQ concentrations in otters. The NOAEC, 
based on a reduction in hepatic retinol concentrations, was 4 mg ∑PCBs/kg lipid (1000 ng TEQs/ 
kg/lipid) and the LOAEC was 11 mg ∑PCBs/kg lipid (2000 ng TEQs/kg lipid). The geometric mean 
of the NOAEC and LOAEC resulted in a threshold tissue residue concentration of 6.6 mg ∑PCBs/ 
kg lipid or 1400 ng TEQs/kg lipid. The Heaton et al. (1995a)/Tillitt et al. (1996) mink feeding 
study (Table 15.1) was used by Kannan et al. (2000) to derive a threshold tissue residue concentra
tion for this species. The NOAEC and LOAEC, based on reduced kit survivability, were 1.8 and 
44 mg ∑PCBs/kg lipid (220 and 6480 ng TEQ/kg lipid), respectively, resulting in threshold tissue 
residue concentrations of 8.9 ∑PCBs/kg lipid and 1193 ng TEQ/kg lipid. The geometric mean of the 
threshold tissue residue concentrations for seal blood, seal blubber, otter liver, and mink liver was 
then calculated to derive an overall threshold tissue concentration for aquatic animals. This value 



 

 

 
 

  

 

 

  
 

 

 

 

551 Toxicological Implications of PCBs, PCDDs, and PCDFs in Mammals 

is 8.6 mg ∑PCBs/kg lipid or 644 ng TEQ/kg lipid. However, if separate threshold tissue residue 
concentrations are derived for blood/liver and blubber, then the values for blood/liver would be 8.6 
∑PCBs/kg lipid and 1292 ng TEQs/kg lipid and the values for blubber would be 17 mg ∑PCBs kg 
lipid (8.6 mg ∑PCBs/kg lipid in blood/liver × 2 based on the twofold difference in lipid normalized 
concentrations for PCBs in blood and blubber of bottlenose dolphins reported by Reddy et al. 1998) 
and 160 ng TEQs/kg lipid (Table 15.3). 

Schwacke et al. (2002) provided a probabilistic risk assessment of reproductive effects on bottle
nose dolphins. The authors incorporated the Kannan et al. (2000) threshold tissue residue con
centrations to assess hazard and compared it to a probabilistic approach whereby measured tissue 
concentrations were compared with dose–response data from mink studies. For this approach, a  
threshold value (EC10) was estimated on the basis of a fitted dose–response model and resulted in 
a threshold tissue residue concentration of 15 mg ∑PCBs/kg lipid with a 95% confidence limit (CL) 
of 11–18 mg/kg lipid. 

Both the Kannan et al. (2000) and Schwacke et al. (2002) threshold tissue residue concentra
tions relied heavily on the Heaton et al. (1995a)/Tillitt et al. (1996) mink feeding study described in 
detail above. Since 2002, two additional mink feeding studies of high quality have been published 
(Bursian et al. 2006a, 2006b, 2006c) that are also described earlier. If these data are incorporated 
into the Kannan et al. (2000) and Schwacke et al. (2002) analyses, a slightly less conservative 
blubber-specific threshold tissue residue concentration would result. 

15.10.3 AQUATIC MAMMAL THRESHOLD TISSUE RESIDUE CONCENTRATIONS 

As stated previously, ecologically relevant endpoints are generally those considered to relate to 
reproductive performance, survival, and growth (Blankenship et al. 2008). Using kit survivability 
as the most ecologically relevant endpoint, there are three mink feeding studies that provide data 
related to this endpoint: the Heaton et al. (1995a)/Tillitt et al. (1996) Saginaw Bay fish feeding study, 
the Bursian et al. (2006a) Saginaw River fish feeding study and the Bursian et al. (2006b, 2006c) 
Housatonic River fish feeding study. The designs of the Saginaw River (Bursian et al. 2006a) and 
the Housatonic River (Bursian et al. 2006b, 2006c) studies are essentially identical and the two 
studies were conducted only a year apart, whereas the Saginaw Bay study (Heaton et al. 1995a/ 
Tillitt et al. 1996) was conducted 14 years previously using analytical procedures appropriate for 
the time. In comparing the Saginaw River study to the Housatonic River study, the latter had both 
NOAEC and LOAEC values while the greatest dose in the Saginaw River study was the NOAEC. 
Thus, if the Housatonic River study is used as the critical study, the threshold tissue residue con
centration (calculated as the geometric mean of the NOAEC and LOAEC [Tillitt et al. 1996]) for 
reduced mink kit survivability is 3.1 mg ∑PCB/ kg liver, wet weight or 97 ng TEQs/kg liver, wet 
weight. Expressed on a lipid weight basis (assuming a liver lipid content of 5% [Poole et al. 1995]), 
the corresponding values are 62 mg ∑PCBs/kg lipid and 1940 ng TEQs/kg lipid. If a threshold tis
sue residue concentration is calculated using the NOAECs and LOAECs from all three studies, then 
this value would be 2.0 mg ∑PCBs/kg liver (77 ng TEQs/kg liver), or, if expressed on a lipid weight 
basis, 41 mg ∑PCBs/kg lipid (1540 ng TEQs/kg lipid) (Table 15.3). 

Blankenship et al. (2008) recommended tissue-based TRVs based on the Saginaw River and 
Housatonic River studies (Bursian et al. 2006a, 2006b, 2006c). These values are 50–70 ng TEQs/kg 
liver, wet weight for the NOAEC and 189 ng TEQs/kg liver, wet weight for the LOAEC. The geo
metric mean of these values is 90 ng TEQs/kg liver or 1800 ng TEQs/kg lipid, assuming a hepatic 
lipid concentration of 5%. 

A few studies have modeled data from existing mink feeding studies to derive median effect 
concentrations (EC50) for reproductive effects. Leonards et al. (1995) used a one-compartment bio
accumulation model to estimate whole-body concentrations of ∑PCBs and TEQs in mink in relation 
to changes in litter size and kit survival. The authors proposed a critical body residue (EC50) for 
reduced litter size expressed on a ∑PCB basis of 1.2 mg/kg body weight. When expressed on a TEQ 
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basis (using TEFs proposed by Safe [1987, 1993]), the EC50 value for reduced litter size was 160 ng 
TEQs/kg body weight and 200 ng TEQs/kg body weight for kit survival. Fuchsman et al. (2008) 
conducted a quantitative analysis of more than 50 mink feeding studies that assessed the reproduc
tive effects of PCBs to determine how effectively different methods of measuring and assessing 
PCB concentrations approximated a toxicologically relevant dose for this endpoint. They reported 
EC50 values of 1.5 mg ∑PCBs/kg whole body (corresponding to 1.3 mg ∑PCBs/kg liver, wet weight), 
25 ng TEQs/kg whole body (using TEF values in Van den Berg et al. [2006]) and 19 ng TEQs/kg 
whole body (using TEFs applicable to internal doses of PCBs as reported by DeVito et al. [1997, 
2000] and Tillitt et al. [1996]). Blankenship et al. (2008) cautioned against combining information 
from more than one study, in that the approach assumes that the studies are of equal quality and of 
similar methodology. 

It is difficult to choose a single tissue concentration of ∑PCBs or TEQs at which deleterious 
effects would be expected. Studies involving administration of commercial PCB mixtures or pure 
PCB/PCDD/PCDF congeners do not accurately reflect environmental exposures. On the other 
hand, studies evaluating the effects of environmentally weathered mixtures of PCBs, PCDDs, and 
PCDFs have inherent limitations that need to be considered. Environmental mixtures of PCBs, 
PCDDs, and PCDFs have congener profiles that tend to be site-specific, thus the potency of the 
mixture can change from site to site or temporally. For example, the NOAEC for the Saginaw Bay 
study (Heaton et al. 1995a/Tillitt et al. 1996) was 0.09 mg ∑PCBs/kg liver, wet weight and the 
NOAEC in the Saginaw River study (Bursian et al. 2006a), which was conducted 14 years later, 
was eightfold greater at 18 mg ∑PCBs/kg liver, wet weight (Table 15.1). The NOAEC expressed 
as TEQs was almost fivefold greater in the latter study (77 ng TEQs/kg liver, wet weight vs. 17 ng 
TEQs/kg liver, weight wet) (Table 15.1). Examination of hepatic congener profiles in both stud
ies indicates that while the percentage of PCDD and mono-ortho PCB congeners were similar 
between the two studies (14% and 3%), the percentage of non-ortho PCB congeners in the liver 
decreased from 54% to 34%, and the percentage of PCDF congeners increased from 29% to 50% 
(Table 15.4). Thus, in the earlier Saginaw Bay study (Heaton et al. 1995a/Tillitt et al. 1996), non
ortho PCB congeners contributed a majority of the hepatic TEQs, while in the latter Saginaw River 
study (Bursian et al. 2006a), PCDF congeners contributed a majority of the hepatic TEQs. The 
comparison of the NOAECs and hepatic TEQ profiles in these two studies suggests that the PPCB/ 
PCDD/PCDF congener profile is influencing toxicity in a way that is not accounted for using the 
TEF approach. In addition, Beckett et al. (2008) reported that exposure of adult female mink to 
dietary concentrations of 24 and 2.4 µg PCB 126/kg feed resulted in complete reproductive failure 
(2.4 and 0.24 µg TEQs/kg feed, respectively) while a dietary concentration of 0.24 µg PCB 126/ 
kg feed (0.024 µg TEQs/kg feed) was the NOAEL. In contrast, Zwiernik et al. (2009) reported that 
an equivalent TEQ concentration (24.2 µg/kg feed) provided by 2,3,7,8-tetrachlorodibenzofuran 
(TCDF) had no effect on mink reproduction and survivability of offspring, indicating that for mink, 
the TEF value for TCDF is inaccurate. 

An additional limitation of studies utilizing environmentally weathered mixtures of PCBs, 
PCDDs, and PCDFs is the presence of cocontaminants that may be influencing toxicity. As an 
example, in the Saginaw Bay mink study reported by Heaton et al. (1995a)/Tillitt et al. (1996), 
the total dietary TEQ concentration calculated from the identified TCDD-like compounds was 
approximately half the TEQ concentration based on the H4IIE bioassay, suggesting synergism of 
compounds present in the mixture or the presence of AhR-active chemicals that were not measured 
yet contributed to the TCDD-like potency of the mixture (Tillitt et al. 1996). Furthermore, Kannan 
et al. (2002) reported perfluorooctanesulfonate (PFOS) at concentrations of 240–300 µg/kg, wet 
weight in carp used in the Heaton et al. (1995a)/Tillitt et al. (1996) study, resulting in dietary con
centrations of 105–160 µg PFOS/kg feed. Bursian et al. (2006a) reported hepatic ∑polybrominated 
diphenyl ether (PBDE) concentrations up to 23 µg/kg, wet weight in 6-week-old kits fed diets con
taining carp collected from the Saginaw Bay. It is not known how these cocontaminants may be 
influencing toxicity that is attributed to PCBs. 
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TABLE 15.4 
Toxic Equivalent (TEQ) Contribution by PCDDs, PCDFs, Non-Ortho PCBs and 
Mono-Ortho PCBs in Congener-Based Mink Feeding Studies 

% of Total Predominant % of Total 
Study Medium Chemical Group TEQs Congener TEQs 

Heaton et al. (1995a)/ 
Tillitt et al. (1996) 
(Saginaw Bay) 

Feed PCDDs 

PCDFs 

Non-ortho PCBs 

18 

9 

64 

TCDD 

PeCDF 

PCB126 

11
 

6
 

62
 

Mono-ortho PCBs 9 PCB118 6
 

Maternal liver PCDDs 14 TCDD 8
 

PCDFs 29 PeCDF 24
 

Non-ortho PCBs 54 PCB126 53
 

Mono-ortho PCBs 3 PCB118 2
 

Bursian et al. (2006a) 
(Saginaw River) 

Feed PCDDs 

PCDFs 

35 

25 

TCDD 

PeCDF 

16
 

17
 

Non-ortho PCBs 35 PCB126 33
 

Mono-ortho PCBs 5 PCB118 4
 

Juvenile liver PCDDs 14 TCDD 8
 

PCDFs 50 PeCDF 44
 

Non-ortho PCBs 34 PCB126 34
 

Mono-ortho PCBs 2 PCB118 1
 

Bursian et al. (2006b, 
2006c) (Housatonic 
River) 

Feed PCDDs 

PCDFs 

Non-ortho PCBs 

2 

4 

87 

TCDD 

PeCDF 

PCB126 

1
 

3
 

81
 

Mono-ortho PCBs 7 PCB123 2
 

Maternal liver PCDDs 1 HxCDD 1
 

PCDFs 8 PeCDF 7
 

Non-ortho PCBs 89 PCB126 85
 

Mono-ortho PCBs 2 PCB118 1
 

Juvenile liver PCDDs 1 TCDD <1
 

PCDFs 7 PeCDF 6
 

Non-ortho PCBs 87 PCB126 83
 

Mono-ortho PCBs 5 PCB118 3
 

Summary 

All mammalian wildlife species, including those animals inhabiting the most remote regions 
of the globe, are exposed to PCBs, PCDDs, and PCDFs. Historically, localized observations of 
poor reproduction and episodic mortalities have been noted among mammalian wildlife with 
high tissue concentrations of PCBs, PCDDs, and PCDFs. Fortunately, the general global trend 
appears to be toward lesser exposure, likely due to institutional controls adopted by most devel
oped countries. Despite this general downward trend, areas remain where mammalian wildlife 
species continue to experience elevated exposures to PCBs and related compounds as well as 
areas where mammals remain under the threat of future exposure. After 40 years of research 
on PCBs, PCDDs, and PCDFs, much is known about their environmental presence but there 
remain many uncertainties associated with predicting what concentrations of these environ
mental contaminations will illicit detrimental effects. This poor predictability is derived from 
fundamental knowledge gaps including specific mechanisms of action, interspecies response 
sensitivity and inaccuracies associated with predicting the potency of congener mixtures. 
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There have been a great number of field-based studies addressing wildlife exposure and 
effects. These studies are important for integrating environmental parameters. However, the 
results are, by definition, correlations of exposures and effects, and do not establish causa
tion. For terrestrial-based mammalian wildlife, essentially all of the studies compared fi eld 
measured tissue concentrations to those associated with deleterious effects as determined in 
laboratory feeding studies with other species. A similar situation existed for marine mammals, 
although in a few cases, semicaptive animals were sampled for assessment of biochemical, 
morphological, and/or histological alterations, which were then correlated to tissue concentra
tions of contaminants. To date, the majority of laboratory studies that systematically relate 
tissue concentrations with effects have been conducted with ranch mink that are less than a 
century removed from their wild counterparts. Thus, for aquatic, piscivorous mammals, mink 
dose–response data are some of the most robust for predicting toxicological effects. As noted 
earlier, mink also have a number of desirable species characteristics including noted sensitivity 
to PCBs and related compounds that add utility to the data set. A number of laboratory feeding 
studies using mink have assessed the effects of neat commercial PCB mixtures and single con
geners. However, an advantage of laboratory mink is the ability to expose them to actual site-
specific environmental prey (fish), thus mimicking the exposure of their wild counterparts. 

Out of necessity, scientists need to be able to know at what point exposure to environmental 
contaminants pose an unacceptable risk to human and wildlife populations. Based on the avail
able data, a number of threshold tissue residue concentrations for PCBs and related compounds 
have been proposed. It should be noted that there is a variable amount of uncertainty associated 
with these estimates. Observed potency differences based on unpredicted shifts in dose–re
sponse curves for various environmental mixtures highlight the significant uncertainties associ
ated with expressing concentrations on a ∑PCB basis when congener mixtures vary from site to 
site. Even when PCB/PCDD/PCDF concentrations in environmental mixtures and tissues are 
expressed on a TEQ basis, unexpected differences in toxicity occur, suggesting uncertainties 
associated with TEFs for specific congeners in specific species. Ideally, threshold tissue residue 
concentrations for PCBs/PCDDs/PCDFs should be site-specific and species-specific. Since this 
currently is not realistic, it is suggested that the following tissue-based threshold values be used 
with caution: 46 mg ∑PCBs (3.2 × 104 ng TEQs)/kg lipid in the liver for terrestrial mammals; 
8.6 mg ∑PCBs (1.3 × 103 ng TEQs)/kg lipid in the liver and 17 mg ∑PCBs (160 ng TEQs)/kg 
lipid in the blubber for marine mammals; 41 mg ∑PCBs (1.5 × 103 ng TEQs)/kg lipid for aquatic 
mammals. 
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16.1 INTRODUCTION 

Lead is a highly toxic heavy metal that acts as a nonspecific poison affecting all body systems and 
has no known biological requirement. Absorption of low concentrations may result in a wide range of 
sublethal effects in animals, and higher concentrations may result in mortality (Demayo et al. 1982). 

Lead has been mined and smelted by humans for centuries, but the use of lead-based products 
increased greatly following the Industrial Revolution. Consequently, lead today is ubiquitous in 
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air, water, and soil, in both urban and rural environments (Eisler 2000). Vertebrates are exposed to 
lead mainly via inhalation and ingestion. A proportion of lead entering the body is absorbed into 
the bloodstream and subsequently becomes distributed among body tissues, primarily the blood, 
liver, kidney, and bone. As a result of anthropogenic activities, most animals have higher tissue lead 
concentrations than in preindustrialized times. Although even very low tissue lead concentrations 
have some measurable physiological effects, the concentrations usually encountered in the wider 
environment (i.e., distant from lead emission sources) have not generally been considered to directly 
affect survival of most wildlife. 

However, significant numbers of wild birds may be exposed to large amounts of lead through 
the ingestion of spent lead from ammunition (i.e., shotgun pellets, bullets, and fragments thereof). 
This source of exposure primarily affects birds in two groups. The first includes birds that ingest 
lead shotgun pellets, presumably as grit or food particles, in areas that are hunted over, includ
ing wetlands, farmland, terrestrial game shooting areas, and shooting ranges. The second includes 
birds that prey upon or scavenge the flesh of game species, or other hunted species, such as pests or 
predators. This latter group consists primarily of hawks, eagles, falcons, owls, vultures, and other 
scavenging birds that ingest lead from ammunition in carcasses of wildlife that have been killed but 
unretrieved or shot but survived, or that ingest lead bullet fragments embedded in the offal and other 
tissues of field-dressed game animals. Ingestion of lead from ammunition has resulted in widespread 
avian mortality in the United States, Europe, and elsewhere for over a century (Bellrose 1959, 
Sanderson and Bellrose 1986, Locke and Friend 1992, Pain 1992, Kendall et al. 1996, Kurosawa 
2000, Fisher et al. 2006, Kreager et al. 2008, Mateo 2009, Pain et al. 2009). Consequently, the use 
of lead ammunition has been restricted in at least 29 countries around the world (Avery and Watson 
2009). Lead restrictions have been introduced primarily due to concerns over lead poisoning in  
waterfowl or avian scavengers. The most common restriction is a ban on the use of lead gunshot for 
shooting waterfowl and/or over wetlands, although a few countries have banned the use of lead shot 
for all hunting (Avery and Watson 2009). The ingestion of lead fishing weights also has resulted in 
lead exposure and mortality in waterfowl, particularly swans, common loons (Gavia immer), and a 
variety of other waterbirds (Sears 1988, Blus et al. 1989, Franson et al. 2003, Scheuhammer et al. 
2003b, Sidor et al. 2003, Pokras et al. 2009). 

Nonparticulate lead exposure is frequently the result of the ingestion of sediments containing 
lead, particularly at locations surrounding mines and smelters, but also occurs from the consump
tion of lead-contaminated prey (Beyer et al. 1985, Henny et al. 1994, Johnson et al. 1999, Sileo 
et al. 2001, Beyer et al. 2004, Bostan et al. 2007). In addition, lead exposure of birds has occurred 
in urban environments from airborne sources (Ohi et al. 1974, Hutton 1980, Hutton and Goodman 
1980, Ohi et al. 1981, Grue et al. 1986, Nam and Lee 2005, Scheifl er et al. 2006, Roux and Marra 
2007) and from the ingestion of paint chips near buildings painted with lead-based paint (Sileo and 
Fefer 1987, Work and Smith 1996, Finkelstein et al. 2003). 

The primary focus of this chapter is the interpretation of tissue lead concentrations resulting from 
exposure to metallic lead, including lead shotgun pellets, bullets, bullet fragments, and fi shing weights. 
However, the guidelines provided can also be applied to evaluating the effects of other sources of lead 
exposure in birds, such as contaminated sediments, airborne emissions, and lead-based paints. 

Research on lead poisoning of birds, under both experimental and field conditions, has been 
conducted since the 1950s, when Bellrose (1959) completed the first comprehensive study of lead 
poisoning in waterfowl. More recently, lead poisoning has been investigated in many additional 
species of aquatic and terrestrial birds. This chapter draws upon this research, covering the distribu
tion of lead within the body, factors that influence tissue lead concentrations, and the effects of lead 
poisoning. The concentrations of lead found in tissues of unexposed and lead-poisoned birds are 
discussed, along with the threshold tissue concentrations that are considered to indicate excessive 
lead absorption or poisoning. The chapter concludes with suggested thresholds for tissue lead con
centrations indicative of different levels of exposure and poisoning and discusses factors associated 
with their interpretation at both individual and population levels. 
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16.2 NOTES ON TERMINOLOGY 

1. “Natural” environmental concentrations no longer exist, because lead resulting from 
anthropogenic emissions is ubiquitous. Concentrations in the wider environment far from 
lead emission sources have consequently been described as “background.” The magni
tude of such “background exposure” in birds varies according to the specifi c geographic 
areas used throughout the life cycle. “Elevated exposure” is that resulting from exposure to 
above-background concentrations. 

2. Lead exposure can be characterized according to duration as acute (exposure over a short 
period of time) or chronic (sustained exposure), and magnitude, depending on the amount 
of lead the animal is exposed to. However, “acute” is generally used to describe a high 
magnitude of exposure over a short time period, and “chronic” to describe exposure over a 
more protracted time period, often at a lower level. 

3. Residues from the literature that were reported as parts per million (ppm) were converted to 
milligram per kilogram and expressed on a wet weight or dry weight basis when specifi ed 
as such. Blood lead data reported in the literature as ppm, µg/g, or mg/kg were assumed to 
be on a wet weight basis. For reference, 1 µg/g = 1 mg/kg and is equal to 1 ppm. In blood, 
1 ppm lead is approximately equal to 1 µg/mL, 1 µg/g, or 100 µg/dL. Interpretive thresh
old concentrations for soft tissues are given on wet weight basis, as is commonly done, 
although reporting on a dry weight basis is often recommended to control for variation in 
moisture content (Adrian and Stevens 1979). Unless otherwise noted, conversions between 
wet and dry weight concentrations were calculated using moisture levels reported for 
mallard (Anas platyrhynchos) tissues by Scanlon (1982). Thus, 1 µg/g wet weight equals 
approximately 4.6 µg/g dry weight for blood, 3.1 µg/g dry weight for liver, 4.3 µg/g dry 
weight for kidney, and 1.2 µg/g dry weight for bone. 

16.3 LEAD DISTRIBUTION AMONG AVIAN TISSUES 

Ingested lead shot, bullets, fishing weights, or fragments from these are subject to dissolution by 
acids in the avian stomach, as well as mechanical grinding in those species that retain grit in their 
muscular gizzards. The resultant toxic lead salts are absorbed into the bloodstream. However, reten
tion of lead particles, such as shot, is variable. They may be evacuated immediately or soon after 
ingestion with little or no absorption of lead, retained and partially eroded/dissolved with signifi cant 
lead absorption, or retained until they are completely eroded/dissolved and absorbed. For example, 
all black ducks (Anas rubripes) that died 4–6 days after being dosed retained the lead shot that 
was administered (Pain and Rattner 1988). However, if waterfowl that have ingested shot survive 
long enough, most lead shot disappear from the gizzard within about 20 days, either because it has 
passed through the gastrointestinal tract or has been eroded (Franson et al. 1986, Sanderson and 
Bellrose 1986). In mourning doves (Zenaida macroura), 33–100% of administered lead shot were 
voided in 2 days (Schulz et al. 2007), while another study reported that up to 95% of shot were 
voided within 3 weeks (Marn et al. 1988). In a 211-day study of lead poisoning in turkey vultures 
(Cathartes aura), some of the birds were redosed because lead shot was regurgitated or defecated, 
whereas regurgitation occurred only once in Andean condors (Vultur gryphus) and they retained the 
administered lead shot for 39–49 days (Carpenter et al. 2003, Pattee et al. 2006). 

Once absorbed, some of the lead in the bloodstream is deposited rapidly into soft tissues, primar
ily the liver and kidney, bone, and in growing feathers. Relative concentrations in different tissues 
depend on time postexposure and absorption. However, in general, the highest lead concentrations 
are found in bone, followed by kidney and liver, with intermediate concentrations in brain and blood, 
and the lowest concentrations in muscle (Longcore et al. 1974b, Johnson et al. 1982, Custer et al. 
1984, Garcia-Fernandez et al. 1995). In lead-exposed birds, lead concentrations are often greater  
in kidney than liver of many species (Longcore et al. 1974b, Custer et al. 1984, Beyer et al. 1988, 



 

 

 

 

 

  

 
 

  

 

 

   

 

 
 

 
 

566 Environmental Contaminants in Biota 

Marn et al. 1988, Carpenter et al. 2003, Beyer et al. 2004, Pattee et al. 2006, Schulz et al. 2006). 
However, the reverse has been reported for eagles and some other raptors (Pattee et al. 1981, Wayland 
et al. 1999, Iwata et al. 2000, Kenntner et al. 2001, Krone et al. 2004, Battaglia et al. 2005, Martin 
et al. 2008). 

In cases of acute exposure, lead in blood and soft tissues retains a fairly mobile equilibrium and 
usually remains elevated from several weeks to several months following exposure, in relation to the 
initial amount absorbed. When exposure is chronic blood lead will remain elevated for proportion
ately longer. Lead in bone is relatively immobile, loss is very slow, and lead accumulates in bone 
throughout the lifetime. However, the dynamics of lead absorption and release appear to be acceler
ated in the medullary bone of egg-laying females as described later. Bone lead concentrations in bird 
populations generally increase with age, although they may be very high in young individuals subject 
to high levels of exposure (Stendell et al. 1979, Clausen et al. 1982, García-Fernández et al. 1997, 
Scheuhammer et al. 1999, Pain et al. 2005). The use of feathers for monitoring of metals in birds is 
predicated on the fact that metals are deposited during the period of feather growth, but a variety 
of factors can affect concentrations (Burger 1993). Lead concentrations in feathers of juvenile birds 
have been shown to be a reliable indicator of dietary exposure at the time of feather formation and to 
be correlated with lead in some tissues, particularly kidney and bone (Golden et al. 2003). However, 
the use of adult feathers for assessing lead exposure can be problematic because they are subject to 
the deposition of atmospheric lead for a longer time, and must be cleaned thoroughly before analysis. 
Pain et al. (2005) found that, even after cleaning, lead concentrations in the feathers of Spanish impe
rial eagles (Aquila adalberti) from museums were positively correlated with specimen age, suggest
ing that externally deposited lead can be difficult to remove. Fry and Maurer (2003) and Fry (2004) 
have proposed using lead analysis of portions of feathers along their length as indicators of lead cir
culating in the feather pulp at the time of growth in California condors (Gymnogyps californianus), 
relating the findings to feather growth rates to evaluate lead exposure over time. 

The chronicity of exposure to lead has an important influence upon the concentrations of lead 
in various tissues of birds. In cases of chronic exposure, the highest lead concentrations are gener
ally found in bone, with lower concentrations in soft tissues such as liver, kidney, and blood (Custer 
et al. 1984, Pattee 1984, Mautino and Bell 1986, Mautino and Bell 1987). However, when birds die 
following acute exposure after the ingestion and absorption of large amounts of lead, concentrations 
in kidney and/or liver may exceed those in bone. For example, in a die-off of lesser scaup (Aythya 
affi nis), recent lead exposure and rapid poisoning were suspected as body weights were positively 
correlated with the number of shot in the gizzard, indicating that birds exposed to the most lead died 
before the effects of lead poisoning resulted in weight loss (Anderson 1975). Tissue lead concentra
tions were consistent with the rapid absorption of large amounts of lead, as mean lead concentra
tions were 46 mg/kg wet weight (c. 141 mg/kg dry weight) in liver, 66 mg/kg wet weight (c. 282 mg/ 
kg dry weight) in kidney, and 40 mg/kg dry weight in bone (Anderson 1975). Concentrations of lead 
in liver and kidney of Canada geese (Branta canadensis) found during a lead poisoning die-off were 
more than twice as high as those in bone (Szymczak and Adrian 1978). In a study with bald eagles 
(Haliaeetus leucocephalus), three of four birds that died did so within 20 days after dosage with 10 
or more No. 4 lead shot and lead concentrations in tissues, on a dry weight basis were approximately 
2.5–10 times higher in liver and kidney than in bone (Pattee et al. 1981). Zebra fi nches (Taeniopygia 
guttata) that received lead acetate in drinking water for 38 days and mourning doves dosed with 
lead shot and held for 3 weeks also had higher mean concentrations of lead in kidney than in bone 
(Marn et al. 1988, Snoeijs et al. 2005). In another study with mourning doves, birds that died within 
5 weeks after receiving 1–4 lead shot had kidney lead concentrations that were 1.3–2 times greater 
than concentrations in bone (Buerger et al. 1986). 

Because lead is lost far more slowly from bone than from soft tissues, few birds sampled from 
wild populations have higher lead concentrations in soft tissues than bone. Clausen et al. (1982) 
found only 10% of mute swans (Cygnus olor) had high liver and low bone lead concentrations, 
whereas 31% had low liver and high bone lead concentrations. Franson et al. (2009) found that in 
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mourning doves shot by hunters, birds both with and without ingested shot had higher lead concen
trations in bone than in liver. In 12 species of raptors, mean lead concentrations were consistently 
higher in bone than in liver (Martin et al. 2008). 

Thus, bone lead concentration is generally considered the best indicator of lead exposure over the 
total lifetime of the bird, but the least useful indicator of recent lead exposure and absorption. The 
tissues usually chosen to evaluate recent exposure are blood, liver, and occasionally kidney. 

16.4 FACTORS INFLUENCING CONCENTRATIONS OF LEAD IN TISSUES 

It is often difficult to relate lead exposure directly to tissue lead concentrations in birds, as many fac
tors infl uence lead retention and its absorption and deposition into body tissues. The infl uence of the 
magnitude and duration (chronic or acute) of lead exposure on tissue lead concentrations was discussed 
earlier. Both the absorption of lead and its deposition in tissues are affected by a variety of additional 
factors, including gender, breeding condition, age, stomach type, and diet, as discussed later. 

Finley et al. (1976a) found that laying mallards dosed with one No. 4 lead shot (193 mg) accu
mulated significantly higher liver, kidney, and bone lead concentrations than did males. Although 
lead concentrations remained relatively low in soft tissues of both genders (maximum means of  
1.2 mg/kg wet weight in liver and 3.5 mg/kg wet weight in kidney), mean bone lead concentrations 
were 112 mg/kg dry weight in females compared with 10 mg/kg dry weight in males. Subsequent 
studies revealed a similar result and additionally found lead concentrations in femurs to be 4 times 
higher in laying than nonlaying females (Finley and Dieter 1978). As females mobilize calcium 
from medullary bone for eggshell formation, the intestinal absorption of calcium (and concurrently 
lead) increases, resulting in higher bone lead concentrations in females (Krementz and Ankney 
1995, Scheuhammer 1996). Lead also is deposited to a greater extent in bones of high medullary 
content (e.g., femur, sternum, and tibia) than in those with low medullary content (e.g., humerus, 
ulna, and radius) (Finley and Dieter 1978, Pattee 1984, Rocke and Samuel 1991). Medullary bone is 
of particular signifi cance in females because of its accumulation, before egg laying, as a source of 
calcium storage for eggshells, followed by its destruction during eggshell formation (Simkiss 1961). 
Although lead concentrations of wing bones (low medullary bone content) of waterfowl collected 
in the autumn did not differ by gender (White and Stendell 1977), a study of American woodcock 
(Scolopax minor) collected in the autumn showed that females had higher lead concentrations in 
wing bones than males (Scheuhammer et al. 1999). 

Although, as mentioned previously, lead concentrations in bones generally increase with age, 
evidence also exists that large amounts of lead are deposited in bones of immature birds during the 
time when calcium absorption and deposition are rapid. For example, 70% of American woodcock 
chicks collected from nests or broods had bone lead concentrations of >20 mg/kg dry weight, com
pared with 43% of hatch year woodcock with >20 mg/kg collected in the autumn (Strom et al. 2005) 
and Anderson (1975) reported mean bone lead concentrations of 56 mg/kg dry weight in immature 
lesser scaup versus 26 mg/kg dry weight in adults during a lead poisoning mortality event. Mateo 
et al. (2001) also reported higher bone lead concentrations in duckling (<9-day old) than fully grown 
marbled teal (Marmaronetta angustirostris). 

The anatomical characteristics of the avian ventriculus (stomach) vary by species and can infl u
ence the retention, and thus to some extent the absorption, of metallic lead objects. Stomachs of 
carnivores, scavengers, and fish-eating birds are adapted for a relatively soft diet, whereas birds that 
consume grain, vegetation, and insects have a more muscular stomach (or gizzard) adapted for hard 
diets (Denbow 2000). The acidic conditions in both types of stomachs facilitate the dissolution of 
lead, but ingested lead may be retained with grit and mechanically ground down in the muscular 
gizzard of some birds, particularly waterfowl. Although passerines and columbiforms also have  
muscular gizzards, lead shot dosing experiments suggest that these groups of birds may void shot 
relatively quickly (Vyas et al. 2001, Schulz et al. 2007). On the other hand, raptors and many other 
carnivorous birds have a thin-walled stomach and share the particular characteristic of forming 
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and regurgitating pellets, or casts, consisting of undigested bones, hair, and feathers of prey (Duke 
1986). Field studies confirm that particulate lead may sometimes be egested with the casts (Platt 
1976, Nelson et al. 1989, Mateo et al. 1999, 2007). However, the signifi cance of such regurgitation 
on total lead absorption is variable, as one experimental study found that bald eagles regurgitated 
lead from 12 h to 48 days after dosage (Pattee et al. 1981). 

Diet, one of the most important factors influencing lead absorption and deposition in tissues, has 
been extensively studied in waterfowl and to a lesser extent in other species (Jordan and Bellrose 
1951, Longcore et al. 1974a, Sanderson and Irwin 1976, Koranda et al. 1979, Sanderson and Bellrose 
1986, Marn et al. 1988, Scheuhammer 1996, Vyas et al. 2001). Findings indicate that nutritional, 
chemical, and physical characteristics of diet are important. In general, nutritionally balanced spe
cies-appropriate diets high in protein and calcium tend to mitigate the effects of lead exposure. 
Much of the mitigating effect of nutrient-rich diets appears to occur in the digestive system, with 
high calcium and protein levels reducing the gastrointestinal absorption of lead and lowering the 
total body burden (Koranda et al. 1979, Sanderson 1992, Scheuhammer 1996). Furthermore, when 
lead is ingested along with food, certain chemical groups in food components have a ligand effect, 
binding lead in an insoluble form in the intestine (Morton et al. 1985). In waterfowl, there is evi
dence that the selection of larger grit size is positively related to the prevalence of lead shot ingestion 
(Pain 1990, Mateo et al. 2000, Figuerola et al. 2005). 

Finally, when evaluating reports of lead concentrations in tissues, one should consider the qual
ity assurance/quality control data for the analytical technique used, such as lead concentrations in 
procedural blanks, spiked samples, duplicates, and standard reference materials. Although standard 
practice today, these parameters were not reported in many of the older studies, when inadequate 
sensitivity and contamination issues may have resulted in less precise analyses. 

16.5	 TISSUE LEAD CONCENTRATIONS AND SUBLETHAL 
EFFECTS ON ENZYME SYSTEMS 

Tissue lead “threshold” concentrations for lead poisoning can be defined according to the tissue 
lead concentrations at which measurable effects occur. Because of the dynamics of lead uptake and 
retention, lead concentrations in blood and soft tissues are more easily related to effects than are 
bone lead concentrations. The effects of blood lead upon hematological parameters and enzyme 
systems have been extensively studied in birds. Blood lead studies provide useful information, as 
blood lead concentrations can be related to effect over time, with the extent and duration of lead 
exposure experimentally controlled. 

Lead inhibits the activities of several enzymes necessary for the synthesis of heme, for exam
ple, delta-aminolevulinic acid dehydratase (ALAD) and heme synthetase. Heme is incorporated into 
hemoglobin and mitochondrial cytochromes and is part of cytochrome P-450, which is required in the 
liver for certain detoxification processes (Sassa et al. 1975, Dieter and Finley 1979). Heme synthetase 
is responsible for the incorporation of ferrous iron into protoporphyrin IX (PPIX) at the last stage 
of heme formation. Inhibition of heme synthetase activity results in an accumulation of PPIX in the 
blood. PPIX fluoresces when exposed to specific wavelengths, and this fluorescence has been used for 
the quantitative estimation of the PPIX concentration in birds and, consequently, as an indicator of lead 
exposure (Roscoe et al. 1979, Beyer et al. 1988, O’Halloran et al. 1988a, 1988b, Franson et al. 1996a, 
Vyas et al. 2000, Carpenter et al. 2003, Pattee et al. 2006). However, the fi rst measurable biochemi
cal change resulting from lead absorption appears to be the inhibition of erythrocyte ALAD activity 
(Hernberg et al. 1970, Tola et al. 1973). The inhibition of erythrocyte ALAD activity by blood lead is 
described in some detail later and illustrates the difficulty of interpreting the biological signifi cance of 
sublethal effects, even when they can be directly related to tissue lead concentrations. 

Inhibition of erythrocyte ALAD activity persists for several weeks to several months following 
lead absorption, in relation to elevated blood lead concentrations (Finley et al. 1976b, Dieter and 
Finley 1978, Pain 1987, Redig et al. 1991, Carpenter et al. 2003, Pattee et al. 2006). Inhibition of 
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ALAD activity in avian blood has been reported at blood lead concentrations of <5 μg/dL (c. 0.05 
mg/kg) (Pain 1989, Martínez-López et al. 2004). Blood lead concentrations of 15–20 µg/dL (c. 0.15– 
0.2 mg/kg), 30–80 µg/dL (c. 0.3–0.8 mg/kg), and ≥100 μg/dL (c. 1 mg/kg) have been reported to 
result in inhibition in ALAD of 50%, 60–80%, and 75% to nearly 100%, respectively (Finley et al. 
1976b, 1976c, Dieter and Finley 1978, Hoffman et al. 1981, Pain 1989, Redig et al. 1991, Work and 
Smith 1996, Franson et al. 2002, Beyer et al. 2004, Pattee et al. 2006). 

Birds appear to be able to tolerate some reduction of erythrocyte ALAD activity without show
ing signs of reduced hematocrit or hemoglobin concentration, although anemia may occur following 
sustained low level ALAD inhibition. Rapid decreases in hematocrit after exposure to a large amount 
of lead may be associated with hemolytic anemia, as well as severe (e.g., >75%) ALAD inhibition 
(Pain and Rattner 1988, Mateo et al. 2003). However, although the significance of reduced erythro
cyte ALAD activity is not always easily determined, ALAD activity is also inhibited in other body 
tissues. One month after administering doses of one lead shot to mallards, Dieter and Finley (1979) 
recorded a 75% reduction in erythrocyte ALAD activity (blood lead, 98 μg/dL, c. 0.98 mg/kg), a 
42% inhibition in liver ALAD activity (liver lead, 2.24 mg/kg of wet weight), a 50% reduction in 
ALAD activity in the cerebellum, and a 35% reduction in the cerebral hemisphere (brain lead, 0.43 
mg/kg of wet weight). ALAD activity was correlated with the lead concentration in all tissues but 
was more sensitive to lead in the brain than in the liver, where some lead may possibly be bound in 
a biologically inactive form. The authors also recorded a significant increase in butylcholinesterase 
(a marker enzyme for glial or supportive cells) activity in the brain, suggesting possible brain dam
age. The results of this study suggest that blood lead concentrations of 100 μg/dL (c. 1 mg/kg) may 
be associated with pathological changes in waterfowl brains, but the histologic lesions found in the 
central nervous system of lead-exposed birds have been minor (Wobeser 1997). 

16.6 LEAD AND IMMUNOSUPPRESSION 

Several studies have addressed the immunosuppressive effects of lead exposure in birds. Mallards 
dosed with one No. 4 lead shot exhibited depressed hemagglutination titers to sheep red blood cells, 
indicating an effect on antibody-mediated immunity by day 7 after treatment, and titers remained 
low until the end of the 3-week experiment (Trust et al. 1990). Three ducks died during the experi
ment, exhibiting clinical signs and lesions consistent with lead poisoning. In Japanese quail (Coturnix 
coturnix), lead acetate in drinking water suppressed antibody-mediated response, but only at dos
ages that also caused clinical lead poisoning (Grasman and Scanlon 1995). In two other studies 
with Japanese quail, lead exposure did not affect any of the immune system parameters measured 
(Morgan et al. 1975, Fair and Ricklefs 2002). Western bluebird (Sialia mexicana) nestlings dosed 
with three No. 9 lead shot showed a reduction in cell-mediated immune response, although those 
receiving one or two lead shots were not affected (Fair and Myers 2002). Redig et al. (1991) reported 
depressed cell-mediated immunity in red-tailed hawks (Buteo jamaicensis) that received increas
ing amounts of lead acetate over a 10-week period. As discussed previously, the distribution of lead 
among tissues may be different between females and males during the prebreeding and breeding 
seasons. The storage of higher proportions of lead in bone prior to and during breeding by females 
could result in gender differences in the immune response of birds exposed to a similar amount of 
lead during this period. For example, Rocke and Samuel (1991) noted an increased immunosuppres
sive effect of lead in male compared with female mallards during the prebreeding season. In non-
breeding zebra finches, however, antibody-mediated immunity was suppressed by lead in females 
compared with males, but only in birds on a low calcium diet (Snoeijs et al. 2005). 

16.7 BACKGROUND LEAD CONCENTRATIONS IN AVIAN TISSUES 

As discussed earlier, there are difficulties associated with relating exposure to tissue lead concen
trations and with relating tissue lead concentrations to effect. However, for managing wildlife on 
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contaminated areas, it is important to provide recommendations for interpreting tissue concentra
tions. These recommendations are based on the tissue lead concentrations in unexposed wild birds 
and the concentrations at which clinical effects and mortality may occur. 

Background blood lead concentrations in birds are generally low, usually <20 μg/dL (c. 0.2 mg/ 
kg) and frequently well below 10 μg/dL (c. 0.1 mg/kg) (Dieter et al. 1976, Szymczak and Adrian 
1978, Birkhead 1983, Franson et al. 1986, 2004, Pain 1989, Trust et al. 1990, Redig et al. 1991, 
Carpenter et al. 2003, Pattee et al. 2006). Birds with no history of lead poisoning usually have liver 
and kidney lead concentrations of <2 mg/kg wet weight and frequently of <1 mg/kg wet weight 
(Bagley and Locke 1967, Irwin 1975, Clausen and Wolstrup 1979, Custer et al. 1984, Spray and 
Milne 1988, Kingsford et al. 1989, Franson et al. 1995a, Beyer et al. 1998, Carpenter et al. 2003, 
Kenntner et al. 2003, Martin et al. 2008). Bone lead concentrations are more difficult to interpret, 
and concentrations tend to be higher because of accumulation. Different values for background 
concentrations have been proposed, but concentrations of <10–20 mg/kg dry weight are generally 
considered as background or are reported in unexposed birds (Moore 1978, Szymczak and Adrian 
1978, Pain et al. 1992, Martin et al. 2008, Franson et al. 2009). 

16.8	 RECOMMENDATIONS FOR THE INTERPRETATION OF 
TISSUE LEAD CONCENTRATIONS IN BIRDS 

The interpretation of tissue lead concentrations is facilitated by the availability of information on 
exposure and clinical signs of poisoning. In live birds, useful information may include the presence 
of lead in the casts regurgitated by raptors, the presence of lead particles in the gastrointestinal tracts 
of birds identified by x-ray, and clinical signs of lead poisoning. At necropsy, pathological observa
tions and the presence of ingested lead particles are useful indicators, along with history about the 
bird before death. However, detailed history information is not always available. In these situations, 
a prediction can be made regarding the degree to which both live and dead birds were affected by 
lead poisoning by evaluating tissue residues. We categorize lead residues in the blood, liver, and 
kidney of Anseriformes, Falconiformes, and Columbiformes according to increasing severity of 
effects (Table 16.1): (1) subclinical poisoning, a range of residues reported to cause physiological 
effects that are insufficient to severely impair normal biological functioning, resulting in no external 
signs of poisoning, and from which the bird would probably recover if lead exposure were termi
nated; (2) clinical poisoning, an approximate threshold level marking the initiation of clinical signs 
(pathological manifestations of physiological effects) such as anemia, microscopic lesions in tissues, 
weight loss, muscular incoordination, green diarrhea, and anorexia leading to probable death if lead 
exposure were to continue; and (3) severe clinical poisoning, an approximate threshold value at 
which the effects may be directly life threatening in field, captive, and/or experimental cases of lead 
poisoning. We consider residues below the subclinical poisoning range as “background,” that is, 
evidence of environmental exposure distant from any specifi c source of lead contamination. Table 
16.1 is meant to provide general guidance in the assessment of residues, with an awareness that 
numerous factors, some of which are discussed later, may contribute to an overlap of residue values 
in the three categories. It is also important to note that birds in experimental studies may accumu
late higher levels of lead in tissues than wild birds subject to stressors in the environment. 

16.8.1 INDIVIDUAL BIRDS 

It is important to note that for lead, as for many other contaminants, toxic effects may depend upon 
factors other than simply the concentrations in tissues. These factors include the level and dura
tion of lead exposure, previous history of exposure, species variability in response to exposure, the 
overall health of the bird, the extent of damage already done, and the potential interactions between 
lead and other disease agents. The biological significance of a tissue lead concentration may, there
fore, be difficult to determine if the history of the bird is unknown. The chronicity of exposure is 
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TABLE 16.1 
Suggested Interpretations of Tissuea Lead Concentrations in Three Orders of Birds 

Kidney (mg/kg 
Order Blood (µg/dL)b Liverc (mg/kg ww) ww) Reference 

Anseriformes 
Subclinical 20 < 50 2 < 6 2 < 6 Dieter and Finley (1979), 
poisoning Degernes (1991) 

Clinical poisoning 50–100 6–10 6–15 Longcore et al. (1974b), Degernes 
(1991), Beyer et al. (2000) 

Severe clinical >100 >10 >15 Cook and Trainer (1966), Longcore 
poisoning et al. (1974b), Mautino and Bell 

(1986), Beyer et al. (1988, 2000), 
Pain and Rattner (1988), Pain (1989), 
Blus et al. (1991, 1999), Degernes 
(1991), Kelly et al. (1998), Nakade 
et al. (2005), Degernes et al. (2006) 

Falconiformes 
Subclinical 20 < 50 2 < 6 2 < 4d Custer et al. (1984), Henny et al. 
poisoning (1991), Kramer and Redig (1997) 

Clinical poisoning 50–100 6–10 4–6d Lumeij et al. (1985), Kramer and 
Redig (1997) 

Severe clinical >100 >10 >6d Redig et al. (1980), Hoffman et al. 
poisoning (1981), Pattee et al. (1981, 2006), 

Langelier et al. (1991), Kramer and 
Redig (1997) 

Columbiformes 
Subclinical 20 < 200 2 < 6 2 < 15 Ohi et al. (1974), Cory-Slechta et al. 

poisoning (1980), Kendall et al. (1982), Kendall 
and Scanlon (1982), DeMent et al. 
(1987), Scheuhammer and Wilson 
(1990) 

Clinical poisoning 200–300 6–15 15–30 Cory-Slechta et al. (1980), Anders 
et al. (1982), Boyer et al. (1985) 

Severe clinical >300 >15 >30 Locke and Bagley (1967), Barthalmus 
poisoning et al. (1977), Cory-Slechta et al. 

(1980), Anders et al. (1982), Boyer 
et al. (1985), Schulz et al. (2006) 

a Lead concentrations in bone reflect lifetime accumulation and chronic low exposure to lead may result in similar concen
trations in bone as acute exposure to higher levels. If evidence of acute exposure exists, we recommend that bone lead 
concentrations (dry weight basis) of <10 µg/g be considered background, 10–20 µg/g be considered evidence of subclinical 
to clinical poisoning, and >20 µg/g be considered evidence of severe clinical poisoning. 

b	 Divide µg/dL by 100 for an approximate conversion to mg/kg. 
In general, a diagnosis of lead poisoning in an individual bird can be reached if necropsy observations are consistent with 
lead poisoning and the lead concentration in the liver is ≥6 mg/kg wet weight. 

d	 Although in many species lead concentrations are often higher in kidney than in liver, the reverse has been found in lead-
exposed and poisoned eagles and some species of hawks; thus, for Falconiformes, we have suggested a conservative lead 
threshold concentration in kidney. 
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particularly important. Birds exposed to relatively low lead levels on a sustained basis may suffer 
similar effects, but with lower soft tissue lead concentrations, than birds acutely exposed to higher 
levels of lead for a short period of time. Also, exposure and tissue lead concentrations are not always 
associated in individual birds because of the varying retention time of shot in the gizzard and the 
uptake/retention dynamics of lead in tissues. However, in a live bird, sequential blood lead analyses 
from an individual give a much clearer picture of the significance of contamination as chronicity 
can be established. In addition, hematological measurements such as ALAD activity, PPIX concen
tration, hematocrit, and hemoglobin concentrations will indicate biochemical damage. 

A wide range of clinical signs may be observed in lead-poisoned birds following chronic expo
sure, including anorexia, emaciation, anemia, lethargy, wing droop, ataxia, green diarrhea staining 
the vent, and neurological signs such as leg paralysis or convulsions (Locke and Thomas 1996, 
Wobeser 1997, Friend 1999, Eisler 2000, Pattee and Pain 2003). Some of the gross and microscopic 
lesions in waterfowl with lead poisoning (Coburn et al. 1951, Cook and Trainer 1966, Karstad 1971, 
Clemens et al. 1975, Forbes and Sanderson 1978, Hunter and Wobeser 1980, Wobeser 1997) have 
been reported for other avian species (Locke and Bagley 1967, Hunter and Haigh 1978, Pattee et al. 
1981, 2006, Beyer et al. 1988, Langelier et al. 1991, Vyas et al. 2001, Carpenter et al. 2003). Muscle 
wasting and loss of fat reserves are some of the most consistent lesions associated with lead poison
ing across avian taxa. Other gross lesions include impactions of the esophagus or proventriculus, 
distended gallbladder, dark discolored gizzard lining, light areas (gross evidence of necrosis) in 
heart or gizzard muscle, wasting of internal organs, pale flabby heart, pale internal organs and mus
cle tissue, and atrophied internal organs. Particulate lead may or may not be present in the stomach. 
The presence of acid-fast intranuclear inclusion bodies in kidney tubular cells are indicative of lead 
poisoning, but are not present in all cases. Additional microscopic lesions include hemosiderosis 
in the liver, necrosis of myocardial and gizzard muscle, and degenerative changes in the brain and 
peripheral nerves. In cases where birds die rapidly following acute exposure to high levels of lead, 
many of these lesions may be absent. It should be noted that while acid-fast intranuclear inclusion 
bodies are a relatively specific indicator of lead poisoning, other signs are nonspecific and may be 
observed in association with a variety of other conditions. In waterfowl, Beyer et al. (1998) found 
impactions of the upper alimentary tract, submandibular edema, myocardial necrosis, and biliary 
discoloration of the liver to be the gross lesions most reliably associated with lead poisoning. 

In individual birds, lead poisoning as a cause of death should be distinguished from the observa
tion that the bird simply has been exposed to lead, based solely on tissue residues. The confi dence 
with which a diagnosis of lead poisoning as the cause of death can be made will increase with the 
amount of information available. Ideally, a diagnostic evaluation will include exposure history data, 
necropsy observations, and pathological findings. Necropsy and pathological findings consistent with 
lead poisoning, in conjunction with lead residues of ≥6 mg/kg wet weight in liver, for example, sup
port a diagnosis of lead poisoning as the cause of death. On the other hand, if necropsy observations 
and pathological findings are not available, a more conservative approach is recommended. Beyer 
et al. (1998) studied liver lead concentrations in waterfowl diagnosed as lead-poisoned, fi nding that 
95% of 421 ducks and geese diagnosed with lead poisoning had lead concentrations of at least 38 mg/ 
kg dry weight (10 mg/kg wet weight), but less than 1% of birds that died of other causes had a level 
that high. The authors concluded that 38 mg/kg dry weight in liver is a defensible criterion for identi
fying waterfowl suffering from lead poisoning, although a definitive diagnosis requires the fi nding of 
concurrent lesions compatible with lead toxicosis. Single bone lead concentrations are the least useful 
indices of poisoning due to accumulation over time. However, high liver and low bone lead concen
trations may suggest severe clinical poisoning following recent exposure to a large amount of lead. 

16.8.2 POPULATIONS 

The determination of lead concentrations in blood is a useful, and nonlethal, way to study lead 
exposure in populations of birds. Flint et al. (1997) collected blood samples from a population of 
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threatened spectacled eiders (Somateria fischeri) in Alaska, finding that the probability of lead 
exposure (≥20 µg/dL blood lead, or c. 0.2 mg/kg) increased through the breeding season. In a 
follow-up study with spectacled eiders, adult females with ≥20 µg/dL blood lead before hatching 
their eggs were found to survive at a much lower rate than females with blood lead concentrations of 
<20 µg/dL before hatch (Grand et al. 1998). Sympatrically nesting common eiders (Somateria mol
lissima) were found to have much lower frequencies of elevated lead than spectacled eiders, prob
ably as a result of differing foraging behavior and brood rearing strategies (Flint et al. 1997, Wilson 
et al. 2007). In canvasbacks (Aythya valisineria), Hohman et al. (1995) found that winter survival 
rates for immatures with ≥0.2 mg/kg blood lead were lower than in those with <0.2 mg/kg during 
two of three winters. DeStefano et al. (1991) measured blood lead concentrations and studied lead 
exposure in the Eastern Prairie Population of Canada geese, reporting increasing levels of exposure 
as geese moved from breeding to wintering grounds. Pain et al. (1997) found a temporal variation 
in the proportion of marsh harriers (Circus aeruginosus) with elevated blood lead concentrations, 
with a far higher incidence during than outside the hunting season. Blood lead concentrations have 
been used in recent years to monitor California condor populations for lead exposure, and to form 
the basis for decisions regarding chelation therapy in individuals of this highly endangered species 
(Hall et al. 2007, Parish et al. 2007). 

The activity of ALAD is well correlated with blood lead concentrations, particularly up to about 
100–150 µg/dL (c. 1–1.5 mg/kg). As absolute levels of ALAD vary among individuals, the ratio 
of lead inhibited ALAD activity to reactivated ALAD activity, with the lead displaced, has been 
recommended for monitoring lead exposure in populations (Dieter 1979, Pain 1989, Scheuhammer 
1989). Although less useful than other tissues in individual cases, bone lead concentrations have 
been used to determine geographical patterns of lead poisoning in populations (Stendell et al. 
1979, Scheuhammer and Dickson 1996). In addition, at a population level, bone and liver lead 
concentrations may be correlated (Anderson 1975), and tissue lead concentrations may sometimes 
be correlated with exposure, as measured by the presence of shot in gizzards (White and Stendell 
1977). Pain et al. (1992) found a positive correlation between exposure to shot (measured as the 
percentage of shot ingestion in eight species of waterfowl and shore birds) and liver and bone lead 
concentrations. 

Concentrations of lead in tissues will sometimes be elevated via pathways other than metallic 
lead from ammunition or angler’s weights, such as exposure to mining or smelting wastes, lead-
based paint, or industrial effl uents. An evaluation of the distribution of blood or liver lead concen
trations may help identify possible sources of exposure. Distributions of blood and soft tissue lead 
concentrations from populations in which some birds have ingested metallic lead tend to be very 
skewed or have distinct outliers (Dieter 1979, Beyer et al. 1998), whereas concentrations resulting 
from a more general source of lead, for example, in water or the atmosphere, may be more nor
mally distributed. The determination of stable lead isotope ratios, Pb204,206,207,208, in bird tissues may 
also assist in determining potential sources of lead exposure (Scheuhammer and Templeton 1998, 
Meharg et al. 2002, Scheuhammer et al. 2003a, Pain et al. 2007). For example, Church et al. (2006) 
found lead isotope values in free-fl ying California condors with relatively high blood lead concen
trations to be consistent with lead from ammunition and distinct from those of pre-release condors 
with low blood lead concentrations. 

16.8.3 SPECIES 

Lead concentrations in tissues associated with poisoning in birds vary among orders, with Galliformes 
and Columbiformes often having higher residues than others (Pattee et al. 1981, Kendall et al. 1983, 
Gjerstad and Hanssen 1984, Reichel et al. 1984, Beyer et al. 1988, 1998, Vyas et al. 2001, Lewis 
et al. 2001, Schulz et al. 2006). Within-order differences among species also have been noted, 
as lead-poisoned Anseriformes of lighter weight tended to have higher lead concentrations in the 
liver than species of greater weight (Beyer et al. 1998). Within Falconiformes, one study of birds 
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similarly dosed with lead acetate found that the blood lead concentration of a turkey vulture was 
nearly 8 times greater than in two red-tailed hawks after 6 weeks of dosage and that the vulture 
developed clinical signs of lead poisoning, but the hawks did not (Reiser and Temple 1981). In a 
more recent study with turkey vultures, Carpenter et al. (2003) reported that, although four of six 
birds died or were euthanized because of severe clinical signs, survival time, even with frequent 
redosing because of regurgitated or defecated lead shot, was quite long and lead pellet dosage was 
high compared with other avian studies. The authors concluded that turkey vultures are relatively 
tolerant to lead exposure and would not be a good model for evaluating the risk of lead exposure in 
California condors (Carpenter et al. 2003). 

Although nontoxic shot regulations have been introduced in many countries, with a few excep
tions these primarily restrict the use of lead gunshot over wetlands or for waterfowl hunting. While, 
where compliance is good, this should reduce lead ingestion in waterfowl and their main predators, 
other avian predators and scavengers, a range of other terrestrial birds continue to be subject to lead 
exposure and poisoning because of their feeding habits. Lead poisoning in the California condor, 
which feeds almost exclusively on carrion, is now considered a major obstacle to the recovery of the 
species (Meretsky et al. 2000, Cade 2007, Snyder 2007). California condors ingest lead fragments 
from ammunition in carcasses of animals or offal left in the field (Church et al. 2006, Hunt et al. 
2006, Cade 2007), and considerable effort is devoted to monitoring and attempts to reduce lead 
exposure (Hall et al. 2007, Parish et al. 2007, Sullivan et al. 2007). Lead poisoning of wintering bald 
eagles and golden eagles (Aquila chrysaetos) was long thought to be primarily due to the ingestion 
of shotgun pellets in dead or crippled waterfowl, but Kramer and Redig (1997) found that the preva
lence of lead poisoning in eagles did not decrease after the implementation of the 1991 nontoxic shot 
regulations for hunting waterfowl and American coots (Fulica americana) in the United States. The 
authors suggested that carcasses of animals still hunted with lead ammunition, such as small mam
mals and birds, and deer, could be additional sources of exposure (Kramer and Redig 1997). Lead 
exposure and poisoning has been reported in a variety of eagle species and other raptors throughout 
the world (Pain et al. 2009). 

16.9	 LEAD RESIDUES REPORTED IN SELECTED FIELD 
AND LABORATORY STUDIES IN BIRDS 

16.9.1 ANSERIFORMES (DUCKS, GEESE, AND SWANS) 

Lead concentrations in the liver and kidney of sick and dead Canada geese in an early fi eld report 
ranged from 9 to 27 mg/kg and 12 to 57 mg/kg (wet weight presumed but not stated) (Adler 1944). 
One of the early experimental studies of lead exposure in waterfowl that reported concentrations in 
tissues was that of Coburn et al. (1951) who dosed mallards with lead nitrate. Birds that died in that 
study had average bone and liver lead concentrations of 469 and 208 mg/kg dry weight, respectively 
(Coburn et al. 1951). Canada geese that died of experimental lead shot exposure had lead concen
trations in the liver of 5–32 mg/kg (wet weight presumed but not stated) (Cook and Trainer 1966). 
Longcore et al. (1974b) summarized results of seven experimental lead exposure studies in Canada 
geese and mallards, in which birds both died and were euthanized, finding that mean liver lead 
concentrations ranged from 12 to 51 mg/kg wet weight. Mallards that died after being dosed with 
one No. 4 lead buckshot had mean liver and kidney lead concentrations (mg/kg wet weight) of 51–64 
and 158–259, respectively (Longcore et al. 1974b). In wild Canada geese, tundra swans (Cygnus 
columbianus), and mallards picked up during lead poisoning die-offs, mean liver lead concentra
tions were 12–28 mg/kg wet weight (Longcore et al. 1974b). In another lead poisoning event, the 
mean lead concentration in livers of Canada geese was 16 mg/kg wet weight (Bagley et al. 1967). 
Lesser scaup found sick or dead during a lead poisoning mortality event had average lead concentra
tions in tissues of 46 mg/kg wet weight in liver, 66 mg/kg wet weight in kidney, and 40 mg/kg dry 
weight in wing bones (Anderson 1975). Average lead concentrations in liver and kidney (mg/kg wet 
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weight assumed but not stated) of lead poisoned mallards and mute swans were 40 and 58, and 33 
and 105, respectively (Clausen and Wolstrup 1979). Mean liver lead concentrations in four species 
of waterfowl picked up during a lead poisoning die-off ranged from 15 to 31 mg/kg wet weight, or 
86–131 mg/kg dry weight (Zwank et al. 1985). Liver lead concentrations in four spectacled eiders 
and a common eider found dead or moribund and diagnosed with lead poisoning ranged from 26 
to 52 mg/kg wet weight (Franson et al. 1995b). The lead concentration in a blood sample from one 
of the spectacled eiders was 8.5 mg/kg (Franson et al. 1995b). In a fi eld study of lead poisoning in 
tundra swans and trumpeter swans (Cygnus buccinator), Degernes et al. (2006) reported mean liver 
lead concentrations of 42–203 mg/kg dry weight in lead-poisoned swans, and 0.5–2.1 mg/kg dry 
weight in swans not poisoned by lead. Whooper swans (Cygnus cygnus) that were diagnosed as lead 
poisoned had liver lead concentrations of 5.5–44.3 mg/kg wet weight (Ochiai et al. 1992). The mean 
and fi fth percentiles of liver lead concentrations in waterfowl diagnosed with lead poisoning were 
115 and 38 mg/kg dry weight, respectively (Beyer et al. 1998). Mallards dosed with lead shot, half 
of which died, had liver and kidney lead concentrations of 78 and 256 mg/kg dry weight (Kelly et al. 
1998). When given a chronic dose of lead acetate, mallards died with lower tissue lead concentra
tions than when given a large dose of lead from lead pellets (Beyer et al. 1988). 

In experimental studies of lead exposure in waterfowl, blood lead concentrations can reach  
7 mg/kg or greater. After one week, concentrations of lead in blood of ring-necked ducks (Aythya 
collaris) dosed with one No. 4 lead shot and in mallards dosed with two No. 4 lead shot were 7.6 
and 7.8 mg/kg (Mautino and Bell 1986, 1987). Three and six days after canvasbacks were dosed 
with one No. 4 lead shot, blood lead concentrations were 7.4 mg/kg and about 4.5 mg/kg, respec
tively (Franson et al. 1986). In Canada geese dosed with multiple No. 4 lead shot, peak blood lead 
concentrations at days 3 and 10 were 16.8 mg/kg and 6.7 mg/kg, respectively (Cook and Trainer 
1966). Concentrations of lead in blood of ducks that survive experimental lead shot exposure gen
erally decline to about 1 mg/kg or less after 1 month (Dieter and Finley 1978, 1979, Franson et al. 
1986, Mautino and Bell 1986, 1987). Concentrations of lead in blood associated with clinical signs 
in field cases of lead-poisoned waterfowl tend to be lower than in experimental studies. Trumpeter 
swans with 1.0–1.99 mg/kg lead in their blood had pronounced clinical signs, including weakness 
and neurological abnormalities (Degernes 1991). With treatment, 6 of 10 birds in this group sur
vived (Degernes 1991). Concentrations of lead in blood of six whooper swans that were diagnosed 
with lead poisoning were 300–630 µg/dL (c. 3–6.3 mg/kg) (Ochiai et al. 1992). Six whooper swans 
and two tundra swans that were captured exhibiting signs of weakness, green feces, and pale con
junctiva had blood lead concentrations ranging from 2.5 to 6.7 mg/kg (Nakade et al. 2005). Seven 
of the eight swans died on the second day after capture, lead shot were  recovered from gizzards, 
and liver and kidney lead concentrations (wet weight presumed but not stated) ranged from 14.0 
to 30.4 mg/kg and 30.2 to 122 mg/kg, respectively. The single whooper swan that survived had 
an original blood lead concentration of 2.9 mg/kg, which declined to about 0.6 mg/kg at 30 days 
(Nakade et al. 2005). Sick Canada geese captured during a lead poisoning die-off had a mean 
blood lead concentration of 5.2 mg/kg (Szymczak and Adrian 1978). 

Tissue residues described above are primarily the result of lead shot ingestion. Poisoning of water
fowl from the ingestion of lead in sediments can result in similar tissue concentrations. Mortality 
of tundra swans near an area of lead mining and smelting was reported as early as 1924 and early 
analysis of liver samples revealed lead concentrations of 18–37 mg/kg wet weight (Chupp and Dalke 
1964). Later studies in the same area reported mean liver lead concentrations of 10–24 mg/kg wet 
weight and mean blood lead concentration of 3.3 mg/kg in swans and up to 8 mg/kg in blood and 
14 mg/kg wet weight in liver of wood ducks (Aix sponsa) (Blus et al. 1991, 1993, 1999). The mean 
and fifth percentile blood lead concentrations in tundra swans moribund from lead poisoning were 
3.6 and 1.9 mg/kg, respectively (Beyer et al. 2000). Sileo et al. (2001) diagnosed lead poisoning 
in 219 waterfowl found sick or dead, none of which had metallic lead in their gizzards. Liver lead 
concentrations in 216 birds in that study ranged from 6.3 to 90 mg/kg wet weight. The three others 
were diagnosed with lead poisoning as follows: a tundra swan and a Canada goose had <6 mg/kg 
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wet weight lead in liver, but had inclusion bodies in the kidney, and a mallard had 38.7 mg/kg wet 
weight lead in the kidney (Sileo et al. 2001). Heinz et al. (1999) conducted a series of experiments 
feeding mallards 3–48% sediment (containing lead concentrations of 3400 and 4000 mg/kg dry 
weight) from the mining and smelting area. Lead concentrations in blood, liver, and kidney were as 
high as 6.9, 38, and 31 mg/kg wet weight, respectively (Heinz et al. 1999). 

16.9.2 FALCONIFORMES (HAWKS, FALCONS, AND VULTURES) 

A wide range of liver and kidney residues have been reported from raptors dying of lead poisoning, 
but levels are often in the range of 5–40 mg/kg wet weight. In lead-exposed or poisoned eagles, 
lead concentrations are often higher in liver than in kidney. Wayland et al. (1999) studied relation
ships of lead concentrations among tissues of bald and golden eagles, finding that when the lead 
concentration in liver was 6 mg/kg dry weight, the predicted renal concentration was 4.6 mg/kg, 
but when the concentration in the liver was 30 mg/kg dry weight, the predicted renal concentra
tion was 18 mg/kg. The published records of 37 wild bald eagles that died of lead poisoning report 
liver lead residues of 5–61 mg/kg wet weight and of 5 and 12 mg/kg wet weight in the two kidneys 
tested (Mulhern et al. 1970, Kaiser et al. 1980, Reichel et al. 1984, Frenzel and Anthony 1989, 
Craig et al. 1990, Langelier et al. 1991, Gill and Langelier 1994). The mean lead concentration 
in kidneys of five bald eagles that showed evidence of lead poisoning was 34 mg/kg dry weight 
(Elliott et al. 1992). Of three captive bald eagles that died of lead poisoning, two had liver lead 
residues of 23 and 15 mg/kg and kidney residues of 11 mg/kg each (wet weight presumed but not 
stated) (Jacobson et al. 1977, Redig et al. 1980). The third had 26 mg/kg wet weight of lead in the 
liver and 9 mg/kg wet weight in the kidney (Janssen et al. 1979). In an experimental study of lead 
shot poisoning, four eagles died with mean lead residues of 17 mg/kg wet weight in the liver, 6 mg/ 
kg wet weight in the kidney, 1.4 mg/kg wet weight in the brain, and 10 mg/kg dry weight in the 
bone (Pattee et al. 1981). A fifth eagle in that study that became blind and was euthanized had lead 
concentrations of 3 mg/kg wet weight in the liver and kidney, 2 mg/kg wet weight in the brain, and 
13 mg/kg dry weight in the bone. 

A Steller’s sea eagle (Haliaeetus pelagicus) and a white-tailed sea eagle (Haliaeetus albicilla) 
with lead fragments in the intestine and gizzard, respectively, had liver lead concentrations of 139 
and 79 mg/kg dry weight and kidney lead concentrations of 67 and 58 mg/kg dry weight (Kim et al. 
1999). Mean lead concentrations in liver and kidney of two Steller’s sea eagles and three white-
tailed sea eagles with lead bullet fragments in their stomachs were 92 and 156 mg/kg dry weight, 
respectively (Iwata et al. 2000). Five white-tailed sea eagles diagnosed with lead poisoning had 
mean liver and kidney lead concentrations of 22.4 and 9.6 mg/kg wet weight, respectively (Krone 
et al. 2004, 2006, 2009). 

Liver lead concentrations in three California condors that died of lead poisoning were 6, 23, 
and 35 mg/kg wet weight, respectively (Wiemeyer et al. 1988). The relatively low liver lead con
centration in the first bird was probably the result of chelation therapy administered before it died. 
The liver and kidney lead concentrations (mg/kg wet weight) in Andean condors dosed with lead 
shot, and that died or were euthanized, ranged from 45 to 110 and 124 to 179, respectively (Pattee 
et al. 2006). A wild griffon vulture (Gyps fulvus) that died after admittance to a rehabilitation 
center had a piece of lead in its gizzard and a liver lead concentration of 52 mg/kg dry weight 
(Mateo et al. 1997b). In a lead shot dosing study with turkey vultures, lead concentrations (mg/ 
kg wet weight) in liver and kidney of birds that died or were euthanized with severe clinical  
signs ranged from 6.8 to 34 and 180 to 246, respectively (Carpenter et al. 2003). Reports of lead 
poisoning mortality in captive condors and vultures include an Andean condor with a liver lead 
level of 38 mg/kg wet weight (Locke et al. 1969) and two captive king vultures (Sarcoramphus 
papa) with liver lead concentrations of 63 and 7 mg/kg and kidney residues of 71 and 25 mg/kg 
wet weight (Decker et al. 1979). 
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A wild red-tailed hawk that died of lead poisoning had a liver lead concentration of 71 mg/kg (wet 
weight presumed but not stated) and eight ingested lead shot (Sikarskie 1977). Two red-tailed hawks 
found emaciated, but with no lead in their stomachs, had lead concentrations in liver of 4.3 and 10 mg/ 
kg wet weight (Franson et al. 1996b) and a third emaciated red-tailed hawk with green staining around 
the vent had lead concentrations of 22.3 mg/kg dry weight in liver and 8.2 mg/kg dry weight in kidney 
(Martin et al. 2008). Two additional red-tailed hawks had necropsy lesions consistent with lead poison
ing and lead concentrations in liver or kidney of >30 or >20 mg/kg dry weight, respectively (Clark and 
Scheuhammer 2003). A common buzzard (Buteo buteo) with paresis of the legs and contracted talons 
had lead concentrations (all on dry weight basis) of 47.7 mg/kg in liver, 6.6 mg/kg in kidney, and 42.0 
mg/kg in bone (Battaglia et al. 2005). MacDonald et al. (1983) reported lead poisoning mortality, prob
ably caused by the presence of metallic lead in food items, in captive Falconiformes including a com
mon buzzard, Eurasian sparrowhawk (Accipiter nisus), two peregrine falcons (Falco peregrinus), and a 
lagger falcon (Falco jugger). Liver lead concentrations were 36–175 mg/kg dry weight, and kidney resi
dues were 31–221 mg/kg dry weight. Two prairie falcons (Falco mexicanus) that died of lead poisoning 
after being fed parts of animals shot by hunters had lead residues of 17 and 57 mg/kg in the liver and 6 
and 78 mg/kg (wet weight presumed but not stated) in the kidney (Benson et al. 1974, Redig et al. 1980). 
Three raptors that died after  receiving daily doses of lead acetate for several weeks had lead residues 
(dry weight basis) of 2.8–19.7 mg/kg in the liver, 4.2–17.4 mg/kg in the kidney, and 33.4–41 mg/kg in 
bone (Reiser and Temple 1981). Nestling American kestrels (Falco sparverius) dosed with metallic lead 
powder exhibited reduced ALAD activity and anemia with liver and kidney lead concentrations of 4 
and 7 mg/kg wet weight, while survivors of a dosage that killed 40% of the treatment group had lead 
residues of 6 and 16 mg/kg wet weight in the liver and kidney (Hoffman et al. 1985a, 1985b). American 
kestrels fed a diet containing about 450 mg/kg dry weight of biologically incorporated lead had mean 
tissue residues of 10 mg/kg dry weight in the liver, 15 in the kidney, 2 in the brain, and 18 in bone with 
no effects on body weight, hematocrit, hemoglobin concentration, or red blood cell count (Custer et al. 
1984). The authors concluded that their study provided further evidence that lead poisoning of raptors 
is probably due to the ingestion of metallic lead, not biologically incorporated lead. 

Raptors exhibited anemia, anorexia, and bile-stained feces when blood lead residues reached 
5–8 mg/kg (Reiser and Temple 1981). After 14 days of exposure to lead shot, five bald eagles had a 
mean blood lead concentration of 5.4 mg/kg and exhibited 80% ALAD depression and a 20–25% 
reduction in hematocrit and hemoglobin concentration (Hoffman et al. 1981). A California condor 
that was captured in a weakened condition and later died had a blood lead concentration of 420 
µg/dL (c. 4.2 mg/kg) (Janssen et al. 1986). Of 437 blood samples collected from wild California 
condors in Arizona, 137 had lead concentrations of 15–59 µg/dL (c. 0.15–0.59 mg/kg), 25 were 
>100 µg/dL (c. 1 mg/kg), 10 were >200 µg/dL (c. 2 mg/kg), and 5 were >400 µg/dL (c. 4 mg/kg) 
(Parish et al. 2007). Among 214 blood samples from 44 individual California condors in southern 
California, 95 had lead concentrations >20 µg/dL (c. 0.2 mg/kg), 18 had 60–99 µg/dL (c. 0.6–0.99 
mg/kg), and 7 had >100 µg/dL (c. 1 mg/kg) (Hall et al. 2007). Lead concentrations in 126 blood 
samples from 33 wild Big Sur California condors were >20 µg/dL (c. 0.2 mg/kg) in 27, 60–99 µg/ 
dL (c. 0.6–0.99 mg/kg) in 4, and >100 µg/dL (c. >1 mg/kg) in 2 (Sorenson and Burnett 2007). In 
captive Andean condors dosed with lead shot, blood lead concentrations reached 16 and 17 mg/kg 
wet weight (Pattee et al. 2006). Two turkey vultures with clinical signs consistent with lead toxico
sis had blood lead residues of 320 μg/dL (c. 3.2 mg/kg) and 11 mg/kg, but both recovered (Janssen 
et al. 1979, Reiser and Temple 1981). Turkey vultures that died after exposure to lead shot had 
6–30 mg/kg wet weight lead in the heart blood clot (Carpenter et al. 2003). A prairie falcon with 
weakness, weight loss, and anemia had 11 mg/kg of lead in its blood but recovered after chelation 
therapy (Redig et al. 1980). A honey buzzard (Pernis apivorus) with a blood lead concentration of 
80 µg/dL (c. 0.8 mg/kg) exhibited clinical signs of green diarrhea, muscle wasting, and weakness 
and had one lead shot in its stomach (Lumeij et al. 1985). Two weeks after removal of the lead shot 
when the blood lead concentration was 16 μg/dL (c. 0.16 mg/kg), the bird was released to the wild. 
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American kestrels fed lead-contaminated diets had blood lead levels of 1.69 mg/kg with no resultant 
anemia (Custer et al. 1984). Redig et al. (1991) reported no mortality or clinical signs of toxicity, 
based on gross observations and body weight, in red-tailed hawks with blood lead concentrations 
of up to 1.58 µg/mL (c. 1.58 mg/kg). However, Kramer and Redig (1997) stated that in bald and 
golden eagles, blood lead concentrations >1.2 mg/kg were invariably associated with mortality. In a 
survey of blood lead concentrations in 162 wild golden eagles Pattee et al. (1990) considered 36% of 
the birds to have been exposed to lead, but the overall mean blood lead concentration was 0.25 mg/ 
kg. Harmata and Restani (1995) found ≥1.0 mg/kg lead in blood of 5.4% of bald eagles and 2.3% of 
golden eagles. Ospreys (Pandion haliaetus) from a mining and smelting area had a mean blood lead 
concentration of 0.20 mg/kg and inhibited ALAD activity, but there was no effect on hemoglobin 
or hematocrit (Henny et al. 1991). 

16.9.3 COLUMBIFORMES (DOVES AND PIGEONS) 

Soft tissue lead residues associated with mortality in doves and pigeons tend to be in the range of 
20–60 mg/kg wet weight or even higher, as in the case of a wild mourning dove that died of lead 
poisoning with 72 mg/kg wet weight of lead in the liver (Locke and Bagley 1967). Clausen and 
Wolstrup (1979) reported liver and kidney lead residues of 48 and 200 mg/kg (wet weight presumed 
but not stated), respectively, in a wood pigeon (Columba palumbus) that died of lead poisoning.  
Mourning doves that died after dosage with lead shot had mean lead residues of 80–93 mg/kg  
dry weight in the liver, 230–300 mg/kg in the kidney, and 116–192 mg/kg in bone (Buerger et al. 
1986). In another lead shot dosing study, a mourning dove that died had lead residues of 267 mg/ 
kg dry weight in the liver, 1901 mg/kg in the kidney, 11 mg/kg in the brain, and 403 mg/kg in bone 
(Kendall et al. 1983). Mourning doves in that study that were euthanized after 9 days of lead shot 
exposure had microscopic lesions of lead poisoning and lead concentrations of 150–179 mg/kg dry 
weight in the liver, 1182–1298 mg/kg in the kidney, 11–12 mg/kg in the brain, and 473–528 mg/kg 
in bone. Castrale and Oster (1993) reported that blood lead concentrations in mourning doves dosed 
with 4 #8 lead shot reached 10 mg/kg (wet weight presumed but not stated) after about 5 days, and 
eight of ten birds receiving this dose survived to 28 days, when blood lead levels had approached 
those in control birds. Ringed turtle-doves (Streptopelia risoria) given doses of lead shot and eutha
nized 9 days later had liver lead residues of 24–128 mg/kg and kidney residues of 633–2384 mg/ 
kg dry weight (Kendall et al. 1981). Several of these birds had seizures, and all had microscopic 
lesions in the kidney and liver, but none died during the course of the experiment. Ringed turtle
doves that received lead acetate in drinking water for 90 days had mean kidney and liver residues 
of 900 and 8 mg/kg dry weight, respectively (Kendall and Scanlon 1981). Although no birds died, 
cellular necrosis and lead inclusions were noted in the kidneys. Two clinically normal feral pigeons 
(Columba livia) with lead shot in their gizzards had liver lead concentrations of 5 and 13 mg/kg and 
kidney residues of 14 and 81 mg/kg wet weight (DeMent et al. 1987). 

Reduced ALAD activity occurred in ringed turtle-doves that had liver and kidney lead residues 
of 1 and 6 mg/kg wet weight, respectively (Scheuhammer and Wilson 1990). In other studies with 
ringed turtle-doves, ALAD activity was inhibited with tissue lead levels of 4–9 mg/kg dry weight 
in the brain, 9–19 mg/kg in the liver, and 84–839 mg/kg in the kidney (Kendall and Scanlon 1982, 
Kendall et al. 1982). The hemoglobin concentration was reduced when tissue residues reached 28 
mg/kg dry weight in the liver, 12 mg/kg in the brain, and 457 mg/kg in the kidney (Kendall and 
Scanlon 1982). ALAD activity was reduced in feral pigeons with lead residues as low as 1.7 mg/kg 
wet weight in kidney and 16.5 mg/kg wet weight in bone (Ohi et al. 1974). Domestic pigeons that 
became anemic after treatment with lead acetate had lead residues of 8–20 mg/kg wet weight in the 
liver, 33–603 mg/kg in the kidney, 0.9–2.3 mg/kg in the brain, and 57–501 mg/kg in bone (Anders 
et al. 1982). 

Blood lead concentrations associated with death in Columbiformes can be extremely high. 
Two domestic pigeons treated with lead acetate had blood lead residues of 2320 and 4000 μg/dL 
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(c. 23.2 and 40 mg/kg) shortly before they died (Dietz et al. 1979, Anders et al. 1982). Other pigeons 
that were treated with lead acetate developed blood lead concentrations of 250–440 μg/dL (c. 2.5– 
4.4 mg/kg), resulting in anemia and lead inclusions in the kidneys, but survived the dosage regimen 
for up to 64 weeks (Anders et al. 1982). Domestic pigeons that died after experimental lead acetate 
exposure had blood lead levels of 569–1235 and 1245 µg/dL (c. 5.69–12.35, and 12.45 mg/kg), crop 
stasis occurred at 450–1100 µg/dL (c. 4.5 and 11 mg/kg), but there were no observable clinical signs 
when blood lead was less than 200 µg/dL (c. 2 mg/kg) (Barthalmus et al. 1977, Cory-Slechta et al. 
1980, Boyer et al. 1985). ALAD activity was inhibited in ringed turtle-doves with blood lead con
centrations of 21, 81–122, and 142–245 µg/dL (c. 0.21, 0.81–1.22, and 1.42–2.45 mg/kg), and hemo
globin concentration was reduced with mean blood lead concentrations of 395 µg/dL (c. 3.95 mg/kg) 
(Kendall and Scanlon 1982, Kendall et al. 1982, Scheuhammer and Wilson 1990). Depression of 
ALAD in feral pigeons has been associated with lead residues as low as 15 µg/dL (c. 0.15 mg/kg) 
in the blood (Ohi et al. 1974). Two urban pigeons with lead shot in their gizzards had blood lead 
concentrations of 95 and 1870 µg/dL (c. 0.95 and 18.7 mg/kg), but they were not anemic or emaci
ated (DeMent et al. 1987). 

16.9.4 GALLIFORMES (PHEASANTS, GROUSE, QUAIL, AND PARTRIDGE) 

Data suggest that Galliformes are relatively less sensitive to lead than some other groups as evi
denced by high tissue lead residues in individuals poisoned by lead. A wild turkey (Meleagris 
gallopavo) that died of lead poisoning had a liver lead concentration of 17 mg/kg wet weight (Stone 
and Butkas 1978). A wild ring-necked pheasant (Phasianus colchicus) found dead with 29 lead shot 
in its gizzard had 168 mg/kg (wet weight presumed but not stated) of lead in the liver (Hunter and 
Rosen 1965). Two female ring-necked pheasants from shooting estates with ingested lead shot had 
lead concentrations of 378 and 220 mg/kg dry weight in wing bones (Butler et al. 2005). A northern 
bobwhite (Colinus virginianus) observed in the field with partial paralysis one day and found dead 
the next had two lead shot pellets in its gizzard and a liver lead concentration of 399 mg/kg wet 
weight (Lewis and Schweitzer 2000). Keymer and Stebbings (1987) reported lead poisoning as the 
cause of death in a gray partridge (Perdix perdix) with 40 mg/kg wet weight of lead in the liver and 
100 mg/kg wet weight in the kidney. An emaciated gray partridge had lead residues of 130 mg/kg 
in the liver and 440 in the kidney (wet weight presumed but not stated) with 34 lead pellets in the 
gizzard (Clausen and Wolstrup 1979). Gjerstad and Hanssen (1984) administered doses to willow 
ptarmigan (Lagopus lagopus) of one, three, or six lead shot. Three ptarmigan that died had liver 
lead residues of 64, 134, and 274 mg/kg wet weight. Birds given doses of one lead shot survived with 
no clinical signs and had mean liver lead residues of about 3 mg/kg wet weight 15 days after dos
ing. Thirty-three greater sage-grouse (Centrocercus urophasianus) diagnosed with West Nile virus 
or trauma as cause of death had liver lead concentrations of ≤0.66 mg/kg wet weight (Dailey et al. 
2008). When northern bobwhite were fed increasing amounts of lead acetate until half of the birds 
died, lead residues in the liver and kidney were 21–277 and 85–500 mg/kg wet weight, respectively 
(Beyer et al. 1988). Chickens (Gallus gallus) that died after being fed lead-containing grit had liver 
lead residues of up to 54 mg/kg wet weight, while liver lead in chickens that exhibited no clinical 
signs and were euthanized was 1–6 mg/kg wet weight (Salisbury et al. 1958). ALAD was inhibited 
but there was no effect on hemoglobin or packed cell volume in Japanese quail that had liver lead 
concentrations of about 0.5, 4, and 6 mg/kg and kidney concentrations of 6, 20, and 30 mg/kg wet 
weight (Stone and Soares 1976, Stone et al. 1977, 1979). Northern bobwhite given doses of lead 
shot had a pooled blood lead concentration of 43 mg/kg 9 days post exposure (McConnell 1967). 
Weakness, lethargy, and loss of weight were seen in 19% of the quail and 10% died. Chickens fed 
lead acetate exhibited severely inhibited ALAD activity, weight loss, and mild anemia with blood 
lead concentrations of 322–832 µg/dL (c. 3.22–8.32 mg/kg) (Franson and Custer 1982). Mean liver 
and kidney lead residues were 17 and 56 mg/kg dry weight after 28 days. Japanese quail given 
doses of lead shot had lead residues of 7 mg/kg wet weight in the blood, 3 mg/kg in the liver, and 
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5 mg/kg in the kidney (Yamamoto et al. 1993). ALAD was inhibited, but no other clinical signs 
were reported. 

16.9.5 PASSERIFORMES (PERCHING BIRDS) 

Two yellow-billed cuckoos (Coccyzus americanus) collected near a zinc smelter had liver lead con
centrations of 18 and 25 mg/kg wet weight and kidney residues of 21 and 14 mg/kg wet weight 
(Beyer et al. 1985). ALAD was inhibited, but there was no anemia or gross or microscopic lesions 
of lead poisoning. Two American robins (Turdus migratorius), a northern cardinal (Cardinalis car
dinalis), and a brown thrasher (Toxostoma rufum) sampled in a area with a history of mining and 
smelting lead and zinc had liver lead concentrations of 12–94 mg/kg dry weight, kidney lead con
centrations of 25–150 mg/kg dry weight, and ALAD activities of <10% of reference values (Beyer 
et al. 2004). Getz et al. (1977) measured tissue lead residues in songbirds collected in urban and 
rural areas. House sparrows (Passer domesticus), starlings (Sturnus vulgaris), common grackles 
(Quiscalus quiscula), and American robins had maximum liver lead residues of 10–16 mg/kg dry 
weight and kidney residues of 14–98 mg/kg dry weight. The concentration of lead in the liver of 
a dark-eyed junco (Junco hyemalis) collected at a trap and skeet range was 9.3 mg/kg dry weight 
(Vyas et al. 2000). Three brown-headed cowbirds (Molothrus ater) that died after being dosed with 
lead shot had liver lead concentrations of 71–137 mg/kg dry weight (Vyas et al. 2001). Starlings 
given doses of trialkyl lead died within 6 days of treatment, with mean liver and kidney residues of 
40 and 20 mg/kg wet weight, respectively (Osborn et al. 1983). Beyer et al. (1988) fed lead acetate 
to red-winged blackbirds (Agelaius phoeniceus), brown-headed cowbirds, and common grackles 
until half of the birds in each group died. Median liver lead concentrations were 20–50 mg/kg wet 
weight (range, 4–97 mg/kg), and median kidney residues were 22–160 mg/kg wet weight (range, 
2–740 mg/kg). 

16.9.6 CHARADRIIFORMES (SHOREBIRDS, GULLS, AND ALCIDS) 

Locke et al. (1991) reported a liver lead concentration of 52 mg/kg wet weight in a marbled godwit 
(Limosa fedoa) that died of lead poisoning after ingesting lead shot. Seven herring gull (Larus 
argentatus) chicks that received a one-time injection of lead nitrate survived 45 days but exhibited 
slower growth than did controls, with mean lead concentrations of 197 µg/dL (c. 1.97 mg/kg) in 
the blood, 21 mg/kg dry weight in the liver, and 41 mg/kg dry weight in the kidney (Burger and 
Gochfeld 1990). Apparently healthy adult laughing gulls (Larus atricilla) collected in a lead-
contaminated area had mean liver lead residues of 4–5 mg/kg and kidney residues of 2 mg/kg wet 
weight (Munoz et al. 1976, Hulse et al. 1980). Adult royal terns (Thalasseus maximus) collected 
in the same region had liver and kidney residues of 0.4 and 1.1 mg/kg wet weight, while sandwich 
terns (Thalasseus sandvicensis) had liver and kidney residues of 0.5 and 0.8 mg/kg wet weight 
(Maedgen et al. 1982). Herring gulls feeding at a dump site had liver and kidney lead residues of 3 
and 13 mg/kg dry weight, respectively (Leonzio et al. 1986). Black-headed gulls (Larus ridibun
dus) collected at the same location had liver and kidney residues of 8 and 31 mg/kg dry weight, 
respectively. 

16.9.7 GRUIFORMES (CRANES AND THEIR ALLIES) 

Windingstad et al. (1984) reported on two wild sandhill cranes (Grus canadensis) that died of lead 
poisoning with parts of fishing sinkers in their gizzards. One bird had liver and kidney lead con
centrations of 23 and 30 mg/kg wet weight, while the other had liver and kidney lead residues of 
259 and 113 mg/kg dry weight. A captive sandhill crane that died after ingesting two 0.22-caliber 
rifle cartridges had 30 mg/kg wet weight of lead in its liver, and another dead captive sandhill 
crane with an ingested copper-coated penny had a liver lead concentration of 24 mg/kg wet weight 
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(Windingstad et al. 1984). A sandhill crane that died after exposure to lead-based paint in a zoo 
facility had liver and kidney lead concentrations of 29 and 19 mg/kg (wet weight presumed but not 
stated), respectively (Kennedy et al. 1977). Four additional cranes in this facility developed clinical 
signs of lead poisoning with blood lead concentrations of 146–378 µg/100 mL (c. 1.46–3.78 mg/kg), 
but they recovered following chelation treatment. Lead concentrations in kidneys of two houbara 
bustards (Chlamydotis undulata maqueenii) that died on a farm and were diagnosed with lead poi
soning resulting from the ingestion of paint flakes were 47 and 5.5 mg/kg, wet weight (Bailey et al. 
1995). A whooping crane (Grus americana) had a blood lead concentration of 5.6 mg/kg shortly 
before it died and was found to have liver and kidney concentrations of 24 and 10 mg/kg wet weight 
(Snyder et al. 1991). An emaciated Mississippi sandhill crane (Grus canadensis pulla) found with 
an unidentified lead object in its stomach had 70 mg/kg wet weight lead in liver tissue (Franson 
and Hereford 1994). Two Japanese cranes (Grus japonensis) found dead had liver lead concentra
tions of 32 and 62 mg/kg dry weight and kidney lead concentrations of 31 and 34 mg/kg dry weight 
(Teraoka et al. 2007). Apparently healthy soras (Porzana carolina) collected with lead shot in their 
gizzards had mean liver lead residues of up to 3 mg/kg wet weight and up to 11 mg/kg dry weight 
in bone (Stendell et al. 1980). 

16.9.8 CICONIIFORMES (HERONS AND THEIR ALLIES) 

A black-crowned night heron (Nycticorax nycticorax) with a lead jig head in its stomach had a liver 
lead concentration of 26 mg/kg wet weight (Franson et al. 2003), but a number of surveys of lead in 
herons have reported liver concentrations of <6.7 mg/kg dry weight (see Custer 2000). Apparently 
healthy cattle egrets (Bubulcus ibis) collected in an industrialized area had liver lead concentrations 
of 0.07–1.3 mg/kg and kidney concentrations of 0.08–3.5 mg/kg wet weight (Hulse et al. 1980). 

16.9.9 GAVIIFORMES (LOONS) 

Locke et al. (1982) reported liver lead residues of 21–38 mg/kg wet weight in three common loons 
that died of lead poisoning. Two of the three had lead fishing sinkers in gizzard contents. Liver lead 
concentrations were 5–41 mg/kg wet weight in 36 additional cases of lead-poisoned loons, 33 of which 
had ingested lead fishing weights (Franson and Cliplef 1992, Pokras and Chafel 1992, Stone and 
Okoniewski 2001). Of 522 common loons examined from New England, Sidor et al. (2003)  confi rmed 
lead poisoning in 68 and assigned a diagnosis of suspected lead poisoning in 50 more. The average 
lead concentration in the livers of confirmed lead poisoning cases in that study was 17.6 mg/kg wet 
weight. Franson et al. (2003) found liver lead concentrations of 8.0–16.9 mg/kg wet weight in four com
mon loons with ingested lead fishing weights. In two other common loons with ingested lead, blood 
and liver lead levels (mg/kg wet weight) were 4.2 and 16.6, and 6.0 and 12.8, respectively, whereas 
one loon with an ingested jig head had 0.30 mg/kg lead in blood (liver was not tested) (Franson et al. 
2003). In a summary of Canadian data, the average lead concentrations in liver (n = 12) and kidney 
(n = 25) of common loons with ingested lead artifacts were 59 and 218 mg/kg dry weight, respectively 
(Scheuhammer et al. 2003b). Kidney lead concentrations were 15–167 mg/kg wet weight in six com
mon loons that died of lead poisoning, four of which were determined to have remnants of lead fi shing 
weights in their gizzards (Daoust et al. 1998). Although lead fishing weights account for most of the 
reported lead poisonings in loons, a Pacific loon (Gavia pacifi ca) found in Alaska had three ingested 
lead shot, and a liver lead concentration of 31 mg/kg wet weight (Wilson et al. 2004). 

16.9.10 STRIGIFORMES (OWLS) 

Two captive snowy owls (Nyctea scandiaca) that died of lead poisoning had 45 and 204 mg/kg dry 
weight of lead in the liver and 68 and 146 mg/kg dry weight in the kidney (MacDonald et al. 1983). 
Exposure was thought to have resulted from consumption of bullet fragments in food items. Eastern 
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screech owls (Otus asio) fed lead acetate until half the birds died had median liver and kidney lead 
concentrations of 22 and 33 mg/kg wet weight (Beyer et al. 1988). In a great-horned owl (Bubo vir
ginianus) with necropsy lesions consistent with lead poisoning, the lead concentration in the liver or 
kidney was >30 or >20 mg/kg dry weight, respectively (Clark and Scheuhammer 2003). 

16.9.11 PROCELLARIIFORMES (TUBENOSES) 

Lead poisoning from consumption of paint chips in association with buildings contributed to epi
zootic mortality in Laysan albatross (Diomedea immutabilis) chicks on Midway Atoll (Sileo and 
Fefer 1987). Some of the sick birds were unable to retract their wings, resulting in a “droop-wing” 
appearance, and in 10 of these birds diagnosed with lead poisoning, lead was detected in the blood 
of each (maximum of 4.8 mg/kg wet weight), in the liver of 8 (maximum 110 mg/kg dry weight), 
and in the kidney of 1 (44 mg/kg dry weight) (Sileo and Fefer 1987). In later studies on Midway, 
droop-wing albatross chicks had mean lead concentrations of 14.4 and 14.0 mg/kg wet weight in 
liver and kidney, respectively, and 410 µg/dL (c. 4.10 mg/kg) in blood (Burger and Gochfeld 2000, 
Finkelstein et al. 2003). Work and Smith (1996) found that ALAD in albatross chicks decreased at 
blood lead concentrations >0.05 µg/mL (c. >0.05 mg/kg). 

16.9.12 PELECANIFORMES (PELICANS AND THEIR ALLIES) 

Seven brown pelicans (Pelecanus occidentalis) with ingested lead fishing weights, sampled 
when still alive, had blood lead concentrations of 0.04–13.9 mg/kg wet weight (Franson et al. 
2003). 

16.9.13 PHOENICOPTERIFORMES (FLAMINGOS) 

Liver lead concentrations of 17 Caribbean fl amingos (Phoenicopterus ruber ruber) that died of  
lead poisoning after consumption of lead shot ranged from 128 to 771 mg/kg dry weight (Schmitz 
et al. 1990). In two lead poisoning events in greater fl amingos (Phoenicopterus ruber), dead birds 
had eight or more ingested lead shot and minimum liver lead concentrations were 12.6 mg/kg wet 
weight and 77.2 mg/kg dry weight (Ramo et al. 1992, Mateo et al. 1997a). 

16.9.14 PICIFORMES (WOODPECKERS) 

Liver and kidney lead residues were 20 and 76 mg/kg wet weight, respectively, in an emaciated 
gray-headed woodpecker (Picus canus), 9.4 and 1.4 mg/kg wet weight, respectively in a second 
gray-headed woodpecker that died of traumatic injuries, and 26.2 and <0.02 mg/kg, respectively, 
in a white-backed woodpecker (Dendrocopus leucotos) that died during a translocation program 
(Mörner and Petersson 1999). 

Summary 

Lead is a nonessential, highly toxic heavy metal that affects all body systems. Birds are exposed 
to lead from direct consumption of spent lead shot, bullets, or fragments thereof in prey items, 
ingestion of lead fi shing weights and chips of lead-based paints, and environmental contamina
tion of urban and industrial areas. However, the majority of cases of poisoning result from the 
ingestion of lead from spent ammunition or ammunition fragments, or angler’s lead weights. First 
recognized more than a century ago, lead poisoning of birds has been reported in many areas of 
the world. 
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When lead is absorbed into the bloodstream, the fi rst measurable effects are the inhibition of 
heme-biosynthetic enzymes. There does not appear to be a no-effect level for lead, because the 
activities of certain enzymes have been reported to be inhibited at blood lead concentrations of  
<5 μg/dL (c. <0.05 mg/kg). From the blood, lead is deposited into soft tissues, particularly liver 
and kidney, growing feathers, and bone. Lead has different retention times in these tissues, with 
blood and other soft tissue concentrations refl ecting recent exposure, lead in feathers refl ecting  
exposure at the time of feather growth, and bone lead concentrations refl ecting long-term absorp
tion and accumulation over the lifetime of the bird. Many factors infl uence lead absorption and 
distribution within the body, including age, gender, physiological condition, diet, and exposure 
level and duration. Tissue lead residues associated with physiological injury, clinical signs, and 
death due to lead poisoning also vary among species, and assessments of toxicosis should be  
done by comparison with data from phylogenetically related groups whenever possible. 

We consider background concentrations of lead to be <20 μg/dL (c. <0.2 mg/kg) in blood,  
<2 mg/kg wet weight in liver and kidney, and <10 mg/kg dry weight in bone of birds. The 
 suggested thresholds of increasing severity of effects for Anseriformes are: 20–<50 μg/dL   
(c. 0.2–<0.5 mg/kg) in blood, 2 < 6 mg/kg wet weight in liver and kidney (subclinical poison
ing); 50–100 μg/dL (c. 0.5–1 mg/kg) in blood, 6–10 mg/kg wet weight in liver, 6–15 mg/kg wet 
weight in kidney (clinical poisoning); >100 μg/dL (c. >1 mg/kg) in blood, >10 mg/kg wet weight  
in liver, >15 mg/kg wet weight in kidney (severe clinical poisoning). Suggested thresholds for 
Falconiformes: 20–<50 μg/dL (c. 0.2–<0.5 mg/kg) in blood, 2 < 6 mg/kg wet weight in liver, 2 
< 4 mg/kg wet weight in kidney (subclinical poisoning); 50–100 μg/dL (c. 0.5–1 mg/kg) in blood,  
6–10 mg/kg wet weight in liver, 4–6 mg/kg wet weight in kidney (clinical poisoning); >100 μg/dL 
(c. >1 mg/kg) in blood, >10 mg/kg wet weight in liver, >6 mg/kg wet weight in kidney (severe 
 clinical poisoning). Suggested thresholds for Columbiformes: 20 < 200 μg/dL (c. 0.2 < 2 mg/kg)  
in blood, 2 < 6 mg/kg wet weight in liver, 2 < 15 mg/kg wet weight in kidney (subclinical poison
ing); 200–300 μg/dL (c. 2–3 mg/kg) in blood, 6–15 mg/kg wet weight in liver, 15–30 mg/kg wet 
weight in kidney (clinical poisoning); >300 μg/dL (c. >3 mg/kg) in blood, >15 mg/kg wet weight  
in liver, >30 mg/kg wet weight in kidney (severe clinical poisoning). For birds in general, liver 
lead concentrations within the clinical poisoning range (≥6 mg/kg wet weight) support a lead  
poisoning diagnosis where necropsy observations are consistent with lead poisoning. 

Bone lead concentrations of >20 mg/kg dry weight are considered to suggest excessive expo
sure. Because of the rapid uptake and slow release of lead from bone, bone lead concentrations 
are the least useful index of recent lead poisoning, although bone lead concentrations can be 
used to determine geographical patterns of poisoning in populations. 

Care should be exercised when comparing tissue lead residues from experimental studies   
with fi eld data. Wild birds with inadequate diets and exposed to ambient environmental condi
tions may be more susceptible to lead toxicosis than are birds in controlled situations. A clinical 
evaluation of health and the determination of lead residues in sequential blood samples will 
enhance the assessment of lead exposure and toxicity in live birds. Although conclusions can 
be drawn regarding the severity of lead poisoning from tissue concentrations alone, a defi nitive  
diagnosis of lead poisoning as the cause of death in an individual bird requires interpretation 
of tissue lead residues in dead birds accompanied by an examination of carcasses for gross and 
microscopic lesions of lead poisoning. 
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17.1 INTRODUCTION 

Lead has no known essential biochemical function but nevertheless is ubiquitously present at mea
surable concentrations in mammals and humans, due to global and regional anthropogenic contami
nation of air, water, and soil. The health hazards of lead are known since ancient times and it is a 
widely accepted view that everyday low-level exposure to lead has significantly contributed to the 
collapse of the Roman Empire. Lead is banned from consumer products such as rifle shot, gasoline, 
and paints and the emission from smelters and other industrial activities is also now much better 
regulated. However, although environmental lead contamination is globally and locally decreasing 
it will continue to be a serious problem for the foreseeable future. 

Common pathways of exposure to mammals and humans include the inhalation of wind-blown 
lead-laden dust and the oral intake of lead in contaminated water and food. Soil ingestion is a risk 
factor for grazing animals and for ground-living species of small mammals as well as for young 
children with hand-to-mouth behavior. Lead is able to pass through the placenta and expose the 
developing fetus and, after delivery, lead is transferred from the maternal blood to the milk to 
expose the weanling (Hallén et al. 1995). Apart from the amount and bioavailability of lead expo
sure, the health risk for mammals is dependent on a multitude of confounding variables, including 
dietary composition, nutritional status, age, and metabolism. 

As a multitargeted toxicant, lead affects a range of different physiological systems, including the 
central nervous system (CNS), the renal system, the hematopoietic system, the cardiovascular sys
tem, and the gastrointestinal system. As a consequence, lead induces a continuum of such general 
phenomena as anemia, hypertension, nephropathy (kidney damage), encephalopathy (brain injury), 
peripheral neuropathy (injury to peripheral nerves), excessive salivation, vomiting, and intestinal 
colic, as well as abnormal behavior patterns such as insomnia, ataxia (uncoordinated movement), 
loss of appetite, and lassitude. At extremely high dose levels lead may cause acute death. Since most 
of these clinical symptoms are nonspecific, causal relations with lead exposure must be verifi ed by 
demonstrating elevated lead in the blood or in other body tissues. 

A large body of human toxicological literature is available on lead (reviewed in WHO 1995 
and ATSDR 2007). The information can be perused to better understand and anticipate the risk 
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of lead to mammalian wildlife. Conversely, mammals are commonly used in toxicological studies 
as experimental models to assess the risk of toxic exposure in humans (Casteel et al. 2006, Smith 
et al. 2008). Outcomes of occupational lead exposure and of exposure in experimental animals  
were therefore included in this chapter. The focus of this chapter was the interpretation of internal 
lead levels as diagnosis criteria of suspected lead toxicity in mammals. Body tissues that will be 
discussed as biomarkers of lead dose include the blood, the kidneys and skeletal bone. In addition, 
some specific lead-sensitive biochemical and histological markers are briefl y discussed. 

17.2 INTERPRETING LEAD LEVELS IN BLOOD 

Lead in blood is a reliable biomarker of acute exposure to a lead dose in the most recent few months. 
Lead in whole blood (PbB) is for about 99% confined to the erythrocytes, where it is to a large part 
bound to hemoglobin. Lead in whole blood samples can be determined by using graphite furnace 
atomic absorption spectroscopy (GFAAS) and has an analytical detection limit of 1 μg of Pb per 
100 mL (1 μg/dL) (Hu et al. 2007). Mammals and humans in supposedly uncontaminated environ
ments generally show a background or baseline blood lead level <10 μg/dL, but mostly <5 μg/dL. 
Examples include 5–7 μg/dL in grazing cattle (Neuman and Dollhopf 1992), 4 μg/dL in laboratory 
rats (Barrett and Livesey 1985) and 5 μg/dL in monkeys (Laughlin et al. 1983). In wild populations 
of small mammals in a natural duneland area background blood lead levels of 4 μg/dL were mea
sured in bank voles (Clethrionomys glareolus) and 8 μg/dL in wood mice (Apodemus sylvaticus) 
(Ma 1994). Background blood lead in humans generally show mean values in the range 2–5 μg/dL 
(Piomelli et al. 1980, CDC 2005) and thus are similar as those in mammals. However, background 
blood lead levels can widely differ between countries, such as a mean background value of 8 μg/dL 
with a range of 4–16 μg/dL reported in children (He et al. 2009). By way of comparison, the U.S. 
childhood blood lead level of concern has been set at a 10 μg/dL standard (CDC 2005). 

The concentration blood lead in mammals may rise to a steady state after one to several months 
of continuous exposure to an external lead source (Azar et al. 1973). Once the animal is removed 
from the source, blood lead of acutely exposed animals may show a half-life in the order of weeks 
or months. A half-life of blood lead of 10 days was thus estimated for blood lead in cattle suffering 
from acute lead poisoning after accidental ingestion of feed with high amounts of lead shot (Baars 
et al. 1990). Half-lives of 68–266 days were measured in cattle that had licked a discarded lead  
battery (Miranda et al. 2007). During chronic cumulative lead exposure, however, blood lead is in 
equilibrium with delivery into the blood of lead that has been sequestered in skeletal bone. The time-
course of lead clearance from blood, once the animal is removed from the external lead source, is 
then considerably extended and may show a half-life of one or more years. Such conditions of chronic 
exposure apply to wild mammals exposed in the field to environmental lead. They may also apply to 
human occupational exposures. A median half-life of blood lead of 619 days independent of initial 
values has been reported for chronic occupationally exposed workers (Hryhorczuk et al. 1985). 

Lead is able to pass through the blood-brain barrier and cause neurobehavioral disturbances 
and other neurotoxic effects in mammals. The young stages are especially vulnerable as even very 
low blood lead levels are associated with a wide range of neurological deficits. Blood lead levels 
>15–20 μg/dL were associated in rats with behavioral deficits and impaired visuospatial discrimi
nation capabilities (Altmann et al. 1993). Rats with the same blood lead levels showed inhibition of 
isolation-induced aggression behavior (Ogilvie and Martin 1982, Cory-Schlechta et al. 1985). Rats 
with a mean blood lead level of 26 μg/dL at 50 days of age showed deficits in extinction learning of 
a conditioned fear response to a tone stimulus (McGlothan et al. 2008). 

There is no evidence to indicate that rats may differ with other mammals in their susceptibility to the 
neurological effects of lead. Blood lead levels of 15–25 μg/dL in newly born macaque monkeys were 
associated with impaired ability to perform motor discrimination reversal tasks at 3 years of age (Rice 
1985). By that time blood lead had decreased to 11–13 μg/dL, but was still higher than the baseline blood 
lead of 3 μg/dL of the controls. This example illustrates the fact that neurobehavioral effects may persist 
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in mammals for many years beyond the termination of lead exposure, depending on the elimination rate 
of lead from the blood. Learning deficits may even be permanent as was shown in rhesus monkeys that 
had been exposed to blood lead levels of 40–60 μg/dL from birth to 1 year of age. The animals otherwise 
continued to show a normal food consumption and body weight gain (Laughlin et al. 1983). 

During the period of pregnancy and lactation the mobilization of lead from the skeleton into the 
blood circulation is greatly enhanced (Gulson et al. 1997, Manton et al. 2003). The developing fetus 
may thus be at an increased risk (Barltop 1969, Lidsky and Schneider 2003). Maternal blood lead lev
els of 21–70 μg/dL were associated with prolonged defi cits in learning and motor function in squirrel 
monkeys after these had been exposed in utero only (Newland et al. 1996). The deficits were detected 
by comparison with offspring of unexposed controls with a baseline blood lead of 4–9 μg/dL. Impaired 
visual discrimination was found in lambs after in utero exposure to a maternal blood lead level of 
35 μg/dL (Seppäläinen et al. 1983). Both maternal and paternal exposures may have consequences for 
the viability of the offspring. Maternal blood lead levels in rats as low as 11 μg/dL were linked to neu
robehavioral effects in offspring when the exposure was combined with other forms of stress (Virgolini 
et al. 2008). Paternal exposure of rabbits to blood lead levels >40 μg/dL was associated with behav
ioral deficits in the offspring (Nelson et al. 1997). Initial genomic expression was affected in embryos 
fathered by male rats with blood lead levels down to 15–23 μg/dL (Gandley et al. 1999). 

The neonate is exposed to lead in the maternal milk, the concentration of which shows a linear 
relationship with the concentration of lead in the maternal blood (Gulson et al. 1998). In addition, the 
efficiency of lead absorption is very high at this early stage. Lead absorption in newborn rats is 90%, 
decreasing to 15% only after 20–30 days of age (Forbes and Reina 1972). Concentrations of lead in 
milk of lead-poisoned cows can be as high as 125 µg Pb per liter (Baars et al. 1990). Mean concentra
tions of 25 µg Pb per liter with a maximum of 35 µg Pb per liter have been found in the breast milk 
of women living in areas near metal smelters and showing a mean blood lead level of 46 µg/dL with 
a maximum of 99 µg/dL (Namihira et al. 1993). Children may already suffer from neurobehavioral 
deficits at blood lead <10 µg/dL, the CDC blood lead level of concern, and it even seems doubtful 
whether any safe threshold would exist at all in this regard (Jusko et al. 2008). For mammals a blood 
lead level of 18 μg/dL has been suggested as a safe level for regulatory purposes to protect mamma
lian wildlife against the risk of toxic lead exposure (Buekers et al. 2009). However, neurotoxic effects 
were not included in the dataset used. As discussed earlier, neurobehavioral impairments and defi cits 
in visuospatial ability and motor functions appear to correlate with blood lead levels <10 μg/dL. 

Lead-induced neurotoxicity includes peripheral neuropathy with demyelination and axonal degen
eration of motor nerves and impaired peripheral nerve conduction velocities. Such effects were seen 
in chronic occupationally exposed workers with blood lead levels >30 μg/dL (Seppäläinen et al. 
1983, Chia et al. 1996). Altered auditory perceptual processing was observed in monkeys with a 
mean blood lead level of 56 μg/dL. The animals were compared with controls with a baseline blood 
lead of 9 μg/dL (Lilienthal et al. 1990). Lead in blood has been associated with the impairment of 
sensory modalities including hearing and vision. Monkeys with life-time exposure to blood lead 
levels between 50 and 170 μg/dL tended to exhibit an elevated frequency threshold for pure tones 
(Rice 1997). Blood lead levels >7 μg/dL were associated with hearing loss in steel workers when this 
was tested at sound frequencies of 3000 through 8000 Hz (Hwang et al. 2009). Lead-induced visual 
system pathology includes amblyopia (poor transmission of the visual image to the brain), optic 
neuritis (damage to the optic nerve) and peripheral and central scotomas (areas with impaired visual 
acuity). Impaired visual acuity due to scotopic deficits was found in rhesus monkeys with mean 
blood lead level of 85 μg/dL after postnatal exposure (Bushnell et al. 1977). Such effects appear 
to be related to apoptosis (programmed cell death) in the rod and retinal cells caused by sustained 
overload of Pb2+ and Ca2+ ions after inhibition of cGMP phosphodiesterase (Fox et al. 1997). 

Compared with neurotoxicity effects, less information is available on the effect of lead on the 
mammalian reproductive system. Blood lead levels >30–40 μg/dL in male rats and mice were associ
ated with prostatic hyperplasia, impaired sperm maturation and motility, reduced testicular weight, 
seminiferous tubular damage, and spermatogenic cell arrest (Hildebrand et al. 1973, Johansson 
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and Wide 1986). Semen characteristics such as sperm count and motility and sperm forms may be 
affected as well. Blood lead levels >24 μg/dL in male rabbits and >40–50 μg/dL in human males 
were associated with deficits in semen quality (WHO 1995). Male fertility of rats was reduced at 
blood lead levels in the range 27–60 μg/dL (Gandley et al. 1999). Relatively little is known about the 
effect of chronic lead exposure on the female reproductive system, which may include infertility, 
miscarriage, and premature delivery. Possible hormonal effects that are linked to ovarian activity 
and fertility include the observation of suppressed luteal function in female rhesus monkeys with 
mean blood lead of 70 μg/dL. The animals showed no significant differences in body weight, hema
tocrit, or general health in comparison with controls with blood lead <10 μg/dL (Franks et al. 1989). 
A blood lead level >35 μg/dL has been associated with the suppression of the luteinizing and follicle 
stimulating hormone and estradiol in female monkeys (Foster 1993). 

17.3 INTERPRETING LEAD LEVELS IN SOFT TISSUES 

Lead in the kidneys, liver, and brain can be determined using routine GFAAS techniques. Concentrations 
reported in the literature are given on either a wet weight (ww) or a dry weight (dw) basis. Since the 
water content of the biomarker tissues is mostly unknown, the original data of each reference cited are 
given here. However, for sake of standardization concentrations reported as wet weight values are also 
given as dry weight values by applying an approximate conversion factor of 6.5 for kidney tissue and 4.0 
for liver (Ma 1994), whereas a factor of 4.4 was used for brain tissue (McIlwain and Bachelard 1985). 

Lead concentrations reported in the soft tissues of individual mammals generally decrease in the 
following order: kidneys > liver > brain ≥ muscle. Muscle is a poor lead accumulator, whereas lead levels 
in the brain are defined by boundaries of very high toxicity. In contrast, lead has a large potential of bioac
cumulation in the kidneys. Lead in the kidneys and liver has similar dynamics as in blood, whereas lead 
in the brain is much more persistent with half-lives that can be several years (Barry 1975). Concentrations 
of lead in the brain may therefore not correlate well with levels of lead in the other soft tissues. 

The kidneys are a significant target organ and biomarker for lead exposure. Metals in the kidneys 
of life-time exposed mammals generally reach steady state before the animals have grown into 
adults. Kidney metal concentrations in life-time exposed shrews (Sorex araneus) appear to reach 
steady states when the animals are half a year of age and in the later subadult stage of their develop
ment (Ma and van der Voet 1993). Table 17.1 shows an example of the age relation of lead accumula
tion in the kidneys of mammals. The kidney lead concentration tended to reach steady state in the 

TABLE 17.1 
The Effect of Age on the Concentration of Lead in Badgers (Meles meles) 

Age Class (year) 

Area Pb Kidney (µg/g dw) 1 2 3 4 5 

A Geom.mean 1.7 2.6 3.2 4.6 3.0 

Range 0.9–2.8 1.3–4.8 2.4–5.6 2.3–11.3 2.2–3.5 

N 4  12  6  6  3  

B Geom.mean 0.6 2.3 2.1 1.7 1.8 

Range — 2.3–2.4 0.7–5.6 0.9–3.9 — 

N 1 3 5 5 1 

C Geom.mean — 4.6 4.3 3.1 4.5 

Range — 2.9–7.7 2.2–4.6 2.1–5.4 2.8–6.3 

N 0 4 4 5 4 

Note:	 The samples were obtained from populations of three different areas in the Netherlands. N is the number of animals 
of each group. 

Source: Ma, W. C., and S. Broekhuizen, Lutra, 32, 151, 1989. With permission. 



 

 

 

 
 

 

 

 

 
 
 

  
 

 
 
 
 
 
 
 

TABLE 17.2 
The Effect of Lead Availability in Soil on the Concentration of Lead in Moles (Talpa europea) 

Ecotope Type Pb Soil (µg/g dw) SOM (%) Soil pH 

Pb Kidney (µg/g dw) 

Geom. Mean Range 

Grassland 135 10.2 6.5 18 8–35 (N = 4) 

Heathland 149  2.0 4.1 338 238–438 (N = 5) 

 Note: SOM is the soil organic matter content. N is the number of samples. 
Source: Ma, W. C., Bull. Environ. Contam. Toxicol., 39, 933–938, 1987. With permission. 
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second year when the animals were still in the subadult stage of their development. Sex was not a 
significant confounding variable in the age relation (Ma and Broekhuizen 1989). 

The risk of exposure of wild mammals to lead present in polluted soils is greatly dependent on the 
bioavailability for uptake in vegetation and invertebrate soil organisms utilized as food. Kidney lead 
levels in shrews varied between 3 and 11 μg/g dw in natural areas on clay or peat and between 13 and 
19 μg/g dw in natural areas on sandy soil (Ma et al. 1992). Mice and voles in the respective areas had 
a kidney lead level of 0.2–0.6 μg/g dw and 0.4–1.5 μg/g dw. These background levels of kidney lead 
are not expected to correlate with any toxicity effect in mammals. Birth rate and litter survival were 
found to remain unaltered in mice with a mean kidney lead of 8.5 μg/g dw. The animals had a lead 
concentration in the liver of 3.3 and 0.84 μg/g dw in the brain (Mierau and Favara 1975). The risk 
of exposure for rodents, however, is less great than for insectivores because of the specifi c dietary 
requirements and higher metabolic rate of the latter (Ma et al. 1991, Ma and Talmage 2001). 

The importance of bioavailability for the exposure of wild mammals to lead-polluted soil is 
illustrated in Table 17.2 for two smelter areas on a similar type of sandy soil with a similar total 
amount of lead but different availability. The kidney lead burden of the moles (adult stage) showed 
on average an almost twenty times difference between the areas. The animals with a kidney lead 
level >200 μg/g dw were likely to suffer from severe lead intoxication, although nothing was known 
about demographics. A median kidney lead of 225 μg/g dw in shrews, acquired by feeding the 
animals in the laboratory with lead-contaminated earthworms, was associated with reduced body 
weight and increased mortality rate (Pankakoski et al. 1994). 

Cattle with mean lead in kidney of 50 μg/g ww (~325 dw) and 26 μg/g ww (~104 dw) in liver and 
horses with 16 μg/g ww (~104 dw) in kidney and 18 μg/g ww (~72 μg/g dw) in liver have been diag
nosed with lead poisoning (Osweiler and van Gelder 1983). Dogs with kidney lead concentrations of 
32 μg/g ww (~208 dw) by feeding on a lead-enriched diet showed clinical symptoms of lead poison
ing. The animals also had a lead concentration in the liver of 23 μg/g ww (~92 dw) and 1.2 μg/g ww 
(~5.2 dw) in the brain (Forbes and Sanderson 1978). Rats with a kidney lead level of 120 μg/g dw 
suffered from loss of body weight (Goyer et al. 1970). Cattle with mean kidney lead concentrations of 
87 μg/g dw and liver lead 32 μg/g dw have actually died from lead poisoning (Baars et al. 1990). 

The somatic kidney index (SKI), defined as the ratio of the total fresh weight of the kidneys to the 
total fresh body weight (Goyer et al. 1970, Bankowska and Hine 1985) is a useful marker of advanced 
lead-induced nephrotoxicity in mammals. An increased SKI value, indicative of renal edema, is spe
cifically induced by lead, other nephrotoxic metals such as arsenic and cadmium are much less effec
tive in this regard (Mahaffey and Fowler 1977). The association between the SKI response and kidney 
lead may thus be interpreted as a causal relation. In a systematic study of a sympatric population of 
small mammals in a lead-shot polluted area, the SKI was found to be increased in shrews with a mean 
kidney-Pb level of 270 μg/g dw (Ma 1989). However, an increased SKI can be linked to kidney lead 
levels that are considerably lower, as shown in bank voles with mean kidney lead to 16 μg/g dw. It was 
shown also in wood mice with mean kidney lead of 47 μg/g dw (Roberts et al. 1978). The SKI was only 
found to remain unaltered in wood mice that had a low kidney lead level of 5.9 μg/g dw (Ma 1989). 
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Lead in the brain is assumed to alter the expression of particular genes and proteins that make up 
the hippocampal NMDA receptors, which play an important role in brain development and cognition. 
This change is associated with impairments of nerve communication in the brain. Concentrations 
of lead in the brain of 0.07 μg/g ww (~0.3 dw), compared with 0.03 μg/g ww (~0.1 dw) in unex
posed controls, were associated with behavioral defi cits in rats when exposed as weanlings to lead 
in drinking water (Cory-Schlechta et al. 1985). Similarly, deficits in learning and memory, and 
spatial and visual discrimination were demonstrated in adult rats with brain-Pb concentrations of 
0.09–0.16 μg/g ww (~0.4–0.7 dw) (Altmann et al. 1993). 

17.4 INTERPRETING LEAD LEVELS IN HARD TISSUE 

Lead in bone reflects cumulative dose and is a reliable biomarker of long-term lead exposure 
(Hryhorczuk et al. 1998). Lead in bone samples, for which the tibia and femur are most commonly 
used, can be determined with adapted GFAAS methods. It is, however, also possible to measure 
bone lead with noninvasive in vivo K-shell X-ray fluorescence (K-XRF) techniques (Chettle 2005). 
Concentrations of lead in cortical bone are reported in the literature on the basis of dry weight (dw) 
or ash dry weight (adw). For purpose of standardization to dry weight concentrations, it can be 
assumed that adw is 40% of dry weight (McHugh et al. 2003). 

The adult skeleton consists of about 80% of cortical (compact) bone and 20% of trabecular 
(spongy) bone and is a major depository of lead in the body. Up to 95% of the total pool of lead is 
stored in the skeleton of adults and about 75% in that of children (Barry 1975). Lead in the skeleton 
has a long half-life in the order of 10–30 years. Concentrations of lead in bone do not bear a signifi 
cant relation with concentrations present in the soft tissues, although lead in trabecular bone is rela
tively more exchangeable with surrounding fluids than lead in cortical bone (Hu et al. 2007). Skeletal 
bone is continuously resorbed and rebuilt by the activity of the osteoclast and osteoblast bone cells. 
Mobilization of skeletal lead stores during bone resorption and its release into the blood circulation 
are especially important during pregnancy and lactation when normal bone turnover is enhanced 
(Manton et al. 2003). The rates of release, however, of lead from bone into the blood and thence into 
the milk are to some extent reduced by the dietary intake of calcium (Ettinger et al. 2006). Bone lead 
levels decrease upon advanced age when bone turnover is increased, the decline is accompanied by 
an increase of lead concentrations in the brain, liver, and kidneys (Cory-Schlechta and Schaumburg 
2000). 

Lead sequestered in bone is biomarker of chronic exposure. Concentrations in bone may reveal 
historical incidences of acute exposures to lead that are no longer reflected in current blood lead 
levels. Background concentrations of bone lead of mice and voles living in natural sites are in the 
range 2–3 μg/g dw (Jefferies and French 1972, Kisseberth et al. 1984, Ma 1989). The lowest level of 
bone lead that have been reported for wild populations of shrews is 12 μg/g dw (Ma and Talmage 
2001). In humans, background bone lead levels include 1.5 μg/g dw in the age group of 0–11 months 
and 3 μg/g dw in the age group of 12–19 years (Samuels et al. 1989). 

Lead in bone is a relevant exposure metric for wild mammals with life-time exposure to environmen
tal lead. Lead measured in femur bone of shrews living in lead-polluted sites have shown mean levels of 
550 μg/g dw, with an upper boundary of approximately 1500 μg/g dw in some individuals (Ma 1989). 
Mean bone lead concentrations of 352 μg/g dw were found in wood mice living in a mining area (Roberts 
et al. 1978). An increase of the lead level in tibia bone of occupationally exposed workers with a mean 
bone lead of 57 μg/g dw was inversely linked to a decline of cognitive performance (Khalil et al. 2009). 
Dogs with bone lead of 735 μg/g dw showed symptoms of lead poisoning (Forbes and Sanderson 1978). 
Clinical signs of lead poisoning in mice at 20 weeks of age were associated with a mean bone lead of 1326 
μg/g adw (~530 dw) in females and a mean level of 227 μg/g adw (~91 dw) in males (Donald et al. 1987). 

Bank voles with a mean bone lead level of 26 μg/g dw showed advanced nephropathy as indicated by 
increased SKI values (Ma 1989). The SKI was unaltered in wood mice with a mean bone lead level of 
14 μg/g dw. Birth rate and litter survival also remained unaltered in a population of deer mice showing 
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a mean bone lead level of 52 μg/g dw (Mierau and Favara 1975). However, population endpoints of lead 
exposure are likely to be less sensitive than endpoints that are assessed at the individual level. 

17.5 LEAD LEVELS IN ASSOCIATION WITH SUBCLINICAL TARGETS 

Biochemical and histopathological changes in certain subclinical markers may provide supporting 
evidence for lead exposure. Routinely used biochemical markers with a high specificity for lead 
include key enzymes that are involved in the heme synthetic pathway. Among the most sensitive 
ones is δ-aminolevulinic acid dehydratase (ALAD), which converts δ-aminolevulinic acid (ALA) 
to porphobilinogen. The inhibition of erythrocyte ALAD can already be demonstrated at blood lead 
levels down to 5–10 μg/dL and is almost complete at blood lead levels >70–80 μg/dL (Schutz and 
Skerfving 1976, Angle et al. 1982). 

A less sensitive but nevertheless frequently used enzymatic marker of lead exposure is the inhi
bition of ferrochelatase, which catalyzes the incorporation of a ferrous ion into protoporphyrin IX 
to form heme. Inhibition of this blood enzyme results in the incorporation of zinc instead of iron, 
resulting in the formation of zinc-protoporphyrin (ZPP). However, it may take a prolonged exposure 
time in order for ZPP and free erythrocyte protoporphyrin (FEP) to rise to signifi cantly elevated 
levels in erythrocytes (Cory-Schlechta and Schaumburg 2000). A detectable rise in erythrocyte  
ZPP or FEP may occur at blood lead levels of 15–25 μg/dL in young children and at 20–35 μg/ 
dL in adults (Hammond et al. 1985). On the other hand, the results appear to be rather variable 
across studies, probably because of the vulnerability of measurements to the blood iron status of 
the animal. ZPP and FEP were found to remain unaltered in mice treated with lead acetate in their 
drinking water for 6 months during which blood lead increased from a baseline of 4.5 μg/dL to a 
level of 60 μg/dL and ALAD activity decreased from 21.5 units per liter to 6.8 units per liter (Torra 
et al. 1989). Behavior reactions and decision times of lead workers, which did correlate inversely 
with blood lead in the range <20–80 μg/dL, nevertheless failed to show an association with ZPP 
levels (Stollery 1996). 

Hematological changes are also frequently used as markers of lead exposure, although they 
are less sensitive than the enzymatic parameters. Changes in hematological parameters were not 
observed in cattle with blood lead levels between 48 and 76 μg/dL (Miranda et al. 2007). Mice 
living in a lead-polluted smelter area were not found to have altered hematocrit and hemoglobin 
values, whereas they did show a strongly reduced ALAD activity (Beyer et al. 1985). It is impor
tant that anemia is demonstrated in animals when the reduction of heme synthesis occurs concomi
tantly with a shortened life span of erythrocytes. The risk of lead-induced anemia as indicated by 
a reduction of hematocrit with more than 65% was 2% at blood lead levels of 20–39 μg/dL, 18% at 
40–59 μg/dL, and 40% at levels >60 μg/dL (Schwartz et al. 1990). The demonstration of anemia 
thus appears to be restricted to cases of severe lead poisoning. Blood lead levels >70 μg/dL in  
children and >80 μg/dL in adults were associated with decreased hemoglobin levels with anemia 
(Goyer et al. 1970). Similarly, a reduced hemoglobin content was found at blood lead levels >40 
μg/dL in children and >50 μg/dL in adults, and with a reduced erythrocyte survival time at >60 
μg/dL (Hernberg 1980). 

Finally, microscopic demonstration of renal edema, interstitial nephritis, and tubular and 
glomerular damage in the kidneys provides important supporting evidence of a lead exposure 
diagnosis. Lead-induced histopathological changes in the kidneys include the appearance of acid
fast-staining intranuclear inclusion bodies in the proximal convoluted tubular epithelial cells 
(Goyer et al. 1970, Kisseberth et al. 1984). Acid-fast intranuclear inclusion bodies were found in 
the kidneys of a shrew with a kidney lead level of 280 μg/g dw (Beyer et al. 1985). Kidney lead 
levels >20 μg/g ww (~130 dw) in raccoons were associated with acid-fast intranuclear inclusions 
and microscopical lesions consisting of tubular degeneration (Hamir et al. 1999). Inclusion bodies 
and mitochondrial alterations were found in rats with a kidney lead level of 30 μg/g dw (Goyer 
et al. 1970). 
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Summary 


Evidence has been reviewed for the possibility of interpreting internal lead doses in terms of 
their association with a range of different endpoints of toxic lead exposure. Critical method
ological problems of this approach include the understanding of the dynamics of lead in bio
marker tissues as well as the dynamics of the toxicity progress. Age relations thus contribute to 
the uncertainty of associations made and require to distinguish between acute and chronic lead 
exposure and between the exposure of prenatal, postnatal and adult stages. Lead in the blood 
and soft tissues is useful as a biomarker of acute lead poisoning, whereas lead in bone is a more 
relevant exposure metric for evaluating health effects that have a long latency period. 

Table 17.3 summarizes the mean or lowest reported level of blood lead that has been associ
ated with some indicator of adverse health effects observed after chronic exposure. Biochemical 
responses were excluded from the dataset. There was no evidence of a difference in susceptibil
ity between mammals and humans, suggesting a mutual predictiveness of their lead dose–effect 
relations. A progression can be seen Table 17.3 within the continuum of lead-induced health 
effects across the range of reported blood lead levels. Blood lead levels >5 μg/dL were associ
ated with neurobehavioral deficits and other neurotoxic effects. Moderate blood lead levels 
>20 μg/dL were associated with adverse reproductive effects, whereas still higher levels of 
>40 μg/dL were associated with nephrotoxic and hematological changes. Very high blood 
lead levels >80 μg/dL were associated with loss of body weight and death. 

TABLE 17.3 
Summary of Lead Concentrations in the Blood of Chronically Exposed Mammals and 
Humans in Association with Various Toxicity Effects 

Species Exposure Stage Health Effect Pb Blood (µg/dL) Reference (Abbreviated) 

Humans Adult Impaired auditory function 7 Hwang 09 

Rats Prenatal Neurotoxic effects 11 Virgolini et al. 08 

Rats Adult Neurotoxic effects 15 Ogilvie 82 

Monkeys Postnatal Neurotoxic effects 15 Rice 85 

Rats Pre/postnatal Neurotoxic effects 15 Altmann 93 

Rats Adult Impaired offspring 15 Gandley 99 

Humans, Postnatal Impaired visual function 20 Fox 97 
monkeys, rats 

Monkeys Prenatal Neurotoxic effects 21 Newland 96 

Rabbits Adult Impaired male function 24 WHO 95 

Rats Postnatal Neurotoxic effects 26 McGlothan 08 

Rats Adult Impaired male fertility 27 Gandley 99 

Humans Adult Neurotoxic effects 30 Seppalainen 83 

Rats, mice Adult Impaired male function 32 Hildebrand 73 

Cattle Adult Clinical lead poisoning 35 Hammond 64, etc. 

Monkeys Adult Impaired hormonal system 35 Foster 92 

Lambs Prenatal Impaired visual function 35 Seppalainen 83 

Monkeys Postnatal Neurotoxic effects 40 Laughlin 83 

Humans Adult Impaired male function 40 WHO 95 

Rabbits Adult Impaired offspring 40 Nelson 97 

Mammals, Adult Neurotoxic effects 40 WHO 95 
humans 

Humans Subadult Anemia 40 Hernberg 80 

Humans Adult Anemia 50 Hernberg 80 

Monkeys Life-time Impaired auditory function 50 Rice 97 



 
 

 

 

 
 
 
 

 

 

 

 

 

  

TABLE 17.4 
Summary of Lead in the Kidneys and Liver of Mammals 

Exposure Pb Kidney Pb Liver Reference 
Species Stage Health Effect (μg/g dw) (μg/g dw) (Abbreviated) 

Bank voles Life-time Kidney damage 16 5 Ma 89 

Raccoons Adult Kidney damage 20 — Hamir 99 

Rats Adult Kidney damage 30 — Goyer 70 

Wood mice Life-time Kidney damage 47 12 Roberts 78 

Cattle Adult Various symptoms 87 32 Baars 90 

Horses Adult Various symptoms 104 72 Osweiler 83 

Rats Adult Body weight loss 120 — Goyer 70 

Dogs Adult Various symptoms 208 92 Forbes 78 

Shrews Adult Weight loss, death 225 19 Pankakoski 94 

Shrews Life-time Kidney damage 270 16 Ma 89 

Shrews Life-time Kidney damage 280 — Beyer 85 

Cattle Adult Weight loss, death 325 104 Osweiler 83 

Note:	 Values represent the mean or lowest reported lead concentration of a range that was associated with an observed 
effect. Wet weight concentrations were converted to dry weight values, when applicable. 

TABLE 17.3 (continued) 
Summary of Lead Concentrations in the Blood of Chronically Exposed Mammals and 
Humans in Association with Various Toxicity Effects 

Species Exposure Stage Health Effect Pb Blood (µg/dL) Reference (Abbreviated) 

Monkeys Adult Impaired auditory function 56 Lilienthal 90 

Rats, humans Adult Impaired kidney function 60 WHO 77 

Monkeys Adult Impaired hormonal system 70 Franks 89 

Humans Adult Gastrointestinal colic 60 WHO 95 

Humans Subadult Anemia 70 Goyer 70 

Humans Adult Anemia 80 Goyer 70 

Monkeys Postnatal Impaired visual function 85 Bushnell 77 

Rats Adult Loss of body weight 98 Azar et al. 73 

Pigs Adult Death 120 Link 66 

Dogs Adult Anemia, weight loss 170 Forbes 78 

 Note:	  Values represent the mean or lowest reported blood lead concentration of a range that was associated with an observed 
effect. 
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The kidneys are a strong bioindicator of lead exposure as well as a significant target tissue. 
Kidney lead levels >15 μg/g dw were associated with structural and functional kidney damage 
(Table 17.4). Kidney lead levels >80 μg/g dw, indicative of either acute or chronic exposure, 
were associated with body weight loss and death. Lead in the liver seems to be a less suitable 
biomarker of lead exposure because of a greater variability of the outcomes. 

Lead in hard tissues, such as bone and teeth, is a suitable biomarker of chronic or cumulative lead 
exposure. Table 17.5 summarizes the concentrations of lead in skeletal bone that have been associ
ated with toxicity effects. Bone lead levels >25 μg/g dw were associated with kidney damage. 

It may be concluded that the toxicity endpoint that is most sensitively affected by lead are  
related to neurotoxic effects due to exposure of the early developmental stages. It almost appears 
that the mere presence of lead in the brain is indicative of functional brain damage. Since lead in 
the brain has a long half-life in the order of years, lead-induced brain injuries are most likely to 



 

 
 
 

  

  
 

 

 

 

  

TABLE 17.5 
 Summary of Bone Lead Concentrations in Mammals, Represented as the Mean or Lowest 

Reported Lead Concentration of a Range that Was Associated with an Observed Effect 

Reference 
Species Exposure Stage Health Effect Pb in Bone (μg/g dw) (Abbreviated) 

Bank voles Life-time Kidney damage  26 Ma 89 

Humans Adult Neurobehavioral  57 Khalil 09 

Mice (males) Subadult Various symptoms  91 Donald 87 

Wood mice Life-time Kidney damage 352 Roberts 78 

Mice (females) Subadult Various symptoms 530 Donald 87 

Shrews Life-time Kidney damage 550 Ma 89 

Dogs Adult Various symptoms 735 Forbes 78 

 Note: Ash dry weight concentrations were converted to dry weight values, when applicable. 
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be permanent. The CNS effects of chronic exposure to low levels of environmental lead are espe
cially considered relevant for humans because of cognitive and behavioral concomitants. However, 
neurotoxicological effects of lead may also apply to wild mammals, although more in terms of 
ecological relevance. A great impediment to our potential of risk evaluation for wild mammals is 
the present inability to tie neurotoxic effects to the performance of individuals in the fi eld. Almost 
nothing is known about a combination effect of neurotoxicity with other forms of stress in ani
mals. More insight is desirable into the impact that the lead-induced deficits in sensory and motor 
functions are likely to have on the competitiveness and survival fitness of mammals. 
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18.1 INTRODUCTION 

Mercury (Hg) is a highly toxic nonessential heavy metal emitted into the environment from natural 
sources such as volcanic emissions, continental particulate and volatile matter, and fluxes from the 
marine environment (Nriagu 1989). Hg also has a long association with Man that dates back to the 
ancient Greeks and includes incidents of human poisoning, such as the relatively recent and well 
documented mass poisoning incidents around Minamata Bay in Japan (Kurland et al. 1960) and in 
Iraq (Bakir et al. 1973). Currently, there is a wide range of anthropogenic emissions to the environ
ment. These include metal mining/smelting, chlor-alkali production, biomedical waste, consumer 
products, fossil fuel combustion, waste incineration, and sewage sludge (Nriagu and Pacyna 1988), 
which, in sum, are larger than natural emissions (Nriagu 1989). Temporal trends in anthropogenic 
emissions vary between countries but global Hg emissions are predicted to increase, largely driven 
by the expansion of coal-fired electricity generation in the developing world, particularly Asia 
(Streets et al. 2009). 

Hg occurs in the environment both in inorganic and organic forms. In the atmosphere, elemental 
Hg (Hg0) is most abundant at about 98% (Jackson 1997). It is volatile and undergoes long-range 
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transport around the globe, including to remote locations. Before being deposited, Hg0 is oxidized 
to inorganic Hg [mainly Hg2+ and to a less extent Hg+ (Jackson 1997)] which is the most common 
form of Hg in soils and surface waters. Hg can also be converted by sulfate-reducing bacteria in 
sediments and water to methyl mercury (MeHg) (Westcott and Kalff 1996). Methylation can be 
enhanced in aquatic environments by high concentrations of organic carbon, low pH and/or low 
alkalinity (Spry and Wiener 1991). 

MeHg is thought to typically be the most stable, bioavailable and toxic form of Hg to wildlife. It 
is absorbed efficiently from the diet (the main route of exposure) and biomagnified through the food 
web, although the exact mechanisms are poorly understood (Pelletier 1986). Apex predators can 
therefore be exposed to relatively high dietary concentrations and it has been shown that up to 100% 
of the total Hg in the liver, kidney and muscle of birds can be in the methylated form (Thompson 
and Furness 1989, Thompson et al. 1991). Hg is also incorporated into hair and feathers, and moult 
is a significant elimination pathway; for example 70–93% of the body burden has been found to be 
the plumage of some species (Burger et al. 1993). 

MeHg is a neurotoxin, an endocrine-disrupter and a teratogen (Clarkson and Magos 2006). 
Hg in vertebrates may cause mortality (Scheuhammer 1987, Heinz 1996) and severe pathology 
in tissues, especially nerve tissues (Eisler 1987, Longcore et al. 2007). The most common acute 
neurological effects are the loss of motor skills, coordination, and reduction in motivation (Wolfe 
et al. 1998). At sublethal concentrations Hg can cause brain lesions, demyelination of neurons, 
and changes in hematology, hormone levels, neurology, and histology (Heinz and Locke 1976, 
Spalding et al. 2000). Hg intoxication can affect reproduction indirectly by altering parental  
behavior such as nest attendance (Barr 1986), and by direct toxicity to the embryo, which seems 
to be highly sensitive (Scheuhammer 1987, Wiener et al. 2003). Maternal transfer of Hg can  
disrupt early development, resulting in reduced embryonic survival, increased mortality in devel
oping young, and neurological impairment and behavioral abnormalities in surviving offspring 
(Heinz, 1976b, 1979, 1996). 

18.2 AIMS AND APPROACH 

The previous edition of this chapter (Thompson 1996) described dietary and tissue (liver, kidney, 
and egg) Hg concentrations that were associated with adverse effects on reproduction and/or sur
vival. The values were determined on the basis of review of published data and associated expert 
judgment. Our aim in this revised edition is to update, refine and expand on the previous assessment 
by incorporating new data and, where possible, defining on a statistical basis those dietary and tis
sue Hg concentrations that are likely to be indicative of adverse effects on the generic endpoints of 
survival and reproduction. We did not relate diet/tissue concentrations to milder endpoints (such as 
blood chemistry, subtle behavioral effects) because their possible impact on individual reproductive 
success and survival, two key parameters affecting population numbers, are unclear. 

Two key difficulties in describing a single diet/tissue concentration that is associated with 
adverse effects are: (i) how to summarize data from multiple studies on the same species and (ii) to 
account for interspecies variation in susceptibility to Hg. To overcome the first problem, we took 
the most sensitive value when there were multiple effects measures for the same generic endpoint; 
for example, when there were measures for hatching success and chick survival, both of which we 
classed under the generic endpoint of impaired reproduction. We also found multiple studies that 
measured the same specific endpoint (such as hatching success) in the same species. In such cases, 
differences between datasets may reflect variation between studies in a number of factors (e.g., 
strain of test species, form of MeHg administered, duration of dosing). When we encountered mul
tiple datasets for the same endpoint and species, we took the median value. To address the second 
issue of interspecies variation in response to Hg, we used a statistical approach where possible. This 
was done by describing species sensitivity distributions for lethality and reproduction endpoints by 
fitting cumulative Gaussian percentage distributions (Prism, v5, Graphpad, www.graphpad.com) to 
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concentration data associated with adverse effects; where such data were derived from experimental 
studies, these data were effectively Lowest Observed Adverse Effect Concentrations (LOAECs). 
For each distribution, we calculated the fifth percentile of the distribution. Assuming that the dis
tribution of the available data corresponds to that for all species, the fifth percentile can be taken as 
an approximation of the concentration below which only 5% of species are likely to suffer adverse 
effects; in other words, this concentration should be protective for 95% of species. This is analogous 
to the HC5 (fifth percentile of species NOEC values) approach (Aldenberg and Slob 1993) that has 
been used previously for assessing secondary poisoning risk in mammals and birds from metals 
(Spurgeon and Hopkin 1996), and more recently to assess the significance of tissue lead residues in 
wildlife (Buekers et al. 2009). However, this approach can be overly conservative when the number 
of species is small, although there is no clear agreement on the minimum number (Erik Smolders 
personal communication). We only calculated the fifth percentile of the species sensitivity distribu
tion when there were data for eight or more species. 

In this chapter, we initially describe the available data for different dietary, tissue, and egg con
centrations. Concentrations are described on a wet weight (wet wt.) basis for total Hg, unless stated 
otherwise. We summarize the adverse effect concentrations obtained for different species as geo
metric means and ranges. The geometric rather than arithmetic mean is used because the data 
usually follow a log-normal distribution. However, the geometric mean is higher than the LOAEC 
values for some test species and most likely for some nontest species, and so is not a protective 
measure. Therefore, where possible, we also present the calculated fifth percentile of the species 
distribution of LOAECs as an indicative value that may approximate to the concentration protective 
of most (95%) species. For the purposes of this chapter we refer to this value as the HC5, although 
we recognize that it is based on LOAECs, not on NOAECs. 

18.3 MERCURY–SELENIUM INTERACTIONS 

Hg and selenium (Se) can occur together at high concentrations, especially in marine mammals 
(Koeman et al. 1973), and in some birds (Norheim 1987). Hg and Se interactions are normally 
antagonistic (see Yang et al. 2008, Cuvin-Aralar and Furness 1991 for detailed descriptions) and a 
general detoxification mechanism for MeHg in seabirds and marine mammals has been proposed 
(Ikemoto et al. 2004, Yang et al. 2008). Birds and mammals with the highest liver–Hg concentra
tions often have the lowest MeHg fraction, despite being primarily exposed to MeHg (Ikemoto et al. 
2004). This is thought to be because a proportion of the MeHg is demethylated to inorganic Hg by 
reactive oxygen species (Suda and Takahashi 1992), gut microflora (Rowland 1988) and selenium 
(Cuvin-Aralar and Furness 1991, Yang et al. 2008). Demethylation occurs primarily in the liver, but 
also in the kidneys and spleen (Kim et al. 1996, Henny et al. 2002), and a high molecular weight 
Hg–Se protein compound, that contains Hg and Se at an equimolar ratio, is formed (Cuvin-Aralar 
and Furness 1991, Palmisano et al. 1995). This Hg–Se complex subsequently undergoes lysosomal 
degradation to form an insoluble Hg–Se compound that accumulates in the liver (Arai et al. 2004, 
Ikemoto et al. 2004). Wildlife species vary in their capacity to demethylate Hg and this is believed 
to affect their sensitivity to MeHg (Scheuhammer et al. 2007). 

While the formation of nontoxic Hg–Se complexes appears to be the most accepted mechanism 
to explain the antagonistic relationship between these two elements, additive and synergistic effects 
have been reported (Cuvin-Aralar and Furness 1991). Heinz and Hoffman (1998) showed that sele
nomethionine had opposite toxicological interactions with MeHg in mallards (Anas platyrhynchos) 
depending on whether ducklings or adults were exposed. Furthermore, the chemical form of both 
Hg and Se may also determine the type of reaction between these two elements (Cuvin-Aralar and 
Furness 1991); for instance it has been suggested that Se could be methylated within organisms to 
form dimethyl selenide, which then acts synergistically with Hg (Wilber 1980). The toxic interac
tions and the additive and synergistic effects of Hg and Se appear to be complex and need further 
study. Physiological variability in the handling of Hg and Se, together with variation in Hg:Se 
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dietary ratios, is likely to contribute to intra and interspecies variability in Hg toxicity. This can 
make interpreting the significance of Hg residues in biota problematic. 

18.4 INDICATIVE DIETARY CONCENTRATIONS OF MERCURY 

18.4.1 DIETARY METHYL MERCURY TOXICITY–LETHALITY 

There have been various studies in which organic Hg has been fed to avian laboratory test species 
and lethality recorded. Dietary concentrations of Hg of between 12.5 and 21 mg/kg, administered 
in organic form, caused ≥90% mortality in adult pheasants (Phasianus colchicus) (Spann et al. 
1972), while dietary MeHg chloride concentrations, equivalent to 16 mg/kg Hg, caused between 
55% and 80% mortality in Japanese quail (Coturnix coturnix japonica) and bobwhite quail (Colinus 
virginianus) (Ganther et al. 1972, Spann et al. 1986). In mallards, one of 12 adult males fed a 
dietary concentration of 10 mg/kg Hg (as MeHg) died and, by the end of the study (77 days), eight 
others suffered paralysis of the legs, likely to prove lethal under nonlaboratory conditions (Heinz 
and Hoffman 1998). In studies on nonstandard test species, dietary concentrations of 40 mg/kg 
Hg, administered as MeHg dicyandiamide in Morsodren, were fed to grackles (Quiscalus quis
cula), starlings (Sternus vulgaris), cowbirds (Molothrus ater), and red-winged blackbirds (Agelaius 
phoeniceus) and killed all dosed individuals (n = 5 per species) within 11 days (Finley et al. 1979). 
There have also been a small number of experimental studies on predatory birds. Kestrels (Falco 
tinnunculus), red tailed hawks (Buteo jamaicensis), and goshawks (Accipiter gentiles) all died after 
being fed mice or chicks that had been dosed with MeHg dicyandiamide. The total Hg concentra
tions in the diet ingested ranged between 10 and 14 mg/kg (Borg et al. 1970, Fimreite and Karstad 
1971, Koeman et al. 1971). 

The data for the dietary concentrations of Hg associated with lethality in mammals are more lim
ited than that for birds. There has been a number of Hg feeding studies with mink (Mustela vision). 
Dietary concentrations of 5 mg/kg of Me–Hg (Aulerich et al. 1974), and of 1.1 and 0.7 mg/kg Hg, 
incorporated into the diet as MeHg chloride (Wobeser et al. 1976b, Wren et al. 1987a) all caused 
mortality or overt signs of poisoning, whereas a mean Hg concentration of 0.44 mg/kg in a fi sh 
diet (presumably largely MeHg) did not have detectable detrimental effects (Wobeser et al. 1976a). 
The median value of 1.1 mg/kg Hg has been taken as the value for mink for this assessment, even 
though Jernelov et al. (1976) found no detectable adverse effects of feeding mink fi sh containing 
5.8 mg/kg Hg, almost all of which was in methylated form; Se may have been an ameliorating fac
tor in that study as Se concentrations increased with those of Hg in the liver and kidneys of dosed 
animals. 

Dietary Hg concentrations associated with mortality or signs of poisoning in other mammals 
include 1.9 mg/kg Hg (incorporated as Me–Hg in the diet) in river otters (Lutra canadensis) 
(O’Connor and Nielsen 1980, Eisler 2004), 5 mg/kg Hg in ferret-polecats (Mustela putorius) fed 
chickens contaminated through MeHg-dressed wheat feed (Hanko et al. 1970), and 6 mg/kg Hg 
in cats (Felis catus) fed fi sh homogenate containing Hg as MeHg (Albanus et al. 1972). Studies on 
laboratory rodents which report mortality include studies to assess carcinogenicity and dietary Hg 
concentrations of 14 and 7 mg/kg, administered as MeHg chloride, caused lethality in laboratory 
mice and rats, respectively (U.S. EPA 1995). 

Analysis of the data from the earlier studies indicates that, when Hg is in an organic (typically 
methyl) form in the diet, the geometric mean dietary Hg concentration associated with lethality is 
20 mg/kg (range 10–40) and 4.3 mg/kg (range 1.1–14) in birds and mammals, respectively. These 
values are not LOAECs but rather dietary concentrations associated with substantial mortality, as 
typically between 50% and 100% of test animals died at the doses given. The calculated dietary 
HC5 for mortality in birds, based on data for 11 species, is 6 mg/kg (Figure 18.1). It was not pos
sible to calculate an HC5 for mammals as there were too few data. However, a generic approach to 
dietary risk assessment for pesticides in birds and mammals recently advocated by the European 
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FIGURE 18.1 Cumulative frequency of Hg concentrations (mg/kg wet wt.) in diet associated with lethal
ity in birds. See text for details of the data. Mercury in the diet was typically as MeHg. (From Oehme, 
G., Hercynia, 18, 353–364, 1981. With permission.) 

Commission (European Food Safety Authority 2008) is to use the geometric mean dietary No 
Observed Effect Concentration (NOEC) for when there are toxicity data for multiple species and an 
assessment factor of 5 for chronic studies. This means that dietary exposure that is one fifth or more 
of the geometric mean NOAEC at the first tier of assessment would trigger a requirement for more 
detailed assessment to refine the risk further. Applying this approach to the calculated geometric 
mean dietary Hg for lethality in mammals gives a value of 0.9 mg/kg, which is similar to the bottom 
of the range of values available for mammals. This approach, is of course, less conservative than for 
pesticide risk assessment as it is based in this case on dietary concentrations associated with adverse 
effect, rather than NOAEC data. 

18.4.2 DIETARY METHYL MERCURY TOXICITY–REPRODUCTIVE EFFECTS 

Laboratory and field studies have shown that adverse effects on reproduction in birds can be 
caused by dietary Hg concentrations that are one to two orders of magnitude below those associ
ated with mortality. Laboratory studies in which pheasants and black ducks (Anas rubripes) were 
fed MeHg dicyandiamide contaminated diet found that the lowest total Hg dietary concentrations 
that caused adverse effects were 2.25 mg/kg [eggs without shells, reduced hatchability, unfertil
ized eggs (Fimreite 1971)] and 3 mg/kg [reduced duckling survival; (Finley and Stendell 1978)], 
respectively. The lowest dietary concentration of Hg (incorporated as MeHg chloride) observed to 
adversely affect reproduction (egg weight, fertility, and hatchability) was a little higher in Japanese 
quail and chickens (Gallus domesticus) at 10 mg/kg (Scott et al. 1975, Scott 1977). However, chick 
survival one week posthatching was reduced when adult mallards were exposed long-term to diet 
contaminated with MeHg dicyandiamide that was equivalent to only 0.1 mg/kg Hg in natural diet 
(Heinz 1976a). In nonlaboratory species, it has been estimated that productivity among loons (Gavia 
immer) was reduced to half the maximum when Hg concentrations in fish prey were 0.21 mg/kg 
(Burgess and Meyer 2008). 

On the basis of these data, the geometric mean dietary Hg concentration associated with adverse 
effects on reproduction in birds can be calculated to be 1.2 mg/kg diet (range 0.1–10); this is when 
dietary Hg is predominantly in the methyl form. Thus, impairment of reproduction appears to occur 
at dietary concentrations at least an order of magnitude lower than those associated with mortal
ity. There were insuffi cient data to calculate an HC5 for avian reproduction (data for seven species 
only) but, using the EU approach of using a fifth of the geometric mean value derived from mul
tiple species (European Food Safety Authority 2008), then a dietary Hg concentration exceeding 
0.25 mg/kg (when Hg was in a methylated form) would trigger a requirement to refine the risk 
assessment further. 
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Data on adverse effects of MeHg on reproduction in mammals are sparse. Adverse effects on 
reproduction (including reduction in litter size and fetal malformations) have been reported in lab
oratory rodents and guinea pigs but have often been the result of short-term, high dose studies 
(U.S. EPA 1995). Tubular atrophy of the testes was observed in male laboratory mice fed approx
imately 7 mg/kg Hg (as MeHg chloride) for 104 weeks. Studies on mink reported reduced kit sur
vival in mink associated with dietary Hg concentrations (administered as MeHg chloride) of 0.7–1 
mg/kg (Wren et al. 1987b, Dansereau et al. 1999). From these scant data, it would appear that 
adverse effects on reproduction appear to be associated with dietary Hg concentrations that are  
within the range of those associated with lethality. 

18.5 INDICATIVE TISSUE MERCURY CONCENTRATIONS 

18.5.1 TISSUE CONCENTRATIONS IN BIRDS ASSOCIATED WITH LETHALITY 

Tissue Hg concentrations (measured as total Hg) associated with death have been reported in indi
vidual birds that have been found dead and were diagnosed as being poisoned by Hg, or in dying 
animals exhibiting symptoms consistent with chronic/acute Hg poisoning. Published data are more 
numerous for birds than mammals and the largest datasets are for the liver and kidney. Often, Hg 
has been measured in one or other organ but both liver and kidney Hg residues have been measured 
in the same animals in some studies. Comparison of these data suggests that there is a linear rela
tionship between liver and kidney Hg concentrations across species for the Hg concentration range 
associated with adverse effects (Figure 18.2). We used this relationship to predict organ Hg con
centrations for species where residue data were missing for liver but available for kidney, and vice 
versa. By using such an approach, it was possible to increase the number of species for which data 
were available so that an HC5 approach could be calculated for liver and kidney concentrations in 
birds that were associated with lethality. 

We found direct measures of liver Hg concentrations associated with death for six avian spe
cies, and used measured kidney concentrations to estimate the liver concentrations in two more 
species. In free-living birds, liver Hg concentrations have been directly measured in sea eagles  
(Haliaaetus albicilla) in various studies (Henriksson et al. 1966, Koeman et al. 1972, Oehme 1981, 
Falandysz 1984, 1986, Falandysz et al. 1988) and four median or midpoint values (where ranges 
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FIGURE 18.2 Relationship between liver and kidney total Hg concentrations (mg/kg wet wt.) in birds and 
mammals. The regression line is described by the equation: liver [Hg] = 0.872 kidney [Hg] + 4.1, R2 = 0.82, 
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were reported) can be derived; these range between 16 and 91 mg/kg. The median of these four 
values is 36.3 mg/kg and is the value we used for sea eagles. Koeman et al. (1969) measured kidney 
Hg concentrations of 85 and 93 (median 89) mg/kg in two buzzards (Buteo buteo), and 68 mg/kg in 
a long-eared owl (Asio otus) which were either dead or exhibiting symptoms of Hg poisoning; these 
kidney concentrations can be estimated (Figure 18.2) to be equivalent to liver concentrations of 82 
(buzzard) and 63 mg/kg (owl). There have also been a number of controlled feeding studies in which 
liver residues were measured in birds that died from Hg intoxication. Hepatic Hg concentrations of 
16.7–20 (midpoint 18.4), 54.5, 49–122 (midpoint 85.5), 103–144 (midpoint 123.5) and 126.5 mg/kg 
were measured in experimentally poisoned red tailed hawks, grackles, kestrels, goshawks, and red-
winged blackbirds, respectively (Borg et al. 1970, Fimreite and Karstad 1971, Koeman et al. 1971, 
Finley et al. 1979). Based on these data, the geometric mean liver Hg concentration associated with 
death is 63 mg/kg (range 18.4–127) and the estimated HC5 value is 22 mg/kg (Figure 18.3), close to 
the minimum for the range of species measured. 

A number of studies have directly measured kidney residues in birds diagnosed as having been 
fatally poisoned by Hg. These include the kidney residues described earlier for buzzard and long-
eared owl and measured kidney concentrations in experimentally poisoned goshawks and kestrels 
of 121–138 (midpoint 130) and 73–125 (midpoint 99) mg/kg, respectively (Koeman et al. 1969, Borg 
et al. 1970). Kidney concentrations in Hg-intoxicated white tailed sea eagles have been reported to 
be 48.6–123 (midpoint 85.8) and 120 mg/kg (Henriksson et al. 1966, Oehme 1981), giving a median 
value of 103 mg/kg. Kidney concentrations of 21, 55, and 120 mg/kg can also be estimated from the 
liver concentrations reported earlier for experimentally poisoned red-tailed hawks, grackles, and 
red-winged blackbirds. These data indicate a geometric mean kidney Hg concentration associated 
with lethality of 76 mg/kg and an HC5 value of 40 mg/kg (Figure 18.3). 

FIGURE 18.3 Cumulative frequency of total Hg concentrations (mg/kg wet wt.) in liver and kidney associ
ated with lethality in birds. Open symbols indicate predicted values. See text for details of data sources. 
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Data on tissue Hg concentrations in other tissues associated with death appear scanty. Mercury (as 
MeHg) brain concentrations of >15 mg/kg in adult birds and >3 mg/kg in developing bird embryos 
are associated with lethality (Scheuhammer et al. 2007). 

18.5.2 TISSUE CONCENTRATIONS IN MAMMALS ASSOCIATED WITH LETHALITY 

Studies on tissue residues associated with lethality in mammals have focused on carnivores. There 
have been various studies on mink and Hg concentrations associated with lethality were approxi
mately 20–60 (median: 44) mg/kg for the liver and 20–40 (median: 28) mg/kg for the kidney 
(Aulerich et al. 1974, Wobeser and Swift 1976, Wobeser et al. 1976b, Wren et al. 1987a). Liver and 
kidney residues of 33 and 39 mg/kg, respectively in river otters (Hanko et al. 1970, O’Connor and 
Nielsen 1980) and of 54 and 69 mg/kg, respectively in polecat-ferrets (Hanko et al. 1970, O’Connor 
and Nielsen 1980) were associated with death in feeding trials. In cats (Felis catus), two separate 
feeding studies both reported mean terminal liver Hg concentrations of approximately 40 mg/kg 
(Albanus et al. 1972, Eaton et al. 1980); mean kidney concentrations ranged between 21 and 31 
mg/kg. Roelke et al. (1991) recorded a liver Hg concentration of 110 mg/kg in the liver of a Florida 
panther (Felis concolor coryi) found dead and presumed to have died from Hg poisoning, but it is 
notable that this concentration is at least twice that associated with lethality in the other carnivorous 
species. Based on the experimental studies on mink, otter, polecats-ferret, and cats, the geometric 
mean Hg concentration associated with lethality is 42 mg/kg (range 33–54) for the liver and 37.5 
(range 26–69) mg/kg for the kidney. Based on the ranges of these data, it would appear that liver 
and kidney residues exceeding approximately 25–30 mg/kg in both organs may be associated with 
lethality in carnivorous mammals, and perhaps other mammal groups. 

Brain Hg concentrations associated with lethality have also been measured in a small number 
of mammal species that have been experimentally poisoned. Brain Hg concentrations of approxi
mately 12, 15, 19, and 20 mg/kg (median: 17 mg/kg) have been associated with death in mink 
(Aulerich et al. 1974, Wobeser and Swift 1976, O’Connor and Nielsen 1980, Wren et al. 1987a), 
and concentrations of 21 and 30 mg/kg have likewise been associated with lethality in river otters 
(O’Connor and Nielsen 1980, Wren 1985). Eaton et al. (1980) observed a brain Hg concentration of 
11.3 mg/kg in cats that had been experimentally poisoned, while blindness, and seizures, likely to 
lead to death in the wild, is associated with brain Hg concentrations of 12–20 (midpoint 16) mg/kg 
in small mammals (Burbacher et al. 1990). Using median values for multiple measures for the same 
species, it can be calculated that a geometric mean brain concentration associated with lethality in 
the mammal species tested is 16 mg/kg (range 11–21), and concentrations above 10 mg/kg may be 
associated with lethality. 

18.5.3 TISSUE CONCENTRATIONS IN BIRDS ASSOCIATED WITH IMPAIRED REPRODUCTION 

Data on liver concentrations associated with impaired reproduction can be derived from both labo
ratory and field studies. Feeding adult ring-neck pheasants 2–3 mg/kg of MeHg as methyl mercury 
dicyandiamide for 12 weeks resulted in an increase in eggs without shells, a decrease in egg weight, 
decreased hatchability, and an increase in unfertilized eggs; liver Hg concentrations in adult pheasants 
were approximately 2 mg/kg. In two studies on mallards fed Hg in the diet over long periods of time, 
hens fed Hg produced fewer 1-week-old ducklings and duckling growth rate was lower compared with 
the productivity and growth of controls; average liver Hg concentrations in adult hens were 0.9 mg/ 
kg (Heinz 1976a) and 11mg/kg (Heinz 1976b). Clutch size, egg production, hatchability, and duckling 
survival were all lower in black ducks experimentally fed Hg and that had an average liver concentra
tion of 23 mg/kg. In field studies, liver Hg concentrations of tree swallows (Tachycineta bicolor) and 
house wrens (Troglodytes aedon) of 4.1 and 3.0 mg/kg were associated with poor hatchability (70–74% 
compared with a nationwide average for the two species of ~85%) (Custer et al. 2007). Fimreite (1974) 
also reported a complete absence of loon chicks in Ball Lake, northwestern Ontario, where adult  
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loons had average liver Hg concentrations of 52 mg/kg fledging success in common terns (Sterna 
hirundo) was also poor (estimated at 10%) at this site compared with another area, Lake Wabigoon 
(although the influence of Hg upon hatching success was not clear-cut when Hg concentrations were 
compared among clutches of one, two, or three eggs); average liver Hg concentrations in adult terns 
from Ball Lake and Lake Wabigoon were 21 and 9 mg/kg, respectively. Based on the experimental 
and field data available for different species, the geometric mean adult liver Hg concentration associ
ated with adverse effects on reproduction is 8.7 (range 2–52 mg/kg). This is approximately an order of 
magnitude lower that that associated with lethality, and is consistent with dietary intakes associated 
with reproduction also being roughly ten fold lower than those associated with lethality in birds. The 
range of liver concentrations that have been associated with impaired reproduction is relatively wide, 
and overlaps that associated with lethality, but the data suggest that liver concentrations in adult birds 
exceeding 2 mg/kg may be associated with adverse effects on reproduction. 

There have been small numbers of studies on other tissue concentrations associated with impaired 
reproduction in birds. Adult kidney Hg concentrations of 1–15 mg/kg in mallards (Heinz 1976a,  
1976b) and 11–16 mg/kg in black ducks (Finley and Stendell 1978) have been associated with impaired 
reproduction. Adult brain concentrations in birds from the same studies were  0.44–4.6 mg/kg (mal
lard) and 2–4mg/kg (black ducks). Blood and feather concentrations of 3 and 40 mg/kg, respec
tively have been associated with adverse effects on multiple endpoints in common loons, including 
impaired reproductive output (Evers et al. 2008), but concentrations of 6.7 (blood) and 40 (feather) 
mg/kg were not apparently associated with impaired reproduction in bald eagles Haliaeetus leu
cocephalus (Weech et al. 2006). The feather concentrations associated with the adverse reproduc
tive effects suffered by mallards and black ducks fed experimental Hg diets were 9–70 mg/kg and 
approximately 60 mg/kg, respectively (Heinz 1976a, 1976b, Finley and Stendell 1978). 

18.5.4 TISSUE CONCENTRATIONS IN MAMMALS ASSOCIATED WITH IMPAIRED REPRODUCTION 

There appear to be few data for tissue residues associated with impaired reproduction in mammals. 
Liver and kidney Hg residues of 30 and 36 mg/kg have been associated with impaired reproduc
tion in mink (Wren et al. 1987b), within the range associated with lethality for this species. It 
was also considered that Hg accumulation from nonungulate prey by female panthers resulted in 
reduced kitten survival when Hg concentrations in the blood exceeded 0.5 mg/kg (mean, 0.17 kit-
tens/female year) compared with blood levels ≤0.25 mg/kg [mean, 1.46 kittens/female year; (Roelke 
et al. 1991)]. 

18.5.5 INDICATIVE EGG MERCURY CONCENTRATIONS 

There are a relatively large number of field and a smaller number of laboratory studies in which no 
adverse effects and/or adverse effects on reproduction have been associated with total Hg concen
trations in eggs (Table 18.1). Some species (such as common tern), although associated with marine 
environments, feed extensively in fresh waters and so are included. Laboratory derived values are 
effectively NOAECs and LOAECs, whereas field-derived adverse effect values are simply the Hg 
concentrations in (often failed) eggs from nests or colonies where there is evidence of impaired  
reproduction. Interestingly, the laboratory LOAECs fall within the range of values derived from 
field studies (Figure 18.4). 

Overall, the geometric mean egg Hg concentration associated with no adverse effect is 0.4 
mg/kg (range 0.07–1.6) and the equivalent concentration associated with adverse effect is 1.9 mg/ 
kg (range 0.8–5.1). There are data for sufficient species, including those such as American kestrel 
and snowy egret, which are thought to be highly sensitive to the embryotoxic effects of Hg (Heinz 
et al. 2009), to estimate an HC5 for adverse effects; the predicted value is 0.56 mg/kg (Figure 18.4). 
This suggests that reproduction may be impaired in most (95%) species by egg Hg concentrations 
of ≥0.6 mg/kg. This is higher than the experimentally derived median lethal concentration (LC50) 



 

 

 

TABLE 18.1 
Egg Hg Concentrations (mg/kg wet wt.) Associated Either with No Adverse Effects or with 
Adverse Effects on Reproductive Output in Different Species 

Species [Hg] mg/kg Reference 

Concentrations Associated with No Adverse Effects 
Prairie Falcon Falco mexicanus 0.07 Fyfe et al. 1976 

Richardson’s merlin Falco columbarius 0.13 Fyfe et al. 1976 
richardsonii 

White-faced ibis Plegadis chihi 0.2 Henny and Herron 1989 

Peregrine falcon Falco peregrinus 0.25 Newton et al. 1989 

Forster’s tern Sterna forsteri 0.4 King et al. 1991 

Marsh harrier Circus aeruginosus 0.4 Odsjo and Sondell 1977 

Black Skimmer Rynchops niger 0.46 King et al. 1991 

Herring Gull Larus argentatus 0.51 Gilman et al. 1977 

Tree swallow Tachycineta bicolor 0.77 Custer et al. 2007 

Black-crowned night heron Nycticorax 0.8 Hill et al. 2008 
nycticorax 

Common loon Gavia immer 1 Barr 1986 

Common tern Sterna hirundo 1 Eisler 2004, Fimreite 1974 

White-tailed sea eagle Haliaeetus 1.59 Mid value from Helander et al. 1982, Koivusaari 
albicilla et al. 1980 

 Mallarda Anas platyrhynchos 0.895 Midpoint of values from Heinz 1974, 1976b 

 American kestrela Falco sparverius 0.08 Albers et al. 2007 

Concentrations Associated with Adverse Effects 
Snowy egret Egretta thula 0.8 Hill et al. 2008
 

 Mallarda A. platyrhynchos 1 Midpoint of values from Heinz 1974, 1976a, 

1976b, Heinz and Hoffman 1998, 2003 

White-tailed eagle H. albicilla 1.15 Helander et al. 1982 

Common Loon G. immer 1.3 Evers et al. 2003 

Tree swallow Tachycineta bicolor 1.58 Custer et al. 2007 

Ring-necked pheasanta 1.62 Midpoint of values from Fimreite 1971, Borg et al. 
Phasianus colchicus 1969, Spann et al. 1972 

 American kestrela Falco sparverius 2 Albers et al. 2007 

Common tern Sterna hirundo 3.5 Midpoint of values from Fimreite 1974, Eisler 
2004 

 Chickena Gallus domesticus 5 Tejning 1967 

 Black ducka Anas rubripes 5.1 Finley and Stendell 1978 

a Lab study. 
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for 12 out of 23 species for which egg toxicity was tested by injecting methyl mercury, but MeHg 
appears to induce greater toxicity when injected than when derived from natural maternal transfer 
(Heinz et al. 2009). 

Summary 

Dietary, organ, and egg Hg concentrations that may be indicative of adverse effects on survival 
and reproduction are summarized in Table 18.2. Mercury concentrations in other organs that 
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FIGURE 18.4 Cumulative frequency of total Hg concentrations (mg/kg wet wt.) in eggs associated with  
reproductive impairment. Open and closed symbols indicate data derived from laboratory and fi eld studies, 
respectively. Data and sources are described in Table 18.1. 

have been associated with adverse effects have been highlighted in the text, but are derived only 
from one or two species and so not included in the table. However, it should also be remembered 
that the values in Table 18.2 are also only derived from a limited number of species, and the 
mammalian data are from studies in just one taxonomic group, the Carnivora. 

The overall intra and interspecies variation in pharmacokinetic handling of, and sensitiv
ity to, Hg makes deriving single indicative values for all species problematic. The values in 
Table 18.2 should be used only as a tool in an initial assessment of potential risk from Hg. 
Exceedence of these values should not be taken as evidence of adverse effects. However,  
these indicative values are of real value as they enable initial assessment of potential risk 
for the myriad species for which there are no specific data on Hg toxicity. When used for 
such purposes, it should be noted that the indicative values are likely to be conservative to 
some extent as they are based on either an HC5 type approach, an uncertainty factor applied 
to a geometric mean concentration, or they represent the lowest value in a small dataset. 
Consequently, the LOAECs for most individual species are likely to be higher than the 
indicative values. This is apparent from the species sensitivity distributions presented in this 
chapter, and may particularly be true for species that have coevolved with relatively high 
environmental levels of Hg. Given this, when appropriate taxonomic-specific data are avail
able, they most likely will prove a better indicator of risk than the indicative values. 

The review of toxicity data conducted here suggests, at least superficially, that birds may be 
less sensitive than mammals to dietary Hg concentrations. The geometric mean dietary concen
tration associated with lethality is 20 mg/kg (95% geometric confidence limits 13.9–29.8, n = 11 
species) for birds and 4.3 mg/kg (1.6–11.3, n = 6 species) for mammals. Although the differ
ence between the avian and mammalian data is statistically significant (Mann–Whitney U test, 
p < .01), such comparison is problematic, partly because the duration of exposure, the speciation 
of ingested Hg, feeding rate and severity of effect (proportion of animals dying) all potentially 
differed between studies. If there is a real difference in sensitivity between mammals and birds 
to dietary Hg, this does not appear to be reflected in the liver concentrations associated with 
adverse effects. For example, the indicative values for liver concentrations associated with death 
in birds were broadly similar to that for mammals. This may suggest that the internal distribu
tion of Hg between body tissues varies markedly between birds and mammals, at least when 
toxic doses are ingested. It is also notable that dietary concentrations and liver residues associ
ated with adverse effects on reproduction in birds were approximately an order of magnitude 
lower than those associated with lethality, but this does not appear to be the case from the 



 

 
 

 

  
  

TABLE 18.2 
Summary of Dietary and Tissue Total Hg Concentrations (mg/kg wet wt.) Associated with 
Adverse Effects on Survival and Reproduction in Nonmarine Birds and Mammals and 
Proposed Concentrations That May Be Indicative of Adverse Effects 
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Hg Concentration (mg/kg wet wt.) 

No/ 

Associated with Adverse Effect 

Geometric Mean Proposed Description of Proposed 
Speciesa (Range) Indicative Value Indicative Value 

Birds-Death 
Diet 11 20 (10–40) >6 Predicted HC5 value, based on dietary 

Hg being MeHg 

Liver 8 63 (18.4–127) >20 Predicted HC5 value 

Kidney 8 76 (21–130) >40 Predicted HC5 value 

Brain >15 (adults) Based on Scheuhammer et al. 2007 
>3 (developing 
young) 

Birds-Reproduction 
Diet 7 1.2 (0.1–10) >0.25 Geometric mean divided by fi veb 

Liver 5 8.7 (2–52) >2 Lower end of range 

Egg 10 1.9 (0.8–5.1) >0.6 Predicted HC5 value 

Mammals-Deathc 

Diet 6 4.3 (1.1–14) >0.9 Geometric mean divided by fi veb 

Liver 4 42 (33–54) >25–30 Based on the lower end of ranges for liver 

Kidney 4 38 (26–69) >25–30 and kidney Hg. Values derived from data 
for carnivorous mammals only 

Brain 4 16 (11–21) >10 (adults) Bottom of range 

a Number of species for which data were available and from which geometric mean, range, and proposed diagnostic Hg 
concentrations are derived. The concentrations are associated with adverse effects but are not necessarily derived from 
LOAEC or LOAEL data. 

b	 Approach analogous to the generic approach to dietary risk assessment for pesticides in birds and mammals recently advo
cated by the European Commission (European Food Safety Authority 2008) where the geometric mean dietary No Observed 
Effect Concentration (NOEC) and an assessment factor of five are used as the trigger value at the first tier of assessment. 
Diet and tissue concentrations associated with impaired reproduction in carnivorous mammals were in approximately the 
same range as those associated with lethality. 

limited data available for mammals. There may, therefore, also be taxonomic differences in the 
relative sensitivity of different endpoints to Hg, although data for more species are needed. 

In conclusion, the indicative values in Table 18.2 are somewhat lower and more precisely 
defined than those given in the previous edition of this chapter. This is partly due to the 
approaches used. The biggest differences is probably that adverse effects on reproduction in 
birds were previously associated with a rather poorly defined dietary Hg concentration of “up 
to 3” (Thompson 1996), whereas the indicative value given here is almost an order of magni
tude lower. However, the overall datasets for Hg toxicity in birds and mammals remain sparse 
and future improvements in assessing likely risk will require toxicity data for additional spe
cies. If sufficiently large datasets are obtained, it may become possible to refine indicative val
ues on the basis of ecological and physiological traits. Any new data derived from fi eld studies 
need to couple observational data on adverse effects with measurements of dietary and tissue 
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residues, preferable across a range of sites that vary in their Hg (but no other) contamination, 
so that evidence for dose–response relationships can be determined. 
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19.1 INTRODUCTION 

There has been much research into the toxicity of cadmium over the last four decades. This  chapter 
assesses the available information, and updates a previous review (Cooke and Johnson 1996). It 
focuses on the relationship between the toxicology of cadmium and critical tissue concentrations to 
provide an assessment of environmental risk to wild small mammals. The main sources of infor
mation are human epidemiological studies, chronic studies of experimental exposure of laboratory 
rodents and captive wild species, and field studies on wild small mammals. 

Controlled experimental studies involving laboratory rats and mice, in particular, have provided 
relevant data concerning the effects of cadmium in wild small mammals. However, many of these 
studies have involved the administration of soluble cadmium salts and metallothionein (MT)-bound 
cadmium through injection and these, especially at high doses, lack relevance to the long-term oral 
exposure and gut absorption that characterizes the more realistic environmental conditions. Most 
of the fi eld-based investigations of wild populations of small mammals over the last 25 years have 
focused on the cadmium concentrations in tissues, especially in kidney and liver. These have pro
vided a substantial knowledge base of concentrations of cadmium in animals from uncontaminated 
habitats and from localized, often highly, contaminated habitats. Some of these field studies have 
provided data relating tissue concentrations of cadmium to estimated dietary concentrations, dose– 
response characteristics and pathological effects. However, very few have yielded results that show 
the ecotoxicological effects at the population level and of the effects on the life history of animals 
in the wild. Most of the field studies of contaminated sites have been at sites that contain elevated 
levels of other metals, especially copper, lead, and zinc. Because physiological interactions between 
these metals and cadmium are likely, the ecological and toxicological significance of such interac
tions are an important consideration in the assessment of risk of environmental cadmium. Over the 
last 15 years there have been a number of studies that have attempted to bridge the gap between 
laboratory and field approaches, by conducting controlled experiments using laboratory populations 
of widely distributed wild species of small mammals commonly found in Europe. 
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19.2 METABOLISM AND TOXICITY 

Cadmium has no known biological function. Its toxicity may originate through exposure via respi
ration or ingestion. The incidence of acute toxicity is rare, although the inhalation of cadmium fume 
is a well-known industrial hazard (Fielder and Dale 1983). Fifty percent lethal dose values for acute 
toxicity of about 100–300 mg of cadmium per kilogram have been obtained for a range of soluble 
cadmium compounds in the mouse and rat although lower lethal doses have been recorded in a few 
studies (Fielder and Dale 1983, WHO 1992a, ATSDR 1999). 

Environmental cadmium exposure is predominantly a chronic problem reflected in the gradual 
accumulation of the metal from the diet in target organs with eventual tissue dysfunction. The  
metabolism of cadmium is broadly similar for most mammalian species. Absorption from the diet 
is low, <5% of the ingested cadmium, but diets low in calcium, zinc, and iron can signifi cantly 
increase how much dietary cadmium is absorbed and the percentage retained in the body (Reeves 
and Chaney 2002, 2004). Low protein, copper, and vitamin D may have similar effects on absorp
tion and retention (Bremner 1979). Excretion of cadmium in feces will include intestinal epithelium 
with bound cadmium, sloughed into the intestine many weeks after initial absorption (McLellan 
et al. 1978, Reeves and Chaney 2004). However, this bound cadmium may also be reabsorbed 
from the gut lumen and lead to delayed absorption long after the cadmium was originally ingested 
(McLellan et al. 1978). Biliary excretion and urinary excretion of assimilated cadmium can occur, 
but the amounts are normally very small (<1% of absorbed cadmium), leading to long biological 
half-lives (100–300 days in rats) (Friberg et al. 1974, Bremner 1979). 

Absorbed cadmium is largely bound to protein, particularly MT, and the main sites of accu
mulation are the intestinal mucosa, kidney, and liver (Bremner 1979, Zalups and Ahmad 2003). 
The cadmium enters the intestinal mucosa enterocytes via transporter proteins and can induce MT 
synthesis. Cadmium is released slowly into the blood from the intestinal mucosa where the majority 
goes to the liver where it is bound to liver MT. It is not clear how much cadmium can go directly 
to the kidney from the blood and how much is transported via the liver to the kidney as cadmium 
bound to MT. The binding of intracellular cadmium to MT in the kidney protects against the toxic
ity of cadmium, and it is probably the “free” cadmium that initiates tissue injury. Renal cadmium, 
which is not bound to MT, may occur because a “critical concentration” of MT-bound cadmium 
has been exceeded because of either high doses or age accumulation, both may result in there being 
insufficient MT to detoxify the unbound cadmium (WHO 1992a, Liu et al. 1998, Habeebu et al. 
2000, Liu et al. 2001, Schnellmann 2001). Because of the binding of cadmium to MT and low excre
tion rates, the biological half-life is long. Retention times of 10–30 years in humans, result in age 
accumulation whereby the concentrations in the kidney renal cortex have been shown to increase 
up to the age of 50 years and then to decline (Ryan et al. 1982, WHO 1992a). This decline may be 
associated with renal tubule dysfunction, which leads to increased urinary excretion of cadmium. 

The effects on the kidney are characterized by tubular dysfunction and tubular cell damage, 
although glomerular dysfunction may also occur. The most usual early sign of cadmium neph
rotoxicity is the impairment of the reabsorptive function of the proximal tubules manifested as  
the presence of low molecular weight proteins, enzymes, amino acids, and other compounds and 
minerals in urine. Hyperexcretion of calcium and phosphorus, and other important bone minerals, 
can lead to osteomalacia, osteoporosis and decreased mineral density and bone strength. “Itai-itai” 
disease is the Japanese name for this syndrome among people (mostly multiparous women over 
50 years) living on a rice diet high in cadmium. In a recent study, Alfven et al. (2002) have shown, 
for a large sample of people from cadmium-exposed and nonexposed groups in southern Sweden, a 
strong positive relationship between blood cadmium, and tubular proteinuria, and a strong negative 
relationship between bone mineral density and blood cadmium in their older age (>60 years) group. 
However, it is likely that “itai-itai” disease is also associated with multiple dietary defi ciencies 
(Friberg et al. 1986), especially low dietary zinc and iron. Deficiencies in iron and zinc can increase 
the absorption and toxicity of cadmium (Reeves and Chaney 2004). 
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Exposure to cadmium (usually as cadmium chloride) through the diet has been extensively inves
tigated in experimental studies with laboratory rats, rabbits, and mice, and in the last 10 years 
a number of European research groups have used laboratory populations of bank voles (Myodes 
 glareolus—the former genus name Clethrionomys is used in this chapter) and wood mice (Apodemus 
sylvaticus). The major effects of cadmium include the following: reduction of food and water intake; 
growth depression; renal dysfunction (proteinuria); histological lesions in the kidney; reduced calci
fication of bone and osteoporosis; hypertension (increased blood pressure); anemia and bleaching of 
incisors; and cancers (Samarawickrama 1979, Fielder and Dale 1983, WHO 1992a). Hepatotoxicity 
has been noted in rats but usually occurs only at dose levels higher than those producing nephrotox
icity (Fielder and Dale 1983, ATSDR 1999). Testicular effects can occur, but the oral doses required 
are likely to be high (Fielder and Dale 1983, ATSDR 1999). However, cadmium-induced testicular 
necrosis generally results in permanent infertility (WHO 1992a). 

The understanding of cadmium exposure and absorption, even in laboratory experiments, and the 
standardization of dose–response data is difficult because of the influence of body mass, sex, dietary 
components other than cadmium, the length of the experiment (exposure), animal age, and whether 
given in drinking water or food. The definitions of Critical Concentrations or the Lowest Observable 
Adverse Effects Levels (LOAELs) are dependent in turn on the dose–effects relationship (WHO 
1992a). Thus the definition and judgment of what are the critical effects and whether the magnitude 
of these effects in a particular case represent adverse functional changes are crucial. For example, 
early effects of cadmium on the kidney can be measured as proteinuria but what is the cut-off point 
(i.e., the concentration of low molecular proteins such as β2-microglobulin in the urine usually stan
dardized against the creatinine concentration) above which the effect is deemed to be a marker of “an 
adverse functional change”? One review of dose–response data from over one hundred laboratory 
rat experiments has attempted to categorize adverse effects and LOAELs as it “believes that there is 
sufficient merit in this approach to warrant an attempt at distinguishing between ‘less serious’ and 
‘serious’ effects” (ATSDR 1999). Serious effects “are those that evoke failure in a biological system 
and can lead to morbidity or mortality” and less serious effects “are those that are not expected to 
cause significant dysfunction or death.” Inevitably there is an overlap between these two categories 
(“less serious” and “serious”) in the LOAELs so derived (ATSDR 1999). 

Also important in this judgment of critical concentrations or LOAELs are the individual  
responses within a treated experimental group, for example was the adverse effect shown in 50% 
(an EC50, or some other defined effects percentage) of individuals in the group (WHO 1992a). This 
population information within an experimental group is usually not defined in laboratory rodent 
cadmium experiments investigating chronic adverse effects. 

It would seem that with increasing chronic oral exposure there would be an increase in the  
severity: of renal dysfunction (proteinuria and tubular necrosis) from a LOAEL of about 5 mg of 
cadmium per kilogram body weight per day; of reduction of >20% in body weight gain from about 
7 mg/kg body weight; of reproductive effects (necrosis and atrophy of seminiferous tubule epithe
lium) from about 10 mg/kg body weight (ATSDR 1999). In an analysis of nine laboratory studies 
Shore and Douben (1994) concluded that the LOAEL for chronic oral exposure can be estimated to 
be in the range 3.5–7.5 mg/kg body weight. These values were based on proteinuria, disturbed bone 
metabolism and decreased body weight and growth. These data suggests that a reasonable estimate 
of a no observed adverse effects level (NOAEL) for laboratory rats is a dose of between 3.5 and 
5 mg/kg body weight for oral exposure over an exposure period of 15–300 days. 

19.3 CADMIUM IN TERRESTRIAL HABITATS 

Cadmium concentrations tend to be very low in most environmental media. Typical levels in uncon
taminated soils are <1 mg/kg, although naturally higher values can occur when the soils are derived 
from the weathering of parent materials high in cadmium, such as black shales (Jackson and Alloway 
1992). Environmental contamination through atmospheric deposition can lead to much higher soil 



 

  

 
 

  

 

 

TABLE 19.1 
Cadmium (mg/kg Dry Weight) in Grasslands from a Reference (Clean) Site and from Sites 
Near a Copper–Cadmium Refinery in Northwest England 

No. of Samples Analyzed 
from Each Site Reference Site 1-km Site Refi nery Site 

Surface soil 40 0.8 ± 0.08a 6.9 ± 0.6 15.4 ± 2.3 

Creeping bent grass (leaf) 100 
(Agrostis stolonifera) 

Live 0.63 ± 0.06 1.32 ± 0.07 3.3 ± 0.36 

Senescent 0.68 ± 0.06 2.06 ± 0.13 10.4 ± 1.7 

Earthworms (Oligochaeta) 60 4.1 ± 0.3 34.0 ± 2.8 107 ± 24.6 

Wood lice (Isopoda) 60 14.7 ± 1 130 ± 45.9 231 ± 131 

Spiders (Lycosidae) 400 2.6 ± 0.3 34.5 ± 5 102 ± 7.5 

Beetles (Carabidae) 400 0.7 ± 0.1 5.6 ± 0.9 15.1 ± 1.1 

Field vole (kidney) (Microtus 19–23 1.7 ± 0.2 23.9 ± 5.6 88.8 ± 23.3 
agrestis) 

Common shrew (kidney) 20–25 20.5 ± 1.6 156 ± 25 253 ± 75 
(Sorex araneus) 

Sources: From Hunter, B. A. et al., J. Appl. Ecol., 24, 573–586, 1987a; Hunter, B. A. et al., J. Appl. Ecol., 24, 587–599, 
1987b; Hunter, B. A. et al., J. Appl. Ecol., 26, 89–99, 1989. With permission. 
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concentrations. Comparison of the major natural atmospheric source of cadmium, volcanic action 
(Nriagu 1979), with the major anthropogenic sources, nonferrous metal production, iron and steel 
making, fuel combustion (coal, oil, and gas), and refuse incineration, for the European Community 
gave relative annual emission figures of 20, 33, 34, 8.5, and 31 metric tons (t)/year, respectively 
(Hutton 1983). Thus about 85–90% of the total airborne cadmium in global cycles arises from 
anthropogenic sources (WHO 1992b) and indicates the importance of human activity in the global 
cycling of cadmium. Such emissions over the last 100 years have increased cadmium levels in soils 
of urban, rural, and industrial sites (Korte 1982). 

The interception and retention of cadmium-bearing atmospheric particulates by leaves, other 
trapping surfaces (bark, stems, surface litter), and soil with its subsequent uptake through plant 
roots (Martin et al. 1982) will lead to circulation of the element within the terrestrial ecosystem 
(Hughes et al. 1980). In this way, many plant-derived substrates with high cadmium concentrations 
will be provided for animal feeding, leading to elevated concentrations in most invertebrates and 
small mammals within the contaminated ecosystems. Martin and Coughtrey (1982), although pri
marily concerned with the biological monitoring of heavy metal pollution, review many examples 
of the concentrations of cadmium in both invertebrates (especially earthworms, wood lice, snails, 
and slugs) and small mammals from many different polluted habitats. Hunter et al. (1987a, 1987b, 
1987c, 1989) described, in considerable detail, the distribution of cadmium in grassland ecosystems 
near a copper–cadmium refinery in northwest England. Some of their results are summarized in 
Table 19.1 and are both illustrative and representative of the ecological consequences of environmen
tal cadmium contamination. Aerial deposition of cadmium induced proportional increases in most 
biotic components of the grassland ecosystem studied. Moreover, cadmium is generally regarded as 
one of the most mobile toxic metals, because its transfer occurs along most terrestrial food chains, 
and because its transference potential is much greater than those of other metals like lead and zinc 
(Roberts and Johnson 1978). Cadmium can often be measured in equal or higher concentrations in 
animal consumers relative to the concentrations in their diet. For example, earthworms had higher 
concentrations of cadmium than those from surface soil, and isopods had concentrations greater 

a Mean ± standard error. 
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than those in litter (senescent leaf tissue; Table 19.1). Significant accumulation can occur in wild 
small mammal kidney tissue. This is evident from a comparison between the values for the herbi
vore, field vole (Microtus agrestis), and those for live creeping bent grass (Agrostis stolonifera) leaf 
material (Table 19.1). Insectivorous small mammals, such as the common shrew (Sorex araneus), 
usually contain higher concentrations in the kidney than do herbivorous or omnivorous species in 
the same habitat (Table 19.1). 

It is also clear that the application of phosphatic fertilizers and sewage sludges and other organic 
wastes to agricultural land can increase soil cadmium levels considerably. A survey of sludge-treated 
soils in the United Kingdom showed cadmium concentrations ranging from 0.27 to 158.7 mg/kg 
(Jackson and Alloway 1992). Thus, extremely high local concentrations can occur because of the 
high variability in the cadmium content of sludges and sludge application rates. Dried sludge on 
vegetation and soil surfaces can also be directly ingested by grazing animals (Chaney et al. 1987). 
It is possible for cadmium in sludge-treated grasslands to accumulate in the kidneys and livers of 
small mammals as field experiments with the meadow vole (Microtus pennsylvanicus) in Ohio have 
shown (Anderson et al. 1982, Maly 1984). 

Nonferrous metal mines, especially those exploiting lead–zinc ores, and the activities involved in 
processing the ores can be a significant source of environmental contamination through the disposal 
of cadmium-rich wastes (Roberts and Johnson 1978). Wind dispersal of waste from spoil tips at a 
derelict mine complex was shown to lead to considerable increases in the cadmium concentrations 
in herbivorous and carnivorous invertebrates and indigenous small mammals (Roberts and Johnson 
1978). Considerable mobility of cadmium within the soil-plant-animal system can also occur after 
the rehabilitation of industrial waste disposal sites to grassland (Andrews and Cooke 1984). 

19.4 TISSUE CONCENTRATIONS IN WILD SPECIES 

In a review that combined data from 13 studies between 1974 and 1987, the average concentra
tions (on a dry weight basis) from reference (“clean”) sites for the whole body, liver, and kidney 
were 0.1–1.4, 0.2–1.5, and <0.1–5.6 mg/kg, respectively (Talmage and Walton 1991). This data set 
included mice, rats, and voles but excludes moles and shrews that accumulate higher cadmium lev
els from their insectivorous diet. Cadmium concentrations values for shrews (both subfamilies, the 
soricine and crocidurine) from uncontaminated sites have been found to be in the range 1.2–4 mg/ 
kg (whole body), 2.3–25.4 mg/kg (liver), and 4.1–25.7 mg/kg (kidney) (Talmage and Walton 1991, 
Sanchez-Chardi et al. 2007). However, cadmium kidney values from uncontaminated sites can show 
large intraspecific variability with individual high values; for example, up to 60 mg/kg in shrews 
and moles (Talpa europea) in the Netherlands (Ma and Talmage 2001) and with similar values for 
moles in Austria (Komarnicki 2000), with the higher concentrations being associated with the older 
animals. High cadmium levels in insectivores are because of food chain accumulation where food 
chains involve earthworms and other surface-soil dwelling invertebrates. It is interesting to note 
that a study of badgers (Meles meles) in the Netherlands where badgers often forage on earthworms, 
also recorded high concentrations of cadmium in kidney tissue of older animals (Van den Brink 
and Ma 1998). Unusually high values were measured by Pedersen and Lierhagen (2006) of up to 
220 mg/kg dry weight with a mean of 107 mg/kg in kidney of adult arctic hares (Lepus arcticus) in 
Nunavut, Canada, which the authors thought was because of high cadmium inputs from the natural 
local geology as there was no source of contamination. 

When small mammals are found in cadmium-contaminated sites, the increased dietary concen
trations lead to high concentrations in a range of tissues and organs, particularly the kidney and 
liver, regardless of whether the contamination is primarily derived from polluted soil or atmospheric 
deposition (Table 19.2). Lesser increases in tissue concentrations (but often statistically signifi cantly 
higher than for animals caught at reference sites) are found in the heart, femur, muscle, pancreas, 
and hair (Andrews et al. 1984, Hunter et al. 1989). There seems little evidence of increased  cadmium 
in the brain, lung, and testis, even at highly contaminated sites (Hunter et al. 1989). 



 

(mg/kg dry wt.) 
Ratio 

Species Contaminated Site Kidney Liver Kidney/Liver Reference 

Cotton-tail rabbit Zinc Smelter, Pennsylvania, 381 61 6.2 Beyer and Storm 
(Sylvilagus USA (1995) 
fl oridanus) 

Wood mouse  Cu/Cd refinery, England 41.7 18.2 2.3 Hunter et al. (1989) 
(Apodemus 
sylvaticus) 

Minera, Pb/Zn mine, Wales 39.7 9.8 4.1 Johnson et al. (1978) 

Smelter waste, Wales 18.0 5.5 3.3 Johnson et al. (1978) 

Y Fan, Pb/Zn mine, Wales 10.3 2.49 4.1 Johnson et al. (1978) 

Fluorspar waste, England 1.78 0.71 2.5 Cooke et al. (1990) 

Deer mouse Zinc Smelter, Pennsylvania, 42 13 3.2 Beyer and Storm 
(Peromyscus USA (1995) 
maniculatus) 

Superfund site 3.85 1.05 3.7 Pascoe et al. (1996) 

White-footed mouse Zinc Smelter, Pennsylvania, 70 19 3.7 Beyer and Storm 
(Peromyscus USA (1995) 
leucopus) 

Reclaimed wetland near 6.3  3.8 1.7 Levengood and Heske 
smelter (2008) 

Wastewater-irrigated site, 2.3 0.5 5.0 Anthony and 
USA Kozlowski (1982) 

Short-tailed fi eld  Cu/Cd refinery, England 88.8 22.7 3.9 Hunter et al. (1989) 
vole (Microtus 
agrestis) 

Y Fan, Pb/Zn mine, Wales 8.91 1.06 8.4 Johnson et al. (1978) 

Fluorspar waste, England 5.3 1.8 2.9 Andrews et al. (1984) 

Budel, the Netherlands 2.7 0.57 4.7 Ma et al. (1991) 

Meadow vole Sludge-treated fi elds, USA 23a 7.9a 2.9 Anderson et al. 
(Microtus (1982) 
pennsylvanicus) 

Superfund site 2.45 1.75 1.4 Pascoe et al. (1996) 

Bank vole Dulowa Forest, Poland 29.6 12.8 2.3 Sawicka-Kapusta 
(Clethrionomys et al. (1990) 
glareolus) 

Zn–Cd smelter 27 5.84 4.6 Sawicka-Kapusta 
et al. (1999) 

Y Fan, Pb/Zn mine, Wales 16.8 5.1 3.3 Johnson et al. (1978) 

Pb/Zn mine 1.9 0.3 6.3 Milton et al. (2003) 

Common shrew  Cu/Cd refinery, England 253 578 0.43 Hunter et al. (1989) 
(Sorex araneus) 

Budel, the Netherlands 200 268 0.75 Ma et al. (1991) 
(February–March) 

Near smelter, Poland 176 288 0.61 Swiergosz-
Kowalewska et al. 
(2005) 

Concentration 
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TABLE 19.2 
Kidney and Liver Cadmium Concentrationsa in Various Species of Small Mammals from 
Contaminated Habitats 



 

TABLE 19.2 (continued) 
Kidney and Liver Cadmium Concentrationsa in Various Species of Small Mammals from 
Contaminated Habitats 

Concentration 
(mg/kg dry wt.) 

Ratio 
Species Contaminated Site Kidney Liver Kidney/Liver Reference 

Fluorspar waste, England 158 236 0.67 Andrews et al. (1984) 

Pb/Zn Smelter, England 142 452 0.31 Read and Martin 
(1993) 

Budel, the Netherlands 126 180 0.7 Ma et al. (1991) 
(October–November) 

Pygmy shrew (Sorex Pb/Zn Smelter, England 49.9 63.7 0.78 Read and Martin 
minutus) (1993) 

European mole Budel, the Netherlands 224 227 0.99 Ma (1987) 
(Talpa europea) 

a Values changed from wet weight as necessary (dry weight = wet weight × 3.5). 

 

  

 

TABLE 19.3 
Estimated Dietary Concentrations and Daily Cadmium Intake, as Well as Concentrations in 
Kidney and Liver, for Three Species of Small Mammalsa 

Dietary Cadmium Dose Kidney Liver 
Concentration (mg/kg Body Concentration Concentration Kidney– 

Sitea (mg/kg dry wt.) Weight Per Day) (mg/kg dry wt.) (mg/kg dry wt.) Liver Ratio 

Wood mouse 1 0.89 0.22 2.0 0.4 5 

(Apodemus 2 1.4 8.5 1.8 4.7 
sylvaticus) 3 3.01 0.94 41.7 18.2 2.3 

Short-tailed fi eld 1 0.67 0.35 1.7 0.7 2.4 
vole (Microtus) 2 1.3 23.9 8.7 2.7 
agrestis) 3 3.3 2.11 88.8 22.7 3.9 

Common shrew 1 1.78 0.58 20.5 13.6 1.5 
(Sorex araneus) 2 16.0 156 245 0.63 

3 55.0 25.0 253 578 0.43 

Sources:	 From Hunter, B. A. et al., J. Appl. Ecol., 24, 601–614, 1987c; Hunter, B. A. et al., J. Appl. Ecol., 26, 89–99, 1989. 
With permission. 

a Site 1, reference site; site 2, 1 km from Cu/Cd refinery; site 3, close to Cu/Cd refi nery. 
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Nearly all measurements of cadmium in the tissues of rodents caught in the wild have shown that 
the kidney has the highest concentrations, with the liver being the next most important in terms of 
concentration (Table 19.2). Table 19.2 also shows that, for most species, the ratios of kidney/liver 
concentration are between 2 and 8. There are obvious differences for shrews and the European mole 
(both insectivores), where the kidney/liver ratio is below 1.0, with both the kidney and liver concen
trations considerably higher than those for the rodent species listed in Table 19.2. 

It is important to relate the dietary concentrations and dose (on a body weight basis) to these 
tissue concentrations. Table 19.3 summarizes some data and the response of three sympatric spe
cies found in contaminated grasslands near a copper–cadmium refinery, compared with a clean 



 

  

 

 
    

 

 
 

 

 

 
   

 

 
 

  

  

634 Environmental Contaminants in Biota 

reference site (Hunter et al. 1987c, 1989). Two species, the woodmouse (A. sylvaticus) and the 
short-tailed field vole (M. agrestis), in the contaminated site were exposed to a increase in dietary 
concentrations (between the range 0.7 and 3.3 mg/kg dry weight) or daily dose (between 0.2 and 
2 mg/kg body weight), and the response in both was a considerable increase in their kidney and liver 
concentrations. Shrews (S. araneus) received a much higher level of dietary cadmium than did the 
other two species occupying the same grasslands in terms of both concentration and estimated dose 
(Table 19.3). The difference in the estimated dietary concentration between shrews and the other 
two species increased from about 2 times at the clean reference site to 18 times at the site closest 
to the refinery. This is because of the contrasting nature of feeding habits between the species and 
in the relatively high concentrations reached in earthworms and ground-dwelling invertebrates, the 
prey of the common shrew (Hunter et al. 1987b; Table 19.1). The response by the shrew to the higher 
cadmium intake rates is to accumulate higher concentrations in the liver compared with those in the 
kidney, so that the kidney/liver ratios are above one at the reference site but well below one at the 
two contaminated sites (Table 19.3). 

A similar pattern in the relative magnitudes of the cadmium in kidney has been found in a number 
of studies of sympatric species in contaminated habitats allowing the comparison of shrews (Sorex 
spp.), voles (Microtus spp. and Clethrionomys glareolus) and mice (Peromyscus spp. and Apodemus 
spp.). Using the median values for the kidney cadmium ratios of shrew/vole or shrew/mouse as a com
parative measure shrews had kidney cadmium concentrations between 8 and 24 times that of voles 
and mice (based on data in Hunter and Johnson 1982, Andrews et al. 1984, Hunter et al. 1989, Cooke 
et al. 1990, Ma et al. 1991, Nickleson and West 1996, Swiergosz-Kowalewska et al. 2005). Shore 
(1995), using published data, has taken this approach further and shown, for cadmium in kidney and 
liver tissue, that interspecific relationships occur between shrews, voles and mice in the same habitat 
such that the cadmium residues in any one species could be predicted from the values for one of the 
other species. Such interspecific extrapolation if combined with the knowledge of the kidney or liver 
critical concentrations for a species, especially for population parameters like impaired reproductive 
success, would be a powerful risk assessment tool for a rare or declining species. 

In an analysis of published field studies, Shore and Douben (1994) showed a signifi cant positive 
relationship (regression) between the calculated cadmium dose (daily intake) and cadmium residue 
magnitude in kidney and liver for field voles and shrews but not for wood mice. In a recent study of 
mine sites in Wales and Ireland there was no relationship between estimated dietary intakes of cad
mium and kidney or liver concentrations in wood mice (Milton et al. 2004). An explanation is that 
the estimation of diet of wood mice in the field is probably more difficult than for shrews or voles 
especially as wood mice are likely to be less granivorous and more strongly omnivorous, selecting a 
wide variety of food items that vary in cadmium content, in disturbed and contaminated grassland 
ecosystems where the productivity is low. However, there is also evidence from a laboratory experi
ment with captive wood mice that there can be a surprisingly wide variation in cadmium absorption 
and accumulation in kidney and liver from feeding on a relatively uniform diet (Walker et al. 2002). 
These intraspecific differences in cadmium absorption could have a genetic basis, possible via dif
ferences in inducible tissue MT, and be applicable to most species of small mammals that have a 
relatively high level of genetic variation. 

The long biological half-lives of cadmium in the kidney and liver mean that cadmium tissue 
concentrations do depend on the age of the animal and so are dependent on both dose and the dura
tion of exposure. Age accumulation has been demonstrated in field-caught animals by comparing 
the often large significant differences in the kidney and liver cadmium concentrations between 
juveniles and adults, for example, for the greater white toothed shrew Crocidura russula (Sanchez-
Chardi and Nadal 2007) and for S. araneus and S. minutus (Read and Martin 1993, Ma and Talmage 
2001). It has been also been inferred by a significant positive relationship between body weight and 
kidney or liver concentration within a population sample, for example, for S. araneus (Hunter et al. 
1989) and Clethronomys glareolus (Milton et al. 2003), and between total body burden (TBB) and 
body weight, for example, for the shrew, Blarina brevicauda (Schlesinger and Potter 1974); and 
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for S. araneus, M. agrestis, and A. sylvaticus from a reference site and a restored mine site (Cooke 
et al. 1990). A few studies have aged the animals into year classes. For moles who live for about 4 
years, Komarnicki (2000) was able to show an increase of 12 mg/kg dry weight per year in kidney 
cadmium. In badgers tooth wear was used to determine age and significant increases in kidney cad
mium were shown with age leading to substantial concentrations in 5-year-old females with a mean 
kidney concentration of 203 mg/kg dry weight (Van den Brink and Ma 1998). 

The relation between age and cadmium concentrations must be recognized when interpreting tis
sue concentrations, such as those given in Table 19.2, where sample populations were not separated 
into age groups. Further, age accumulation of cadmium could have significant ecotoxicological con
sequences: for predators who preferentially take adult prey (Walker et al. 2002); and for breeding 
success where this depends on older mature animals who territorially exclude young animals from 
breeding (Van den Brink and Ma 1998). 

The absorption and retention of cadmium is clearly dose and duration dependent in wild small 
mammals. In young animals in the majority of contaminated sites, cadmium in the diet will be 
gradually accumulated in the kidney and liver and the majority of the total absorbed body burden 
will be in these two organs. It should be noted that the gut and its contents may make up a consid
erable percentage of the cadmium TBB available to a predator especially in a young juvenile prey 
animal; however, very little of this gut cadmium is likely to be absorbed and bound in the intestinal 
mucosa (Walker et al. 2002). Thus of the absorbed cadmium the kidney will have higher concentra
tions than does the liver and can be regarded as the critical target organ. However, this may change 
with very high doses of dietary cadmium, with kidney concentrations tending to reach a plateau 
level with the liver concentrations still increasing. It has been shown in field-caught shrews (S. 
araneus) that, with increasing TBBs of cadmium, the kidney/liver concentration ratios decrease, 
because the proportion of the body burden in the kidney decreases while the proportion in the liver 
increases as the TBB rises (Andrews and Cooke 1984, Hunter et al. 1989, Ma et al. 1991). This has 
been confirmed in feeding trials of a laboratory population of S. araneus fed cadmium chloride-
contaminated diets, where the proportion of the TBB (over the range of 60–400 µg of cadmium) 
declined in the kidney from 17% to 8% and increased in the liver from about 60% to 80% (Dodds-
Smith et al. 1992). Similar experimental findings are available for the laboratory rat and suggest that 
the saturation of the  kidney is a general phenomenon in small mammals (Mitsumori et al. 1998). 

As well as being a response to the magnitude of dietary cadmium, it may be that species differ
ences highlighted in Tables 19.2 and 19.3 reflect differences in the cadmium bioavailability between 
the different components of the diet of different species of small mammals. This is still a diffi cult 
area to review and come to any firm conclusions. Differences in dietary cadmium speciation (e.g., 
metallothionein-bound, bound to other compounds as in ingested soil, or as soluble inorganic cad
mium) could lead to differences both in the tissue levels of cadmium and in the relative tissue distri
bution in relation to the dietary dose of cadmium (Jackson and Alloway 1992, Walker et al. 2002). 
However, the similarities in the tissue levels of cadmium and in the relative distribution between 
the kidney and the liver in field-caught shrews feeding on invertebrates compared with shrews from 
laboratory experiments using cadmium chloride diets might suggest that dose together with basic 
physiological differences in the absorption of cadmium between species are as important as the 
dietary form of cadmium (Dodds-Smith et al. 1992). Further, the dietary levels of Zn, Fe, and Ca 
seem to have a considerable effect on cadmium retention and in laboratory experiments with the 
provision of only marginal nutritional status of these elements, cadmium retention increased by up 
to 10 fold (Reeves and Chaney 2002, 2004). An argument has been made that there is considerably 
higher cadmium accumulation in small mammals when dietary zinc is low and where the zinc/ 
cadmium ratio is significantly lower than the natural ratio in soils and small mammal diets (Brown 
et al. 2002). The very high Cd levels in animals caught near the Cu–Cd Alloy Plant in northern 
England by Hunter et al. (see Tables 19.2 and 19.3) where high cadmium contamination was not 
accompanied by increased zinc contamination, as it is in most other contaminated sites and thus the 
cadmium/zinc ratio is low, is given as an example of this (Brown et al. 2002). 
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19.5 CRITICAL TISSUE CONCENTRATIONS 

It is widely accepted that the kidney is the critical organ in chronic mammalian cadmium toxic
ity in that it has the highest cadmium concentrations and it is the first organ in which damage is 
observed or adverse functional changes start to occur. In humans, one third to one half of the TBB 
of  cadmium may be in the kidney, with the concentration in the cortex being 1.25 times that of the 
whole organ (Friberg et al. 1986). The critical concentration of cadmium in the human kidney cor
tex at which tubular dysfunction and/or morphological kidney changes occur has been given as 200 
mg/kg wet weight (Friberg et al. 1974). This threshold has been re-evaluated using in vivo neutron 
activation analysis and various metabolic models and is thought to remain the best estimate for the 
critical concentration at which renal dysfunction is likely to occur in 10% of the exposed human 
population (Friberg et al. 1986). In reviews of critical cadmium concentrations for renal dysfunc
tion in experimental animals (mainly rats) values between 100 and 200 mg/kg wet weight have 
usually been cited (Fielder and Dale 1983, Nomiyama 1986, WHO 1992a, ATSDR 1999). Many 
experimental studies over 30 years using rats have supported this threshold of 100 mg/kg wet weight 
which equates to about 350 mg/kg on a dry weight basis (e.g., Tohyama et al. 1987, Liu et al. 1998, 
Mitsumori et al. 1998, Noel et al. 2004). 

However, there are other experimental studies on laboratory rats and mice that suggest cad
mium toxicity can be found at lower kidney concentrations. Values as low as 30–60 mg/kg wet 
weight (105–210 mg/kg dry weight) in the rat kidney have been associated with proteinuria 
(Prigge 1978), changes in urinary excretion of trace elements (Chmielnicka et al. 1989), and 
cell necrosis and degenerative changes in the proximal tubules (Itokawa et al. 1978, Aughey 
et al. 1984). At similar kidney concentrations in mice (110–260 mg/kg dry weight) severe tissue 
damage has been shown and although the animals were described by the authors as “outwardly 
healthy,” there were changes in the proximal tubules including cell necrosis, nuclear pyknosis, 
and mitochondrial swelling (Nicholson et al. 1983). These studies have led to a number of authors 
using much lower kidney cadmium values of 100–120 mg/kg dry weight as the critical threshold 
to compare with wildlife mammalian data (e.g., Ma et al. 1991, Shore and Douben 1994). 

It is clearly important in the use of a critical threshold kidney concentration that cadmium-
induced changes are actually indicative of real adverse permanent damage and of signifi cant phys
iological risks of cadmium toxicity. It is certainly the case that the measurement, for example, 
using Proton Nuclear Magnetic Resonance, of early biochemical changes in kidney tissue, such as 
changes in lipid concentrations and cellular acidosis, can be detected at very low tissue cadmium 
concentrations in bank voles (Griffin et al. 2000) and rats (Griffin et al. 2001). However, these 
changes are probably an adaptive tissue response to cadmium rather than the beginning of a toxic 
response leading to physiological (functional) kidney damage (Jones et al. 2007). Further, it is nec
essary to assess whether the magnitude of an adverse effect in a particular study as indicated by a 
biomarker of renal dysfunction (e.g., proteinuria), or even histopathological changes in kidney tis
sue is or is not of suffi cient magnitude to lead to serious physiological dysfunction (ATSDR 1999). 
This perspective needs to be considered when evaluating the studies of cadmium toxicity in fi eld 
studies of wild mammals. For example, in two studies of wild caught bank voles, where Leffl er and 
Nyholm (1996) found increased proteinuria (but not an increase in creatinine clearance) associated 
with about 20 mg/kg dry weight (6 mg/kg wet weight) and Damek-Poprawa and Sawicka-Kapusta 
(2004) observed that the contraction of the proximal tubules occurred at kidney concentrations of 
33 mg/kg dry weight. 

Kidney cadmium levels and pathological injury are strongly affected by dose and duration 
(length of exposure), form of cadmium, and the route of exposure. One challenge with compar
ing subcutaneous injection (e.g., the studies of Chmielnicka et al. 1989 and Nicholson et al. 
1983 above) with oral exposure is that the doses quoted for different exposure routes are not  
comparable in terms of the “absorbed dose,” and the form of the cadmium reaching the liver 
and kidney may be different. Injection circumvents gut absorption and in particular whether 
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cadmium is MT-bound in the tissue of the intestinal tract before it is transported to the kidney. 
This can affect the accumulation and toxic effects of cadmium in the kidney (Ohta et al. 2000, 
Liu et al. 2001). 

If one focuses on longer term experimental studies of cadmium oral exposure, it is necessary 
to distinguish between acute (high dose usually short exposure) and chronic (lower dose with 
longer exposure). The magnitude of the dose can affect the toxicokinetics of absorption, storage, 
accumulation and toxic effects, for example, through the effects on the inducibility and rates of 
synthesis of metallothionein. A long-term experiment (60 weeks) using oral administration by 
Ohta et al. (2000), showed that with relatively low doses (2–10 mg/kg) more cadmium accumu
lated in the kidney than the high dose groups (20–60 mg/kg) where more accumulated in the 
liver. Further, in the high dose group renal dysfunction (proteinuria) was associated with kidney 
values of 30–60 mg/kg wet weight whereas there was no renal injury in the 2 mg/kg dose group 
with cadmium concentrations of over 120 mg/kg wet weight. The high dose groups also showed 
liver damage and a decrease in femur bone mineral density. Thus, it can be concluded that the 
rate of cadmium accumulation, and the cadmium saturation of, and subsequent release from, the 
intestinal mucosa, affect the distribution to and accumulation in the kidney, and the mechanisms 
of toxicity. 

In one of the most comprehensive electron microscopy studies of wild animals, S. araneus 
from a polluted smelter site exhibited widespread kidney and liver damage (Hunter et al. 1984). 
Over the range of 150–560 mg/kg dry weight in the kidney, the degree of ultrastructural damage 
in proximal tubule cells, including enlargement of apical cytoplasmic vesicles and scattered cell 
necrosis, was found to correlate with the tissue concentration of cadmium. Limited glomeru
lar damage also occurred throughout the full age range of the population; that is, this damage 
did not correlate with the kidney concentration. Corresponding liver concentrations of cadmium 
(300–1000 mg/kg) were associated with damage to hepatocytes that showed disrupted rough  
endoplasmic reticulum, swollen mitochondria, dilation of the smooth endoplasmic reticulum, and 
invagination of nuclei. Hepatocytes from adults contained numerous electron-dense cytoplas
mic inclusion bodies with much of the cadmium bound to metallothionein (Hunter et al. 1984). 
Notwithstanding the tissue damage to both kidneys and liver, no evidence for clinical renal dys
function could be found from analysis of urine, and the animals were seemingly in good condi
tion when caught in the field (Hunter 1984). This was confi rmed by experiments, which showed 
that kidney concentrations of 1000 mg/kg could be found with no adverse effects (Dodds-Smith 
et al. 1992). Thus, as shown in Tables 19.2 and 19.3, although shrews and other insectivorous spe
cies, such as the moles (Talpidae), often have the highest exposure to cadmium they are able to 
tolerate very high concentrations of cadmium in their kidneys and livers and may not be at the 
greatest toxicological risk. 

Having considered the difficulties in assessing what are the significant physiological risks of 
cadmium to the health of the animal the next fundamental consideration is understanding whether 
kidney damage (and that to liver and other tissues) is related to ecological fitness. The kidney does 
have spare functional capacity, and its regenerative capacity is great (Nicholson and Osborn 1983). 
Similarly, cadmium-induced proteinuria, although it may persist throughout life, may be a condition 
that can be tolerated and is not necessarily indicative of progression to a more serious condition, 
such as renal failure. However, it can be argued with equal validity that tissue damage in wild small 
mammals subject to predation, food shortages and marginal nutrition, low temperatures, etc., can 
be of much greater significance than equivalent damage in relatively inactive, disease-free, well-fed 
laboratory rodents. Because of these uncertainties, it has been concluded, in terms of environmental 
exposure, that cadmium is an element “looking for a disease to cause” (Davies 1992) and that “there 
has been a tendency in the ecotoxicological literature to exaggerate the toxicity of cadmium” (Beyer 
2000). 

If one summarizes the complex dose–effect aspects of cadmium accumulation in the kidney, it 
would seem that at chronic doses commonly encountered by wild small mammals in contaminated 
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habitats say up to about 10 mg/kg body weight, then because of the normal toxicodynamics, renal 
accumulation will dominate and the previously proposed critical limits of serious adverse effects 
would seem to still be appropriate (Cooke and Johnson 1996). Thus, 100 mg of cadmium per kilo
gram wet weight or 350 mg of cadmium per kilogram dry weight in the whole kidney is taken as 
an appropriate critical cadmium concentration for serious adverse effects in wild small mammals. 
However, at higher doses (which might be regarded as high chronic or subacute dose) and higher 
rates of absorption, serious nephrotoxicity can occur at lower kidney cadmium concentrations. Here 
the critical limits which have commonly been quoted in the range of 30–60 mg/kg wet weight 
and 105–210 mg/kg dry weight may be appropriate. In this latter situation the ratio of kidney/liver 
cadmium concentrations will be lower and generally less than 1. This latter range would also char
acterize the band of tissue concentrations where wild small mammals receiving a chronic long-term 
dose would show less serious (ATSDR 1999) adverse toxic effects which generally do not affect 
survivorship or reproduction. 

Summary 

Cadmium is a widespread element in the environment, but at low concentrations. Increased 
cadmium in terrestrial habitats of small mammals is largely derived from anthropogenic 
sources including atmospheric deposition, the application of phosphatic fertilizers and sew
age sludges to land, and disused mine waste. Field studies have shown that cadmium, whether 
derived from the atmosphere or soil, is commonly found in most biotic components within a 
terrestrial ecosystem. 

Concentrations measured in wild small mammals caught in contaminated sites show  elevated 
cadmium in many tissues and organs, but most of the body burden is in the kidney and liver. 
Kidney concentrations ranged up to 70 mg of cadmium per kilogram dry weight in mice and 89 
mg/kg in voles where the corresponding liver values were 19 and 23 mg/kg dry weight respec
tively. In shrews, kidney values were higher ranging up to 250 mg of cadmium per kilogram dry 
weight and liver concentrations were higher than kidney ranging up to 578 mg of cadmium per 
kilogram. This pattern of organ accumulation in shrews can be explained by the high dietary 
exposure because of food chain accumulation, higher absorbed dose, and the  saturation of the 
kidney as the primary site of accumulation and the subsequent increase in liver concentration. 
Shrews would seem to be high cadmium accumulators without serious symptoms of cadmium 
toxicity. 

Using primarily laboratory experiments with rats, mice, captive wild species, at chronic oral 
doses equivalent to those encountered by wild small mammals in contaminated habitats, 100 
mg of cadmium per kilogram wet weight or 350 mg of cadmium per kilogram dry weight could 
be considered as the critical kidney concentration on a whole-organ basis for serious adverse 
effects that can effect survivorship and ecological fitness. However, at higher (subacute) cad
mium doses serious nephrotoxicity can occur at lower kidney cadmium concentrations. Here, 
critical limits in the range of 30–60 mg/kg wet weight and 105–210 mg/kg dry weight may be 
more appropriate. This latter range also characterizes the band of critical kidney cadmium con
centrations where wild small mammals receiving chronic oral doses typical of contaminated 
habitats, show less serious adverse biochemical and physiological effects including renal tubule 
damage and proteinuria. 
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20.1 INTRODUCTION 

Cadmium is a toxic metal with no known nutritional value. In the northern hemisphere cadmium 
emissions to the atmosphere rose steeply following the onset of the Industrial Revolution and 
peaked during the 1960s and 1970s. By the 1990s cadmium emissions had declined to about one-
half of peak values (Boutron 1995). Human activities were estimated to contribute 2.3 times more 
cadmium to the atmosphere than natural emissions by the mid-1990s (Pacyna and Pacyna 2001). 
Moreover, the anthropogenic inputs of cadmium into the aquatic environment were estimated to 
greatly exceed those into the atmosphere (Nriagu and Pacyna 1988). 

Despite recent declines in anthropogenic cadmium releases, human activities continue to con
tribute to cadmium pollution at local and regional scales (Rice 1999, Müller et al. 2000, Mahler 
et al. 2006). Consequently, cadmium levels are often higher in biota near heavily urbanized and 
industrialized sites or near sites with historical evidence of mining pollution than in biota in more 
pristine areas (Schmitt and Brumbaugh 1990, Beyer and Storm 1995, Blus et al. 1995, García-
Fernández et al. 1996, Besser et al. 2007, Peltier et al. 2008). 

Birds accumulate cadmium in their tissues, primarily through their diets (Scheuhammer 1987, 
García-Fernández et al. 1995, Burger 2008). Thus, there is concern that environmental cadmium 

645 



 

 

 

 

  

 

  

 
 

646 Environmental Contaminants in Biota 

pollution could result in avian exposure to potentially toxic levels of the element (Anderson and 
Van Hook, Jr. 1973, Bryan and Langston 1992). That concern has created a need for assessment of 
the toxicological risk that cadmium poses to birds. One approach to assessing risk from cadmium 
exposure is to identify critical tissue thresholds as determined in laboratory and field studies and to 
relate such concentrations to those known to occur in free-living birds. 

In an earlier edition of this book, Furness (1996) reviewed the relationships between tissue 
cadmium concentrations and toxic effects in birds to identify critical tissue thresholds. He suggested 
that 40 mg/kg in liver or 100 mg/kg in kidneys (wet weight) should be considered tentative thresh
old concentrations and further indicated that such thresholds could be higher for pelagic seabirds. 
Our purpose is to update Furness’ work by reviewing the older literature together with more recent 
research that has appeared since 1996. The following major topics are considered in the chapter: 
uptake and elimination, metallothionein (MT) induction, tissue distribution and accumulation, toxic 
effects and relationships between tissue concentrations and toxic effects. 

20.2 UPTAKE AND ELIMINATION 

Absorption of cadmium via the respiratory route (7–40%) is higher than intestinal absorption 
(<1–7%) the latter of which is dose-dependent with greater proportions being absorbed at higher 
doses (Sell 1975, Koo et al. 1978, Friberg et al. 1986, Scheuhammer 1988). Although cadmium is 
more effectively taken up via the respiratory route than via the diet, inhalation is unimportant in 
contributing to cadmium body burdens in free-living animals except possibly in areas of severe air 
pollution (Blanco et al. 2003, Burger 2008). 

Dietary essential elements and micronutrients affect intestinal absorption of cadmium. For exam
ple, low levels of dietary calcium enhanced intestinal uptake of cadmium (Koo et al. 1978) which 
could explain why higher levels of cadmium were found in kidneys and livers of birds on low-calcium 
diets than of birds on high-calcium diets (Silver and Nudds 1995, Scheuhammer 1996). Cholecalciferol 
supplementation and low levels of dietary phosphorus were reported to increase cadmium absorption 
(Koo et al. 1978) while iron (II) and ascorbic acid supplementation decreased cadmium absorption 
(Fox et al. 1980). Maintenance of moderate iron stores appears to be important in minimizing cad
mium absorption. The effect of ascorbic acid on cadmium absorption may depend primarily on its 
influence in improving iron absorption (Fox et al. 1980). Cadmium uptake was inversely proportional 
to dietary zinc concentration (Fox et al. 1984, McKenna et al. 1992) while copper- and iron-defi cient 
diets increased cadmium levels in kidney, presumably due to effects of deficiencies of these essential 
elements on cadmium absorption in the small intestine (Fox et al. 1984). 

Once absorbed, cadmium enters the bloodstream bound to high or low molecular weight proteins 
and is transported to the two main organs in which it is stored, the liver and the kidneys where it 
binds mainly with MT (Friberg et al. 1986). Radiolabeled 109Cd was not detected in blood of laying 
hens (Gallus domesticus) later than 48 h after injection, indicating the rapidity with which cad
mium is removed from circulation (Sell 1975). In ducks that had originally received various levels 
of dietary cadmium for 90 days, blood concentrations of cadmium declined by 15–70% following a 
period of 30 days on a “clean” diet (White and Finley 1978). 

After being deposited in kidneys, cadmium is eliminated very slowly. Cadmium levels in kidneys, 
liver, and gonads of ducks that had been fed diets containing various levels of cadmium for 90 days, 
did not decline following a 30-day period on a “clean” diet (White and Finley 1978). The whole-
body half-life of cadmium in adult chipping sparrows (Spizella passerina) was 99 days, a period 
that was judged to be sufficiently long as to allow for accumulation of cadmium to levels exceeding 
those in the diet (Anderson and Van Hook, Jr. 1973). In contrast, the half-life of cadmium was only 
30 days in kidneys of ducklings that had been fed diets containing toxic levels of cadmium (Mayack 
et al. 1981). However, those authors speculated that the relatively rapid rate of cadmium elimination 
was likely the result of cadmium-induced kidney damage, which may have allowed cadmium to be 
excreted as a low-molecular weight protein complex. The major route of elimination of ingested 
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cadmium is by gut clearance (Anderson and Van Hook, Jr. 1973). Feather growth, uropygial gland 
and, in seabirds, salt gland secretions are routes of elimination of absorbed cadmium (Burger 1993, 
Pilastro et al. 1993, Bennett et al. 2000, Burger et al. 2000). Eggs are not considered to be an  
important source of cadmium elimination (Sell 1975, White and Finley 1978, Sato et al. 1997). The 
importance of urinary excretion has not been examined in birds. 

20.3 METALLOTHIONEIN INDUCTION 

MTs are low molecular weight (~6500 daltons), cysteine-rich metal-binding proteins, fi rst identifi ed 
as Cd/Zn-binding proteins in horse kidney tissue (Margoshes and Vallee 1957, Kagi and Vallee 
1960), and later shown to be synthesized in a number of tissues by a wide variety of animals, both 
vertebrate and invertebrate (Chatterjee and Maiti 1990). The synthesis of MT can be induced in 
tissues (especially liver and kidney) by exposure to metals, the most effective inducers being the 
essential trace metals zinc and copper, and the nonessential metals cadmium and (inorganic) mer
cury. MT functions in the normal storage, distribution, and metabolic activity of zinc and copper 
(Carpene et al. 2007) and also serves to protect cells from the damaging effects of cadmium by 
binding cadmium in a stable complex with a long biological half-life (Klaassen et al. 1999). In birds 
(and mammals), a majority of the body burden of cadmium is localized in the liver and kidneys 
bound to MT; and the long biological half-life of the Cd–MT complex largely accounts for the 
often-reported tendency for cadmium to accumulate with age. Scheuhammer and Templeton (1990) 
compared liver and kidney of ring doves (Streptopelia risoria) with respect to MT production in 
response to chronic, environmentally realistic dietary cadmium exposure, reporting that kidney 
was apparently only 35% as responsive as liver to tissue-cadmium accumulation. However, when all 
potentially relevant metals (Cd + Zn + Cu) were taken into account, liver and kidney were found to 
be almost equally responsive to dietary cadmium accumulation. The apparently greater responsive
ness of liver was due to a greater coaccumulation of zinc with cadmium in liver, which was associ
ated with additional MT synthesis, compared to kidney. 

The kidney is widely recognized as the major target organ of chronic cadmium exposure and 
accumulation. As cadmium is taken up by the kidney, it induces the synthesis of renal MT to 
which it subsequently binds; through time, cadmium and MT concentrations of the renal cortex 
increase. Bound to cytosolic MT, intracellular cadmium is rendered largely nontoxic; however, 
as cadmium and MT concentrations continue to increase, a threshold is reached above which 
the ability of MT to protect cells against cadmium toxicity declines, and nephropathy character
ized by proximal tubular necrosis, proteinuria, increased urinary cadmium, decreased kidney-
cadmium, and the appearance of MT in plasma occurs. Although there is uncertainty regarding 
the levels of cadmium and MT that are associated with a commencement of toxicity (see Section 
20.15), without the presence of MT, toxic thresholds would almost certainly be achieved at much 
lower levels of tissue cadmium. Klaassen et al. (1999) suggested that approximately 7% of the 
human population currently has some degree of renal dysfunction from cadmium exposure; thus, 
if humans did not synthesize MT, normal dietary cadmium exposure would be suffi ciently high 
to be nephrotoxic for a large proportion of the human population. The same conclusion can prob
ably be made for numerous wild bird species, some of which demonstrate quite elevated kidney 
cadmium concentrations. 

MT concentrations have been measured in livers and/or kidneys of at least 19 free-living avian 
species, primarily sea birds and sea ducks but also one terrestrial passerine species, the Great 
Tit (Parus major) (Elliott et al. 1992, Stewart et al. 1996, Elliott and Scheuhammer 1997, Trust 
et al. 2000, Debacker et al. 2001, Barjaktarovic et al. 2002, Braune and Scheuhammer 2008, 
Vanparys et al. 2008). In virtually all of these studies, renal concentrations of cadmium and MT 
were positively and significantly correlated, although sometimes, consistent with Scheuhammer and 
Templeton (1990), the correlation with MT was improved by accounting for all MT-inducing metals 
(Cd + Zn + Cu) rather than cadmium alone (e.g., Trust et al. 2000). 
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Based on the known protective role of MT against cadmium toxicity, it might be asked, for stud
ies on wild birds where both cadmium and MT were reported, whether measured MT concentrations 
were generally sufficient to bind all the cadmium, and thus protect the tissue from toxicity. In vivo, 
vertebrate MTs typically bind metals in two clusters, one mol MT binding a total of 7 g-atoms metal 
in a 4-metal α-cluster, plus a 3-metal β-cluster (Furey et al. 1986); thus, a theoretical maximum 
of 7 g-atoms cadmium can be sequestered per mol MT. However, native MTs are usually hetero
geneous in metal composition, with zinc, cadmium, and copper occurring in varying proportions. 
In ring doves chronically exposed to different levels of dietary cadmium, approximately 0.5 µmol 
zinc and 0.3 µmol copper are accumulated in kidney tissue per µmol cadmium (Scheuhammer and 
Templeton 1990); and Braune and Scheuhammer (2008) reported that both cadmium and zinc con
centrations were positively correlated with MT in kidneys of Arctic seabirds. In mixed Cd/Zn-MT, 
the 4-metal α-cluster is generally considered to be an obligate Zn-containing cluster. Thus, it is  
probably incorrect to assume that MT synthesized in response to cadmium exposure in vivo will be 
fully saturated with cadmium; it is more likely that a maximum of 4–5 g-atoms cadmium will be 
sequestered per mol MT in free-living birds exposed to dietary cadmium, with other binding sites 
occupied by zinc and/or copper. The highest concentrations of cadmium and MT reported in indi
vidual free-living seabirds (Leach’s storm petrel (Oceanodroma leucorhoa), thick-billed murre, and 
black-legged kittiwake (Elliott et al. 1992, Braune and Scheuhammer 2008) were approximately 
75–100 and 1000–1500 µg/g, respectively. On a molar basis, these concentrations correspond to 
an average of about 3–4 g-atoms Cd per mol MT, indicating sufficient MT for full sequestration of 
accumulated intracellular cadmium and little expectation of renal toxicity at these, or lower, con
centrations of cadmium. 

20.4 TISSUE DISTRIBUTION AND ACCUMULATION 

Throughout this chapter, cadmium concentrations are presented on a wet weight basis unless oth
erwise indicated, following Furness (1996). When literature values were reported on a dry weight 
basis, we converted them to approximate wet weight values using mean values for tissue moisture 
content that were provided by the cited publications. Alternatively, when publications did not pro
vide moisture contents, we used mean tissue moisture contents from Scanlon (1982). 

Liver and kidneys account for approximately 67–97% of the total body burden of cadmium in 
birds (White and Finley 1978, Scheuhammer 1987, García-Fernández et al. 1996, Nam et al. 2005) 
while feathers contain 1–28% of the body burden (Burger 1993, Agusa et al. 2005, Nam et al. 2005). 
However, concentrations of cadmium in feathers are likely affected not only by internal biological 
sequestering but also by external contamination (see later). The latter source would lead to infl ated 
estimates of the proportion of the body burden in feathers. Concentrations of cadmium are normally 
greatest in kidney. Mean cadmium concentrations in liver ranged from only 10% to 70% of those in 
kidney, while mean concentrations in pancreas and gonads ranged from only 13% to 23% and from 
8% to 17%, respectively, of those in kidney. Most other tissues including brain, muscle, blood, feath
ers, and eggs contained very low, sometimes nondetectable, levels of cadmium (Osborn et al. 1979, 
Hutton 1981, Burger and Gochfeld 1996, García-Fernández et al. 1996, Kim et al. 1998, Mora 2003, 
Nam et al. 2005, Orlowski et al. 2007). 

High exposure to cadmium can impair the reabsorption capability of kidneys, resulting in excre
tion of cadmium and a consequent decrease in kidney cadmium concentration (Friberg et al. 1986). 
After cadmium-induced renal toxicity has occurred, concentrations of cadmium in kidneys decline, 
and concentrations in liver may exceed those in kidney (Hughes et al. 2000). 

Liver and kidneys are the two organs most frequently used for monitoring cadmium levels in free-
living birds probably because they account for most of the cadmium body burden. Liver was consid
ered to be a better indicator of chronic cadmium exposure than kidneys because the cadmium content 
of the liver is relatively stable and resistant to the toxic effects of cadmium, unlike the kidneys in which 
cadmium concentrations decline after the production of renal tubular dysfunction (Scheuhammer 
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1987). However, Scheuhammer (1987) further indicated that kidneys should provide a superior sample 
for monitoring cadmium exposure in bird populations characterized by background exposure to cad
mium in which renal toxicity is unlikely. Renal and hepatic cadmium levels are highly correlated 
(Figure 20.1), suggesting that in many instances, either organ would suffice for monitoring. 

Feathers are often used as a nondestructive means of assessing relative cadmium exposure in 
wild birds. Concentrations in feathers have sometimes been correlated with those in kidneys or liver 
(Pilastro et al. 1993, Agusa et al. 2005) although such correlations were not found in other stud
ies (Stock et al. 1989, Nam et al. 2005, Orlowski et al. 2007). While Goede and de Voogt (1985) 
considered feathers to be of dubious value for monitoring exposure to cadmium, Burger (1993) con
cluded that cadmium is likely sequestered to growing feathers from internal sources, and therefore 
feathers are useful for monitoring cadmium levels in birds (assuming a minimal degree of external 
feather contamination). Some of the cadmium in feathers were reported to originate from uropygial 
gland secretions, which were transferred to feathers during preening (Pilastro et al. 1993). However, 
Dauwe et al. (2003) and Jaspers et al. (2004) concluded that external contamination is the dominant 
source of cadmium in feathers while Ek et al. (2004) reported that cadmium is primarily seques
tered from internal sources with a few externally attached particles of high concentration. Thus, 
despite the wide use of feathers in monitoring studies, uncertainty continues to exist about their 
value for accurately assessing cadmium exposure in birds. 

Blood has been used to assess cadmium exposure in birds. Levels of cadmium in blood refl ect 
recent dietary exposure whereas levels in kidneys and liver integrate chronic exposure (Friberg 
et al. 1986). Nevertheless, blood cadmium levels were correlated with levels in liver or kidneys 
both within and among species of birds (García-Fernández et al. 1995, 1996, Wayland et al. 2001a). 
Furthermore, blood cadmium levels increased in a dose-dependent manner in birds chronically 
exposed to various levels of cadmium in their diets (White and Finley 1978, Świergosz and Kowalska 
2000). Together, these lines of evidence indicate that blood is a valid medium for assessing cad
mium exposure in birds. A major difficulty with using blood has been that concentrations of cad
mium in blood are often below the detection limits of standard analytical methods. However, this 
problem is not insurmountable as more sensitive analytical methods have been developed (Stoeppler 
and Brandt 1980, García-Fernández et al. 1995). 

Cadmium concentrations in tissues of wild birds vary widely according to ecosystem use, diet, 
age, and physiological status. The highest levels of cadmium in kidneys and livers were found in 
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FIGURE 20.1 Correlation between concentrations of cadmium in kidney and liver based on mean or median 
values for individual species from studies shown in Table 20.1. 



 

 
 

 

 

 
 

 

 

 

650 Environmental Contaminants in Biota 

TABLE 20.1 
Summary of Background Cadmium Concentrations (µg/g wet wt.) in 
Livers and Kidneys of Birds According to Habitat Typea 

Habitat Kidney Liver 

Terrestrial 0.4 (0.02–57.2), 26 0.1 (0.1–9.3), 43 

Freshwaterb 0.4 (0.1–4.9), 19 0.1 (0–7.6), 27 

Shoreline 1.1 (0.1–7.8), 17 1.5 (0–3.5), 6 

Marine-coastal 12.7 (0.2–79.8), 57 2.9 (0.1–17.1), 71 

Marine-pelagic 31.3 (1.2–137.0), 110 8.2 (0.4–42.5), 129 

Note: Values are medians (ranges) and sample sizes for individual species and age class 
(adult, subadult, juvenile—where age class data were available) mean or median values 
from 30 studies. 

a Bull et al. 1977, Osborn et al. 1979, Hutton 1981, Muirhead and Furness 1988, Stock et al. 
1989, Honda et al. 1990, Henny et al. 1991, 1995, Ohlendorf et al. 1991, Elliott et al. 1992, 
Lock et al. 1992, García-Fernández et al. 1995, Dietz et al. 1996, Elliott and Scheuhammer 
1997, Kim et al. 1998, Trust et al. 2000, Wayland et al. 2001b, Barjaktarovic et al. 2002, 
Mochizuki et al. 2002, Stoudt et al. 2002, Savinov et al. 2003, Braune and Simon 2004, 
Campbell et al. 2005, Alleva et al. 2006, Pedersen et al. 2006, Horai et al. 2007, Rodrigue 
et al. 2007, Teraoka et al. 2007, Braune and Scheuhammer 2008, Braune and Noble 2009. 

b Refers to species that primarily use freshwater habitats, although they may use estuarine or 
coastal habitats during the winter. 

pelagic seabirds and the lowest in terrestrial birds (Table 20.1). Coastal birds also contained rela
tively high levels of cadmium while shorebirds and species that use primarily freshwater habitats, 
including piscivores, contained lower concentrations than coastal birds and seabirds but slightly 
higher concentrations than terrestrial birds . Diet is probably one of the two most important determi
nants of cadmium levels in birds, the other being the age of the birds. Certain marine invertebrates, 
such as hyperiid amphipods and sea-skaters (Halobates), have been shown to contain high (~10–40 
µg/g dry weight) concentrations of cadmium (Macdonald and Sprague 1988, Schulz-Baldes 1989). 
Among adult seabirds, insectivores such as albatrosses, petrels, and storm-petrels tended to have the 
highest levels of cadmium, sometimes exceeding 100 µg/g in kidney and 25 µg/g in liver. Seabirds 
that eat mollusks or fish or that scavenge other species of marine birds and mammals tended to have 
lower, but nevertheless elevated (compared with most terrestrial species) levels of cadmium in their 
kidneys and livers. In the Canadian Arctic, the highest renal cadmium concentrations were found 
in an individual thick-billed murre (Uria lomvia) (108 µg/g) and an individual black-legged kitti
wake (Rissa tridactyla) (102 µg/g) (Braune and Scheuhammer 2008). While most terrestrial species 
contain low levels of cadmium (<2 µg/g), a notable exception is the willow ptarmigan (Lagopus 
lagopus) in which mean renal and hepatic levels of up to 57 and 9 µg/g, respectively, have been 
reported (Pedersen et al. 2006, Rodrigue et al. 2007). Willow, a cadmium-accumulating plant spe
cies, is the major food eaten by willow ptarmigan (Rodrigue et al. 2007). In blood, cadmium levels 
varied according to geographical location (González-Solís et al. 2002, Wayland et al. 2008a) and 
diet (García-Fernández et al. 1995, Burger and Gochfeld 1997). Cadmium levels in blood samples of 
wild birds are normally <50 ng/mL (García-Fernández et al. 1995, Thompson and Dowding 1999, 
Wayland et al. 2001a, 2008b, Martínez-López et al. 2005, Finkelstein et al. 2007, Tsipoura et al. 
2008), although in some instances concentrations as high as 990 ng/mL were reported (Burger and 
Gochfeld 1997, Wilson et al. 2004). 

Age is an important determinant of cadmium levels in birds. Prefledged birds have very low 
levels of cadmium in their tissues. Renal and hepatic cadmium levels increased during the fi rst 
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year of life in willow ptarmigan and tended to level off after that (Myklebust and Pedersen 1999). 
Renal cadmium levels were approximately 2–30 times higher in adult birds than in hatch-year birds 
(Hutton 1981, Blomqvist et al. 1987, Stock et al. 1989, Henny et al. 1991, Stewart et al. 1994, Trust 
et al. 2000, Kojadinovic et al. 2007, Orlowski et al. 2007, Rodrigue et al. 2007, Braune and Noble 
2009). In a high cadmium environment, adult white-tailed ptarmigan (Lagopus leucurus) accumu
lated cadmium to levels that were approximately 100-fold higher than those in immatures (Larison 
et al. 2000). Higher levels of cadmium have been reported in adults than in subadults of some spe
cies (Hutton 1981, García-Fernández et al. 1995, Larison et al. 2000, Trust et al. 2000, Nam et al. 
2005), but not others (Blomqvist et al. 1987, Stock et al. 1989). While some studies have reported 
continued accumulation of renal, hepatic, or muscle cadmium with age in known-age adult birds 
(Hutton 1981, Donaldson et al. 1997, Larison et al. 2000), other studies found no such relationships 
(Stewart and Furness 1998, Agusa et al. 2005). In blood samples, cadmium levels were reported to 
be higher in adults than in immatures (García-Fernández et al. 1996) while there was no relation
ship between cadmium levels and age of known-age adult birds (González-Solís et al. 2002). 

Body condition and physiological status also influence levels of cadmium in tissues of wild birds. 
Renal and hepatic cadmium levels increased by a factor of 1.3–2.2 between the prebreeding and nest
ing periods in common guillemots (Uria aalge) and common eiders (Somateria mollissima) (Stewart 
et al. 1994, Wayland et al. 2005). Following moult, cadmium levels in common guillemots declined 
to about one-half of levels recorded during the nesting period (Stewart et al. 1994). Such changes may 
be related to normal patterns of seasonal change in lipid and protein content of organs (Osborn 1979) 
or possibly to changes in diet or availability of MT-binding sites (Stewart et al. 1994). 

20.5 TOXIC EFFECTS 

We were unable to find reports of acute cadmium poisoning of wild birds in the scientifi c literature. 
In humans, most acute poisoning cases have resulted from inhalation of cadmium dust in industrial 
settings (Hammond and Beliles 1980), a scenario that would be extremely unlikely to occur in wild 
birds. Instead, it is the chronic dietary exposure of birds to cadmium that, if sufficiently elevated, has 
the potential to harm their health and fi tness. Although the kidney has long been thought to be the 
primary target of cadmium accumulation and toxicity in vertebrates, a number of other physiologi
cal systems may also be at risk. Below, we describe the various toxic effects of cadmium reported in 
birds. We then summarize relationships between toxic effects and tissue cadmium concentrations. 

20.6 INTESTINAL DAMAGE AND NUTRIENT UPTAKE 

Quail (Coturnix coturnix japonica) chicks fed cadmium at 75 µg/g in their diets had dilated and 
thin-walled small intestines similar to those observed in cases of human malabsorption syndrome. 
Villi were short and thickened with evidence of damage to absorptive cells (Richardson and Fox 
1974). Similarly, Bokori et al. (1996) observed intestinal lesions characterized by enlarged villi and 
mononuclear cell infiltration of the mucosa in chickens fed cadmium at 25 µg/g in their diets for 
274 days beginning at 2 weeks of age. Hughes et al. (2000) reported that ducks treated with both 
salt water and dietary cadmium at 300 µg/g experienced hypertrophy of small intestines. Berzina 
et al. (2007) also observed hypertrophy of small intestines as well as an increase in the number of 
goblet cells and granular lymphocytes in intestinal mucosa of chicks fed a diet containing 50 µg/g 
cadmium for 30 days. 

Cadmium was found to reduce intestinal absorption of some essential elements most commonly 
calcium, zinc, and iron (Freeland and Cousins 1973, Fullmer et al. 1980, Korének et al. 2000). 
In Japanese quail, some of the effects of dietary cadmium exposure resembled iron defi ciency 
(anemia, bone-marrow hyperplasia, and cardiac hypertrophy) or zinc deficiency (testicular hyp
oplasia) (Richardson et al. 1974). Reduced absorption of calcium may have been caused, in part, by 
a decline in concentrations of vitamin D-dependent calcium-binding protein in intestinal mucosa 
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(Fullmer et al. 1980). Whether this effect was related to cadmium-induced cytotoxicity remains 
unclear (Corradino 1979, Fullmer et al. 1980). 

In chickens, cadmium was reported by two studies to impair the secretion of digestive enzymes from 
the pancreas into the small intestine. In the first study, cadmium was fed at four dietary  concentrations 
(control, 75, 300, and 600 µg/g) (Kósa et al. 2004). In the second it was administered at 0.12 mg/day in 
drinking water (Korének et al. 2007). Co-administration of zinc overcame the cadmium effect on tryp
sin and chymotrypsin, suggesting that cadmium may impair absorption of zinc, and/or replace zinc in 
zinc-dependent enzymes, thereby impairing their activity (Korének et al. 2007). Co-administration of 
vitamin D3 reduced the effect of cadmium on chymotrypsin activity, perhaps by enhancing uptake of 
calcium with a consequent reduction in cadmium uptake (Korének et al. 2000). 

20.7 KIDNEY DAMAGE AND VITAMIN D METABOLISM 

The kidney is the primary target for cadmium toxicity. The time required for kidney lesions to 
occur varies according to the dietary cadmium concentration, and other factors such as age. Thus, 
for example, a diet containing 200 µg/g cadmium was required to produce kidney lesions in adult 
mallards within 8 weeks (White et al. 1978), whereas only 20 µg/g dietary cadmium produced 
similar toxic effects in mallard ducklings within 12 weeks (Cain et al. 1983). A hallmark of chronic 
cadmium toxicity is damage to renal proximal tubules. Numerous studies of birds exposed to ele
vated levels of dietary cadmium have reported inflammatory reactions, fibrosis, necrosis, and/or 
proteinaceous and mineralized material in proximal tubules, and some have also reported damage 
to Bowman’s capsule and glomeruli and/or impairment of glomerular filtration rate (White et al. 
1978, Mayack et al. 1981, Cain et al. 1983, Nicholson and Osborn 1983, Prasada-Rao et al. 1989a, 
1989b, Bennett et al. 1993, Bokori et al. 1996, Bennett et al. 2000, Hughes et al. 2000, Larison et al. 
2000, Świergosz and Kowalska 2000). 

Renal tubular damage can lead to renal dysfunction characterized by proteinuria, glycosuria, and 
increased urinary cadmium (Scheuhammer 1987). Furthermore, when proximal tubules are dam
aged, re-uptake of minerals into the bloodstream may decline, thereby reducing their availability 
for essential functions (Friberg et al. 1986, Bennett et al. 2000). Damage to glomeruli reduced the 
glomerular filtration rate, which had adverse consequences for kidney function and osmoregulation 
(Bennett et al. 2000). Proximal tubules are a primary site for conversion of vitamin D3 to its active 
form, 1,25-dihydroxy-vitamin D3. Damage to proximal tubules can impair vitamin D3 metabolism 
(WHO Task Group on Environmental Health Criteria for Cadmium 1992). Such an effect was dem
onstrated in chick kidneys, in vitro (Feldman and Cousins 1973) but not in chicks fed diets con
taining cadmium at 80 µg/g (Fullmer et al. 1980). Thus, whether or not cadmium induced-kidney 
damage impairs vitamin D metabolism in birds, as it does in mammals, remains uncertain. 

20.8 SKELETAL EFFECTS 

In humans and experimental mammals, one of the most serious consequences of excessive cad
mium exposure is the damage caused to bones. Such damage may come in the form of osteomalacia, 
osteoporosis, or osteopenia. These conditions are likely to occur in subjects whose kidneys have 
been damaged by cadmium because such damage enhances excretion of essential minerals like cal
cium and phosphorus and interferes with the synthesis of the active form of vitamin D, a hormone 
that plays a vital role in intestinal absorption of calcium (WHO Task Group on Environmental 
Health Criteria for Cadmium 1992). Cadmium may also affect the metabolism of other calciotropic 
hormones (Brzóska and Moniuszko-Jakoniuk 2005). 

There is little information on the effects of cadmium on bone metabolism in birds. In vitro 
studies on embryonic chick femurs indicated that cadmium increases resorption of calcium and 
phosphorus, inhibits bone matrix formation and decreases bone mineral content (Miyahara et al. 
1980, 1983, Kaji et al. 1988). However, these studies cannot indicate whether cadmium affects bone 
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metabolism in free-living birds indirectly by causing kidney damage and associated changes in 
vitamin D metabolism. This is unfortunate because a study of white-tailed ptarmigan showed that 
calcium content in bones of female birds with renal cadmium levels that were high enough to cause 
kidney damage (≥100 µg/g) averaged 8–10% lower than that in birds whose kidneys contained lower 
levels of cadmium (<100µg/g) (Larison et al. 2000). Furthermore, while the authors did not consider 
that the birds’ ages may have affected bone calcium content independently of cadmium, they postu
lated that the skeletal effects may have contributed to the relatively high mortality rates among adult 
female ptarmigan in the study area. 

20.9 EFFECTS ON OSMOREGULATION 

High salt content of food and drinking water in marine environments represents an osmoregula
tory challenge to seabirds, especially species of sea ducks, which migrate between freshwater and 
salt-water environments. Major organs involved in osmoregulation are kidneys, intestines and, in 
seabirds, salt glands. As mentioned earlier, cadmium caused intestinal hypertrophy, kidney damage, 
and reduced glomerular filtration rate in ducks that were acclimated to salt water over time (Bennett 
et al. 2000, Hughes et al. 2000). Cadmium exposure also produced other signs and symptoms of 
osmoregulatory stress in these birds. Specifically, it increased interstitial fluid space at the expense 
of intracellular fluid, which would be expected to stimulate salt gland secretion; lowered plasma 
osmolality and sodium levels; delayed and raised the threshold for activation of salt gland secretion 
(Bennett et al. 2000); increased mass of salt glands (Hughes et al. 2000); and, during the period of 
salt water acclimation, increased plasma volume relative to packed cell volume and suppressed the 
increase in angiotensin II, a hormone that regulates sodium balance and resists extracellular fl uid 
volume shrinkage (Hughes et al. 2003). These effects were clearly evident at a dietary cadmium 
concentration of 300 µg/g while some, but not all of these effects were also evident at a dietary con
centration of 50 µg/g. Some of these effects were sex-specific. The authors concluded that cadmium 
ingestion caused a redistribution of body water that affected the ability of kidneys and salt glands 
to effectively eliminate excess sodium chloride. However, the relatively high dietary and tissue cad
mium levels at which these effects occurred coupled with the presumed lower salt tolerance of the 
experimental birds compared to wild seabirds created some uncertainty as to the likelihood that 
cadmium exposure poses a significant osmoregulatory challenge in seabirds. 

20.10 EFFECTS ON ENERGY METABOLISM 

Cadmium did not affect body weight of fully grown birds (White et al. 1978, Di Giulio and Scanlon 
1985, Leonzio et al. 1992, Bennett et al. 2000, Congiu et al. 2000), except at the highest doses 
(450 µg/g in diet, Di Giulio and Scanlon 1984; 3 mg/kg body weight by intraperitoneal injection, 
Rahman et al. 2007). In young, growing birds, dietary or aqueous cadmium was reported to reduce 
growth rates or body weight gain in some studies (Richardson et al. 1974, Bokori et al. 1996, 
Świergosz and Kowalska 2000, Erdogan et al. 2005) but not in others (Mayack et al. 1981, Cain et al. 
1983). Differences among these studies in dosing regimes cannot explain the different results. 

While cadmium exposure does not easily induce birds to lose or gain weight, some studies 
reported that it can affect energy metabolism in less obvious ways. Plasma triglyceride levels were 
elevated in Japanese quail fed dietary cadmium at 100 µg/g (Leonzio et al. 1992). In mallards (Anas 
platyrhynchos) that were fed cadmium at 450 µg/g, aldolase activity increased and gluconeogenesis 
was enhanced, the latter as evidenced by increased mass of adrenal glands, total adrenal cortico
sterone, and plasma uric acid concentration. In addition, lipids were mobilized as evidenced by  
an increase in plasma nonesterified fatty acids and a decrease in liver glycogen concentrations 
(Di Giulio and Scanlon 1984). Di Giulio and Scanlon (1985) observed that dietary cadmium at 
50 µg/g enhanced energy drain in starved ducks, suggesting that birds whose access to food is  
restricted may be at greater risk to cadmium exposure than birds with abundant food supplies. 
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20.11 EFFECTS ON REPRODUCTIVE ORGANS AND REPRODUCTION 

Male birds experimentally exposed to cadmium had small or atrophied testes (Richardson et al. 
1974, White et al. 1978, Bokori et al. 1996). Lesions, including minimal germinal cell maturation, 
fibrous tissue and inflammatory cells scattered throughout interstitial tissue, an absence of sperma
tozoa and narrow seminiferous tubules with damaged epithelia were observed (Richardson et al. 
1974, White et al. 1978, Hughes et al. 2000, Świergosz and Kowalska 2000). Spermatogenesis was 
reduced or absent (White et al. 1978, Bokori et al. 1996), semen volume and sperm concentration 
were reduced, sperm cells exhibited morphological abnormalities and the activity of zinc-dependent 
angiotensin converting enzyme (ACE) in sperm cells was reduced by daily intramuscular injections 
of cadmium chloride (Mohan et al. 1990). Cadmium may have replaced zinc in ACE, thus interfer
ing with the enzyme’s role in sperm production. 

It was reported that cadmium damaged the vasculature of hens’ ovaries, resulting in hemor
rhagic necrosis (Nolan and Brown 2000). Although not statistically significant, dietary exposure to 
cadmium at 300 µg/g reduced mean ovary mass to 36% of that in birds fed a control diet (Hughes 
et al. 2000). 

Egg production was reduced in mallards and chickens by relatively high exposure to dietary cad
mium or by intraperitoneal cadmium injection (White and Finley 1978, Leach et al. 1979, Nolan and 
Brown 2000, Rahman et al. 2007). In contrast, exposure to cadmium for 3 months at 1.5 ng/L in drink
ing water did not affect egg production by pheasants (Phasianus colchicus) (Toman et al. 2005). 

Eggshell thinning has been observed in eggs of birds injected with cadmium. Quail experienced 
a transitory decrease in eggshell thickness following a single 0.3 mg/kg body weight intraperitoneal 
injection of cadmium (Rahman et al. 2007). Shell thickness declined by an average of 6% and 12% 
in two experiments in which laying hens were fed a diet containing cadmium at 48 µg/g (Leach 
et al. 1979). However, eggshell thinning was not observed in eggs of ringed doves fed a diet contain
ing 20 µg/g cadmium plus lead and aluminum (Scheuhammer 1996). 

Egg hatchability was unaffected in experiments in which cadmium was provided to birds in their 
diets or in drinking water (Scheuhammer 1996, Toman et al. 2005). Mixed results were obtained 
when cadmium was injected into fertile eggs. Injection of 0.5 ng cadmium as CdSO4 into mallard 
and chicken eggs reduced hatchability by 40–70% compared to vehicle-injected eggs (Kertész and 
Hlubik 2002, Kertész and Fáncsi 2003). In contrast, injections of ≤1.2 µg cadmium did not reduce 
hatchability of chicken eggs but injections of 4.8 and 19.2 µg did (Sato et al. 1997). The value of 
these egg injection studies in interpreting the toxicological significance of cadmium levels in eggs 
of wild birds is questionable since even the higher effect levels were likely similar to those which 
have been recorded in eggs of wild birds with no known reproductive problems (range of concentra
tions from 0.002 to 0.9 µg/g) (Burger 1994). 

20.12 ENDOCRINE DISRUPTION 

Very high dietary cadmium concentrations (450 µg/g for 42 days) suppressed levels of plasma 
 tri-iodothyronine (T3), increased mass of adrenal glands and increased total corticosterone content 
of adrenal glands in mallards, effects that may have been secondary to cadmium-induced alterations 
in energy metabolism in the experimental birds (Di Giulio and Scanlon 1984). Dietary cadmium at 
50 µg/g augmented the decline in plasma T3 levels and the increase in total adrenal corticosterone that 
were attributed to food restriction, suggesting that starved birds may be more sensitive to cadmium 
than well-fed birds (Di Giulio and Scanlon 1985). Decreased T3 levels in chickens were related to a 
cadmium-induced, dose-dependent depression in type-I iodothyronine 5′-monodeiodinase activity, 
which may have resulted from a corresponding increase in the generation of free radicals (Gupta 
et al. 2000). 

Cadmium, injected intraperitoneally at 0.1 mg/kg body weight, was reported to mimic estro
gen function in male Japanese quail, whereas at 10 mg/kg body weight it was reported to suppres 
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estrogen-responsive gene transcription (Rahman et al. 2008). In laying hens fed a diet containing 
cadmium at 153 µg/g, mean vitellogenin and estrogen levels were reduced to 64% and 58%, respec
tively, of levels in birds fed a control diet (Nolan and Brown 2000). 

20.13 ANEMIA 

In chicks fed dietary cadmium at 75 µg/g, intestinal absorption of iron was reduced by an average 
of 39–62% of control values (Freeland and Cousins 1973). Reduced absorption of iron may result 
in lower levels of stored iron in kidneys and livers of birds as demonstrated by several experi
mental studies in which cadmium was fed to birds at dietary levels from 25 to 80 µg/g (Freeland 
and Cousins 1973, Prasada Rao et al. 1989a, Bokori et al. 1996, Świergosz and Kowalska 2000). 
Anemia was observed in birds that were fed cadmium (Jacobs et al. 1969, Richardson et al. 1974, 
Bokori et al. 1996). In immature birds fed cadmium at dietary concentrations ranging from 20 to 
75 µg/g, mean hematocrits ranged from 8% to 48% lower and mean hemoglobin ranged from 6% 
to 25% lower than in controls (Jacobs et al. 1969, Freeland and Cousins 1973, Cain et al. 1983). 
However, the diet containing 20 µg/g reduced hematocrits and hemoglobin in young birds only at 
8 weeks of age but not at 4 or 12 weeks of age (Cain et al. 1983). Hematocrits and/or hemoglobin 
were unaffected in adult birds fed cadmium at levels from 20 to 200 µg/g (White and Finley 1978, 
Scheuhammer 1996). From these studies, it appears that cadmium is more likely to cause anemia in 
immature birds than in fully grown or adult birds. 

20.14 BEHAVIORAL ALTERATIONS 

Behavioral alterations have been observed in birds fed cadmium at relatively low concentrations. 
In a controlled study, 1-week-old ducklings fed a diet containing cadmium at 4 µg/g ran farther 
from a frightening object than did control ducklings or ducklings fed cadmium at 40 µg/g (Heinz 
et al. 1983). It was postulated that the hyper-responsiveness in ducklings fed the lower cadmium 
diet could be just as harmful to birds in the wild as a failure to respond might be. Black ducks 
(Anas rubripes) fed a diet containing 4 µg/g cadmium were significantly more active than ducks on 
a control diet but activity levels quickly returned to normal after cadmium was removed from the 
diet (Silver and Nudds 1995). In 1 of 2 years of the study, the effect of cadmium was heightened in 
birds simultaneously fed low levels of calcium. Free-living, brood-rearing willow ptarmigan dosed 
with cadmium by osmotic minipumps exhibited weaker distraction displays and fl ushed further 
from their broods than saline-dosed birds (Pedersen and Saether 1999). Survival of chicks of the 
cadmium-contaminated birds was lower than that of the saline-treated birds, and the authors sug
gested that cadmium negatively affected the ability of parents to care for their young. 

A physiological mechanism by which cadmium affects behavior has not been elucidated. In 
the case of poor parental behavior it was suggested that cadmium exposure may inhibit prolactin 
secretion (Pedersen and Saether 1999), while in the case of increased activity it was postulated that 
cadmium may alter the secretion or metabolism of catecholamines (Silver and Nudds 1995). Both 
hypotheses are partially supported by in vitro evidence (Winstel and Callahan 1992, Yamagami 
et al. 1994) but we are unaware of in vivo evidence that secretion of prolactin or catecholamines is 
altered in animals exposed to low levels of cadmium. The lack of a unifying, proven explanation as 
to the physiological mechanisms by which low levels of cadmium alter behavior remains a serious 
shortcoming to accepting that such exposure can indeed affect behavioral patterns. 

20.15 ASSOCIATION BETWEEN TISSUE CONCENTRATIONS AND EFFECTS 

Certain aspects of cadmium toxicity should be considered when attempting to relate tissue con
centrations to effects. First, young, growing birds are more sensitive to cadmium than fully grown 
birds (Scheuhammer 1987). Thus, when evaluating tissue concentrations in relation to toxic effects, 



 

 

 

 

 
 

 
 

 
 

 
 

 

   
 

 
 

 
 

 

656 Environmental Contaminants in Biota 

these two age groups should be considered separately. Second, it is not known if sensitivity to cad
mium ranges widely among species. This makes it diffi cult to interpret the results of experimental 
feeding studies, which mostly have used mallards, quail, and chickens, in terms of the likelihood 
of effects on species that accumulate high levels of cadmium in the wild, for example seabirds and 
ptarmigan. Third, the current state of knowledge about cadmium toxicity to birds does not permit 
different endpoints to be confidently ranked according to their relative sensitivity. Fourth, kidneys 
and liver are the two tissues for which there is the most information available to examine tissue 
concentration–effects relationships. Finally, experimental dosing studies, on which much of the  
toxicological information is based, have typically exposed birds to high levels of cadmium for short 
periods of time (weeks to months) and have reported tissue concentrations and effects associated 
with those dosing regimes. It has not been demonstrated whether toxic effects associated with such 
dosing regimes (and resultant tissue concentrations) would also occur under more natural conditions 
in which concentrations in the diet are likely to be substantially lower but high levels of cadmium 
can nevertheless gradually accumulate in tissue because of chronic exposure (years). 

In fully grown birds, the lowest, study-based mean or median renal concentrations at which 
structural/functional damage to tissues, including kidneys, testes, liver, gut, and salt glands, were 
observed ranged from approximately 25 to 178 µg/g (White and Finley 1978, White et al. 1978, 
Nicholson et al. 1983, Prasada Rao et al. 1989a, 1989b, Bokori et al. 1996, Bennett et al. 2000, 
Hughes et al. 2000, 2003). Severe damage to proximal tubules of starlings (Sturnus vulgaris) sub
cutaneously injected with cadmium chloride occurred at concentrations approximately ≥37 µg/g 
(Nicholson and Osborn 1983). Energy metabolism was altered in such a way that would likely cause 
energy stores to decline over the long term in experimental mallards with mean renal cadmium 
concentrations of 124 µg/g (Di Giulio and Scanlon 1984). Experimental starlings that experienced 
hepatotoxicity in the form of enlarged livers and reduced activity of the antioxidant enzyme, gluta
thione peroxidase, had a mean renal cadmium concentration of 72 µg/g (Congiu et al. 2000). Effects 
on structural/functional damage to tissues were not observed in wild birds or birds experimentally 
exposed to cadmium with mean or median renal cadmium concentrations ranging from approxi
mately 22 to 56 µg/g (White and Finley 1978, White et al. 1978, Elliott et al. 1992, Trust et al. 2000, 
Wayland et al. 2001b). Energy metabolism was unaffected in experimental mallards with a mean 
kidney cadmium concentrations of 44 and 77 µg/g (Di Giulio and Scanlon 1984, 1985). Nor was 
there evidence of hepatotoxicity in experimental starlings with a mean kidney cadmium concentra
tion of 27 µg/g (Congiu et al. 2000). Using cadmium concentrations from the above studies in a 
logistic regression, we estimated there would be a 50% probability of adverse effects on some indi
vidual birds at a renal cadmium concentration of 66 µg/g (Figure 20.2). However, confi dence limits 
on the estimate were very wide, indicating substantial uncertainty about the relationship between 
renal cadmium levels and adverse effects in birds based on current scientifi c knowledge. 

Unfortunately, field studies confirming that accumulation of 66 µg/g in kidney poses a risk to 
birds are lacking. One study (Larison et al. 2000) showed that accumulation of >100 µg/g in kidneys 
of white-tailed ptarmigan was associated with renal damage which may have resulted in bone decal
cification and ultimately in reduced survivorship of adult birds. While the relationships between 
cadmium exposure, bone decalcification and survivorship were correlative and the possible uni
fying effect of age on the patterns of the observed relationships was not considered, this study 
remains the only example of a free-living population of birds possibly experiencing toxic effects 
from exposure to cadmium. Thus, the threshold of 66 µg/g should be viewed as a conservative  
but uncertain risk level at which some individuals may experience minor but signifi cant toxicity, 
whereas 100 µg/g should be viewed as a more liberal level above which substantial adverse effects 
are likely to occur. 

Logistic regression analysis of liver data failed to yield a maximum likelihood estimate because 
of complete separation in liver cadmium concentrations between affected and nonaffected birds. In 
livers of fully developed birds, which did not exhibit any signs of adverse effects, mean cadmium 
levels ranged from 7 to 45 µg/g (median = 17.5 µg/g) (White and Finley 1978, White et al. 1978, 
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FIGURE 20.2 Probability of an adverse effect in relation to kidney cadmium concentration in fully grown 
birds. Top and bottom lines are the 95% confidence limits of the estimates. An adverse effect is defined as an 
alteration in energy metabolism or structural and/or functional damage to tissues. Letters show lowest study-
based effect concentrations or highest study-based no-effect concentrations. (a) White and Finley 1978, White 
et al. 1978; (b) Bennett et al. 2000, Hughes et al. 2000, 2003; (c) Di Giulio and Scanlon 1984; (d) Prasada-
Rao et al. 1989a, 1989b; (e) Nicholson and Osborn 1983 (starlings); (f) Bokori et al. 1996; (g) Congui et al. 
2000; (h) Elliott et al. 1992 (Leach’s Storm-Petrel); (i) Wayland et al. 2001b (King Eider); (j) Trust et al. 2000 
(Spectacled Eider); (k) Nicholson et al. 1983 (seabirds); (l) Di Giulio and Scanlon 1985 (birds fed ad-lib). 

Di Giulio and Scanlon 1984, Elliott et al. 1992, Congui et al. 2000, Trust et al. 2000, Wayland et al. 
2001b). At the lowest effect concentration (68 µg/g), the livers of starlings were enlarged and hepatic 
activity of the antioxidant enzyme, glutathione peroxidase, was inhibited (Congiu et al. 2000). At 
a slightly higher mean hepatic concentration (73 µg/g), chickens experienced structural damage to 
their livers and kidneys, enlargement of liver and heart, and atrophy of testes (Bokori et al. 1996). 
At a mean hepatic cadmium concentration of 110 µg/g, the kidneys of mallards were structurally 
damaged, their testes were atrophied, their kidneys were enlarged, and egg production was sup
pressed (White and Finley 1978, White et al. 1978). At a mean concentration of 144 µg/g, experi
mental mallards lost weight and liver mass but had enlarged kidneys and adrenals and experienced 
changes in carbohydrate metabolism consistent with a reduction in stored energy (Di Giulio and 
Scanlon 1984). Finally, at approximately 220 µg/g, gut hypertrophy and changes in some aspects 
of osmoregulation and damage to kidneys, testes, and adrenal chromaffin cells were observed in 
experimental mallards (Hughes et al. 2000, 2003). Based on results from these studies, we estimate 
that the threshold effect level for hepatic, renal, or testicular toxicity lies between approximately 45 
and 70 µg/g in liver. 

Birds that experience prolonged food shortages may be more sensitive to cadmium exposure 
than birds that are not food-stressed. Energy drain appeared to be exacerbated in cadmium-exposed 
experimental mallards with mean hepatic and renal concentrations of approximately 15 and 32 µg/g, 
respectively (Di Giulio and Scanlon 1985). 

The renal and hepatic thresholds we have suggested are based on studies of few species. It is pos
sible that some species may be affected at lower levels of cadmium while others may be affected only 
at levels substantially higher than these thresholds. The threshold for cadmium damage to seabird 
tissues remains uncertain. Although one study reported tissue damage in seabirds whose renal cad
mium levels were as low as approximately 23 µg/g (Nicholson et al. 1983), other studies of seabirds 
have failed to find tissue damage at mean renal cadmium levels of approximately 2, 7, 18, 20, 22, 
37, and 57 µg/g (Elliott et al. 1992, Trust et al. 2000, Wayland et al. 2001b). Furthermore, maximum 
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concentrations in studies of species whose kidneys were not damaged by cadmium ranged from 
approximately 32 to 120 µg/g (Elliott et al. 1992, Trust et al. 2000, Wayland et al. 2001b), which are 
higher than concentrations reported by Nicholson et al. (1983) to harm seabird kidneys. Notably, 
Nicholson et al. (1983) concluded that the kidney damage they observed in seabirds was probably 
due to the birds having high cadmium burdens, although they also recognized that mercury accu
mulation may have been sufficiently high to cause some of the damage. 

In young, growing birds, whole organism responses or structural and/or functional damage to 
tissues were observed over a wide range of renal and hepatic cadmium concentrations. Pheasant and 
Japanese quail chicks and mallard and wood duck (Aix sponsa) ducklings exhibited many effects, 
including reduced growth rates, reduced feeding efficiency, oxidative stress, anemia and/or damage 
to liver, kidney, testes, intestines, or other organs at mean hepatic concentrations of 6, 37, 24, and 
209 µg/g (Richardson et al. 1974, Richardson and Fox 1974, Mayack et al. 1981, Cain et al. 1983, 
Świergosz and Kowalska 2000). In contrast, mallard and wood duck ducklings were unaffected by 
cadmium dosing that resulted in mean hepatic cadmium levels of 12 and 27 µg/g (Mayack et al. 
1981, Cain et al. 1983). Mean renal cadmium concentrations as low as 11 µg/g, were associated 
with lesions in kidneys, liver, and testes of growing pheasants (Świergosz and Kowalska 2000) 
and with lipid peroxidation, reduced growth rates and reduced feed conversion efficiency in broiler 
chickens (Erdogan et al. 2005). Kidneys of wood duck ducklings were damaged when their mean 
renal cadmium concentrations reached 132 µg/g, but their growth rates were not impaired nor were 
their kidneys, livers, guts, or brains damaged at a mean renal cadmium concentration of 62 µg/g 
(Mayack et al. 1981). Because of this wide range in effects-levels and the broad overlap in cadmium 
concentrations between unaffected and affected birds, we cannot recommend a specifi c threshold-
effects concentration which would apply to young, growing individuals of all or even most species 
of birds. Nevertheless, in the wild, tissues of young, growing birds contain levels of cadmium that 
are lower than even the lowest effects-levels identified earlier, making it unlikely that cadmium 
would adversely affect young, growing birds under natural conditions. 

Although reproduction may be adversely affected by exposure to cadmium (Nolan and Brown 
2000, Rahman et al. 2007), there are few studies relating such effects to tissue cadmium concentra
tions. Egg production was reduced to 10–75% of control values at mean hepatic concentrations of 
approximately 110 and 26 µg/g and at mean renal concentrations of 134 and 87 µg/g (White and 
Finley 1978, Leach et al. 1979). In comparison, egg production was unaffected at mean hepatic and 
renal concentrations ranging from approximately 4 to 12 and 10 to 168 µg/g, respectively (Leach 
et al. 1979, Toman et al. 2005). Hatchability of eggs was not affected by dietary exposure to cad
mium at mean hepatic and renal cadmium levels ranging from approximately 4 to 35 and 10 to 
115 µg/g (Scheuhammer 1996, Toman et al. 2005). Based on this information, it is not possible  
to recommend broadly applicable tissue thresholds associated with reproductive effects in birds. 

Bone calcium content was significantly lower in white-tailed ptarmigan whose kidneys con
tained >100 µg/g cadmium than in those whose kidneys contained <100 µg/g, and this may have 
contributed to the low survival rates of adult birds in the Colorado ore belt, an area where ptarmigan 
diets contain potentially toxic levels of cadmium (Larison et al. 2000). 

Behavioral alterations were observed in experimentally dosed birds whose mean hepatic and 
renal cadmium concentrations ranged from approximately 4 to 8 and 17 to 33 µg/g, respectively 
(Silver and Nudds 1995, Pedersen and Saether 1999). In comparison, control birds, which pre
sumably exhibited normal parental behavior, had mean hepatic and renal concentrations of 4 and 
22 µg/g (Pedersen and Saether 1999). However, in the study by Silver and Nudds (1995), behavioral 
effects were transitory, disappearing after cadmium was removed from the experimental diet. This 
may indicate that levels of cadmium in long-term storage organs such as liver and kidneys are inap
propriate for evaluating its effects on behavior. 

There is little information about cadmium toxicity thresholds in tissues other than liver or 
kidneys. Mean testicular concentrations of cadmium in chickens and mallards that exhibited struc
tural and functional damage to testes were 3.7 and 8.5 µg/g, respectively (White et al. 1978, Bokori 
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et al. 1996). Adverse effects were not observed in mallard testes containing <1 µg/g cadmium 
(White et al. 1978). In blood samples, the lowest mean cadmium concentration associated with 
numerous types of adverse effects in adult mallards was 0.26 µg/g (White and Finley 1978) while in 
4-week-old pheasant chicks, this value may have been as low as 0.017 µg/g, although a more liberal 
interpretation of results of this study is that effects were most pronounced when blood concentra
tions reached 0.048–0.095 µg/g in 42-day-old chicks (Świergosz and Kowalska 2000). Cadmium 
concentrations of approximately 1 µg/g in long bones have been associated with adverse effects in 
several organs of young, growing birds, and fully developed birds (Cain et al. 1983, Bokori et al. 
1996, Świergosz and Kowalska 2000). 

Summary 

Cadmium is a toxic metal with both natural and anthropogenic sources. Despite recent global 
decreases in anthropogenic emissions of cadmium, human activities continue to contribute to 
cadmium pollution at local and regional scales. 

Birds are exposed to cadmium primarily through their diets. Intestinal absorption of  cadmium 
is low (<1–7%). Once absorbed, cadmium is transported by blood and deposited primarily in 
the liver and kidneys, which together contain approximately 67–97% of the total body bur
den. Kidneys are long-term storage organs for cadmium and contain higher concentrations of 
cadmium than other organs. Concentrations in liver are normally about 10–70% of those in 
kidneys. Concentrations of cadmium in blood, which is normally ≤50 ng/mL, reflect recent expo
sure but can also be correlated with those in long-term storage organs like kidneys and liver. 

Cadmium levels in birds vary according to diet, ecosystem use, age, and physiological sta
tus. They are higher in seabirds, especially pelagic species, than in most terrestrial birds,  
freshwater birds, and shorebirds. They are also from 2 to 100 times higher in adult birds than 
in immature birds. 

Once absorbed, cadmium binds mainly to MT in liver and kidneys. Under normal circum
stances of dietary exposure in wild birds, cadmium induces the synthesis of MT in quantities 
sufficient to bind and detoxify nearly all of the cadmium present in these organs. Nevertheless, 
chronic dietary exposure to elevated concentrations of cadmium has the potential to harm the 
health and fi tness of birds. Although the kidney has long been thought to be the primary target 
of cadmium accumulation and toxicity in vertebrates, a number of other physiological systems 
may also be at risk. Cadmium can damage absorptive cells in the digestive tract and impair 
the uptake of essential minerals like calcium, zinc, and iron. In kidneys, damage to proximal 
tubules, Bowman’s capsule and glomeruli may occur. Such damage can lead to renal dysfunc
tion and can impair the re-uptake of minerals into the bloodstream, thereby reducing their 
availability for essential functions. Whether cadmium induced-kidney damage impairs vitamin 
D metabolism in birds, as it does in mammals, remains uncertain. In humans and experimental  
mammals, one of the most serious consequences of excessive cadmium exposure is the damage  
caused to bones. Birds with toxic levels of cadmium in their kidneys were found to have lower 
levels of bone calcium than birds whose kidneys contained normal levels of cadmium. Exposure 
to high levels of dietary cadmium has the potential to affect osmoregulation in seabirds by caus
ing a redistribution of body water that affects the ability of kidneys and salt glands to eliminate 
effectively excess sodium chloride. Exposure to excessive dietary cadmium can alter energy 
metabolism in birds, cause testicular damage, disrupt the synthesis or metabolism of certain 
hormones, suppress egg production, contribute to hyperactivity, impair parental care and reduce 
the absorption and storage of iron, resulting in anemia. 

In deriving threshold tissue concentrations, it is important to take into consideration that 
(a) immature, growing birds are likely more sensitive to cadmium than fully grown birds, 
(b) there is likely to be variability among species in sensitivity to cadmium, (c) there is an 
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adequate amount of information on which to base threshold concentrations in kidneys and liver 
of adult birds but insufficient information for other tissues and age classes, and (d) our under
standing of tissue concentrations associated with cadmium toxicity to birds is based primarily 
on short-term, high-dose studies but the applicability of such studies to natural conditions of 
lower dietary exposure over much longer periods of time remain unknown. 

We calculated that a cadmium concentration of approximately 65 µg/g wet weight in  kidneys 
would be associated with a 50% probability (95% CI: 22–79%) of alterations in energy metab
olism or structural/functional damage to tissues, including kidneys, testes, liver, gut, or salt 
glands and suggest this concentration to be a conservative, yet uncertain, risk level for cad
mium-induced damage in adult birds. A more liberal level above which adverse effects are 
likely to occur is 100 µg/g. For liver tissue, a threshold effect level in adult birds may lie between 
45 and 70 µg/g wet weight. Testicular cadmium concentrations ≥4 µg/g wet weight may cause 
damage to testes. Blood cadmium levels ≥0.26 µg/g (~260 ng/mL) and bone cadmium levels 
≥1 µg/g were associated with adverse effects including structural damage to kidneys and testes, 
intestinal lesions, or absence of spermatogenesis in adult, experimental birds. Birds with blood 
or bone cadmium concentrations exceeding those levels should be considered at risk of suffer
ing toxic effects. 

At present, it is not possible to suggest tissue threshold effect concentrations that would be  
applicable to immature, growing birds; however, in the wild, such birds usually have very low 
levels of cadmium in their tissues. Even the lowest effect levels documented in experimental stud
ies of immature birds were higher than tissue concentrations that occur in young birds in the wild, 
suggesting that cadmium is not likely to pose a risk to free-living immature, growing birds. 

Finally, behavioral changes of a type that may have important implications for reproduc
tive success or long-term survival may be induced by exposure to cadmium at concentrations 
that are lower than those required to cause other toxic effects. Since some behavioral changes 
are reversible, cadmium concentrations in long-term storage organs like liver and kidneys are 
probably inappropriate for judging whether or not cadmium exposure is high enough to alter 
behavior. Blood may be a better tissue for this purpose. Experimental studies that link behav
ioral changes in cadmium-exposed birds to blood cadmium levels are needed. 
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21.1 INTRODUCTION 

Selenium (Se) is a metalloid trace element that birds and other wildlife need in small amounts for 
good health. The main purpose of this chapter is to interpret tissue concentrations of Se. However, 
because food is the main source of Se accumulation for birds and other wildlife, and because  dietary 
concentrations for effects on bird reproduction have been reported, we also provide interpretive 
information on Se in the diet. 

Se deficiencies in domestic poultry and livestock occur in some parts of the world and must be 
corrected by additions of Se to the diet. However, the range of dietary concentrations that provides 
adequate but nontoxic amounts of Se is narrow compared with the ranges for most other essential 
trace elements. 

In the 1930s, grains grown on seleniferous soils in South Dakota caused reproductive failure when 
fed to chickens (Gallus domesticus) (Poley and Moxon 1938). The most drastic incident of Se poisoning 
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in wild birds occurred at Kesterson Reservoir (located on the Kesterson National Wildlife Refuge) 
in California during the early and mid-1980s (Ohlendorf et al. 1986a, 1988, Ohlendorf 1989, 2002, 
Ohlendorf and Hothem 1995). Water used to irrigate crops in the San Joaquin Valley of California dis
solved naturally occurring Se salts from the soil, and when the Se-laden subsurface water was drained 
from agricultural fields into Kesterson Reservoir, levels of Se that were toxic to birds accumulated 
in plants and animals used as foods by the birds. Reproductive failure and adult mortality occurred. 
The findings at Kesterson Reservoir received extensive publicity and led to a series of laboratory and 
field studies (summarized in this chapter) that provide one of the best case studies in ecotoxicology 
during the past 30 years. The integrated field studies at Kesterson and related laboratory studies have 
been recognized as a “gold standard” in the field of ecotoxicology (Suter 1993). Similar problems of 
impaired bird reproduction were subsequently discovered elsewhere in the western United States,  
most notably in the Tulare Basin in California (Skorupa and Ohlendorf 1991, Skorupa 1998a). 

High concentrations of Se in foods of wildlife are not limited to areas where soils are naturally 
high in Se. They also can be the result of the disposal of sewage sludge or fl y ash, mining activity, 
or emissions from metal smelters (Robberecht et al. 1983, Wadge and Hutton 1986, Cappon 1991, 
Skorupa 1998a, Ratti et al. 2006, Wayland and Crosley 2006). 

An assessment of the toxicity of Se is complicated by its occurrence in many different chemi
cal forms, some differing greatly in their toxicity to birds. The four common oxidation states are 
selenide (-2), elemental Se (0), selenite (+4), and selenate (+6). Elemental Se is virtually insoluble 
in water and presents little risk to birds. Both selenite and selenate are toxic to birds, but organic 
selenides pose the greatest hazard. Among the organic selenides, selenomethionine has been shown 
to be highly toxic to birds and seems to be the form most likely to harm wild birds because it results 
in high bioaccumulation of Se in their eggs. 

Much has been learned about Se toxicity to birds during the last 25 years; some of that informa
tion was summarized in the earlier edition by Heinz (1996). Other reviews in relation to exposure 
and effects of Se in birds are provided by Skorupa (1998a), O’Toole and Raisbeck (1998), U.S. DI 
(1998), Eisler (2000), Hoffman (2002), and Ohlendorf (2003). The purpose of this chapter is to 
identify the concentrations of Se in avian diets and in avian eggs and other tissues that are toxic, 
and to discuss how different chemical forms of Se and their interactions with other environmen
tal contaminants can alter toxicity. We also present what are considered background (or no-effect) 
concentrations of Se from Se-normal areas, when available. 

Background and reference area concentrations can be very useful for interpreting the possible 
toxic thresholds of a contaminant, especially when it is known with some certainty that the reference 
area has no known source of the contaminant in question. However, because some “background” 
concentrations of contaminants such as Se are reported from areas where the Se input is unknown, 
and may not, in fact, be what might be called “normal,” “baseline,” or “uncontaminated,” they 
should be referred to as “reference area” samples, and a certain degree of caution must be exercised 
when using those concentrations as being synonymous with safe levels. The rigorous identifi cation 
of safe levels of Se, or other contaminants, can really come only from the findings of controlled 
laboratory dosing studies and carefully designed field studies. In other words, merely because a con
taminant like Se is at a level that has been reported from what are believed to be Se-normal areas 
does not, in itself, prove that the levels are safe. 

The manner in which different authors present Se concentrations can be confusing, so it is 
important to understand the various ways results can be presented. Se concentrations typically are 
reported as micrograms per liter (µg/L) in most fl uids (but sometimes µg/g or µg/dL in blood) and 
milligrams per kilogram (mg/kg), or micrograms per gram (µg/g) in soil, sediment, plant or animal 
tissues, and diets. Concentrations in soil, sediment, tissues, and diets can be expressed either on a 
wet-weight (or fresh-weight basis, which is considered to be synonymous) or a dry-weight basis.  
Although moisture loss during sample processing can be controlled fairly well in the laboratory, it is 
sometimes difficult to do so under field conditions. Therefore, reporting results on dry-weight basis 
helps ensure comparability of values. 



 

 

 
 

 

 

 

TABLE 21.1 
Published Assessment Values for Effects of Dietary or Tissue Concentrations of Se on Birds 

Medium and Concentration 
Level/Statusa (mg Se/kg, dw) Effects Comments Reference 

Dietb 

Adequate 0.30–1.1 Nutritional needs are met Lower dietary concentrations Puls 1988 
for poultry are marginal or defi cient, 

and diets must be fortifi ed 

High 3.0–5.0 Levels are excessive but Poultry are relatively Puls 1988 
not considered toxic to sensitive to effects of 
poultry selenium 

Toxic >5.0 Reduced egg hatchability Poultry are relatively Puls 1988 
and teratogenic effects sensitive to effects of 
in embryos/chicks selenium 

Background <3.0 None  Deficiencies associated with U.S. DI 1998, Eisler 
lower concentrations have 2000 
not been reported in wild 
birds 

Reproductive 3–8	 Reduced egg Sensitivity varies by species U.S. DI 1998, Eisler 
impairment	 hatchability; potential and chemical form of Se in 2000
 

deformities in embryos/ diet
 
chicks at upper end of 

range
 

continued 
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Conversion from one basis to the other is a function of the moisture content in the sample (which 
should be reported regardless of which basis is used), as follows: 

100
Dry-weight conc. = wet-weight conc. ×	 .(100 − Moisture percentage ) 

In this chapter, we preferentially provide Se concentrations in diets and tissues on dry-weight 
basis (unless otherwise noted), and provide typical moisture content of eggs and tissues to enable 
readers to make conversions. When results were originally reported on wet-weight basis, the origi
nal concentrations are given in parentheses following the approximate dw concentration. 

Se’s ability to interact with other nutrients and environmental contaminants, especially other 
elements, also sometimes complicates an interpretation of toxic thresholds in tissues of birds. 
Although we do not attempt a comprehensive review to interpret critical levels of Se in the pres
ence of elevated levels of other pollutants, we include a brief section on interactions, and the reader 
should be aware that such interactions exist. 

21.2 DIETARY REQUIREMENTS VERSUS TOXICITY 

In general, the diet is the most important exposure pathway for birds and, whenever possible,  dietary 
concentrations should be included when reporting results or evaluating the effects observed in exper
imental or field studies. With the previously stated caution about “background” levels of Se in mind, 
mean background concentrations in diets of freshwater and terrestrial avian species are typically 
<3 mg/kg, with thresholds for reproductive impairment in the range of 3–8 mg/kg (Table 21.1). 



 

 

ww) upper end of range may sensitive to effects of 
be toxic to poultry selenium 

Toxic >8.2 (>2.5 ww) Reduced egg hatchability Poultry are relatively Puls 1988 
and teratogenic effects sensitive to effects of 
in embryos/chicks selenium 

Background Mean < 3.0 None Concentrations may be higher Ohlendorf and 
(typically in some marine birds Harrison 1986, 
1.5–2.5); (Ohlendorf and Harrison Skorupa and 
individual 1986, Braune et al. 2002) Ohlendorf 1991, 
eggs <5 U.S. DI 1998, Eisler 

2000 

Reproductive 6–7 (about EC10 on a clutch-wise (or Based on results of extensive Skorupa 1998b, 1999 
impairment 1.8–2.1 ww) hen-wise) basis and  field studies of black-necked 

EC03 on egg-wise basis stilts 

Reproductive 7.7 (about 2.3 EC10 for reduced egg Based on results of one Beckon et al. 2008 
impairment ww) hatchability laboratory study with 

mallards, assuming hormetic 
effects 

Reproductive 9.0 EC8.2 for impaired clutch Based on results of one Lam et al. 2005 
impairment viability laboratory study with 

mallards, using linear 
regression analysis 

Reproductive 12 (95% CI = EC10 for reduced egg Based on results of six Ohlendorf 2003 
impairment 6.4–16) hatchability laboratory studies with 

mallards, using logistic 
regression analysis 

Medium and Concentration 
Level/Statusa (mg Se/kg, dw) Effects Comments Reference 

Reproductive 4.0 (95% CI = EC10 for reduced egg Based on studies of mallard, Wayland et al. 2007 
impairment <0.5–7.3) hatchability American kestrel, chicken, 

black-crowned night-heron, 
eastern screech-owl and 
ring-necked pheasant using 
logistic regression analysis 

Reproductive 4.4 (95% CI = EC10 for reduced egg Based on results of six Adams (personal 
impairment 3.8–4.8) hatchability laboratory studies with communication; see 

mallards, using hockey-stick Ohlendorf 2007) 
regression analysis 

Reproductive 4.9 (95% CI = EC10 for reduced egg Based on results of six Ohlendorf 2003 
impairment 3.6–5.7) hatchability laboratory studies with 

mallards, using logistic 
regression analysis 

Eggsc 

Adequate 0.66–5.0 Nutritional needs are met 
(0.20–1.5 ww) for poultry 

High 5.0–16 (1.5–5.0 Levels are excessive and 

Lower dietary concentrations Puls 1988 
are marginal or defi cient, 
and diets must be fortifi ed 

Poultry are relatively Puls 1988 
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TABLE 21.1 (continued)
 
Published Assessment Values for Effects of Dietary or Tissue Concentrations of Se on Birds
 



Medium and Concentration 
Level/Statusa (mg Se/kg, dw) Effects Comments Reference 

Reproductive 12 (95% CI = EC10 for reduced egg Based on results of six Adams (personal 
impairment 9.7–14) hatchability laboratory studies with communication; see 

mallards, using hockey-stick Ohlendorf 2007) 
analysis 

Reproductive 14 EC11.8 for reduced egg Based on results of extensive Lam et al. 2005 
impairment hatchability  field studies of black-necked 

stilts 

Teratogenicity 13–24 Threshold for teratogenic Sensitivity varies widely by Skorupa and 
effects on population species Ohlendorf 1991 
level 

Teratogenicity 23 EC10 for teratogenic Mallard is considered a Skorupa 1998b, 
effects in mallard “sensitive” species U.S. DI 1998 

Teratogenicity 37 EC10 for teratogenic Stilt is considered an Skorupa 1998b, 
effects in stilt “average” species U.S. DI 1998 

Teratogenicity 74 EC10 for teratogenic Avocet is considered a Skorupa 1998b, 
effects in American “tolerant” species U.S. DI 1998 
avocet 

Liverd 

Adequate 1.2–3.3 Nutritional needs are met Lower liver concentrations Puls 1988 
(0.35–1.0 ww) are marginal or defi cient, 

and diets must be fortifi ed 

High 6.6–20 (2.0–6.0 Levels are excessive but Poultry are relatively Puls 1988 
ww) not considered toxic to sensitive to effects of 

poultry selenium 

Toxic 13–76 (4.0–23 Reduced egg hatchability Poultry are relatively Puls 1988 
ww) and teratogenic effects sensitive to effects of 

in embryos/chicks selenium 

Background <10 None  Deficiencies associated with U.S. DI 1998, Eisler 
for lower concentrations have 2000 
freshwater not been documented in 
and wild birds 
terrestrial 
species 

Background 20–75 in some None Found in livers of several Elliott et al. 1992, 
for marine species (see species from Dietz et al. 1996, 
species text) uncontaminated areas Trust et al. 2000, 

Grand et al. 2002, 
Mallory et al. 2004, 
Campbell et al. 
2005, Elliott 2005 

Elevated and 10–20 Considered suspicious of Sensitivity varies by species Ohlendorf et al. 1988, 
potentially selenium toxicosis Albers et al. 1996, 
toxic when accompanied by O’Toole and 

symptoms listed for Raisbeck 1997, 
toxic effects 1998 
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TABLE 21.1 (continued)
 
Published Assessment Values for Effects of Dietary or Tissue Concentrations of Se on Birds
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TABLE 21.1 (continued)
 
Published Assessment Values for Effects of Dietary or Tissue Concentrations of Se on Birds
 

Medium and Concentration 
Level/Statusa (mg Se/kg, dw) Effects Comments Reference 

Toxic 20–25 Diagnostic when Based on fi eld observations Ohlendorf et al. 1988, 
accompanied by and laboratory studies with Albers et al. 1996, 
emaciation, poor mallards O’Toole and 
quality of shed nails, Raisbeck 1997, 
bilaterally symmetrical 1998 
alopecia of the head 
and neck, hepatic 
lesions, and necrosis of 
maxillary nails 

Toxic 351–735 Many effects on liver Common eiders seem to be Franson et al. 2007 
and other tissues more tolerant of selenium in 

tissues than are mallards 

Kidneye 

Adequate 2.2–5.2 Nutritional needs are met Similar to wild birds, Moksnes 1983, Puls 
(0.50–1.2 ww) in poultry concentrations tend to be 1988 

higher than in liver 

High 6.4–22 (1.5–5.2 Levels are excessive but Similar to wild birds, Moksnes 1983, Puls 
ww) not considered toxic to concentrations tend to be 1988 

poultry equal to or lower than in 
liver 

Musclef 

Adequate 0.49–4.9 Nutritional needs are met Lower muscle concentrations Puls 1988 
(0.13–1.3 ww) are marginal or defi cient, 

and diets must be fortifi ed 

High 1.5–21 Levels are excessive but Wide range of concentrations Puls 1988 
(0.40–5.5 ww) may not be toxic to that overlaps with toxic 

poultry level 

Toxic 4.9 (1.3 ww) Toxic level is below the Concentrations in muscle are Puls 1988 
midpoint of the “high” not very useful for 
range diagnosing current exposure 

because of long lag in 
reaching equilibrium 

Background 1–3 None Accumulation in muscle U.S. DI 1998, Eisler 
varies by bird species and 2000 
chemical form of selenium; 
concentrations above 
background in muscle more 
useful for assessing human 
health risks than diagnosing 
toxic effects in birds 

Bloodg 

Adequate 0.62–0.96 Nutritional needs are met Lower blood concentrations Puls 1988 
(0.13–0.20 ww) are marginal or defi cient, 

and diets must be fortifi ed 
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TABLE 21.1 (continued)
 
Published Assessment Values for Effects of Dietary or Tissue Concentrations of Se on Birds
 

Medium and Concentration 
Level/Statusa (mg Se/kg, dw) Effects Comments Reference 

Background 0.48–1.9 None Deficiencies associated with U.S. DI 1998, Eisler 
(0.10–0.40 lower concentrations have 2000 
ww) not been documented in 

wild birds 

Provisional 4.8 (1.0 ww) Interpretive relationship Blood selenium Heinz et al. 1990, 
threshold to effects is limited, but concentrations are good Heinz and 
warranting elevated levels indicator of current/recent Fitzgerald 1993a, 
further study associated with effects exposure, and especially O’Toole and 

on reproduction or important for sampling Raisbeck 1997, 
survival when animals should not be U.S. DI 1998, 

sacrifi ced Yamamoto et al. 
1998, Santolo et al. 
1999, Eisler 2000 

Feathersh 

Background 1–4 (typically None Based on breast feathers; Burger 1993, 
1–2) concentrations in feathers Ohlendorf 1993, 

vary by type and refl ect U.S. DI 1998, Eisler 
exposure at the time feathers 2000 
were grown, rather than 
current exposure 

Provisional 5 Interpretive relationship Feather selenium Burger 1993, 
threshold to effects is limited, but concentrations are not good Ohlendorf 1993, 
warranting elevated levels indicator of current/recent U.S. DI 1998, Eisler 
further study associated with exposure, but may be useful 2000 

exposure when the if limitations are understood 
feathers were (see text) 
developing 

a Typical moisture content (%) and approximate conversion factor are shown in footnotes for each medium. Values that are 
shaded are based on domestic poultry rather than wild species. 

b Variable moisture; laboratory diet typically ~10%, but natural diet varies widely (<10–>90%). 
65–80% moisture, varying with species and incubation stage; use 70% (i.e., factor of 3.3) for approximate conversion. 

d 70% moisture; use factor of 3.3 for approximate conversion. 
e 76–78% moisture, based on limited data; use factor of 4.3 for approximate conversion. 
f 74% moisture; use factor of 3.8 for approximate conversion. 
g 79% moisture in lab studies, variable under field conditions; use factor of 4.8 for approximate conversion. 
h 10% moisture assumed (not well defined); use factor of 1.1 for approximate conversion. 

For birds, as for most other animals, dietary Se requirements appear to be between 0.05 and 
0.5 mg/kg (NAS-NRC 1976, 1983, Combs and Combs 1986, Oldfield 1990, 1998, Eisler 2000). 
Excess Se in the diet of female birds during the period just before egg-laying can result in the  
transfer of Se to the eggs or other tissues at harmful levels, although sensitivity to Se varies among 
species (Skorupa and Ohlendorf 1991, Ohlendorf 1996, Skorupa 1998a, 1998b). Detwiler (2002) 
analyzed field-collected eggs and conducted laboratory studies with chickens to determine parti
tioning of Se in eggs (to albumen, yolk, and embryo) and to identify toxicokinetic causes of species 
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variability in sensitivity to Se. As expected, differences among species, as well as those due to form 
of Se in the diet, are complex. Those complexities are not described in detail here, but readers may 
wish to read about them in Detwiler’s (2002) work. 

Ohlendorf (2003) used data from six laboratory studies with mallards (Anas platyrhynchos) 
(Heinz et al. 1987, 1989, Stanley et al. 1994, 1996, Heinz and Hoffman 1996, 1998) to calculate an 
EC10 (i.e., the “effective concentration” that caused a 10% effect; in this case, the dietary concen
tration that reduced hatching of eggs 10% below that of the control group in the same study) along 
with 95% confidence intervals (95% CI) for the mean Se concentration in the diet. The dietary EC10 

was calculated to be 4.9 mg Se/kg, with 95% CI of 3.6–5.7 mg Se/kg. 
The EC10 of 4.9 mg Se/kg was estimated by fitting a logistic regression model to the available 

data. It should be noted, however, that the mallard studies used a “dry” diet that had about 10% 
moisture. Ohlendorf (2003) used the reported dietary Se concentrations without adjustment for that 
moisture content, but an upward adjustment of the values (by 11%; to about 5.4 mg/kg) would be 
appropriate to account for the moisture content of the duck diet. 

Adams et al. (2003) used hockey-stick regression on data for egg Se concentrations and adverse 
effects in mallards to derive toxicity thresholds, such as EC10 values. On further analyses (as 
described in Ohlendorf 2007), they found a threshold to exist when dietary Se was plotted against 
egg inviability and duckling mortality (which incorporated the cumulative effects of fertilization 
success and hatchability plus survival of ducklings for 6, 7, or 14 days after hatching, as reported for 
the different studies). The inflection point occurred at a dietary Se concentration of 3.9 mg/kg. The 
predicted EC10 was 4.4 mg Se/kg (just slightly above the inflection point), and the 95% CI around 
the predicted EC10 ranged from 3.8 to 4.8 mg Se/kg. 

Wayland et al. (2007) used logistic regression to calculate EC10 values based on experimental stud
ies of six species (mallard, American kestrel [Falco sparverius], domestic chicken, black-crowned 
night-heron [Nycticorax nycticorax], eastern screech-owl [Megascops asio] and ring-necked pheas
ant [Phasianus colchicus]). The EC10 was 4.0 mg Se/kg with 95% CI from <0.5 to 7.3 mg Se/kg. 
The effect of including several species was to widen the confidence limits substantially (compared 
to mallard EC10), indicating a high degree of difference among species in sensitivity to Se. 

Information on forms of Se in invertebrates (as potential diets for birds) is limited, but 
Andrahennadi et al. (2007) found variability in the Se speciation among aquatic insects that included 
mayflies (Ephemeroptera), stoneflies (Plecoptera), caddisflies (Trichoptera), and cranefl ies (Diptera) 
from streams in Alberta, Canada. Higher percentages of inorganic Se were found in primary con
sumers, detritivores, and filter feeders than in predatory insects. Among the organic forms, organic 
selenides constituted a major fraction in most organisms. A form of selenide, believed to represent 
selenomethionine, varied widely among aquatic insects (from 36% to 98% of the total Se), indicat
ing a high degree of variability in bioaccumulation potential from diet to eggs. Nevertheless, the 
chemical forms of Se in aquatic foods of birds have received little study. It is likely that varying 
chemical forms of Se are present to some degree in plants and animals eaten by birds, yet the toxic 
concentrations of few Se compounds have been determined in birds. 

Interpretive guidelines that have resulted from extensive testing with poultry are provided by 
Puls (1988). The Se concentrations for diet (as well as those for eggs and other tissues) are help
ful guidelines for wild birds as well as domestic poultry. Dietary Se concentrations of less than 
0.30 mg/kg are considered to be below the range adequate for good adult health and reproduction, 
3.0–5.0 mg/kg are high, and above 5.0 mg/kg are toxic (Table 21.1). 

21.3 EGG AND TISSUE CONCENTRATIONS 

21.3.1 EGGS 

Mean background Se concentrations in eggs of freshwater and terrestrial birds are <3 mg/kg 
dw (typically 1.5–2.5 mg/kg dw); concentrations lower than about 0.66 mg/kg dw may indicate 
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inadequate Se in the diet, and maximums for individual eggs are <5 mg/kg dw (Table 21.1). Moisture 
content of eggs varies by stage of incubation (decreasing throughout incubation) and by species, but 
typical moisture content of field-collected eggs is usually 65–80% (Ohlendorf and Hothem 1995). 
Fresh mallard eggs, such as those collected from laboratory studies, have about 70% moisture 
(Stanley et al. 1996). The latter value provides a reasonable conversion factor (3.3) for estimating 
from one basis to the other and, except where noted, is used in this chapter when Se concentrations 
in eggs were originally reported on wet-weight basis, but the moisture content of samples was not 
reported. 

21.3.1.1 Laboratory Studies 
In a wide variety of species, if one expresses both the diet and eggs on a dry-weight basis, Se con
centrations in bird eggs range from roughly equal to about three or four times the concentrations in 
the diet of the female at the time of egg-laying (Heinz et al. 1987, 1989, Smith et al. 1988, Ohlendorf 
1989, Stanley et al. 1994, 1996, Wiemeyer and Hoffman 1996, Santolo et al. 1999). However, Se 
transfer from diet to egg varies by species and the chemical form of Se in the diet. 

When birds fed on Se-contaminated diets during the laying season, the exposure was quickly 
reflected in elevated levels of Se in eggs (Heinz 1993b, Latshaw et al. 2004, DeVink et al. 2008a). 
Similarly, when the birds were switched to a clean diet, Se concentrations in eggs declined quickly. 
When mallard hens were fed a diet containing 15 mg Se/kg (as selenomethionine), levels peaked in 
eggs (to about 43–66 mg Se/kg dw; 13–20 mg Se/kg ww) after about 2 weeks on the treated diet and 
leveled off at a relatively low level (<16 mg Se/kg dw; <5 mg Se/kg ww) about 10 days after switch
ing to an untreated diet (Heinz 1993b). The findings of this study and two others with ring-necked 
pheasants (Phasianus colchicus) (Latshaw et al. 2004) or lesser scaup (Aythya affinis) (DeVink et al. 
2008a) summarized later have important implications for evaluation of field exposures, such as how 
quickly and for what duration Se exposure may adversely affect bird reproduction. Concentrations 
of Se in eggs are especially important because they provide the best samples for evaluating poten
tial adverse reproductive effects (Skorupa and Ohlendorf 1991). Knowing Se concentrations in food 
items available to wild birds at a site also can be useful in assessing risks of reproductive effects, 
but relationships between the available food and concentrations that occur in eggs can vary widely 
on the basis of physiology and feeding ecology of the birds. Se speciation in the diet also may be 
important in this regard (i.e., plant vs. animal diets). 

When ring-necked pheasants received feed that contained 9.3 mg Se/kg because of a feed mixing 
problem, severe effects occurred within 4 days (Latshaw et al. 2004). The rate of egg production 
decreased and bird aggression increased. About 12% of the hens died within a week; necropsy 
results were consistent with Se toxicity. After 8 days, the toxic feed was removed and replaced with 
fresh feed. Egg production, which had dropped by 50%, returned to normal within 10 days of feed 
replacement. Hatchability of eggs laid from days 8 to 14 after the pheasants received the toxic feed 
dropped to 35%, and more than 50% of the embryos that survived to the point where they could be 
examined had deformed beaks and abnormal eyes. Hatchability of eggs laid 21–28 days after the 
hens had received the toxic feed (i.e., 13–20 days after it was replaced by new feed) was almost 80%. 
Similar to the study with mallards, this incident showed a rapid onset of effects and a rapid recovery 
in response to dietary Se concentrations. 

To assess the possible effects of Se on reproduction and fitness (measured as body mass) of lesser 
scaup, captive scaup were fed a control diet or one supplemented with Se at 7.5 or 15 mg/kg for 
30 days to simulate dietary exposure to Se during late spring migration (DeVink et al. 2008a). The 
treated feed was removed after 30 days, just before the birds began laying. There was no effect of 
Se on body mass, breeding probability, or clutch initiation dates. Se concentrations in the fi rst eggs 
laid by these birds were 25–30 mg/kg in the 7.5-mg/kg and 30–35 mg/kg in the 15-mg/kg treatment 
groups. Egg Se concentrations of both treatment groups decreased rapidly after the Se-supplemented 
feed was removed, and within 8 and 12 days, respectively, the egg Se concentration was less than 
9 mg/kg dw. There was no significant intraclutch variation in egg Se deposition. 
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The embryo is the avian life stage most sensitive to Se (Poley et al. 1937, Poley and Moxon 1938, 
Heinz et al. 1987, 1989, Hoffman and Heinz 1988). Because it is the Se in the egg, rather than in 
the parent bird, that causes developmental abnormalities and death of avian embryos, Se in the egg 
gives the most sensitive measure for evaluating hazards to birds (Skorupa and Ohlendorf 1991). 
Given the rapid accumulation and loss patterns of Se in birds (Heinz et al. 1990, Heinz 1993b, Heinz 
and Fitzgerald 1993b, Latshaw et al. 2004), Se concentrations in eggs also probably best represent 
contamination of the local environment. Additional advantages of measuring Se in eggs are that 
eggs are frequently easier to collect than adult birds, the loss of one egg from a nest probably has 
little effect on a population, and the egg represents an integration of exposure of the adult female 
during the few days or weeks before egg-laying. 

The concentration detected in eggs and the toxicity of that concentration seem to depend on 
the chemical form of the ingested Se. Organoselenium compounds are believed to be major forms 
in plants and animals. One organoselenium compound, selenomethionine, when fed to breeding 
mallards was more toxic to embryos than was selenocystine or sodium selenite (Heinz et al. 1989). 
Selenomethionine is a major form of Se in wheat seeds and soybean protein (Olson et al. 1970, 
Yasumoto et al. 1988). Hamilton et al. (1990) found selenomethionine to be an excellent model for 
Se poisoning in Chinook salmon (Oncorhynchus tshawytscha) when compared with the toxicity of 
Se that was biologically incorporated into mosquitofi sh (Gambusia affinis) collected at Kesterson 
Reservoir in California. Yamamoto et al. (1998) measured Se concentrations in blood and excreta 
of American kestrels fed either a selenomethionine-fortifi ed diet or animals from Kesterson. They 
found no significant differences in concentrations or in accumulation and depuration of Se among 
experimental groups that received Se as selenomethionine or naturally incorporated in tissue of 
animals from Kesterson. 

When mallards were fed a diet containing 10 mg Se/kg as selenomethionine (and about 10% 
moisture), reproductive success was signifi cantly lower in the treated ducks than in controls, and a 
small sample of five eggs from the treated birds contained a mean of about 15 mg Se/kg dw (4.6 mg 
Se/kg ww) (Heinz et al. 1987). Because mallards were fed only one dietary concentration of Se in 
the form of selenomethionine, no safe level was established in this experiment. All that can be said 
is that the safe level in eggs was below about 15 mg Se/kg dw. 

In a subsequent study, mallards were fed a diet containing about 10% moisture and 0, 1, 2, 4, 8, or 
16 mg/kg of added Se as selenomethionine (Heinz et al. 1989). The reproductive success of the groups 
fed 1, 2, or 4 mg Se/kg did not significantly differ from that of controls; mean Se concentrations in 
a sample of 15 eggs from each of these groups were about 2.7, 5.3, and 11 mg/kg dw (0.83, 1.6, and 
3.4 mg/kg ww). The group fed 8 mg Se/kg produced 57% as many healthy ducklings as the controls; 
the reduction in numbers was caused mainly by hatching failure and the early death of those that did 
hatch. A sample of 15 eggs from this group contained about 36 mg Se/kg dw (11 mg Se/kg ww). The 
group fed 16 mg Se/kg failed to produce any healthy young, and a sample of 10 of their eggs contained 
an average of about 59 mg Se/kg dw (18 mg Se/kg ww). Therefore, based on this study, the highest 
mean Se concentration in eggs not associated with reproductive impairment was about 11 mg/kg dw 
(3.4 mg/kg ww), and the lowest mean toxic concentration was 36 mg/kg dw (11 mg/kg ww). 

Lam et al. (2005) subjected the data from this study with mallards (Heinz et al. 1989) to statis
tical analyses to estimate the threshold for effects on clutch viability. They normalized treatment 
response for control response and subjected the data to linear regression analysis, and then used a 
stepwise increment of 0.5-mg Se/kg concentration units followed by a one-tailed, one-sample t-test 
comparing the percentage of impairment of clutch viability (±95% CI) with zero to derive threshold 
effect levels of Se in eggs associated with impaired hatchability. They determined that 9 mg Se/kg 
was the lowest concentration in eggs at which clutch viability was significantly different than zero, 
and that the value represented an EC8.2 for effects. A recent paper by Beckon et al. (2008) used the 
mean response data from the same laboratory study with mallards (Heinz et al. 1989) to evaluate 
potential hormetic effects exhibited by the treatment groups, and found an EC10 of 7.7 mg Se/kg 
(see later section on Hormesis). 



 

 

 
 

  
 

 
 

 

 

 
 
 
 

679 Selenium in Birds 

In another study, Heinz and Hoffman (1996) compared the toxicity of three forms of selenom
ethionine. In nature, selenomethionine occurs almost exclusively in the L form, which is one of the 
two stereoisomer forms it can take (Cukierski et al. 1989). The other stereoisomer is the D form, and 
in many feeding studies with birds a mixture of the two forms (seleno-dl-methionine) has been fed. 
In yeast, most of the Se is in the form of seleno-l-methionine (Beilstein and Whanger 1986), and 
in addition to being in the naturally occurring form, it is biologically incorporated into the yeast. 
Pairs of breeding mallards were fed 10 mg Se/kg in each of the three forms. The results suggested 
that seleno-dl-methionine and seleno-l-methionine were of similar toxicity and both were more 
toxic than the Se in selenized yeast, but the lower toxicity of selenized yeast may have been due to 
a lower bioavailability of the selenomethionine in the yeast. A sample of eggs from the pairs fed 
seleno-l-methionine contained a mean of about 30 mg Se/kg dw (8.9 mg Se/kg ww), which resulted 
in a severe reduction in reproductive success (6.4% hatching of fertile eggs compared to 41.3% for 
controls). Eggs from pairs fed the seleno-dl-methionine contained a mean of about 31 mg Se/kg 
dw (9.2 mg Se/kg ww), and hatching of fertile eggs was 7.6%. Eggs from the pairs fed the selenized 
yeast contained a mean of only about 22 mg Se/kg dw (6.6 mg Se/kg ww), and hatching success 
was 27.0%. Because even the 22 mg Se/kg derived from the selenized yeast had a profound effect 
on reproductive success a toxic threshold was not established, but was obviously well below 22 mg 
Se/kg. Three studies were conducted to evaluate the interactive effects of Se with arsenic (As) 
(Stanley et al. 1994), boron (B) (Stanley et al. 1996), or mercury (Hg) (Heinz and Hoffman 1998), 
which are described in a later section (Interactions). 

Using the same approach as that described earlier for the dietary values associated with reduced 
egg hatchability in mallards, Ohlendorf (2003) found the EC10 in eggs was 12 mg Se/kg dw, with 
95% CIs of 6.4–16 mg Se/kg dw. The EC10 of 12 mg Se/kg was estimated by fitting a logistic regres
sion model to the results of the six laboratory studies with mallards mentioned earlier. 

The EC10 for mallard duckling mortality, as reported in Adams et al. (2003), ranged from 12 
to 16 mg Se/kg dw in eggs. These EC10 values are based on a synthesis of the same six laboratory 
studies as mentioned earlier, but using the final endpoint of duckling mortality (the same effects 
data used in the dietary EC10 evaluation with hockey-stick regression above); the range of EC10 

values reflects different statistical approaches for analyzing the data. Based on further analyses of 
those data, Adams (personal Communication; see Ohlendorf 2007) determined that the infl ection 
point of the hockey stick occurred at an egg Se concentration of 9.8 mg/kg dw, with a predicted 
EC10 of about 12 mg/kg dw, which was comparable to that derived by Ohlendorf (2003). The 95% CI 
using hockey-stick regression was much narrower (9.7–14 mg/kg dw) than that derived by Ohlendorf 
using logistic regression (6.4–16 mg/kg dw). Given that there is a clear egg–Se threshold at which 
effects begin to be observed, a unimodal model, such as logistic regression, may result in exagger
ated confidence intervals, particularly in the tails. 

In a laboratory study designed to measure the lingering effects of an overwinter exposure to 
selenomethionine on reproduction, mallards were fed a diet containing 15 mg Se/kg for 21 weeks 
before the onset of laying (Heinz and Fitzgerald 1993b). Females began laying after various lengths 
of time off treatment. This experimental design was not ideal for determining the lowest concen
tration of Se in eggs associated with reproductive impairment, but the authors were able to make 
some  general conclusions. Some eggs hatched when Se in eggs was as high as about 20–30 mg/kg 
dw (6–9 mg/kg ww), but other eggs failed to hatch when Se concentrations were estimated to be 
between 9.9 and 16 mg/kg dw (3 and 5 mg/kg ww). The authors concluded that the most logical 
reason why some embryos die while others survive when exposed to a given concentration of Se is 
that mallard embryos vary in their individual sensitivity to Se. 

When black-crowned night-herons were fed a diet containing 10 mg Se/kg as selenomethionine (on 
close to a dry-weight basis) hatching success of fertile eggs was not reduced (Smith et al. 1988). The 
eggs of treated herons contained a mean concentration of about 11 mg Se/kg dw (3.3 mg Se/kg ww). 
The results from this study must be taken with some caution, however, because sample sizes were small 
(n = 5 pairs per group) and hatching success of fertile eggs of the control group was poor (32%). 



 

 

 

 

 
 
 

 

 

 
  

 
 

 
 

680 Environmental Contaminants in Biota 

Martin (1988) fed Japanese quail (Coturnix coturnix japonica) diets containing 5 or 8 mg Se/kg 
and chickens 10 mg Se/kg as selenomethionine, respectively. At 5 mg Se/kg, the hatching success 
of fertile quail eggs (56.4%) was lower than that of controls (76.4%); eggs from treated females 
contained about 23 mg Se/kg dw (7.1 mg Se/kg ww). At 8 mg Se/kg, the hatching of quail eggs was 
further decreased to 10.4% (compared with 75.1% for controls in that trial), and Se in eggs averaged 
about 40 mg/kg dw (12 mg/kg ww). The hatching success of the chickens fed 10 mg Se/kg also 
was depressed (23.2% compared with 84.5% for controls), and Se in eggs averaged about 36 mg/kg 
dw (9.6 mg/kg ww; the conversion from ww to dw [3.8] was based on the contents of chicken eggs 
containing about 73.6% water [Romanoff and Romanoff 1949]). No-effect concentrations in the diet 
or eggs were not determined. 

In another study with chickens, diets were supplemented with seleniferous grains in amounts 
to produce dietary concentrations of 2.5, 5, and 10 mg Se/kg (Moxon and Poley 1938, Poley and 
Moxon 1938). Modern statistical techniques were not applied to these data, and chemical anal
yses were different from those used today, but at 2.5 mg Se/kg in the diet, the hatching success 
of fertile eggs was no different from that of controls, and a sample of eggs contained Se at about 
15 mg/kg dw in albumen and 3.2 mg/kg dw in yolk 1.75 mg/kg and 1.67 mg/kg ww, respectively; 
conversions from ww to dw here and below (multiply ww concentrations by 8.3 for albumen and 
by 1.9 for yolk) were based on the fact that chicken eggs are composed of about 55.8% albumen, 
31.9% yolk, and 12.3% shell, and that the moisture content of albumen is about 87.9% while that of 
yolk is 48.7% (Romanoff and Romanoff 1949). At 5 mg Se/kg in the diet, the hatching of eggs was 
“slightly reduced,” and Se in egg albumen and yolks averaged about 24 and 5.2 mg/kg dw (2.95 and 
2.73 mg/kg ww), respectively. At 10 mg Se/kg, hatching decreased to zero, and albumen and yolks 
contained about 53 and 7.4 mg Se/kg dw (6.40 and 3.92 mg Se/kg ww), respectively. Based on the 
percentages of albumen and yolk in chicken eggs and the respective percentages of water in albu
men and yolk, a Se threshold of about 10 mg/kg dw (3 mg/kg ww) in whole eggs was associated with 
reproductive impairment in the study where chickens were fed 5 mg Se/kg; this threshold is similar 
to the findings of more rigorous recent studies with mallards. 

Harmful concentrations of Se in eggs may be of a different magnitude when another chemical 
form of Se, sodium selenite, is fed to birds. A diet containing 7 mg Se/kg as sodium selenite caused 
reproductive impairment in chickens but resulted in only about 7.2 and 3.8 mg Se/kg dw (0.87 and 
2.02 mg Se/kg ww) in egg albumen and yolk (Ort and Latshaw 1978). 

In another study with chickens, a diet containing 8 mg Se/kg as sodium selenite impaired repro
duction, and whole eggs contained from about 5.5 to 7.1 mg/kg dw (1.46–1.86 mg/kg ww) of Se 
(Arnold et al. 1973). The chemical form of Se in chicken eggs seems to be different when sodium 
selenite rather than selenomethionine is fed (Latshaw 1975, Latshaw and Osman 1975). 

In mallards, a dietary concentration of 25 mg Se/kg as sodium selenite impaired reproduction 
but resulted in a mean of only about 4.3 mg/kg dw (1.3 mg/kg ww) of Se in eggs (Heinz et al. 
1987). Therefore, although higher dietary concentrations of sodium selenite than selenomethionine 
must be fed to mallards to harm reproduction, lower concentrations of Se in eggs are associated 
with harm. 

Selenium also may affect egg fertility in some species, but egg fertility is not always reported 
from field or laboratory studies. Lack of reporting on fertility effects in some studies of Se effects in 
birds may be due in part to a general practice of simply including infertile eggs as inviable eggs (i.e., 
“infertility” effects may not be separated from “embryotoxic” effects in the overall measurement 
of hatchability). Failure to measure infertility as a separate endpoint may be due to the diffi culty 
often associated with distinguishing infertile eggs from those containing embryos that have died 
very early in development. Nevertheless, decreased fertility is a distinct effect from embryotoxicity, 
particularly in that it can indicate a mechanism acting on adult, rather than embryonic, physiology. 
In American kestrels fed selenomethionine at 12 mg Se/kg, egg fertility was signifi cantly reduced 
(by over 14%) compared to kestrels fed 6 mg Se/kg (Santolo et al. 1999). Results obtained in kes
trels suggest that infertility may be an important factor contributing to the overall reproductive 
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impairment in some species. However, in mallards (Heinz et al. 1987, Heinz and Hoffman 1996, 
1998) and black-crowned night-herons (Smith et al. 1988) fed 10 mg Se/kg as selenomethionine, egg 
fertility was not reduced compared with controls. Similarly, fertility was not affected in mallards 
fed diets containing Se at 7 mg/kg (Stanley et al. 1996) or 16 mg/kg (Heinz et al. 1989) as selenom
ethionine, but hatchability of fertile eggs was significantly reduced. Thus, effects on egg fertility in 
mallards and night-herons are not likely to be as ecologically significant as reduced hatchability. 

21.3.1.2 Field Studies 
Selenium concentrations in the eggs of marine species are variable, but may be higher than in fresh
water or terrestrial birds, even in remote areas (Ohlendorf 1989). For example, eggs of three species 
(wedge-tailed shearwater [Puffi nus pacifi cus], red-footed booby [Sula sula], and sooty tern [Sterna 
fuscata]) were sampled at four locations throughout the Hawaiian Archipelago, from Oahu to Midway 
(Ohlendorf and Harrison 1986). Mean Se concentrations varied only slightly by location, from about 
4.4 to 5.3 mg/kg dw (1.1–1.4 mg/kg ww) for shearwaters, 5.0–6.1 mg/kg (0.76–0.92 mg/kg ww) for 
boobies, and 4.1–5.1 mg/kg (1.1–1.4 mg/kg ww) for terns, but all were higher than typical of freshwa
ter species. Henny et al. (1995) predicted egg concentrations (21.3 or 29.2 mg Se/kg dw, based on dif
ferent regressions) from liver concentrations in white-winged scoters (Melanitta fusca) (mean of 54 
mg Se/kg dw for combined males and females; concentration not given separately for females) based 
on established liver–egg relationships for freshwater species (Henny and Herron 1989, Ohlendorf 
et al. 1990, Ohlendorf and Hothem 1995). However, they found that Se concentrations in eggs were 
only about 10% of the predicted concentrations, from 2.7 to 4.7 mg/kg dw. 

Braune et al. (2002) analyzed eggs of glaucous gulls (Larus hyperboreus), black-legged kitti
wakes (Rissa tridactyla), thick-billed murres (Uria lomvia), and black guillemots (Cepphus grylle) 
from the Canadian Arctic. Mean Se concentrations varied somewhat by species and location, with 
all means between 1.1 and 2.7 mg/kg dw except for kittiwakes (with means of 4.4 mg/kg at two 
locations), so kittiwakes were the only species with means greater than typical of freshwater and 
terrestrial birds. 

Eggs of common eiders (Somateria mollissima) collected from five locations in the Baltic Sea 
near coastal Finland also had median Se concentrations (0.55 mg/kg ww; about 1.65 mg/kg dw) that 
were similar to background for freshwater and terrestrial birds (Franson et al. 2000). Thus, there 
seems to be no consistent difference between marine and other birds. 

Using the results of extensive field studies of black-necked stilts (Himantopus mexicanus), 
Skorupa (1998a, 1999) found a threshold of 6–7 mg Se/kg in eggs to be associated with impaired 
egg hatchability. That concentration is about equivalent to the EC10 on a clutch-wise (or hen-wise) 
basis and the EC03 on an egg-wise basis. Lam et al. (2005) used the same statistical approach as 
described earlier for the laboratory study with mallards to estimate the threshold for effects on stilt 
clutch viability. They derived an EC11.8 of 14 mg Se/kg at which clutch viability was signifi cantly 
impaired (i.e., greater than zero impairment). It should be noted that the background rate of clutch 
inviability (when Se concentrations in eggs are <6 mg/kg) is estimated at 8.7% (U.S. DI 1998). 

Studying birds at Kesterson Reservoir in California, Ohlendorf et al. (1986b) used logistic regres
sion to estimate a 50% chance of embryo death or deformity in American coots (Fulica americana) 
when Se concentrations in eggs were about 18 mg/kg dw. The estimated Se concentration causing the 
same effect in black-necked stilts was 24 mg/kg. The value for eggs of eared grebes (Podiceps nigri
collis) could not be calculated because even the lowest Se concentration detected in eggs (44 mg/kg) 
was embryotoxic. The logistic approach is best suited to estimate the 50% effect concentration, not 
the concentrations of Se in eggs at which embryo deaths and deformities begin for each species. 
These concentrations would obviously be somewhat lower than the 50% effect levels. 

Skorupa and Ohlendorf (1991) examined the relation between Se concentrations in eggs of var
ious aquatic bird species and reproductive impairment at the population level. Embryo deformities 
were detected in only 3 of 55 populations of birds that had a mean Se concentration of less than 
3 mg/kg in eggs (and these deformities were not characteristic of those induced by Se); this is a 
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concentration of Se judged to represent a background level (Figure 21.1). However, as discussed ear
lier, reference area concentrations may not always be the same as concentrations from known uncon
taminated areas and, therefore, are not necessarily always synonymous with safe levels. Deformities 
were detected in nine of ten populations of aquatic birds in which the mean Se concentration in eggs 
exceeded about 48 mg/kg. Their data suggested that a teratogenic threshold at the population level 
existed between about 13 and 24 mg Se/kg, as illustrated in the fi gure. 

The nature of Se-related deformities makes them a good measure for characterizing the dose– 
response relation between Se concentrations in eggs and the incidence of severe reproductive 
impairment in avian populations because (1) the embryo is either deformed or normal (a presence/ 
absence indicator), and (2) the deformities resulting from Se toxicosis are diagnostic of Se toxicosis. 
It should be noted, however, that the data plotted in Figure 21.1 represent a population-level analysis 
and can not be used to infer probability of teratogenesis in individual eggs of known Se content. 

Using data on Se in eggs from the Tulare Basin (southern San Joaquin Valley), combined with 
data from several other western sites where elevated Se was found, Skorupa (1998a, 1998b; also in 
U.S. DI 1998) documented a detailed exposure-response relationship. Statistically distinct terato
genesis response functions were delineated for ducks, stilts, and American avocets (Recurvirostra 
americana) using the Tulare Basin data. The Tulare curves were used to estimate expected frequen
cies of teratogenesis for ducks, stilts, and avocets using other sites, and the predicted levels were 
tested against the observed frequencies from the sites. The predicted and observed frequencies of 
teratogenesis were not significantly different, so the data were combined to generate fi nal response 
curves. Using these data, Skorupa (1998b) developed species-specific response curves for stilts and 
avocets and a composite duck curve (using combined data from gadwalls [Anas strepera], mallards, 
pintails [A. acuta], and redheads [Aythya americana]). 

Based on the response coefficients and their standard errors, the teratogenesis function for ducks, 
stilts, and avocets were significantly different (Skorupa 1998b). Within this data set, these responses 
represent “sensitive” (duck), “average” (stilt), and “tolerant” (avocet) species. The probability of 
overt teratogenesis in stilts increased markedly when Se concentrations in eggs were greater than 
40 mg/kg, with an EC10 for teratogenic effects of 37 mg/kg. In contrast, the thresholds for teratogen
esis (expressed as an EC10) were 23 mg Se/kg in mallards and 74 mg Se/kg in avocets. Sensitivity 
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FIGURE 21.1 Dose–response relation between mean egg Se and teratogenic classification of aquatic bird 
populations (from Skorupa and Ohlendorf 1991, with kind permission of Springer Science and Business 
Media). For each dose interval, the observed percentage of populations classified as teratogenic is plotted 
along with 95% binomial confidence intervals. Sample sizes (number of populations assessed) for each dose 
interval are listed above the response plots. 



 
 

 

 
 

 

 

 

 
 

 
 

  
 

 

 

683 Selenium in Birds 

of these species to effects of Se on egg hatchability followed a similar pattern, with mallards being 
more sensitive than stilts, which are more sensitive than avocets (U.S. DI 1998). 

21.3.2 LIVER 

Background Se concentrations in livers of freshwater and terrestrial birds are <10 mg/kg dw 
(Table 21.1), while livers of marine birds from uncontaminated areas tend to have considerably  
higher Se concentrations (often 20 mg/kg or more; Dietz et al. 1996, Trust et al. 2000, Grand et al. 
2002, Mallory et al. 2004, Elliott 2005). Typical moisture content is about 70% (Ohlendorf et al. 
1990, Stanley et al. 1996). 

21.3.2.1 Laboratory Studies 
In a manner similar to that for eggs, Se concentrations in the liver respond quickly when birds are 
placed on or taken off a Se-contaminated diet (Heinz et al. 1990). When mallards were fed a diet 
containing 10 mg Se/kg, Se concentrations in liver were predicted to reach 95% of equilibrium in 
7.8 days; the rate of loss from liver also was rapid, with half-time of 18.7 days. Thus, Se concentra
tions measured in the livers of birds sampled outside the breeding season are not good predictors of 
potential reproductive effects. In laboratory studies of reproductive effects, livers of male mallards 
had higher concentrations of Se than those of females, probably because females excreted part of 
the Se they had accumulated through egg-laying (e.g., Heinz et al. 1987, 1989, Heinz and Hoffman 
1998). Nevertheless, analysis of livers of either male or female field-collected birds can provide a 
useful indication of the relative level of exposure experienced by the population. 

Laboratory studies have been conducted with mallards to determine the kinds of lesions and 
other measurements that can be used for diagnosis of Se toxicosis in birds (Albers et al. 1996, 
Green and Albers 1997, O’Toole and Raisbeck 1997, 1998). Dietary concentrations of added Se 
ranged from 10 to 80 mg/kg in these studies. Various hepatic lesions were associated with dietary 
exposures greater than 10 mg Se/kg, and Se concentrations in livers increased in response to the 
dietary levels. In general, ducks that received diets containing more than 20 mg Se/kg developed 
a number of lesions of the liver, and those receiving 40 mg/kg or more Se in their diets lost weight 
and had abnormal changes in the integument (described later) in addition to the liver. Lesions of the 
integument and liver, and weight loss, when corroborated by elevated Se concentrations in tissues 
(especially the liver), can be diagnostic of Se toxicosis in birds. It should be noted, however, that 
some birds died without exhibiting any significant morphological lesions even though they were 
emaciated. Although a clear threshold Se concentration in livers (or other tissues) for diagnosis of 
Se toxicity could not be defined, concentrations greater than 10 mg/kg were considered suspicious 
of Se toxicosis, particularly when accompanied by emaciation, poor quality (and sloughing) of nails, 
bilaterally symmetrical alopecia of the head and neck, toxic hepatic lesions, and necrosis of max
illary nails. 

In laboratory studies with birds fed diets containing selenomethionine, when Se concentrations 
in the diet and in livers of mallards, night-herons, and eastern screech-owls were expressed on a dry-
weight basis, liver concentrations ranged from roughly equal to the dietary concentrations to about 
three times the dietary levels (Heinz et al. 1987, 1989, Smith et al. 1988, Stanley et al. 1994, 1996, 
Wiemeyer and Hoffman 1996). At Kesterson Reservoir, Se concentrations in livers of European 
starling (Sturnus vulgaris) nestlings (7.5 mg/kg) were only slightly higher than those in the inverte
brates being fed to the chicks (6.2 mg/kg) by adults (Santolo 2007). 

In a laboratory study, surviving mallard ducklings fed 40 mg Se/kg as selenomethionine had a 
mean Se concentration of about 224 mg/kg dw (68 mg/kg ww) in the liver, whereas ducklings that 
died had a mean of about 198 mg/kg dw (60 mg/kg ww) (Heinz et al. 1988). In another laboratory 
study, this time with adult male mallards fed 100 mg Se/kg as selenomethionine, the livers of survi
vors contained a mean of about 142 mg Se/kg dw (43 mg Se/kg ww), and the livers of birds that died 
contained a mean of about 125 mg Se/kg dw (38 mg Se/kg ww) (Heinz 1993a). 
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When adult male mallards were fed 32 mg Se/kg as selenomethionine, they accumulated an aver
age of about 96 mg Se/kg dw (29 mg Se/kg ww) in their livers (Hoffman et al. 1991). One of 10 birds 
fed 32 mg Se/kg died, and others had hyperplasia of the bile duct and hemosiderin pigmentation 
of the liver and spleen. Various other sublethal effects, such as elevated plasma alkaline phospha
tase activity and a change in the ratio of hepatic oxidized glutathione to reduced glutathione, were 
observed in ducks with lower hepatic concentrations. At a dietary concentration of 8 mg Se/kg, 
which caused several of the physiological effects mentioned above, the mean concentration of Se in 
the liver was about 41 mg/kg dw (12.5 mg/kg ww). 

Based on these laboratory studies, in which Se was present as selenomethionine in the diet and was 
the only element fed at toxic concentrations, mortality of young and adult mallards could occur when 
hepatic concentrations of Se reach roughly 66 mg/kg dw (20 or more mg/kg ww), and important sub
lethal effects are likely when the concentrations exceed about 33 mg/kg dw (10 mg/kg ww). 

Using Se concentrations in adult female livers to predict when reproductive impairment occurs 
in birds is not nearly as good as using Se concentrations in eggs, because it is the Se in the egg that 
actually harms the embryo (Skorupa and Ohlendorf 1991). Extrapolating from liver to egg will intro
duce additional uncertainty above that already existing for the egg. However, in a controlled labora
tory study, the correlation between Se concentrations in eggs and in the livers of laying females was 
demonstrated by feeding mallards selenomethionine (Egg Semg/kg ww = −1.10 + 2.6 (Liver Semg/kg ww); 
R2 = 0.83; p < .01; Heinz et al. 1989). Therefore, when Se concentrations in eggs are not available, the 
concentrations in the livers of females during the breeding season can be used to estimate whether 
reproduction might be impaired. When Se concentrations are known for both the eggs and livers of 
breeding females, judgments on the hazards of Se to reproduction should be based on Se in the egg. 

In laboratory studies of reproduction, the livers of male mallards contained more Se than did the 
livers of females fed the same diets (Heinz et al. 1987, 1989). Because females may use the egg as 
a route of Se excretion unavailable to males, one would expect that, in the field, the lowest repro
ductive effect threshold of Se would be in the livers of laying females and that the livers of males 
would be less useful in predicting effects on reproduction, even if the males were collected during 
the breeding season and from the area where reproduction is of concern. The advantage of sampling 
laying females, however, may be more academic than practical. In nature, it is easier and more likely 
that a female would be collected before or after egg-laying, at which time the concentration of Se in 
her liver should be the same as in the liver of a male. If one collects breeding males in the wild or 
has reason to believe that the collected females were not collected during egg-laying, a 10-mg/kg dw 
(3-mg/kg ww) threshold concentration of Se in the liver would be on the low side (and would repre
sent the upper end of background conditions); a value of about 13–20 mg Se/kg dw (4–6 mg Se/kg 
ww) might be more appropriate for freshwater birds. However, some marine species typically have 
higher hepatic Se concentrations even in remote areas (as noted previously), so these values would 
not be appropriate for those species. 

Female mallards that were fed 10 mg Se/kg as selenomethionine had reduced reproductive 
success and a mean of about 16 mg Se/kg dw (4.7 mg Se/kg ww) in their livers (Heinz et al. 1987). 
Because no dietary concentrations below 10 mg/kg were used, a no-effect level of Se in the liver 
was not determined in this study. 

A dietary concentration of 8 mg Se/kg as selenomethionine significantly reduced reproductive 
success of mallards, and livers of the treated females contained a mean of about 12 mg Se/kg dw 
(3.5 mg Se/kg ww) (Heinz et al. 1989). In the same study, reproductive success was not signifi cantly 
different between females fed 4 mg Se/kg and controls, and livers contained a mean of about 7.9 mg 
Se/kg dw (2.4 mg Se/kg ww). Based on a regression equation of Se concentrations in female livers 
versus their eggs (Heinz et al. 1989), the threshold Se concentration of 10 mg/kg dw (3 mg/kg ww) 
in eggs corresponds to a Se value of about 5.3 mg/kg dw (1.6 mg/kg ww) in the liver. However, we 
do not know whether the data for this regression were linear in the lower end of the Se range. If the 
data were curvilinear, a value of 10 mg Se/kg dw (3 mg Se/kg ww) in eggs may correspond to a 
value of roughly 10 mg Se/kg dw (3 mg Se/kg ww) for the liver. 



 
  

 

 

 
 

 
 
 

 

 
 

  

 

 

685 Selenium in Birds 

In these laboratory studies with mallards, between 16 and 31 eggs were laid before each female was 
sacrificed. Depletion of Se through egg-laying, therefore, may have been greater in the laboratory than 
in nature where birds lay fewer eggs. If depletion of Se is greater by females in a laboratory study, the 
Se concentrations in the liver associated with reproductive impairment could be on the low side. 

Separate studies were conducted to evaluate the interactive effects of Se with As (Stanley et al. 
1994), B (Stanley et al. 1996), and Hg (Heinz and Hoffman 1998). The results of the interactions 
are described in more detail in a later section (Interactions); here we discuss only the effects of the 
Se treatment by itself. When Se was fed alone at dietary concentrations of 3.5 or 7.0 mg/kg in the 
B study, the mean Se concentration in livers of females was about 11 mg/kg dw (3.5 mg/kg diet) 
or 17 mg/kg (7 mg/kg diet) (3.2 and 5.1 mg/kg ww in liver). Hatching success was reduced in the 
7-mg Se/kg treatment group when compared to controls and the 3.5-mg Se/kg treatment group. 
No embryonic deformities were found in that study; although Se reduced duckling weight, it did 
not affect duckling survival. When ducks were fed Se at 10 mg/kg in both the As and Hg studies, 
Se accumulated significantly in eggs and livers, reduced hatching success and duckling survival 
(or production per pair), and was teratogenic. In the As study, the mean Se concentration in livers 
of ducks receiving the 10-mg/kg diet was 31 mg/kg in females and 34 mg/kg in males. In the Hg 
study, the mean Se concentration in livers of hens receiving the 10-mg/kg diet was about 20 mg/kg 
dw (6.0 mg/kg ww), and in males it was about 32 mg/kg dw (9.6 mg/kg ww). 

Franson et al. (2007) fed common eiders a diet containing 20 mg Se/kg as seleno-l-methionine or 
a diet that was started at 20 mg Se/kg and increased over time to 60 mg Se/kg. Among the ducks fed 
the 20-mg Se/kg diet, 57% exhibited lipidosis and hypertrophy of Kupffer cells in the liver. Among 
the ducks fed the 60-mg Se/kg diet, 83% exhibited cellular lipidosis and 100% had hypertrophy of 
Kupffer cells. One duck in the 60-mg Se/kg group died after 30 days and another was euthanized 
on day 32 after developing a staggering gait and a 35% weight loss. Selenium concentrations in 
livers averaged 351 mg/kg dw in the 20-mg/kg dietary group and 735 mg/kg dw in the 60-mg/kg 
dietary group. The authors of that study stated that the effects of Se generally were comparable to 
those seen in mallards fed similar dietary concentrations of selenomethionine; however, the eiders 
accumulated more Se in their livers than did the mallards. For example, in one study (O’Toole and 
Raisbeck 1997) mallards fed 60 mg Se/kg accumulated about 200 mg Se/kg dw (60.6 mg Se/kg 
ww) in liver versus the 735 mg Se/kg dw for the eiders fed 60 mg Se/kg in the Franson et al. (2007) 
study, leading the authors of the eider study to conclude that eiders, and probably other sea ducks, 
apparently have a higher adverse effects threshold of Se in tissues than do freshwater species. 

21.3.2.2 Field Studies 
Selenium concentrations in the liver have been used to estimate both exposure and effects on birds. 
For example, livers of adult birds (coots, stilts, and ducks) collected from Kesterson Reservoir and 
reference areas showed time-period differences related to collection site and duration of exposure 
(Ohlendorf et al. 1990). In addition, Se concentrations in prefledging juvenile birds of some species 
were generally similar to those in livers of late-season adults. Geometric means for Se in adult stilts 
in 1983 were as follows: Kesterson Reservoir—41.8 mg/kg early, 94.4 mg/kg late nesting season; 
Volta Wildlife Area—10.7 mg/kg early, 5.41 mg/kg late nesting season. Selenium concentrations in 
juveniles were 94.6 mg/kg at Kesterson and 4.10 mg/kg at the Volta Wildlife Area. 

Although accumulation in the liver is dose-dependent (Hoffman et al. 1991), the hepatic con
centration is only an imprecise estimator of the pathological condition of a bird. The cutoff is not 
clear between Se concentrations in the livers of birds killed by Se poisoning and others exposed to 
high concentrations but collected alive. The livers of birds found dead at the Kesterson Reservoir 
contained 26–86 mg Se/kg, whereas the livers of birds shot there contained 38–85 mg Se/kg 
(Ohlendorf et al. 1988). 

Selenium toxicosis effects in several species of aquatic birds found at Kesterson Reservoir 
in 1984–1986 were described previously (Ohlendorf et al. 1988, 1990, Ohlendorf 1989, 1996, 
Ohlendorf and Hothem 1995). Those birds exhibited many of the same signs of selenosis as those 
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later found in mallards (as described above), including hepatic lesions, alopecia, necrosis of the 
beak, and weight loss. 

Livers of diving ducks (such as scoters [Melanitta spp.] and scaups [Aythya spp.]) from estua
rine habitats have been found to contain higher concentrations of Se than other aquatic birds in the 
same habitats (Ohlendorf et al. 1986c, 1989, 1991, Henny et al. 1991). One possible reason for the 
higher concentrations of Se in these diving ducks is that they forage on benthic organisms, which 
bioaccumulate Se to a higher degree than foods of some other aquatic birds. However, many species 
of marine birds, including some that feed on planktonic crustaceans or other near-surface organ
isms, also tend to have higher hepatic Se concentrations than typical of freshwater birds (Elliott 
et al. 1992, Dietz et al. 1996, Campbell et al. 2005, Elliott 2005). Those include species such as 
Leach’s storm-petrel (Oceanodroma leucorhoa), northern fulmar (Fulmarus glacialis), black-footed 
albatross (Diomedea nigripes), and black-legged kittiwake that have mean Se concentrations up to 
75 mg/kg. 

Based on field data, a very high risk of embryonic deformity exists when the mean Se con
centration in the livers of a population of birds using nonmarine habitats (both sexes included 
and females not necessarily laying) exceeded about 30 mg/kg dw (U.S. Fish and Wildlife Service 
1990). Populations with means below about 10 mg Se/kg dw generally did not have many deformed 
embryos. Some species of marine birds can accumulate high concentrations of Se in their livers 
without correspondingly high concentrations in their eggs (e.g., Henny et al. 1995, Braune et al. 
2002, Campbell et al. 2005, DeVink et al. 2008b). 

21.3.3 KIDNEY 

Background Se concentrations in bird kidneys have not been clearly defined, and there is no 
consistent trend regarding liver/kidney ratios. Selenium concentrations in kidneys of birds from 
Se-normal areas were somewhat higher than those in the liver (liver/kidney ratios of less than 1), 
but concentrations in the two tissues were similar in birds from the Se-contaminated Kesterson 
Reservoir (Ohlendorf et al. 1988, 1990) and in the Imperial Valley of California (Koranda et al. 
1979). Selenium concentrations in liver and kidneys of American coots from Kesterson Reservoir 
and the reference site (Volta Wildlife Area) were significantly correlated (r = 0.98). The average 
moisture content of kidneys was 76–78%, so a conversion factor of 4.3 can be used to estimate from 
wet-weight to dry-weight concentrations. 

When chickens were fed 0.1 mg Se/kg as selenomethionine for 18 weeks, Se concentrations in 
kidneys (about 3.3 mg/kg dw; 0.77 mg/kg ww) were higher than those in the liver (about 2.0 mg/kg 
dw; 0.60 mg/kg ww), but when the diet contained 6 mg Se/kg the kidney and liver Se concentrations 
were essentially equal (both about 22 mg/kg dw; 5.2 and 6.6 mg/kg ww, but with different moisture 
contents assumed for kidney and liver) (Moksnes 1983). 

In a study to determine body distribution of trace elements in black-tailed gulls (Larus cras
sirostris) nesting on Rishiri Island in Hokkaido Prefecture, Japan, Se concentrations in kidneys of 
both adults (6.9 mg/kg) and juveniles (6.5 mg/kg) were signifi cantly (p < .001) higher than in livers 
(adults, 4.5 mg/kg; juveniles, 5.3 mg/kg) (Agusa et al. 2005). 

In a laboratory study with mallards (Albers et al. 1996), Se concentrations in livers of surviving 
ducks were consistently higher than those in kidneys when the ducks were fed diets supplemented 
with Se at 0 (control), 10, 20, or 40 mg/kg. However, concentrations in the two tissues were more 
similar among the birds that died during the exposure period. When expressed on a dry-weight 
basis, Se concentrations in livers were about two or three times the dietary concentration, whereas 
those in kidneys averaged less than twice the dietary concentration. 

Although concentrations of Se in kidneys representative of those diagnostic of harm to adult  
health or reproductive success are poorly understood, if one had no other information on Se values 
in tissues other than in kidneys, one could assume a roughly one-to-one correspondence between 
the concentration of Se in kidney and liver. In this way one could make a preliminary assessment of 
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possible harm to birds, but this assessment would be weak compared to those based on concentra
tions in eggs or livers. 

21.3.4 MUSCLE 

Background Se concentrations in muscle tissues of birds are 1–3 mg/kg (Table 21.1). Average mois
ture content of mallard muscle in a laboratory study was 74% (Heinz et al. 1987). 

As in eggs and liver, Se concentrations in muscle increase and decrease in response to changes 
in dietary exposure, but the changes occur more slowly (Heinz et al. 1990) and diagnostic concen
trations for effects are not readily available. Heinz et al. (1990) fed female mallards 10 mg Se/kg 
as selenomethionine for 6 weeks, followed by 6 weeks off treatment, and measured Se in the liver 
and breast muscle. By 6 weeks, Se in breast muscle averaged about 24 mg/kg dw (6.3 mg/kg ww). 
Selenium in the liver had nearly peaked after about 1 week, whereas muscle was projected to reach 
a peak of about 30 mg Se/kg dw (8 mg Se/kg ww) after 81 days. Likewise, Se was eliminated faster 
from the liver than from breast muscle, indicating that the two tissues may contain similar concen
trations of Se, but only after both reach equilibrium. This difference in accumulation and loss rates 
between tissues helps explain the variability observed in the muscle–liver relationships at Kesterson 
Reservoir and the reference site described below (Ohlendorf et al. 1990). 

Selenium concentrations in breast muscle from juvenile ducks (Anas spp.) at Kesterson Reservoir 
and a reference site (Volta Wildlife Area) were measured because of concern about human con
sumption of ducks harvested in the vicinity of Kesterson (Ohlendorf et al. 1990). Mean Se concen
trations were higher at Kesterson than the reference site, and were only slightly lower than those in 
livers of these birds. However, the relationship between muscle and liver (R2 = 0.69) of the ducks 
was considerably more variable than that between kidneys and livers of American coots from the 
two sites (R2 = 0.97). The predictive equation was: 

Log Se in muscle = 0.22 + 0.65 log Se in liver. 

When mallards were fed 10 mg Se/kg as selenomethionine in a laboratory study, females had 
similar concentrations of Se in the liver (about 16 mg/kg dw; 4.7 mg/kg ww) and breast muscle 
(about 19 mg/kg dw; 4.9 mg/kg ww), whereas males had much higher concentration in the liver 
(about 28 mg/kg dw; 8.6 mg/kg ww) than in breast muscle (about 12 mg/kg dw; 3.1 mg/kg ww) 
(Heinz et al. 1987). Because the females were laying eggs, they may have been using stores of Se 
from the liver to incorporate into eggs. 

Fairbrother and Fowles (1990) reported more Se in breast muscle (about 22 mg/kg) than in the 
liver (about 16 mg/kg) of male mallards given drinking water containing 2.2 mg Se/L (as selenom
ethionine) for 12 weeks. When chickens were fed 0.1 mg Se/kg as selenomethionine for 18 weeks, 
Se concentrations in breast muscle (about 1.1 mg/kg dw; 0.29 mg/kg ww) were about half of those in 
the liver (about 1.9 mg/kg dw; 0.60 mg/kg ww), but when fed 6 mg Se/kg in the diet nearly equal Se 
concentrations were reported in the breast muscle and liver (20 and 22 mg/kg dw; 5.4 and 6.6 mg/kg ww) 
(Moksnes 1983). 

As was the case with liver, much more Se was accumulated in muscle when ducks received an organic 
form of Se (selenomethionine) at 10 mg/kg than when fed a diet supplemented with an equivalent con
centration of inorganic Se (selenite, which is used routinely, but at much lower concentrations, in poultry 
diets) (Heinz et al. 1987). Also, females that received the organic Se during the reproductive study accu
mulated significantly more Se in breast muscle than the males receiving the same treatment. 

21.3.5 BLOOD 

Background Se concentrations in whole blood of nonmarine birds are 0.1–0.4 mg/L on a wet-
weight basis (Table 21.1). However, marine birds inhabiting unpolluted areas often have higher 
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Se concentrations in their blood (e.g., Franson et al. 2000, Wayland et al. 2001, 2008, Grand et al. 
2002), and similar findings were observed at Great Salt Lake, UT (Conover and Vest 2009). 

Under uniform sampling conditions, the moisture content of blood is fairly uniform, but under 
fi eld conditions the moisture content can vary substantially. For example, when mallard blood was 
sampled over a period of about 3 months by exsanguination in a laboratory study, the dry-weight 
content of blood averaged 21.70 ± 0.21% (mean ± SE) (Scanlon, 1982). In a laboratory study with 
kestrels (Yamamoto et al. 1998, Santolo et al. 1999, G. M. Santolo, personal communication), the 
dry-weight content of blood averaged 21.40 ± 0.11% (mean ± SE) with a range from 14% to 25%. 
However, when kestrels and other raptors were sampled in the field (Santolo and Yamamoto 1999, 
G. M. Santolo, personal communication), the dry-weight content of blood averaged 19.30 ± 0.14% 
(mean ± SE) with a range from 9% to 32%. In both the laboratory and field studies of kestrels (and 
other raptors), blood samples were taken in a consistent manner from the birds by the same inves
tigators. However, there was much greater variability in moisture content of birds collected in the 
field (variance = 8.3) and than in the lab (variance = 2.2). 

In experimental studies, Se concentrations in blood of mallards (Heinz et al. 1990, Heinz and 
Fitzgerald 1993a, O’Toole and Raisbeck 1997) and American kestrels (Yamamoto et al. 1998, 
Santolo et al. 1999) reflected dietary exposure levels. Mallards receiving Se (as selenomethionine) 
at dietary concentrations of 10, 25, or 60 mg/kg had blood–Se concentrations of about 22, 43, or 
77 mg/L dw (4.5, 8.9, or 16 mg/L ww) (O’Toole and Raisbeck 1997). The concentration of Se in 
blood increased in a time- and dose-dependent manner and reached a plateau after 40 days. 

When female mallards were fed increasingly high dietary concentrations of Se as selenomethio
nine (from 10 to 160 mg/kg over a period of 31 days), birds began to die at the end of the 31-day 
exposure (Heinz et al. 1990). Survivors contained means of about 60 mg Se/kg dw (12 mg Se/kg 
ww) in the blood on day 31, when their diet was switched to an untreated diet. Half-time for loss of 
Se from blood was 9.8 days, which was much faster than for muscle (23.9 days). In another study 
(Heinz and Fitzgerald 1993a), adult male mallards were fed 10, 20, 40, or 80 mg Se/kg as selenom
ethionine. Mortality began in the 40- and 80-mg Se/kg treatment groups during the third week on 
treatment, when samples of blood from surviving ducks in the same pens contained means of about 
25 or 70 mg Se/kg dw (5 or 14 mg Se/kg ww). Blood–Se concentrations of the ducks fed lower-Se 
diets plateaued after 8 weeks at about 42 mg/kg dw (8.4 mg/kg ww) for the 10-mg/kg treatment 
group and 70 mg/kg dw (14 mg/kg ww) for the 20-mg/kg dietary concentration. However, samples 
of blood were not taken from any of the birds that died. Therefore, comparisons of Se concentrations 
between the dead and the survivors were not possible. 

In American kestrels (Yamamoto et al. 1998), maximal blood concentrations, when expressed on 
a dry-weight basis, were about the same as those in the selenomethionine-supplemented diet. The Se 
concentration in blood after 77 days on treatment was 5.0 mg/kg for kestrels receiving the 5 mg/kg 
diet and 8.9 mg/kg for those receiving the 9 mg/kg dietary concentration. Selenium concentrations 
in blood returned to near the control concentrations in 28 days after the experimental diets were 
removed. Selenium concentrations in excreta of the kestrels were higher than those in blood during 
the treatment period, indicating that they excrete a substantial amount of the ingested Se. 

To assess the possible effects of Se on reproduction and fitness (measured as body mass) of 
lesser scaup, captive scaup were fed a control diet or one supplemented with Se at 7.5 or 15 mg/kg 
for 30 days to simulate late spring migration (DeVink et al. 2008a). The treated feed was removed 
after 30 days, before the birds began laying. There was no effect of Se on body mass, breeding prob
ability, or clutch initiation dates. Blood–Se concentrations differed between the treatment groups 
in proportion to dose, with mean Se concentrations in blood after 30 days on treatment (16.3 and 
30.8 mg/kg) about twice the concentration in the diet. The half-lives for Se concentrations in blood 
were 22 days for the 7.5-mg/kg treatment group and 16 days for the 15-mg/kg treatment group. 

When Franson et al. (2007) fed common eiders a diet containing 20 mg Se/kg as seleno
l-methionine or a diet that was started at 20 mg Se/kg and increased over time to 60 mg Se/kg 
(as described in Liver section), the eiders accumulated high concentrations of Se in their blood. 



 
 
 
 

 

 
 

 

 

 

 

 

  

689 Selenium in Birds 

Within 35 days on the high-Se diet the eiders lost about 30% of their body mass and mean 
blood Se  concentration was about 88 mg/kg (17.5 mg/kg ww). Body mass of the eiders on the 
20-mg Se/kg diet was similar to that of controls, although mean blood Se in the 20-mg/kg group 
was about 70 mg/kg (14 mg/kg ww), which was higher than that of controls (about 2 mg/kg; 
<0.4 mg/kg ww). 

Differences in the relationship between blood and liver Se concentrations may be attributed to 
more rapid initial elimination from liver than blood (Heinz et al. 1990, Wayland et al. 2001) and 
to binding of Se to inorganic mercury (IoHg) forming an inert Hg–Se protein with a long half-life 
(Scheuhammer et al. 1998). 

Selenium concentrations in wild-trapped birds can be measured in blood as a nonlethal approach 
for assessing exposure and, when combined with laboratory findings, can be interpreted as to whether 
exposures are potentially harmful. For example, Se concentrations were measured in  terrestrial 
birds of several species from Kesterson Reservoir, the area surrounding that site, and several refer
ence areas in California from 1994 to 1998 (Santolo and Yamamoto 1999). Except for loggerhead 
shrikes (Lanius ludovicianus), blood-Se was higher in birds from within Kesterson than in birds 
from other areas. For shrikes, the mean Se concentrations for birds from Kesterson (13 mg/kg dw) 
were not significantly different than those from nearby surrounding areas (8.5 mg/kg), although 
the maximum Se concentration at Kesterson (38 mg/kg) was more than twice the maximum for 
the surrounding area (16 mg/kg). Among species at Kesterson Reservoir, blood–Se concentration 
was higher in loggerhead shrikes and northern harriers (Circus cyaneus) than in the other species 
(hawks and owls) sampled. This difference among species is likely due to the differing sizes of 
foraging ranges of the various species (nesting harriers and young were sampled). Adult starlings 
collected from nest boxes within Kesterson had a mean Se concentration of 16 mg/kg in blood, and 
concentrations in eggs were significantly correlated with those in blood (Santolo 2007). 

Based on the information available, we conclude that Se concentrations in blood can indicate 
recent dietary exposures of birds, but relationships vary among species, and concentrations in blood 
can not be clearly related to effects on reproduction or individual health and fi tness. 

21.3.6 INTEGUMENT/FEATHERS 

Background concentrations of Se in feathers are 1–4 mg/kg, and are typically less than 2 mg/kg 
(Table 21.1), with moisture content of about 10%. As is the case for liver and other tissues, Se con
centrations may be higher in the feathers of birds from areas with elevated levels of Hg, because of 
the interactions between these two elements. Analyses of feathers may provide useful information 
concerning exposures of birds to Se if they are considered carefully. It is important to recognize 
that the Se may have been deposited into the feathers at the time they were formed (which may have 
been months earlier and thousands of miles away from the sampling time and location), or the Se 
may be the result of external contamination (Goede and de Bruin 1984, 1985, 1986, Goede et al. 
1989, Burger 1993). Concentrations also may have been reduced through leaching. Different kinds 
of feathers from the same bird may contain different concentrations, depending partly on when and 
where the feathers were grown during the molt cycle. 

Overall, feathers are not very useful for diagnosing potential harm in birds, especially because Se 
concentrations in them are not good indicators of current or recent exposure (unless, perhaps, while 
the feathers are growing) (Burger 1993, Ohlendorf 1993, U.S. DI 1998, Eisler 2000). However, a Se 
concentration of 5 mg/kg was identified as a threshold warranting further study (U.S. DI 1998). 

Feather loss (bilateral alopecia) is one of the signs of chronic selenosis in birds that may be 
observed in the field when dietary concentrations are high (Ohlendorf et al. 1988, Ohlendorf 1996). 
As mentioned earlier, laboratory studies have been conducted with mallards to determine the kinds 
of lesions and other measurements that can be used for diagnosis of Se toxicosis in birds (Albers 
et al. 1996, Green and Albers 1997, O’Toole and Raisbeck 1997, 1998). In general, ducks that 
received diets containing more than 20 mg Se/kg developed a number of lesions of the integument. 
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Those receiving 40 mg/kg or more Se in their diets lost weight and had abnormal changes in the 
integument that involved structures containing hard keratin, such as feathers (alopecia/depterylation 
[i.e., feather loss]), beaks (necrosis), and nails (onychoptosis [sloughed or broken]). When corrobo
rated by elevated Se concentrations in tissues (especially the liver), the observed integumentary and 
hepatic lesions, as well as weight loss, can serve for diagnosis of Se toxicosis in birds. It should be 
noted, however, that some birds died without exhibiting any significant morphological lesions even 
though they were emaciated. 

In conclusion, Se concentrations in feathers can indicate exposure of birds at the time the feathers 
grew, but concentrations that may be diagnostic of problems have not been developed. 

21.4 BIOMARKERS 

21.4.1 BIOCHEMICAL 

A number of studies have described physiological changes that are associated with Se exposure in 
field-collected or laboratory-exposed birds (Ohlendorf et al. 1988, Hoffman et al. 1989, 1991, 1998, 
Hoffman and Heinz 1998). These generally involved changes in measurements associated with liver 
pathology and glutathione metabolism (e.g., glycogen, protein, total sulfhydryl and protein-bound 
sulfhydryl concentrations; and glutathione peroxidase activity). In lesser scaup, results of a fi eld 
study suggested that corticosterone release may be influenced by complex contaminant interactions 
in relation to body condition and body size (Pollock and Machin 2009). When cadmium concentra
tions were high and birds were in good body condition, there was a negative relationship between 
liver Se and corticosterone, but not in birds with poor body condition. The overall mean Se concen
tration in livers was 4.3 mg/kg, with no apparent difference between the two groups. 

Wayland et al. (2002) found an inverse association between stress response (measured as cor
ticosterone concentrations following capture) and Se in common eiders nesting in the Canadian 
Arctic in 1999. Following capture and blood sampling, the birds were placed in a flight pen on-site 
for 8 days to examine immune function. Cell-mediated immunity was positively related to hepatic 
Se (geometric means were 14.1 mg/kg in females, 32.1 mg/kg in males). The heterophil: lympho
cyte ratio was inversely related to hepatic Se. In 1998, hepatic Se (geometric mean of 17.2 mg/kg in 
females) was positively related to body mass, abdominal fat mass, kidney mass, and liver mass. 

Hoffman (2002) and Spallholz and Hoffman (2002) provide discussions of the mechanisms and 
role of Se toxicity and oxidative stress in aquatic birds. As dietary and tissue concentrations of Se 
increase, increases in plasma and hepatic glutathione peroxidase activities occur, followed by dose-
dependent increases in the ratio of hepatic oxidized to reduced glutathione, and ultimately hepatic 
lipid peroxidation. At a given tissue (or egg) Se concentration, one or more of these oxidative effects 
were associated with teratogenesis (at about 15 mg Se/kg dw [4.6 mg Se/kg ww] in eggs), reduced 
growth of ducklings (at about 50 mg Se/kg dw [15 mg Se/kg ww] in liver), diminished immune sys
tem (at about 16 mg Se/kg dw [5 mg Se/kg ww] in liver), and histopathological lesions (at about 96 
mg Se/kg dw [29 mg Se/kg ww] in liver) in adults. These effects have been documented in fi eld and 
laboratory studies, as reviewed by Hoffman (2002). 

21.4.2 MORPHOLOGICAL 

The characteristic reproductive effects of Se observed in both field and laboratory studies 
include reduced hatchability of eggs (due to embryo mortality) and a high incidence of embryo defor
mities (teratogenic effects) (Ohlendorf 1996, 2003). Selenium-induced abnormalities are often multi
ple and include defects of the eyes (microphthalmia = abnormally small eyes; possible anophthalmia 
= missing eyes), feet or legs (amelia = absence of legs; ectrodactylia = absence of toes), beak (incom
plete development of the lower beak, spatulate narrowing of the upper beak), brain (hydrocephaly = 
a swelling of the skull due to fluid accumulation in the brain; exencephaly = an opening in the skull 
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that exposes the brain), and abdomen (gastroschisis = an opening of the gut wall, exposing the intes
tines and other internal organs). Most of these abnormalities are illustrated through photographs that 
have been published elsewhere (e.g., Ohlendorf et al. 1986a, 1988, Ohlendorf 1989, 1996, Ohlendorf 
and Hothem 1995, O’Toole and Raisbeck 1998). 

Morphological changes in adult birds as a result of chronically consuming diets with excessive 
Se have been documented in field and laboratory studies, as described in earlier sections and other 
reviews (e.g., Ohlendorf 1989, 1996, 2003, O’Toole and Raisbeck 1998, Eisler 2000). They include 
poor body condition (i.e., weight loss and loss of body lipids), feather loss, and histopathological 
changes in tissues. Tissue concentrations that cause these changes are not clear-cut, but effects are 
sometimes observed when hepatic Se is >10 mg/kg. American kestrels fed a diet containing Se at a 
concentration of 12 mg/kg lost lean body mass, suggesting that they were burning muscle mass as 
a result of this exposure (not seen in the lower treatment group fed 6 mg/kg); this may be the cause 
of wasting seen in other species (Yamamoto and Santolo 2000). 

21.5 INTERACTIONS 

The most studied interactions of Se with other environmental contaminants are between Se and Hg, 
where each may counteract the toxicity of the other (Cuvin-Aralar and Furness 1991) but also may 
increase bioaccumulation in tissues (e.g., Furness and Rainbow 1990, Heinz and Hoffman 1998). 
However, Se toxicity has also been reported to be reduced by elevated levels of lead (Donaldson and 
McGowan 1989), copper and cadmium (Hill 1974), silver (Jensen 1975), and arsenic (Thapar et al. 
1969, Stanley et al. 1994). Despite their common occurrence, biological effects of metal contami
nant mixtures are poorly understood and difficult to predict. 

Interactions between Se and vitamins A, C, and E, as well as sulfur-containing amino acids also 
have been documented (NAS-NRC 1976, 1983, Kishchak 1998, Eisler 2000). The interactions may 
be synergistic or antagonistic in terms of effects on uptake and metabolism, and the degree of inter
action is affected by numerous factors. Thus, the topic of interactions is too complex to be addressed 
in detail in this review, and only a few examples of recent studies are discussed. Nevertheless, some 
of the interactions of Se with other chemicals can be important factors in the design of field or labo
ratory studies and in the evaluation of results, and they should be taken into consideration. 

After adverse effects characteristic of Se toxicosis were observed in field studies at Kesterson 
Reservoir, California (described earlier), a series of laboratory studies was conducted, primarily 
with mallards, to help interpret the potential toxicity of different forms of Se, dietary sources of Se, 
and interactions with other dietary components including methionine, protein, and various trace 
elements that might be encountered in nature. Hamilton and Hoffman (2003) provide a review of 
the findings from the various laboratory studies, including Se concentrations in diets or tissues asso
ciated with the effects. 

Here we summarize only the laboratory studies conducted to assess interactions with As (Stanley 
et al. 1994), B (Stanley et al. 1996), and Hg (Heinz and Hoffman 1998) in addition to relevant fi eld 
studies. Each of the laboratory studies involved varying levels of dietary exposures of breeding 
mallards to Se alone, one of the other elements alone, and Se in combination with the other chem
ical. In each study, Se and the other chemical caused significant adverse effects on reproduction 
when present alone in the diet at higher treatment levels, but the interactions varied by chemical. 
Antagonistic interactions between As and Se occurred whereby As reduced Se accumulation in 
duck livers and eggs, and reduced the effects of Se on hatching success and embryo deformities 
when dietary As concentrations were 100 or 400 mg/kg. As the authors noted, however, the impor
tance of the observed As–Se interaction in the environment is unknown because As may not be 
present in bird food items at contaminated sites in the form used in the study (sodium arsenate). 

There was little evidence of interaction between B and Se when ducks were fed the two chemi
cals in combination. When the diet contained 10 mg Se/kg plus 10 mg Hg/kg, the effects on repro
duction were worse than for either Se or Hg alone, even though Se concentrations in eggs were  
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elevated only modestly by the presence of Hg. The 10-mg Se/kg diet produced a mean of about 
25 mg Se/kg on a dw basis (7.6 mg Se/kg ww) in eggs, and reduced the hatching success of fertile 
eggs to 24.0% compared to 44.2% for controls. When 10 mg Hg/kg was fed along with the 10 mg 
Se/kg, Se concentrations in eggs rose only to about 31 mg/kg dw (9.3 mg/kg ww), but hatching suc
cess dropped to 1.4%. Either the embryotoxicity of the Se had been increased by the presence of Hg, 
the embryotoxicity of the Hg was added to that of the Se, or some combination of these synergistic 
effects had occurred. In any case, the 31 mg Se/kg measured in eggs was associated with a greater
than-expected level of embryonic death were one to focus only on the Se in the eggs. In addition 
to the number of young produced per female being significantly reduced in the earlier study, the 
frequency of teratogenic effects was significantly increased by the combination of Hg and Se in 
the diet, and Hg enhanced the storage of Se in duck tissues. Female mallards fed the combination 
diet had about 1.5 times higher hepatic Se concentrations than those fed the Se-only diet, and male 
mallards fed the combination diet had almost 12 times the Se concentration of those fed the Se-only 
diet. In contrast to the synergistic effects on reproduction, the combined Se plus Hg diet was less 
toxic to adult male mallards than either Se or Hg alone. In male mallards fed only the 10 mg Se/kg 
diet, livers contained a mean of about 32 mg Se/kg dw (9.6 mg Se/kg ww), but when 10 mg Hg/ 
kg was also in the diet, male livers contained a mean of about 380 mg Se/kg (114 mg Se/kg ww). 
A value of 380 mg Se/kg in the liver of ducks would almost certainly be equated with severe harm, 
but the coexistence of about 217 mg Hg/kg (65 mg Hg/kg ww) in the livers seemingly nullifi ed the 
toxicity of the Se. Likewise, the 217 mg Hg/kg is well above the level normally associated with 
harm in birds; in this study a level of about 237 mg Hg/kg (71 mg Hg/kg ww) was reported in the 
male mallards fed only the 10 mg Hg/kg, and Hg-induced toxicity and mortality were observed in 
this group of males. Obviously, the Hg and Se had conferred a mutually antagonistic effect on each 
other, but only as far as the adult birds were concerned. 

Mercury and Se concentrations in the livers of various free-living carnivorous mammals often 
are highly correlated in a molar ratio of 1:1 (Scheuhammer 1987, Furness and Rainbow 1990, 
Cuvin-Aralar and Furness 1991, Eisler 2000). However, there is no consistent pattern for such a 
correlation in the livers of birds. For example, in diving ducks from San Francisco Bay, hepatic 
Hg and Se were correlated, but Se concentrations exceeded Hg concentrations by 6- to 15-fold on 
molar basis (Ohlendorf et al. 1986c, 1991). Elsewhere, Hg and Se concentrations were positively 
correlated in some bird livers, but not in others, or they were negatively correlated (see review by 
Ohlendorf 1993). These relationships may change as birds remain at the sampling location (due to 
differential accumulation and loss rates for Hg and Se), they may vary because of differing relative 
concentrations of the two elements, and other factors (such as the chemical forms present) also may 
complicate the patterns of bioaccumulation. 

When there is a low concentration of Hg, a lower molar ratio is observed; however, at high Hg 
and Se concentrations in the liver, most Se binds Hg resulting in a Hg:Se ratio greater than 1.0 
(Kim et al. 1996). For example, livers of black-footed albatross that contained total mercury (THg) 
concentrations over 100 mg/kg had an equivalent molar ratio of 1:1 between THg and Se, but such 
a relationship was unclear when birds had relatively low Hg levels. Studies by Henny et al. (2002) 
and Spalding et al. (2000) have shown high correlations of Se with IoHg on a molar basis in livers 
of fish-eating birds. As the THg concentration increased, the percentage present as methylmercury 
(MeHg) decreased. Those authors suggested that Se may contribute to the sequestration of IoHg, 
thereby reducing its toxicity. This conclusion would be consistent with the results of a Se–Hg inter
action study with mallards by Heinz and Hoffman (1998) described earlier. 

Recent work by Eagles-Smith et al. (2009) provides a useful understanding of Se–Hg relation
ships. They assessed the role of Se in demethylation of MeHg in the livers of adults and chicks of 
four waterbird species that commonly breed in San Francisco Bay (American avocets, black-necked 
stilts, Caspian terns [Hydroprogne caspia; formerly Sterna caspia], and Forster’s terns [Sterna
 forsteri]). In adults (all species combined) there was strong evidence for a threshold model where 
demethylation of MeHg occurred above a hepatic THg concentration threshold of 8.51 ± 0.93 mg/kg, 
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and there was a strong decline in percent MeHg values as THg concentrations increased above 8.51 
mg/kg. Conversely, there was no evidence for a demethylation threshold in chicks, and they found 
that percent MeHg values declined linearly with increasing THg concentrations. For adults, they 
also found taxonomic differences in the demethylation responses, with avocets and stilts showing 
a higher demethylation rate than terns when concentrations exceeded the threshold, whereas terns 
had a lower demethylation threshold (7.48 ± 1.48 mg/kg) than avocets and stilts (9.91 ± 1.29 mg/kg). 
Selenium concentrations were positively correlated with IoHg in livers of birds above the demethy
lation threshold, but not below, suggesting that Se may act as a binding site for demethylated Hg and 
may reduce the potential for secondary toxicity. 

Similar findings were reported by Scheuhammer et al. (2008) for common loons (Gavia immer) 
and bald eagles (Haliaeetus leucocephalus), although the thresholds were very different. In liver, 
both species had a wide range of THg concentrations, substantial demethylation of MeHg, and 
coaccumulation of Hg and Se. There were molar excesses of Se over Hg up to about 50–60 mg 
Hg/kg, above which there was an approximate 1:1 molar ratio of Hg:Se in both species. Thus, 
the amount of Se bound to Hg at any given concentration of THg is likely to vary among species, 
suggesting that the 8.5 mg Hg/kg threshold described earlier is not a universal one. 

At this time it is not possible to enumerate what concentrations of Se need to be in eggs or tissues 
to cause harm when certain concentrations of other contaminants such as Hg are also present in 
the samples. Likewise, the concentrations of combinations of Se and other chemicals that would 
lead one to conclude that no harm from Se, or the other chemical, is likely to occur are unknown. 
However, when elevated concentrations of other contaminants, especially Hg, are found along with 
Se in eggs or tissues, caution should be exercised in interpreting the significance of the Se (and the 
other contaminant). When warranted and feasible (due to time and resource constraints), this cau
tion would translate into conducting careful field studies at the contaminated site to determine if 
reproduction and adult health are normal, compared to an uncontaminated reference area. 

21.6 HORMESIS 

Selenium is an essential trace element for bird diets, as described earlier, and inadequate dietary 
levels of bioavailable Se may result in low Se in eggs. When poultry diets contain Se concentrations 
of less than 0.30 mg/kg and eggs contain less than about 0.66 mg/kg dw (0.20 mg/kg ww), they are 
considered to be below the “adequate” range (Puls 1988). 

Consideration of the hormetic effects of Se may result in lowering of thresholds for diet and eggs 
described above. A recent paper by Beckon et al. (2008) used the mean response data for the control 
and five treatment levels from the mallard study by Heinz et al. (1989) to evaluate potential hormetic 
effects exhibited by the treatment groups. They concluded that the EC10 from that study was 7.7 mg 
Se/kg (although their Figure 5 says 7.3 mg Se/kg). Because Se concentrations in bird eggs may 
be used in setting site-specific water quality standards for Se (e.g., Great Salt Lake; State of Utah 
2008), the difference in conclusions between the Ohlendorf (2003) and Beckon et al. (2008) results 
are important from a regulatory as well as scientific standpoint. Consequently, further analyses of 
the available data from the six studies with mallards (Heinz et al. 1987, 1989, Heinz and Hoffman 
1996, 1998, Stanley et al. 1994, 1996) are underway by the authors of this chapter. 

Summary 

Selenium is an essential nutrient for birds, with a narrow range of concentrations between what 
is a beneficial diet (< 3 mg/kg dw) and what represents a threshold for reproductive impairment 
(in the range of 3–8 mg/kg, depending on species and the form of Se in the diet). When birds 
eat a high-Se diet, Se levels in the diet are quickly reflected in concentrations in eggs, liver, and 
blood, but more slowly in muscle. Similarly, when birds are switched from a high-Se diet to one 
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with a lower concentration (or when they migrate from a high-Se area to a Se-normal area), the 
eggs, liver, and blood adjust relatively quickly to the lower concentrations. 

Kidneys are not as useful as livers for diagnosing Se status of birds, although the concentra
tions in kidneys and livers are highly correlated. In Se-normal areas, concentrations in kidneys 
tend to be higher than those in the liver, but concentrations in the two tissues are similar in birds 
from high-Se areas. Feathers can be useful under some circumstances, but it is important to 
recognize that Se concentrations in feathers reflect the exposure of the bird when the feathers 
were developing, not their current exposure. 

Background, elevated, and various effect levels of Se in bird diets, eggs, and various tissues 
are summarized in Table 21.1. We present there a range of effect concentrations because dif
ferent techniques have been used to develop them, and the reader can select from the range of 
values those that are appropriate for the degree of protectiveness (conservatism) desired under 
a particular set of circumstances. 

Based on our experience and review of the literature, we recommend the values presented 
in Table 21.2 as diagnostic levels for Se concentrations in eggs, livers, and diet to evaluate the 
probability that Se may be causing adverse effects in birds. Se concentrations in eggs and  livers 
should be considered the primary diagnostic levels, complemented by Se levels in the diet and 
observed effects on egg hatchability or signs of toxicosis such as those described for liver or 
other tissues. As stated previously, when Se concentrations are known for both the eggs and 
livers of breeding females, judgments on the hazards of Se to reproduction should be based on 
Se in the egg. 

Short of doing a time-consuming study of reproductive success, analysis of eggs is by far the 
best way to determine status of a population with respect to potential reproductive impairment. 
No single criterion is available for diagnosis of Se toxicosis in young or adult birds, but Se toxico
sis is indicated when elevated Se concentrations in tissues (especially when greater than 20 mg/kg 
in the liver) are accompanied by emaciation, poor quality of shed nails, bilaterally symmetrical 
alopecia of the head and neck, toxic hepatic lesions, and necrosis of maxillary nails. 

Regardless of which kind of sample is being analyzed (diet, egg, or other tissue), we highly 
recommend measuring moisture content of the samples and reporting those values along with 
the Se concentration. The literature contains a mixture of wet-weight and dry-weight concentra
tions in different media, and it is difficult to relate concentrations on one basis to the other with
out knowing the moisture content of the samples. This is important because moisture content 
varies by sample type and handling procedures. 

Physiological changes associated with Se exposure in field-collected or laboratory-exposed 
birds generally involve changes in measurements associated with liver pathology and gluta
thione metabolism (e.g., glycogen, protein, total sulfhydryl and protein-bound sulfhydryl, 
concentrations; glutathione peroxidase activity). As dietary and tissue concentrations of Se 
increase, increases in plasma and hepatic glutathione peroxidase activities occur, followed by 
dose-dependent increases in the ratio of hepatic oxidized to reduced glutathione, and ultimately 
hepatic lipid peroxidation. At a given tissue (or egg) Se concentration, one or more of these 
oxidative effects were associated with teratogenesis (when Se concentrations in eggs reached 
about 15 mg/kg dw = 4.6 mg/kg ww), reduced growth of ducklings (at about 50 mg Se/kg dw = 
15 mg Se/kg ww in liver), diminished immune system (at about 16 mg Se/kg dw = 5 mg Se/kg 
ww in liver) and histopathological lesions (about 96 mg Se/kg dw = 29 mg Se/kg ww in liver) 
in adults. 

The characteristic reproductive effects of Se observed in both field and laboratory studies 
include reduced hatchability of eggs (due to embryo mortality) and high incidence of develop
mental abnormalities (due to teratogenesis). Se-induced abnormalities are often multiple and 
include defects of the eyes (microphthalmia and possible anophthalmia [i.e., abnormally small or 
missing eyes]), feet or legs (amelia and ectrodactylia [absence of legs or toes]), beak (incomplete 
development of the lower beak, spatulate narrowing of the upper beak), brain (hydrocephaly and 
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TABLE 21.2 
Recommended Assessment Values for Effects of Dietary or Tissue Concentrations of Se 
on Birds 

Medium and Level/ Concentration (mg 
Status/Effectsa Se/kg, dw) Comments 

Dietb 

Background <3.0 Typical concentrations in diet items for birds; defi ciencies associated 
with low concentrations have not been reported in wild birds 

Reproductive impairment <4.0 Low probability for reduced egg hatchability; near background 
concentration for many aquatic food-chain items (i.e., fi eld diet, 
typically <3.0 mg/kg); value based on studies of multiple species 

Reproductive impairment >5.0 Elevated probability for reduced egg hatchability in sensitive 
species; effects down to this concentration may be measurable in 
the laboratory but unlikely to be detectable in the fi eld unless 
dietary concentrations are considerably higher 

Eggsc 

Background Mean < 3.0 (typically Concentrations may be higher in some marine birds 
1.5–2.5); individual 
eggs < 5 

Reproductive impairment <8.0 Low probability for reduced egg hatchability, including effects in 
sensitive species 

Reproductive impairment >12 Elevated probability for reduced egg hatchability in sensitive and 
moderately sensitive species 

Teratogenicity <20 Low probability for teratogenic effects in most species, and 
threshold for statistically discernable incidence in sensitive 
species such as mallard 

Teratogenicity >35 Probability for teratogenic effects in species of “average” 
sensitivity such as black-necked stilt 

Liverd 

Background for freshwater <10 Low probability of adverse effects in these species 
and terrestrial species 

Background for some marine 20–75 in some species Low probability of adverse effects in these species; must consider 
species (see text) species differences compared to freshwater and terrestrial species 

Elevated and potentially 10–20 Considered suspicious of selenium toxicosis when accompanied by 
toxic in freshwater and symptoms listed for toxic effects (see text); sensitivity varies by 
terrestrial species species 

Toxic >20 Diagnostic of Se toxicosis when accompanied by emaciation, poor 
quality of shed nails, bilaterally symmetrical alopecia of the head 
and neck, hepatic lesions, and necrosis of maxillary nails; based 
on field observations and laboratory studies with mallards 

Notes:	 No specifi c recommendations are made for kidney, muscle, blood, or feathers, although each of them can indicate 
levels of exposure. Kidney concentration is generally correlated with liver; muscle responds more slowly than eggs, 
liver, or blood in reflecting current exposure; and feathers reflect exposure at the time they were growing rather than 
the time of sampling. 

a Typical moisture content (%) and approximate conversion factor are shown in footnotes for each medium. 
b Variable moisture; laboratory diet typically ~10%, but natural diet varies widely (<10–>90%). 

65–80% moisture, varying with species and incubation stage; use 70% (i.e., factor of 3.3) for approximate conversion. 
d 70% moisture; use factor of 3.3 for approximate conversion. 
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exencephaly [fluid accumulation in the brain and exposure of the brain]), and abdomen (gastro
schisis [an open fissure of the abdomen]). 

Selenium interacts with a number of other environmental contaminants and nutrients of 
interest for birds. The interactions of Se with Hg have been studied most extensively, but  
interactions with As also may be important. Se and Hg each may counteract or increase the 
toxicity of the other but also may increase bioaccumulation in tissues. Dietary Hg and Se 
together were more harmful to mallard reproduction than either element was alone, while 
they were less toxic to adult birds in combination than they were alone. Consequently, where 
Hg may be elevated, both Se and Hg should be evaluated. In a similar study of Se and inor
ganic As, interactions between As and Se were antagonistic, whereby As reduced Se accumu
lation in duck livers and eggs, and reduced the effects of Se on hatching success and embryo 
deformities. 

Recent work on Se–Hg interactions has shown strong evidence for a threshold above which 
demethylation of MeHg occurred, and there was a strong decline in percent MeHg values as 
THg concentrations increased above the threshold. Conversely, there was no evidence for a dem
ethylation threshold in chicks, and percent MeHg values declined linearly with increasing THg 
concentrations. For adults, there were taxonomic differences in the demethylation responses, 
with avocets and stilts showing a higher demethylation rate than terns when concentrations 
exceeded the threshold, whereas terns had a lower demethylation threshold than avocets and 
stilts. Selenium concentrations were positively correlated with IoHg in livers of birds above the 
demethylation threshold, but not below, suggesting that Se may act as a binding site for dem
ethylated Hg and may reduce the potential for secondary toxicity. 

In summary, the ecotoxicology of Se is complex, because of the variable chemical forms in 
which it occurs in the environment, its interactions with other environmental contaminants, and 
large differences in species sensitivity to the adverse effects of Se. The most likely effects to be 
observed in the fi eld are reproductive impairment, which has been documented at a number of 
locations during the past 25 years or so. However, Se toxicosis and mortality of adult birds also 
has been observed and may occur when exposures are higher than those causing reproductive 
impairment. The assessment values for diet, eggs, and other tissues presented in Table 21.1 can 
be used to evaluate risks of adverse effects in birds. 
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22.1 INTRODUCTION 

Radioactive elements do not differ chemically from nonradioactive or stable elements and can be 
accumulated and integrated into tissue of plants and animals. Once integrated into tissues, emissions 
from radioactive elements have the potential to produce deleterious effects. Radioactive elements 
differ from conventional elements in that the radiation they emit can also exert biological effects at 
a distance without directly contacting the organism. 
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Quantification of tissue-based exposures to radioactive elements differs from chemical expo
sure. In contrast to chemical exposures which can be evaluated simply through direct measurement 
or estimation of concentrations in target tissues, both internal (e.g., due to radioactive elements  
retained in tissues) and external (e.g., due to emissions from radioactive elements in the environ
ment) exposure must be considered for radioactive elements. 

Effects of radioactive elements on biological tissue are qualitatively similar, differing only in magnitude, 
regardless of which radioactive element is considered. As a consequence, exposure to multiple radioactive 
elements is additive. Total radiation exposure therefore is the sum of exposure to all radioactive elements 
retained in tissue and in the immediate environment (i.e., the sum of internal and external exposure). 

The objectives of this chapter are threefold: First we present a brief introduction to radiation 
physics, summarize how exposure to radioactive elements is measured, and how radiation can affect 
biological tissue. Second, we provide an overview of the considerable research that has been con
ducted to quantify environmental exposure of and effects on biota from both naturally occurring 
and man-made radioactive elements since the 1950s. Finally, we summarize the history of develop
ment of radiation effect thresholds for protection of nonhuman biota. 

22.2 BASIC CONCEPTS* 

All matter is comprised of atoms, which in turn are made up of subatomic particles (i.e., protons, 
neutrons, electrons, etc.). The nucleus of atoms of the same element all have the same number of 
protons, but may have varying numbers of neutrons. These different atoms of the same element are 
known as isotopes. If the number of protons and neutrons in the nucleus are balanced, the atom 
is stable and is referred to as a stable isotope. However, if the nucleus has too few or too many 
neutrons, the atom is unstable and is known as a radioisotope or radionuclide. 

Radionuclides release energy or decay to form either new radionuclides (daughters) or stable 
elements. Some radionuclides decay through a series of daughter products before reaching a stable 
state. This process is known as a decay chain. The duration of time required for the activity of a spe
cific radionuclide to decay by 50% is known as a half-life. Radionuclide half-lives are a measure of 
their persistence. Radionuclides with long half-lives are generally of greater environmental concern 
than are those with short half-lives. 

Release of energy through the decay process may occur via emission of particles (alpha [α], beta 
[β], or neutrons), or by electromagnetic radiation (gamma [γ ] or x-rays). Because of their ability 
to produce charged particles (ions) in matter through which they pass, these emissions are collec
tively referred to as ionizing radiation. Alpha, beta, and gamma radiation are the primary forms 
of ionizing radiation of concern. A key characteristic of ionizing radiation is the amount of linear 
energy transfer (LET) they exhibit. LET characterizes the amount of energy lost by a particle or 
radiation, and its ability to create ions, as it passes through tissue. High-LET radiation can therefore 
be more damaging than low-LET radiation. 

Alpha particles have an electrical charge of +2 and are composed of two protons and two  neutrons. 
Because of their large size, alpha particles have low penetration capacity, can be stopped by a sheet 
of paper, and cannot pass through skin. However, alpha particles are high-LET radiation that cause 
considerable damage (i.e., ionization; discussed in more detail later in this chapter) if they, or radio-
nuclides that emit them, are ingested or integrated into tissue. Energy from alpha particles is dissi
pated in a few centimeters of air or up to 0.04 mm of tissue. 

Beta particles are generally negatively charged electrons ejected from the nucleus of an atom. 
Less frequently they consist of positrons (positively charged electrons). Beta particles are lighter 
and have higher penetrating capacity, but lower LET than alpha particles. At least 3 mm of metal, or 
6 mm of wood, or 5 mm of tissue are needed to shield from beta radiation. 

* This text is derived from ATSDR 2001, Eisler 1994, Copplestone et al. 2001, Sazykina et al. 2003, and Talmage and 
Meyers-Schone 1995. 



 

 

 

 
  

 
 

  

 
    

 
  

 
 

 

TABLE 22.1 
Units of Radiation Measurement 

Type of Measurement SI Unit Standard Unit Description 

Activity 1 Bq 2.7E-11 Ci (27 pCi) 1 Bq = 1 disintegration/sec 

3.7E + 10 Bq 1 Ci 1Ci = 3.7E + 10 disintegration/sec 

Absorbed Dose 1 Gy 100 rad 1Gy = 1 J/kg tissue 

0.01 Gy 1 rad 1 rad = 100 erg/g 

Exposure 1 R 2.58E-04 coulomb/kg air 

Dose equivalent 1 Sv 100 rem 1 Gy = 1 J/kg tissue 

0.01 Sv 1 rem 1 rem = 1.07 R 

Bq = Bequerel; Ci = Curie; Gy = Gray; R = Röentgen; Sv = Sievert.
 
 Röentgen is defined as unit of radiation exposure equal to the quantity of ionizing radiation that will produce one electrostatic 


unit of electricity in one cubic centimeter of dry air at 0°C and standard atmospheric pressure.
 
 Source: Adapted from Talmage, S. S., and L. Meyers-Schone. 1995. Handbook of Ecotoxicology, Lewis Publishers, Boca 


 Raton, FL, pp. 469–491; Eisler, R., Radiation hazards to fish, wildlife, and invertebrates: A synoptic review. 
Biological Report 26, Contaminant Hazard Reviews Report 29. December 1994. With permission. 
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Gamma and X-ray radiation are comprised of high energy photons with a short wavelength. 
While gamma radiation originates from the nucleus of an atom, X-rays are derived from the electron 
shell. Gamma radiation has a lower LET than either alpha and beta particles, and although it can 
travel deeper into tissue, it causes comparatively less damage (ionization). Shielding of 5–10 cm of 
lead or 30–60 cm of concrete are needed to stop gamma radiation. 

22.3 UNITS OF RADIATION MEASUREMENT 

Quantification of radiation was originally described by Curies (Ci), Röentgens (R), rad, and REM 
(Röentgen equivalent man) (Eisler 1994, Talmage and Meyers-Schone 1995). These units have sub
sequently been replaced by the International System (SI) of Units, Becquerel (Bq), Gray (Gy), and 
Sievert (Sv). Bequerels and Curies are measures of radioactive decay, where 1 Bq equals one atomic 
disintegration per second, which equals 27 pCi (Table 22.1). 

The activity per unit mass of each radionuclide (Bq/g or pCi/g) and the energy it releases determines 
the dose. Absorbed dose (Gy or rad) is quantified by the amount of energy absorbed by a receptor,  
whereas 1 Gy = 1 joule/kg = 100 rad = 10000 erg/g (Table 22.1). It should be noted that the absorbed 
dose is not a good indicator of the likely biological effect. For example, 1 Gy of alpha radiation would 
be much more biologically damaging than 1 Gy of photon (gamma) radiation because of its high-LET. 

Radiation weighting factors (wR) can be applied to absorbed doses to reflect the varying magnitude 
of biological effects associated with equal doses of different radiation types. The equivalent dose (HT) 
is the product of absorbed radiation dose to tissue and wR, in an attempt to allow for the different rela
tive biological effects (RBEs) of different types of ionizing radiation. Equivalent dose is therefore a 
less fundamental quantity than radiation absorbed dose, but is more biologically signifi cant. Equivalent 
dose is expressed as either sieverts (SI units) or REM. Dose-wR for different types of radiation require 
extensive experimentation. Recommended wR for human exposure are 1 for beta and gamma or X-ray 
radiation and 20 for alpha particles (ICRP 1991). Weighting factors for nonhuman biota are poorly 
developed and lack consensus. Values range from 5 to 20 for alpha and 1 to 3 for beta (Sazykina et al. 
2003). For this reason most doses for nonhuman biota are simply reported as the absorbed dose. 

22.4 SOURCES OF RADIATION 

Ionizing radiation can be both naturally occurring and anthropogenic in origin. Natural background 
sources of ionizing radiation include sunlight, cosmic rays, and naturally occurring radionuclides 
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from geologic sources (e.g., uranium and radon gas in soil). It has been estimated that the total 
annual dose to humans from natural background sources is 3.11 mGy/year (0.0085 mGy/d), of which 
17.4% is external (10.6% from cosmic radiation and 6.7% from terrestrial sources) and 82.6% is 
from internal sources (68% from radon and 14.6% from other radionuclides; NCRP 2009). Some 
areas, such as Ramsar in northern Iran, have naturally elevated levels of radionuclides (primarily 
226Ra and daughters). Background dose levels as high as 0.71 mGy/d have been measured there  
(Ghiassi-nejad et al. 2002). For comparison, Beresford et al. (2008) estimated that doses to represen
tative nonhuman biota in Great Britain range from 0.0017 to 0.015 mGy/d (Table 22.2). 

Anthropogenic sources of radionuclides in the environment are diverse and include, in no par
ticular order: uranium mining operations, nuclear weapons production and testing, nuclear power 
plants (including disposal of waste fuel), and accidental releases. Although above-ground testing of 
nuclear weapons and nuclear power production are major sources of anthropogenic radionuclides 
in the environment (Eisler 1994), areas of very significant contamination have resulted from acci
dental releases from power and weapons production plants. These accidental releases have provided 
invaluable opportunities to observe fate and effects of radionuclides on natural ecosystems. Key 
examples of accidental radionuclide releases are summarized below: 

In September 1957, a tank containing liquid radioactive waste exploded at the “Mayak” nuclear com
plex in the southern Ural Mountains, in what is now Russia. This event, which occurred at the height 
of the Cold War and was unknown outside the Soviet Union until the 1970s, ultimately became known 
as the Kyshtym accident (named after the nearest population center). The Kyshtym explosion released 
7.4E + 17 Bq of radiation, spreading contamination 300 km downwind, and contaminating an area of 
15,000–23,000 km2 (Sazykina and Kryshev 2006, Jones 2008). Maximum 90Sr concentrations, the 
dominant long-lived radionuclide that was released, were 1.5E + 08 Bq/m2. The human population was 
evacuated from a 1000 km2 area with 90Sr concentrations >7.4E + 02 Bq/m2. 

A month after the Kyshtym accident (October 1957), a fi re in the graphite core of a plutonium produc
tion reactor at the Windscale nuclear complex in Great Britain resulted in the release of 1.86E + 16 Bq 
of radiation into the air, surrounding countryside and the Irish Sea (Talmage and Meyers-Schone 1995, 
Jones 2008). Principal isotopes released included 131I, 137Cs, 210Po, 89Sr, and 90Sr. 

In 1979, a loss of cooling water resulted in a partial meltdown of the core at one of two reactors at 
the Three Mile Island nuclear power plant (TMI) in Pennsylvania. Although significant radiation was 

TABLE 22.2 
Estimated Total Weighted Absorbed Dose Rates to 
Reference Terrestrial Animals and Plants Due to 
Background Concentrations of 40K, 238U Series, and 
233Th Series Radionuclides in England and Wales 

Taxa Absorbed Dose (mGy/d) 

Wild grass 0.012 

Pine tree 0.0017 

Earthworm 0.015 

Bee 0.012 

Frog 0.007 

Duck 0.006 

Deer 0.0017 

Rat 0.003 

Source: Beresford, N. A. et al., J. Environ. Radioact., 99, 1430–1439, 
2008. With permission. 
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released (>1.59E + 15 Bq), it was predominantly as radioactive krypton gas, with 131I comprising less 
than 0.05% of total released radiation (Walker 2004). 

The 1986 explosion and fire in Reactor 4 at the Chernobyl nuclear plant was the largest known accidental 
release of radionuclides into the environment, 1.85E + 18–8E + 19 Bq of radiation (Talmage and Meyers-
Schone 1995, Geras’kin et al. 2008). Because the fire carried contamination into the atmosphere, global 
dispersion of radionuclides occurred. Beta and gamma radiation in Germany, 1200 km from Chernobyl, 
ranged from less than 1.5E + 3–2.4E + 5 Bq/m2 (Talmage and Meyers-Schone 1995). Soil concentrations 
of 2.00E + 4–6.00E + 4 Bq/m2 of 137Cs, 6.00E + 3–1.00E + 5 Bq m2 of 90Sr, and 370–3700 Bq/m2 of pluto
nium,existed shortly after the accident in areas over 30 km from the reactor (UNAS 1997). Lower levels of 
contamination spread over a large area in the Ukraine, Belarus, and Russia, and the world. 

22.5 EFFECTS OF IONIZING RADIATION ON BIOLOGICAL TISSUE 

The mechanism by which ionizing radiation produces effects in biological tissue is both simple 
and complex. At its very base, it is initiated by a simple transfer of energy from the decaying radio-
nuclide to neutral molecules and atoms, thereby producing electrically charged ions. Complexity 
arises in the cascade of responses and subsequent reactions that occurs as a result of the creation of 
ionized molecules and atoms within biological tissue. 

Effects from exposure to ionizing radiation have been categorized as both deterministic and  
stochastic (Copplestone et al. 2001, Delistraty 2008). Deterministic effects increase in severity 
above a defined threshold level, and can be clearly associated with an exposure, both in time and 
causation. Organ or tissue damage due to cell death are examples of deterministic effects. Stochastic 
effects increase in probability (but not severity) with increasing dose, do not display a threshold for 
effects, and exhibit a delayed and uncertain association with exposure. Cancer and heritable genet
ics effects represent stochastic effects. 

22.5.1 MOLECULAR AND CELLULAR EFFECTS 

The chemical form and biological function of molecules and cells can be changed by exposure to 
ionizing radiation. Chemically active free radicals and reactive oxygen species (ROS) are created 
through radiolysis of water within biological material (Pollard 1969, Sazykina et al. 2003, O’Neill 
and Wardman 2009). The ROS and free radicals initiate numerous reactions with biological mol
ecules (i.e., enzymes, lipids, proteins, DNA, etc.) and inorganic substances within cells, generally 
through oxidation and peroxidation. The resulting reactions can impair or otherwise deactivate 
these biological molecules. When they lose their biological function, these molecules become waste 
products that must be eliminated. In genetic material, the primary target of ionizing radiation, 
direct effects are expressed in the form of single- and double-strand breaks (ICRP 2008). If not 
repaired, damage to DNA can be perpetuated, leading to mutations that may be passed to offspring. 
O’Neill and Wardman (2009) provide an extensive review and discussion of the mechanisms for 
radiation-induced molecular/cellular damage and repair. 

At the cellular level, ionizing radiation can damage membranes of both organelles in the cell (i.e., 
nucleus, mitochondria, etc.) and the cell itself. This damage to cell membranes disrupts osmotic 
regulation and ion balance, leading to cell death (Sazykina et al. 2003). 

The effects of ionizing radiation at the molecular and cellular levels is somewhat mitigated by 
the inherent capabilities of cells to repair damage. Repair mechanisms are most effective for low to 
moderate levels of damage. In addition, damage from beta particles and gamma radiation is more 
easily repaired than is that from alpha particles. Repair at the molecular and cellular level is an 
ongoing process. As a consequence, the same absorbed dose received as multiple smaller exposures 
is generally less harmful than when it is received as a single large exposure. However, because 
repairs may not always be correct or complete, or if some damage is subtle and not recognized by 
the cell, cellular and genetic damage can accumulate over time. 
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All cell types are not equally sensitive to radiation exposure. In general, mitotically active and func
tionally undifferentiated cells are more radiosensitive than are specialized cells (Environment Canada 
and Health Canada 2003, Delistraty 2008). This generalization that young rapidly growing tissues are 
more radiosensitive is known as the Law of Bergonie and Tribondeau, and was first postulated in 1906 
(Bergonie and Tribondeau 1906). For example, mammalian nerve and muscle cells (which are highly 
specialized) exhibit lower radiosensitivity than do reproductive germ cells, dermal and gastrointestinal 
stem cells, and erythroblasts (all of which are mitotically active and comparatively undifferentiated). 
In addition to these cell types, bone marrow and the cells in the eye lens are also radiosensitive (ICRP 
2008). As a result of the radiosensitivity of these cell types, the organ systems of which they are a 
component (e.g., the reproductive, digestive, and immune systems) are also radiosensitive. Likewise, 
meristematic tissues in stems and root tips are the most sensitive cells in plants. 

22.5.2 WHOLE-BODY EFFECTS 

When taken up by an organism, radionuclides are integrated into tissue and follow the same 
biochemical pathways as their stable analogs. For example, 131I accumulates in the thyroid, 90Sr in 
bones, and 137Cs in muscle. As a consequence, exposure to ionizing radiation from internally incor
porated radionuclides is not uniform. Depending on the radionuclide, different tissues experience 
different doses, and therefore develop specifi c pathologies. 

The immune system in vertebrates is complex and is especially radiosensitive (Sazykina et al. 2003). 
Lymphocytes are readily killed by radiation exposure. Further, radiation-induced damage to cell mem
branes facilitates infection by microbial, viral, and parasitic agents. Secondary infections can therefore 
become established and contribute to further effects when the immune system is compromised. 

Reproductive tissues and rapidly dividing cells are also particularly radiosensitive. Radiation 
doses that have no effect on survival of an animal may produce total sterility. Sazykina et al. (2003) 
pointed out that reproductive effects are dependant on exposure of one or both parents. Irradiation 
of breeding adults can result in embryonic effects due to genetic damage, cellular damage to sexual 
organs, or impairment of the adults’ immune system resulting in embryonic exposure to pathogens. 
Radiation-induced reproductive effects may be expressed a significant time postexposure for the 
adults and can be evident even if no embryonic exposure occurred (UNSCEAR 1996). 

22.5.3 RELATIVE SENSITIVITY TO IONIZING RADIATION 

Radiosensitivity varies between different taxonomic groups, and among species (Eisler 1994, 
Harrison and Anderson 1996, Sazykina et al. 2003). Although there is considerable overlap among 
taxa, more primitive biota are more resistant to acute radiation exposure and more complex organ
isms are more sensitive (Figure 22.1). Acute* radiation doses lethal to higher plants and vertebrates 
are generally lower than doses lethal to invertebrates, which in turn are lower than doses lethal to 
algae and microbes. Among plants, Real et al. (2004) report that gymnosperms are the most sensi
tive and cryptogams† the most radioresistant under chronic exposure regimes. 

When effects of acute and chronic radiation exposure on reproductive success are considered, 
similar taxonomic trends in radiosensitivity are evident (Figure 22.2). Mammals are most sensitive 
and invertebrates least sensitive. Fish sensitivity to ionizing radiation tends to be intermediate. 

Radiosensitivity can also vary between individuals of the same species exposed to the same 
doses at different life stages (Willard 1963, Mole 1990). Organisms chronically exposed in the 
environment may also develop radioresistance so that effects to surviving individuals are not as 
pronounced as those exposed acutely (Rodgers and Baker 2000). 

* 	 Acute exposures typically occur over a short time period (relative to the development of a biological response), whereas 
a chronic exposure continues over a large fraction of the natural lifespan of the organism. 

† Cryptogams are plants which reproduce using spores rather than seeds (e.g., algae, lichens, mosses, and ferns). 
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FIGURE 22.1 Summary of the range of lethal doses (LD50) for various taxa following single, acute expo
sures (data from Eisler, 1994 and Harrison and Anderson, 1996). 
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FIGURE 22.2 Comparison of relative sensitivity of fertility in invertebrates, fish, and mammals to acute 
and chronic exposures to radiation. Data represent thresholds for effects on fertility from Harrison and 
Anderson (1996). 
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22.5.4 LEVELS OF ECOLOGICAL ORGANIZATION 

Similar to other environmental contaminants, expression of radiological effects occurs over multiple 
biological levels of organization. Biological and ecological processes are driven by mechanisms that 
are one level below, and effects are expressed at the next higher level (Caswell 1996). For example, 
adverse effects to bone marrow stem cells or reproductive germ cells due to radionuclide exposure 
may adversely affect the immune or reproductive systems. Effects to the immune or reproductive 
systems in turn may result in impaired individual survival and reproductive success. If suffi cient 
individuals are affected, individual-level responses may ultimately be expressed as population or 
community level effects. Although effects observed at the individual or suborganismal level may 
have an effect on higher levels of organization, that is not necessarily true (e.g., Anderson and  
Wild 1994). Some effects to individual survival are reported to be masked at the population level 
by immigration or environmental influences (Cooley and Miller 1971, Trabalka and Allen 1977). 
Likewise, population responses are not always affected by the same doses that negatively affect 
individuals, if the individual response does not reduce fitness (Marshall 1962, 1963, 1966, O’Farrell 
et al. 1972, Benjamin et al. 1998). 

22.6	 DATABASES AND TOOLS FOR EVALUATION OF 
RADIONUCLIDE EXPOSURE-EFFECTS 

Within the past 10 years, multiple organizations have undertaken efforts to assemble, review, and 
interpret the extensive volume of literature available concerning radionuclides in the environment. 
Most of these activities have been undertaken to better define exposure-response relationships and 
develop tools to facilitate the evaluation of exposure to and risks from radionuclides experienced 
by nonhuman biota. Jones and Gilek (2004) reviewed and compared processes, assumptions, and 
tools associated with existing risk assessment approaches for both ionizing radiation and chemi
cal contaminants. Although the general structures of the assessment frameworks were compara
ble, site-specificity, level of detail, and definitions of acceptable exposure/effects differed among 
frameworks. Summaries of key efforts for evaluation of ionizing radiation in the United States and 
Europe are presented later. 

The U.S. Department of Energy (U.S. DOE) manages and maintains a number of facilities that 
have become contaminated by radionuclides as part of historical research, development, and fabri
cation of nuclear weapons, research on nuclear power generation, and other nuclear energy appli
cations. The Graded Approach for Evaluating Radiation Doses to Aquatic and Terrestrial Biota 
(U.S. DOE 2002) was developed in support of the effort to assess the ecological risks and guide 
remediation of radionuclide contaminated sites. This approach is a 4-tiered process that progresses 
from simple comparisons of radionuclide concentrations in abiotic environmental media to Biota 
Concentration Guides (BCGs*), to more detailed analyses requiring field sampling and exposure 
modeling with site-specific data. BCGs represent radionuclide concentrations in soil, sediment, or 
surface water that correspond to radionuclide effect thresholds from IAEA (1992; 10 mGy/d for  
aquatic animals and terrestrial plants, and 1 mGy/d for terrestrial animals). Conservative exposure 
assumptions that integrate both internal and external exposure for four biota types (aquatic, ripar
ian, and terrestrial animals and terrestrial plants) are integral to the BCGs (Higley et al. 2003). In 
the first tier of the Graded Approach, environmental radionuclide concentrations are divided by the 
medium-specific BCG to generate a ratio. Because radionuclide effects are additive, these ratios are 
summed if multiple radionuclides are present. If the sum of the ratios is less than unity, then it can 
be assumed that radionuclide exposure is insufficient to present a risk to resident biota. However, if 
the sum of the ratios exceeds unity, the Graded Approach proceeds to the next tier and additional 

* BCGs are radionuclide concentrations in environmental media that would not exceed recommended dose rate guidelines 
(U.S. DOE 2002, 2009). 
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evaluation is necessary to more defi nitively define exposure and risk. Higher tiers include the use 
of site-specific data (e.g., bioaccumulation factors), a kinetic/allometric modeling tool to assess 
internal exposure (i.e., assumes first-order kinetics and allometric relationships, which relate body 
size to physiological and life history traits), and site-specific dose assessment (i.e., collection and 
analysis of representative biota samples, use of tissue radionuclide data with dosimetric models to 
estimate internal dose to a site-specific receptor). The overall process outlined by U.S. DOE (2002) 
is intended to protect biota at the population level and is consistent with ecological risk assessment 
guidance from the U.S. Environmental Protection Agency (U.S. EPA 1997, 1998). RESRAD-Biota 
(http://web.ead.anl.gov/resrad/home2/) is a software application developed by Argonne National 
Laboratory to facilitate the implementation of the Graded Approach. 

Whereas exposure estimation and risk screening were the focus of the development of the Graded 
Approach by the U.S. DOE, a more comprehensive effort has been initiated in Europe. This effort 
consists of a consecutive series of programs that developed databases of radiation exposure and 
effects, modeling tools for radiation exposure estimation and risk evaluation, and effects thresholds 
for evaluation of potential impacts of estimated exposures. 

The first program, “Framework for ASSessment of Environmental impacT” (FASSET), was 
initiated by the European Commission in 2000 (FASSET 2004, Larsson 2004). It focused on 
potential impacts of radionuclides on nonhuman biota within seven ecosystems (forests, seminatu
ral pastures and heathlands, agricultural ecosystems, wetlands, freshwaters, marine, and brackish 
waters). Biota were represented by approximately 30 reference organisms indicative of functional 
components important to each ecosystem. One critical component of the FASSET program was the 
FASSET Radiation Effects Database (FRED). The FRED database included approximately 25,000 
entries from over 1000 references, dating from 1945 to 2001, representing 16 wildlife groups, and 
focusing on four umbrella effect types: morbidity (effects on growth, immune systems, behavior, 
etc.), mortality, reproductive success, and mutation. The database includes raw dose/effect data 
from laboratory and field experiments, of which 80% are acute exposures and 20% are chronic 
exposures. Real et al. (2004) evaluated the effects data in the FRED database in an effort to deter
mine its adequacy for threshold development. They concluded that significant data gaps existed, 
particularly in relation to chronic studies of exposure to alpha and beta radiation. Nonetheless,  
the available data indicated the threshold for statistically significant effects was approximately 
100 uGy/h (2.4 mGy/d). 

The Environmental Protection from Ionizing Contaminants (EPIC) database was developed con
currently with FRED, with the objective of compiling and analyzing published and unpublished 
dose-effects data from the arctic, with an emphasis on data from Russia and areas of the former 
Soviet Union (Sazykina et al. 2003). Results were compiled from 435 sources and included approxi
mately 1600 records primarily describing chronic effects from relatively low radiation doses, but 
also from high doses, ranging from <1.0E-05 Gy/d to >1 Gy/d. Data in the EPIC database are  
classified according to seven effect categories (morbidity, reproduction, mortality/life shortening, 
cytogenic, ecological, stimulation, and adaptation) and five taxonomic groups (terrestrial animals, 
aquatic animals, terrestrial plants, soil fauna, and microorganisms). Based on these data, Sazykina 
(2005) concluded that the threshold for effects for arctic wildlife from chronic exposure to low-
LET radiation was in the 0.5–1 mGy/d range. However, it was noted that survival of species with 
high reproductive rates, such as mice and some fish species, were unaffected by exposures up to 
10 mGy/d, although other radiation-induced effects were evident. Ranges of exposures and associ
ated effects observed among arctic biota are summarized in Table 22.3. 

The Environmental Risks from Ionizing Contaminants: Assessment and Management (ERICA) 
project was initiated in 2004 with the intent to further develop the tools and databases originated 
under FASSET. Under the ERICA program, risk characterization tools and decision-support 
elements not addressed under FASSET were developed. The ERICA assessment tool (http://www. 
project.facilia.se/erica/download.html) is a software program developed to facilitate estimation of 
radionuclide exposure and risks to nonhuman biota. Another key function was the integration of 

http://www.web.ead.anl.gov
http://www.project.facilia.se
http://www.project.facilia.se
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TABLE 22.3 
Summary of Chronic Dose–Response Relationships for Arctic Biota Exposed to Low-LET 
Radiation 

Dose Rate Range (mGy/d) Effects Observed 

0.001–0.01 • Natural range of background radiation exposure. 

0.01–0.1 • No data on radiation effects above background. 

0.1–0.5 • Minor cytogenetic effects. Stimulation of the most sensitive vertebrate 
species. 

0.5–1 • Threshold for minor effects on morbidity in sensitive vertebrate animals. 

2–5 • Threshold for effects on reproductive organs of vertebrate animals. 

5–10 • Threshold for life shortening of vertebrate animals. 

• Threshold for effects in invertebrate animals. 

• Threshold for effects on growth of coniferous plants. 

10–100 • Life shortening of vertebrate animals; chronic radiation sickness. 

• Considerable damage to coniferous trees. 

100–1000 • Acute radiation sickness of vertebrate animals. 

• Death of coniferous plants. 

• Damage to eggs and larvae of invertebrate animals. 

>1000 • Acute radiation sickness of vertebrate animals. 

• Lethal dose is received within several days. 

• Increased mortality of eggs and larvae of invertebrate animals. 

• Mortality in coniferous plants. 
• Damage to deciduous plants. 

Source: EPIC database, Sazykina 2005. 

the FRED and EPIC databases to produce the FREDERICA database (http://87.84.223.229/fred/ 
mainpage.asp). This combined database contains 1509 references from 1945 to 2004 and 29,400 
data entries. 

In 2006 the PROTECT program (http://www.ceh.ac.uk/PROTECT/) was initiated as a successor 
to FASSET and ERICA. The purpose of the ongoing PROTECT program is to evaluate different 
approaches for assessment and management of ionizing radiation risks to nonhuman biota and to 
compare these approaches to those employed for chemical contaminants. The goal is to develop the 
scientifi c foundation on which to base numerical standards for protection of nonhuman biota from 
ionizing radiation. 

Most recently, the system of Reference Animals and Plants was introduced by the ICRP (2008). 
Reference Animals and Plants are an extension of the Reference Person employed to evaluate 
human exposure and effects. Reference Animals and Plants are representative of biota that occupy 
multiple ecological niches and may occur in many habitats and environments. Taxa represented 
include deer, rat, duck, frog, trout, fl atfish, bee, crab, earthworm, pine tree, wild grass, and brown 
seaweed. Although these specific taxa may not be present at all sites, information available for 
these reference species can be used to develop an approximate estimate of exposure and effects for 
species that do occur. 

Because taxa-specific data are lacking for most ecological receptors, the Reference Animals and 
Plants are intended to facilitate initial evaluations of radioecological exposures and effects. ICRP 
(2008) not only provides parameters needed to estimate internal and external exposure to 75 radio-
nuclides (internal and external dose conversion factors, body weights, and assumptions on body 
geometries), but also provides extensive summaries of available radionuclide effects data for each 
Reference Animal and Plant. 

http://www.87.84.223.229
http://www.ceh.ac.uk
http://www.87.84.223.229
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22.7	 STUDIES OF EXPOSURE TO AND EFFECTS FROM 
IONIZING RADIATION TO BIOTA 

As has been described in general terms previously in this chapter, the magnitude of effects displayed 
varies according to the duration of exposure, radioisotope and type of ionizing radiation, organ 
system considered, and taxonomy of biota exposed. We reviewed a limited selection of studies 
extracted from current publications and the extensive databases developed by others, to provide an 
overview of the current understanding of exposure and effects of radionuclides in mammals, birds, 
terrestrial invertebrates, fish, and aquatic invertebrates. Studies were selected to represent multiple 
types of responses to ionizing radiation including molecular-level and genetic effects, immune and 
endocrine responses, reproductive effects, and mortality. Because exposure data have been reported 
in multiple units, chronic doses were converted to mGy/d to aid the comparison of data from various 
studies. Acute exposures typically occurred over periods much less than 1 day and were converted 
to Gy to allow comparisons across studies. 

22.7.1 RADIATION EFFECTS ON MAMMALS 

Considerable published and gray literature is available describing the effects of ionizing radiation 
on mammals. Most published studies have been under laboratory conditions, with fewer studies 
evaluating effects in the field. Real et al. (2004) reported only 7 of 183 mammalian study references 
in the FASSET database corresponding with field exposures and effects. 

22.7.1.1 Molecular-Level and Genetic Effects 
Radiation exposures that produce molecular-level and genetic effects in mammals are variable and 
overlap with doses that have not been shown to produce effects. Real et al. (2004) reported that 
genetic effects may occur at dosages as low as 10 mGy/d, while exposures up to 90 mGy/d produced 
significant genetic effects among wild bank voles (Clethrionomy glareolus) within the Chernobyl 
exclusion zone (Rodgers and Baker 2000, Wickliffe et al. 2002). However, different populations of 
the same species, and different species exposed in the same areas, have been unaffected. 

For example, Wiggins et al. (2002) observed intrapopulation variation in the chromosomal posi
tions and abundance of chromatin among resident voles (Microtus sp.) living near Chernobyl Reactor 
#4 and exposed to 19–53 mGy/d, but these differences were similar to those observed among voles 
from reference areas, and therefore could not be attributed to radiation exposure. Likewise, bank 
voles from Chernobyl have had among the highest cesium body burdens and dose rates reported 
for a mammal (mean 134Cs and 137Cs burdens and dose rates were 2.8E + 04 Bq/g and 20 mGy/d, 
respectively [Baker et al. 2001]). No detrimental effects to vole populations were observed despite 
these high body burdens and elevated mitochondrial DNA diversity. Wickliffe et al. (2003) inves
tigated mitochondrial DNA (mtDNA) abnormalities in embryos from a female bank vole to test 
the hypothesis that chronic irradiation posed a genetic risk to offspring. A pregnant female bank 
vole was captured in the Red Forest with a 137Cs burden of 73000 Bq/g and an estimated external 
dose of 50 mGy/d. No significant differences in mtDNA mutations were found in embryos from the 
exposed female when compared to a control female and embryos. Although the sample size was 
small, chronic exposure to ambient irradiation did not increase genetic risks for this exposed indi
vidual. Genetic effects may not be long lasting in some species or individuals, as intracellular repair 
mechanisms act to correct genetic damage. In addition, populations exposed to elevated levels of 
ionizing radiation over multiple generations may select for genetic repair mechanisms and develop 
radioresistance (Wiggins et al. 2002). Radioresistance was postulated as the explanation for the 
lack of difference in frequency of micronuclei* among bank voles from the Chernobyl exclusion 

* Chromosomal fragments that have not been integrated into the daughter nuclei at cell division. The abundance of these 
fragments are widely used as a measure of chromosomal damage (Sugg et al. 1996). 
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zone and that among voles from uncontaminated reference areas. To test this, Rodgers et al. (2001b) 
placed naïve bank voles in exposures for 30 days. Despite an exposure to 36.2 mGy/d, no increase in 
the incidence of micronuclei in red blood cells was observed. The authors concluded that bank voles 
are inherently radioresistant. Similarly, no increases in point mutations were observed in a similar 
study with naïve Big Blue® mice chronically exposed in the Ukraine’s Red Forest to 33 mGy/d from 
137Cs for 90 days (Wickliffe et al. 2003). Recent work by Meeks et al. (2007) further supports the 
hypothesis that some small mammals are inherently radioresistant. 

Contrary to the lack of genetic effects reported by Rodgers et al. (2001b) and Wickliffe et al. 
(2003), Rodgers et al. (2001a) reported that house mice (Mus musculus) from the Red Forest 
exposed to 40 mGy/d for 30 and 40 days exhibited a significant increase in the frequency of micro-
nuclei. Ryabokon and Goncharova (2006) also reported genetic effects in mice exposed to very low 
dose levels at Chernobyl. Among the resident small mammal population at the Chernobyl site, they 
observed that a consistently elevated level of genetic damage and an increased frequency of embry
onic lethality had developed over 22 generations. At two of the more contaminated sampling sites, 
whole-body doses decreased from 0.61 and 0.087 mGy/d in 1986, shortly after the accident, to 0.041 
and 0.007 mGy/d in 1996. The frequency of genetically aberrant bone marrow cells was relatively 
constant (1.21% and 1.99% in 1986, and 2.04% and 1.95% in 1996, at the two sites, respectively). The 
frequency of genetically aberrant bone marrow cells at control sites was less than 0.64%. Ryabokon 
and Goncharova (2006) also observed that offspring of wild-caught gravid females that had been 
raised under uncontaminated laboratory conditions continued to display elevated levels of chro
mosomal abnormalities. Their findings were inconsistent with the assumption that the radiation-
induced genetic effects should dissipate as the whole-body absorbed dose rate decreases, and the 
authors propose that the consistent elevated level of genetic anomalies reflects a transgenerational 
transmission and accumulation of genetic damage. Green (1964) observed similar transgenerational 
transmission of effects from radiation exposure among laboratory mice. Reproductive fi tness was 
impaired among nonirradiated offspring of mice acutely exposed to 0.5 and 1 Gy X-ray doses. 

22.7.1.2 Reproduction 
Reproduction and reproductive organs can be particularly sensitive to ionizing radiation. This is  
because DNA in developing tissue and stem cells are easily damaged by ionizing radiation. This 
damage may not be repaired before it is replicated and distributed through entire organisms or tis
sues, resulting in physical malformations, developmental delays, and increased mortality (Sazykina 
et al. 2003). Based on data in the FASSET database, primarily from laboratory or domestic species, 
Real et al. (2004) concluded that the threshold for chronic reproductive effects in mammals was 
2.4 mGy/d with effects clearly evident at doses of 24 mGy/d. Other data however, suggest that wild 
mammal populations may be less sensitive. For example, Sugahara (1964) evaluated the chronic 
effects of gamma radiation on laboratory mice. Mice received 4.7 mGy/d over three generations. 
Statistically significant increases in sterility were observed in the second and third generations, but 
not in the parent or first generations. Juvenile mortality also increased to double that in the controls. 

French et al. (1974) conducted a multiyear field study of populations of desert rodents exposed 
to low-level gamma radiation. Three 9 ha enclosures were established, two of which served as 
controls and one was fitted with a suspended 137Cs source. Monthly censuses of small mammals, 
plants and invertebrates were conducted for 5 years. Dosimeters were fitted to some small mam
mals to quantify the doses they experienced. Measured dose rates for individual long-tailed pocket 
mice (Perognathus formosus) ranged from 0.0005 to 0.02 mGy/d. Although the chronic exposures 
reduced survival, particularly in the 1–6 month age groups, no negative reproductive effects were 
observed. Rather reproduction was somewhat greater among irradiated rodents. The authors note 
that a similar response, attributed to stimulatory effects of low-level radiation on fertility, has 
been observed among laboratory rat populations. Although no negative reproductive effects were 
observed for rodents, sterility was observed among the four lizard species that also occurred in the 
field enclosures, with the most severe effects observed for the longest lived species. 
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Mihok (2004) exposed wild, free-ranging meadow voles (Microtus pennsylvanicus) to a 137Cs 
source under natural conditions for 1–1.5 years. The maximum dose measured using dosimeters 
attached to individual voles was 44 mGy/d. No significant reproductive or population-level effects 
were observed over the three generation study. Although the lack of effects on reproduction or sur
vival was clear, the author cautions that their results are limited to external exposure from low-LET 
gamma radiation. 

Acute radiation exposures have been shown to adversely affect reproduction among wild rodents. 
O’Farrell et al. (1972) exposed free-ranging Great Basin pocket mice (Perognathus parvus) to one
time 60Co doses ranging from 5 to 9 Gy. Animals were recaptured for 3 years postexposure and 
reproductive status was evaluated. Although sterility was not evident among males at any dose level, 
females at all doses were infertile. The authors stated that the reproductive responses they observed 
in pocket mice were comparable to those observed in laboratory studies with domestic mice. Green 
(1964) observed reproductive effects following acute X-ray doses of as low as 0.5 Gy. 

22.7.1.3 Immune/Endocrine Responses 
The responses of the immune and endocrine systems may be affected by chronic high-level irra
diation. Bustad et al. (1955) fed sheep diets containing beta-emitting 131I at doses ranging from 
4 to 43000 mGy/d for 4 years. Thyroid activity was reduced at exposures of 214 mGy/d or greater. 
Significant reductions in leukocyte counts, plus extensive inflammation and necrosis of the  thyroid 
were observed at doses of 5000 and 43000 mGy/d. Similar but much less severe effects were 
observed at doses of 3700 mGy/d. No significant effects on thyroid function or blood chemistry 
were observed at the 4 mGy/d dose. 

Gridley et al. (2002) observed effects on the immune system of mice following acute alpha radi
ation exposures. Mice were acutely exposed to 0.1, 0.5, or 2 Gy of 56Fe, or 2 Gy of 28Si. Mass of the 
spleen and thymus were reduced in a dose-dependant manner at 4 days postexposure, as were num
bers of all major leukocyte cell types. At 113 days postexposure, abundance of T cells and natural 
killer cells were still reduced at the 2 Gy exposures. Based on these results the authors concluded 
that the immune system is sensitive to relatively low-level exposures of high-LET radiation. 

In contrast to the adverse effects observed at higher doses, low-level exposures may be benefi cial. 
Evidence of potentially beneficial immune and endocrine responses from low radiation doses (i.e., 
hormesis) was reported in meadow voles (Microtus pennsylvanicus) by Boonstra et al. (2005) in asso
ciation with the ecological studies of Mihok (2004) that showed no evidence for population effects. 
Chronic 137Cs gamma radiation exposures over 4 years ranged from 0.005 to 0.01 mGy/d (control) to 
0.54 mGy/d (low dose) and 92.2 mGy/d (high dose). Corticosterone concentrations and abundance of 
neutrophils were significantly elevated in low dose individuals as compared to both controls and high 
dose voles. Elevated corticosterol is a beneficial response that protects an individual against excessive 
immune and inflammatory responses. Male and female voles responded differently, with females 
producing higher corticosterone levels than males. The only negative response observed in this study 
was a slight reduction in hematocrit at both doses. However, the authors stated that this should be 
viewed with caution given the highly variable nature of hematocrits in wild rodents. 

Nonetheless, Calabrese and Baldwin (2004) suggested the enhanced longevity observed in 
association with low-level gamma exposure is due to stimulatory effects on the hematopoietic and 
immune systems that occur following low-level chronic bone marrow injury. This is an example of 
hormesis, where low-level exposures can stimulate beneficial responses. Hormesis appears to be a 
general biological phenomenon that may represent an over-compensation to an alteration in homeo
stasis. Hormetic responses have been reported in diverse species, for many biological endpoints, and 
from a wide range of stressors (both nonradionuclides and ionizing radiation). 

22.7.1.4 Mortality 
Most mortality data in the literature are for small mammals. Golley et al. (1965) compared 
responses to acute gamma radiation exposure of wild rodents to that of laboratory mice. Oldfi eld 
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mice (Peromyscus polionotus), cotton mice (P. gossypinus), harvest mice (Reithrodontomys humu
lis), and wild and laboratory strains of house mice were all acutely exposed to gamma radiation 
from a 60Co source. Significant taxonomic differences were observed. Whereas the LD50/30 (median 
acute lethal dose, killing animals within 1 month) for oldfield, cotton, and harvest mice were 11.25, 
11.3, and 12 Gy, respectively, wild and laboratory strains of house mice were more sensitive with 
LD50/30 values of 7 and 7.25 Gy. 

The survival of wild Great Basin pocket mice (Perognathus parvus) exposed to radiation was 
compared to the survival of laboratory populations of the same species under the similar exposure 
conditions (O’Farrell et al. 1972). Both field-collected and laboratory-raised mice received acute 
doses ranging from 5 to 10 Gy. Field-collected animals were returned to the study area and period
ically recaptured for evaluation. Wild mice (LD50/30 of 8.3 Gy) were no more or less sensitive to the 
acute effects of ionizing radiation than laboratory populations (LD50/30 of 8.6 Gy). In a follow-on 
study, O’Farrell et al. (1973) observed wild pocket mice to be more sensitive to acute gamma expo
sure than laboratory pocket mice. LD50/30 were 7.8 and 8.8 Gy for wild and laboratory mice, respec
tively. They attributed this difference to a synergism between radiation-induced and environmental 
mortality factors. 

Mortality is also associated with chronic radiation exposure. In their review of the data in the 
FASSET database, Real et al. (2004) observed that little mortality occurred in mammals at chronic 
gamma and beta radiation exposures lower than 2.4 mGy/d. At 24–120 mGy/d more overt signs of 
toxicity and mortality can occur. Real et al. (2004) concluded that reduced survival is likely above 
240 mGy/d. Tanaka et al. (2007) documented the lifespans and causes of mortality for several 
thousand mice exposed to dose rates of 21, 1.1, and 0.05 mGy/d (137Cs source) from 8 weeks old to 
approximately 400 days old. Neoplasms accounted for 86.7% of all deaths. The frequency of myel
oid leukemia in males, soft tissue neoplasms and malignant granulosa cell tumors in females, and 
hemangiosarcoma in both sexes exposed to 21 mGy/d were significantly increased over controls. 
Total counts of multiple primary neoplasms per mouse were significantly increased in mice irradi
ated at 21 mGy/d. The authors concluded that early death from chronic irradiation was typically due 
to a variety of neoplasms and not specific increased neoplasms. 

Caratero et al. (1998) evaluated the effects of chronic low-dose gamma irradiation on longev
ity in laboratory mice. They exposed mice to lifetime exposures of 0.19 or 0.38 mGy/d. Whereas 
median life span for control mice was 549 days, that of both irradiated treatments was 673 days. 
These findings are consistent with those of other researchers (e.g., Calabrese and Baldwin 2004). In 
contrast to these laboratory findings, French et al. (1974) observed reduced survival, particularly in 
the 1–6 month age groups among long-tailed pocket mice with measured dose rates ranging from 
0.0005 to 0.02 mGy/d. 

22.7.2 RADIATION EFFECTS ON BIRDS 

Fewer studies on the effects of ionizing radiation to birds are available in the published literature 
compared to small mammals. Birds are generally more diffi cult to study than mammals, resulting 
from birds’ longer life spans, difficulties rearing large numbers of birds in a lab, and birds’ greater 
mobility hampering controlled field experiments. Several studies providing examples from the lit
erature are provided here. 

22.7.2.1 Molecular and Hematological Responses 
Few studies were identified that evaluated molecular-level effects in birds or on their hematopoi
etic system, although these two endpoints can be evaluated together when they are studied. One 
reported no-effect to mitochondrial DNA and mutation rates in wood ducks (Aix sponsa) exposed to 
ambient ionizing irradiation (primarily 137Cs) at the Savannah River site (Johnson et al. 1999). DNA 
sequencing found the mutation rate was low for both the control and the experimental groups. The 
frequency of mutations observed in offspring was similar to their parents. 
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Genetic effects have also been documented among barn swallows (Hirundo rustica) breeding in 
the vicinity of the Chernobyl site (Ellegren et al. 1997, Moller et al. 2007, Bonisoli-Alquati et al. 
2009). Increased mutation rates, two to tenfold higher than uncontaminated areas, were recorded as 
were reduced fitness and an increased frequency of albinism (Ellegren et al. 1997). DNA damage in 
red-blood cells was greater in barn swallows found in areas around Chernobyl than in low-level irra
diation areas (Bonisoli-Alquati et al. 2009). These genetic indicators have been linked to reduced 
viability (Moller et al. 2007). These authors concluded that chronic exposures to radioactive con
taminants at Chernobyl continued to affect wildlife living there (Moller et al. 2008). 

However, others (e.g., Smith 2008) argue the “apparent impacts on birds” reported by Moller 
et al. (2007) may be due to land use changes following abandonment of contaminated land near 
Chernobyl, weak dosimetry, and inappropriate grouping of “Chernobyl” study sites. 

One study demonstrated the recovery and cellular level repair mechanisms in response to ioniz
ing radiation exposures. Newly hatched white leghorn chicks were acutely exposed to 2.25 Gy from a 
gamma source (Malhotra et al. 1990). Hematological changes over the following 28 days included a 
sudden decline and gradual recovery of total red-blood cells (RBCs) and white blood cells (WBCs), 
the level of hemoglobin and hematocrit. Corresponding increases in the mean corpuscular hemo
globin (MCH), mean corpuscular volume (MCV), and the MCH concentration (MCHC) were also 
noted. Recovery from these adverse effects, and stimulation of increased RBC and WBC counts, 
occurred within 28 days of exposure. 

Compensatory and repair mechanisms can allow some exposed species to recover from rela
tively minor effects of chronic and acute exposures. Whole-body exposure of white leghorn chicks, 
15-days posthatch, to a single acute dose of 2.1 Gy or two doses of 2.1 Gy from a gamma radiation 
source caused reversible blood pathologies (Malhotra et al. 1990). The chickens recovered from 
depressed total red-blood cell counts, hemoglobin content, hematocrit, MCV, and MCH within 
60 days. The next higher dose tested (6.6 Gy) caused mortality to all exposed birds within 7 days. 
Adverse effects begin to manifest when compensatory or repair mechanisms no longer keep up with 
the damage caused by irradiation. 

22.7.2.2 Growth and Development 
Environmental exposures provide realistic conditions that integrate spatial and temporal variability, 
but there are few experimental controls. A study by Millard and Whicker (1990) reported reduced 
growth rates and body weights in barn swallows exposed to radionuclides at the Test Reactor Area 
of the Idaho National Engineering Laboratory, but the author could not conclude that the observed 
differences from controls were due to the radiation. During the breeding season, barn swallows 
nested near radioactive leaching ponds. These birds fed on arthropods from the leaching ponds 
and built nests with radioactive contaminated mud (Millard and Whicker 1990). The radionuclide 
accumulated in greatest abundance was 51Cr, with tissue concentrations averaging 16.1 Bq/g. Thyroids 
contained mean 131I concentrations of 3330 Bq/g, resulting in individual thyroid doses of 4.3 mGy/d 
or 0.45 Gy over the entire breeding season. Eggs and nestlings showed no increased mortality at 
whole-body doses 0.84 and 2.2 mGy/d, respectively. Mean growth rates and body weights of exposed 
birds were significantly lower than controls, by 5% and 9%. However, the authors concluded that the 
cause of differing growth rates could not be definitively attributed to the radiation exposure, citing 
weather, food shortage, predation, and other possible stressors in addition to radiation. 

Freshly hatched tree swallows (Tachycineta bicolor) were collected in the field and returned to 
the lab for acute gamma radiation exposures of 0.9, 2.7, and 4.5 Gy from a 60Co source (Zach and 
Mayoh 1984). The exposure doses did not induce mortality, but body mass was reduced in the 2.7 
and 4.5 Gy exposure groups in a dose-dependent manner (5% and 13% reduction in growth). Some 
measures of development and timing were also affected by irradiation—the timing of the primary 
feather development was half a day later in the two highest exposure groups—while others were 
not. Primary feather length at emergence did not differ between exposed tree swallows and controls. 
In another laboratory exposure, Zach and Mayoh (1986a) acutely irradiated tree swallows nests at 
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0.4, 0.8, 1.6, or 3.2 Gy at 7–8 days into incubation. Similar effects were observed as when irradiat
ing hatchlings. Hatching and fledging success was not reduced at doses up to 3.2 Gy. Growth was 
significantly reduced by 4–14% in eggs acutely exposed at 1.6–3.2 Gy, respectively. Incubation time 
increased, while foot and primary feather lengths at fledging were also significantly depressed at the 
highest dose. These data show that for birds, growth can be a more sensitive endpoint for measuring 
effects of ionizing irradiation than hatching or fl edgling success. 

22.7.2.3 Reproduction 
Many avian studies have investigated reproduction, as this is a relatively simple endpoint to measure, 
and it incorporates subtle toxicological effects on multiple organ systems. 

Zach et al. (1993) chronically exposed tree swallows to 0.144 mGy/d, equivalent to 45 times  
background radiation levels. This was done during the breeding season to investigate the potential 
for reproductive effects from the gamma radiation of spent uranium fuel pellets. Reproduction, mea
sured by hatching and fledging success, the number of eggs that resulted in fledglings (breeding suc
cess), and chick growth measures (chick body weight, primary feather length, and foot length) was 
not signifi cantly different in exposed tree swallows as compared to controls. Although no physical 
effects were observed at low-level irradiation of wild tree swallows, both swallows and house wrens 
(Troglodytes aedon) avoided nesting in areas with radiation 100 times greater than background from 
a 137Cs source (from 0.7 to 6 mGy/d) (Zach and Mayoh 1982). Increased human activity and reduced 
prey abundance in areas near irradiation sources could have contributed to the avoidance behavior 
in addition to the radiation. Breeding season exposures in this study also did not cause any signif
icant reproduction effects to breeding success and chick growth. Avoidance behavior may have 
protected these birds from adverse effects. 

Field observations of wild birds exposed to low-level nuclear waste at the Savannah River Site in 
South Carolina found relatively high body burdens up to 55.6 Bq 90Sr/g of bone, and 667 Bq 137Cs/g 
in muscle (Willard 1963). In addition to these body burdens, eastern bluebirds (Sialia sialis) and great 
crested fl ycatchers (Myiarchus crinitus) were exposed to ambient radiation from waste disposal area 
soil. Wild birds did not appear to have any obvious physical effects from the ambient radiation at this 
site. The effects of single acute 60Co gamma doses to 9-day-old and 2-day-old chicks (both bluebirds 
and flycatchers) were investigated for 2 weeks after exposures ranging from 3 to 30 Gy. Signifi cant 
reductions in body weight (up to 63%) were observed at all doses; primary feather growth was reduced 
(up to 68%) at all but the lowest (3 Gy) dose. Two-day-old chicks were also more sensitive to radiation 
exposures than the 9-day-old chicks, and showed greater differences in weight and feather length rela
tive to controls. Thus, earlier life stages can be more sensitive to irradiation than older individuals. 

Acute doses should have greater effects than lower level chronic doses, but this is not always 
the case. In a comparison between the effects of acute and chronic irradiation to the same spe
cies, chronic gamma irradiation to tree swallow nests at ~1 Gy/d reduced hatching by 32% (56% 
compared to 82% controls) while single acute doses up to 3.2 Gy did not (Zach and Mayoh 1986a). 
Fledging success, measured as the number of hatched eggs that successfully fledged, was not 
reduced in acutely or chronically exposed hatchlings. Similar levels of effects were reported for 
house wrens (Zach and Mayoh 1986b). Survival of freshly hatched house wrens was not reduced 
over the 15-day nesting period after acute whole-body exposures ranging from 0.9 to 6 Gy of (60Co) 
gamma radiation. Significantly reduced growth (e.g., body mass, primary feathers, and foot length) 
was observed in a linear dose-dependent manner, and birds that received the highest dose exhib
ited stunted growth. Dose fractionation, which refers to the separation of radiation exposures with 
periods of rest, allows time for DNA repair. Likewise, acute irradiation damage can sometimes 
be repaired, while the additive effects from continuous exposures may not. The early life-stages 
receiving acute exposures in this study (7–8 days posthatch) could also have helped minimize the 
irradiation due to the relatively low sensitivity of undifferentiated cells. 

Another study evaluated the differences between acute and chronic exposures of the same total 
gamma radiation dose to chicken and black-headed gull eggs (Larus ridibundus) (Phillips and 
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Coggle 1988). Eggs were exposed to a 60Co source for total doses of 1.9–28.8 Gy during incubation 
as 100–2000 mGy/d for 20 days, or to single acute doses of 1.92–28.8 Gy on day 10 of incubation. 
Cumulative chronic exposures above 9.6 Gy and acute exposures above 4.8 Gy reduced hatchability 
and development to full-term. The frequency of foot and limb deformities also increased in chicks 
exposed to cumulative chronic doses of 9.6 Gy. 

Zakaria (1991) reported reduced hatchability in broiler chicken eggs following exposures at 
doses below those that had no effect on house wrens or tree swallows. Eggs were acutely exposed 
to 60Co gamma doses ranging from 0.05 to 2.1 Gy prior to incubation. Acute exposures below 1.6 
Gy did not affect hatchability or chick body weight, although hatchability and chick weight were 
reduced at 2.1 Gy. Results of this study, which tested over 23,000 eggs, were consistent with previ
ously reported effect levels for other avian species. 

How the rate of exposure affects the responses to acute doses of ionizing radiation is poorly studied. 
Leghorn chicken (Gallus domestica) hens were acutely exposed to varying dose rates to determine 
effects on reproductive performance of exposed hens, egg hatchability, and reproductive performance 
of progeny (Mraz and Woody 1973). Each exposure group received 8 Gy from a 60Co source at 0.01, 
0.05, 0.25, or 0.43 Gy/min. Egg production in the exposed hens was reduced in all but the lowest expo
sure, and this effect lasted for 5–7 weeks. Egg hatchability in the first 14 days after irradiation was 
reduced only in the two highest dose rates. Egg production was not reduced in any of the surviving 
offspring. Half of the hens were again exposed to 8 Gy for 23 weeks after the initial dose. The second 
exposure reduced egg production below that observed after the initial dose. All groups recovered from 
these second exposures by the end of the 8-week observation period, except for the group previously 
exposed at the highest dose rate (0.43 Gy/min). These results indicate that the first exposure had a 
residual effect on the hens, making them more sensitive to additional irradiation. 

A similar study investigated the effects of gamma radiation on egg production of 21-week-old 
Japanese quail (Corturnix corturnix japonica) (Baumgartner 1985). Quail were acutely exposed 
to doses ranging from 3 to 30 Gy from a 60Co source. Doses above 6 Gy caused a dose-dependent 
reduction in egg production by 30 days postirradiation. Egg weight likewise decreased in exposures 
above 6 Gy. 

22.7.2.4 Mortality 
Birds are about as sensitive to acute radiation exposure as mammals, with LD50/30 ranging from 5 
to 20 Gy (Woodhead 1998). Earlier life stages are also more radiosensitive than adults. Mellinger 
and Schultz (1975) performed one of the initial reviews of the effects of ionizing radiation in birds. 
Effects documentation from various radiation sources was quite limited and focused on tissue con
centrations as a measure of exposure. The general conclusion from review of these studies was that 
“minor population effects [to birds] that might results from ionizing radiation probably would be 
masked by more consequential environmental effects.” 

Although few chronic exposure studies showing avian mortality were available, acute thresh
olds had been identified for multiple species. Reported LD50/30s from exposure to 137Cs for adult 
green-winged teal (Anas crecca), blue-winged teal (Anas discors), and northern shoveler (Anas cly
peata) were 4.85, 7.15, and 8.94 Gy, respectively (Tester et al. 1968). Immature, 4-month-old mallards 
exposed to gamma radiation had an LD50/30 of 7.04 Gy (Abraham 1972). The 24-h LD50 for white leg
horn chicks (15-days posthatch) was 6.6 Gy (Malhotra et al. 1990). Baumgartner (1985) observed an 
LD50/30 of 22.5 Gy for 21-week-old Japanese quail exposed to gamma radiation from a 60Co source. 

22.7.3 INSECTS AND OTHER TERRESTRIAL INVERTEBRATES 

Insects and other terrestrial invertebrates are generally recognized as among the least sensitive taxa 
to ionizing radiation. A review conducted by Wood et al. (2005) indicated that the levels of chronic 
radiation exposure that produced effects in insects and soil invertebrates ranged from 2 to 1000 
mGy/d (Table 22.4). These data were subsequently used to identify radiation exposure levels for a 
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TABLE 22.4 
Effects Observed among Insects and Soil Invertebrates Resulting from Chronic Radiation 
Exposure 

Dose Rate (mGy/d) Taxa Radiation Type Effect 

2 Earthworm Alpha Reduced abundance, plus reproductive 
and histological effects 

2 Insect larvae Alpha Reduced abundance 

2 Scorpion Gamma Increased chromosome aberations 

2 Midge Mixed Chromosome aberations 

20–100 Earthworm Reduced abundance 

100–200 Myriapods, spiders, Beta Reduced abundance 
earthworms 

200–1000 Bark beetle Reduced pupal survival 

200–1000 Soil invertebrates Population reduction 

1000 Ants Behavioral changes in colony 

Source: Adapted from Wood, M. D. et al., Radioprotection, Suppl 1, 40, S229–S234, 2005. With permission. 

study on previously untested taxa, the terrestrial isopod, Porcellio scaber. Morbidity,  mortality and 
reproductive capacity were evaluated in terrestrial isopods exposed to gamma radiation for 96 days 
(Hingston et al. 2005). No adverse effects were observed following a chronic exposure of up to 
192 mGy/d. 

Hertel-Aas et al. (2007) exposed earthworms (Eisenia foetida) to five levels (4.32, 41, 96, 264, 
and 1032 mGy/d) of gamma radiation from a 60Co source for two generations. At the highest dose, 
hatchability was reduced to 60% of controls. The lowest dose rate at which reproductive effects 
were observed was 96 mGy/d in the F0 generation and 264 mGy/d in the F1 generation. The authors 
concluded that although chronic gamma exposure reduces reproductive capacity in earthworms, 
extensive exposure (13 weeks) was necessary for effects to be expressed. 

Effects of acute gamma irradiation on the collembolan, Folsomia candida, were investigated 
by Nakamori et al. (2008). Growth and survival of these soil insects was measured following acute 
gamma radiation exposures ranging from 35 to 1770 Gy. Reproductive effects were also measured 
in response to gamma doses ranging from 4 to 110 Gy. Acute ED50s for survival, growth, and repro
duction for these insects were 1356, 144, and 21.9 Gy, respectively. 

Field data from Chernobyl indicated that immediately following the accident, soil invertebrates 
experienced exposures ranging from 9 to 29 Gy. These dose levels resulted in 20- to 30-fold reduc
tions in density of the soil invertebrate community (Geras’kin et al. 2008). One year after the acci
dent, abundance of soil invertebrates had recovered to 45% of that at control sites. By 2.5 years, soil 
invertebrate abundance was generally equal to that present prior to the accident, but diversity was 
still reduced by 20%. This reduction in diversity was still evident up to 10 years after the accident. 
Field observations from several locations in the Chernobyl Exclusion Zone in 2001, 15 years follow
ing the accident, indicated that whereas diversity of flying insects and soil invertebrates declined 
as contamination increased, overall invertebrate biomass did not (Jackson et al. 2005). Although 
data from this study were limited, the authors suggested the reduced diversity was due to chronic 
impacts on more sensitive taxa. Most recently, Moller and Mousseau (2009) evaluated the abun
dance of several insect and arachnid taxa (bumblebees, butterflies, grasshoppers, dragonfl ies, and 
spiders) in the Chernobyl exclusion zone, 20 years after the accident. Abundance was reduced for 
all taxa in a dose-dependent manner, among sites with dose levels ranging from less than 0.0024 
mGy/d to over 2.4 mGy/d. The authors suggested that these results imply that the ecological effects 
of radiation from Chernobyl on terrestrial invertebrates are greater than previously assumed. 
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22.7.4 FISH AND AQUATIC INVERTEBRATES 

Although fish are generally among the least radiosensitive vertebrates, they are more sensitive than 
aquatic invertebrates. Based on studies summarized in the EPIC database (Sazykina et al. 2003), 
eggs of fish are twice as sensitive to acute gamma exposure as are eggs of snails (Table 22.5). When 
chronically exposed to gamma radiation, fish eggs are approximately 70 times more sensitive than 
are snail eggs (Table 22.6). Among fish species, salmon are more sensitive to chronic gamma expo
sures than are pike. Whereas 130–330 mGy/d resulted in 100% egg mortality in salmon, 940 mGy/d 
was needed to produce the same effect in pike eggs. 

Real et al. (2004) summarized the dose-response data for fish available in the FASSET database. 
Most data were for gamma irradiation in laboratory settings. General trends from these data are 

TABLE 22.5 
Responses Observed among Arctic Fish and Invertebrates in Exposure to Acute Gamma 
Radiation 

Dose (Gy) Taxa Effect 

3 Salmon eggs LD50 for eggs exposed in initial developmental stage 

5 Salmon eggs ~100% mortality for eggs exposed in initial developmental stage 

2 Pike eggs 30% survival reduction considerable embryo abnormality 

4 Pike eggs ~100% mortality for eggs exposed in initial developmental stage 

3 Pond snail (Limnea stagnalis) eggs Slight increase in egg mortality 

6 Pond snail (L. stagnalis) eggs ~50% mortality for eggs 

12–15 Pond snail (L. stagnalis) eggs ~100% mortality for eggs 

2 Daphnid Slight increase in mortality 

20 Community of 6 Cladocerans Compensatory increase in fecundity 

200 Zooplankton community 66% decrease in community richness 

Source: From Sazykina, T. G. et al., Report of dose-effects relationships for reference (or related) Arctic biota. EPIC data
base “Radiation effects on biota.” A deliverable report for EPIC (Environmental Protection from Ionizing 
Contaminants) Project CIA2-CT-2000-10032, 2003. With permission. 

TABLE 22.6 
Responses Observed among Arctic Fish and Invertebrates in Exposure to Chronic Gamma 
Radiation 

Dose Rate (mGy/d) Taxa Effect 

1–5 Salmon eggs 30–40% decrease in egg survival 

30 Salmon eggs ~50% mortality of eggs 

130–330 Salmon eggs ~100% egg mortality 

5 Pike eggs Decreased egg development time Increased abnormalities 

30 Pike eggs Increased frequency of chromosomal aberrations 

300–470 Pike eggs Decreased egg and larval survival 

940 Pike eggs ~100% egg mortality 

17 Pond snail (Limnea stagnalis) Reduced adult size increased radioresistance 

2,100 Pond snail (L. stagnalis) Decreased egg survival increased abnormalities 

0.0055 Daphnids Slight decrease in fertility 

Source: From Sazykina, T. G. et al., Report of dose-effects relationships for reference (or related) Arctic biota. EPIC data
base “Radiation effects on biota.” A deliverable report for EPIC (Environmental Protection from Ionizing 
Contaminants) Project CIA2-CT-2000-10032, 2003. With permission. 
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TABLE 22.7 
Summary of Chronic Irradiation of Fish from the FASSET Databasea Unless Otherwise 
Noted 

Dose Rate (mGy/d) Taxa Effect 

2.4–24 Plaice, medaka, roach Reduction in testes mass and sperm production; lower fecundity; 
delayed spawning 

24–120 Plaice, eelpout, medaka, Reduction in testes mass and sperm content; severe depletion of 
guppy, rainbow trout spermatogonia; reduced fertility or complete infertility; reduce 

fecundity; reduced male courtship 

120–240 Medaka Depletion of spermatogonia 

350 Medaka Reduced number of eggs/female; reduced egg viability; reduced 
percentage of larvae from viable eggsb 

240–1200 Medaka, guppy Sterility; reduction in larval survival; increase in vertebral 
abnormalities 

>1200 Guppy No impact on offspring survival following parental irradiation 

aSources: Real, A. et al., J. Radiol. Prot., 24, A123–A137, 2004; b Hinton, T. G. et al., J. Environ. Radioactiv., 74, 43–55, 
2004a. 2004. With permission. 

summarized in Table 22.7. The overall conclusions were that effects on the immune system of fi sh 
may occur at exposures of less than 0.2 mGy/d (but results were inconsistent), and that although one 
study indicated that effects on gametogenesis may occur at 5.5 mGy/d, most data indicated effects 
occurred when exposure was greater than 24 mGy/d. Data were too few to identify chronic radiation 
exposure thresholds for mortality in fish (Real et al. 2004). 

As can be seen in the data summarized earlier, most available data on the effects of ionizing radia
tion in fish pertains to effects of gamma radiation. Data with which to determine the RBE of alpha 
radiation relative to gamma radiation on an ecologically important endpoint such as reproduction have 
been lacking. To address this issue, Knowles (2002) chronically exposed zebrafi sh (Danio rerio) to 
both alpha and gamma radiation and evaluated reproduction. Fish were exposed to three gamma radia
tion doses (7.2, 24, and 178 mGy/d) from a 137Cs source, and four alpha radiation doses (0.23, 0.456, 
2, and 5.1 mGy/d from 210Po added to their water) for over 33 weeks. Among the gamma-irradiated 
fish, reproductive effects were observed only at the 178 mGy/d dose. The number of nonviable eggs 
was significantly greater, and by the 20th week of the study, all pairs of fish had ceased laying eggs. In 
contrast, no reproductive effects were observed for any of the alpha radiation doses. Because no repro
ductive effects from exposure to alpha radiation were observed, the RBE of alpha radiation relative to 
gamma radiation could not be precisely measured from this study. However, the author suggested a 
conservative estimate of the RBE of less than 35 based on the highest no-effect alpha radiation dose. 

A similar series of studies was also conducted as part of the FASSET-ERICA projects to investi
gate the chronic effects of alpha and gamma radiation on aquatic invertebrates. Alonzo et al. (2006) 
evaluated growth, physiology, and reproduction of Daphnia magna exposed to the alpha-emitting 
radionuclide, 241Am, at doses of 0.48, 2.64, and 23.8 mGy/d for 23 days. Although food ingestion 
was not affected at any dose rate, growth was reduced at the two highest doses. In addition, although 
fecundity was not affected at any dose rate, egg masses, and neonates were significantly smaller. In 
a subsequent study, Alonzo et al. (2008) evaluated effects of 241Am on Daphnia magna at doses of 
7.2, 36, and 360 mGy/d over three generations (70 days). At the highest dose rate, juvenile mortality 
was 38–90%, with survivors displaying delayed reproduction and reduced fecundity in the F1 and 
F2 generations. At the two lower doses, juvenile mortality ranged from 31% to 38%, but was only 
evident in the F1 generation. Whereas the proportion of breeding females was reduced to 62% and 
69% in the 36 and 7.2 mGy/d exposures, respectively, this reproductive effect was evident in the F1 

generation at the 36 mGy/d dose, but did not occur until the F2 generation at the 7.2 mGy/d dose. In 
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comparison to alpha radiation, chronic effects from gamma radiation on Daphnia magna were less 
severe. Gilbin et al. (2008) exposed Daphnia magna to gamma radiation from a 137Cs source at a 
dose rate of 9.8, 100.8, and 744 mGy/d for 23 days. None of the doses affected growth or survival. 
Reproduction (a 21% reduction in fecundity) was affected only at the 744 mGy/d dose. 

In a laboratory study of marine polychaetes, Knowles and Greenwood (1996) observed signif
icant reductions in larvae following chronic exposure to both beta (from 3H in water) and gamma 
(137Cs) radiation at doses of 175 mGy/d. Whereas egg production but not larval survival was reduced 
among worms exposed to gamma radiation, survival of eggs to larvae but not egg production was 
reduced among beta radiation-exposed worms. 

Subtle effects on expression of reproductive traits in invertebrate populations in the fi eld have 
been observed at much lower exposure rates. Tsytsugina and Polikarpov (2003) evaluated the radia
tion effects on populations of aquatic oligochaetes chronically exposed in the environment near the 
Chernobyl facility. They studied two lakes that were similar in terms of water chemistry and chem
ical contamination, but differing in radionuclide contamination (primarily 90Sr). Whereas doses to 
worms in the control lake were determined to be 0.017 mGy/d, doses in the contaminated lake were 
0.336 mGy/d. The incidence of chromosomal aberrations was significantly greater among worms 
from the contaminated pond. The degree of chromosomal damage was highly correlated with the 
proportion of individuals in the worm populations with developing germ cells (an indication that the 
worms had changed from the asexual to the sexual mode of reproduction). The authors postulate that 
unfavorable environmental conditions (i.e., radiation exposure) had initiated the transition to sexual 
reproduction, which provides a greater potential for adaptive responses within the population. 

22.8 ECOLOGICAL RADIATION EFFECTS THRESHOLDS 

Interpretation of doses, whether from chemical or radiological contaminants, requires identifi cation 
of effect thresholds. Understanding of the nature and magnitudes of effects associated with a given 
dose permits risk management decisions to be made such that potential adverse effects may be mit
igated. To that end, dose-response data, such as that summarized earlier and in the radionuclide 
databases have been used by a number of organizations as the basis for ecological radiation effects 
thresholds. Examples of effects thresholds for ionizing radiation are summarized in Table 22.8. 

Prior to development of the extensive reviews of radiation dose-response literature, the protection 
of nonhuman biota from exposure to ionizing radiation was guided by the International Council for 
Radiation Protection (ICRP) paradigm that if humans were adequately protected, then plants and 
animals would also be protected (ICRP 1977). Hinton et al. (2004b) questioned the validity of this 
paradigm because it does not consider habitats where humans are absent, nor consider instances 
where protection of individuals is important (i.e., threatened or endangered species). It should also 
be noted that nonhuman biota may experience unique exposure pathways (e.g., root uptake), possess 
increased radiosensitivity (e.g., fish eggs, plant root hairs), or experience secondary effects (e.g., 
reduced food supply) that would not affect humans, and therefore they may not be protected under 
the ICRP paradigm. In contrast, Smith (2005) argued that the paradigm is valid because effects 
from regulated releases of ionizing radiation are relatively insignificant and the environmental ben
efit gained by additional regulation to further protect nonhuman biota is not commensurate with 
the additional economic cost that would be required. Smith (2005) however, did recommend that 
analyses continue to test the ICRP paradigm. 

In one of the first efforts to evaluate the validity of the ICRP paradigm, the National Council 
for Radiation Protection (NCRP) reviewed available laboratory and field data concerning dose– 
response relationships for freshwater and marine biota, including both fish and invertebrates (NCRP 
1991). Response types that were considered included genetic and cellular effects, physiology, repro
duction, growth and development, and mortality. They observed a 28-fold difference between the 
maximum chronic environmental exposure that produced no effects (0.36 mGy/d) and the low
est dosage from laboratories studies at which effects were observed (10 mGy/d). They therefore 



 

 

 

  
 

 
  

 

Environment 

Taxa 
NCRP 

(1991)a 

IAEA 
(1992)a 

UNSCEAR 
(1996)a 

Canada and Health 
Canada (2003)b 

Garnier-Laplace 
and Gilbin (2006)c 

Andersson 
et al. (2008)d 

Generic	 0.24 

Terrestrial 
Plants 10 10 2.7 0.24 1.7 

Animals  1  1 0.24 

Invertebrates 5.5 4.8 

Birds 0.05 

Mammals 2.7 0.05 

Aquatic       

Freshwater 10 10 10 0.24 
Organisms 

Algae 2.7 

Macrophytes 2.7 

Benthic 5.5 4.8 
invertebrates 

Amphibian 0.05 

Fish 0.55 0.05 

Marine 10 10 0.24 
organisms 

Deep sea 
organisms

24   0.24  

724 

c 
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TABLE 22.8 
Summary of Chronic Effects Thresholds (mGy/d) for Protection of Nonhuman Biota 
Recommended by Multiple Organizations 

a Chronic exposures of this level or less are unlikely to produce adverse effects in exposed populations. 
b 	 Represents an estimated no-effects value (ENEV) for protection of populations, derived by use of uncertainty factors. 

Default predicted no-effect level for all ecosystems and organisms—derived from species sensitivity distributions for 
chronic exposures. 

d 	 Predicted no-effect dose rates. 

concluded that a chronic dose rate to the maximally exposed individual that did not exceed 10 
mGy/d would be protective of endemic populations. They acknowledged that some minor effects 
from radiation exposure at 10 mGy/d are possible, but in the context of other natural compensatory 
mechanisms, the significance of these effects is likely trivial. Based on their analyses, NCRP (1991) 
also concluded that protection of humans from radionuclide exposure via aquatic pathways would 
also be protective of aquatic biota. 

A broader review of radiation effects on nonhuman biota, also with the purpose of determining 
if available data supported the ICRP paradigm, was conducted by the International Atomic Energy 
Agency (IAEA 1992). This review had two objectives: (1) to determine whether the ICRP paradigm 
was supported by the available data and (2) to determine whether standards for protection of aquatic 
and terrestrial biota were warranted. IAEA (1992) considered acute and chronic data relating to 
terrestrial plants, mammals, birds, reptiles, amphibians, and invertebrates. A detailed evaluation of 
data for aquatic biota was not performed because the existing comprehensive reviews (i.e., NCRP 
1991) of these data were considered adequate. Reproduction was identified as the most limiting  
endpoint for survival of populations for both acute and chronic exposures. Acute doses of 0.1 Gy/d 
or less were considered unlikely to produce persistent, significant adverse effects on populations 
or communities of terrestrial plants or animals. A chronic exposure of 1 mGy/d was identifi ed as 



  

  
 

 
 

 

 

 

 
 

 
 

 
 

 
  

 

 
 

 

 

725 Radionuclides in Biota 

a no-effect level for radiosensitive terrestrial animal populations. For aquatic biota and terrestrial 
plants, a chronic dose rate of 10 mGy/d was determined to be unlikely to have adverse population-
level effects. IAEA cautioned that further consideration should be considered for long-lived  species 
with low reproductive rates. Based on their analysis, IAEA (1992) concurred with the ICRP para
digm, but noted that there may be circumstances, such as the presence of rare or endangered spe
cies, in which the generic effects thresholds may be insufficient and site-specific analyses may be 
required. 

UNSCEAR (1996) reviewed effects of ionizing radiation on terrestrial plants (crops, forest trees, 
shrubs, herb communities, and lichen), terrestrial animals (mammals, birds, reptiles, amphibians, 
and invertebrates), and aquatic biota. Ionizing radiation doses of 10–1000 Gy were identifi ed as 
acutely lethal to plants. Chronic effects were evident among sensitive plants at exposures of 0.024–72 
mGy/d. Based on the available data, UNSCEAR (1996) recommended that 10 mGy/d be consid
ered a threshold protective of plants because although it may have effects on sensitive plants, only 
trivial effects would be expected on the broader plant community. Among terrestrial animals, most 
available data was for mammals. Acute lethal doses ranged from 6 to 10 Gy for small mammals, to 
1.5–2.5 Gy for livestock. When chronic data were considered, the beagle was identifi ed as the most 
sensitive animal. Whereas an ionizing radiation dose of 4 mGy/d resulted in sterility in a few months, 
a lifetime dose of 0.9 mGy/d had no effect. UNSCEAR (1996) concluded that an exposure of 1 mGy/d 
for the most exposed individual in a population would be unlikely to have an effect on reproduction 
at the population level. Because the available data indicated that birds were approximately as sensi
tive as small mammals, reptiles and amphibians were less sensitive than mammals, and invertebrates 
are quite insensitive to ionizing radiation, protection of mammals effectively protects other terres
trial animals. Fish were found to be the most sensitive taxa among aquatic biota, with fi sh embryos 
being the most sensitive lifestage. Whereas 10–25 Gy was acutely lethal to marine fish, an acute dose 
of 0.16 Gy was lethal to salmon embryos. Chronic exposures of 240–720 mGy/d had no-effect on 
marine invertebrates (snails, scallops, clams, and crabs). Chronic exposures of 24–40 mGy/d resulted 
in sterility among some freshwater fi sh species. Because it was concluded that significant effects to 
reproductive capacity in fish were unlikely at doses of less than 24 mGy/d, UNSCEAR (1996) iden
tified the dose of 10 mGy/d as a protective threshold for aquatic biota. 

In preparation for developing radiological standards for the protection of aquatic and terrestrial 
biota, the U.S. DOE convened a workshop to evaluate the data presented in IAEA (1992). The pur
pose was to evaluate if these data were adequate to support development of regulatory criteria and to 
determine whether the conclusions were still valid. The results of this workshop are documented in 
Barnthouse (1995). The consensus of participants was that the thresholds identified in IAEA (1992) 
were valid, but that better guidance on their application was needed. They also concluded that 
the ICRP paradigm was supported except when human access is restricted but not for other biota, 
unique exposure pathways exist, rare or endangered species are present, or other stresses are signif
icant. Based on the conclusions outlined in Barnthouse (1995), the IAEA thresholds were selected to 
form the basis for the BCGs developed by U.S. DOE (2002) and incorporated into RESRAD-BIOTA 
(U.S. DOE 2009). 

Estimated no-effect values (ENEVs) for exposure of biota to radionuclides were developed by 
Environment Canada and Health Canada (2003) as part of their effort to assess environmental  
impacts of releases from nuclear facilities. The ENEVs represent chronic low or no effect-levels 
applicable to the survival of populations of the most sensitive species extracted from the litera
ture and evaluated in accordance with Environment Canada (1997). The IAEA values assume that 
although some individuals in an exposed population may be affected, compensatory mechanisms 
will preclude expression of any population-level effects. In contrast, the ENEVs from Environment 
Canada and Health Canada (2003) represent levels where the probability of effects is extremely 
low such that populations with limited home ranges or small population sizes will not be affected. 
Environment Canada and Health Canada (2003) focused on reproduction and survival as the limit
ing endpoints for population effects. Although data were reviewed for birds, mammals, amphibians, 
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reptiles, fish, terrestrial and aquatic invertebrates, and terrestrial and aquatic plants, data were con
sidered insufficient to support development of ENEVs for birds, amphibians, and reptiles. ENEVs 
for other taxonomic groups ranged from 0.55 mGy/d for fish to 5.5 mGy/d for aquatic and terrestrial 
invertebrates (Table 22.8). 

Radionuclide dose-response data were extracted from the FRED database as part of the ERICA 
project and used to develop acute ED50 (doses in Gy that produced a 50% effect) and chronic effect 
dose rates (EDR10) (doses in uGy/h that produced a 10% effect) values for multiple taxonomic groups 
and effect endpoints (Garnier-Laplace and Gilbin 2006, Garnier-Laplace et al. 2006). Geometric 
means of acute ED50s for aquatic biota ranged from 3.4 to 430 Gy for salmonid reproduction and 
alga mortality, respectively. For terrestrial biota, geometric means of acute ED50s ranged from 1.2 
to 2061 Gy for mammalian reproduction and insect mortality, respectively. Comparable patterns 
were observed for chronic values; whereas the lowest geometric mean EDR10s were observed for 
fish and mammal reproduction (12.4 and 0.75 mGy/d, respectively), the highest geometric mean 
EDR10s were observe for aquatic invertebrate reproduction and morbidity in lichen (1.1E + 04 and 
3.8E + 03 mGy/d, respectively). These data were then used to develop acute predicted no-effect 
doses (PNEDs) and chronic predicted no-effect dose rates (PNEDRs) for aquatic and terrestrial 
biota based on species sensitivity distributions (SSDs) in accordance with methods outlined by the 
European Commission (EC 2003). Based on their analyses, Garnier-Laplace and Gilbin (2006) rec
ommend a chronic PNEDR of 0.24 mGy/d as suitable for all receptors in all ecosystems. For acute 
exposures in terrestrial and freshwater systems, a PNED of 900 mGy was determined, while a value 
of 300 mGy was calculated for acute exposures in marine systems. Subsequent work by Garnier-
Laplace et al. (2006) identified PNEDRs ranging from 0.24 mGy/d for freshwater ecosystems to 
1.6 mGy/d for terrestrial ecosystems. 

The most recent effect thresholds for exposure to ionizing radiation were developed by the 
PROTECT program based on data extracted from the FREDERICA database (Andersson et al. 
2008). Similar to the thresholds developed for ERICA (Garnier-Laplace and Gilbin 2006), the 
PROTECT thresholds were developed based on SSDs following EC (2003) and are referred to 
as predicted no-effect dose rates (PNEDRs). Whereas Garnier-Laplace and Gilbin (2006) based 
their SSDs on geometric mean EDR10s, the SSDs developed as part of the PROTECT program 
used the lowest EDR10 values for a given species. Using this approach, a generic PNEDR for all 
biota, and PNEDRs for vertebrates, invertebrates, and plants were developed (Table 22.8). It should 
be noted that although taxa-specific PNEDRs were developed, data were limited and therefore 
the confidence intervals (and therefore uncertainty) are large (upper 95% confidence limits were 
80–200 times larger than lower limits). In contrast, a larger, more robust dataset was available for 
the generic PNEDR. Uncertainty associated with the generic value is therefore lower. 

Summary 

Radionuclides are unstable forms of elements that emit particles (alpha [α], beta [β], or neutrons) 
or electromagnetic radiation (gamma or X-rays) as they decay. These emissions are collectively 
referred to as ionizing radiation because of their ability to produce charged particles (ions) in 
matter that they pass through. Alpha, beta, and gamma radiation are the primary forms of ion
izing radiation of concern. 

Radioactive elements differ from conventional elements in that the radiation they emit can 
also exert biological effects at a distance without directly contacting the organism. On the other 
hand they are similar to stable elements because radionuclides can be accumulated and inte
grated into the tissues of plants and animals, where they can produce adverse effects. Because 
radionuclides emit radiation, effects may be induced by both internal and external exposure. 
Further, because effects from radionuclides are qualitatively similar (differing only in magni
tude), exposure to multiple radionuclides is additive. Total radiation exposure is therefore the 
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sum of exposure to all radioactive elements retained in tissue and in the immediate environment 
(i.e., the sum of internal and external exposure). 

Ionizing radiation can be both naturally occurring and anthropogenic in origin. Total annual 
dose to humans or large terrestrial animals from natural background sources is estimated to be 
3.11 mGy/year (0.0085 mGy/d), of which 17.4% is external (10.6% from cosmic radiation and 
6.7% from terrestrial sources) and 82.6% is from internal sources (68% from radon and 14.6% 
from other radionuclides). 

The mechanism by which ionizing radiation produces effects in biological tissue is both 
simple and complex. The initial effect is simply the transfer of energy from the decaying radio-
nuclide in the form of ionizing radiation, to neutral molecules and atoms to produce electrically 
charged ions. This results in a cascade of responses and subsequent reactions that occur as the 
ionized molecules interact with biological tissue. 

Radiosensitivity varies between different taxonomic groups, and among species. Although 
there is considerable overlap among taxa, more primitive biota are more resistant to acute radi
ation exposure and more complex organisms are more sensitive. Acute radiation doses lethal to 
higher plants and vertebrates are generally lower than doses lethal to invertebrates, which in turn 
are lower than doses lethal to algae and microbes. When effects of acute and chronic radiation 
exposure on reproductive success are considered, similar taxonomic trends in radiosensitivity are 
evident, with mammals being most sensitive, fish intermediate, and invertebrates least sensitive. 

Mammals are among the most sensitive taxa, however radiation exposure levels that produce 
effects are variable and overlap. Genetic effects have been observed at chronic exposures as 
low as 10 mGy/d and the threshold for reproductive effects from chronic radionuclide exposures 
is 2.4 mGy/d. Acute exposures at which mortality is observed in small mammals range from 
7 to 12 Gy. 

Birds generally display radiosensitivity comparable to mammals. Whereas chronic gamma 
exposure at 0.144 mGy/d has no effect on reproductive success, hatching success is reduced at 
1 Gy/d. Acute doses as low as 3 mGy/d have been shown to affect the growth of hatchling barn 
swallows. Acute mortality thresholds for birds have been reported to range from 4.9 to 22.5 Gy. 

Insects and other terrestrial invertebrates are among the least sensitive taxa to ionizing radi
ation, with effects from chronic radiation exposure observed for doses ranging from 2 to 1000 
mGy/d. Acute effects from gamma irradiation on survival, growth, and reproduction of collem
bola occur at doses of 1356, 144, and 21.9 Gy, respectively. 

Although fish are generally among the least radiosensitive vertebrates, they are more sen
sitive than aquatic invertebrates. Eggs of fish are twice as sensitive to acute gamma exposure 
and 70 times more sensitive to chronic gamma exposure than are eggs of snails. Available data 
indicates effects on the immune system in fish occur at chronic gamma exposures less than 
0.2 mGy/d, and effects on gametogenesis may occur at chronic doses 5.5 mGy/d to greater than 
24 mGy/d. In zebrafish, reproductive effects occurred at chronic gamma doses of 178 mGy/d. 
No effects were observed at an alpha dose of 5.1 mGy/d. 

Laboratory studies of chronic exposure of Daphnia magna to both alpha and gamma-emitting 
radionuclides observed a 100-fold difference in effect levels. Whereas reproductive effects from 
alpha radiation occurred at exposures as low as 7.2 mGy/d, reproductive effects were observed 
at a gamma radiation exposure of 744 mGy/d. 

Since the 1970s multiple organizations have researched and proposed effects thresholds to 
protect nonhuman biota from chronic exposure to ionizing radiation. Initial values, such as those 
from the NCRP, IAEA, and UNSCEAR, ranged from 1 mGy/d for terrestrial animals to 10 mGy/d 
for plants and aquatic animals. Environment Canada and Health Canada developed values that 
ranged from 0.55 mGy/d for fish to 5.5 mGy/d for terrestrial invertebrates. The most recent values 
developed in Europe range from 0.05 mGy/d for terrestrial and aquatic vertebrates, to 1.7 mGy/d 
for plants, and 4.8 mGy/d for terrestrial and aquatic invertebrates. Given uncertainties associated 
with limited datasets, the most robust value is the generic PNEDR of 0.24 mGy/d. 
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Continental fi eld-vole, 702
 
Copper (Cu), 239; see also Cadmium; Trace metals
 

accumulation, 233, 241, 242
 
amphipod crustacean, 242
 
concentrations among crustaceans, 233
 
detoxified component, 239
 
dietary exposure, 242
 
essential requirements, 239
 
excretion in crustaceans, 236
 
metabolic requirements, 238
 
variability in crustaceans, 233
 

Cormorants, 484
 
AhR isoforms, 481
 
common, 476
 
DDE residues in eggs, 432, 436
 
PCB effects, 21, 23, 492, 508
 

Corticosterol, 715
 
Coturnix coturnix japonica, see Japanese quail
 
Creeping bent grass (Agrostis stolonifera), 631
 

cadmium, 630
 
Critical body residue (CBR), 3, 49, 279, 288
 

in Chironomus dilutus, 414
 
concept, 325
 
in fi sh, 412–413
 
fish and invertebrate species, 412–413
 
in fish and invertebrate species, 412–414
 
lowest invertebrate, 90
 
measurement, 411
 
for OH compounds, 65
 
organochlorine pesticides, 79, 80
 

Critical concentration, 2, 3, 629
 
cadmium, 636
 
dieldrin in brain, 451
 
from field studies, 4
 
for PCBs and DDE, 26
 

Critical organ, 2
 
Critical organ concentration, 2
 
CTD, see Chemical toxicity distribution (CTD)
 
Curies (Ci), 705
 
Cyclodienes, 49, 449
 

action mechanism, 450
 
acute toxicity, 467
 
aldrin, 72
 
in brains of birds, 461–463
 
chlordane, 76–77, 460
 
CNS mechanism, 449, 450
 
dieldrin, 72, 449, 450–451
 
endosulfan, 75–76
 
endrin, 74–75, 460
 
field studies, 461–463
 
fish, 72–73, 75, 76, 77, 78, 79
 
heptachlor, 77, 463
 
heptachlor epoxide, 77
 
in invertebrates, 73, 74, 75, 76, 77, 78, 79, 80
 
pesticides, 61
 
poisoning, 460
 
residues in brains, 461–463
 
structure, 449
 
toxicity, 467
 

Cygnus columbianus, see Tundra swans 
CYP1A, see Cytochrome P4501A (CYP1A) 
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CYP450, see Cytochrome P450 monoxygenases (CYP450)
 
Cytochrome P450 monoxygenases (CYP450), 414
 

activity in crustacean species, 415
 
Cytochrome P4501A (CYP1A), 480
 

avian isoforms, 480
 
in birds, 27
 
dioxin toxicity, 148
 
expression, 483
 
induction in PCB-exposed birds, 481
 
PBT, 358, 362
 

D 

Dall’s porpoise (Phocoenoides dalli), 387
 
butyltins maternal transfer, 265
 
Cd concentration, 394
 
Hg concentration, 388
 

DBP, see Disinfection By-Product (DBP)
 
DDD, see 1,1-dichloro-2,2-bis(4-chlorophenyl) ethane (DDD)
 
DDE, see 1,1′-(2,2-dichlor-ethenylidene]

bis[4–2,2-chlorobenzene] (DDE);
 
Dichlorodiphenyldichloroethane (DDE)
 

DDT, see Dichlorodiphenyl trichloroethane (DDT)
 
Decabromodiphenyl ether (Deca-PBDE), 107; see also 


Polybrominated diphenyl ether (PBDE)
 
Deca-PBDE, see Decabromodiphenyl ether (Deca-PBDE)
 
DEHP, see Di(2-ethylhexyl) phthalate (DEHP)
 
δ -aminolevulinic acid (ALA), 601
 
δ-aminolevulinic acid dehydratase (ALAD), 601
 

lead effect, 568–569, 573
 
Detoxifi cation, 239
 

cadmium, 393, 394
 
lethal body concentration, 246
 
mercury, 388
 
methylmercury, 182
 
selenium, 379
 

Di(2-ethylhexyl) phthalate (DEHP), 360
 
Diagnosis, 3
 
Diagnostic, 3
 
Diagnostic residue, 3
 
Diagnostician, 3
 
Dibutyltin (DBT), 257
 

in aquatic environments, 259
 
in aquatic species, 262, 267
 
as biocide, 257
 
imposex, 274
 
lethal responses for, 278
 
organotin properties, 257
 
sublethal response for, 270
 
tissue concentrations, 275, 278
 
toxicity, 268, 273
 

1,1′-(2,2-Dichlor-ethenylidene]-bis[4-2,2-chlorobenzene]
 
(DDE), 48
 

in brain, 426, 427, 428
 
1,1-Dichloro-2,2-bis(4-chlorophenyl) ethane (DDD), 48; see
 

also Dichlorodiphenyltrichloroethane (DDT)
 
in aquatic invertebrates, 64
 
in eggs, 432–433, 436
 
elimination rate coeffi cient, 57
 
in liver, 429, 430
 
o,p′-DDD, 69
 
p,p′-DDD, 70
 
rothane, 48
 
in sample eggs, 437–438
 

Dichlorodiphenyldichloroethane (DDE), 12. See also 

Dichlorodiphenyltrichloroethane (DDT)
 

in aquatic invertebrates, 64
 
in bird brain, 427
 
in bird liver, 430
 
CDF and CBRs, 89
 
dietary concentration, 439
 
effect on insect fecundity, 63
 
in eggs, 432–433, 436
 
eggshell strength, 434
 
eggshell thinning, 431, 432, 433
 
elimination rate coeffi cient, 57
 
estimated residues, 435
 
lethal body, 72
 
in liver, 429, 430
 
o, p′-DDE, 68
 
p,p′-DDE, 68, 69
 
residue level, 428
 
in sample eggs, 437–438
 

Dichlorodiphenyltrichloroethane (DDT), 11, 48, 63, 356,
 
357, 425. See also Pesticide
 

acute toxicity, 467
 
bioconcentration, 305
 
in brain, 426–429
 
CBR, 72
 
DDE estimated residues in eggs, 435
 
discussion, 70
 
effects, 11, 466–467
 
eggshell strength, 434–435
 
eggshell thinning, 431–434
 
elimination rate coeffi cient, 57
 
endocrine effects, 62
 
environmental DDT concentrations, 54–56
 
estrogenic properties, 358
 
fate of, 59
 
fish, 63–65, 67–71
 
food, 439
 
in hepatic organ, 59
 
insecticidal formulation, 426
 
invertebrates, 66, 68, 69, 70, 71–72
 
lethal residues, 426
 
liver, 429–431
 
maternally transferred isomers, 67
 
mean lethal residue, 428
 
metabolites, 48
 
o, p′-DDT, 67
 
other tissues, 431, 440
 
p,p′-DDT, 63
 
productivity, 435–439
 
sublethal residues, 431
 
and transformation products, 59
 
in wildlife tissues, 12
 

Diclofenac
 
APIs, 302
 
effects, 17
 

Dieldrin, 449, 450–451
 
acute effects, 451
 
concentration, 72, 459
 
effect on feeding, 454–455
 
effect zone, 458
 
entire nest failure, 458
 
extrapolation equivalents to eggs, 468–469
 
on feeding, 454–455, 456
 
field studies, 453
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Dieldrin (Cont.) 
in goose brain, 457
 
implications for migrants, 456–457 
lethal levels, 452
 
mortality, 453, 454
 
on nestling survival, 458
 
population level assessments, 458–459, 460
 
on reproduction, 457–458 
stereoisomer, 74
 
studies, 452
 
sublethal effects, 451
 
TEFs, 467
 
toxic equivalents, 448
 
toxicity, 72
 
wholebody residue, 72
 

Diethyltin (DET), 257
 
in aquatic environments, 259
 
organotin properties, 257
 
sublethal response for, 270
 

Dihexyltin (DHT), 257
 
lethal responses for, 278
 
organotin properties, 257
 
sublethal response for, 270
 

Dimethyltin (DMT), 257
 
in aquatic species, 267
 

Dioctyltin (DOT), 257, 271
 
lethal responses for, 278
 
organotin properties, 257
 

Diorganotins, 259, 278
 
lethal values, 269, 271
 
toxic action, 270
 
variability, 267
 

Dioxin, 21, 103, 107; see also Polychlorinated biphenyl (PCB)
 
with “dioxin-like” toxicity, 105
 
ecotoxicity data, 149–151 
ecotoxicological effects, 127, 148, 152
 
environmental fate, 107
 
highest mean, 117
 
mode of action, 358
 
PCDD, 356
 
TCDD, 21
 
TEQ, 115, 116, 117, 118
 
tissue residues, 113–114, 117, 118
 
toxic equivalency factors, 111–112, 113
 
toxicity, 16, 148
 
in wild birds, 23–24 

Dioxin TEQ 
edible portion of fi sh, 118
 
fillet with skin, 116
 
fillet without skin, 116
 
whole body, 115
 

Dioxin-like, 105, 478
 
contaminants, 480–481, 504
 

Dioxin-like PCB congeners, 16, 106
 
aquatic fate, 108–109 
atmospheric fate, 107–108 
bioaccumulation, 109, 110, 111
 
characteristics, 104–105 
contamination, 21
 
in edible portion of fi sh, 123
 
embryolethality, 496
 
mode of action, 148
 
toxic potency, 356
 
toxicity to birds, 498
 

Diphenyltin (DPT), 257
 
in aquatic species, 267
 
imposex, 274
 
lethal responses for, 278
 
organotin properties, 257
 
sublethal response for, 270
 

Dipropyltin (DPrT), 257
 
lethal responses for, 278
 
organotin properties, 257
 
sublethal response for, 270
 

Dirty adults, 498
 
Dirty Dozen chemicals, 357, 365
 
Disinfection By-Product (DBP), 314
 
Distribution coeffi cient
 

dissociative system, 327
 
liposome-water, 327
 
water-particle, 108
 

Dose, 3, 256
 
Dose assessment, 711
 
Dose metric, 411
 
Doses in μGy that produced a 50% effect (ED50), 726
 
Doses in μGy/h that produced a 10% effect (EDR10), 726
 
DOT, see Dioctyltin (DOT)
 
Double-crested cormorant (Phalacrocorax auritus),
 

25, 481
 
DDE residues, 432, 436
 
egg thinning, 433
 
PCB, 492, 494
 
PCBs and dioxins, 23
 

Drins, see Endrin
 

E 

E17α-ethinylestradiol (EE2), 290
 
synthetic hormone, 295
 
transformation products, 314
 

Eastern mosquitofi sh (Gambusia holbrooki), 200
 
Ebers papyrus, 9
 
Ecotoxicological effects, 127
 

accumulated metal concentrations, 231
 
benthic organisms, 66
 
at the community level, 249
 

Ecotoxicologist, 3
 
Ecotoxicology, 1
 

gold standard, 670
 
of methylmercury in freshwater fi sh, 170
 
of Se, 696
 
of white-tailed sea-eagle, 26
 

ED50, see Doses in μGy that produced a 50% effect 

(ED50)
 

EDCs, see Endocrine-disrupting compounds (EDCs)
 
EDR10, see Doses in μGy/h that produced a 10% effect 


(EDR10)
 
EE2, see E17α-ethinylestradiol (EE2)
 
Effect ratio (ER), 332
 
Effective concentration, 258, 676
 
Effective residue, 258
 
Effects concentrations, 104
 

for Aroclor-1254, 153–154
 
Hg affecting fi sh, 183
 
for PCDDs, 149–150
 
for PCDFs, 151
 

Egg yolk precursor protein, see Vitellogenin
 
Egg-exchange design, 498
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Egg-injection methodology, 495
 
Eggshell thinning, 435
 
Eider ducks, 644
 
Embryotoxic effects, 680
 
Embryotoxicity, 22
 

chicken, 495, 496
 
CYP1A induction, 27, 481
 
effects of DDE, 448
 
hatching success, 494–495
 
Hg, 692
 
nest failure, 22
 
PCBs, 13, 478
 

Encephalopathy, 595
 
Endocrine disruptors, 62, 288
 

AhR, 356
 
Cd, 654
 
DDE, 69, 70, 448
 
DDT, 62, 63, 70
 
dioxin-like chemicals, 27
 
genotoxic, 362
 
Hg, 378
 
irradiation, 715
 
methoxychlor, 465
 
methylmercury, 178–179, 610
 
obesogen/somatogen, 277
 
OCs, 410
 
OH pesticides, 61, 62, 91
 
organotins, 270, 273
 
PCB, 362, 489, 494, 503
 
PCDDs, 503
 
PFOS, 364
 
TBT and TPT, 279
 
in thyroid gland, 62
 
WWTPs in removing, 326
 

Endocrine system, 62
 
biomagnifi cations, 60
 
CBR, 65, 79
 
elimination, 58
 
elimination rate coeffi cient, 57
 

Endocrine-disrupting compounds (EDCs), 301; see also 

Endocrine disruptors
 

Endosulfan, 75, 464; see also Organochlorine pesticides
 
(OC pesticides)
 

in aquatic invertebrates, 74
 
CBR, 65
 
CF, 86
 
fi sh, 76
 
invertebrates, 76
 
metabolic products, 58
 
properties, products and uses, 50
 
toxicity, 448
 

Endrin, 74–75, 460; see also Cyclodienes; Dielderin
 
in aquatic invertebrates, 73
 
fish, 75, 78
 
fish lethal CBRs, 89, 90
 
invertebrates, 75
 
metabolism, 460
 
properties, products and uses, 50
 
structure, 449
 
toxicity, 448
 

ENEV, see Estimated no-effect value (ENEV)
 
Environmental Protection Agency (EPA), 49
 
Environmental Protection from Ionizing Contaminants 


(EPIC), 711
 

Environmental Residue Effects Database (ERED), 63, 118
 
Environmental Risks from Ionizing Contaminants: 


Assessment and Management (ERICA), 711
 
Enzymatic indicators, 14
 
EPA, see Environmental Protection Agency (EPA)
 
EPIC, see Environmental Protection from Ionizing 


Contaminants (EPIC)
 
Equilenin (Eqn), 307
 
Equilin (Eq), 307
 
Equivalent dose, 705
 
ER, see Effect ratio (ER)
 
ERED, see Environmental Residue Effects Database
 

(ERED)
 
ERICA, see Environmental Risks from Ionizing 


Contaminants: Assessment and Management 

(ERICA)
 

EROD, see Ethoxyresorufi n-O-deethylase (EROD)
 
Erythrocyte inhibition, 568, 601
 
Estimated no-effect value (ENEV), 725
 
17β-estradiol, 63
 
Estrogenic compounds, 86
 
Ethoxyresorufi n-O-deethylase (EROD), 481
 

CYP450, 415
 
induction, 481, 513
 
PCB, 481
 

EU, see European Union (EU)
 
Eurasian kestrels (Falco tinnunculus), 429, 612
 
European roe deer (Capreolus capreolus), 537
 
European squirrel, 626
 
European Union (EU), 365
 
EVOS, see Exxon Valdez Oil Spill (EVOS)
 
Exposure, 290
 

sign of, 292
 
Exxon Valdez Oil Spill (EVOS), 359
 

F 

Fabricius bursa, 503
 
Falco, see Falcons
 
Falco tinnunculus, see Eurasian kestrels
 
Falcons (Falco), 468
 
FASSET, see Framework for ASSessment of
 

Environmental impacT (FASSET)
 
FASSET Radiation Effects Database (FRED), 711
 
FEP, see Free erythrocyte protoporphyrin (FEP)
 
FI, see Food ingestion (FI)
 
Field exposures, 677
 
Field vole (Microtus agrestis), 631
 
Fifth percentile hazard concentration (HC5), 17
 

calculation requirement, 3
 
for SSD, 309
 
use, 3
 

Final sink, 359
 
5 hour-stop feeding, 454
 
Flat confi guration, 107
 
Flavin-containing monooxygenases (FMOs), 414
 
Fleshing greases, 21
 
Flipper factor, 383
 
Flounder (Paralichthys olivaceus), 274
 
Fluoxetine, 303
 
Flying fi sh, 102
 
FMOs, see Flavin-containing monooxygenases (FMOs)
 
Food chain uptake, 460
 
Food ingestion (FI), 366
 



 

 

 

 

 

 

 

 

740 Index 

Forster’s tern (Sterna forsteri), 25, 481
 
4 Ts, 297
 
Framework for ASSessment of Environmental impacT
 

(FASSET), 711
 
FRED, see FASSET Radiation Effects Database
 

(FRED)
 
Free erythrocyte protoporphyrin (FEP), 601
 
Fresh water shrimp, 408
 
Fucus-like sea horse, 254
 
Fungicides, 306
 

bioconcentration data, 319–324
 
organotins, 256
 

G 

GABA, see Gamma-aminobutyric acid (GABA)
 
Gambusia holbrooki, see Eastern mosquitofi sh
 
Gamma-aminobutyric acid (GABA), 62, 276
 
γ-isomer of HCH (BHC), 81
 
Gas chromatography (GC), 22
 
Gavia immer, see Loon, common
 
GC, see Gas chromatography (GC)
 
Genyonemus lineatus, see White croaker
 
GFAAS, see Graphite furnace atomic absorption 


spectroscopy (GFAAS)
 
GLEMEDS, see Great Lakes Embryo Mortality, Edema 


and Deformities Syndrome (GLEMEDS)
 
GLFMP, see Great Lakes Fish Monitoring Program 


(GLFMP)
 
GLNPO, see Great Lakes National Program Offi ce
 

(GLNPO)
 
Glucosidation, 415; see also Biotransformation
 
Glutathione (GSH), 392
 

activities of, 181
 
Glutathione-S-transferase (GST), 414
 
Golden shiners (Notemigonus crysoleucas), 178
 
Graded approach, 710
 

software application, 711
 
Graphite furnace atomic absorption spectroscopy
 

(GFAAS), 596
 
Grasshopping, 49
 
Gray (Gy), 705
 
Great blue heron (Ardea herodias), 428
 
Great Lakes Embryo Mortality, Edema and Deformities 


Syndrome (GLEMEDS), 25, 498, 498–499
 
cause–effect relationship, 500
 
colonial water-bird studies, 499
 

Great Lakes Fish Monitoring Program (GLFMP), 120
 
Great Lakes National Program Office (GLNPO), 120
 
Great pipe-fi sh, 286
 
GSH, see Reduced glutathione (GSH)
 
GSSG, see Oxidized glutathione (GSSG)
 
GST, see Glutathione-S-transferase (GST)
 
Gy, see Gray (Gy)
 

H 

Half-life, 704
 
of blood Pb, 596
 
of Cd, 646
 
γ-hexachlorocyclohexane, 465
 
of pesticides, 418
 

Haliaeetus leucocephalus, see Bald eagle
 
Halobates, see Sea-skaters
 

Harbor seal (Phoca vitulina), 359
 
captive studies, 363
 
Hg biomonitoring, 390
 
methylmercury concentration, 391
 
PAHs, 359
 
PCB, 355, 540
 
PDV, 360
 
in vitro research, 363
 

Hatchling, 513
 
European cormorants, 504
 
reduction in body mass, 502
 

HBCD, see Hexabromocyclododecane (HBCD)
 
HC5, see Fifth percentile hazard concentration (HC5)
 
HCB, see Hexachlorobenzene (HCB)
 
HCH, see Hexachlorocyclohexane (HCH)
 
Heavy metal, 379
 
Hemocyanin, 238
 
Henry’s law constant (H), 107, 108
 
Hepatic retinoids, 541
 
Heptachlor, 76, 77, 463
 
Heptachlor epoxide, 77, 449
 

lethal concentrations, 463
 
in whole-body fi sh, 78
 

Herring gull (Larus argentatus), 13
 
feeding, 580
 
field injection study, 496
 
monitoring program, 13–14
 
retrospective analyses, 499
 

Heteropneustes fossilis, see Catfi sh
 
Hexabromocyclododecane (HBCD), 107
 
Hexachlorobenzene (HCB), 464, 465
 
Hexachlorocyclohexane (HCH), 49, 465
 
Hexachlorocyclohexane, see Benzene hexachloride (BHC)
 
Hg, see Mercury (Hg)
 
HgSe, see Mercuric selenide (HgSe)
 
Histopathologist, 2
 
Hormesis, 277, 693, 715
 
Horsethief Canyon State Wildlife Area (HT), 213
 
Horsethief east wetland (HTEW), 213
 
HT, see Horsethief Canyon State Wildlife Area (HT)
 
HT site, 215
 
HTEW, see Horsethief east wetland (HTEW)
 
Huggett Model, 331–333
 
Hydrophobic organics, 60
 
Hypertension, 629
 

I
 

ICRP, see International Council for Radiation Protection 

(ICRP)
 

Ictalurus punctatus, see Channel Catfi sh
 
Icteridae, see Blackbirds
 
Immune function, 504
 

Bursa of fabricus, 503
 
o,p′-DDE exposure on, 69
 
thymus, 509
 

Imposex
 
CBR for, 268
 
in molluscs, 273–274, 279
 
RXR for, 277
 
threshold for, 274
 

Industrialized ecosystems, 22
 
Infertility effects, 680
 
Inorganic mercury (IoHg), 689
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Insecticide, 410
 
high molecular weight chlorinated, 49
 
OC, 11, 416, 447
 
OP, 416
 
phenylpyrazole, 414
 

Intelligent ecotoxicity testing, 292
 
International Council for Radiation Protection (ICRP), 723
 
International System (SI), 705
 
Inviable eggs, 680
 

effects on biota, 713
 
IoHg, see Inorganic mercury (IoHg)
 
Ionizing radiation, 704, 705, 727
 

dose–response relationships, 712
 
ecological organization levels, 710
 
fish and aquatic invertebrates, 721–725 
genetic effects, 713–714, 716–717 
growth, 717–718 
immune/endocrine responses, 715
 
insects and invertebrates, 719–720 
irradiation, 722
 
on mammals, 713
 
molecular responses, 716–717 
on molecules and cells, 707–708 
mortality, 715–716, 719
 
radiosensitivity, 708
 
relative sensitivity to ionizing radiation, 708
 
reproduction, 714–715, 718–719 
units, 705
 
whole-body effects, 708
 

Isotopes, 704
 
analysis in biologic molecules, 382
 
use, 17, 60
 

Itai-itai disease, 628
 

J 

Japanese quail (Coturnix coturnix japonica), 24, 465, 680
 
Cd exposure effect, 651
 
dieldrin toxicity, 451
 
dietary concentrations, 633
 
dietary dieldrin, 457
 
Hg, 385
 
Pb exposure, 569
 
PCB exposure, 504
 

K 

Kidney 
Cd, 632–633, 636
 
Pb in, 603
 
residues, 615
 
Se, 686–687
 

King vulture (Sarcoramphus papa), 562, 576
 
Kow, see Octanol–water partition coeffi cient (Kow)
 
K-shell X-ray fluorescence (K-XRF), 600
 
K-XRF, see K-shell X-ray fl uorescence (K-XRF)
 

Lagopus lagopus, see Willow ptarmigan 
Largemouth bass (Micropterus salmoides), 78, 200, 207
 

exposure, 69, 73
 
ovary Se EC10, 220–221 
whole-body CBR, 78
 

Larus argentatus, see Herring gull
 
Law of Bergonie and Tribondeau, 708
 
LBD, see Ligand binding domain (LBD)
 
LC50, see Lethal concentration affecting 50% 


(LC50) 
Lead (Pb), 379, 563, 582
 

age effect, 598
 
from ammunition, 564
 
in avian tissues, 565–567, 568, 569–570
 
bioavailability, 599
 
in blood, 596, 598, 602, 603
 
in bone, 600, 602
 
chronic exposure, 598
 
concentration, 572, 580, 581, 602–603
 
critical intake, 11
 
diet, 568
 
droop-wing appearance in birds, 582
 
exposure, 565, 599, 601
 
factors infl uencing, 567–568
 
in hard tissue, 600–601
 
health hazards of, 595
 
immunosuppression, 569
 
ingestion of, 564
 
in kidney, 598, 599
 
neonate exposure, 597
 
poisoning, 577
 
proportion of, 564
 
in soft tissues, 598–600
 
in subclinical targets, 601
 
sublethal effects, 568–569
 
thresholds of, 583
 
tissue concentration, 568, 570–574
 
toxic, 565, 596
 

Lead in whole blood (PbB), 596
 
Lead residues in birds, 574–582
 
Lepomis macrochirus, see Bluegill sunfi sh
 
LET, see Linear energy transfer (LET)
 
Lethal concentration affecting 50% (LC50), 617
 

brain, 2
 
heptachlor epoxide, 463
 
organotins, 271
 
of trace metals, 244, 246–247
 
zinc, 242
 

Lethal tissue residue to 50% (LR50), 118, 119, 125
 
Lethality
 

CBR, 414
 
to pink shrimp, 83
 
tissue Hg concentrations, 614, 616
 

Level Leading to Population Decline (LPD), 459
 
Ligand binding domain (LBD), 481
 

genotypes for AhR LBD in wild birds, 482
 
Lindane, 49, 50, 81, 82, 465
 

in fish, 81, 82, 84
 
invertebrate CBR, 90–91
 
median lethal, 84
 
toxicity, 82, 86
 

Linear energy transfer (LET), 704
 
Lipid regulators, 305
 
Liquid scintillation counting (LSC), 51
 
Little owl, 446
 
LOAEC, see Lowest observed adverse effect concentration 


(LOAEC) 
LOAEL, see Lowest observed adverse effect level 

(LOAEL) 

L 
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LOEC, see Lowest-observed effect concentration 
(LOEC)
 

LOEL, see Lowest-observed-effect-level (LOEL)
 
LOER, see Lowest observable effect residue (LOER)
 
Loon, common (Gavia immer), 17
 

DDD poisoning, 429
 
DDE residues, 435
 
egg Hg concentrations, 618
 
lead poisoning, 581
 

Lossless model, 334
 
Lowest observable effect residue (LOER), 258
 
Lowest observed adverse effect concentration (LOAEC),
 

532, 539, 611
 
for individual species, 619
 
for PCB toxic effects, 550
 

Lowest observed adverse effect level (LOAEL), 16, 629
 
of Aroclor feed, 538
 
dietary, 547
 
and NOAEC, 550
 
of ΣPCBs/kg feed, 546
 
TDI calculation with, 366
 
for wild passerines, 503
 

Lowest-observed effect concentration (LOEC), 20
 
and NOEC, 548
 
ovary, 201
 
Se concentration, 200, 211
 

Lowest-observed-effect-level (LOEL), 483, 514
 
PCBs, PCDDs, and PCDFs, 514
 
productivity in wild birds, 506
 

LPD, see Level Leading to Population Decline (LPD)
 
LR50, see Lethal tissue residue to 50% (LR50)
 
LSC, see Liquid scintillation counting (LSC)
 
Lutra lutra, see River otters
 

M 

Macrocyclic lactones, 306
 
Malachite green, 313–314
 
Malayan bear, 530
 
Mallards (Anas platyrhynchos), 574, 653
 

lead shot, 575
 
Se, 688
 

Mammals, 350, 352, 538, 708
 
bone lead concentrations in, 604
 
cadmium in, 633
 
herbivorous, 353
 
Hg in, 382, 391
 
insectivorous, 631
 
lactation duration, 354
 
lead in kidneys, 603
 
lead in liver, 603
 
LR50 values, 271, 272
 
mortality data, 715–716
 
nonfur-bearing, 359
 
PBTs, 355–356
 
PCB, 355
 
population effect, 359
 
radiation exposure levels, 727
 
SKI, 599
 
studies, 360–362, 362–363
 
toxicology, 396
 
trophic levels, 352–353
 
WHO TEF for, 112
 

Mass spectrometry (MS), 22
 

Maternal transfer, 85, 274
 
DDT, 67
 
Hg, 610
 
OH compounds, 50, 61
 
PCBs, 155, 483
 
selenium, 197, 198, 200, 202, 215–217, 220, 222
 
TBT, 265
 

Mayflies (Ephemeroptera), 676
 
MBT, see Monobutyltin (MBT)
 
MCH, see Mean corpuscular hemoglobin (MCH)
 
MCH concentration (MCHC), 717
 
MCHC, see MCH concentration (MCHC)
 
MCV, see Mean corpuscular volume (MCV)
 
MDL, see Method detection limit (MDL)
 
Mean corpuscular hemoglobin (MCH), 717
 
Mean corpuscular volume (MCV), 717
 
Mechanism of action (MeOA), 256
 

of cyclodiene insecticides, 450
 
for dioxin, 148
 
of PCBs/PCDDs/PCDFs, 535–536
 
toxic response, 269–270
 

Mechanism/mode of action (MOA), 288
 
MeHg, see Methylmercury (MeHg)
 
Meleagris gallopavo, see Wild turkey
 
MeOA, see Mechanism of action (MeOA)
 
MeO-PBDEs, see Methoxylated PBDEs (MeO-PBDEs)
 
Mercuric selenide (HgSe), 384
 
Mercury (Hg), 17, 382, 609; see also Metal toxicology
 

aims and approach, 610–611
 
cetaceans, 382–383
 
concentrations of, 180, 184, 185
 
dietary concentration, 613, 619
 
dosing studies, 18
 
elimination in mammals, 172
 
in environment, 18, 378
 
exposure, 17
 
in fi sh fi llets, 184
 
hepatic concentration, 388
 
impaired reproduction, 613–614, 616–617
 
incidence of acute, 628
 
indicative dietary concentrations, 612
 
indicative egg concentrations, 617
 
indicative tissue concentrations, 614
 
lethality, 612–613, 614–616
 
low concentration, 389
 
in mammals, 382, 391
 
maternal transfer, 610
 
mercury–selenium interactions, 611–612
 
mysticetes, 388–389
 
odontocetes, 383
 
pinnipeds, 389–391
 
and Se, 391–393
 
sensitive environments, 19–20
 
sources of, 627
 
in tissues, 170, 173–177
 
total concentrations, 612
 
toxicity, 619
 

MeSO2, see Methyl sulfone (MeSO2)
 
Metal toxicity, 380
 
Metal toxicology, 380–381
 

genomic tools, 381
 
oral intake/feeding ecology approaches, 381–382
 
in vitro approaches, 381
 

Metalloids, 231, 379
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Metallothionein (MT), 627, 646
 
Metallothionein (MTH), 380
 

against cadmium toxicity, 648
 
coaccumulation, 647
 
synthesis, 647
 

Method detection limit (MDL), 261
 
Methoxychlor, 465–466
 
Methoxylated PBDEs (MeO-PBDEs), 125
 

dietary and tissue total Hg, 620
 
egg Hg concentrations, 618
 
liver and kidney relationship in birds, 614
 

Methyl sulfone (MeSO2), 358
 
Methylmercury (MeHg), 610, 692
 

bioaccumulation, 171–172
 
consequences of, 178
 
contamination, 170
 
cumulative frequency, 613, 615, 619
 
demethylation, 19
 
dicyandiamide, 18
 
dietary, 20, 180
 
effects, 172, 178–180, 180–182
 
passage of, 171
 
percentage of, 391
 
rate of, 172
 
reproductive effects, 613–614
 
in tissues, 182, 183–184
 
toxicity–lethality, 612–613
 
toxicological effects, 172
 

Micropterus salmoides, see Largemouth bass
 
Microtus agrestis, see Field vole
 
Migration, 456
 
Migratory restlessness, 456
 
Ministry of the Environment (MOE), 113
 

dental malalignment in, 543
 
exposure regimen, 546
 
interdental spacing in, 543
 
squamous epithelial proliferation, 542
 

Mink, 554
 
Mirex, 80, 84
 

in carcass, 81
 
nonlethal body residues, 81
 
uses, 466
 

MMT, see Mono methyltin (MMT)
 
MOA, see Mechanism/mode of action (MOA)
 
Mode of action (MoOA), 61, 269
 

DDT, 62
 
immunotoxicity, 273
 
for PBDEs, 127
 

MOE, see Ministry of the Environment (MOE)
 
Molecular weight (MW), 301
 
Moles (Talpidae), 637
 

lead effect, 599
 
Monobutyltin (MBT), 257, 259
 

in aquatic species, 262, 267
 
imposex, 274
 
organotin properties, 257
 
tissue concentrations, 275, 278
 

Monomethyltin (MMT), 257
 
in aquatic environments, 259
 

Monooctyltin (MOT), 257
 
Monophenyltin (MPT), 257
 

in aquatic species, 267
 
imposex, 274
 
organotin properties, 257
 

Monopropyltin (MPrT), 257
 
Monosodium methanearsonate (MSMA), 16
 
MoOA, see Mode of action (MoOA)
 
Morone americana, see White perch
 
MS, see Mass spectrometry (MS)
 
MT, see Metallothionein (MT)
 
MTH, see Metallothionein (MTH)
 
Mustela vison, see American mink
 
MW, see Molecular weight (MW)
 

N 

Narwhal, 376
 
National Contaminant Biomonitoring Program (NCBP), 49
 
National Council for Radiation Protection (NCRP), 723
 
National Pesticide Monitoring Program (NPMP), 49
 
National Pollutant Discharge Elimination System 


(NPDES), 325
 
National Rivers and Streams Assessment (NRSA), 333
 
National Water-Quality Assessment (NAWQA), 75–76,
 

225, 410
 
runoff, 85, 410
 
whole-body Se concentrations, 225
 

NAWQA, see National Water-Quality Assessment 
(NAWQA) 

NCBP, see National Contaminant Biomonitoring Program 
(NCBP) 

NCRP, see National Council for Radiation Protection 
(NCRP)
 

Nephropathy, 595
 
Nest box studies, 488
 

PCB contamination, 502
 
TCDD-contamination, 507
 

Nestling fitness measures, 502–505
 
brain asymmetry, 502
 
fabricius bursa, 503
 
immune function, 504
 
liver enlargement, 502–503
 
thyroid function, 504
 
Vitamin A infl uence, 504–505
 

Neurotoxicity, 466
 
lead-induced, 597
 

Nitrogen (N), 380
 
N-methyl-d-aspartate receptor (NMDAR), 276
 
No adverse effect level (NOAEL), 16
 
No observable effect tissue residue (NOER), 118
 

dioxins, 119
 
geometric mean, 550
 
PBDEs, 127
 
PCBs, 124–125
 

No observed adverse effect concentration (NOAEC), 532,
 
539; see also Lowest observed adverse effect 

concentration (LOAEC)
 

expressed as TEQs, 552
 
for Saginaw Bay, 552
 

No observed adverse effect level (NOAEL), 68
 
Aroclor, 538
 
dietary, 548
 
laboratory study, 629
 
TDI calculation, 366
 

No observed effect concentration (NOEC), 17, 548, 613
 
dietary, 204, 215
 
and LOEC, 210, 548
 
Se concentration, 200
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No observed effect level (NOEL), 466, 548
 
concentrations, 495
 
dietary, 548
 

NOAEC, see No observed adverse effect concentration 
(NOAEC)
 

NOAEL, see No observed adverse effect level (NOAEL)
 
NOEC, see No observed effect concentration (NOEC)
 
NOEL, see No observed effect level (NOEL)
 
NOER, see No observable effect tissue residue (NOER)
 
Nonhuman biota, 723
 

chronic effects thresholds, 724
 
weighting factors for, 705
 

Nonpolar lipids, 60
 
Nonsteroidal anti-inflammatory drug (NSAID), 295,
 

304–305 
Notemigonus crysoleucas, see Golden shiners 
NPDES, see National Pollutant Discharge Elimination 

System (NPDES) 
NPMP, see National Pesticide Monitoring Program 

(NPMP) 
NRSA, see National Rivers and Streams Assessment 

(NRSA) 
Nycticorax nycticorax, see Black-crowned night herons 

O 

OA, see Oxolinic acid (OA)
 
Obesogens, 277
 
OC, see Organochlorine (OC)
 
Octabromodiphenyl ether (Octa-PBDE), 107
 
Octanol–water partition coefficient (Kow), 108, 259, 290
 
Octa-PBDE, see Octabromodiphenyl ether (Octa-PBDE)
 
Odontocetes, 383–384, 394–395
 

elemental and MTH interactions, 384–385
 
Hg toxicodistribution, 387–388
 
liver and kidney mercury, 385–386
 
in vitro, 387
 
in vivo, 384
 

OH, see Organohalogen (OH)
 
Oil globule, 68
 
Oncorhynchus tshawytscha, see Chinook salmon
 
OP, see Organophosphate (OP)
 
Organic contaminants, 15, 182, 350, 359
 

challenge, 363–364
 
chemicals of emerging concern, 357–358
 
exposure routes, 351–352
 
marine mammal affected by, 351
 
nonpersistent bioaccumulative, 359
 
PAH, 359
 
persistent bioaccumulative, 356
 
PPCPs, 359–360
 
regulations, 364–365, 365–367
 
studies, 360–363
 
toxic action, 358
 
toxic effects, 356
 
transportation, 87
 
in vitro studies, 363
 
weight of evidence, 364
 

Organic moiety, 259
 
Organobromines, 125
 
Organochlorine (OC), 27
 

critical body residues, 79, 80
 
critical values, 464
 
cyclodienes, 449
 

dieldrin TEFs, 467
 
dieldrin toxic equivalents scheme, 467
 
endosulfan, 464
 
groups, 447
 
HCB, 464, 465
 
hexachlorocyclohexane, 465
 
index, 429
 
methoxychlor, 465–466
 
mirex, 466
 
neurotoxicity, 466
 

Organochlorine pesticides (OC pesticides)
 
acute toxicity, 448
 
pesticide toxicity, 448
 
TEQ, 468
 
toxaphene, 466
 

Organohalogen (OH), 48
 
in air, 52
 
analytical method considerations, 50–51
 
bioaccumulation, 56–57, 58, 59
 
biomagnifi cation, 60
 
CBR, 65
 
concentration, 58
 
DDT effects, 63
 
environmental occurrence, 52
 
in fish tissues, 53
 
hormone activity disturbance, 62
 
ke and 95% SS in invertebrates, 57
 
life stage/tissue type, 87–88
 
lindane effects, 81–83
 
lipid dynamics, 60–61
 
maternal transfer, 61
 
mirex effects, 80
 
mixtures, 85–86
 
pesticides, 48, 91
 
potency of, 61
 
properties, 50
 
resistance, 86–87
 
in sediment, 52–53
 
tendency of, 56
 
tissue-residue, 63, 85
 
toxaphene effects, 83–84
 
toxicity, 61–63
 
uptake and elimination, 57
 
in water, 52
 

Organophosphate (OP), 410
 
Organotin, 256, 258, 259, 263
 

active molecule causing, 258
 
as agonists, 270
 
alkyl, 259
 
as antifoulants, 258
 
applications, 256
 
in aquatic biota, 256, 257
 
bioaccumulation, 259, 263–265
 
butyltins, 261
 
carbon impact, 260
 
critical triorganotin body residues, 268
 
elimination, 265
 
endocrine disruptors, 273
 
environmental chemistry, 259–260
 
ionizable, 259
 
Kow, 259, 263
 
legislation, 258
 
lethal concentrations, 272
 
lethal values, 269
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obesogens, 277
 
parental transfer, 265
 
phenyltins, 261
 
properties, 257
 
reporting, 258
 
somatogen, 277
 
tissue concentration, 261
 
toxicity, 266–277 
uptake, 264–265 
in water and sediment, 260–261
 

Organotin toxicity, 266
 
from ambient exposure, 267, 268, 269
 
behavioral, 276, 277
 
fish reproduction, 274, 276
 
growth, 272, 273
 
immunotoxicity, 273
 
imposex, 273–274 
mechanisms of, 269–270 
mortality, 270–272 
neurological, 276
 
obesogen/somatogen, 277
 
reproductive effects, 276
 
tissue-residue toxicity, 270
 

Oriental beetle (Anomala orientalis), 460
 
Osprey, 424
 
Osteolysis, 543
 
OTC, see Oxytetracycline (OTC)
 
Outwardly healthy, 636
 
Oxidative phosphorylation, 278, 412
 
Oxidized glutathione (GSSG), 212
 
Oxolinic acid (OA), 295
 
Oxychlordane, 449, 460
 
Oxytetracycline (OTC), 310
 

P 

PAHs, see Polycyclic aromatic hydrocarbons (PAHs)
 
Palaemon serratus, 230
 
Paralichthys olivaceus, see Flounder
 
Paroxetine, 303
 
Parus carolinensis, see Carolina chickadee
 
Pb, see Lead (Pb)
 
PbB, see Lead in whole blood (PbB)
 
PBDEs, see Polybrominated diphenyl ethers (PBDEs)
 
PBHDs, see Polybrominated hexahydroxanthene
 

derivatives (PBHDs)
 
PBT, see Persistent, Bioaccumulative, and Toxic (PBT)
 
PCB, see Polychlorinated biphenyl (PCB)
 
PCDFs, see Polychlorinated dibenzofurans (PCDFs)
 
PCP, see Pentachlorophenol (PCP)
 
PCPs, see Personal care products (PCPs)
 
PDV, see Phocine distemper virus (PDV)
 
PeCDF, see 2,3,4,7,8-pentachlorodibenzofuran (PeCDF)
 
Pelecanus occidentalis, see Brown pelican
 
Pentabromodiphenyl ether (Penta-PBDE), 107
 
2,3,4,7,8-pentachlorodibenzofuran (PeCDF), 542
 
Pentachlorophenol (PCP), 356, 412, 534
 
Penta-PBDE, see Pentabromodiphenyl ether
 

(Penta- PBDE)
 
Peregrine falcon, 8
 
Perfluoroalkylated surfactants (PFAS), 357
 
Perfluorooctane sulfonate (PFOS), 17, 552
 
Perfluorooctane sulfonic acids (PFOS), 357
 
Perfluorooctanoic acid (PFOA), 358
 

Peroxisome proliferator-activated receptor (PPARγ), 270
 
health effects, 361
 

Persistent, Bioaccumulative, and Toxic (PBT), 103, 350, 

357, 361
 

dirty dozen chemicals, 357
 
risk at trophic levels, 353
 
in water, 365
 

Persistent organic pollutants (POPs), 103, 290, 364
 
Personal care products (PCPs), 289
 
Pesticide, 11, 409, 419, 447
 

anticholinesterase, 14
 
background, 409–410
 
bioaccumulation, 411, 417–419
 
biotransformation, 411, 413–415, 416–417
 
CBR, 412–413
 
deformities, 16
 
dietary risk assessment, 612–613
 
endocrine disruptors, 62
 
environmental movement, 12–13
 
environmental occurrence, 52
 
exposure studies, 12
 
half-life, 359
 
hazards, 16
 
OH compounds, 48–51, 52, 447, 448
 
poisoning, 1, 11
 
pseudopersistence, 360
 
quantifi cation, 13
 
residue, 91
 
resistance, 86
 
secondary, 418
 
Silent Spring, 12
 
Thirty Years’ War, the, 15
 
in tissue, 12, 53, 59, 65, 411
 
toxicity, 61, 411
 
toxicological responses, 416–417
 

Petroleum spills, 14–15
 
PFAS, see Perfluoroalkylated surfactants (PFAS)
 
PFOA, see Perfluorooctanoic acid (PFOA)
 
PFOS, see Perfluorooctane sulfonate (PFOS)
 
PHA, see Phytohemagglutinin (PHA)
 
Pharmaceuticals and PCPs (PPCPs), 316
 

in aquatic ecosystems, 359–360
 
detection of, 360
 

Phenylpyrazole insecticide, 414, 416
 
Phenyltins, 261
 

in aquatic organisms, 262, 278
 
parental transfer, 265
 

Phoca hispida, see Blubber-rich ringed seal
 
Phoca vitulina, see Harbor seal
 
Phocine distemper virus (PDV), 360
 

delayed neuropathy, 15
 
elemental, 11
 
hazard of ingested, 10
 
organophosphorus pesticides, 11, 14
 
osteomalacia, 628, 652
 

Phocoena phocoena, see Porpoises
 
Phocoenoides dalli, see Dall’s porpoise
 
Phosphorus
 

Cd absorption, 646
 
vitamin D synthesis, 652
 
white, 11
 

Physiological-Based Pharmaco(Toxico) Kinetic Models
 
(PBPK Models), 331
 

Phytohemagglutinin (PHA), 504
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Pinnipeds, 353, 358
 
carcinoma, 361
 
dioxin-like responses, 362
 
Hg in, 389–391 
PAH exposure, 352, 356, 363
 

Plecoptera, see Stonefl ies
 
PNEDRs, see Predicted no-effect dose rates (PNEDRs)
 
PNEDs, see Predicted no-effect doses (PNEDs)
 
POCIS, see Polar organic chemical integrative sampler 


(POCIS)
 
Polar bear (Ursus maritimus), 535
 

contaminated prey, 538
 
PBT exposure, 352, 354, 361
 
PCB exposure, 540
 

Polar lipids, 60
 
Polar organic chemical integrative sampler (POCIS), 328, 


334
 
Polybrominated biphenyl (PBB), 107
 

atmospheric fate, 107
 
bioaccumulation, 109–111 
disruption in thyroid, 364
 
generic structure, 533
 
in marine mammals, 357
 
on nestling, 511
 
as PBT, 103
 

Polybrominated diphenyl ether (PBDE), 17, 107; see also 

Polychlorinated biphenyls (PCBs) 

aquatic fate, 108
 
properties, 106
 
on reproduction, 510
 
structure, 105
 
TEFs, 111–113 
tissue residues, 123–127 
toxicological effects, 155
 

Polybrominated diphenyl ethers (PBDEs), 107, 357, 480
 
in aquatic biota, 128, 130–146, 147
 
aquatic fate, 108–109 
atmospheric fate, 107–108 
bioaccumulation, 109, 110, 111
 
ecotoxicological effects, 155, 156
 
environmental fate, 107
 
threshold criteria, 515–516 
tissue residues, 123, 125, 126, 127
 
toxic equivalency factors, 111–112, 113
 
on wild birds, 510–512 

Polybrominated hexahydroxanthene derivatives (PBHDs), 
125
 

Polychlorinated biphenyl (PCB), 21, 105, 106–107
 
on adult survival, 508, 509
 
AhR LBD, 481, 482
 
aquatic fate, 108–109 
assessments, 497
 
atmospheric fate, 107–108 
on avian reproduction, 22
 
bioaccumulation, 109, 110, 111
 
clutch size, 490–491 
concentration, 22, 354
 
concentration variation, 355
 
congeners, 106, 479
 
contamination surveys, 22
 
critical effects, 547
 
CYP1A, 480, 481, 483
 
dietary exposures, 496
 
DNA cloning and sequencing, 481
 

ecotoxicological effects, 152, 155
 
egg quality, 494
 
egg-exchange design, 498
 
egg-injection methodology, 495, 496
 
embryolethality, 495
 
embryotoxicity, 22
 
environmental fate, 107
 
environmental importance of, 1
 
estimated cumulative, 533
 
in fish tissue, 121, 122
 
on hatching, 498
 
hatching success, 494–495, 497
 
isotope studies, 484
 
laboratory studies, 489
 
morphological deformity rates, 498–500
 
nestling fitness measures, 502–505
 
nestling growth, 501–502
 
nestling mortalities, 501
 
parental behavior, 485, 486–487, 488
 
parental breeding, 486–487
 
prenesting behaviors, 485
 
products, 533
 
properties, 106, 532
 
quantifi cation, 22
 
secondary sexual characteristics, 491
 
structure, 356
 
threshold criteria, 515–516
 
tissue residues, 120, 122, 123, 126, 550
 
toxic equivalency factors, 111–112, 113
 
toxicity of, 106
 
variability, 480
 
on wild bird, 492–493
 
wild bird development, 491–494
 
wild birds studies, 23–24
 
wildlife toxicity, 21
 

Polychlorinated compound, 532–534
 
adult survival, 507–510
 
aquatic mammals, 540–541
 
avian development, 491–494
 
avian exposure, 480
 
clutch size, 490–491
 
congener patterns, 483
 
effects, 484–485, 510–512, 545–548
 
egg quality, 494
 
exposure routes, 483–484
 
field studies, 537, 538, 539, 541–544
 
hatching success, 485, 494–498, 501–502
 
marine mammals, 538
 
measured variability in metabolism, 480
 
mechanism of action, 535–536
 
morphological deformities, 498–500
 
nestling fitness measures, 502–505
 
parental behavior, 485–490
 
productivity, 505–507
 
secondary sexual characteristics, 491
 
terrestrial mammals, 537
 
threshold tissue residue concentrations, 548–553
 
toxic equivalency approach, 536
 
trends, 534–535
 
wild birds, 478
 

Polychlorinated Dibenzofurans (PCDFs), 21, 103, 356; see 

also Polychlorinated biphenyl (PCB)
 

congener, 479, 484
 
as contaminants, 23
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effects of, 543, 545–548
 
in marine mammals, 538
 
mechanism of action, 535
 
properties, 106, 478, 531, 534
 
quantifi cation, 22
 
TEQ, 553
 
threshold criteria, 515–516
 

Polychlorinated dibenzo-p-dioxins (PCDDs), 21, 103, 105, 

356, 478, 531; see also Polychlorinated biphenyl
 
(PCB)
 

AhR LBD, 481, 482
 
congener, 479, 484
 
congeners in tissues, 479
 
CYP1A, 480, 481, 483
 
DNA cloning and sequencing, 481
 
effects on wild bird, 492–493
 
in pesticides, 21
 
properties, 106
 
structure, 105
 
threshold criteria, 515–516
 
variability, 480
 

Polycyclic aromatic hydrocarbons (PAHs), 4, 359
 
crude oil contaminants, 352
 

Polyhalogenated chemicals, 535
 
Polyvinyl chloride (PVC), 257, 360
 
POPs, see Persistent organic pollutants (POPs)
 
Porpoises (Phocoena phocoena), 385
 
PPARγ, see Peroxisome proliferator-activated receptor
 

(PPARγ)
 
PPCPs, see Pharmaceuticals and PCPs (PPCPs)
 
PPIX, see Protoporphyrin IX (PPIX)
 
Predators, 18, 538, 564
 

benthic invertebrates and, 359
 
concentrations in top, 351, 610
 
Hg poisonings, 18
 
metal for assimilation, 235
 
nontoxic Hg–Se complexes, 19
 
Pb poisoning, 574
 

Predicted no-effect dose rates (PNEDRs), 726
 
Predicted no-effect doses (PNEDs), 726
 
Probabilistic therapeutic distributions (PTDs), 330, 331
 
PROTECT program, 712
 

cadmium on kidney, 629, 637, 647, 652
 
cadmium toxicity, 636
 

Proteinuria, 636
 
Protoporphyrin IX (PPIX), 568
 
Pseudocrenilabrus sp, see Southern mouthbrooder
 
Pseudopersistence, 298, 360
 
PTDs, see Probabilistic therapeutic distributions (PTDs)
 
Pure chlordane, 76
 
PVC, see Polyvinyl chloride (PVC)
 

Q 

Quantitative structure–activity relationship (QSAR), 56,
 
259, 263, 410
 

R 

Radionuclides, 704
 
absorbed dose, 705, 706
 
arctic fish and invertebrates, 721
 
equivalent dose, 705
 
exposure, 704, 710–712
 

on fertility, 709, 714
 
graded approach, 710
 
half-life, 704
 
ionizing radiation, 704
 
isotopes, 704
 
lethal doses, 709
 
measurement units, 705
 
radiation effects thresholds, 723–726
 
radiosensitivity, 708
 
source, 705
 
weighting factors, 705
 
whole-body effects, 708
 

Radiotracer technique, 51
 
Razorback suckers (Xyrauchen texanus), 200
 
RBCs, see Red-blood cells (RBCs)
 
RBEs, see Relative biological effects (RBEs)
 
RC, see Reference concentrations (RC)
 
REACH, see Regulation on Registration, Evaluation, 


Authorization and Restriction of Chemicals 

(REACH)
 

Reactive oxygen species (ROS), 707
 
Recurvirostra americana, see American avocets
 
Red-blood cells (RBCs), 717
 
Reduced glutathione (GSH), 212
 
Red-winged blackbirds (Agelaius phoeniceus), 612
 
Reference area, 670, 682
 
Reference concentrations (RC), 366
 
Reference site, 687
 
Regulation on Registration, Evaluation, Authorization and
  

Restriction of Chemicals (REACH), 365
 
Relative biological effects (RBEs), 705
 
Relative potency factors (RPFs), 536
 
Renal proximal tubules damage, 652
 
Renal tubular dysfunction, 648
 
Resident mink survey, 542
 
Retinoid X receptor (RXR), 270
 
Ringed seal, 390
 
Ring-necked ducks (Aythya collaris), 575
 
River otters (Lutra lutra), 535
 
Röentgens (R), 705
 
ROS, see Reactive oxygen species (ROS)
 
Rothane, 48
 
Route of uptake, 171
 
RPFs, see Relative potency factors (RPFs)
 
RXR, see Retinoid X receptor (RXR)
 

S 

Saint Lawrence Estuary (SLE), 383
 
Sample egg technique, 437
 
Sampling, nondestructive, 16
 
Sandhill crane, 580, 581
 
Sarcoramphus papa, see King vulture
 
SDS, see Sodium dodecylsulfate (SDS)
 
Seal, common, 348; see also Harbor seal (Phoca
  

vitulina)
 
Sea-perch, 192
 
Sea-skaters (Halobates), 650
 
Selective Serotonin Reuptake Inhibitors (SSRI),
 

302–304
 
Selenium (Se), 19
 

age, size, and trophic position, 196
 
aquatic food chain, 195, 196
 
assessment values, 671–675, 695
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Selenium (Se) (Cont.) 
on avian embryo, 678
 
bioaccumulation, 195, 196, 197–198
 
biogeochemistry of, 194
 
biomarkers, 690–691 
blood, 687–689 
bluegill, 201, 204, 209, 211
 
chemical form effect, 678
 
chinook salmon, 211–212 
concentrations, 197, 200, 207, 215, 219, 670–671, 676
 
critical form, 196
 
demethylation, 392
 
diet vs. toxicity, 671–676 
dietary exposures, 209
 
dietary TTFs, 216
 
distribution thresholds, 223
 
Dolly varden, 206
 
dose–response relation, 682
 
effects, 217, 222, 688
 
in egg, 208, 209, 221, 676–677
 
elevated levels, 198
 
exposure route infl uence, 196–197 
fathead minnow, 206–207, 212
 
in feathers, 689–690, 694
 
field studies, 681–683, 685–686 
and fish deformities, 219
 
50% effect concentration, 681
 
hatching success, 680
 
with Hg, 696
 
hormesis, 693
 
and hormetic effects, 678, 693
 
inadequate, 676–677 
inflection point, 676
 
interactions, 691–693 
in kidney, 686–687 
lab studies, 677–681, 683–685 
in largemouth bass, 207
 
in liver, 683, 684, 690
 
LOEC and NOEC, 222
 
maternal intake, 205
 
maternal transfer, 200, 220
 
in MeHg demethylation, 692
 
mosquitofi sh, 207–208 
muscle, 687
 
northern pike, 208
 
in ovary, 201, 217
 
oxidation states, 670
 
parent vs. offspring, 221
 
in pinnipeds, 393
 
poisoning, 195, 669–670 
in rainbow trout, 208, 212–213 
in razorback sucker, 208–209, 213, 214–215 
reproductive effects, 694
 
safe level, 670
 
selenomethionine, 196
 
sodium selenite, 680
 
source of, 669, 671
 
stereoisomer, 679
 
tissue thresholds, 220
 
toxicity, 679, 681, 690
 
toxicity thresholds, 223
 
toxicokinetics, 216
 
trout, 204–206 
Tulare curves, 682
 

and vitamins, 691
 
in white sturgeon, 215
 
in white sucker, 209
 

Selenium (Se) threshold
 
comparisons, 223, 224–225
 
concentration-response relationships, 218, 219
 
Egg hatchability, 15
 
in egg, 220
 
fish tissue threshold, 215, 222
 
life stage considerations, 216
 
maternal transfer and juvenile toxicity, 216, 217–218
 
in ovary, 220, 221
 
in tissue-based toxicity, 219
 
in whole-body, 221, 222
 

Selenoamino acids, 196
 
Selenomethionine, 196, 678
 
Self-biasing detectability, 300
 
Semipermeable membrane devices (SPMD), 328
 
Serotonin-Norepinephrine Reuptake Inhibitors (SNRI), 


302–304
 
Sex hormone-binding globulin (SHBG), 309
 
Sex hormones, 62
 
SHBG, see Sex hormone-binding globulin (SHBG)
 
Short-snouted sea-horse, 286
 
Shrews (Sorex araneus), 634
 
SI, see International System (SI)
 
Sievert (Sv), 705
 
Σpolybrominated diphenyl ether (PBDE), 552
 
Silent spring, 12
 
Silicone membrane equilibrator, 329
 
Siluridae, see Catfi sh
 
Silver (Ag), 394
 
Silvery light-fi sh, 168
 
Skeleton, adult, 600
 
SKI, see Somatic kidney index (SKI)
 
SLE, see St. Lawrence Estuary (SLE)
 
Slender-clawed crayfi sh, 46
 
Small mammals
 

insectivorous, 631
 
Sn, see Tin (Sn)
 
Sodium dodecylsulfate (SDS), 393
 
Sodium pump, 466
 
Sodium selenite, 680
 
Soil ingestion, 595
 
Soil organic matter, 599
 
Solid-phase microextraction (SPME), 52, 316
 
Somatic kidney index (SKI), 599
 
Somatogen, 277
 
Sorex araneus, see Shrews
 
Source-to-effects continuum, 291
 
Southern mouthbrooder (Pseudocrenilabrus sp.), 76
 
Species sensitivity distribution (SSD), 118, 309, 726
 
SPMD, see Semipermeable membrane devices (SPMD)
 
SPME, see Solid-phase microextraction (SPME)
 
Spotted cuscus, 594
 
SSD, see Species sensitivity distribution (SSD)
 
St. Lawrence Estuary (SLE), 361
 
Starlings (Sturnus vulgaris), 460
 

endosulfan, 75
 
of PCBs/PCDDs/PCDFs effects, 535
 
selenomethionine, 679
 

Stenella coeruleoalba, see Striped dolphins
 
Stereoisomer
 

of dieldrin, 74
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Sterna forsteri, see Forster’s tern 
Sterna hirundo, see Tern, common 
Steroid, 306–310 

hormones, 78
 
Stone-bass, 192
 
Stoneflies (Plecoptera), 676
 
Striped dolphins (Stenella coeruleoalba), 535
 
Sturnus vulgaris, see Starlings
 
Subatomic particles, 704
 
Sublethal effects, 684
 

DDE, 69, 89
 
DDT, 66, 70, 90
 
endocrine system disruption, 61
 
heptachlor, 78
 
ligands, 171
 
lindane, 84
 
OH compounds, 88
 
of PCBs, 25
 
Se impact, 694
 
toxaphene, 83–84, 91
 

Sulfhydryls
 
in Hg detoxifi cation, 392
 

Sv, see Sievert (Sv)
 
Synthetic progestins, 333
 

T 

T3, see Triiodothyronine (T3)
 
T4, see Thyroxine (T4)
 
Taeniopygia guttata, see Zebra fi nches
 
Talpidae, see Moles
 
TBB, see Total body burden (TBB)
 
TBBPA, see Tetrabromobisphenol A (TBBPA)
 
TBT, see Tributyltin (TBT)
 
TCDD, see Tetrachlorodibenzo-p-dioxin (TCDD)
 
TCDF, see Tetrachlorodibenzofuran (TCDF)
 
TDI, see Tolerable daily intake (TDI)
 
TeBT, see Tetrabutyltin (TeBT)
 
TeET, see Tetraethyltin (TeET)
 
TEF, see Toxic equivalence factor (TEF)
 
TeMT, see Tetramethyltin (TeMT)
 
TEQ, see Toxic equivalent (TEQ)
 
Tern, common (Sterna hirundo), 617
 

Hg concentrations, 617, 618
 
PCB effects, 25
 

Testosterone (T), 309
 
TET, see Triethyltin (TET)
 
Tetrabromobisphenol A (TBBPA), 107
 
Tetrabutyltin (TeBT), 257, 270
 

in aquatic species, 267
 
Tetrachlorodibenzofuran (TCDF), 552
 
Tetrachlorodibenzo-p-dioxin (TCDD), 21
 

concentration, 538
 
tissue residue, 120
 

Tetraethyltin (TeET), 257, 261
 
in aquatic species, 267
 

Tetramethyltin (TeMT), 257, 261
 
in aquatic species, 267
 

Tetraphenyltin (TePT), 257
 
in aquatic species, 267
 

Tetrapropyltin (TePrT), 257
 
in aquatic species, 267
 

THg, see Total mercury (THg)
 
Thin layer chromatographic (TLC), 51
 

Thirty Years’ War, the, 14
 
Threshold, 2
 
Thymus, 509
 
Thyroid, 362
 

as biomarkers, 362, 505
 
contaminated feed and, 363
 
nest attentiveness, 489, 503
 
PBT contaminants, 358, 362
 
PCB and PCDD impact on, 504
 
physiological functions, 62
 
Thyroid function, 504
 
Thyroid hormones, 358
 

Thyroxine (T4), 393
 
Tin (Sn), 257, 258, 259
 

critical concentration, 2
 
interpretation, 4, 16–17
 
and mercury, 183
 
organotin properties, 257, 259
 
reporting concentrations, 258
 
reporting unit, 258
 
in TBT debutylation, 265
 
terminology, 2–3
 
toxicity, 267
 

Tissue residue concentration, 1, 548, see 
Acquired dose
 

to assess exposure and effects, 9
 
and toxic effects, 182–185
 
toxicokinetic model, 17
 

Tissue Residue Guidelines (TRGs), 365
 
Tissue residue threshold, 548–549
 

aquatic mammal, 551–553
 
marine mammal, 549–551
 
terrestrial mammal, 549
 

Tissue sampling, 316
 
TLC, see Thin layer chromatographic (TLC)
 
TnHT, see Tri-n-hexyltin (TnHT)
 
Tolerable daily intake (TDI), 366
 
TOT, see Trioctyltin (TOT)
 
Total body burden (TBB), 634
 
Total mercury (THg), 692
 
Totality of exposure, 334
 
Toxaphene, 50, 83–84, 466
 

in aquatic invertebrates, 82
 
ban, 49
 
quantifi cation, 51
 
range of, 91
 

Toxic equivalence factor (TEF), 24, 104, 111–113, 467
 
approach, 536
 
approach limitations, 356
 
TCDD-like toxicity, 532
 

Toxic slick, 351
 
Toxic unit (TU), 85
 
Toxicant, 2
 

consumption criteria, 380–381
 
DDT, DDD, and DDE, 64
 
heptachlor, 78
 
mirex, lindane, and toxaphene, 82
 
multiple exposure, 467
 
multitargeted, 595
 
neurological, 276, 389
 
reproductive, 279
 
SLE on, 384
 
toxicant-nutrient interaction, 388
 
4Ts, 297
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Toxicity
 
cyclodienes, 73–74
 
elemental interactions, 379
 
predictors, 417
 
to wildlife, 12
 

Toxicity equivalent (TEQ), 113, 467, 534, 536, 553
 
approach, 536, 544
 
correlative model, 498
 
dioxin, 115–177
 
embryotoxicity, 496
 
for mixture, 468
 
threshold concentration, 549, 550
 

Toxicity reference value (TRV), 365, 548
 
tissue-based, 549, 551
 

Toxicity thresholds, 676
 
cadmium, 658
 
Se, 197, 218, 223
 
tissue-based, 219
 

Toxicokinetic model, 17, 266
 
Toxicologist, 2, 9–10, 27
 

aquatic, 2–3
 
biochemical measurements, 15
 
comparative, 378
 
critical body residues, 412–413
 
ecotoxicologist, 1
 
ecotoxicology, 1, 411
 
exposure, 290
 
poison detection, 10
 
Se, 199–200, 202, 210
 

Toxicology, 9; see also Wildlife toxicology
 
adverse effects, 11
 
weight of evidence in, 364
 

Trace metal, 231, 378, 379–380
 
accumulation, 232, 236–237, 240, 241, 242, 243, 248
 
aquatic invertebrate body metal content, 237
 
in bioaccumulated metal, 247, 249
 
bioavailabilities, 247
 
biodynamic modeling, 243–244
 
burrowing invertebrate, 234
 
detoxified component, 239–240
 
essential, 238, 239
 
excretion, 236
 
lethal body concentration, 244, 246–247
 
metabolic requirements, 238
 
toxicity, 14, 244
 
transmembrane routes, 235
 
uptake, 232, 233–236
 

Trace metal, essential, 234
 
accumulated concentration, 236
 
metabolic requirements for, 238
 

Transmembrane protein, 234–235
 
Transpiration stream concentration factors (TSCFs), 314
 
TRGs, see Tissue Residue Guidelines (TRGs)
 
Triazoles, 302
 

fungicides, 306
 
Tributyltin (TBT), 257
 

in aquatic species, 267
 
chambering response, 273
 
concentrations, 274, 275
 
contamination, 274
 
exposure, 273
 
imposex, 274
 
lethal concentrations, 272
 
lethal toxicity for, 272
 

lethality values, 278
 
metabolism, 247
 
organotin properties, 257
 
in pesticides, 256
 
sublethal response for, 270
 
toxicity, 271
 

Tri-c-hexyltin (TcHT), 257
 
lethal concentrations, 272
 
organotin properties, 257
 
sublethal response for, 270
 
toxicity, 271
 

Triclocarban, 311
 
in aquatic tissues, 322
 
biocide, 302
 
uptake, 297
 

Triclosan (TCS), 311
 
accumulation, 312
 
in aquatic tissues, 322, 323
 
biocide, 301, 302
 
in marine mammal, 313
 
toxicity, 315
 
trophic-level responses to, 298
 

Triethyltin (TET), 257
 
in aquatic species, 267
 
lethality values, 278
 
organotin properties, 257
 
sublethal response for, 270
 

Triiodothyronine (T3), 393
 
Trimethyltin (TMT), 257
 

in aquatic environments, 259
 
in aquatic species, 267
 
lethal concentrations, 272
 
lethality values, 278
 
organotin properties, 257
 
sublethal response for, 270
 
toxicity, 266, 267
 

Tri-n-hexyltin (TnHT), 257
 
toxicity, 271
 

Trioctyltin (TOT), 257
 
membrane permeability, 271
 

Triorganotin, 271
 
in aquatic environments, 259
 
bioaccumulation and toxicity, 273
 
body residues, 268
 
Kow values, 263
 
lethal values, 269, 271, 278
 
lethality values, 278
 
organotin properties, 257
 
pesticides, 256
 
sublethal response for, 270
 
toxicity, 266, 267, 271, 272
 

Triphenyltin (TPT), 256
 
in aquatic organisms, 262, 267
 
aqueous, 273
 
exposure, 267
 
imposex, 274
 
lethal concentrations, 272
 
metabolism, 265
 
metabolites, 261
 
organotin properties, 257
 
RXR activator, 270
 
sublethal response for, 270
 
tissue concentrations, 275, 278
 
triorganotin body residues, 268
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V 

Index 

Tripropyltin (TPrT), 257
 
Trophic transfer factors (TTFs), 196
 

risk at trophic levels, 353
 
Se, 196
 
Se dietary, 216
 

True seals, 353
 
TRV, see Toxicity reference value (TRV)
 
TSCFs, see Transpiration stream concentration factors 


(TSCFs)
 
TTFs, see Trophic transfer factors (TTFs)
 
TU, see Toxic unit (TU)
 
Tulare curves, 682
 
Tundra swans (Cygnus columbianus), 574
 
Turdus migratorius, see American robin
 
Turkey (Melleagris gallopavo), 24
 
Tursiops truncates, see Bottlenose dolphin
 

U 

Uncertainty factor (UF), 366, 549
 
chromosomal abnormalities in, 714
 
herring gulls, 483
 
reference lake, 209
 
sites, 232
 

Uncontaminated, 670; see also Background; Reference area 
cadmium in, 629, 631
 

UNEP, see United Nations Environment Program (UNEP)
 
Unimodal model, 679
 
United Nations Environment Program (UNEP), 48, 357
 
United States Geological Survey (USGS), 225
 
Uptake from food, 235
 

levels, 303–304 
U.S. Department of Energy (USDOE), 710
 
U.S. Environmental Protection Agency (USEPA), 105, 534
 

national study, 114
 
U.S. Fish and Wildlife Service (USFWS), 49
 
U.S. Geological Survey (USGS), 49
 

Venlafaxine, see also Serotonin-Norepinephrine Reuptake
 
Inhibitors (SNRI)
 

bioconcentration, 318
 
Vertebrate cytosolic protein, see Aryl hydrocarbon 


receptor (AhR)
 
Vitamin A, 362, 504
 

AhR-related PCB toxicity, 541
 
as biomarkers, 358, 504, 505, 509
 
contaminant effect on, 363, 505
 
PBDE-99 effect, 512
 
ΣPCB effect, 548
 
transformed contaminants, 511
 

Vitellogenin, 61
 
estrogenic compound effect, 86
 
plasma concentration, 62
 

W 

Wastewater steroid effect, 314
 
Wastewater treatment plants (WWTPs), 307
 

CEEs, 307
 
removal efficiency of APIs, 296
 
TCS, 311
 
technologies, 326–327
 

WBCs, see White blood cells (WBCs) 

Weight of evidence, 364
 
on effects of PCBs, 484, 540
 
in marine mammal toxicology, 364
 
nestling fi tness, 502
 
PCB and TCDD thresholds, 513
 
in regulatory guidelines, 367
 

Wet weight (ww), 118
 
White blood cells (WBCs), 717
 
White croaker (Genyonemus lineatus), 71
 

PBDE levels, 129
 
White perch (Morone americana), 184
 

methylmercury accumulation, 184
 
SSRIs, 303
 

WHO, see World Health Organization (WHO)
 
Whooper swan (Cygnus cygnus), 575
 

lead poisoning, 575
 
Wild griffon vulture, 576
 
Wild turkey (Meleagris gallopavo), 579
 

AhR LBD genotype, 482
 
Wildlife toxicology, 10–11
 

arsenic poisoning, 10
 
contaminant exposure, 14, 15
 
contaminant studies, 11
 
dioxins and PCBs, 21
 
history, 10
 
interpreting exposure, 16
 
mercury in wild birds, 17
 
pesticides, 11–12
 
petroleum spills, 14–15
 
poisoning diagnosis, 14
 
population level effects, 13
 
productivity assessments, 505–506
 
tissue residues in, 1
 
use of stable isotopes, 17
 

Willow, 650
 
Willow ptarmigan (Lagopus lagopus), 579
 

AhR LBD genotypes, 482
 
cadmium effect, 650
 
lead effect, 579
 

Wood mice (Apodemus sylvaticus), 596
 
blood lead levels, 596
 
cadmium effects, 629, 632
 
dietary cadmium level, 633
 

World Health Organization (WHO), 111, 112
 
ww, see Wet weight (ww)
 
WWTPs, see Wastewater treatment plants (WWTPs)
 

X
 

Xenobiotic response elements (XRE), 358
 
Xenoestrogenic substances, 62
 
XRE, see Xenobiotic response elements (XRE)
 
Xyrauchen texanus, see Razorback suckers
 

Z 

Zebra fi nches (Taeniopygia guttata), 465
 
Aroclor 1248 effects, 485
 
lead effect, 566
 
methoxychlor, 465
 

Zinc (Zn)
 
concentration, 247
 
uptake and loss, 246
 
variability in crustaceans, 233
 

Zinc-protoporphyrin (ZPP), 601
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