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Introduction

W. Nelson Beyer and James P. Meador

Ecotoxicology is the study of the movement of environmental contaminants through ecosystems
and their effects on plants and animals. Examining tissue residues of these contaminants in biota
is basic to ecotoxicology, both for understanding the movement of contaminants within organisms
and through food chains, and for understanding and quantifying injuries to organisms and their
communities. This book provides guidance on interpreting tissue concentrations of environmental
contaminants.

Tissue concentrations have long been used both to identify the cause of toxicity in animals and
as a measure of the severity of toxicity. More recently, they have been incorporated into environ-
mental models, tying together exposure, kinetics, and toxic effects. Measuring tissue concentrations
is basic to studies on the kinetics of contaminants, which entails characterizing the rates of uptake
and elimination in organisms, as well as redistribution (organs, lipid, and plasma) within them.
Tissue concentrations are also used in ecological studies examining the movement of contaminants
between organisms and within biological communities.

In monitoring programs, tissue concentrations tell us about the geographical distribution of
contaminants and how they change through time. Measuring contaminants in tissue can also be
important for defining the background, or the uncontaminated condition, as well as identification
of hot spots and gradients from point sources. Although analyses of soils and sediments also pro-
vide information on the distribution of contaminants, analyses of tissues provide information that
is more meaningful to ecotoxicologists. In some instances, chemical analyses of tissues gave the
first hint of the global dispersion of chemicals. The environmental importance of polychlorinated
biphenyls, tributyltin, and perfluorooctanesulfonic acid was not recognized until these compounds
were found in tissues of widely distributed animals. Sometimes knowing simply that a contaminant
is present in an organism is useful. For example, if an avian die-off has occurred and brain tissue
shows greatly reduced activity of cholinesterase, then documenting the presence of an organophos-
phate or carbamate pesticide in the carcasses may be all that is required to find the cause of that
die-off (Mineau and Tucker 2002). When pathologists examine toxicological cases, tissue analyses
are usually essential to making a diagnosis. For the most part, however, this book provides guidance
on relating tissue concentrations quantitatively to injury, which lies at the core of ecotoxicology.
Thousands of research papers reporting tissue concentrations are published each year, and their
value depends on ecotoxicologists being able to interpret the toxicological consequences of those
concentrations.

The logic for relying on tissue residues in wildlife toxicology was put forth by Bill and Lucille
Stickel (1973), who explained how tissue concentrations may best be used in diagnosing poisoning
of birds by organochlorine pesticides. Biologists had suspected that birds were being poisoned by
applications of pesticides, but differences among species, the physiological condition of the birds,
and extraneous factors made it difficult to establish the cause of death. Analyzing the contents of the
digestive tract for the presence of a pesticide, the usual means of diagnosing poisoning in humans,
failed because all of the birds in a sprayed area had some exposure to the pesticide. Live birds col-
lected at the site often had whole-body concentrations of pesticides that exceeded those of birds
found dead. In a series of controlled studies on birds dosed with various organochlorine pesticides,
the Stickels and colleagues demonstrated that because the lipids that store the pesticides are metab-
olized when a bird stops feeding (due to sickness caused by exposure to these pesticides), those
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pesticides in the body may be mobilized and then rapidly become lethal. Although various organs
could be used to indicate sublethal exposure to pesticides, analyzing the brain was key to identifying
those birds that had lethal residues. Unlike concentrations in other organs, lethal concentrations in
the brain were remarkably consistent, even in different species and in birds with different exposures.
The brain is the logical organ to analyze because the organochlorine pesticides were neurotoxic, but
the decision to rely on brain residues was a practical one. The reader is referred to Keith (1996) and
to the following chapter in this book for a history of the use of tissue residues in evaluating hazards
of contaminants to wildlife.

Aquatic toxicologists also rely on tissue concentrations when interpreting hazards, although much
of this research has been relatively recent. The underpinnings of tissue residue toxicity were consid-
ered in the early 1900s by Meyer and Overton, who addressed the narcotic effect of organic com-
pounds (Lipnick 1995) and by researchers who measured pesticides and metals in fish (Ferguson
1939, McCarty et al. in press). As these sporadic papers touted the virtues of using tissue residues
to assess toxic responses, they were largely ignored by aquatic toxicologists, who emphasized expo-
sure to contaminants in water and sediment. It was not until the early 1990s that a more in-depth
analysis of tissue residue toxicity for a variety of chemicals and modes of action was considered
(McCarty 1991, McCarty and Mackay 1993). After that, a flurry of research papers explored this
topic in greater detail. These include published works on PAHs and other compounds at narcotic
concentrations (Di Toro et al. 2000), chlorophenols (Kukkonen 2002), PCBs in salmonids (Meador
et al. 2002a), tributyltin (Meador 2000, Meador et al. 2002b), mercury and DDT in fish (Beckvar
et al. 2005), dioxins in fish (Steevens et al. 2005), and general reviews from Barron et al. (2002),
Meador (2006), and Meador et al. (2008). At a Pellston workshop in 2007, 40 of the world’s lead-
ing experts conducted a critical review of the tissue residue approach for toxicity assessment (see
Integrated Environmental Assessment and Monitoring Jan. 2011).

The wide assortment of terms used in the field illustrates how researchers have evolved different
ways of thinking about tissue concentrations. We begin this discussion with terms based on a mech-
anistic approach, originally defined by a work group on metals (Norberg 1976), although applic-
able to other contaminants as well. Several definitions are relevant here. The work group defines
the “critical concentration” for a cell as the concentration at which undesirable functional changes,
reversible or irreversible, occur in the cell. The “critical organ concentration” is defined as the mean
concentration in the organ at the time any of its cells reaches critical concentration. The “critical
organ” is that organ that first attains the critical concentration of a metal under specified circum-
stances of exposure and for a given population (Nordberg 1976). This approach is precise, assuming
cause and effect. Cadmium’s well-known effect on renal function seems to fit well into this frame-
work. In practice, however, this approach does not work well for many environmental contaminants.
A toxicant, such as lead, may affect many organs and systems simultaneously, and the signs and
lesions observed among lead-poisoned individuals may vary substantially. Because organochlorine
compounds are stored in lipids, throughout the body, they are not associated with a single organ.
Nor is identifying “that organ that first attains the critical concentration” as simple as it sounds. A
histopathologist using electron microscopy may detect lesions not visible using light microscopy.
Drawing on more sensitive measures, such as those used in genomics, a toxicologist may detect
alterations at lower tissue concentrations and exacerbate the difficulty in differentiating a harmless
response from an adverse response. Risk assessors try to select endpoints that they consider mean-
ingful to an assessment, which is not always the same as selecting the most sensitive endpoint.

The expression “critical concentration” is often useful when generalizing about tissue concentra-
tions applicable to a taxon, as long as the effect and the circumstances are made clear. For example,
based on studies conducted on several species ingesting lead shot, we might identify a critical con-
centration in livers of waterfowl expected to be associated with death. The term “threshold” means
the concentration at which an effect is first observable.

The terminology of tissue concentrations used commonly by aquatic toxicologists is based on the
traditional toxicological expressions of exposure—LCp or LDp (lethal) and ECp or EDp (sublethal)
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values, where C is the external concentration, D is the administered dose, and p is the percentage
responding. In many cases aquatic toxicologists use LRp or ERp, where “R” denotes tissue residue
(Meador 1997). There is a distinction between toxicity metrics that are expressed in terms of the
amount of a toxicant that is delivered or administered to the organism and the actual tissue concen-
trations associated with the response. The dose is generally expressed as ug or umol toxicant/gram
body weight/day or as single-dose pg/g or umol/g and is usually administered by feeding, injection,
gavage, or bolus to determine the LD50 or other measures of toxicity. The acquired dose (tissue
residue) is used to characterize adverse effects as a function of the measured or predicted tissue
concentration, such as an LR50. The administered dose, as it is metabolized and excreted, may be
very different from the tissue concentration associated with toxicity (Meador 2006). For aquatic
toxicologists, “critical body residue” (CBR) is a general term often implying a whole-body concen-
tration that is related to an adverse effect. A CBR can be characterized by any one of a number of
toxicity metrics (e.g., LR50, ER10, or LOER) depending on the application. These values are best
expressed as a molar concentration, especially when comparing among toxicants.

The terms “diagnosis” and “diagnostic” have well-established uses in veterinary science, and
these terms can be applied in some instances to aquatic and wildlife toxicological studies. A diag-
nosis is a determination of the cause of an illness from its signs and lesions, through an examination
by a trained diagnostician or pathologist. Making a diagnosis implies not only identifying a cause
but also ruling out other potential causes of the observed signs and lesions. Consequently, ecotoxi-
cologists may determine that the probable cause of death is a contaminant, but they are not making
a “diagnosis” unless other causes are ruled out. A diagnostic residue is a concentration in tissue that
supports a diagnosis of poisoning if the signs and lesions observed in the animal are consistent with
the poison in question. A diagnostician starts with observed effects and reasons back to a cause,
establishing the diagnosis, whereas an ecotoxicologist usually starts with an exposure or tissue con-
centration and tries to deduce possible toxic effects.

The need for screening values in ecological risk assessment has led to the use of “hazardous
concentrations.” For example, Aldenberg and Slob (1993) described a statistical method to calculate
the lower confidence limit based on a percentile of a distribution of no-effect or lowest effect levels
measured in different species within a taxonomic group. When calculated at the fifth percentile,
the value is meant to be protective for 95% of the species or focal group. This threshold, or pro-
tection value, is lower than those derived from central tendency values (e.g., mean or median) that
will protect far fewer organisms. The calculation of the HC; usually requires a large database from
comparable studies.

For a critical concentration to be credible, it must be based on substantial evidence. Well-designed,
controlled toxicological studies establish a cause-and-effect relation between the administration of
a poison and an effect. Some controlled studies also establish a cause-and-effect relation between
whole-body or specific tissue concentrations and an effect on an organism or that specific tissue.
More often, however, the relation between a tissue concentration and an effect is a correlation. If
an observed relationship between tissue concentration and injury holds true in other experiments
and is consistent with observations in the field, then the correlation becomes credible and useful.
In some instances the relation cannot possibly be based on cause and effect. For example, in the
classic toxicological example in which researchers related DDE residues in raptor eggs to eggshell
thinning, the DDE that caused the eggshell thinning was in the female that laid the egg. The DDE
in the egg could not have caused the thinning. The important point is that the relation was found to
be consistently reliable and was based on well-designed studies conducted under both controlled
and field conditions. Because the DDE in the egg was correlated at some level to DDE in the adult,
the concentration in egg became a useful surrogate. In some cases such as these where the mechan-
ism is known, ancillary correlations may be useful as surrogate measures for the actual biologically
effective dose at the receptor.

The more evidence collected under variant conditions, the more credible the argument. Critical
concentrations are least reliable when based on few data, when they are applied to species that are
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not closely related, and when the timing or route of exposure is different from the conditions in the
study used as a reference. Whenever animals are dosed under experimental conditions, concentra-
tions in many organs will increase and be correlated with each other and with effects, but most of
those correlations will fail to be robust. Critical concentrations may be derived from field studies,
but will be in error if an observed effect is incorrectly attributed to the contaminant or if the ani-
mals were subjected to additional stressors, lowering their sensitivity. Extrapolating from tissue
concentrations to effects on populations or ecosystems is especially tenuous. To establish a credible
relation between a contaminant and a population requires extensive work on several populations, as
described by Ohlendorf and Heinz in Chapter 21 on selenium in this book.

Tissue concentrations of some contaminants are especially challenging to interpret.
Concentrations of polycyclic aromatic hydrocarbons (PAHs), for example, are difficult to interpret
in higher animals because they tend to be rapidly metabolized and excreted (Eisler 2000). However,
a recent study correlated the administered dietary dose of PAHs with biliary metabolites in fish
(Meador et al. 2008). Even though the biliary metabolites are not tissue concentrations, these values
do represent an internal dose that can be correlated to toxic effects and measured in field collected
animals in a similar fashion to assess harm. Further, elements that are homeostatically regulated in
an organism pose another difficulty. Sometimes a target organ, however, may be identified that does
show a sharp increase in tissue concentrations as toxicity is approached, even though concentrations
are still regulated in most tissues. For some other elements, such as mercury, the total concentration
of the element may be misleading, because the element’s toxicity is so dependent on its chemical
form.

The large number of poorly studied manufactured and natural chemicals is daunting. These
industrial compounds, elements, pharmaceuticals, personal care products, pesticides, and others,
are often best considered as chemical classes because of their overwhelming numbers. As shown
for many toxicants, grouping chemicals by class and mode of action often results in similar toxicity
metrics among several species and higher taxa, which is immensely helpful in our quest to char-
acterize toxicity and quantify the concentrations likely to result in adverse responses. The authors
of the book chapters adeptly address the challenges. With patience, the relations between tissue
concentrations and toxicity are becoming better understood and their use in ecotoxicology grad-
ually refined.

The study of tissue concentrations rests entirely on the validity of the chemical analyses support-
ing them. In general, the ability of today’s analytical chemists to provide reliable analyses of most
important environmental contaminants surpasses the ability of ecotoxicologists to interpret those
concentrations. There is a perception that some poisons leave no traces, especially among mystery
readers. Consider, for instance: “I am assured that there are many poisons known only to a few chem-
ists in the world, a single grain of which is sufficient to destroy the strongest man and leave not the
slightest trace behind. If the poisoner be sufficiently accomplished he can pursue his calling without
the faintest risk of detection.” Mr. Sabin sipped his wine thoughtfully (from E. Phillips Oppenheim,
1903, The Yellow Crayon). Now, however, concentrations of almost all important contaminants or
their metabolites may be detected in wine and in tissues, and, most importantly, they may be inter-
preted. Although uncovering the relation between concentration and effect requires considerable
research and careful interpretation, the results are worthy, as the chapters of this book prove.

We are excited to present this second edition. Many of the chapters in this book address chem-
ical classes that were explored in the first edition, which the authors have painstakingly updated
with current data and, in some cases, with new ways of analyzing those data. We are also fortunate
to have chapters that address tissue concentrations of some toxicants that have not been considered
previously. Lastly, our second edition is illustrated with eighteenth-century engravings of fish, wild-
life, and invertebrates, to remind us of what ecotoxicology is about. They are taken from The Royal
Natural History, edited by British naturalist Richard Lydekker, and published in six volumes by
Frederick Warne, 1893-1894.
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1.1 INTRODUCTION

The detection and interpretation of contaminants in tissues of wildlife belongs to the field of tox-
icology, a scientific discipline with a long, intriguing, and illustrious history (reviewed by Hayes
1991, Gallo 2001, Gilbert and Hayes 2006, Wax 2006). We review its history briefly, to provide a
context for understanding the use of tissue residues in toxicology, and to explain how their use has
developed over time. Because so much work has been conducted on mercury, and dioxins and poly-
chlorinated biphenyls (PCBs), separate case histories are included that describe the evolution of the
use of tissue concentrations to assess exposure and effects of these two groups of contaminants in
wildlife.

The roots of toxicology date back to early man, who used plant and animal extracts as poisons
for hunting and warfare. The Ebers papyrus (Egypt ~1550 BC) contains formulations for hemlock,
aconite (arrow poison), opium, and various metals used as poisons. Hippocrates (~400 BC) is some-
times credited with proposing the treatment of poisoning by decreasing absorption and using anti-
dotes (Lane and Borzelleca 2007). Chanakya (350-283 BC), Indian advisor of the Maurya Emperor
Chandragupta (340-293 BC), urged the use of food tasters as a precaution against poisoning, and



10 Environmental Contaminants in Biota

the Roman emperor Claudius may have even been poisoned by his taster Halotus in 54 AD. Moses
ben Maimon (1135-1204), author of a treatise on poisoning, noted that dairy products could delay
absorption of some poisons. Paracelsus (1493—-1541) shaped the field of toxicology with his corollar-
ies that experimentation is essential to examining the response, that therapeutic properties should be
distinguished from toxic properties, that chemicals have specific modes of action, and that the dose
makes the poison. The art of concocting and using poisons reached its “zenith” during the Italian
Renaissance, eventually culminating in its commercialization by Catherine Deshayes (a.k.a., La
Voisine, 1640-1680) in France.

One of the first to suggest a chemical method for the detection of a poison in modern times was
Herman Boerhaave (1668—1738), a physician and botanist, who, according to Jurgen Thorwald (The
Century of the Detective), placed the suspected poison on red-hot coals, and tested for odors. The
Spanish physician Orfila (1787-1853) served in the French court, and was the first toxicologist to
systematically use autopsy and chemical analysis to prove poisoning. He has been credited with
developing and refining techniques to detect arsenic poisoning. Other historic accounts include
extraction of alkaloids from postmortem specimens (Jean Servais Stas ~1851) as evidence in a nic-
otine poisoning case (Levine 2003). The chemical analysis of organs and tissues became the basis
for establishing poisoning. Much of the early history of toxicology addressed whether someone had
been poisoned and how to treat poisoning.

1.2 THE BEGINNINGS OF WILDLIFE TOXICOLOGY

Wildlife toxicology has generally dealt with environmental contamination and the unintentional
poisoning of amphibians, reptiles, birds, and mammals (Rattner 2009). Concern over poisoning
of wildlife began in the late nineteenth century, and initially focused more on identifying envi-
ronmental problems than determining contaminant concentrations in tissues. Reports of pheasant
(Phasianus colchicus) and waterfowl mortality related to ingestion of spent lead shot appeared in
the popular literature (Calvert 1876, Grinell 1894). Once recognized, it was considered a common
occurrence in waterfowl (Phillips and Lincoln 1930). Wetmore (1919) described postmortem signs
of intoxication in waterfowl that contained shot in the gizzard and other portions of the digestive
tract. Poisoning of waterfowl from lead mining wastes dumped into the Spring River in Kansas
was described in 1923 (Phillips and Lincoln 1930). A report of arsenic-related mortality of fallow
deer (Dama dama) near factories processing metal ores in Freiberg, Germany, made its way into
the popular press in 1887 (Newman 1979). Controlled exposure studies with mercury, strych-
nine, and arsenic were conducted in domestic and wild fowl (Gallagher 1918, Whitehead 1934),
including measurement of arsenic in tissues of dosed chickens (Gallus gallus) (Whitehead 1934).
Alkali poisoning of thousands of eared grebes (Podiceps nigricollis) and shovelers (Anas clypeata)
was documented in California in 1891 (Fisher 1893). Similar cases were subsequently described
in many locations in the western United States, and alkali poisoning was even experimentally
duplicated by Wetmore using captive birds, which were administered chlorides of calcium and
magnesium (Phillips and Lincoln 1930). The hazard of ingested phosphorus from military muni-
tions by waterfowl and swans was first recognized in 1923, and emerged as a problem on several
occasions decades later (Phillips and Lincoln 1930). With the expansion of oil production and its
use for marine propulsion after World War I, oiling of waterbirds and numerous die-offs occurred
along the coast of the United States (over 35 incidents documented in Phillips and Lincoln 1930).
In the aforementioned mortality incidents (i.e., lead shot, arsenic, alkali, phosphorus, and oil), the
source and the presence of the toxicant were usually readily apparent (e.g., recovery of ingested
shot, alkali salts or oil in or on birds).

Qualitative and quantitative determination of presence of lead in stomach and caeca of water-
fowl was described as early as 1919 (Wetmore 1919, Magath 1931). Traces of arsenic were reported
in the liver of dead deer following application of calcium arsenate for forest insect control in 1926
(Danckwortt and Pfau cited by Keith 1996). In the detailed description of poisoning of nontarget
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wildlife by thallium baits used to control ground squirrels, Linsdale (1931) mentioned the use of
qualitative spectroscopic methods to detect thallium in tissues of dead geese, and quantitative meth-
ods to determine concentrations in edible tissues. Before 1940, the presence or actual concentra-
tions principally served as evidence of exposure. Quantitative methods were used in analyzing
lead-poisoned geese (Branta canadensis) in the early 1940s, and “some correlation” between the
number of shot found in the gizzard with lead content of the liver and kidney (but not leg bone) was
suggested (Adler 1944).

Environmental contaminant studies with captive waterfowl began at the Patuxent Research
Refuge in the late 1940s. Through controlled exposure studies with captive birds, evidence of adverse
effects (histopathological lesions, impaired reproduction, and lethality) on individuals began to be
generated. In toxicity studies of white phosphorus used in military munitions, Coburn and cowork-
ers (1950) found statistically significant changes in concentrations of elemental phosphorus in heart,
liver, and kidney of mallards (Anas platyrhynchos) and black ducks (Anas rubripes) that were dosed
with various quantities of white phosphorus. These data were then used to interpret phosphorus con-
centration in tissues of redhead ducks (Aythya americana) collected from northern Chesapeake Bay,
which led to the conclusion that “it appears probable” that the birds had been killed from ingestion
of elemental phosphorus (Coburn et al. 1950). In order to interpret quantities of lead that produce
toxic signs in waterfowl, mallards were dosed with lead nitrate (soluble and readily absorbable form
of lead) for several weeks (Coburn et al. 1951). Anemia, emaciation, and a number of pathological
lesions were consistently noted, and lead concentration in bone and liver was 7 and 40 times greater
than that found in control birds. The critical lead intake level was suggested to be between 6 and
8 mg/kg body weight/day, and it was stated that bone, liver, or soft tissues could be used to chemi-
cally verify lead poisoning in field samples.

1.3 SYNTHETIC PESTICIDES AND POISONING OF WILDLIFE

By the 1930s, a total of about 30 pesticides were in use in the United Kingdom, United States and
elsewhere, including plant derivatives (e.g., pyrethrum and nicotine), inorganic compounds (e.g.,
calcium arsenate and lead), mercurial fungicides, and the synthetic weed killer dinitro-ortho cre-
sol (Sheail 1985). Aerial application of pesticides became a common practice in the 1930s, and
potential adverse effects of pesticides to wildlife were acknowledged at the Third North American
Wildlife Conference (Strong 1938).

The discovery of the insecticidal properties of dichlorodiphenyltrichloroethane (DDT) in 1939,
the development, production, and use of other organochlorine (e.g., hexachlorocyclohexane), organ-
ophosphorus pesticides (e.g., schradan), and rodenticides (e.g., Compound 1080), increased dramat-
ically during and after World War II (Hayes 1991). Concerns about potential damaging effects of
DDT on wildlife appeared in The Atlantic Monthly (Wigglesworth 1945), which prompted experi-
mental studies. Field studies of DDT effects on wildlife were undertaken in Maryland, Pennsylvania,
and Texas, and reduced numbers of some avian species and dead birds were noted at application
concentrations of 4.4 and 5 pounds per acre (Hotchkiss and Pough 1946, George and Stickel 1949,
Robbins and Stewart 1949). Parathion poisoning of geese attributed to spray drift was also reported
at this time (Livingston 1952). In the United Kingdom, large numbers of wildlife poisonings (e.g.,
passerines, game birds, mammals) occurred in the early and mid-1950s related to the use of aldrin
and dieldrin as seed dressings, and application of schradan for control of aphids (Sheail 1985).
Many other organochlorine insecticides (e.g., chlordane, heptachlor, and toxaphene) came into use
in agricultural and forest settings in the 1950s, and wildlife mortality was noted (Peterle 1991).

Reports of wildlife mortality from pesticide use were controversial, pitting scientists associated
with agriculture and chemical companies against environmental scientists. Biologists relied on tis-
sue analyses not just to understand environmental hazards associated with pesticides, but also to
provide more definitive evidence of exposure and even adverse effect. This controversy also served
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as an impetus to conduct controlled studies, which often relied on tissue concentrations as a mea-
surement endpoint.

Data on concentrations of organic pesticides in tissues of wildlife began to appear in the early
1950s. Analysis of liver tissue from dead and intoxicated pheasants collected at pesticide-treated
orchards revealed elevated concentrations of DDT (up to 326 pg/g), while parathion was detected in
only a few birds (up to 5 ug/g) (Barnett 1950). Chronic dietary DDT and parathion feeding trials in
pheasants demonstrated that the kinetics of the two pesticides were quite different (Barnett 1950).
Substantial quantities of DDT were detected in fat (up to 8104 ug/g) and liver (up to 94 pg/g), but
usually only trace amounts of parathion were found in liver. In a songbird study evaluating DDT
(applied at 3 pounds per acre), Mitchell et al. (1953) found that whole body DDT concentrations in
dead nestling songbirds were variable (up to 77 pg/g) and tended to be greater in dead nestlings in
the sprayed area compared to the reference site. However, the overall songbird population was not
affected (Mitchell et al. 1953). During this period, aldrin, dieldrin, and heptachlor were detected in
tissues of dead birds and mammals following their field application (Post 1952, Clawson and Baker
1959, Scott et al. 1959, Rosene 1965). As aptly pointed out by Keith (1996), during this era investiga-
tors documented pesticide exposure in tissues of dead birds, but were often hesitant to conclude that
the cause of death was pesticide-related.

Acute and chronic exposure studies were conducted using captive game birds that described
signs of intoxication, lethality, and accumulation of residues of organochlorine pesticides in tissues
(Dahlen and Haugen 1954, DeWitt 1955, 1956, DeWitt et al. 1955). The hazard of toxic chemicals
to wildlife was frequently investigated using a combined laboratory-field approach (viz., determin-
ing the tissue concentrations of the compound and/or metabolites present in intoxicated or dead
wild animals, and then comparing those values to concentrations in experimentally dosed animals
exhibiting toxicological signs or effects) (Peakall 1992, Keith 1996). This approach worked well
for organochlorine contaminants that readily bioaccumulated in tissues and exerted their lethal
effects through neurotoxic mechanisms. For example, dietary feeding studies with captive quail
and pheasants demonstrated that the concentrations of DDT in breast muscle were related to the
severity of intoxication, with 34 ug/g in adult bobwhite (Colinus virginianus) and 22 pg/g in adult
pheasants being associated with death (DeWitt et al. 1955). Barker (1958) reported brain concentra-
tions of DDT and DDE (dichlorodiphenyldichloroethane) in robins (Turdus migratorius) and other
passerines that succumbed following DDT application for Dutch elm disease. Based on this field
study it was concluded that “the brain, being a suspected site of action, was considered to be best as
an indicator of toxicity,” with greater than 60 pg/g indicative of death in robins (Barker 1958). Other
investigators made similar conclusions on the toxic concentration of DDT in brain tissue (>50 pg/g)
in several species of birds, and extended findings by considering the sum of metabolites (Bernard
1963, Wurster et al. 1965, Stickel et al. 1966). This approach was used for many organochlorine
compounds, including chlordane, heptachlor, dieldrin, and Aroclor 1254 (DeWitt et al. 1960, Stickel
et al. 1969, 1984, and reviewed by Hoffman et al. 1996, Peakall 1996, Wiemeyer 1996). To improve
diagnostic capabilities for free-ranging wildlife, the effects of body condition, lipid reserves, cessa-
tion of feeding, cold, and other stressors on tissue distribution and mobilization of organochlorines
were examined in both controlled exposure and field studies (Harvey 1967, Stickel et al. 1970, Van
Velzen et al. 1972, Heinz and Johnson 1981).

1.4 “SILENT SPRING” AND POPULATION LEVEL EFFECTS

With the publication of Rachel Carson’s Silent Spring (1962), issues such as adverse effects of pesti-
cides on nontarget organisms, ecological imbalances, chemical persistence, pesticide resistance, and
human safety were publicized and debated not only among scientists, but also in all sectors of soci-
ety. Eventually, some pesticides and environmental issues were addressed through testimony before
government entities and courtroom litigation. This environmental movement sparked new legislation
(e.g., in the United States, Resource Conservation and Recovery Act in 1965, National Environmental
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Policy Act in 1970, and Toxic Substances Control Act in 1976; reviewed by Fairbrother 2009) and
the establishment of distinct governmental agencies to deal with environmental pollution (e.g., U.S.
Environmental Protection Agency in 1970). Research programs related to pesticides and industrial
chemicals expanded in North America, Europe, and elsewhere. In the United Kingdom, Monks
Wood Experimental Station was established to investigate effects of chemicals on animals and their
supporting habitat. Chemical screening programs were initiated to examine toxicity, repellency and
potential hazard of chemicals to birds and mammals (Heath et al. 1972, Schafer et al. 1983), and long-
term environmental contaminant monitoring programs were established.

Population declines observed in many species of fish-eating and raptorial birds were of great
concern to biologists. Following the discovery of an increased frequency of broken peregrine fal-
con (Falco peregrinus) eggs in England, Moore and Ratcliffe (1962) and many other investigators
(reviewed in Sheail 1985 and Keith 1996) detected organochlorine pesticide residues (e.g., DDE,
dieldrin, and lindane) in eggs. In a classic paper, Ratcliffe (1967) reported that weights of raptor
eggshells fell markedly and rapidly after DDT use was instituted, and Hickey and Anderson (1968)
used correlation analysis to demonstrate that shell thickness was inversely related to the concentra-
tion of DDE in eggs. Controlled exposure studies followed that proved DDE caused eggshell thin-
ning and impaired reproduction (Heath et al. 1969). Similar relationships have been demonstrated
in a number of predatory avian species (Hickey and Anderson 1968, Blus et al. 1972, Blus 1996),
although some species are considerably more sensitive (e.g., brown pelican, Pelecanus occidenta-
lis) than others. Concerns over the effects of moisture loss related to incubation stage, particularly
in addled eggs, resulted in the development of concentration correction factors (Stickel et al. 1973).
Adverse effects of organochlorine pesticides were also described in wild mammals, most notably
bats (reviewed in Clark and Shore 2001), and the first reports of organochlorine contaminants and
mercury appeared in marine mammals in the 1960s (reviewed in O’Shea and Tanabe 2003). The
use of tissue residues has evolved from merely explaining the cause of local wildlife die-offs to its
use in the investigation of the status of wildlife populations, and in some cases the possible fate of
species.

Advances in chemical analysis and instrumentation enhanced detection capabilities and revealed
some unsuspected problems. In 1966, Swedish scientist Soren Jensen reported several unknown
peaks in a gas chromatogram that interfered with the quantification of DDT in environmental sam-
ples (Jensen 1966). These unknown peaks were subsequently identified as PCBs, which raised the
possibility that previously reported DDT and metabolite values may have been falsely elevated
by these interfering peaks. It was quickly recognized that PCBs were present in biota on a global
scale, with perhaps the highest concentrations in fish-eating birds (up to 14,000 ug/g) (Risebrough
et al. 1968, Wasserman et al. 1979). Quantification of these complex mixtures was based in part on
matching chlorinated biphenyl patterns to the commercial Aroclor formulations, classified on the
percentage of chlorination of the biphenyl. In the environment, these complex mixtures changed
substantially due to natural weathering and biological processes, and Aroclor pattern recognition
techniques were used to quantify total PCB concentrations in free-ranging wildlife. Toxicity stud-
ies of PCBs were undertaken in birds and mammals. It was realized that poor reproduction in
ranch mink (Mustela vison) was due to the presence of PCBs in their food source, Great Lakes
coho salmon (Oncorhynchus kistutch) (Aulerich and Ringer 1977). In the 1970s, studies focused
on commercial mixtures (e.g., Aroclor 1254, Clophen A60), and concentration thresholds associ-
ated with lethality and embryotoxicity (e.g., <10 pg/g in eggs; reviewed by Hoffman et al. 1996).
Concentrations of PCBs in liver and whole bodies were found to be indicative of exposure, but of
limited diagnostic value in explaining mortality events (i.e., extremely high concentrations of PCBs
are necessary to evoke mortality in adult birds).

Studies in the 1960s indicating a possible link between contaminant exposure (mainly organo-
chlorines) and reproductive dysfunction in Great Lakes colonial nesting waterbirds (Hickey et al.
1966, Keith 1966, Gilbertson 1974, 1975, Gilman et al. 1977) led to a long-term research and mon-
itoring program (Peakall and Fox 1987) using herring gulls (Larus argentatis) as bioindicators.
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This herring gull monitoring program still continues today as an integral part of a multifacetted
bi-national program to evaluate Great Lakes ecosystem health (Shear et al. 2003).

The toxicity of metals during this era focused primarily on mercury and lead. By the late 1950s,
waterfowl poisoning by ingestion of spent lead shot, and effects on populations were further char-
acterized (Bellrose 1959). Studies with captive Canada geese (Cook and Trainer 1966) and mallards
(Locke et al. 1966, Barrett and Karstad 1971) dosed with lead shot reported concentrations of lead
in liver and blood, associated pathological lesions, signs of intoxication, and death. However, in a
lead study by Longcore and coworkers (1974) ranges indicative of exposure were proposed (>3 ug/g
wet weight in brain, 6-20 pg/g in liver or kidney, and 10 pg/g in blood), that when combined with
necropsy findings (presence of lead fragments in digestive tract), case history and histopathological
lesions, could be used to make a definitive diagnosis of lead poisoning. In time and with the acqui-
sition of additional data, these ranges became a more formalized criteria, including categories of
lead exposure (e.g., background), and levels of injury or effect (e.g., subclinical, clinical, and severe
poisoning) (Friend 1985, Franson 1996, Pain 1996).

1.5 ADVANCES IN MEASUREMENT ENDPOINTS
OF CONTAMINANT EXPOSURE

By the 1970s, restrictions were placed on the use of some organochlorine compounds, including
DDT and PCBs, although to some scientists the decision on DDT was misguised (Roberts et al.
2010). Controlled exposure studies in wild birds and mammals began to focus on sublethal bio-
chemical, physiological, and behavioral effects of organic compounds and metals.

Use of organophosphorus and carbamate pesticides for farm crops, mosquito abatement, and for
control of forest insect pests (e.g., spruce budworm in Canada described as “The Thirty Years” War,”
Burnett 1999) increased dramatically. Although these anticholinesterase pesticides had short envi-
ronmental half-lives, they were not without adverse effects to birds and other nontarget organisms
(Mineau 1991, Kendall and Lacher 1994, Grue et al. 1997). Because these compounds are rapidly
metabolized, laboratory studies focused on enzymatic indicators (cholinesterase and other esterases)
in blood and tissues of exposed birds (Bunyan et al. 1968a, 1968b, Ludke et al. 1975). Detection of
organophosphate poisoning in wildlife quickly evolved to include the combination of inhibition of
cholinesterase activity in brain tissue (~50%) along with the presence of organophosphorus or car-
bamate parent compounds or metabolites in tissues or ingesta (Hill and Fleming 1982). Many direct
poisoning cases, and intriguing incidents involving secondary poisoning, are described in the peer-re-
viewed literature (Henny et al. 1985, Mineau et al. 1999). Refinements over time included the develop-
ment of extensive libraries of reference values for unexposed animals and cholinesterase reactivation
assays (Fairbrother et al. 1991). The combination of reduced cholinesterase activity and detection of
residues or metabolites in tissues for diagnosis of poisoning has remained steadfast (Hill 2003).

Although a longstanding problem, major petroleum spills resulting in large bird kills (e.g.,
Torrey Canyon in 1967, Union Oil drilling platform in 1969, Arrow tanker in 1970) heightened
public awareness and concern. From both an historical (Phillips and Lincoln 1930) and modern
day perspective, evidence of exposure of wildlife following major oil spills is usually apparent by
visual inspection and petroleum odor of the integument (feathers or fur) of suspect animals. In the
1960s and 1970s, numerous controlled exposure studies were undertaken that focused on char-
acterizing the effects of crude petroleum oil and refined petroleum products on wildlife (Holmes
1984, Jessup and Leighton 1996). Despite the development of analytical methods (e.g., Gay et al.
1980), tissue concentrations and related measures (e.g., total resolved hydrocarbons; presence of
aromatic, high molecular weight hydrocarbons and odd-numbered hydrocarbons; and ratios of
pristine to n-C17 and phytane to n-C18; Hall and Coon 1988) are only occasionally measured in
wildlife following oil spill events. In time it became recognized that (1) the composition of crude
and refined petroleum varies considerably, (2) the chemical and physical properties of petroleum
change through weathering and volatilization following a spill, (3) ingested petroleum compounds
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are often rapidly metabolized, and (4) there are substantial differences in toxicity following external
exposure and ingestion of various crude or refined petroleum products (Jessup and Leighton 1996,
Albers 2003). Accordingly, tissue concentrations of aliphatic and aromatic components of petro-
leum oil that are associated with adverse effects have not been developed. Instead, measurements
are used to document exposure, most commonly for purposes of natural resource damage assess-
ments following a spill event. However, confirmation of the presence of petroleum oil on the integ-
ument does not necessarily indicate that oil was the cause of death (Jessup and Leighton 1996). In
the 1980s, enzyme-linked immunosorbent assays for detection of oil, and detailed fingerprinting
for matching oil on exposed animals with its source were developed, and are now commonly used
(Peters et al. 2005).

By the end of the 1980s, the use of lead shot for hunting waterfowl and coots was banned in the
United States, and restrictions were placed on the use of lead fishing tackle in the United Kingdom
due to the unintentional poisoning of mute swans (Cygnus olor) (Pattee and Pain 2003). Investigations
on effects of heavy metals (e.g., lead, cadmium, and zinc) at industrial, mining, and hazardous waste
sites examined exposure and responses at the individual and population levels of biological orga-
nization. Selenium became a significant environmental issue in the early 1980s when dramatic
effects, including death and embryonic deformity of birds, were observed at the Kesterson National
Wildlife Refuge in California (Ohlendorf and Hothem 1995, Ohlendorf 2003). In response to find-
ings of selenosis and waterbird death at the Kesterson Reservoir, numerous field and feeding studies
of birds were undertaken to establish toxicity thresholds. Using various statistical models (logit,
probit, Weibull functions), much emphasis was placed on determining the toxicity of selenium in bird
eggs. The probability of teratogenesis in black-necked stilts (Himantopus mexicanus) increased when
selenium concentrations exceeded 37 pg/g dry weight (i.e., EC10, estimate of concentration affect-
ing 10% of the population), while the EC10 for teratogenesis in mallards and in American avocets
(Recurvirostra americana) was estimated to be 23 and 74 pg/g, respectively (Skorupa 1998a, 1998b).
The threshold for reduced egg hatchability, a more sensitive measure of selenosis, was estimated to
be 6-7 pg/g in stilt eggs, but avocets were found to be considerably more tolerant with hatchability
effects at 60 ug/g. There has been considerable debate on the selenium threshold concentration for
impaired hatchability in waterfowl, with an EC10 ranging from 12.5 to 16 pg/g.

The development and use of biomarkers of contaminant exposure and adverse effect expanded
dramatically in the 1990s (McCarthy and Shugart 1990, Huggett et al. 1992, Peakall and Shugart
1993). The impetus was multifold. Organic contaminant and elemental analysis of tissues was, and
continues to be, highly quantitative but costly and time consuming. Some biochemical measure-
ments were amenable to rapid screening of samples, and a few were rather specific for certain
contaminants and linked to the mechanism of toxicity (e.g., d-aminolevunic acid dehydratase inhi-
bition and protoporphyrin accumulation in blood of lead-poisoned birds and mammals). In some
instances, rapid metabolism does not permit detection of parent compounds or metabolites in tis-
sues, and thus enzymatic and other biochemical assays are utilized in place of tradition analyti-
cal methods (e.g., neurotoxic esterase activity for organophosphorus-induced delayed neuropathy
caused by tri-o-tolyl phosphate and leptophos; Ecobichon 1996). It was quickly recognized that
other biochemical measurements (e.g., changes in plasma transaminase and lactate dehydrogenase
activities) were sensitive generalized responses that were precursors or indicators of cellular dam-
age, although such measurements lack toxicant specificity. In time, other biomarkers (cytochrome
P450, metallothionein, heat stress proteins, DNA damage, and measures of oxidative stress) were
utilized as indicators of exposure and/or adverse effects in wildlife, and several exhibited dose-
response relationships. Endpoint measurements were characterized for sensitivity, specificity, vari-
ability, clarity of interpretation, validity, and applicability to field sampling (McCarthy and Shugart
1990, Huggett et al. 1992, Peakall and Shugart 1993). Although biochemical markers are of tremen-
dous value in ecotoxicology, only a few have gained widespread acceptance for risk assessments
and natural resource damage assessments. Often these endpoints are most valuable as ancillary
measures used in combination with contaminant concentration and other endpoints.
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1.6 INTERPRETING EXPOSURE USING NEW MOLECULAR
AND MODELING TECHNIQUES

On a grand scale, high prevalence of embryonic deformity was observed in some populations
of colonial nesting fish-eating birds in the Great Lakes (Great Lakes Embryo Mortality, Edema,
and Deformities Syndrome; Gilbertson et al. 1991). Such epidemic-like events and catastrophes
including the Chernobyl nuclear reactor meltdown, and the Exxon Valdez and Gulf War oil spills,
greatly expanded ecotoxicological research worldwide. Exposure studies with captive wild birds
and mammals, in parallel with modeling efforts, were used to estimate no adverse effect level
(NOAEL) and lowest observable adverse effect level (LOAEL) for PCBs in diets and drinking
water (e.g., Heaton et al. 1995, U.S. EPA 1995, Forsyth 2001). Perhaps more germane to this text,
the tissue concentrations of PCBs that correspond to the dietary NOAEL and LOAEL were also
estimated (Heaton et al. 1995, Forsyth 2001). The realization of extreme toxicity of dioxin and
dioxin-like coplanar PCB congeners in laboratory rodents (Poland and Knutson 1982), chicken
eggs, and cell culture systems (Safe 1984, 1990) led to measurement (Kubiak et al. 1989) and
toxicity testing (reviewed by Hoffman et al. 1996) of individual congeners in wildlife. The use of
mammalian toxic equivalency factors to estimate dioxin equivalents of coplanar PCB congeners
was applied to wild bird eggs. Potency estimates for dioxin-like PCB congeners (toxic equivalents,
TEQs) were subsequently compiled (reviewed in Hoffman et al. 1996), and along with dioxins and
dibenzofurans were eventually formalized at a World Health Organization workshop in 1997 (Van
den Berg et al. 1998).

The use of nondestructive and minimally or noninvasive sampling techniques became more com-
mon in the 1990s. The rationale arose from the desire to use samples that did not entail the sacrifice
of animals for ethical or scientific reasons (species status as threatened or endangered) and the sam-
pling of animals repeatedly at a site where only a few individuals were found (Fossi and Leonzio
1994). Much of the analysis of such samples has focused on biochemical endpoints. Concentrations
of organochlorine pesticides and metabolites, PCBs, and metals (lead, mercury, cadmium, and vana-
dium) in blood, milk, feathers, hair, and excreta are often correlated with levels found in historically
used tissues (e.g., liver and kidney), and thus critical concentration values associated with harm were
developed for some contaminants in these matrices (Fossi and Leonzio 1994).

Pesticide hazards to migratory species were highlighted by the death of some 20,000 Swainson’s
hawks (Buteo swainsoni) from monocrotophos poisoning during their winter migration to Argentina
(Hooper et al. 2003). Monitoring and forensic studies documented anticoagulant rodenticide expo-
sure and secondary poisoning in raptors (e.g., Stone et al. 1999, 2003), and restrictions were placed
on the use of some of these compounds (US EPA 2008). Investigation of wildlife die-offs at industrial
and mining sites continued (e.g., Hill and Henry 1996, Henny 2003), and in some instances metal
concentration thresholds in tissues associated with toxicity were established (e.g., vanadium, Rattner
et al. 2006). Studies of forest birds exposed to the organic-arsenical pesticide MSMA (monosodium
methanearsonate) used for suppression of the mountain pine beetle in British Columbia revealed a
significant hazard to woodpeckers (Picoides spp.), and findings led to the removal of MSMA from
the marketplace (Morrissey et al. 2007, Albert et al. 2008). With reports of feminization of alliga-
tors (Alligator mississippiensis) in Lake Apopka, Florida (Guillette et al. 1994) and the publication
of Our Stolen Future (Colborn et al. 1996), laboratory and field investigations were launched that
focused on endocrine-disruptive effects of pollutants on wildlife. Despite extensive research, wide-
spread effects of pollutants on endocrine function of free-ranging wildlife have been difficult to
demonstrate; however, effects on the gonadal subsystem of wild fish seem to be pronounced (Jobling
et al. 1998). Ecotoxicological research and monitoring of amphibians greatly expanded in response
to worldwide declines of their populations, and the realization that some pesticides might be respon-
sible for limb and other structural deformities (Sparling et al. 2000).

Emerging contaminant issues in the twenty-first century have included the global detection
of perfluoroalkyl surfactants in wildlife (Giesy and Kannon 2001), and the dramatic increase in
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concentrations of polybrominated diphenyl ether (PBDE) flame retardants in eggs and tissues of
birds (Norstrom et al. 2002). The population crash of Gyps vultures in the Indian subcontinent
resulted in a remarkable forensic investigation documenting secondary poisoning (renal failure) of
vultures that fed on carcasses of cattle that had been treated with the nonsteroidal anti-inflammatory
drug diclofenac (Oaks et al. 2004). Old World vultures were found to be quite sensitive to diclofenac
(LD50 of 0.1 to 0.2 mg/kg body weight), with concentrations in kidney and liver of affected birds
being <1 ug/g wet weight (Oaks et al. 2004, Shultz et al. 2004, Swan et al. 2006). This catastrophic
event was the first time that a veterinary drug resulted in species endangerment. Notably, New
World vultures do not seem to be sensitive to diclofenac (Rattner et al. 2008).

The use of stable isotopes to identify the environmental source of a metal is a recent development
in the field of wildlife toxicology. In a study of California condors (Gymnogyps californianus), lead
concentrations and stable isotope ratios demonstrated that the source of exposure was a combination
of background environmental lead, and ingested spent lead ammunition that has a distinctly lower
207Pb to 206Pb ratio (Church et al. 2006).

New models have been developed to estimate tissue concentration and distribution of legacy
and emerging contaminants in wildlife. For example, a toxicokinetic model in the developing her-
ring gull embryo predicts lipid mass balance and distribution of PCBs between the embryo, and
yolk and albumen compartment (Drouillard et al. 2003). The model predicts that greatest PCB
concentrations in the embryo occur during pipping, or shortly thereafter, when yolk lipids have
been completely absorbed into the embryo, which is consistent with empirical data. Retention and
elimination half-lives have also been modeled for numerous PCB and PBDE congeners in juvenile
and adult American kestrels (Falco sparverius) (Drouillard et al. 2001, 2007). A bioenergetic-based
model for tree swallow (Tachycineta bicolor) nestlings has been used to quantitatively examine fac-
tors (weight-normalized food consumption) and processes (growth dilution) that influence PCB bio-
accumulation (Nichols et al. 1995, 2004). Several kinetic models have been developed for mercury
in birds, and one such model with a bioenergetics-based component has been used to predict blood
mercury concentration as a function of food intake, food mercury content, body mass, and mercury
absorption and elimination in common loon (Gavia immer) chicks (Karasov et al. 2007). Work has
been initiated on physiological-based pharmacokinetic models for some chlorinated hydrocarbons,
methylmercury, and anticoagulant rodenticides in wild birds. Such models permit calculation of tis-
sue concentrations (internal dose) of contaminants for a variety of administered doses, and support
interspecific extrapolations for risk assessments. Application of uncertainty factors in estimating
toxicity reference values have become well-accepted, and are now used to estimate adverse effect
concentrations for toxicant intake (e.g., milligrams per kilogram body weight per day), concentra-
tions in media, and tissue-based toxicant concentrations (micrograms per day) (USACHPPM 2000).
Using this approach, predicted no effect concentrations for perfluorooctane sulfonate (PFOS) in the
diet (i.e., 0.013 mg PFOS/kg body weight/day) and in the liver, serum, and egg yolk (0.08 ug PFOS/g
wet weight, 0.15 pg PFOS/mL, and 1 ug PFOS/mL, respectively) of a generic female top-level
avian predatory species have been generated (Newsted et al. 2005). Statistical techniques are now
being used to derive tissue concentrations associated with toxicological benchmarks. Buekers et al.
(2009) have recently calculated the fifth percentile hazard concentration (HCS) of blood lead levels
associated with a no observed effect concentration (NOEC) in bird and mammals. Theoretically, at
blood lead concentrations below the HC5, 95% of all higher vertebrates will be protected. As these
examples illustrate, tissue concentrations are being used to answer increasingly more complex ques-
tions. Although tissue concentrations are still used to examine the fate of a particular organism, they
are also used to elucidate contaminant hazards to populations and to ecosystems.

1.7 CASE HISTORY: MERCURY IN WILD BIRDS

Mercury (Hg) exposure has long been considered a potentially serious threat to the health of both
humans and wildlife. The ecotoxicological literature on Hg is substantial, having evolved over many



18 Environmental Contaminants in Biota

years, and serves to illustrate some of the problems faced by ecotoxicologists when trying to evaluate
injury based on tissue contaminant concentrations. The fate of Hg in the environment is complex.
For example, Hg originates from both natural sources and industrial processes; it may be released
into the environment in a number of different chemical forms; it may be chemically interconverted
within the abiotic environment; and it may be metabolized by microorganisms to form either methyl
Hg or inorganic Hg, which differ considerably in dietary absorption, tissue distribution, and toxicity
in exposed wildlife. Furthermore, the chemical forms of Hg may be changed within some organs
(e.g., demethylation by liver), further complicating interpretation of wildlife tissue concentrations.
The principles learned from the literature on Hg are applicable to other less well-studied environ-
mental contaminants.

Mercury first received attention as a toxicological issue for wildlife in the 1950s and 1960s
when elevated Hg concentrations and poisonings were reported in a wide variety of seed-eating
birds and small mammals, and their predators. In these cases, the ultimate source of Hg exposure
in small granivores was the consumption of agricultural seeds (mainly wheat, barley, and oats)
coated with alkyl Hg fungicide compounds (commonly methylmercury dicyandiamide). Predators,
including raptorial birds and various carnivorous mammals, were in turn poisoned after feeding
on Hg-poisoned prey. Although poisoning of wildlife from this Hg source occurred in a number of
different countries, the most comprehensive report of the phenomenon is probably that of Borg et
al. (1969) who described the Swedish experience and concluded that the extent of Hg poisoning was
great enough to have caused population reductions of some affected species. Although Borg et al.
(1969) did not indicate specific threshold tissue concentrations for assessing Hg poisoning in wild-
life, they were among the first to suggest that tissue-Hg (or alkyl Hg) concentrations, together with
supporting evidence such as behavioral signs and/or characteristic histopathology, were the primary
criteria for diagnosing Hg poisoning in wildlife.

In the 1960s, Hg poisoning of scavenging and fish-eating birds in Japan was related to the
industrial release of methyl Hg, the most notable effects occurring in Minamata Bay (Doi et al.
1984). Other major point-sources of Hg to the environment during the 1960s and 1970s were
effluents from pulp mills and chloralkali plants. Aquatic wildlife, especially fish-eating species,
sampled from environments affected by these industrial emissions, commonly demonstrated ele-
vated tissue-Hg concentrations (e.g., Fimreite 1974). Occasionally, overt intoxication and mor-
tality of fish-eating wildlife (e.g., wild mink, Wobeser and Swift 1976; and wild otter, Lutra
canadensis, Wren 1985) were attributed to Hg exposure from such sources. In addition, repro-
ductive impairment in wild fish-eating birds was linked to elevated Hg exposure in such envi-
ronments (Fimreite 1974, Barr 1986). These early studies examined mainly gross toxicological
endpoints such as overt neurotoxicity, reproductive failure, and outright mortality, but sometimes
also included histopathological examination for lesions at the cellular level (Tejning 1967, Borg
et al. 1969, 1970, Fimreite 1971, Fimreite and Karstad 1971, Aulerich et al. 1974, Heinz 1974, Pass
et al. 1975, Heinz and Locke 1976, Wobeser et al. 1976, Finley and Stendell 1978, Finley et al.
1979, Heinz 1979).

A combination of field studies of methyl Hg-exposed animals, and controlled dosing studies
using captive animals, helped elucidate tissue and dietary levels of methyl Hg that were asso-
ciated with overt toxicity or reproductive impairment (reviewed by Wren et al. 1986, Eisler
1987, Scheuhammer 1987, and more recent reviews by Heinz 1996, Thompson 1996, Burger and
Gochfeld 1997, Wolfe et al. 1998). In these studies, it was common to measure and report only total
Hg concentrations in tissues, with the implicit assumption that because exposure was known to be
primarily to methyl Hg, tissue levels of total Hg and methyl Hg would be essentially identical. This
assumption was probably valid for most field and lab studies conducted in the 1960s and 1970s
because dietary methyl Hg exposures in these studies tended to be high, and the duration of expo-
sure was generally fairly brief, certainly not more than a few months. However, the assumption is
not valid for scenarios involving chronic, lower-level dietary methyl Hg exposure. A review of Hg
concentrations in liver and kidney tissue of wildlife that died from Hg poisoning during the methyl
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Hg-treated grains era, indicated that total Hg concentrations >20 ug/g wet weight represent poten-
tially lethal exposures. But in other unrelated studies, much higher concentrations of total Hg (in
some cases, several hundred pg/g) in liver of apparently healthy wild animals were reported (e.g.,
ringed seal, Pusa hispida and bearded seal, Erignathus barbatus, Smith and Armstrong 1975;
striped dolphins, Stenella coeruleoalba, Itano et al. 1984; polar bears, Ursus maritimus, Norstrom
et al. 1986). An apparently healthy wandering albatross (Diomedea exulans) had liver concentra-
tions >1000 pg Hg/g dry weight (Thompson and Furness 1989). How could such dramatically
elevated Hg concentrations fail to be accompanied by signs of severe toxicity? When studied fur-
ther, Hg in livers of these and other species was shown to contain variable proportions of organic
(methyl) and inorganic forms, with a generally decreasing organic fraction as total Hg concentra-
tions increased. After absorption from the diet, some methyl Hg is apparently demethylated in
certain tissues in response to increasing methyl Hg accumulation. Thompson and Furness (1989)
demonstrated this phenomenon in a number of seabird species, suggesting that long-lived species
with relatively slow molt cycles might be slow to eliminate methyl Hg through new feather growth
and that, therefore, demethylation of methyl Hg might be an important additional mechanism to
reduce the body burden of toxic methyl Hg. More recent studies have addressed apparent species
differences in demethylation efficiency among different wild avian species (e.g., Scheuhammer et
al. 2008, Eagles-Smith et al. 2009). Taken together, these studies demonstrated that Hg in liver
cannot be assumed to be present primarily as methyl Hg, even though wildlife are exposed primar-
ily to dietary methyl Hg in fish and other prey. Inorganic Hg resulting from demethylation in liver
is often found in close association with selenium (Se), especially at higher Hg concentrations (e.g.,
Koeman et al. 1975, Thompson and Furness 1989, Dietz et al. 1990, Scheuhammer et al. 1998a).
Further discussion of the biological Hg—Se relationship may be found in accompanying chapters by
O’Hara et al. (Chapter 10 of this volume) and Shore et al. (Chapter 18 of this volume).

A major lesson for wildlife toxicologists from the published literature on apparent demethyla-
tion of methyl Hg and accumulation of relatively nontoxic Hg—Se complexes is that toxicological
assessments should not rely solely on total Hg concentration measurements in typically analyzed
tissues such as liver. This is especially true for long-lived piscivores and other aquatic predators
for which years of chronic low-level dietary methyl Hg exposure may be occurring. In such cases,
a high proportion of liver Hg may be present as inorganic Hg bound with Se. Scheuhammer et al.
(1998a) suggested that total Hg, organic (methyl) Hg, and Se should be analyzed rather than total
Hg alone, when using liver, kidney, and/or brain tissue for toxicological assessments. Wiener et al.
(2003) recommended that, when only total Hg measurements were available, Hg in skeletal muscle
should be analyzed in addition to liver, as almost all of the Hg in muscle remains methylated. Total
Hg concentrations in liver are not by themselves sufficiently informative to make confident toxico-
logical judgments.

By the 1980s, the use of mercurial seed dressings had been abandoned, and releases of Hg from
the chloralkali and pulp industries had been eliminated or drastically curtailed. At least in North
America, some other sources of previously significant environmental Hg releases (e.g., its use in
gold mining) had already been phased out by the early 1900s (Eisler 2000). However, some of these
older sources of environmental Hg contamination can still cause substantial exposure in wildlife
today. For example, waterbirds nesting in the Carson River basin, contaminated with Hg from gold
refining operations during the late 1800s, continue to be exposed to substantially elevated dietary
methyl Hg concentrations that are of toxicological concern, especially with respect to egg hatch-
ability and health of young (Henny et al. 2002, Hill et al. 2008). Similarly, predatory fish and fish-
eating wildlife such as bald eagles (Haliaeetus leucocephalus) continue to experience elevated Hg
exposure near a former Hg mine in central British Columbia, Canada (Weech et al. 2004, 2006).
However, in addition to locations experiencing continued Hg contamination from past point-source
emissions, a growing recognition evolved during the 1980s that environments remote from such
releases could also contain fish (and consequently fish-eating wildlife) with elevated Hg concen-
trations. Predominant among such remote “Hg-sensitive” environments were acid-impacted lakes
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(Bjorklund et al. 1984, Scheuhammer 1991, Spry and Wiener 1991, Scheuhammer and Blancher
1994), and reservoirs and lakes created by flooding of vegetated land where environmental Hg
methylation and food chain transfer of Hg are enhanced (Bodaly et al. 1984, Johnson et al. 1991,
Hall et al. 2005). Furthermore, in some very remote environments, temporal investigations indi-
cated that Hg levels in wildlife were increasing near the end of the twentieth century (Monteiro and
Furness 1997, Braune et al. 2005), whereas levels were declining in some more industrialized areas
(Koster et al. 1996).

In response to the recognition of elevated Hg concentrations in food chains of certain remote
ecosystems, studies of the effects of environmental Hg exposure in wildlife continued through the
1990s and beyond. A number of field studies sought to characterize exposure and effects in fish-
eating wildlife in Hg-sensitive habitats, and to better understand the relation between elevated Hg in
wildlife and their prey (Wren et al. 1987a, 1987b, Meyer et al. 1995, DesGranges et al. 1998, Evers
et al. 1998, 2003, Scheuhammer et al. 1998b, 2001, Burgess et al. 2005, Champoux et al. 2006). In
more recent toxicological studies, emphasis has been placed on clarifying the effects of environ-
mentally realistic dietary methyl Hg exposures at the molecular (Spalding et al. 2000, Heath and
Frederick 2005, Basu et al. 2005, 2006, 2007, 2009, Kenow et al. 2008, Scheuhammer et al. 2008),
organismal (reproductive endpoints) (Wren et al. 1987a, 1987b, Heinz and Hoffman 1998, 2003,
Dansereau et al. 1999, Albers et al. 2007), and population (Meyer et al. 1998, Moore et al. 1999,
Sample and Suter 1999, Evers et al. 2005, 2008, Burgess and Meyer 2008) levels of organization in
wild birds and mammals. In addition, species differences in methyl Hg toxicity in ovo have begun to
be explicitly addressed through avian egg injection studies (Heinz et al. 2006, 2009). Contemporary
reviews of the ecological impacts and toxicology of methyl Hg in wildlife have explicitly recognized
that current levels of Hg exposure for some wildlife species in some environments are sufficiently
high to be of toxicological concern (Wiener et al. 2003, Scheuhammer et al. 2007, Wolfe et al.
2007). In addition, tissue-Hg concentrations recognized to be harmful have gradually decreased as
increasingly sensitive cellular and biochemical effects have been identified. For example, significant
correlations between brain Hg concentrations and the density of some neurotransmitter receptors
in mink have been observed well below the previously estimated lowest observable effect concen-
tration (LOEC) for Hg in mink or otter brain (Scheuhammer et al. 2007). Shore et al. (2010), using
species sensitivity distributions, have established egg-Hg concentrations that are protective of 95%
(HC5) of avian species.

Although fish-eating wildlife generally exhibit substantially higher exposure to dietary methyl
Hg than terrestrial animals, recent research has identified certain terrestrial food chains in forest
habitats that appear to concentrate methyl Hg. Some forest songbird species feeding in such food
chains can experience dietary methyl Hg exposure at least as high as fish-eating birds. For example,
blood Hg concentrations exceeding 4 pug/mL were reported in red-eyed vireos (Vireo olivaceus)
and Carolina wrens (Thryothorus ludovicianus) (Cristol et al. 2008); these levels exceed the esti-
mated threshold for reproductive impairment in common loons (2.87 ug/mL in breeding females;
Scheuhammer et al. 2007). Spiders (order Araneae), which had methyl Hg concentrations similar to
fish preyed upon by belted kingfishers (Megaceryle alcyon), were found to be a major dietary source
of methyl Hg for these terrestrial birds (Cristol et al. 2008). Additional studies are required to better
understand the environmental conditions that lead to elevated methyl Hg concentrations in these
terrestrial food webs, and to determine if reproductive or other impairments accompany elevated
Hg exposure in the most at-risk wildlife species.

In summary, Hg in wildlife has been studied for more than 50 years, and much has been learned
regarding its food chain transfer, accumulation, and toxic effects. Recent studies have begun to doc-
ument subtle, yet important effects of Hg on behavior, neurochemistry, and endocrine function in
wildlife at currently relevant levels of environmental exposure. Insofar as substantial global anthro-
pogenic Hg emissions will likely continue into the foreseeable future, there will undoubtedly be a
need for continued research on ecotoxicology of Hg, and a revisiting of tissue concentration effect
thresholds, well into the twenty-first century.
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1.8 CASE HISTORY: DIOXINS AND PCBs IN WILD BIRDS

PCBs, polychlorinated dibenzo-p-dioxins (PCDDs), and polychlorinated dibenzofurans (PCDFs)
are structurally similar, persistent, and lipophilic chemicals, which have widely contaminated envi-
ronmental media, where they have the potential to cause toxicological effects in wild birds. PCBs
are anthropogenic in origin and were manufactured and widely used until the latter decades of the
twentieth century. PCDDs and PCDFs were produced as by-products of industrial processes and
combustion, especially of plastic wastes. The chemistry, environmental fate, and toxicology of these
chemicals are complex, and hence controversial.

The word “dioxin” became known to the scientific community, and eventually part of the pub-
lic lexicon, as a result of the death of millions of broiler chickens during the 1950s in parts of the
eastern and southwestern United States. The condition was labeled “chick edema disease” as it was
characterized by excessive fluid in the pericardial sac and abdominal cavity, subcutaneous edema,
liver necrosis, and death beginning at about 3 weeks of age (Friedman et al. 1959). Investigators
quickly traced the source to toxic factors present in fatty acid feed supplements obtained from
“fleshing greases” produced as a by-product of the hide tanning industry (Wootton and Alexander
1959). Several years of toxicological and chemical research eventually implicated the use of chlo-
rophenolic biocides as hide preservatives, and the identification of PCDDs, particularly 1,2,3,7,8,9-
hexachlorodibenzo-p-dioxin as the main chick edema factor (Higginbotham et al. 1968, Firestone
1973). Verrett, Flick and coworkers dosed both chicks and chick embryos with individual PCDDs
and PCDFs providing the first data of potential value for interpreting tissue concentrations (Verrett
1970, Flick et al. 1973).

Concerned over PCDD contaminants in chlorophenolic pesticides, some researchers began to
investigate food chain contamination in areas of intensive use. During the 1960s, an estimated 400
kg of 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) was sprayed by the United States military onto
the forests of Indochina as a contaminant in the 20 million kg of the herbicide 2,4,5-T, a component
of Agent Orange, used as a chemical warfare agent (Huff and Wassom 1974). A 1970 survey of
Vietnamese rivers found that whole body samples of catfish (Siluridae), for example, from the Dong
Nai River had mean 2,3,7,8-TCDD concentrations of 810 pg/g wet weight (Baughman and Meselson
1973). There appears to have been no published attempt to extrapolate that finding to wildlife; how-
ever, assuming that the reported concentrations in fish were accurate within an order of magnitude,
and using the biomagnification factor from fish to fish-eating birds for 2,3,7,8-TCDD of 32 (Braune
and Norstrom 1989), aquatic birds feeding in that system would have accumulated sufficient TCDD
alone to cause overt toxicity, even in less sensitive species.

While a number of laboratories were investigating environmental contamination by dioxins, in
1966 during gas chromatographic analysis for DDT, Jensen identified a series of PCB compounds
(Jensen 1966, Jensen et al. 1969). Risebrough and coworkers (1968) soon reported that birds from the
remotest areas of the globe were contaminated by PCBs. Studies of PCB toxicity to birds, particu-
larly chickens, soon followed (Chapter 14 of this volume, reviewed by Eisler 1986, Bosveld and Van
den Berg 1994, Barron et al. 1995). Compared to many of the organochlorine insecticides in wide use
at that time, acute toxicity of PCBs was low and also varied according to the degree of chlorination of
the Aroclor mixture (Hill et al. 1975). In cases of experimentally caused mortality, the brain was the
most reliable diagnostic tissue for determining lethal concentrations of PCBs (e.g., brain: 300—400
ug/g wet weight in pheasants, Dahlgren et al. 1972; 76—-445 pg/g in fish-eating birds, Koeman et al.
1973; and 310 pg/g in passerines, Stickel et al. 1984; liver: 70—697 ug/g in Bengalese finch, Lonchura
striata, Prestt et al. 1970). A study of lethal effects on the great cormorant (Phalacrocorax carbo)
reported a lower brain threshold, and attempted to determine if that species was more sensitive or
whether results were confounded by furan contamination from the Clophen A60 dosing mixture
(Koeman et al. 1973). Mortality and residue analyses of ring-billed gulls (Larus dalawarensis) in
the early 1970s on the Great Lakes also implicated PCBs as a possible causative factor (Sileo et al.
1977).
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During the late 1960s, scientists began to assess the effects of PCB mixtures on avian reproduc-
tion, principally focusing on chickens, but also including other galliform and nongalliform species.
It soon became evident that, as with dioxins, chickens were more sensitive than other tested species.
Some researchers employed the egg injection technique, and findings varied according to factors
such as the Aroclor mixture, injection site, and dosing vehicle. For example, 5 pg/g of Aroclor 1242
injected into chicken eggs on day zero of incubation caused a variety of malformations in embryos,
and other effects in hatched chicks (Carlson and Duby 1973). Peakall and Peakall (1973) conducted a
feeding study with Aroclor 1254 in the ring dove (Streptopelia risoria), and showed that embryonic
mortality increased with egg concentrations. In subsequent experiments with artificially incubated
eggs, they found that the embryonic mortality was caused by altered parental behavior, specifically
reduced nest attentiveness.

By the late 1970s, surveys of PCB contamination revealed, not surprisingly, that wildlife in
heavily industrialized ecosystems, such as the North American Great Lakes and the Baltic region,
were particularly contaminated, and thus those regions became foci for investigating the effects of
environmental contaminants on birds (Gilman et al. 1977, Falandysz 1980) (Table 1.1). As early as
1970, colonies of gulls (Larus spp.) and terns (Sterna spp.) nesting on Lakes Ontario and Michigan,
were exhibiting high rates of nest failure associated with embryotoxicity and various deformities
among hatched birds (Gilbertson 1974, 1975). Mean PCB concentrations (as Aroclor 1254:1260)
in herring gull eggs were 142 ug/g wet weight at a colony in Lake Ontario and 92 pg/g at a Lake
Michigan colony (Gilman et al. 1977). There were extensive field and laboratory investigations
of the Great Lakes avifauna; however, establishing cause—effect linkages, and thus critical con-
centrations of specific compounds proved problematic. During the period when signs of toxicity
were overt, fish-eating bird eggs contained elevated concentrations of a complex mixture of haloge-
nated aromatic contaminants in addition to PCBs, including DDTs, mirex, hexachlorobenzene, and
TCDD (Peakall and Fox 1987).

The early research and monitoring of wildlife contamination by PCBs and dioxins was hindered
by limitations in analytical chemistry. PCB quantification was based on one or two peaks resolved
by packed column gas chromatography (GC), ineffective at separating most individual congeners.
With the introduction and widespread use of fused-silica capillary GC columns, greater resolution
of compounds was possible, but identification of many peaks remained problematic. In the early
1980s, Mullin et al. (1984) reported the synthesis and relative retention times of all 209 PCB conge-
ners, which allowed researchers to comprehensively assess the patterns of PCB congeners present
in various environmental media. By comparing patterns of congener peaks among sediment, forage
fish, and birds, Norstrom (1988) showed which congeners were more resistant to metabolic degra-
dation and therefore, tended to bioaccumulate, and he suggested some general structural properties
governing bioaccumulation in birds.

Given the findings of widespread embryotoxicity, including deformities, during the late 1960s
and early 1970s, the presence of 2,3,7,8-TCDD in the Great Lakes food chain had been hypothe-
sized, but could not be established with analytical methods employed at that time (Bowes et al.
1973). By the early 1980s, the availability of high resolution mass spectrometry (MS) combined
with GC/MS enabled the quantification of PCDDs and PCDFs in tissue samples at <10 pg/g. A new
GC/MS analytical method was developed and applied to a spatial survey of the Great Lakes, and
to a temporal survey made possible by retrospective analysis of herring gull egg samples archived
in the Canadian Wildlife Service National Specimen Bank (Elliott et al. 1988). The results showed
that eggs from a colony in Lake Ontario contained mean concentrations of 2, 3, 7, 8-TCDD that
were greater than 1000 pg/g in 1971, and which had decreased to about 100 pg/g by 1980 (Stalling
etal. 1985). The GC/MS method enabled examination of PCDD and PCDF patterns in environmen-
tal media and biota, demonstrating that chlorine substitution at the 2, 3, 7, and 8 carbon positions
conferred resistance to metabolic breakdown, indicating therefore that those compounds tended to
bioaccumulate (Stalling et al. 1985).
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TABLE 1.1

Some Representative Studies of PCBs and Dioxins in Wild Birds

Species

Western grebe,
Aechmophorus
occidentalis

Black-footed albatross,
Phoebastria nigripes

Northern gannet,
Morus bassanus

Great cormorant,
Phalacrocorax carbo

Double-crested
cormorant,
Phalacrocorax auritus

Black-crowned night
heron, Nycticorax
nycticorax

Great blue heron,
Ardea herodias

Wood duck, Aix sponsa

Herring gull, Larus
argentatus

Glaucous gull, Larus
hyperboreus

Common tern, Sterna
hirundo

Forster’s tern, Sterna
forsteri

Caspian tern,
Hydroprogne caspia

Atlantic puffin,
Fratercula arctica

White-tailed sea-eagle,
Haliaeetus albicilla

Bald eagle, Haliaeetus
leucocephalus

Osprey, Pandion
haliaetus

American kestrel,
Falco sparverius

Location

British Columbia

North Pacific

Eastern Canada

Netherlands,
Japan

Great Lakes

Eastern U.S.

British Columbia

Arkansas

Great Lakes

Norway

Great Lakes,
Netherlands

Great Lakes

Great Lakes

Great Britain

Sweden

United States,
British
Columbia

Pacific Northwest,
‘Wisconsin,
Ontario

Lab study

Contaminants

PCBs, PCDDs,
PCDFs, OCs

PCBs, OCs

PCBs, DDE,
OCs
PCBs

PCBs, OCs

PCBs, OCs,
PCDDs,
PCDFs

PCDDs, PCDFs

TCDD, TCDF

PCBs, OCs

PCBs, OCs

PCBs, PCDDs,
PCDFs

PCBs, TCDD

PCBs, OCs

PCBs

PCBs, PCDDs,
PCDFs, OCs

PCBs, OCs,
PCDDs,
PCDFs

PCBs, PCDDs,
PCDFs

CB-126, CB-77,
Aroclor
mixture

Study Type

Monitoring

Monitoring

Poor reproductive
success

Reports of
mortality,
monitoring

Deformities,
variable
reproductive
success

Monitoring study

Reproductive
failure

Poor reproductive
success, egg
injection

Poor reproductive
success

Monitoring study

Deformities, poor
reproductive
success

Reproductive
problems

Monitoring

Toxicological
field experiment

Poor reproductive
success

Poor reproductive

success

Monitoring,
industrial site
assessment

Egg injection
study, feeding
study

Reference
Elliott and Martin 1998

Auman et al. 1996

Elliott et al. 1988

Koeman et al. 1973,
Guruge and Tanabe 1994

Larson et al. 1996,
Powell et al. 1998,
Custer et al. 1999

Rattner et al. 1997, 2000, 2001

Elliott et al. 1989, 2001a,
Bellward et al. 1990

White and Seginak 1994,
Augspurger et al. 2008

Gilman et al. 1977

Bustnes et al. 2001

Gilbertson et al. 1976,
Bosveld et al. 1995

Kubiak et al. 1989,
Harris et al. 1993
Struger and Weseloh 1985

Harris and Osborne 1981

Helander et al. 2002

Wiemeyer et al. 1993,
Elliott and Harris 2001

Elliott et al. 2001a, Henny et al.
2009, Woodford et al. 1998,
DeSolla and Martin 2009

Hoffman et al. 1998,

Fernie et al. 2001, 2003

continued
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TABLE 1.1 (continued)
Some Representative Studies of PCBs and Dioxins in Wild Birds

Species Location Contaminants Study Type Reference

Northern bobwhite, Lab study CB-126, CB-77 Egg injection Hoffman et al. 1998
Colinus virginianus study

Ring-necked pheasant, Lab study 2,3,7,8-TCDD Feeding study, Nosek et al. 1992, 1993
Phasianus colchicus egg injection

Great horned owl, Kalamazoo River, PCBs Contaminated Strause et al. 2007a, 2007b
Bubo virginianus Michigan site assessment

Tree swallow, New York, PCBs, TCDD Contaminated McCarty and Secord 1999a,
Tachycineta bicolor Massachusetts, site assessment 1999b, Custer et al. 2003,

Rhode Island 2005

Eastern bluebird, Wisconsin, TCDD Lab study, Thiel et al. 1988,

Sialia sialis Michigan contaminated Neigh et al. 2007
site assessment

American robin, Massachusetts PCBs Contaminated Henning et al. 2003
Turdus migratorius site assessment

Eurasian dipper, Wales PCBs Point source Ormerod et al. 2000
Cinclus cinclus assessment

American dipper, British Columbia ~ PCBs, OCs Source Morrissey et al. 2005
Cinclus mexicanus coastal determination

watershed
Starling, Sturnus Illinois PCBs Contaminated Arenal et al. 2004

vulgaris site assessment

Availability of a full range of compounds for toxicity testing advanced understanding of the
structure—activity relationships of the 17 various 2,3,7,8-substituted PCDDs and PCDFs and the
structurally similar non-ortho and mono-ortho PCB congeners. That similarity in structure and
effects furthered the theory that there was a common mechanism of action that hinged on the binding
to the cytosolic aryl hydrocarbon (Ah) receptor protein, translocation into the nucleus and induction
of gene transcription and corresponding proteins (Poland and Knutson 1982). Ranking of potencies
for individual congeners relative to 2,3,7,8-TCCD resulted in development of the toxic equivalence
factor (TEF) scheme, whereby the toxicity of complex mixtures could be estimated by multiplying
each congener concentration in a given sample by its TEF and summing the results of the multiple
congeners to obtain the TCDD TEQ concentration of the sample (Safe 1984, 1990). An expert panel
recommended avian-specific TEFs, now in wide usage (Van den Berg et al. 1998); however, recent
experiments have reported that 2,3,7,8-TCDF may be more toxic than 2,3,7,8-TCDD in some bird
species, while 2,3,4,7,8-pentaCDF may be tenfold or more toxic to Japanese quail (Coturnix japon-
ica), than TCDD, requiring a reassessment of avian TEFs (Cohen-Barnhouse et al. 2008).

Brunstrom and coworkers (Brunstrom 1988, 1990, Brunstrom and Andersson 1988, Brunstrom
and Lund 1988) conducted a series of egg injection experiments using chickens and other avian spe-
cies. Those and other studies provided avian-specific data on the relative potencies of various PCB
congeners, and further demonstrated that the chicken was in a class of its own in relative sensitivity
to dioxin-like compounds, while the pheasant and the turkey (Melleagris gallopavo) were interme-
diate in sensitivity, with other species such as ducks and gulls being much less sensitive. Meanwhile,
Nosek et al. (1992, 1993) studied the toxicology of TCDD in more depth using the pheasant as a
model species.

Congener-specific analytical techniques were employed in field and laboratory investigations
of ongoing health problems including poor reproductive success of bird populations in the Great
Lakes. Given the similarity between the apparent syndrome in that region and chick edema disease,
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Gilbertson and coworkers (1983, 1991) developed the concept of the Great Lakes Embryo Mortality,
Edema and Deformities Syndrome (GLEMEDS). By the late 1980s, the non-ortho PCBs were
suggested as the likely causative factor, because of their wide distribution, greater environmental
concentrations, and dioxin-like toxicity. Kubiak et al. (1989) investigated a Forster’s tern (Sterna
forsteri) colony in the Green Bay region of Lake Michigan that was exhibiting what was later con-
sidered GLEMEDS-type signs of toxicity. Their egg-swap studies in particular pointed toward a
parental behavioral mechanism to explain lower productivity, rather than embryotoxicity. A sub-
sequent study of those birds suggested NOAELSs for PCBs and for hatching success (Harris et al.
1993). Studies of common terns (Sterna hirundo) in North America (e.g., Hoffman et al. 1993), and
in Europe (Becker et al. 1993, Bosveld et al. 2000), reported some sublethal effects on chick growth
and development, but no clear evidence of PCB effects on hatching success. Reproduction and
contaminants, particularly elevated PCB concentrations were investigated by Struger and Weseloh
(1985) in Great Lakes Caspian terns (Sterna caspia), and despite relatively high concentrations of
PCBs, there were no apparent effects on productivity.

Of particular concern to many researchers were the continued reports during the early 1990s of
deformed nestlings in the Great Lakes, considered by some to be a clear diagnostic of poor fitness in
wildlife. Clustered incidences of bill deformities among double-crested cormorants (Phalacrocorax
auritus) nesting at Lake Michigan colonies were regularly reported. Ludwig et al. (1996) and Giesy
et al. (1994) considered that the correlative evidence was sufficient to implicate PCBs as a chemical
driver of deformities in Great Lakes cormorants. It has, however, proven difficult to conclusively
establish cause and effect between the observed deformities and PCB concentrations in the field,
given inconsistency in laboratory results, and potential confounding factors such as disease and
genetics, which are discussed more thoroughly in Chapter 14.

In the mid-1980s, eggs of aquatic birds from the Pacific coast of Canada were found with high
concentrations and an unusual pattern of PCDDs and PCDFs (Elliott et al. 1989). Work with great
blue herons (Ardea herodias) explored possible links between colony failures and increasing PCDD
and PCDF contamination from forest industry sources. Throughout the 1990s, field work was con-
ducted on a variety of potentially vulnerable species, including herons, cormorants, bald eagles,
osprey (Pandion haliaetus), tree swallows, and various waterfowl species, which described spatial
and temporal patterns in contamination, and successfully established linkages with specific for-
est industry sources (Elliott and Martin 1994, Elliott et al. 1996a, 2001a, Harris and Elliott 2000,
Harris et al. 2003). A complementary series of laboratory studies employing artificial incubation
and egg injection explored the toxicological aspects in more depth, and generated data useful for
recommending criteria for interpreting tissue concentrations of PCDDs in a number of avian species
(Bellward et al. 1990, Sanderson et al. 1994a, 1994b, Sanderson and Bellward 1995, Elliott et al.
1996b, 2001b, Janz and Bellward 1996). The contamination and potential effects of PCDDs and
PCDFs from the pulp and paper industry were also studied in fish-eating and insectivorous birds
from other locations in North America (Champoux 1996, Wayland et al. 1998, Woodford et al. 1998,
Custer et al. 2002).

Given its conservation status until the mid-1990s as federally endangered in the United States
and in some Canadian provinces, and its position as a top predator, the role of contaminants in the
decline of the bald eagle was widely investigated. Nests in many regions of North America were
visited regularly to document reproduction and to salvage unhatched eggs for contaminant analysis.
Statistically significant negative associations were found between productivity and various contam-
inants, including PCBs, while DDE effects on shell quality was identified as the main determinant
(Wiemeyer et al. 1993). In the Great Lakes region, Best et al. (2010) reported that associations con-
tinued between PCBs and productivity into at least the late 1990s. To improve the quantity of data
obtained, the salvaged egg metric was enhanced by measuring contaminant burdens in blood sam-
ples from nestling bald eagles (Bowerman et al. 1995, 1998), an approach also applied in Sweden
to the white-tailed sea-eagle (Haliaeetus albicilla). Meanwhile, improved analytical techniques
also made it possible to measure PCDDs, PCDFs, and non-ortho PCBs in eagle nestlings (Elliott
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and Norstrom 1998). Tentative critical concentrations for PCBs and DDE in nestling eagle blood
samples were derived (Elliott and Norstrom 1998) based on regressions between nestling blood
and egg samples, which were later modified by Elliott and Harris (2001) and Strause et al. (2007a).
As exposure to legacy contaminants such as PCBs was declining in many jurisdictions during the
1990s, some researchers began to directly investigate ecological factors, particularly the relative
role of food supply and weather that may interact with contaminant exposure and effects (Elliott
et al. 1998, 2005, Dykstra et al. 1998, Gill and Elliott 2003, Hoff et al. 2004, Elliott et al. 2005).
Similarly, Helander et al. (2002) studied the ecotoxicology of the congeneric white-tailed sea-eagle
for many decades in Sweden, in the process developing critical tissue values for PCBs in eggs.

Field research on the effects of PCBs and other contaminants on productivity and other param-
eters of birds nesting in the Great Lakes continued through the 1990s and into the present century
(e.g., Tillitt et al. 1992, Giesy et al. 1995, Fox et al. 1998, Ryckman et al. 1998, Custer et al. 1999).
As with bald eagles, the role of ecological variables was increasingly factored into understand-
ing sources and dynamics of contaminants (Hebert and Weseloh 2006), eventually incorporating
tools such as stable isotopes and fatty acid profiles (Hebert et al. 2008). Drouillard and Norstrom
(2000) made valuable progress in understanding the pharmokinetics of PCBs in birds, and applied
those collective advances to develop a bioenergetics model for contaminant dynamics in wild birds
(Norstrom et al. 2007). The ongoing concerns about contamination of birds in the Great Lakes and
elsewhere, led to more comparative egg injection studies with TCDD and non-ortho PCBs. These
studies furthered the understanding of species variation in sensitivity and provided critical egg con-
centrations for the double-crested cormorant (Powell et al. 1998), and common tern and American
kestrel (Hoffman et al. 1998). Several investigators (Fernie et al. 2001, 2003, Fisher et al. 2001,
Smits et al. 2002) carried out a feeding study of an Aroclor mixture with the American kestrel as
a laboratory model of predatory and fish-eating birds, which has yielded valuable data on a wide
range of reproductive and physiological endpoints.

Currently, widespread restrictions on use of PCBs and the need to regulate dioxin releases have
been in place for at least 30 years. There remain, however, numerous point sources of those com-
pounds, associated primarily with waste dumps, and soil and sediment contamination at former
manufacturing and storage sites. Birds have been used to determine the exposure and evaluate
impacts to wildlife in Canada (Bishop et al. 1999, Harris and Elliott 2000, Ormerod et al. 2000,
Kocan et al. 2001, Kuzyk et al. 2003, Jaspers et al. 2006), and particularly in the United States,
where investigations of contamination of wild birds have been conducted as part of Natural Resource
Damage Assessments. Researchers and risk assessors have looked principally at fish-eating birds
and raptors (Williams et al. 1995, Hart et al. 2003, Strause et al. 2007a, 2007b), and increasingly
at cavity-nesting passerines (Custer et al. 1998, McCarty and Secord 1999a, 1999b, Arenal et al.
2004). Custer and colleagues (1998, 1999, 2002, 2003, 2005) in particular have made effective use
of the tree swallow and provided data on various endpoints useful for determining critical tissue
concentrations.

Outside of specific hotspot areas, long-term monitoring of PCBs and other contaminants in avian
indicator species has continued in some regions, such as the Great Lakes (Norstrom and Hebert
2006), and other North American aquatic environments (Rattner et al. 2004, Toschik et al. 2005,
Henny et al. 2009), various marine systems including the Arctic (Barrett et al. 1996, Braune and
Simon 2003), the Pacific, and Atlantic coasts of Canada (Elliott et al. 1992, 2001a, Harris et al.
2003), and the Baltic (Bignert et al. 1995). The Arctic has been a focus of ongoing study as biolo-
gists from Scandinavia, Canada, and Alaska have investigated the exposure and potential effects
of PCBs and other persistent organic pollutants in high trophic-level marine birds, particularly the
glaucous gull (Larus hyperboreus), a species, which often preys on other marine birds (Henriksen
et al. 1998, Sagerup et al. 2000, 2002, Bustnes et al. 2001, Verreault et al. 2006a, 2007).

Monitoring of PCBs and dioxins in wildlife has been complemented by the use of biomarkers,
often measured nondestructively in blood or by bioassay methods, to assess relationships between
exposure and various endpoints such as hepatic cytochrome P450-associated monooxygenase
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activities (Fossi et al. 1986, Rattner et al. 1993, 1994, 1997, 2000, Sanderson et al. 1994a, 1994b,
Davis et al. 1997, Custer et al. 1998, Feyk et al. 2000, Kennedy et al. 2003, Fox et al. 2007a), gene
mutations (Stapleton et al. 2001), porphyrin metabolism (Fox et al. 1988, Kennedy et al. 1998),
immune system responses (Grasman and Fox 2001, Grasman et al. 1996, Bustnes et al. 2004, Fox
et al. 2007b), thyroid hormone levels (Smits et al. 2002, McNabb and Fox 2003, Saita et al. 2004),
retinoids (Spear et al. 1990, Elliott et al. 1996b, 2001b, Kuzyk et al. 2003, Murvoll et al. 2006),
sex steroids (Verreault et al. 2006b), stress hormones (Martinovic et al. 2003), disease (Hario et al.
2000), and behavior (McCarty and Secord 1999b). Further developments of analytical methodol-
ogy have led to surveys of PCB and other organochlorine (OC) metabolites in wild birds and some
examination of relations with biomarkers (Fangstrom et al. 2005, McKinney et al. 2006).

Most recently, advances in molecular biology have furthered understanding of the mechanisms
of dioxin-like toxicity to birds and of the basis for variation in species sensitivity. The cytochrome
P450 response of birds exposed to Ah receptor ligands has been shown to be unique, with birds hav-
ing two distinct CYPIA isoforms (Gilday et al. 1996, Mahajan and Rifkind 1999). Kennedy et al.
(1996) developed avian in vitro assays and showed that the magnitude of in vitro response to CYP1A
induction may be predictive of species differences in embryotoxicity in ovo. Application of molecu-
lar techniques examined the interspecific variation of response to TCDD-like exposure, and showed
that sensitivity is closely associated with differences in the molecular structure of the Ah receptor
and to differences in preferential induction of CYP1A isoforms (Head 2006, Karchner et al. 2006,
Head and Kennedy 2007, Yasui et al. 2007). Sensitivity to dioxin-like compounds among avian
species varies according to amino acid differences in the Ah receptor ligand binding domain (Head
et al. 2008). Consistent with previous toxicological data, chickens exhibit high sensitivity, while of
particular interest some upland game birds, passerines, and an albatross exhibit moderate sensitiv-
ity. All other species tested to date, including raptors, waterbirds, and waterfowl, appear relatively
insensitive to dioxin-like toxicity (Head et al. 2008).

In summary, beginning with the identification of the chick edema factor, the collaboration
among biologist, chemists, and toxicologists over the past 50 years has successfully investigated
many aspects of the exposure and toxicology of PCBs, PCDDs, and PCDFs in birds. Field studies
have made correlative links between dioxin-like chemicals and alterations in the metabolic, endo-
crine, and immune functions of populations of avian top predators and aquatic insectivores. In some
instances, reproductive success has been significantly affected, although it has often proved difficult
to separate causal factors, including other contaminants and cumulative anthropogenic and natural
stressors. The particular sensitivity of the chicken to these chemicals has now been linked to the
structure of its Ah receptor. One or two changes in the amino acids of the receptor’s binding domain
causes greatly reduced sensitivity to dioxins. That likely explains in large part the findings that,
despite widespread exposure to PCBs, dioxins, and furans at concentrations that would severely
compromise reproduction of chickens, there is limited evidence of a significant impact on popula-
tions of wild birds. That contrasts to the population declines associated with DDT and dieldrin, and
more recently the veterinarian pharmaceutical, diclofenac. Nevertheless, given the ongoing prob-
lems posed by numerous contaminated sites, and the global nature particularly of PCB contamina-
tion, we can expect these chemicals to remain an issue for sometime into the current century.

CONCLUSION

As pointed out in a recent review, the field of wildlife toxicology has been shaped by chemical use
and misuse, ecological mishaps, and research in the allied field of human toxicology (Rattner 2009).
The development and use of new chemicals, and unexpected and unpredicted contamination prob-
lems continue to drive this discipline. In some instances, environmental release of toxicants could
have resulted in species extinction (e.g., bald eagle, sparrowhawk, Accipiter nisus, and California
condor) had not regulatory and remedial actions been undertaken. Dramatic advances in analyt-
ical technology over the past 50 years now permit routine detection and measurement of minute
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quantities of chemicals in a myriad of matrices. However, our greatest challenge remains the extrap-
olation of exposure data from laboratory and field studies to effects in diverse species and free-
ranging populations, which are often subject to multiple environmental and toxicological stressors.
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2.1 INTRODUCTION

Organohalogen (OH) compounds are persistent hydrocarbon compounds containing a halogen
group, often chlorine or bromine, that substitutes for hydrogen atoms in different positions in the
hydrocarbon. They may occur naturally, but this chapter’s focus is on synthetically produced com-
pounds, mainly organochlorines, that were produced for use as pesticides. Nine OH compounds
(aldrin, chlordane, dichlorodiphenyltrichloroethane [DDT], dieldrin, endrin, heptachlor, hexachlo-
robenzene, mirex, and toxaphene) are in the top 12 list of particularly toxic and persistent organic
pollutants (POPs) identified by the Stockholm Convention treaty implemented in 2004 under the
United Nations Environment Program (UNEP). More than 90 countries have signed on to this treaty
as Parties. These chemicals became classified as POPs because they may remain in the environment
for decades following their use, they accumulate in fatty tissues of exposed organisms, they have a
variety of toxic endpoints, and they travel long distances from source areas through atmospheric or
aqueous transport.

Synthetic broad-spectrum OH pesticides such as DDT (1,1,1-trichloro-2,2-bis(p-chlorophenyl)
ethane) became widely used in agriculture beginning in the 1940s. The term total DDT or > DDT
refers to the sum of DDT and metabolites: 1,1'-(2,2-dichlor-ethenylidene)-bis[4-chlorobenzene]
(DDE); and 1,1-dichloro-2,2-bis(4-chlorophenyl)ethane (DDD, also referred to as TDE); and their
ortho para (o,p’ or 2, 4) and para para (p,p’, or 4, 4) isomers. Use of these compounds generally
consisted of wide-scale spraying and initially was supported by their effectiveness in controlling
pest vectors and their apparent low acute toxicity to humans and other mammals. Estimated appli-
cation amount in 1959 exceeds 450,000 metric tons applied to 5% of the land area in the United
States, with cotton growing areas of the southeast United States having high DDT, toxaphene, and
lindane applications (Johnson 1968). Rothane, a metabolite of DDT known as DDD (p,p’ dichlo-
rodiphenyldichloroethane), or TDE (1,1-dichloro-2,2-bis(p-chlorophenyl)ethane) also was applied
as a pesticide in the United States (Schmitt et al. 1990, ATSDR 2002).

DDT’s acute toxicity to nontarget aquatic organisms was noted early (Ellis et al. 1944). Effects to
fish and invertebrates from aerial spraying were observed in the 1950s with dramatic die-offs from
pesticide application (Cope 1961). Shortly after DDT spraying, major fish and benthic invertebrate
kills were noted in various locations; such as in the Yellowstone River, Wyoming; in New Brunswick
hatchery fish after spruce bud worm spraying; and around Lake George, New York after spraying
to control gypsy moths. The persistence in tissue, much higher concentrations in tissue compared to
water, development of resistance, and an ability to travel long distances in aquatic systems also were
noted early in their use. Public outcry and environmental investigations ensued after the publica-
tion of Rachael Carson’s book Silent Spring (Carson 1962), eventually leading to either a complete
ban, or restricted use, in a number of countries. DDT use was banned in Canada and Sweden in
1970, in the United States in 1972 (37 FR 13369, July 7, 1972) and in western European countries
in the early 1970s. DDT production continued in some countries even after use was banned. Use
of DDT for agriculture was banned in India in 1989, but DDT continues to be manufactured and
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have restricted use for public health. Aldrin and dieldrin were banned in the United States in 1974
(39 FR 37246, October 18, 1974), toxaphene in 1983, and chlordane in 1988. Current use of DDT,
supported by the World Health Organization since 2006, includes indoor residual spraying of DDT
in dwellings as part of a comprehensive program to control malaria epidemics and transmission in
African countries such as Zambia, Uganda, Zimbabwe, and Kenya, and some Asian countries. India
has used indoor spraying to reduce disease transmission. Recent global DDT use was estimated
at 4000-5000 metric tons per year and production occurred in India, China, and the Democratic
People’s Republic of Korea (UNEP 2008).

After DDT, aldrin, and dieldrin were the next most heavily used pesticides in the United States
during the 1960s—1970s. Use was concentrated on corn crops in mid-western states. Dieldrin was
used heavily in the northeast United States on a variety of crops, but was also used for pest control
such as termites in the southern states. Aldrin also was used on large scale sugar cane crops in
Brazil and Australia. Aldrin use continues in some countries; however, once released to the envi-
ronment, aldrin readily degrades to dieldrin, which is very persistent. After DDT, dieldrin, and
aldrin use were restricted, compounds such as endosulfan and toxaphene were used as replacement
pesticides.

The National Pesticide Monitoring Program (NPMP) was established in the United States in
1964 to assess regional and national contaminant trends for these widely used compounds. The
National Contaminant Biomonitoring Program (NCBP) originated as part of NPMP and was operated
by the U.S. Fish and Wildlife Service (USFWS). This program was eventually expanded into the
Biomonitoring of Environmental Status and Trends (BEST) program and transferred to the U.S.
Geological Survey (USGS) in 1996. Trends in contamination generally have been downward in the
United States but continued presence in tissue highlights the extreme persistence of some of these
compounds which remain a threat in some areas. Southern California, home to one of the largest
DDT manufacturers in the world, still had an estimated 156 metric tons of DDT in shelf sediments.
Sampling in 1994 measured DDT in all Pacific and longfin sanddab and Dover sole collected in the
area (Schiff and Allen 2000). The Huntsville Spring Branch in Huntsville, Alabama, received over
400 metric tons of DDT from manufacturing at the Redstone Arsenal from 1947 to 1971. More than 35
years after its ban in the United States, the number of DDT fish advisories continues to increase (U.S.
EPA 2006). p,p’-DDT is ranked 12th on the U.S. Environmental Protection Agency’s (EPA) 2007 list
of priority hazardous substances, dieldrin is 17th and chlordane is 20th (ATSDR 2007).

Many OH compounds are semivolatile and spread locally and globally via the atmosphere. The
wide geographic reach of OH pesticide contamination is highlighted by their elevated concentrations
in deep sea fish (Looser et al. 2000) and in higher trophic Arctic organisms (AMAP Assessment
2002). Transport to remote Arctic areas may occur through what is known as “grasshopping,” chem-
icals volatilize and condense, resulting in fractionation, as they are transported atmospherically in
step-wise fashion to remote areas. Ocean circulation also transports OH compounds to the Arctic,
but more slowly than atmospheric transport for most OH compounds (Lohman et al. 2007).

The high molecular weight chlorinated insecticides (e.g., DDT and dieldrin) are particularly
concerning due to their ability to bioaccumulate and persist in tissue. Early studies to under-
stand the significance of tissue residues began with these lipophilic and persistent OH pesticides.
Reproductive failure noted in New York lake trout populations as a result of DDT spraying was
among the first studies to relate the tissue concentration in egg with mortality (Burdick et al. 1964).
The challenge of determining sublethal no-effect concentrations in aquatic organisms was noted
early. Researchers at the U.S. EPA Gulf Breeze laboratory (currently known as the Gulf Ecology
Division Laboratory) were among the first to conduct laboratory studies measuring tissue-residue
concentrations associated with effects, or critical body residues (CBR).

Organochlorine pesticides are grouped into categories, the diphenyl aliphatics, the cyclodienes,
hexachlorocyclohexane (HCH), and polychloroterpenes. Properties and uses are summarized briefly
in Table 2.1. DDT belongs to the diphenyl aliphatic group. The cyclodienes include aldrin and
dieldrin, endrin, chlordane, heptachlor, heptachlor epoxide, and endosulfan. Lindane is the gamma
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TABLE 2.1
Organohalogen Compound Properties, Products and Uses
Mol. Wt.
Chemical Formula g/mole Metabolites Isomers Log K,,* Example Uses
DDT® C,,HoCs 354.49 DDE, DDD op',pp' 6.79% Agriculture, disease
vectors
DDD? CH,,Cy 320.05 op',pp' 5.87* Agriculture
DDE® C,H,CL, 318.03 op',pp' 6.0*
Aldrin C,,HCL¢ 364.92 Dieldrin 6.75 Agriculture (corn),
soil insects
(termites)
Chlordane C,,H(CLg 409.78 Oxychlordane, Cis, trans 6.22 Corn, citrus,
(pure) heptachlor, household pests
chlordene (termites)
epoxide
Dieldrin C,,H;,CL,O 380.91 5.45 Agriculture, disease
vectors
Endrin C,,H,CL,O 380.91 Dieldrin 5.45 Agriculture, cotton
Endosulfan CoH,CLO5S  406.92 Endosulfan Alpha, 35 Agriculture
sulfate beta
Heptachlor C,,HsCL, 373.32 Heptachlor 5.86 Agriculture,
epoxide termites only since
1983 in US
Hexachloro- C¢HCL¢ 290.83 Lindane 4.26 Ornamentals, soil
cycohexane (»HCH), pests, head lice
(HCH) 7 others
Mirex C,,CL,, 545.55 7.01 Fire ants, flame
retardant
Toxaphene C,H,,CLg 413.82 Mixture of Numerous 6.79 Agriculture
(camphechlor) (average of (component polychlorinated (cotton), fish
chlorines) average) terpenes eradication

2 Log K, estimated in EPA EPI Suite KOWWIN v1.67.
> Kow for p,p’ isomers.

isomer of HCH. Toxaphene, a mixture of more than 670 chemicals, is a polychloroterpene and
mirex has a caged structure. Several OH pesticides were produced as technical mixtures in addition
to pure compounds.

This chapter reviews the tissue residue-effect data available for OH compounds measured
frequently in tissues of fish and invertebrates. First we review some issues pertinent to interpreting
tissue-residue data such as analytical methods, which have changed over time and are continuing to
evolve. We also briefly review factors important to the accumulation and elimination of OH com-
pounds (toxicokinetics), modes of action relevant to the tissue-residue literature, and the importance
of lipids and maternal transfer in understanding their toxicodynamics. Most sections of this chapter
are divided into separate subsections for fish and invertebrates.

2.2  ANALYTICAL METHOD CONSIDERATIONS

To accurately separate, identify, and quantify the variety of chlorinated hydrocarbon concentrations
in tissue, several analytical challenges have to be overcome. These are reviewed here to help under-
stand considerations needed to evaluate both older and recent data.
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Due to their persistence and widespread occurrence, OH compounds generally occur as mixtures
in the tissues of fish and invertebrates. In addition, environmental degradation and/or transform-
ation within the organism results in various metabolites and isomers of the original forms within the
tissue. Measured concentrations often are presented as sums of parent and metabolite compounds,
and may represent a complex assortment of related compounds. Chlordane and toxaphene contain
many components making quantification very difficult.

OH pesticides have characteristics such as high hydrophobicity and consequently tend to bind
to, and concentrate in fatty tissues. The efficient and complete extraction of fat-soluble substances
from tissue is therefore an important analytical step. Interference with other compounds and
accurate quantification methods can present substantial difficulties potentially causing inaccu-
rate measurements. Compound separation achieved by paper chromatography, an early analytical
method, was not always sufficient to estimate individual compound concentrations (Burdick et al.
1964), so measured concentrations may have been biased high. The development of gas-liquid
chromatography in the early 1950s was one of the most significant advances to improve the quan-
tification of OH pesticides. When coupled with electron capture detection, developed late in the
1950s, researchers became able to more reliably measure low concentrations of individual OH
compounds.

Current analytical methods include lipid extraction with solvents, followed by cleanup
techniques to remove coextracted compounds. Lipids typically are removed with liquid-
liquid partitioning and Florisil adsorption chromatography. Additional adsorption chromatog-
raphy columns are used for further cleanup, and supplemental cleanup steps may be included.
Analytical standards such as standard reference material should be used to estimate measure-
ment errors.

Past use of packed columns could have resulted in coelution of some additional components and
less sensitivity than measurements from capillary columns. For example, differentiating between
DDD and o,p’-DDT was not always possible with packed columns (Buhler et al. 1969, Jarvinen
et al. 1976). Sample cleanup with acid and alkaline treatment overcame some packed column prob-
lems (Brevik et al. 1996). Comparison of the two column methods showed similar results even
without extra cleanup, although the packed column results were higher for the DDT metabolite.
Although the results from packed columns produce different concentrations than capillary columns,
the differences may fall within experimental uncertainty (Brevik et al. 1996).

Toxaphene quantification can still be problematic due to the large number of components (Muir
et al. 2006). Schmitt (2002a) considers toxaphene residue measurement as approximations, even
with the analysis techniques used in this decade.

To circumvent restrictions posed by the typical high costs of analytical chemistry and the detec-
tion limits that demand exposure to high concentration in the exposure media, investigations of
invertebrate and some fish bioaccumulation and CBRs have resorted to the use of radioactive tracer
techniques. The exposure compound radioactivity is measured using liquid scintillation counting
(LSC) and its specific activity (Pawlisz and Peters 1993). To identify the compounds providing the
source of radioactivity being measured, the thin layer chromatographic (TLC) method typically is
used (e.g., Guarino et al. 1974, Lotufo et al. 2000a). All studies reporting DDT invertebrate CBRs
derived from radioactivity data (Johnson et al. 1971, Lotufo et al. 2000a, 2000b, 2001a, 2001b),
except for Mulsow and Landrum (1995), employed TLC as a compound identity confirmatory tool.
The radiotracer technique was also employed for deriving CBRs for DDE (Fisher et al. 1999, Hwang
et al. 2004) and endrin (Keilty et al. 1988a, 1988b). Because those compounds are not expected to
biotransform in invertebrate tissues, all radioactivity was assumed to be associated with the parent
compound.

The cost associated with OH measurement is a major obstacle for understanding distribution and
risks in countries that continue to use, or have recently banned these products. Muir and Sverko
(2006) review best practice approaches and new advances as they relate to needs in countries with
emerging economies.
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2.3 ENVIRONMENTAL OCCURRENCE

2.3.1 WATER, SEDIMENT, AND AIR

In the environment, OH pesticides have low aqueous solubility; tend to bind to particulates and
organic matter; and bind strongly to sediment where they have long residence times. Consequently,
many monitoring programs measure concentrations in sediment and biota for assessing OH contami-
nant trends. Although dissolved concentrations typically are very low, aqueous measurements do
provide OH compound transport and flux information. Several recent studies report aqueous concen-
trations in areas where OH pesticide use is on-going or recent. For example, in South Africa where
DDT is used indoors for malarial control, aqueous >DDT concentrations in areas downstream of
spraying ranged from below detection (<0.05 pug/L) to 1.1-7.0 ug/L (Barnhoorn et al. 2009). Aqueous
2>DDT ranged from 0.02 to 5.2 ng/L in the Daliao River estuary in China (Tan et al. 2009). Aqueous
concentrations for other OH pesticides in this region are also provided in this study.

Surface water sampled for 19 organochlorine pesticides in the Bering and Chukchi Seas measured
HCH at the highest concentration (Strachan et al. 2001). XDDT in this 1993 study ranged from 0.17
to 0.26 ng/L.

Water column DDT concentrations measured in the United States include locations near former
discharges of DDTs such as the Palos Verde shelf in Southern California. Aqueous phase DDT
concentrations were measured using solid-phase microextraction (SPME) in 2003-2004. Water
column concentrations of DDT ranged from <0.073 to 2.58 ng/L for p,p’-DDE and from <0.043 to
0.264 ng/L for o,p"-DDE (Zeng et al. 2005). Water column >DDT concentrations measured in 1997
from this area ranged from 2.3 to 14.5 ng/L (Zeng and Venkatesan 1999). In San Francisco Bay,
aqueous DDT concentrations ranged from 0.16 to 0.657 ng/L; chlordanes from 0.062 to 0.136 ng/L;
and dieldrin from 0.028 to 0.067 ng/L (Connor et al. 2007). Water column concentrations of p,p’-
DDE and o,p’-DDE in other parts of the world are summarized in Zeng et al. (2005) and OH com-
pounds in Fowler (1990) for older data.

In their review of toxaphene concentrations in the Great Lakes, Muir et al. (2006) report sur-
face water concentrations are highest in Lake Superior (0.91-1.12 ng/L) and lowest in Lake Ontario
and Lake Erie (0.081-0.23 ng/L). In addition to water, toxaphene and HCH are important OH
compounds in Great Lakes air and precipitation, especially in late summer and early fall (Muir
et al. 2006).

Aqueous concentrations of two current use pesticides (endosulfan and y~-HCH) were studied in
Arctic seawater to understand transport patterns and processes (Weber et al. 2006). Air monitoring
also is a useful tool for understanding long-range transport and spatial OH compound variation in
the Arctic (e.g., Su et al. 2008).

The sea surface microlayer, the thin surface film enriched with organic matter, is another area of
study because it may play an important role in OH transport and transfer (Garcia-Flor et al. 2005).
Concentrations of organochlorine compounds were enriched in the surface microlayer, sometimes
by up to 7 times, compared to concentrations in underlying water.

The extreme persistence of many OH pesticide compounds in freshwater sediments is demon-
strated by their continued detection in most U.S. streams measured as part of the USGS NAWQA
program (Gilliom et al. 2006). DDE is the metabolite detected most frequently in those areas.

In the marine environment, sediment DDT concentrations on the Palos Verdes shelf from 0.014
to 12.5 mg/kg dw were composed of 92-95% DDE (Zeng and Venkatesan 1999). DDT metabolites
may form from aerobic degradation, photochemical decomposition, or abiotic hydrolytic dehydro-
chlorination. DDE is degraded by reductive dechlorination to DDMU [1,1-dichloro-2,2-bis(4-chloro-
phenyl)ethylene] under both sulfidogenic and methanogenic conditions. In a study by Eganhouse
et al. (2000), DDE concentrations generally comprised 60—70% of the X DDT concentrations on the
Palos Verde shelf. DDE is very resistant to degradation and only 9-23% of the DDE inventory on
the Palos Verdes shelf has been converted to DDMU since releases began in the 1930s (Eganhouse
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et al. 2000). Therefore, decreases in DDE concentrations are due mainly to remobilization, not
degradation.

Sarkar et al. (2008) report on sediment DDT and HCH concentrations in estuaries and bays of
some Asian countries where OH pesticide use has been more recent. DDT was prevalent in sedi-
ments along the coast of India and the ratio of p,p’-DDT to >DDT ranged from 0.36 to 0.75 (Sarkar
et al. 2008), consistent with recent use. In China, DDT remains prevalent in coastal sediments, in
part due to its use in antifouling paints (Lin et al. 2009). XDDT sediment concentrations ranged
from 0.009 to 7.35 mg/kg dw in coastal fishing harbors of China with p,p’-DDD comprising 64% of
the XDDT (Lin et al. 2009). Comparison to DDT sediment concentrations in other harbors of the
world are provided in Lin et al. (2009).

2.3.2 TiSSUES

OH compounds in fish tissue have similar patterns of detection compared to sediment, but typic-
ally are detected more frequently because they accumulate to higher concentrations (Gilliom et al.
2006). An early study on the prevalence and distribution of DDT in fish tissue from a variety of
widely distributed Wisconsin fish measured DDT (0.021-16.2 mg/kg ww or 0.22-534.6 mg/kg lipid)
in every fish sampled in that state (Kleinert et al. 1968). Results from this study were consistent with
similar programs in other U.S. states for frequency of detection and range of concentrations. More
recently, DDE and DDT were detected in fish from 90% and 30%, respectively, of agricultural
streams sampled in the United States (Gilliom et al. 2006). Many local, regional, and national pro-
grams monitor OH pesticide concentrations in fish and invertebrate tissue. A number of different
State and National monitoring programs in the United States generally have measured decreasing
concentrations of DDTs and other OH pesticides in fish and invertebrates from many areas during
the past several decades since their ban (e.g., Nowell et al. 1999, Gilliom et al. 2006, O’Connor and
Lauenstein 2006). In contrast, monitoring programs in countries where DDT has been used more
recently have continued to measure stable or increasing concentrations (Wiktelius and Edwards
1997, Tanabe et al. 2000; Ramu et al. 2007). DDT in coastal mussels of Asia were highest in Hong
Kong (maximum 0.58 mg/kg), followed by Vietnam (maximum 0.4 mg/kg) and China (maximum
0.18 mg/kg) in the study by Ramu et al. (2007). This study also reports concentrations for HCH and
chlordane in green mussels from these areas.

Table 2.2 provides a small subset of DDT residues in marine/estuarine and freshwater organisms
from various localities around the world to provide some examples of concentrations measured in
a variety of aquatic organisms. Table 2.2 also presents historical and recent DDT concentrations in
fish and invertebrates from locations near DDT manufacturers. DDT biota concentrations measured
in the past near DDT manufacturing sometimes reached >100 mg/kg. Locations near former DDT
manufacturers continue to have elevated DDT concentrations in organisms (Bettinetti et al. 2006,
NOAA and EPA 2007, Hinck et al. 2009).

In the marine environment, fish surveys indicated that benthic feeders have higher concentra-
tions of DDT than pelagic feeders (ATSDR 2002, NOAA and EPA 2007). The reverse was observed
in a freshwater lake (Kidd et al. 2001).

The USGS National Water-Quality Assessment program measured the following ratios of DDT
metabolites and isomers in whole-body field-collected freshwater fish in the United States (1992—
1995): 84.5% p,p’-DDE, 9.6% p,p’-DDD, 4.6% p,p’-DDT, 0.6% o,p'-DDD, 0.4% o,p’-DDE, and
0.3% o,p"-DDT (Wong et al. 2000). After uptake, p,p’-DDT is metabolized to DDD and to DDE,
and therefore their ratios change over time.

For compounds resistant to degradation, environmental half-lives, or the time for the average
tissue concentration to decrease by 50%, ranged from 9 to 17.7 years for DDT, 7.7-9.4 years for
dieldrin and 1-1.9 years for toxaphene in Great Lakes biota (Hickey et al. 2006). DDT in fish from
a Norwegian Lake took 5-7 years for 50% reduction (Brevik et al. 1996).
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TABLE 2.2

Environmental DDT Concentrations in Aquatic Organisms from Various Locations
Globally and in Locations Near Where DDT Was Manufactured

Species

Fish
Anchovy
Mackerel
Red mullet
Herring
Herring
Mullet
Mullet
Goatfish

Flounder

Perch

Snapper
Rabbitfish

Fish (19 species)
African lungfish
Fish (17 species)
Dog fish
Sturgeon

Catfish & bass
Chinook salmon

Fish (7 species)

Invertebrates

Mussels &
Oyster

Oysters

Clam

Sea urchin

Green mussel
Green mussel
Green mussel
Green mussel
Blue mussel
Green mussel
Squid
Norway lobster
Prawn
Shrimp

Crab

Tissue

Fillet
Fillet
Fillet
WB
WB
Muscle
WB
WB

Muscle
WB
WB
WB
WB
Muscle
WB
Muscle
Muscle
Fillet
WB

WB
WB

Form

DDE
DDE

DDE

YDDT
YDDT
YDDT
>DDT
YDDT

>DDT
SDDT
YDDT
YDDT
YDDT
YDDT
YDDT
>DDT
YDDT
YDDT
YDDT
>DDT

>DDT

DDE
>DDT

>DDT
YDDT
>DDT
YDDT
YDDT
SDDT
DDE

DDE

>DDT
YDDT
YDDT

Conc. (Mean/

Median or Range)

mg/kg ww

Location

Estuarine/Marine

0.009
0.0254
0.0088
0.01-0.04
0.116
0.013#
0.064
0.276

0.003#
0.0023-0.0064
0.37-3.1
0.16-0.56
0.0003-0.04
0.7
0.0018-0.287
0.033
0.012-0.44
0.00003-0.002
0.0005-0.041
0.005-0.061

0.0026*

0.00122
0.0008
0.002

0.24
0.12
0.0042
0.004-0.507
0.0035
0.04
0.0038
0.0012
0.002-0.014
0.014

0.055

Adriatic Sea
Adriatic Sea
Adriatic Sea
N. Baltic Sea
Gulf of Gdansk
Portugal

China

Midway Atoll

Portugal

N. Baltic Sea

Suez Canal

Suez Canal

Indonesia

Uganda

China

India

Caspian Sea

Gulf of Mexico

Pacific NW

San Francisco
Bay

United States

Mexico
Adriatic Sea
Midway Atoll

China

Hong Kong
India

China
Japan
Vietnam
Adriatic Sea
Adriatic Sea
China
China
China

Year(s)

1997
1997
1997
1991
1992
2001
2001

2001

2003
2003
2003

2004

2001-02
1996
1996-01
1997

2003

2000
1997

2001
1998
1998
2005
1994
1997
1997
1997
2005
2001
2001

Reference

Bayarri et al. 2001
Bayarri et al. 2001
Bayarri et al. 2001
Strandberg et al. 1998
Strandberg et al. 1998
Ferreira et al. 2004
Nakata et al. 2005
Hope and Scatolini
2005
Ferreira et al. 2004
Strandberg et al. 1998
Said and Hamed 2005
Said and Hamed 2005
Sudaryanto et al. 2007
Ssebugere et al. 2009
Qiu et al. 2009
Pandit et al. 2006
Kajiwara et al. 2003
Lewis et al. 2002
Johnson et al. 2007a
Greenfield et al. 2005

O’Connor and
Lauenstein 2006
Carvalho et al. 2009

Bayarri et al. 2001
Hope and Scatolini

2005

Monirith et al. 2003
Monirith et al. 2003
Monirith et al. 2003
Guo et al. 2007
Monirith et al. 2003
Monirith et al. 2003
Bayarri et al. 2001
Bayarri et al. 2001
Guo et al. 2007
Nakata et al. 2005
Nakata et al. 2005



DDT and Other Organohalogen Pesticides

55

TABLE 2.2 (continued)

Environmental DDT Concentrations in Aquatic Organisms from Various Locations
Globally and in Locations Near Where DDT Was Manufactured

Species

Fish
Predator fish
Bottom fish
Game and

bottom fish

Largemouth bass

Largemouth bass
Walleye

Carp

Carp

Lake trout

Fish (4 species)
Trahira

Nile Tilapia
Tilapia

Catfish
Lake trout

Invertebrates
Zooplankton
Chironominae

Prawn

Fish
Dover sole

White croaker
Spiny dogfish
White croaker
Northern
anchovy
Largemouth bass

Channel catfish

Largemouth bass

Tissue

Fillet

WB

WB +
fillets

WB

WB
WB
WB

WB
WB
Muscle
Muscle
Muscle
WB

Muscle
Muscle

Flesh

Flesh

Flesh

Fillet

WB

WB

WB
WB

Form

>DDT
>DDT

pp'-
DDE

pp'-
DDE
YDDT
>DDT
p.p'-
DDE
YDDT
YDDT
>DDT
>DDT
>DDT
>DDT

YDDT
>DDT

SDDT
YDDT
>DDT

>DDT

>DDT

>DDT

YDDT

>DDT

>DDT

Conc. (Mean/

Median or Range)

mg/kg ww Location
Freshwater

0.008-1.48 500 U.S. Lakes
0.008-1.76 500 U.S. Lakes
0.056 U.S. Background
2.7 Gila River, AZ
0.059-0.072 Alabama
0.076-0.15 Lake Erie
0.16-0.58 Idaho
0.055 China
0.76-1.6 Lake Michigan
0.00017-0.0026  Thailand
0.027-0.0742 Brazil
0.051 Uganda
0.0781 Indonesia
0.0009 Uganda
0.0615 Arctic
0.00013 NW Territories
0.0015 NW Territories
0.0001-0.052 China

39.7

39.17

81.2
3.18
0.061
0.24-225

Upto4l1.6
0.42-49.8

Near Former DDT Manufacturing

Palos Verdes,
CA

Palos Verdes,
CA

Palos Verdes,
CA

Palos Verdes,
CA

Southern CA
Bight

Tennessee River

Tennessee River

Tombigbee
River, AL

Year(s)

2000-03
2000-03
1987

2003

2004
1991-96
1998

2000
1991-98
1997
2005

1998,
2003

2003

1995
1995
2005

1977

1975

1981

2004

2004

1978

1978
2004

Reference

Stahl et al. 2009
Stahl et al. 2009
U.S. EPA 1992

Hinck et al. 2006a

Hinck et al. 2009
Hickey et al. 2006
Hinck et al. 2006b

Nakata et al. 2005
Hickey et al. 2006
Kumblad et al. 2001
Miranda et al. 2008
Ssebugere et al. 2009
Sudaryanto et al. 2007

Ssebugere et al. 2009
Ryan et al. 2005

Kidd et al. 1998
Kidd et al. 1998
Guo et al. 2007

Mearns et al. 1991
Mearns et al. 1991
Matta et al. 1986
NOAA and EPA 2007
Jarvis et al. 2007

U.S. EPA 2004

U.S. EPA 2004

Hinck et al. 2009

continued
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TABLE 2.2 (continued)
Environmental DDT Concentrations in Aquatic Organisms from Various Locations
Globally and in Locations Near Where DDT Was Manufactured

Conc. (Mean/
Median or Range)
Species Tissue Form mg/kg ww Location Year(s) Reference

Near Former DDT Manufacturing

Landlocked shad - 0.458 Lake Maggiori, 1998 Bettinetti et al. 2006
DDT Italy
+DDE

Barbel Muscle >DDT 0.997 Cinca River, 2002 de la Cal et al. 2008
Spain

Bleak WB >DDT 0.840 Cinca River, 2002 de la Cal et al. 2008
Spain

Invertebrates

Coastal mussels >DDT 3.24 Palos Verdes, 1969 Matta et al. 1986
CA

Mussels >DDT 0.0922 Palos Verdes, 2005 Kimbrough et al. 2008
CA

Mussels >DDT 0.013-0.035 Lake Maggiore, 2003 Binelli and Provini
Ttaly 2003

Zooplankton >DDT 0.387 Palos Verdes, 1969 Matta et al. 1986
CA

Penaid shrimp >DDT 4.49 Palos Verdes, 1969 Matta et al. 1986
CA

Lobster >DDT 0.562 Palos Verdes, 1976 Mearns et al. 1991
CA

2 Converted from dry-weight using 80% moisture.

2.4 BIOACCUMULATION

OH compounds readily bioaccumulate in aquatic organisms, especially in lipid-rich tissues. OH
uptake occurs through passive diffusion across gills, dermal surfaces, and digestive organs. Uptake
and elimination kinetics (toxicokinetics) and related topics are briefly reviewed in this section to
help interpret tissue-residue toxicity.

The tendency of OH compounds to partition into lipid is an important factor influencing toxi-
cokinetics and the degree of hydrophobicity is expressed as the n-octanol (octanol) water partition
coefficient (K ). K,,, is the ratio of the solute concentration in octanol to water, where octanol acts
as a surrogate for lipid, and the K, gives an indication about the ability or tendency of the com-
pound to transfer between water-lipid phases. K, is generally expressed as a logarithm (log K,,,),
and different techniques exist for measuring log K, so a range of values exist for any one com-
pound (Pontolillo and Eganhouse 2001, Shen and Wania 2005). The OH compounds covered in
this chapter and their log K, predicted using the U.S. EPA EPIweb software are listed in Table 2.1.
Arnot and Gobas (2006) review both data availability and considerations for bioconcentration fac-
tors (BCFs) and bioaccumulation factors (BAFs) of organic chemicals in aquatic organisms.

Quantitative structure—activity relationship (QSAR) models relate BCFs and log K, using linear
regression (see discussion in Arnot and Gobas 2006). OH compounds generally follow QSAR model
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predictions for bioaccumulation. However, BCFs predicted from logK , may be over-estimated
when the biotransformation rates are high (Oliver and Niimi 1985).

Bioaccumulation is the net result of competing process of chemical uptake into the organism
from food and water, and elimination from the organism into the environment. The uptake and
elimination of OH compounds is influenced by numerous factors, including exposure temperature
and organism size (e.g., Landrum et al. 1992, Lotufo et al. 2000a), therefore influencing net bioac-
cumulation in an organism. The time to steady-state bioaccumulation is directly proportional to
the rate of elimination of a chemical from the organism, the slower the rate the longer the time to
steady state.

Elimination of OH compounds occurs through passive diffusion through dermal surfaces, excre-
tion, egestion of feces, and biotransformation of the parent compound. The elimination rate (k,)
and time to approximate steady-state body residues (3/k.) of DDT and its major transformation
products varied substantially across compounds and invertebrate species (Table 2.3). Comparison
of the elimination of DDT, DDD, and DDE was reported for four invertebrate species. The slowest

TABLE 2.3

Elimination Rate Coefficient (k) and Corresponding Time
to Achieve 95% of Steady-State Body Residue (95% SS) in
Invertebrates Exposed to OH Compounds in Water

Species k. (d-") Time to 95% SS (d) Reference

Nereis virens

DDT 0.024 125 Haya and Burridge 1988
DDT 0.029 102 Kennedy et al. 2010
DDD 0.033 90 Kennedy et al. 2010
DDE 0.073 41 Kennedy et al. 2010
Dieldrin 0.024 125 Haya and Burridge 1988
Endosulfan 0.432 7 Haya and Burridge 1988
Macoma nasuta

DDT 0.041 73 Boese et al. 1997

DDD 0.078 38 Boese et al. 1997

DDE 0.030 100 Boese et al. 1997
Dieldrin 0.054 56 Boese et al. 1997

Hyalella azteca

DDT 0.113 27 Lotufo et al. 2000a
DDD 0.180 17 Lotufo et al. 2000a
DDE 0.386 8 Lotufo et al. 2000a

Leptocheirus plumulosus
DDT 0.48 6.25 Lotufo et al. unpublished

Diporeia spp.

DDT 0.017 179 Lotufo et al. 2000a
DDD 0.012 250 Lotufo et al. 2000a
DDE 0.014 208 Lotufo et al. 2000a

Heteromastus filiformis
DDT 0.103 29 Mulsow and Landrum 1995

Acartia erythraea
DDT 0.01-0.05 300-500 Wang and Wang 2005
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elimination rates for DDT, DDD, and DDE, and therefore longest time for steady-state, were reported
for the Great Lakes amphipods of the genus Diporeia, while the fastest were reported for the more
widely distributed amphipod Hyalella azteca (Lotufo et al. 2000a). The slowest elimination rate
for DDT was reported for the copepod Acartia erythraea. Few reports on toxicokinetics of other
OH pesticides were found for invertebrates. The elimination of endosulfan was much faster than
DDT or dieldrin in the polychaete Nereis virens (Haya and Burridge 1988), and the elimination rate
of dieldrin in the clam Macoma nasuta was in the same range as those reported for DDT, DDD,
and DDE in the same study (Boese et al. 1997). For fish, the DDT elimination rate constant for the
mangrove snapper (Lutjanus argentimaculatus) was 0.028 d-' and 0.002 d~! for aqueous and dietary
exposure, respectively (Wang and Wang 2005). Elimination of DDT from fish tissue varied by tis-
sue type and was lowest in viscera compared to gills and carcass after aqueous or dietary exposure
(Kwong et al. 2008).

Exposure route (aqueous or dietary) may influence tissue distribution and transformation pro-
cesses (Kwong et al. 2008) but did not influence DDT absorption efficiency (Wang and Wang 2005).
The OH compound concentration in the diet may influence assimilation efficiency. DDT contami-
nant uptake efficiency by fish reported from studies using part per million (mg/kg) range concen-
trations in diet were 20% in rainbow trout (Oncorhynchus mykiss) (Macek et al. 1970), 12-25% in
chinook salmon (O. tshawytscha), 38—68% in coho salmon (O. kisutch) (Buhler et al. 1969) and
17-27% in Atlantic menhaden (Brevoortia tyrannus) (Warlen et al. 1977). DDT uptake efficiency
by Asian seabass (Lates calcarifer) from food containing DDT in the part per billion (ug/kg) range
was 98% (Bayen et al. 2005). Assimilation efficiency also may be influenced by prey type, as DDT
assimilation in mangrove snappers (Lutjanus argentimaculatus) was 72% when clams were the
DDT food source and 99% when copepods were the DDT source (Wang and Wang 2005).

Biotransformation is typically an important route of parent compound elimination especially
if it results in products that are more water soluble. Metabolic products of endosulfan include
endosulfan sulfate, which is not excreted, and alcohol, lactone, and ether, which are excreted.
Fifty percent of accumulated dietary endosulfan was estimated to be eliminated by transformation
(Berntssen et al. 2008). Endosulfan taken up by striped mullet (Mugil cephalus) was metabolized
to endosulfan sulfate after 28-day (d) aqueous exposure (Schimmel et al. 1977a). Chlordane metab-
olizes to oxychlordane and also can be dehydrochlorinated to heptachlor. For DDT, metabolism
(chemical reduction) results in reduction of the parent DDT compound in fish and an increase in
the more resistant DDE metabolite over the more readily excreted DDD metabolite (Kwong et al.
2008) (Table 2.4). The result is an enrichment of the DDE metabolite in fish tissue after longer
exposures. Biotransformation rate data in fish are lacking for most compounds. A QSAR was
developed to predict screening level whole-body biotransformation of organic compounds in fish
(Arnot et al. 2009).

In invertebrates, the degree and product of the transformation of p,p’-DDT varies among spe-
cies (Table 2.4). Following a 3-d exposure of seven species to DDT in water, the parent compound
was present at higher concentration than the sum of the transformation products in five species, and
DDE was present at higher concentrations than DDD, which was below detection limit in the tissues
of five species (Johnson et al. 1971). The amphipods Diporeia spp., exposed for 28 d, transformed
only a very small fraction of the DDT entering the tissues to DDD, while most DDT was trans-
formed to DDE in H. azteca (Lotufo et al. 2000a). Biotransformation considerations will improve
kinetics modeling for compounds subject to transformation, and is especially relevant when parent
compound and different metabolites vary in toxic potency.

Variable bioaccumulation of DDT in different tissues and organs is a function of differences
in lipid content and biotransformation activity. In catfish (Heteropneustes fossilis), concentra-
tions were highest in the liver followed by ovary and brain (Singh and Singh 2007). Holden (1966)
noted that DDT distribution in salmon differed under different exposure durations. After acute
exposure salmon had higher concentrations in the liver, spleen, and fat, while chronic exposures
resulted in liver concentrations similar or lower than muscle concentrations. Organ to whole-body
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TABLE 2.4
DDT and Transformation Products Expressed as Percentage of Total Body Residue in Fish
and Invertebrates Exposed to Either Technical- or p,p’-DDT

Exposure
Species DDT DDE DDD Other (Days) Reference
Fish
Fathead minnow 7.8 80.3 13.4 0 266 Jarvinen et al. 1976
Brook Trout 45.7 14.8 39.5 0 156 Macek 1968
Goldfish 60.2 349 4.8 0 4 Davy et al. 1972
Invertebrates
Daphnia magna 73.4 19.7 6.6 0 3 Johnson et al. 1971
Gamarus fasciatus 79.1 20.9 0 0 3 Johnson et al. 1971
Palaemonetes 50.9 13.2 7.2 28.7 (DTMC?, 3 Johnson et al. 1971
kadiakensis DBPY)
Hexagenia bilineata 14.9 85 0 0 3 Johnson et al. 1971
Ishnura vericalis 39.2 60.2 0 0 3 Johnson et al. 1971
Libellula sp. 56.3 28.4 0 15 (DTMC) 3 Johnson et al. 1971
Chironomus sp. 80.8 19.1 0 0 3 Johnson et al. 1971
Neanthes 63.5 6.3 4.5 25.7 (polar) 28 Lotufo et al. 2000b
arenaceodentata
Hyalella azteca 34.4 64.4 0 1.2 (polar) 10 Lotufo et al. 2000a
Diporeia spp. 95.7 4 0.3 (polar) 28 Lotufo et al. 2000a
Leptocheirus 83.6 9.7 0 6.7 (polar) 2 Lotufo et al.
plumulosus unpublished

Note: All organisms were exposed in water to p,p’-DDT, except brook trout which were exposed to technical DDT and
Neanthes arenaceodentata, which were exposed to p,p’-DDT-spiked sediment.

2 1,1,1-trichoro-2,2,-bis( p-chlorophenyl)ethanol.

b 4,4’-dichlorobenzophenone.

relationships can be difficult to predict and may vary among species, between genders, and by age.
DDT concentrations in a variety of whole fish were 4—12 times higher and averaged 10-times higher
than the skin-off fillet concentrations (NOAA and EPA 2007). White croaker DDT whole-body to
fillet ratio was 7-8 in this study.

The fate of DDT and its transformation products in different organs and tissues was examined
in crustaceans. In aqueous exposure to DDT, Crosby and Tucker (1971) reported that a significant
proportion of the total body residue in daphnids was adsorbed externally by the exoskeleton. A long-
term exposure (56 d) of the pink shrimp, Farfantepenaeus duorarum (formerly Penaeus duorarum),
to spiked water resulted in residues of DDT in the hepatopancreas exceeding those in other tissues
by wide factors (e.g., 30, 275, and 550 when compared to residues in the gills, digestive tract, and tail
muscle, respectively) (Nimmo et al. 1970). For all organs investigated, DDT transformation prod-
ucts were only approximately 10% of the total residue. Similar findings were reported for the lobster
Homarus americanus (Guarino et al. 1974). Seven days following a 7-d water exposure, approxi-
mately 91% of the administered radioactivity was found in the hepatopancreas, 1% in the gill, 4% in
the intestine, 3.2% in the egg masses, and 1% in the tail muscle. Similar distribution among organs
and tissues was obtained 7 d following a single dose injection of DDT. The hepatic organ contained
large amounts of lipids, 50—60% of the wet weight, explaining in part the high concentration rela-
tive to other organs. The identity of the radioactivity in the hepatopancreas, determined 48 h after
DDT injection, was 91% parent compound, 6.8% DDD, and 2.6% DDE.
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2.4.1 BIOMAGNIFICATION

Biomagnification occurs when the thermodynamic activity of the chemical in an organism exceeds
that of its diet (Arnot and Gobas 2006). It is expressed as a factor (biomagnification factor or BMF),
which for hydrophobic organics is the ratio of the lipid-normalized residue in the predator divided
by the lipid-normalized prey residue. Use of stable isotopes to establish trophic relationships has
enabled improved quantification and understanding of factors affecting biomagnification. In addi-
tion to lipid content, organism size, dietary sources, and intrinsic toxicokinetic parameters have a
role in biomagnification (Banas et al. 2009). Biomagnification was reported for DDT (e.g., Fisk et al.
1998, Kidd et al. 2001, Hu et al. 2010), mirex (Fisk et al. 1998), p,p’ DDE and chlordane (Strandberg
et al. 1998, Ruus et al. 1999), and endosulfan (Berntssen et al. 2008).

Concentrations of some OH compounds biomagnify for specific metabolites. For exam-
ple, DDT concentrations, in the form of p,p’ DDE, and chlordane in the form of oxychlordane
and trans-nonachlor increase in higher trophic predator species compared to concentrations in
prey (Strandberg et al. 1998, Ruus et al. 1999). B-Endosulfan had higher biomagnification than
oa-endosulfan (Berntssen et al. 2008).

BMFs were determined for mirex and 3 toxaphene congeners (Fisk et al. 1998). BMFs in rain-
bow trout were 1.8 and 2.9 for mirex at two concentrations in the diet. For the higher chlorinated
toxaphene congeners, BMFs ranged from 2.1 to 4.9, depending on concentration in the diet. In this
study of laboratory-derived parameters relating to bioaccumulation, Fisk et al. (1998) observed a
curvilinear relationship between log K, and BMFs. BMFs were highest for compounds with high
log K., and low transformation. The BMF for p,p’-DDT was 1.7 in a freshwater food web in China
(Hu et al. 2010). Trophic position was a key determinant, along with lipid, of DDT body residue in
a freshwater food web (Kidd et al. 2001). The relationship between lipid and DDT bioaccumulation
is explored in more detail in the next section.

2.4.2 LiriDs

OH compounds that have low solubility in water (hydrophobic) will partition into lipids within an
organism. Lipid content and lipid dynamics are important considerations for understanding OH
tissue-residue effect data. Accumulation, transfer, and toxicity of OH compounds can be affected by
lipid quantity and type. Contaminants tend to partition into lipids with similar polarity. Polar lipids
are associated with cell membranes, which are the site of baseline toxicity. Nonpolar lipids such as
triglycerides, cholesterol, and wax esters serve as energy storage. Triglycerides are an important
storage lipid in fish. Contaminants can become associated with these storage lipids and are thereby
removed from sites of toxic action. Periods of stress, starvation, migration, and/or spawning can
draw on and deplete those lipid reserves. As lipid stores are depleted, organochlorine compounds
can move to sites of toxic action within the organism where they become available to exert toxic
effects (Jgrgensen et al. 2006).

The OH-lipid relationship is complicated by a number of factors, but for many compounds and
species, lipid normalization can reduce variability in measured tissue residues. For example, lipid
normalization reduced the variability of aqueous lindane toxicity across multiple fish species and
toxicity to lindane decreased with increasing lipid content (Geyer et al. 1994). Lipid normalization
also reduced DDT and DDD lethal CBR variability between two freshwater amphipods (Lotufo
et al. 2000a). However, difference in lipid content did not account for major differences in DDT
uptake and elimination kinetics between males and females of the polychaete Neanthes arenaceo-
denta, as steady-state lipid-normalized body residues were three times higher in females than in
males (Lotufo et al. 2000b).

Understanding how best to interpret the residue-effect literature, and whether to express residue-
effects as wet-weight or lipid-normalized (ww or dw residue divided by % tissue lipid) is still being
evaluated and the best approach may differ for different compounds, species, and tissue types. For
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hydrophobic compounds, normalization to a specific lipid pool such as storage lipid, may improve
the toxicity relationship (Delbeke et al. 1995). Residue effect studies often do not report lipid con-
centrations, and lipid concentrations vary seasonally, with life stage and gender. Different measure-
ment techniques and solvents used for lipid analysis can also yield different results on the same
samples (Randall et al. 1991, 1998). Understanding lipid dynamics is a key issue for OH residue
transfer and toxicity, especially as it relates to maternal transfer and dose to developing sensitive
life stages. Elskus et al. (2005) review many of the important factors affecting persistent contami-
nant toxicity in fish in the context of lipids.

2.4.3 MATERNAL TRANSFER

The maternal transfer of accumulated OH contaminants to developing offspring is a significant and
critical pathway for early life-stage exposure and potential for toxicity to this sensitive life stage.
Highly lipophilic compounds may be mobilized from parental stores and transferred into the devel-
oping eggs as lipids move from adult storage tissues during oogenesis. Lipophilic OH pesticides
tend to concentrate in lipid-rich gonads where they are available to exert toxic effects during early
development. During oogenesis, estrogen stimulates the formation of the egg yolk precursor protein
known as vitellogenin that serves as nutrient reserves to the developing oocyte in the fish ovary. OH
compounds can bind to vitellogenin and other lipoproteins and be transported into the developing
oocytes (Ungerer and Thomas 1996). Fish early developmental stages are a period of enhanced
sensitivity during the formation of the body’s major systems. Maternally transferred OH pesticides
may have a stronger influence on toxic effects to fish larvae during the first few weeks of feeding
than dietary sources (Westin et al. 1985). Bioaccumulation in fish at early life stages is higher than
in juvenile or adult fish because of lower metabolic capacity. In addition, enzyme systems may not
be sufficiently developed to reduce the toxicity of accumulated compounds.

2.5 TOXICITY

2.5.1 MoDES OF ACTION

Early studies on the effects of OH compounds on aquatic organisms focused primarily on mortality
endpoints during short-term exposures. Many researchers noted the rapid death of sensitive indi-
viduals at relatively low tissue concentrations and the ability of remaining “resistant” organisms to
accumulate high residues. Death from central nervous system (CNS) disruption was considered the
primary mode of action for these compounds. The focus of recent literature for DDT and some other
OHs has shifted toward understanding sublethal effects, in particular endocrine system disruption
in fish. The potency of OH pesticides to act as endocrine disruptors in fish and invertebrates is gen-
erally low compared to natural hormones, however environmental OH concentrations may be high
enough alone, or in combination with other endocrine disrupting substances, to cause effects. The
cumulative effect of endocrine disruptors in the environment is an emerging area of research. The
next paragraphs provide a brief overview for several modes or mechanisms of action to help inter-
pret residue-effect endpoints frequently encountered in the fish and invertebrate OH tissue-residue
literature.

DDT has been described as a neurotoxin (Bloomquist 1996). Accumulation of OH pesticides
within the nerve tissue is the site of toxic action for CNS disruption. DDT and other organochlo-
rines act on the CNS via nerve cell membrane sodium channels. Molecules of OH pesticides bind to
the lipid-rich membrane-sheaths of nerve axons where they may interfere with sodium and potas-
sium ion permeability. The passage of “action potential” is disrupted and results in uncontrolled
spontaneous discharges along the nerve rather than normal responses to stimulation. Endpoints
resulting from this mode of action include seizures and behavioral abnormalities that can result in
mortality. Cyclodiene pesticides may act on the nervous system through a different mechanism.
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For example, lindane, dieldrin, and endosulfan alter chloride ion flux via the gamma-aminobutyric
acid (GABA) receptor leading to excitation and hyperactivity, and afterward, suppression (Narahashi
2000). Reduced activity, also known as hypoactivity or lethargy, may result from this mechanism
of action (Ballesteros et al. 2009).

For the neurotoxic mode of action, DDT is expected to promote mortality when whole-body resi-
dues reach levels well below those observed for organic compounds that act by general narcosis, or
baseline toxicity (McCarty and Mackay 1993). However, given the wide range of lethal CBRs in fish
and invertebrates, DDT may have a strong neurotoxic action in some organisms, but only a weak
action in others; it may produce mortality mostly by a baseline toxicity mechanism. Neurotoxic
effects of DDT were noted as spasms, lack of coordination or swimming ability or immobiliza-
tion in daphnids (Daphnia magna) (Crosby and Tucker 1971), crabs (Cancer irroratus) (Neufeld
and Pritchard 1979), and amphipods (Lotufo et al. 2000a), and hyperactivity in bluegill (Lepomis
macrochirus) (Ellgaard et al. 1977). It was noted that the amphipods Diporeia spp. exposed to DDT
and DDD became sluggish and increasingly immobilized long before death occurred (Lotufo et al.
2000a).

Although DDT and DDD are expected to promote neurotoxicity to varying degrees in inverte-
brates, that mode of action may be weak or not-exist for the transformation product DDE, which
produced mortality at levels considered typical for compounds with a baseline toxicity mode of
action (Lotufo et al. 2000a, Hwang et al. 2004).

Some OH pesticides are also endocrine disruptors. The endocrine system controls the activity
of hormones in the body and substances that interfere with the modulation of these hormones are
known as endocrine disruptors. The endocrine (estrogenic) effects of DDT exposure were identified
early when cockerels were noted to have decreased testes size and reduced reproduction (Burlington
and Lindeman 1950). The similarity in the molecular structure of DDT to synthetic estrogens was
noted at that time, but the field of endocrinology was not well developed. Since about the mid-1990s,
endocrine disruption from organochlorine exposure has been a major research area for fish and
other vertebrates.

Hormone activity can be disturbed by different mechanisms such as OH interaction with hormone
receptors, or alteration of steroid synthesis and metabolism (Garcia-Reyero et al. 2006). Endocrine
disruptors can interfere with hormone synthesis in the thyroid gland via a number of mechanisms
that are still not well-understood. The thyroid controls a number of physiological functions in fish
such as reproductive status and embryogenesis. Sex-steroid hormones control sex-specific gonad
differentiation activities such as gonadal recrudescence. Substances that mimic sex hormones are
known as estrogens or xenoestrogens if they can bind to estrogen receptors and regulate the activity
of estrogen responsive genes. Examples of xenoestrogenic substances are: o,p’ DDD; p,p’ DDT and
o,p’ DDT; and endosulfan, as described later. Compounds that interfere with male sex hormones are
androgenic. Examples include p,p’ DDE and p,p’ DDT. Since the endocrine system controls many
reproductive functions, disruption can impact the number and health of offspring produced.

During fish sexual maturation, estrogen stimulates the formation of the egg yolk precursor pro-
tein, known as vitellogenin, in the liver of female fish. Female fish livers contain high concentra-
tions of estrogen receptors and can synthesize large quantities of vitellogenin, especially during
their reproductive season. Vitellogenin serves as nutrient reserves to the developing oocyte in the
fish ovary and concentrations increase dramatically during the reproductive phase to enable female
fish to form the many, often thousands, of eggs. In contrast, male fish produce no or extremely small
quantities of vitellogenin (Sumpter and Jobling 1995). The concentration of plasma vitellogenin
indicates estrogen stimulation (Donohoe and Curtis 1996) and is one way to measure exposure to
endocrine disrupting compounds in fish. A number of studies in this chapter report vitellogenin and
steroid hormone measurements as an endpoint. Induction of vitellogenin was initially considered a
biomarker for exposure to endocrine disrupting compounds; however, its connection to reproduc-
tive impairment, especially in female fish is becoming supported by more data (Cheek et al. 2001,
Thorpe et al. 2007). Therefore, it will be the focus for endocrine disruptive effects reported here.
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Studies investigating altered gene expression connected with hormone synthesis from OH exposure
is an active area of research but residues are typically not reported (e.g., Zhang and Hu 2008).

A number of studies have examined endocrine responses from exposure to DDT isomers to fish;
however, few have measured tissue residues associated with these effects. The naturally occurring
estrogen, 17B-estradiol (E,) is often used as a positive control to compare the responsiveness of
potential estrogenic substances. Studies reporting the dose administered to fish egg/embryo via
nanoinjection are included in the DDT residue section below.

Endocrine disruption in invertebrates is an area of increasing research but relationship with resi-
dues has not been reported to date. Depledge and Billinghurst (1999) suggested that DDT, endrin,
toxaphene, and endosulfan may cause endocrine disruption in invertebrates. Exposure of midges to
DDE promoted decreased fecundity in association with body residues 2 orders of magnitude lower
than those found to promote mortality (Hwang et al. 2004). The DDE effect on insect fecundity may
be attributable to endocrine disruption, although the onset of endocrine disruption of DDE may be
mechanistically different in insects and fish (Hwang et al. 2004).

2.6 TISSUE-RESIDUE EFFECTS—FISH AND INVERTEBRATES

Studies reporting organismal-level effects associated with a whole-body residue, including appro-
priate control treatments, were identified with the aid of the Army Corps of Engineer Environmental
Residue Effects Database (ERED) as well as library and internet search engines. For some com-
pounds with little or no whole-body effect data, studies that reported fish organ concentrations were
also selected. No-effect and low-effect whole-body residue concentrations and the associated effect
were identified from each study. CBR data are reported individually in tables or in text descriptions.
CBR data are combined and summarized when data are sufficient. The following sections, orga-
nized by OH compound, present CBR data for fish and invertebrates. Unless specified, all residue
concentrations are wet-weight.

2.6.1 DDT

The DDT pesticide was applied as a technical mixture. Technical DDT is composed of a mixture
of DDT forms, approximately 77% p,p'-DDT, 15% o,p’-DDT, 4% p,p’-DDE, and 0.4% DDD (U.S.
EPA 1980). The less persistent DDT analogue methoxychlor was once widely used as a pesticide but
is not covered in this review.

The ratios of o,p’-isomers to total DDT in the environment can provide information about the
DDT source since the form applied as an insecticide was technical DDT enriched in the p,p’ DDT
form. When the o,p’ DDT to DDT ratio is greater than 20%, the source likely is not insecticidal and
could be from either industrial DDT production or storage (Nowell et al. 1999). Early studies with
DDT primarily dosed fish with the technical mixture, with a high percentage of p,p’-DDT.

The following sections review the residue effect literature for DDT in fish and invertebrates.
Sections are grouped by DDT isomer and include literature that has focused on endocrine disruption
in fish. Invertebrate CBRs for p,p’-DDT, -DDD, and -DDE from specific studies are presented in
Table 2.5. > DDT fish CBR ranges and medians are summarized in Table 2.6, and invertebrate CBR
ranges and medians for DDT isomers are summarized in Table 2.7.

2.6.1.1 p,p’-DDT

2.6.1.1.1 Fish

In a previous analysis, Beckvar et al. (2005) examined different approaches for developing protec-
tive whole-body DDT residues for fish. Using scientific literature primarily consisting of mortality
studies and technical or p,p’-DDT exposure, four approaches were explored for analyzing no- and
low-observed effect residues from different fish species. Results from the different approaches
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TABLE 2.5

Toxicity Associated with DDT, DDD, and DDE in Tissues of Aquatic Invertebrates

(mg/kg ww)

Species

Callinectes sapidus
Callinectes sapidus
Callinectes sapidus

Penaeus sp.
Farfantepenaeus
duorarum
Hyalella azteca
Hyalella azteca
Diporeia spp.
Diporeia spp.
Daphnia magna
Leptocheirus
plumulosus
Heteromastus
filiformis
Neanthes
arenaceodentata

Hyalella azteca
Diporeia spp.

Hyalella azteca
Hyalella azteca

Chironomus riparius

Chironomus riparius

Lumbriculus
variegatus

Daphnia pulex

— Not available.

No Effect

mg/kg

0.13

0.1

1.0

0.5
128

1.2

34

28

6.5

30

79.2

Low Effect

mg/kg

0.95
1.0
0.30

0.26
0.15

2.1
2.8
15.6
59
1150
2.7
59

35

15.0
93.1

126.6
116.8
60

0.8

178.4

14

Exposure

p,p'-DDT

14 d in diet

21 d in diet
Single oral dose

15 d in diet
22 d in water

10 d in water
10 d in sediment
28 d in water
28 d in sediment
26 h in water
28 d in sediment

28 d in sediment

28 d in diet

p,p’-DDD
10 d in water
28 d in water

p,p’-DDE

10 d in water

10 d in water

From 2nd instar to
adults in diet

From 2nd instar to
adults in diet

35 d in diet

5 d in water

Effect

Mortality
Mortality
Behavior

Mortality
Mortality

Mortality
Mortality
Mortality
Mortality
Mortality
Mortality

Feeding rate

Growth

Mortality
Mortality

Mortality
Mortality
Mortality

Development
delayed,
fecundity

Mortality

Feeding

Reference

Butler 1969

Leffler 1975

Neufeld and Pritchard
1979

Butler 1969

Nimmo et al.1970

Lotufo et al. 2000a
Lotufo et al. 2001b
Lotufo et al. 2000a
Lotufo et al. 2001b
Crosby and Tucker 1971
Lotufo et al. 2001a

Mulsow and Landrum

1995
Lotufo et al. 2000b

Lotufo et al. 2000a
Lotufo et al. 2000a

Lotufo et al. 2000a
Landrum et al. 2005
Hwang 2000

Hwang et al. 2004

Fisher et al. 1999

Bengtsson et al. 2004

were compared to the mean of the control concentrations from the included studies, and ambient
DDT concentrations to determine the reasonableness of the calculated no-effect threshold resi-
dues. A concentration of 0.6 mg/kg DDT was calculated as the concentration below which effects
(primarily mortality) to juvenile and adult fish were expected to be unlikely. For early life stages a
threshold residue of 0.7 mg/kg DDT was calculated from the available literature. Data used in this analysis
were mostly older studies reporting lethal effects so the calculated thresholds were considered pro-
visional. Sublethal residue-effect data and data correlating isomer-specific residues with an effect
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TABLE 2.6

Summary of CBR Ranges and Medians for OH Compounds in Whole-Body Fish
(mg/kg ww)

Chemical Response Life Stage Range Median? n
>DDT® Lethal Juv/adult 0.29-113 2.38 6
>DDT® Lethal ELS¢ 0.89-24 1.27 9
>DDT Sublethal Egg 0.005-91 0.045 4
p.p'-DDE 1 Sex steroids Adult 0.38-0.59 2
o,p’-DDT Sublethal Egg 0.02-91 0.07 3
Dieldrin Lethal Juv 0.2-5.9 2
Endrin Lethal Juv/adult 0.012-1.7 0.88 9
Endosulfan Lethal Juv/adult 0.03-0.36 0.27 3
Chlordane Lethal Adult 0.7-16.6 11.4 3
Heptachlor Lethal Adult 0.33-34 4.1 6
Heptachlor epoxide Lethal Adult 0.23-11 1.0 6
Lindane Lethal Adult 5.2-79 10.8 4
Toxaphene Lethal Adult 1.9-6.1 3.25 4
Toxaphene Lethal Fry/juveniles 24.7-46.6 34 4
Toxaphene Sublethal Adult 0.4-5.9 1.95 4
Toxaphene Sublethal ELS¢ 0.4-10 0.95 6

2 Up to 100% mortality included for lethal effects.
® From studies reporting lethality in Beckvar et al. (2005); primarily technical or p,p’-DDT.
¢ ELS, early life stages; egg, embryo, and fry.

TABLE 2.7
Summary of CBR Ranges and Medians for OH Compounds in
Invertebrates (mg/kg ww)

CBR

Chemical Response Min Max Median n

p.p-DDT Lethal 0.15 1150 24 10
p,p'-DDD Lethal 15 93 — 2
p.p'-DDE Lethal 60 178 122 4
Dieldrin Lethal 0.08 2.1 1.05 4
Endrin Lethal 0.03 358 0.61 7
Endosulfan Lethal <0.01 0.21 — 2
Chlordane Lethal 1.7 9.1 — 2
Heptachlor Lethal 0.02 3.5 — 2
Mirex Lethal 0.02 10.4 0.27 11
Lindane Lethal 0.03 5.2 — 2
Toxaphene Lethal 0.54 2.7 — 2

were insufficient for analysis. No recent studies using technical or p,p’-DDT were found to add to
this previously compiled dataset. Using the studies identified in Beckvar et al. (2005), the median
effect concentrations for different life stages were calculated and are reported in Table 2.6 to com-
pare with median CBRs from other OH pesticides.
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2.6.1.1.2  Invertebrates

The lowest reported lethal CBR (0.15 mg/kg) for p,p’-DDT was for the pink shrimp, F. duorarum,
exposed for 22 d to 0.14 ug/L in water in a bioaccumulation experiment (Nimmo et al. 1970)
(Table 2.5). The authors stated that this concentration is lethal to those shrimp after 22 d, but did
not report percent mortality. Close to 100% mortality likely occurred by day 28, as bioaccumula-
tion data for that sampling period were not provided. A lethal CBR (0.26 mg/kg) was reported for
shrimp (Penaeus sp.) fed oysters exposed to p,p’-DDT (Butler 1969). After 15 d, mortality was
57% (no statistical comparison provided) and whole-body residue in dead shrimp was 0.26 mg/kg.
Mortality in both control shrimp (13%) and DDT treatment groups was partially attributed to
cannibalism. The same study reported a lethal CBR of 0.95 mg/kg for crabs (Callinectes sapidus)
fed DDT-exposed oysters (Butler 1969). After 14 d, mortality (54%) was lower than in control crabs
(no statistical comparison provided), where high mortality (38%) was also explained by cannibal-
ism. A later study reported three weekly feedings of 3.2 ug DDT resulting in crab mortality at a
body residue of 1 mg/kg (Leffler 1975). The percent mortality associated with this lethal residue
was not reported. The study also reported that slightly lower concentration (0.82 mg/kg) caused a
significant decrease in ability to regenerate limb and doubled metabolic rate. No effects were asso-
ciated with a body residue of 0.13 mg/kg. Sublethal effects for adult C. sapidus injected with DDT
(isomer not specified) targeting 0.3 mg/kg body weight were convulsions and lack of coordination,
which disappeared within 24 h (Neufeld and Pritchard 1979).

The lethal CBRs of p,p’-DDT for two amphipods commonly used in toxicity testing, the estuarine
Leptocheirus plumulosus (Lotufo et al. 2001a) and the freshwater H. azteca (Lotufo et al. 2000a),
were similar and higher than those reported for decapod crustaceans (Table 2.5). The median lethal
CBR for L. plumulosus (2.7 mg/kg) and H. azteca (2.8 mg/kg), measured after a 28-d exposure to
spiked sediment, were almost identical. A slightly lower median lethal CBR (2.1 mg/kg) was observed
after a 10-d exposure to water only (Lotufo et al. 2000a). In a 10-d sediment exposure, where no
supplemental food was provided, exposure to sublethal DDT concentrations significantly enhanced
growth in L. plumulosus (Lotufo et al. 2001a). No sublethal effects were reported for L. plumulosus
(reproduction or decreased growth) and H. azteca (decreased growth) in the latter studies.

Freshwater amphipods, Diporeia spp., which are ecologically relevant benthic organisms in
the Great Lakes, were more tolerant to p,p’-DDT exposure than H. azteca and L. plumulosus. In
28-d aqueous exposures, the median lethal CBR was 15.6 mg/kg (0.682 umol/g lipid) (Lotufo et al.
2000a). Using inability to actively swim on contact stimulus as the effect endpoint for lethargy, a
substantially lower median CBR of 4.5 mg/kg was reported for the same exposure. In a 28-d sedi-
ment exposure, a lower median lethal CBR was reported (5.9 mg/kg) (Lotufo et al. 2001b), but
mortality was reported as unexpectedly high and attributed to low lipid content and higher sensitiv-
ity of the batch of field organisms used in the experiment.

The CBRs reported for the water flea, D. magna (Crosby and Tucker 1971), were orders of
magnitude higher than those for other crustaceans. When exposed to p,p’-DDT in water for 26 h,
the median lethal CBR was 1170 mg/kg. A substantially lower CBR of 128 mg/kg caused only 4%
mortality but promoted immobilization in 64% of the exposed cladocerans. Full recovery of those
lethargic animals occurred upon transfer to clean water.

Polychaete worms (Heteromastus filiformis) were exposed to increasing spiked sediment concen-
trations of radiolabeled p,p’-DDT (Mulsow and Landrum 1995). Although no significant mortality
was reported, the feeding rate was estimated at various time periods as the quantity of fecal pellets
produced per individual per unit time. Significantly decreased feeding was associated with mean
CBRs of 5.9 mg/kg obtained in the highest sediment treatment group. The growth of another spe-
cies of polychaete, Neanthes arenoceodentata, exposed to p,p’-DDT-spiked food (fish flakes), sedi-
ment or both was significantly decreased at CBRs of 35 mg/kg (Lotufo et al. 2000b). Body residues
as high as approximately 140 mg/kg did not elicit lethal effects in those invertebrates, a no-lethal-
effect body residue similar to that reported for D. magna (Crosby and Tucker 1971).
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The range and median CBRs for p,p’-DDT in invertebrate species are summarized in Table 2.7.
Several studies reporting body residues of invertebrates exposed to p,p’-DDT in bioaccumulation
exposures did not report any associated mortality or sublethal effects. For bivalves, body residue
as high as 0.88 mg/kg in Mya arenaria and 0.13 mg/kg in Mercenaria mercenaria did not impact
their survival or feeding behavior (Butler 1971). When freshwater invertebrates were exposed to
DDT in water for 3 d for the determination of BCFs, highest reported body residues were 0.014
mg/kg for the dragonfly (Libellula sp.) 0.047 mg/kg for the crayfish (Orconectes nais) 0.075 mg/kg
for the damselfly (Ischnura verticalis) 0.1 mg/kg for the grass shrimp, Palaemonetes kadiakensis,
0.336 mg/kg for the mayfly, Hexagenia bilineata, and 0.440 mg/kg for the midge, Chironomus
sp., (Johnson et al. 1971). No effects were reported at a body residue of 6 mg/kg in the mayfly
(Ephemera danica) exposed in the lab (Sodergren and Svensson 1973). Longer exposure to DDT
would likely have resulted in higher body residues in the above species and until further investiga-
tion is conducted, their maximum tolerance to DDT bioaccumulation is unknown. Ingersoll et al.
(2003) reported a p,p’-DDT body residue of 1.9 mg/kg for the oligochaete, Lumbriculus variegatus,
exposed in the lab. They did not observe mortality, but did observe less activity and smaller size in
DDT-exposed oligochaetes compared to control.

2.6.1.2 o,p’-DDT
2.6.1.2.1 Fish

Several recent studies examine the effect of maternally transferred DDT isomers using egg-
nanoinjection techniques. For fish, DDT concentrations in the eggs were not measured during most of
these experiments. Instead, egg residues were estimated based on the injected dose and the approxi-
mate weight of the egg/embryo. In the Edmunds et al. (2000) study described below, DDT embryo
concentrations measured by gas chromatography were within 20% of the estimated embryo dose.
Therefore, doses reported in nanoinjection studies likely estimate actual residues in fish embryos.

Edmunds et al. (2000) injected five doses of o,p"-DDT into d-rR strain medaka (Oryzias latipes)
embryos 6-8 h after fertilization. Triolein injected and uninjected embryos served as controls and
estradiol-injected eggs served as positive estrogenic controls. DDT doses were injected into the yolk
of the embryos, not the oil globule, unlike studies with DDE described later. Percent hatch, survival
to 14 d posthatch and sex-reversal were measured and followed by breeding trials. Survival decreased
with increasing DDT dose with a least squares calculated LDy, of 511 ng/egg (or 511 mg/kg based
on average egg mass of 1 mg). Male to female sex-reversal occurred in 6 of 7 genetic males injected
with 227 ng/egg (or 227 mg/kg) DDT. Breeding success of these sex-reversed fish was about 50% and
similar to controls. The authors observed that the DDT oil droplet remained intact throughout hatch-
ing, so the amount of DDT exposure is uncertain and may not be related to the injected dose.

Adult female medaka were exposed to aqueous concentrations of o0,p’-DDT to study maternal
transfer and effects to offspring (Metcalfe et al. 2000). Adult females were exposed to a single sub-
lethal concentration of 2.5 pg/L o,p’-DDT for 2 weeks. During exposure, medaka maternal tissue
residues varied from a maximum of 109.6 mg/kg during exposure and decreased to 0.28 mg/kg after
23 weeks. Lipid-weight (Iw) DDT concentrations were similar between eggs and maternal tissues.
Median time to hatch was significantly longer in treated groups compared to controls, and ovarian
development was increased in offspring of DDT-treated fish. The mean DDT concentration in the
treated 3- and 6-week-old eggs was 91.2 mg/kg. In the same study, posthatch medaka treated with
aqueous exposures of 0,p’-DDT experienced altered sex ratios and males with testes-ova (intersex).
Tissue residues were not measured but testes-ova induction occurred at exposure to about 2 pg/L
mean aqueous concentration, and statistically significant difference in sex ratio occurred at about
5 pg/L mean concentration.

Lowered gonadosomatic index (GSI, gonad weight/body weight x 100) was measured in male-
summer flounder (Paralichthys dentatus) injected subcutaneously with o,p’-DDT using a slow-
release solvent (Mills et al. 2001). Liver concentrations were highly variable within a treatment
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group but increased in a dose-responsive manner with decreasing GSI after 8 weeks. Gonad
alterations were confirmed by histological analysis. Plasma testosterone concentration decreased
in a dose—dependent manner. Liver concentrations in o,p’-DDT treated fish ranged from 188.0 to
521.3 mg/kg compared to 0.3 mg/kg in control flounder after injection with 30, 60, and 120 mg/kg
body weight. No effects on these endpoints were observed when fish were injected with p,p’-DDE.
Study duration was important as a subset of fish that were followed for 15 weeks showed effects
(elevated plasma estradiol) not apparent when the study was concluded at 8 weeks.

Faulk et al. (1999) exposed adult Atlantic croaker (Micropogonias undulatus) to o,p’-DDT in the
diet and tested offspring to behavioral assays representing behaviors needed for survival such as
feeding and predator avoidance. Growth differences were not observed between control and treated
fish but behavioral alterations such as burst speed were reduced in larvae of treated fish. DDT egg
residues were 0.07 mg/kg in the low treatment group and 0.2 mg/kg in the high treatment group and
effects were dose-responsive.

2.6.1.2.2 Invertebrates

Studies reporting CBRs for o,p’-DDT for invertebrates were not found in the available literature.
Insufficient data for o,p’-DDT preclude toxicity comparison with p,p’-DDT based on exposure water
concentration.

2.6.1.3 o,p’-DDE, p,p'-DDE
2.6.1.3.1 Fish

Villalobos et al. (2003) injected o,p’-DDE into fertilized d-rR strain medaka embryos using a triolein
carrier solvent with 4 doses separated by tenfold dilution (0.0005-0.5 ng/egg or mg/kg based on 1 mg
medaka egg weight). o,p’-DDE was injected directly into the oil globule of early gastrula embryos.
The oil globule is used by the developing fish before hatching. Uninjected eggs and carrier-only
injected eggs served as controls. Survival was followed for 2 months. Mortality was statistically dif-
ferent in the highest treatment group with 56% mortality. Mortality occurred most frequently after
early development near the time of hatching. The authors note that the morphological defects noted
at death were consistent with effects observed from organochlorine exposure in field populations.
The survival-based no-observed adverse effect level (NOAEL) and low-observed adverse effect level
(LOAEL) egg residues from these dosing intervals were 0.05 and 0.5 mg/kg, respectively.

Papoulias et al. (2003) injected fertilized embryos of d-rR strain medaka using a triolein carrier
solvent with three doses of o,p’-DDE (0.005, 0.05, and 0.5 ng/egg, or mg/kg). After injection and
hatching, fish were reared until sexual maturity. Reproduction was assessed by quantifying GSI in
male and female fish. GSI was significantly reduced in all DDE treatments compared to triolein-
injected controls. Histopathic analyses revealed developmental alterations in oocyte formation in
the ovaries for all treated females, and reduction of testes size in males at the highest treatment
(0.5 ng/egg or mg/kg). Fish in the highest treatment group also weighed significantly more and had
the highest mortality (56%). The lowest CBRs for different endpoints from this study were 0.005
mg/kg for reduction in male and female GSI and 0.5 mg/kg for growth (increased) and mortality.

Carlson et al. (2000) injected 21-d postfertilization embryos of rainbow trout and coho salmon
using menhaden oil as a carrier. Prior to sexual differentiation and hatching of the fish, but after
organ formation, yolks were injected with o,p’-DDE and p,p'-DDE individually or as a mixture.
Both oil-injected and noninjected rainbow trout embryos served as control treatments. The ratio of
males to females was statistically different in fish injected with 80 or 160 mg/kg o,p'-DDE in one
of the experiments, but not in the others. Mortality in oil-injected control rainbow trout was high
in two of the experiments and was statistically higher than noninjected control fry in doses greater
than 40 mg/kg. Fish that were grown out for several years after injection had normal gonads and
spawned successfully. Residues measured in fat at the end of the study were higher in fish injected
with the p,p” isomer by a factor of 10 compared to the o,p’ isomer.
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Milston et al. (2003) report effects from o,p’-DDE exposure on immune function in fall chinook
salmon. Fertilized eggs were exposed to aqueous nominal concentrations of 10 and 100 mg/L
0,p’-DDE for 1 h after fertilization and an additional 2 h after hatch. After treatment, fish were
reared in the hatchery for 1 year when the effect on gonad histology and humoral immunity was
assessed. Fry with 0.02 mg/kg o,p’-DDE whole-body residue had significantly reduced ability to
respond to a bacterial antigen. These fry also weighed significantly less than controls at the first
sampling event. The authors believed that alteration of gonadal steroids during early development
likely caused the immune suppression observed 1 year after exposure, although they could not defi-
nitely rule out direct toxicity to o,p’-DDE.

Muller et al. (2004) exposed 2-year-old largemouth bass to p,p’-DDE spiked food for 30 and 50 d
and noted statistically reduced sex-steroid concentrations, 173-estradiol and 11-ketotestosterone
(E, and 11-KT), in both female and male fish at whole-body concentrations of about 0.375 mg/kg
DDE. No statistically significant difference in GSI of treated fish compared to control fish was noted
in these sexually immature fish.

Johnson et al. (2007b) measured sex-steroid concentrations in 2-year-old largemouth bass exposed
to p,p’-DDE in food for 120 d. Concentrations of E, in female bass were significantly reduced com-
pared to controls at 0.589 mg/kg p,p’-DDE in female carcass (ovary not included, Johnson 2005).
The authors were not able to fit a Hill slope dose—response relationship using the dose in the food
(not the tissue residues), and did not report whether the data could be fit to other dose—response
models.

Other studies have measured endocrine activity from exposure to p,p’-DDE; but did not measure
associated residues. For example, mature male guppies exposed to p,p’-DDE in food for 30 d dem-
onstrated impacts at cellular through organism level with reduced sperm cell counts, loss in sexual
coloration and changes in courtship behavior, and reduction in clutch size (Baatrup and Junge 2001).
The sperm count of males fed p,p’-DDE at the lowest dose had a hormetic effect, that is, was higher
than control fish. Juvenile male guppies exposed to the same concentration in food experienced
delayed development time, a skewed sex ratio, reduced sperm cell counts, reduced growth, and
altered sexual display coloration (Bayley et al. 2002). Male Japanese medaka exposed to p,p’-DDE
had reduced GSI and the highest exposure group had intersex (Zhang and Hu 2008).

2.6.1.3.2 Invertebrates

Lethal CBRs for p,p’-DDE were similar for a variety of freshwater invertebrates (Table 2.5). Median
lethal CBRs were 126.6 mg/kg for H. azteca exposed in water for 10 d (Lotufo et al. 2000a), 116.8 mg/
kg at day 10 for H. azteca exposed in water for 28 d (Landrum et al. 2005), and 178.4 mg/kg for
L. variegatus exposed via feeding on algae grown in spiked medium (Fisher et al. 1999). For the
midge Chironomus riparius fed algae exposed to p,p'-DDE, a lethal body residue of 60 mg/kg was
reported (Hwang 2000). Sublethal effects associated with DDE, were significantly delayed develop-
ment time in female midges and decreased fecundity occurring at approximately 0.8 mg/kg (Hwang
et al. 2004). For midge Chironomus dilutus (formerly C. tentans), body residues ranging from 10 to
60 mg/kg were reported as causing developmental delay (Derr and Zabik 1972). A body residue of
14 mg/kg for sublethal effect was reported for the cladoceran D. magna associated with decreased
feeding rate (Bengtsson et al. 2004). No significant mortality occurred in Diporeia spp. exposed for
28 d to a water concentration approaching the DDE solubility limit and producing body residues as
high as 429 mg/kg (Lotufo et al. 2000a).
Studies reporting CBRs for 0,p"-DDE for invertebrates were not found in the available literature.

2.6.1.4 o,p’-DDD, p,p’-DDD
2.6.1.4.1 Fish

o,p"-DDD is often present in tissue either as a metabolite of DDT or from the technical mix-
ture. A high DDD residue may indicate past use of the insecticide rothane. DDD acts on adrenal
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steroidogenesis in fish affecting cortisol production but effects have not been associated with resi-
dues. No dosing studies could be found that exposed fish to the DDD metabolite and measured
residue-effects.

2.6.1.4.2 Invertebrates

The lethal CBR of p,p’-DDD was reported for freshwater amphipods exposed to spiked water
(Lotufo et al. 2000a) (Table 2.5). Median lethal CBRs were 15 mg/kg for H. azteca exposed for 10 d
and 93.1 mg/kg for Diporeia spp. exposed for 28 d. In that study, a mean body residue of 46.7 mg/kg
was associated with paralysis characterized by inability to actively swim on contact stimulus. All
amphipods in the lowest exposure treatment were affected. No adverse effects were reported in
association with a measured body residue of 60 mg/kg in L. variegatus (Ingersoll et al. 2003).
Studies reporting CBRs for o,p’-DDD for invertebrates were not found in the available literature.

2.6.2 DDT DiscussioN

2.6.2.1 Fish

Most of the older literature reporting DDT residues associated with effects to fish focused on lethal
body residues from exposure to p,p’-DDT alone, or as the predominant form in the technical formu-
lation (Beckvar et al. 2005). Lethal body residues spanned several orders of magnitude for a variety
of fish species with CNS the mode of action studied (Table 2.6). Many authors noted behavioral
disorders preceded death, early life stages were more sensitive than adults, and smaller, leaner,
or more sensitive fish died more quickly. Few studies reported residues associated with sublethal
effects during these early investigations.

Recent investigations on effects to fish have focused on effects from specific DDT isomers,
mostly related to endocrine disruption. These studies observed effects at concentrations similar to
and much lower than those reported in the older literature (0.005-91 mg/kg). The variety of effect
endpoints, dosing techniques (nanoinjection), and life stages preclude detailed data analyses using
these recent investigations. However some general insights about sublethal effect endpoints and
effect ranges for the different isomers can be summarized from these more recent studies.

The studies dosing with o,p"-DDT measured endocrine-related effects and mortality at very high
egg residues. Doses of 0,p’-DDT injected into medaka embryos resulted in sex-reversal in males at
227 mg/kg, and survival was reduced by 50% at 511 mg/kg (Edmunds et al. 2000). This study dif-
fered from the DDE nanoinjection studies because o,p’-DDT was injected into the yolk, not the oil
globule of the embryo. o,p"-DDT fed to Atlantic croaker was found primarily in the triglyceride-rich
oil globule in oocytes (Ungerer and Thomas 1996). The way lipids are used from different parts
of the fish egg during early embryonic development may impact the ability of DDT to reach sites of
toxic action. DDT and lipid movement within developing embryos were correlated in brook trout
(Atchison 1976). Comparison of Edmunds et al. (2000) with the studies that injected DDT into other
parts of the embryo may not be appropriate.

Two studies using maternal transfer and o,p’-DDT measured effects for different endpoints at
very different egg concentrations. Eggs from aqueous-exposed adult female medaka contained a
mean concentration of 91.2 mg/kg o,p’-DDT, and median time to hatch was significantly longer for
these offsprings (Metcalfe et al. 2000). Eggs from adult female Atlantic croaker exposed to diet-
ary o,p"-DDT had residues of 0.07 mg/kg. At this much lower concentration, larvae demonstrated
behavioral alterations. The studies used different species, exposure routes, and effect endpoints, and
the relative contribution of these variables on the three order of magnitude difference in egg-effect
residues is unknown.

Alterations of sex-steroid hormones were observed in adult fish at residue concentrations from
0.3 to 0.6 mg/kg p,p’-DDE (Muller et al. 2004, Johnson 2005). Fish were exposed as adults in these
studies, not during sensitive early life stages, so the effect of a life-time exposure is unknown.
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Effects associated with o,p’-DDE exposure were reported as doses injected into fish embryos.
A reasonable assumption is that the injected embryo dose is a good estimate of the embryo residue
concentration (Edmunds et al. 2000). Dose—response relationships also support this assumption.
Medaka embryo CBRs associated with increased mortality were 0.5 mg/kg (Papoulias et al. 2003,
Villalobos et al. 2003), and an embryo dose/residue of 0.005 mg/kg was associated with reduced
gonad weights (GSI) in males and females (Papoulias et al. 2003). Immune response in Chinook
salmon fry 1 year after aqueous egg exposure to o,p’-DDE was reduced at a measured whole-body
CBR of 0.02 mg/kg, with growth significantly reduced at the first sampling event (Milston et al.
2003). CBRs for the DDE isomers in fish were less variable than for the DDT isomer, and the lowest
effect concentrations for fish embryos in Atlantic croaker for DDT (Faulk et al. 1999) were similar
to that observed for DDE in Chinook salmon (Milston et al. 2003).

The results from different isomer experiments report a variable ability for DDT isomers to affect
endocrine activity. This variability may be a function of life-stage differences, and the timing and
method of dosing in relation to development and sexual maturation of the organism. Species, gen-
der, and other variables among the reviewed studies make direct comparisons about the strength
of different DDT isomers as endocrine disruptors uncertain. For the studies reviewed here, the
o,p'-DDT isomer appeared to require higher concentrations compared to the DDE isomers for endo-
crine disruption. This result contrasts with effects in rats where the o,p"-DDT isomer was observed
to have higher potency for endocrine disruption (ATSDR 2002).

The lowest CBR for fish egg/embryo from the isomer-specific DDT studies reviewed were
associated with reproduction and behavior endpoints (0.005 mg/kg o,p’-DDE and 0.07 mg/kg
o,p’-DDT, respectively). Residues associated with mortality in fish eggs were 0.5 mg/kg o,p’-DDE.
Intersex or sex-reversal endpoints were associated with much higher egg DDT CBRs (80-90 mg/kg
o,p'-DDT).

Reduction in immune function response in 1-year-old fish exposed as eggs (Milston et al.
2003) was the endpoint associated with the lowest whole-body fry residue (0.02 mg/kg o,p’-DDE).
Residues associated with reductions in sex-steroid concentrations in adult fish (0.3—0.6 mg/kg) were
measured at concentrations comparable to residues associated with mortality reported by Beckvar
et al. (2005). However, for the sex-steroid endpoints (Muller et al. 2004, Johnson et al. 2007b),
DDE exposure was limited to only the adult life stage. Fish exposed throughout their life-time may
experience effects at lower residue concentrations.

Few studies are available to compare summary CBR data for DDT isomers in fish (Table 2.6).
Generally, median CBRs for fish egg life stage and sublethal effects are one to two orders of magni-
tude lower than CBRs for fish exposed during older life stages or lethal effects.

Several studies report reproductive effects from DDT exposure associated with concentrations in
fish organs. Hose et al. (1989) observed complete absence of spawning in white croaker (Genyonemus
lineatus) at concentrations greater than 3.8 mg/kg DDT in ovary, and reduction in spawning at ovary
concentrations of 2.2 mg/kg. Ovary concentration >0.2 mg/kg and dieldrin >0.1 mg/kg impaired
reproductive success in North Sea whiting (Merlangius merlangus) (von Westernhagen et al. 1989).
These concentrations are within the range of CBRs observed in the DDT isomer effect studies.

2.6.2.2 Invertebrates

Lethal CBRs reported for invertebrates span a wide range, from 0.15 mg/kg for pink shrimp, to
1150 mg/kg for daphnia with a median 2.4 mg/kg (Table 2.7). While most invertebrates investi-
gated appear to be sensitive to the neurotoxic effects of DDT; some such as daphnia and polychaete
worms, are apparently mostly tolerant to DDT specific mode of action. Lethal CBRs for the p,p’ iso-
mers of DDT, DDD, and DDE were compared using two species of freshwater amphipods. Striking
differences in the lethal CBRs for those compounds suggest that they may cause mortality via dif-
ferent modes of action. While DDT, and to a lesser degree DDD, likely act via neurotoxicity impair-
ing the normal functioning of voltage-sensitive sodium channels, DDE likely caused amphipod
mortality by a combination of baseline toxicity and a weak specific, yet unknown, mode of action
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(Lotufo et al. 2000a). Because the lethal CBR for DDE is much higher (lower toxicity) than for DDT
in amphipods, biotransformation acts as a protective mechanism against mortality. The DDE lethal
body residues in midges and oligochaetes were similar to those for amphipods, suggesting similar
mode of action across taxa. Unfortunately the lethal CBRs of DDT and DDD are unknown for those
species, and overall broad comparisons on modes of action for parent and transformation products
cannot be established. Based on toxicity comparison using water concentrations, DDD and DDE are
more toxic than the parent compound to freshwater planarians (Bonner and Wells 1987), suggest-
ing DDT metabolites may also act by specific modes of action associated with low body residues in
some invertebrates.

Lethal body residues for amphipods are among the lowest CBRs reported for invertebrates;
growth and reproductive effects were not significant for amphipods (Lotufo et al. 2000a, 2001a).
Delayed development in female chironomids and reduced fecundity occurred at a relatively low
CBR (0.8 mg/kg, Hwang et al. 2004). Sublethal effects were manifested in polychaete worms with
relatively high tolerance to the lethal effect of DDT, as both growth (Lotufo et al. 2000b) and feed-
ing rate (Mulsow et al. 2002). These data suggest that for species tolerant to the neurotoxic effects
of DDT, other specific modes of action may cause sublethal effects.

2.6.3 CYCLODIENES

2.6.3.1 Aldrin and Dieldrin

Aldrin and dieldrin exist as pure compounds or technical mixtures. The technical mixture of aldrin
contains not less than 85.5% pure aldrin. Dieldrin technical mixture contains not less than 80.75%
pure dieldrin. The toxicity of the pure compound is greater than the formulations in both cases.
Aldrin and dieldrin were used extensively in the United States until the 1970s and continue to be
used elsewhere to control insects such as termites and tsetse fly (Table 2.1). Aldrin rapidly metabo-
lizes to dieldrin in the environment, so even though toxic, tissue residues are generally measured
as dieldrin. Review of the residue literature for aldrin therefore primarily deals with dieldrin in
tissue.

2.6.3.1.1 Fish

Even though dieldrin is highly accumulated in fish tissue and widespread, studies for both lethal and
sublethal residue-effects are limited (Table 2.6). A dieldrin concentration of 1.21 mg/kg in winter
flounder (Pseudopleuronectes americanus) eggs was associated with 100% mortality (Smith and
Cole 1973). These eggs also contained 0.76 mg/kg DDT. Juvenile rainbow trout exposed to dieldrin
in water for 16 weeks had whole-body residues of 0.2 mg/kg and increased mortality compared to
control fish, but no statistics were provided (Shubat and Curtis 1986). Juvenile rainbow trout had
estimated whole-body dieldrin residues of 5.9 mg/kg in the treatment group with 100% mortality
after dietary exposure (Shubat and Curtis 1986). Behavioral effects in goldfish and bluegill (Lepomis
macrochirus) were noted at whole-body concentrations of approximately 3.7 mg/kg (Gakstatter and
Weiss 1967). One study observed 65% mortality at 62.4 mg/kg whole-body dieldrin in sheepshead
minnow (Cyprinodon variegatus) (Parrish et al. 1974), but residues in the control minnows were
1.1 mg/kg. Therefore, CBRs associated with mortality in sheepshead minnow from pre-exposed fish
in this study may be biased high.

Studies reporting sublethal effects observed histological changes and endocrine effects. A whole-
body dieldrin residue in spot (Leiostomus xanthurus) of 2.9 mg/kg was associated with histological
aberrations of lamellae in gill and mucosal epithelium in small intestine after aqueous exposure for
4 d. Circulating sex-steroid levels of E, and 11-KT were reduced in largemouth bass (Micropterus
salmoides floridanus) fed dieldrin in diet compared to control bass (Muller et al. 2004). GSI was
not significantly different between treated and control bass; however, according to the authors,
bass were sexually immature, possibly due to handling stress. Residues in whole-body bass were



DDT and Other Organohalogen Pesticides 73

approximately 0.1 mg/kg dieldrin in the treated bass, with fish retaining 30—35% of the 50-d total
administered dose. In a similar study, Johnson et al. (2007b, Johnson 2005) exposed 2-year-old
male and female largemouth bass to dietary dieldrin for 30 and 120 d. The longer exposure was
needed to measure reductions in sex-steroid concentrations in all the treated bass. Whole-body
residues at 120 d were similar in control and the lowest treatment group of fish, but sex steroids
were significantly reduced in all the treatment groups compared to control fish. Bass had average
whole-body dieldrin residues of 0.2 mg/kg in the lowest treatment and control groups. No difference
in GSI was noted after 120 d exposure.

2.6.3.1.2 Invertebrates

Invertebrate CBRs for aldrin and dieldrin are presented in Table 2.8 and summarized in Table
2.7. For dieldrin, invertebrate lethal body residue was lowest, 0.08 mg/kg, for the pink shrimp,
F. duorarum (Parrish et al. 1974) exposed in water for 96 h (44% mortality, full survival in the
control). Lethal body residues for other invertebrates were higher and within the narrow range of
1-2.1 mg/kg. For the midge, C. riparius, mortality (percent not reported) after 1 d exposure was

TABLE 2.8
Toxicity Associated with Cyclodienes in Tissues of Aquatic Invertebrates (mg/kg ww)

No Effect  Low Effect

Species mg/kg mg/kg Exposure Effect Reference
Aldrin
Chlamydotheca arcuata — 1 96 h in water Mortality Kawatski and

Schmulbach 1971

Dieldrin

Chironomus riparius — 1.1 24 h in water Mortality Estenik and Collins 1979
Chlamydotheca arcuata — 1 96 h in water Mortality Kawatski and

Schmulbach 1971
Palaemonetes pugio 0.09 2.1 96 h in water Mortality Parrish et al. 1974
Farfantepenaeus 0.016 0.08 96 h in water Mortality Parrish et al. 1974

duorarum
Crassostrea virginica 13.9 20 96 h in water Growth Parrish et al. 1974
Endrin
Palaemonetes pugio 0.18 0.61 96 h in water Mortality Tyler-Schroeder 1979
Palaemonetes pugio 0.02 0.19 96 h in water Mortality Schimmel et al. 1975
Farfantepenaeus 0.01 0.025 96 h in water Mortality Schimmel et al. 1975
duorarum

Pteronarcys dorsata 0.03 0.07 96 h in water Mortality Anderson and DeFoe

1980
Crassostrea virginica 0.26 16.4 68 h in water Mortality Mason and Rowe 1976
Crassostrea virginica — 5.8 96 h in water Growth Schimmel et al. 1975
Limnodrilus hoffmeisteri 58 358 43 din sediment ~ Mortality Keilty et al. 1988b
Limnodrilus hoffmeisteri 58 148 43 din sediment  Growth Keilty et al. 1988b
Limnodrilus hoffmeisteri 58 0.003 43 din sediment  Sediment Keilty et al. 1988b

reworking
Stylodrilus heringianus 62 118 43 din sediment ~ Mortality Keilty et al. 1988a
Stylodrilus heringianus — 1.5 43 din sediment  Sediment Keilty et al. 1988a
reworking

continued
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TABLE 2.8 (continued)
Toxicity Associated with Cyclodienes in Tissues of Aquatic Invertebrates (mg/kg ww)

No Effect  Low Effect

Species mg/kg mg/kg Exposure Effect Reference
Endosulfan
Palaemonetes pugio 0.065 0.21 96 h in water Mortality Schimmel et al. 1977a
Farfantepenaeus <0.01 <0.01 96 h in water Mortality Schimmel et al. 1977a
duorarum
Mytilus edulis 1.9 8.1 112 d in water Spawning Roberts 1972
Chlordane
Palaemonetes pugio 4.8 9.1 96 h in water Mortality Parrish et al. 1976
Farfantepenaeus 0.71 1.7 96 h in water Mortality Parrish et al. 1976
duorarum
Crassostrea virginica <0.01 27 96 h in water Growth Parrish et al. 1976

Heptachlor (heptachlor and heptachlor epoxide)

Farfantepenaeus — 0.0682 96 h in water Mortality Schimmel et al. 1976
duorarum

Farfantepenaeus — 0.016° 96 h in water Mortality Schimmel et al. 1976
duorarum

Farfantepenaeus — 0.21¢ 96 h in water Mortality Schimmel et al. 1976
duorarum

Palaemonetes vulgaris 0.32 3.5¢ 96 h in water Mortality Schimmel et al. 1976

Crassostrea virginica — 8.4¢ 96 h in water Growth Schimmel et al. 1976

2 Sum heptachlor and heptachlor epoxide (exposure to analytical grade heptachlor).
b Heptachlor epoxide (exposure to heptachlor epoxide).

¢ Sum heptachlor and heptachlor epoxide (exposure to technical grade heptachlor).
— Not available.

associated with a body residue of 1.1 mg/kg (Estenik and Collins 1979). Mortality (% not reported)
in the ostracod, Chlamydotheca arcuata, exposed for 48—-96 h was associated with body residues
less than 1.0 mg/kg (Kawatski and Schmulbach 1971). Parrish et al. (1974) reported a lethal CBR
of 2.1 mg/kg in the grass shrimp, the Palaemonetes pugio, displaying 20% mortality (full control
survival) in a 96-h exposure to dieldrin in water. Dieldrin body residues ranging from 14 to 107
mg/kg were reported as nonlethal to the Eastern oyster, Crassostrea virginica (Parrish et al. 1974,
Mason and Rowe 1976, Emanuelsen 1978), while this bivalve displayed decreased growth (24%, no
decrease reported for control oysters) at 13.9 mg/kg (Parrish et al. 1974). Statistical comparisons for
mortality data were not reported in the above studies.

The only lethal CBR for aldrin was reported for C. arcuata (Kawatski and Schmulbach 1971)
as less than 1 mg/kg. Highest no-effect body residues in invertebrates exposed to aldrin in water
ranged from 0.13 to 2.3 mg/kg (Butler 1971, Johnson et al. 1971). The later studies did not indicate
whether aldrin was transformed to dieldrin in those invertebrates. The reported body residues are
assumed to correspond to the aldrin-only body residue.

2.6.3.2 Endrin

Endrin is the stereoisomer of dieldrin. The technical formulation contains not less than 92% pure
endrin (WHO 1992). Endrin was introduced in 1951 and was used to control cotton crop pests in
the United States (Table 2.1). Endrin use is banned or highly restricted in many countries. Although
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similar in structure to dieldrin, endrin is more rapidly metabolized and accumulates to a lesser
degree in lipids.

2.6.3.2.1 Fish

Endrin has high acute aqueous toxicity to fish with a relatively narrow LC50 range. Lethal CBRs for
seven fish species ranged from 0.012 mg/kg in largemouth bass fingerlings (Fabacher and Chambers
1976) to 1.7 mg/kg in sailfin mollies (Poecilia latipinna) (Schimmel et al. 1975), and 0.9 mg/kg
median lethal CBR (Table 2.6). Lethal CBR for fingerling channel catfish (100% mortality) was
1.0 mg/kg (Argyle et al. 1973) and bluegill sunfish LR50 was 0.3 mg/kg (Bennett and Day 1970).
Fathead minnow fry CBR (89% mortality) was 0.24 mg/kg (Jarvinen and Tyo 1978). Adult fathead
minnow lethal CBR was 1.1 mg/kg (60% mortality), similar to adult sheepshead minnow lethal
CBRs (0.88-1.5 mg/kg; Schimmel et al. 1975, Hansen et al. 1977). One study reported hyperactiv-
ity in golden shiner (Notemigonus crysoleucas) at 0.21 mg/kg sublethal CBR (Ludke et al. 1968).
Exposures were acute and chronic duration, and all but one were aqueous exposures. Immune sup-
pression has been noted from endrin exposure, but CBRs were not reported.

2.6.3.2.2 Invertebrates

Invertebrate CBRs for endrin are presented in Table 2.8. Endrin lethal CBRs varied much more
widely than those for dieldrin, ranging from 0.025 to 358 mg/kg for eight species. As for dieldrin,
the lowest invertebrate lethal CBR, 0.025 mg/kg, was reported for the pink shrimp, F. duorarum
(Schimmel et al. 1975) exposed to technical grade endrin in water for 96 h (25% mortality, full sur-
vival in the control). In that same study, the grass shrimp, P. pugio was more tolerant, accumulating
0.19 mg/kg when mortality was 20% (full control survival). The 28-d median lethal CBR for giant
black stonefly Pteronarcys dorsata (Anderson and DeFoe 1980) was 0.07 mg/kg. Other inverte-
brates investigated were substantially more tolerant to endrin. High mortality (90%) of the eastern
oyster C. virginica occurred at a body residue of 16.4 mg/kg after a 7-d exposure (Mason and Rowe
1976). For the latter species, a lower reported residue of 5.8 mg/kg resulted in 40% decrease in
growth of juvenile oysters relative to control organisms after 96 h (Schimmel et al. 1975). Statistical
comparisons of mortality data were not reported in the above studies.

Keilty et al. (1988a) exposed the tubificid oligochaete, Limnodrilus hoffmeisteri, to sediment
spiked with endrin to investigate several toxicity endpoints as well as bioaccumulation. In contrast
to CBR of 358 mg/kg for significantly decreased survival (44%; 12% in the control) and 148 mg/
kg for decreased growth, feeding activity, measured as sediment reworking rate, was significantly
decreased at 0.003 mg/kg. Similarly, Keilty et al. (1988b) reported a significant decrease in feed-
ing activity in the oligochaete, Stylodrilus heringianus, associated with a CBR (1.5 mg/kg), much
lower than the reported lethal body residue (118 mg/kg) following a 43-d exposure to spiked sedi-
ment. Endrin body residues as high as 0.62 mg/kg in the bivalves Mya arenaria and 0.24 mg/kg in
Mercenaria mercenaria did not impact their survival or feeding behavior (Butler 1971).

2.6.3.3 Endosulfan

Endosulfan consists of two stereoisomers, alpha and beta, also known as endosulfan I and endosulfan
II. The technical grade mixture has alpha and beta isomers in an approximately 70:30 ratio (WHO
1984a), and the isomers have different toxicity. Aquatic toxicity to endosulfan I is generally greater
than toxicity from the other isomers, but the sulfate metabolite can have similar or greater toxic-
ity in some species (Knauf and Schulze 1973). Endosulfan is highly toxic to fish and invertebrates
and has resulted in kills following aerial spraying (Naqvi and Vaishnavi 1993). Fairly persistent in
water, soil, and sediment, endosulfan fish tissue residues declined rapidly after exposure ceased
(Schimmel et al. 1977a). Endosulfan use in the United States was reregistered by the U.S. EPA in
2001 (U.S. EPA 2002) but concentrations in fish were not analyzed by the USGS under its National
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Water-Quality Assessment (NAWQA) program. Endosulfan use in other countries such as China
and India also continues (PAN North American 2009).

2.6.3.3.1 Fish

Few studies have measured whole-body residues and toxicity. After uptake, endosulfan is
oxidized to the metabolite endosulfan sulfate. One study reported lethal CBRs after a 96-h expo-
sure to endosulfan. Spot, pinfish (Lagodon rhomboids), and striped mullet experienced 35-40%
mortality at whole-body total endosulfan concentrations of 0.031, 0.272, and 0.36 mg/kg,
respectively (Schimmel et al. 1977a). Most of the endosulfan was endosulfan sulfate. Adult
zebra fish exposed to endosulfan accumulated different concentrations of the individual isomers
with the alpha isomer measured at the highest whole-body concentration (Toledo and Jonsson
1992). Maximum total endosulfan residue after the 27-d exposure was 0.9 mg/kg and was asso-
ciated with alterations in gill lamella and zonal necrosis, and lipid accumulation in liver. In
Atlantic salmon, S-endosulfan was accumulated more readily and depurated more slowly than
a-endosulfan (Berntssen et al. 2008).

Matthiessen et al. (1982) measured whole-body residues in fish that died within 3 d after
aerial spraying with 35% endosulfan emulsifiable concentrate for tsetse fly control in Botswana.
Concentrations in juvenile fish ranged from 0.07 mg/kg whole body in African catfish (Clarias sp.) to
1.08 mg/kg in African cichlid (Haplochromis sp.). Adult southern mouthbrooder (Pseudocrenilabrus
sp.) that died had 1.46 mg/kg whole body. After 12 months, field fish still had detectable residues in
their tissue. In lab studies, Matthiessen et al. (1982) measured concentrations in organs associated
with mortality and noted that lean fish died more rapidly.

Endosulfan has been reported to have estrogenic properties, although study results are some-
times conflicting (e.g., Smeets et al. 1999, Hemmer et al. 2001, Balasubramani and Pandian 2008).
Reduction in cortisol levels in fish has been reported from in-vitro studies (Leblond et al. 2001).
CBRs associated with endocrine disruptive effects have not been reported.

2.6.3.3.2 Invertebrates

In the only study reporting endosulfan CBRs for invertebrates (Table 2.8), Schimmel et al. (1977a)
observed lethal effects (90% mortality, 100% survival in the control) in pink shrimp, F. duorarum
at water concentrations of 0.076 pg/L resulting in nondetectable residues of endosulfan I and II
and endosulfan sulfate (0.01 mg/kg detection limit) after 96 h. The same study reported a lethal
residue of 0.21 mg/kg for the grass shrimp, P. pugio (35% mortality, 100% control survival), that
was 63% endosulfan sulfate, 28% endosulfan I, and 9% endosulfan II (Schimmel et al. 1977a). The
same study reported decreased growth (78%), higher than in the control (10%) for C. virginica, and
no lethal effects were associated with a body residue of 19.9 mg/kg. Statistical comparisons for
mortality data were not reported in that study. Endosulfan body residues as high as 8.1 mg/kg in
the mussel Mytilus edulis did not impact their survival although timing of spawning was affected
(Roberts 1972).

2.6.3.4 Chlordane

Chlordane has been used on agricultural crops and for termite control. Pure chlordane consists
of cis- and trans-isomers. In its technical form it is a complex mixture of more than 140 related
compounds, including isomers, other chlorinated hydrocarbons, and byproducts. The approximate
composition of the technical grade chlordane manufactured by Velsicol is 24% trans-chlordane,
19% cis-chlordane, 10% heptachlor, 20.5% chlordenes, 5% trans-nonachlor, and 2.8% cis-nonachlor
(Cardwell et al. 1977). The most persistent forms often measured in tissue are trans-nonachlor and
cis-chlordane (Schmitt 2002b). Chlordane can be metabolized in the organism to form a number
of different metabolites (Table 2.1). The metabolic products such as heptachlor and its metabolite
heptachlor epoxide can be more toxic than the parent compound. Chlordane may be reported as
the sum of chlordane-related compounds (cis- and trans-chlordane, nonachlors, oxychlordane, and
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heptachlor epoxide) (Schmitt 2002b). Chlordane use is either banned or severely restricted in many
countries. Use in the United States has been prohibited since 1983.

2.6.3.4.1 Fish

Tissue-residue concentrations of chlordane associated with effects to fish come from one study that
used technical chlordane and two studies that used technical heptachlor for dosing. Pinfish lethal
CBR was 16.6 mg/kg and sheapshead minnow fry CBR for behavior was 87 mg/kg (Parrish et al.
1976). When exposed to technical grade heptachlor in chronic exposures, the sum of cis- and trans-
chlordane was measured in whole body, and heptachlor and heptachlor epoxide were also present
in tissues. Chlordane CBRs were 0.71 mg/kg for mortality in whole-body spot, and 3.85 mg/kg for
decreased swimming, and 11.1 mg/kg for mortality in whole-body sheepshead minnow (Schimmel
et al. 1976, Goodman et al. 1977a).

2.6.3.4.2 Invertebrates

Invertebrate CBRs for chlordane are summarized in Table 2.8. Parrish et al. (1976) reported CBRs
of chlordane associated with toxic effects in invertebrates. Lethal CBRs were lower for pink shrimp,
F. duorarum (1.7 mg/kg associated with 55% mortality), than for grass shrimp, P. pugio (9.1 mg/kg
associated with 45% mortality), exposed in water to technical grade chlordane; full control survival
was observed for both species. For C. virginica, decreased growth (41%), higher than in the control
(10%), and no lethal effects, were associated with a CBR of 27 mg/kg. Statistical comparisons for
mortality data were not reported in that study.

2.6.3.5 Heptachlor and Heptachlor Epoxide

Pure heptachlor was originally isolated from technical chlordane. The technical formulation for
heptachlor contains about 65% heptachlor, 22% trans-chlordane, 2% cis-chlordane, and 2% non-
achlor (Schimmel et al. 1976). Tissue residues in organisms exposed to technical heptachlor contain
these other compounds. Heptachlor epoxide is a metabolic product of analytical heptachlor and is
typically measured in tissue residues after exposure.

2.6.3.5.1 Fish

Residue-effect data for four fish species primarily were mortality endpoints from exposure to techni-
cal heptachlor (Table 2.9). The lowest CBR was 0.23 mg/kg whole body for heptachlor epoxide in
bluegill resulting in death of almost all the fish in the pond after a 16-h exposure (Andrews et al. 1966).
Heptachlor was also present at 2.8 mg/kg for a total heptachlor residue of 3.03 mg/kg. Spot were
sensitive to heptachlor with a lethal CBR of 2.08 mg/kg for total heptachlor (Schimmel et al. 1976).
Low concentrations of trans- and cis-chlordane also occurred in these fish (0.55 and 0.16 mg/kg,
respectively). Sheepshead minnow sublethal CBR for embryos and fry exposed to technical heptachlor
occurred at a residue three times lower than the residue associated with adult mortality after acute
exposure, and two times lower than the residue associated with mortality after chronic exposure of
embryo/fry (Table 2.9). Sheepshead minnow exposed to heptachlor as embryos and juveniles had
twice the mortality as minnows exposed during only the juvenile stage (Goodman et al. 1977b).

The ratio of heptachlor epoxide: heptachlor in the tissues is higher when the exposure duration
is longer (Table 2.9). After acute exposure, heptachlor residues in sheepshead minnow were about 4
times higher than heptachlor epoxide residues, probably reflecting less time for metabolites to form
(Schimmel et al. 1976). Heptachlor and heptachlor epoxide CBRs in sheepshead minnow whole
bodies were similar to each other after chronic exposure to the same technical heptachlor aqueous
concentration (Goodman et al. 1977b).

2.6.3.5.2 Invertebrates

Only one study (Schimmel et al. 1976) reported CBRs of heptachlor for invertebrates (Table 2.8).
For the pink shrimp, F. duorarum, exposure to analytical grade compound resulted in 40% mortality
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TABLE 2.9
Toxicity Associated with Heptachlor and Heptachlor Epoxide in Whole-Body Fish
(mg/kg ww) after Exposure to Technical Heptachlor

Heptachlor Heptachlor Epoxide
Fish No Effect  Low Effect  No Effect  Low Effect  Effect, Exposure Reference
Sheepshead 4.8 10.4 42 8.0 Mortality, 25 d Goodman et al. 1977b
minnow?
Spot 0.01 1.5 0.016 0.58 Mortality, 96 h Schimmel et al. 1976
Spot 1.7 53 0.64 1.4 Mortality,® 96 h Schimmel et al. 1976
Sheepshead 0.022 20 0.02 6.7 Mortality, 96 h Schimmel et al. 1976
minnow
Pinfish 5.7 34 3.2 11 Mortality, 96 h Schimmel et al. 1976
Bluegill 2.8 0.23 Mortality, 16 h Andrews et al. 1966
Bluegill 0.33-6.7 0.23-5.0 Mortality, 84 d Andrews et al. 1966
Sheepshead 0.038 4.5 0.056 3.6 Behavior, 25 d Goodman et al. 1977b
minnow?

2 Exposed as embryo/fry.
> Exposed to analytical grade heptachlor.
No statistically significant differences reported in Schimmel et al. 1976.

and a total heptachlor CBR of 0.068 mg/kg (0.058 mg/kg heptachlor epoxide and 0.010 mg/kg
heptachlor), and exposure to heptachlor epoxide resulted in 65% mortality and 0.016 mg/kg CBR.
Exposure to technical grade heptachlor resulted in 82% mortality associated with a whole-body CBR
of 0.21 mg/kg (0.18 mg/kg heptachlor epoxide and 0.03 mg/kg heptachlor). The same study reported
3.5 mg/kg of total heptachlor (2.5 mg/kg heptachlor epoxide and 1 mg/kg heptachlor) associated
with 70% mortality in the grass shrimp, P. vulgaris, exposed to technical grade heptachlor. The
above exposures were 96 h and did not cause mortality in the control. Sublethal effects in the Eastern
oyster (C. virginica) exposed to technical grade heptachlor was 33% decreased growth associated
with a tissue concentration of 8.4 mg/kg total heptachlor (7.7 mg/kg heptachlor and 0.8 mg/kg hep-
tachlor epoxide, in addition to 6.5 mg/kg trans-chlordane and 0.8 mg/kg cis-chlordane), indicating
the higher tolerance of this species. Statistical comparisons for mortality data were not reported.

2.6.4 CycLopieNE DiscussioN

2.6.4.1 Fish

Dieldrin is frequently measured in tissues of field-collected fish tissue, yet few studies report resi-
dues associated with effects investigated in laboratory studies. The lowest whole-body CBR was
0.1 mg/kg for reduced sex steroids in adult largemouth bass (Muller et al. 2004), and 0.2 mg/kg
reported for mortality in juvenile rainbow trout (Shubat and Curtis 1986). Reduced production of
steroid hormones can lead to reduced reproductive output, but the reviewed dieldrin studies did not
provide that link. African catfish exposed to aqueous concentrations greater than 1.5 pg/L dieldrin
did not produce eggs, but residues were not measured after the 2-month exposure (Lamai et al.
1999). The dieldrin-exposed fish had significantly less adipose fat reserves than nonexposed fish,
which the authors speculate may be related to failure to produce eggs.

Almost all endrin residue-effect studies report fish mortality from aqueous exposures, likely
due to its high acute aqueous toxicity. Largemouth bass was the most sensitive species tested with
40% mortality at 0.012 mg/kg CBR. Figure 2.1 compares the trends among fish species for cyclo-
diene and other OH compounds. Fathead and sheepshead minnow had similar endrin sensitivity.
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FIGURE 2.1 Comparison of fish critical body residues of select organochlorine pesticides for different spe-
cies (data reported in text). Mortality endpoints (25-85% mortality) for all species except for sheepshead
minnow exposed to chlordane (behavior).

Sublethal endrin CBRs, which would theoretically occur at lower residues, are lacking, possibly as
a result of the high acute toxicity of the compound. Only one study reported a sublethal effect for
behavior in golden shiner at 0.2 mg/kg (Ludke et al. 1968).

Most of the CBRs for endosulfan are from a single study where residue-effect concentrations
ranged over an order of magnitude, and spot were the most sensitive species (Schimmel et al. 1977a)
(Figure 2.1). A larger range (0.07-1.5 mg/kg) in species sensitivity was observed during a field
application in Africa with African catfish the most sensitive species for mortality (Matthiessen et al.
1982). Species-sensitivity variability in this study was reduced to less than an order of magnitude
by lipid normalization (7.4-47.1 mg/kg lipid). Species-sensitivity variability in aquatic toxicity tests
for endosulfan ranged up to 4 orders of magnitude (18,000) in saltwater species (Chapman 1983), so
the variability in toxicity was reduced when based on residue concentrations.

Fish CBRs from chlordane are too few to make conclusions about species sensitivity or effect
ranges, but OH CBRs are highest for this compound (Figure 2.1). Only one study reports residue-
effects associated with technical chlordane exposure (Parrish et al. 1976). When present along with
heptachlor and heptachlor epoxide, spot lethal chlordane CBRs were close to an order of magnitude
lower than sheepshead minnow sublethal and lethal CBRs (Schimmel et al. 1976).

Fish exposed to technical heptachlor had heptachlor, heptachlor epoxide, and often chlordane
compounds in their tissue. Most of the studies for heptachlor report mortality and the median lethal
CBR for heptachlor was 4.1 mg/kg compared to 1.0 mg/kg median lethal CBR for heptachlor epox-
ide (Table 2.6).

2.6.4.2 Invertebrates

Similar 96-h water exposures were conducted to assess the effects of dieldrin, endrin, chlordane, and
heptachlor on survival of pink shrimp and grass shrimp and (for all but endosulfan) on growth of the
Eastern oyster (Parrish et al. 1974, Schimmel et al. 1975, Parrish et al. 1976, Schimmel et al. 1977a).
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Table 2.7 reports lowest, highest, and median lethal CBR, and Figure 2.2 compares the trends
among invertebrate species for cyclodiene and other OH compounds. The pink shrimp was consis-
tently the species with the lowest lethal CBR, followed by grass shrimp, while much higher residues
failed to promote mortality in the Eastern oyster. Endrin and heptachlor were overall the most toxic
and chlordane the least toxic cyclodiene for those three marine species.

Endrin lethal CBRs are available for seven species. Freshwater oligochaetes were substantially
more tolerant than crustaceans and the sole insect investigated. Therefore, similar to DDT, endrin
may be a potent toxicant causing mortality via specific modes of action in some invertebrates, such
as pink shrimp and stonefly nymph, while lethal at residues approaching the range typical for non-
specific, baseline-toxicity-type toxicants for other invertebrates, such as oligochaetes. In contrast,
endrin sublethal CBRs associated with decreased sediment reworking rates were orders of magni-
tude lower than lethal body residues for oligochaetes (Keilty et al. 1988a, 1988b), suggesting that
physiological impairment by that compound is caused by toxic action other than baseline toxicity.

2.6.5 MiRrex, LINDANE, AND TOXAPHENE

2.6.5.1 Mirex

Mirex was used mainly for fire ant control in the southeastern U.S., but also as a fire retardant
(dechlorane). Application was concentrated in the southern U.S., but manufacturing of mirex resulted
in contamination in the Niagara and Oswego Rivers as well as Lake Ontario and the St. Lawrence
River. Use of mirex-containing products was cancelled in 1977-1978 in the United States. The tech-
nical grade mixture contains about 95% mirex and less than 3% chlordecone (kepone). Due to lower
acute toxicity, mirex replaced heptachlor for some uses.

2.6.5.1.1 Fish

In short-term aqueous toxicity tests, mirex did not cause fish mortality even at high concentra-
tions (Tagatz et al. 1975, 1976, Skea et al. 1981). Mirex was not acutely toxic to fathead minnows
(Pimephales promelas), and percent hatchability and growth of 30-d fry was higher in mirex-exposed
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FIGURE 2.2 Comparison of invertebrate critical body residues of select organochlorine pesticides for
different species (data reported in Tables 2.7, 2.8, and 2.10). Mortality endpoints for both shrimp species
(20-90% mortality), and growth endpoints for Eastern oyster (24—78% reduction in growth).
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fish compared to controls (Buckler et al. 1981). The number of spawns by fathead minnow was
reduced at a whole-body CBR of 63 mg/kg (Buckler et al. 1981). Histological changes in gill lamel-
lae were observed at whole-body CBR of 0.35-0.94 mg/kg in sheepshead minnow exposed to mirex
leached from fire ant bait (Tagatz et al. 1975). Catfish (Ictalurus punctatus) survival was reduced in
outdoor ponds at 0.015 mg/kg in muscle (Hyde et al. 1974).

Contamination of control fish was a problem in a study of bluegill and goldfish (van Valin
et al. 1968). Bluegill fed mirex had reduced growth at whole-body residues that ranged from
approximately 15-70 mg/kg from 30 to 160 d, but mirex in control fish ranged from 0.7 to 1.0
mg/kg.

Young juvenile striped mullet exposed to aqueous concentrations of mirex for 96 h experienced
6.4%, 27%, and 32% mortality at whole-body concentrations of 0.18, 0.82, and 3.5 mg/kg, respec-
tively (Lee et al. 1975). The highest-dosed fish, with residues of 22.5 mg/kg experienced no mortal-
ity, which the authors could not explain. Older juvenile and adult mullet did not experience mortality
after exposure to aqueous concentrations of mirex.

Leatherland and Sonstegard (1979) exposed coho salmon to 50 mg/kg mirex in diet. A mirex
concentration in carcass of 9.6 mg/kg was associated with a significant reduction in the lipid con-
tent of the carcass after 3 months exposure. The treatment group exposed to 5 mg/kg mirex in diet
had 1.6 mg/kg mirex in carcass and had carcass lipid content similar to the control salmon. When
PCBs and mirex were combined in the diet, mirex appeared to inhibit the uptake of PCBs by coho
salmon.

2.6.5.1.2 Invertebrates

Invertebrate CBRs for mirex are summarized in Table 2.10. Mirex lethal CBRs were reported for a
variety of estuarine invertebrates in multispecies exposures (Tagatz et al. 1975, 1976). After a 28-d
exposure to mirex released to water from ant bait, body residues associated with significant mortal-
ity were lowest for the blue crab, C. sapidus (0.02 mg/kg), followed by the pink shrimp, F. duorarum
(0.12 mg/kg), and the grass shrimp, P. pugio (0.27 mg/kg) (Tagatz et al. 1975). In a similar experi-
ment conducted for 70 d, lethal body residues were similar for the mud crab, Panapeus herbstii
(0.22 mg/kg), and the hermit crab, Clibanarius vittatus (0.23 mg/kg) (Tagatz et al. 1976). Lethal
CBRs were reported for crab by Bookhout and Costlow (1975) in exposure to water throughout its
development (0.07 mg/kg) and by Leffler (1975) for a 28-d dietary exposure (0.42 mg/kg). The low-
est CBR reported for crayfish juveniles, Procambarus blandingii, was 1.45 mg/kg following a 54-h
exposure to water contaminated via mirex released from ant bait (Ludke et al. 1971). Various fresh-
water invertebrates tested in bioaccumulation experiments experienced 100% mortality after 7-d
exposures to technical mirex (de la Cruz and Naqvi 1973). Body residues measured after 2 d were
1.06 mg/kg in the crayfish Orconectes mississippiensis, 2.56 mg/kg in the amphipod, H. azteca, and
10.37 mg/kg in the dragonfly naiad, Macromia sp. The highest mirex nonlethal body residues were
2 mg/kg for the ribbed mussel, Modiolus demissus and 2.8 mg/kg for the Eastern oyster (Tagatz
et al. 1976), as well as 1.92, 5.07, and 4.91 mg/kg for the leeches, Erpobdella puctata, Placobdella
rugosa, and Glossiphonia sp., respectively (de la Cruz and Naqvi 1973).

2.6.5.2 Lindane

The compound 1,2,3,4,5,6-HCH has eight isomers and the gamma (y) isomer is lindane (Table 2.1).
Another name used for lindane is benzene hexachloride (BHC). Lindane is not less than 99% pure
y-isomer of HCH (BHC), and is the active insecticide. Product composition varies from different
manufacturers. Technical HCH is 65-70% o-HCH, 7-10% B-HCH, 14-15% y-HCH, and smaller
amounts of some additional compounds (WHO 1991).

2.6.5.2.1 Fish

The lindane residue-effect literature reports over an order of magnitude difference in species sen-
sitivity from lethal residue data for fish tested under the same conditions. Lethal whole-body CBRs
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TABLE 2.10
Toxicity Associated with Mirex, Lindane, and Toxaphene in Tissues of Aquatic
Invertebrates (mg/kg ww)

Species No Effect  Low Effect Exposure Effect Reference
mg/kg mg/kg
Mirex
Procambarus blandingii — 1.45 54 h in water Mortality Ludke et al. 1971
Callinectes sapidus — 0.42 28 d in diet Mortality Leffer 1975
Callinectes sapidus 0.03 0.07 Throughout Mortality Bookhout and Costlow
development in 1975
water
Callinectes sapidus — 0.02 28 d in water Mortality Tagatz et al. 1975
Palaemonetes pugio — 0.27 28 d in water Mortality Tagatz et al. 1975
Farfantepenaeus — 0.12 28 d in water Mortality Tagatz et al. 1975
duorarum
Clibanarius vittatus — 0.23 70 d in water Mortality Tagatz et al. 1976
Panopeus herbstii — 0.22 70 d in water Mortality Tagatz et al. 1976
Macromia sp. — 10.37 7 d in water Mortality de la Cruz and Naqvi 1973
Orconectes — 1.06 7 d in water Mortality de la Cruz and Naqvi 1973
mississippiensis
Hyalella azteca — 2.56 7 d in water Mortality de la Cruz and Naqvi 1973
Lindane
Farfantepenaeus — 0.033 96 h in water Mortality Schimmel et al. 1977b
duorarum
Palaemonetes pugio — 52 96 h in water Mortality Schimmel et al. 1977b
Mpytilus edulis — 0.014 7 din suspended  Feeding Hermsen et al. 1994
sediment
1,2,3,4,5,6-Hexachlorocyclohexane
Farfantepenaeus — 0.028 96 h in water Mortality Schimmel et al. 1977b
duorarum
Toxaphene
Farfantepenaeus — 0.54 96 h in water Mortality Schimmel et al. 1977¢
duorarum
Palaemonetes pugio — 2.7 96 h in water Mortality Schimmel et al. 1977¢
Crassostrea virginica — 47 96 h in water Growth Schimmel et al. 1977¢

— Not available.

associated with LC50 data (LR50) after a 96-h exposure were 79 mg/kg for sheepshead minnow
and 5.2 mg/kg for pinfish (Schimmel et al. 1977b). Fathead minnow exposed to lindane for 18
months had about 30% reduced survival at 9.5 mg/kg in carcass (Macek et al. 1976). Threespine
stickleback mortality was associated with 12 mg/kg ww estimated from whole-body dry-weight
(using water content provided in the chapter) (Hansen 1980). In this chapter Hansen (1980) reported
that stickleback assimilated about 50% of the lindane in food.

A lindane concentration of 1.07 mg/kg in gudgeon muscle tissue (Gobio gobio) was associated
with approximately 50% mortality after a 96-h exposure (Marcelle and Thome 1983).

Eyed eggs of rainbow trout were exposed to lindane in sediment for 27 d. Lindane residues in
eggs and fry of rainbow trout did not change appreciably during the 27 d continuous exposure.
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Sublethal effect residues for fry associated with altered behavior (lethargy) were 0.055-0.1 mg/kg
(Ramamoorthy 1985). Rainbow trout egg residues averaged 0.048—0.08 mg/kg in 7-d-old embryos
for those fry.

Reduced growth and reproduction in brook trout after exposure to aqueous lindane for 18 months
were associated with residues in muscle of 1.2 mg/kg (Macek et al. 1976). Recent sublethal effect
studies have measured residues in fat (Pesce et al. 2008) and organs (Gonzalez de Canales et al.
2009) but not in whole bodies.

Immunosuppression by lindane has also been observed, but residues were not reported. The
S-HCH and y-HCH isomers have been reported to have estrogenic properties (Wester and Canton
1986, Singh and Singh 2007).

2.6.5.2.2 Invertebrates

Lethal effects of lindane (Table 2.10) were reported at body residue of 0.033 mg/kg for the pink
shrimp, F. duorarum, and a much higher lethal body residue, 5.2 mg/kg, for the grass shrimp,
P. pugio, following 96 h (Schimmel et al. 1977b). The percent mortality associated with the latter
residues was higher than 50%. Lethality to pink shrimp yielded a body residue (0.028 mg/kg) for
a mixture of HCH isomers that was similar to the lethal body residue reported for lindane alone in
the same study (Schimmel et al. 1977b). Significant sublethal decrease (20%) of the feeding activ-
ity in the mussel, M. edulis, was associated with a lindane body residue of 0.014 mg/kg (Hermsen
et al.1994) (Table 2.10).

2.6.5.3 Toxaphene

Toxaphene (also known as camphechlor) is a complex mixture of compounds and is the technical
grade of chlorinated camphene. It contains about 67-69% chlorine (WHO 1984b). Toxaphene was
used extensively on cotton crops in the southeastern United States and replaced DDT after DDT
use was banned. Toxaphene also has been found in areas where it was never used such as in the
Great Lakes (Schmitt et al. 1990) and in the Arctic. Toxaphene use was banned for most purposes
in the United States and Canada in 1982. Toxaphene can be difficult to analyze because of coeluting
PCBs and other compounds, but use of capillary columns provides good estimates of concentrations
(Schmitt 2002a).

2.6.5.3.1 Fish

Toxaphene CBR data exists for six fish species from laboratory studies. Residues in fish contain the
more chlorinated toxaphene congeners. Fry and adults had similar accumulation factors.

Toxaphene in adult fish and fry was associated with reduced growth, mortality, and reduced
egg viability. The highest CBRs were associated with mortality in fry and juveniles. Lethal body
residues ranged from 24.7 to 46.4 mg/kg for longnose killifish (Fundulus similis) and sheepshead
minnow and were associated with 35-90% mortality. Brook trout and pinfish were more sensitive
than both fathead minnow and sheepshead minnow to toxaphene residues but were not represented
in the fry and juvenile dataset. Lethal body residues associated in adult fish ranged from 1.9 mg/kg
from acute exposure for pinfish to 6.1 mg/kg from chronic exposure for killifish (Schimmel et al.
1977c). The authors note that adult killifish were more sensitive than juveniles. They speculate that
the increased sensitivity of adult fish may have been due to their reproductive status, because expo-
sure occurred during their spawning period. Mayer et al. (1975) also noted that adult mortality in
brook trout occurred just prior to spawning.

Sublethal effects in adult fish ranged from 0.4 mg/kg for reduced reproduction in brook trout
(Mayer et al. 1975) to 5.9 mg/kg for reduced growth in fathead minnow (Mehrle and Mayer 1975a).
Sublethal effects in early life-stage fish ranged from 0.4 mg/kg for reduced growth in brook trout fry
to 10 mg/kg for abnormal behavior in sheepshead minnow fry (Goodman et al. 1977b).

The lowest CBRs were for sublethal effects to brook trout. Brook trout whole-body residues
of 0.4 mg/kg were associated with reduced growth in fry, and in adult tissue, reduced viability
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of spawned eggs (Mayer et al. 1975, Mehrle and Mayer 1975b). Fathead minnow fry had reduced
growth at 1.0 mg/kg or 17 mg/kg lw, and adult growth was reduced at 3.3 mg/kg or 46.5 mg/kg lw
(Mayer et al. 1977). In addition, atrophy and degeneration of cells and tissues in liver, pancreas, and
kidney were seen during histological analysis.

Sublethal effects in early life stages were associated with lower whole-body median residues
compared to similar effects observed in adult fish (Table 2.6). The opposite was observed for adult
residues; median CBRs associated with mortality were lower (3.25 mg/kg) in adult fish compared to
median lethal CBRs for juveniles and fry (35.0 mg/kg) (Table 2.6).

Residue effects of toxaphene were examined in a field-based study where wild lake trout and
white sucker were injected with a single dose of toxaphene, and along with control fish, monitored
for 5 years to assess effects on survival, growth and reproduction (Delorme et al. 1999). White
sucker were more sensitive than lake trout to effects of toxaphene when spawning success, using
the field-deployed fish, was tested in the laboratory. Adult carcass concentrations of 0.859 mg/kg
were associated with reduced fertilization, viability, and survival of embryo and sac fry 3 years
after white sucker were injected with toxaphene. White sucker egg concentrations of 0.029 mg/kg
experienced an 80% decrease in fertilization success.

2.6.5.3.2 Invertebrates

In the only study reporting toxaphene CBRs for invertebrates (Table 2.10), Schimmel et al. (1977c)
reported a 20% decrease in survival associated with 0.54 mg/kg in the pink shrimp, F. duorarum,
and a 25% decrease in survival at 2.7 mg/kg in the grass shrimp, P. pugio (full survival in the con-
trol for both species). Growth decreased 34% in the Eastern oyster, C. virginica, but no significant
effect on survival was observed at a much higher whole-body CBR, 47 mg/kg.

2.6.6 MIRex, LINDANE, AND TOXAPHENE DIscuUsSION

2.6.6.1 Fish

Mirex is readily accumulated by fish but residue-effects data are insufficient to compare species
sensitivity or lethal and sublethal effect concentrations. Mirex is not included in Table 2.6 because
endpoints or tissues measured were too dissimilar to combine. The lowest whole-body CBR was
0.82 mg/kg for young juvenile mullet associated with increased mortality after acute exposure (Lee
et al. 1975). Statistically significant reduction in catfish survival was associated with 0.015 mg/kg
muscle concentration (Hyde et al. 1974) and sheepshead minnow had gill alterations at whole-body
residues from 0.35 to 0.94 mg/kg.

The median lethal lindane CBR for four adult fish species was 10.8 mg/kg (Table 2.6). Pinfish
were the most sensitive species (Figure 2.1). Altered behavior was also noted in adult fish with high
residues. Early life stage sublethal effects were the most sensitive endpoints and were four orders of
magnitude lower (0.055-0.1 mg/kg) than the highest LR, adult residues.

Toxaphene has sufficient data to summarize lethal and sublethal CBRs by life stage (Table 2.6).
Data within each summarized group is limited to at most three species and therefore likely does
not capture the full range of species sensitivities. The early life stages were twice as sensitive to
the sublethal effects of toxaphene residues as adult fish. The reverse was true for mortality, as adult
fish were more sensitive than juvenile fish. This observation may reflect the species used in the
experiments: adult lethal studies included sensitive species such as pinfish and brook trout, early
life stage studies included killifish and sheepshead minnow, species typically more tolerant to OH
compounds (Figure 2.1).

2.6.6.2 Invertebrates

Five marine and estuarine crustacean species had similar sensitivity to the lethal effects of mirex,
with lethal CBRs ranging from 0.02 to 0.27 mg/kg (Tagatz et al. 1975, 1976), while four species
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of freshwater invertebrates were more tolerant, with lethal CBRs ranging from 1.06 to 10.4 mg/kg
(Ludke et al. 1971, de la Cruz and Naqvi 1973). The relatively narrow range of lethal CBRs for mirex,
lindane, and toxaphene established with the few existing studies (Table 2.10) suggest less across-
species variability for these compounds compared to that for other OH pesticides. Pink shrimp, the
most sensitive species for most OH pesticides reviewed in this chapter, was similarly sensitive to the
three compounds, while grass shrimp was more sensitive to mirex. Similar to CBRS reported for
other OH compounds, the Eastern oyster appears to be more tolerant to other OH pesticides as well
(Figure 2.2). The range of invertebrate lethal CBRs for mirex, lindane, and toxaphene is similar to
the range associated with potent neurotoxic effects speculated for DDT.

2.7 CONSIDERATIONS

Interpretation of the OH tissue-residue literature has a number of considerations and complexities.
Most of the studies were not designed to assess effects from residue concentrations. The differences
with species and life stages tested, dosing techniques, dosing concentrations and intervals, and the
variety of endpoints increases the difficulty in comparing and contrasting studies. Application of
this data to field assessments also has a number of considerations. Single isomer or single chemical
exposures rarely occur in field organisms, fish will contain variable amounts of the different OH
compounds, their metabolites and isomers, along with other persistent compounds. Aquatic organ-
isms living constantly in contaminated environments typically have life-time exposures. Fish used
in laboratory experiments typically have short life spans, and other life-history characteristics such
as short time to reproduction, increased frequency but decreased duration of reproduction, and other
strategies that may contrast sharply with wild fish living in the field that live much longer, mature
more slowly, and possibly stay reproductive for years. Laboratory studies may include effects to life-
stages that do not generally have tissue-residue measurement in the field such as fish eggs. Exposure
through maternal transfer is an important pathway in the environment, but infrequently considered
in laboratory studies. Therefore, applying data from laboratory exposures to concentrations mea-
sured in the field has many challenges. These topics are explored further to help with interpretation
of the residue data.

2.7.1  MIXTURES

One of the greatest challenges to the application of CBRs derived for DDT and other individual
OH pesticides is how to interpret residues in field-collected organisms where their concentrations
typically co-occur as mixtures. In addition, OH pesticides in the environment typically co-occur in
tissues with other hydrophobic compounds such as PCBs and PBDEs. Fifty percent of the streams
receiving agricultural or urban runoff had five or more pesticide compounds in fish tissue measured
by the USGS NAWQA program (USGS 2008).

Contaminants in a mixture can interact during uptake and excretion, during distribution and
metabolism and during action at the receptor site. Interpreting the toxicological consequences of a
mixture, its magnitude and nature (noninteraction and synergistic or antagonistic interaction) is an
evolving science. The two most common models for noninteraction are dose addition and response
addition (Borgert 2007). Response addition assumes that the compounds involved have independent
mechanisms of action, in contrast to dose addition, which assumes that the compounds have dif-
ferent potencies with similar mechanism of action. Response addition is typically assumed for risk
assessments (Borgert 2007).

The toxic unit (TU) approach calculates the mixture toxicity according to the degree of toxicity
for each individual compound. Typically, aqueous mixture TUs are calculated as each compound’s
aqueous concentration divided by its LCs, and summed. When the sum is >1 the TU mixture would
predict mortality, or the effect endpoint under consideration. This method assumes response add-
ition, or that the joint toxicity is represented by addition of the individual toxicities.
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The use of the TU approach to predict the toxicity of mixtures of DDT, DDD, and DDE in the
tissues was validated using freshwater amphipods (Lotufo et al. 2001b). Because substantial dif-
ferences in lethal body residues occur among those compounds, predicting mortality for a mixture
using the toxicity data for a single compound (e.g., DDT) could under- or over-predict mortality.
The use of the TU approach assumes that CBRs are independent of the exposure route and that
the effects of DDT, DDD, and DDE on survival are additive. Fifty percent mortality was associ-
ated with sum TUs of 1.1 for H. azteca and 0.53 for Diporeia spp., close to the expected value of 1,
demonstrating that the assumption of additive effects holds true.

von Westernhagen et al. (1989) used a contamination factor (CF) to scale the relative toxicities
of different organochlorine compounds measured in field-collected fish in the mixture, similar to
a TU approach. The CFs were developed based on aqueous 96 h LC50 toxicity data and their ratio
to PCBs. They scaled each contaminant’s LC50 to PCBs because all fish contained PCBs. Residue
concentrations for each contaminant were multiplied by its CF and then all the concentrations were
summed for each sample. Their CF for endrin was highest and next was a-endosulfan and endosul-
fan sulfate. Lindane toxicity was lowest of the chlorinated hydrocarbons and closest to PCBs.

Koenig (1977) measured the combined effects of mirex and DDT to the estuarine cyprinodont,
Adinia xenica. Adult female fish were exposed to either p,p’-DDT or mirex separately, or combined
at different ratios in diet for 9 d. Mortality of embryo and larval offspring was followed. Embryo
concentrations of mirex up to 27.9 mg/kg were not associated with increased mortality. An aver-
age p,p’-DDT embryo concentration of 8.6 mg/kg had 22% mortality. Embryos exposed to both
compounds had 47% mortality with average DDT residue of 8.4 and 2.82 mg/kg mirex. Koenig
(1977) estimated that the toxicity of DDT and mirex was more than additive. Another study using
mixtures observed that effects in red-eared slider turtle were more than additive when low doses of
trans-nonachlor, chlordane and p,p’-DDE were combined (Willingham 2004). A mixture of estro-
genic compounds (o,p" DDT, nonylphenol, octylphenol, arochlor 1221, and bisphenol A) resulted in
a higher response (increased vitellogenin synthesis) in male rainbow trout cultured hepatocytes than
any of the compounds alone (Sumpter and Jobling 1995).

Monod (1985) measured DDT and PCB concentrations in eggs in Lake Geneva char. PCB and
DDT concentrations in eggs were significantly correlated with each other and lipid-normalized con-
centrations of both were correlated with egg mortality in laboratory rearings. Most DDT measured
was DDE, and median concentrations of 20 mg/kg Iw DDT and 44.5 mg/kg Iw PBCs in eggs corre-
lated with greater than 50% mortality.

Models used to deal with aqueous mixture toxicity may also provide useful concepts for other
potential approaches to address residue mixture toxicity (Belden et al. 2007). A more complete dis-
cussion about mixture considerations for the tissue-residue approach is available in the discussion
in Meador (2006).

2.7.2  RESISTANCE/PRE-EXPOSURE

Resistance, that is, the ability to survive or be less affected by exposure to concentrations that
were toxic to naive or earlier generations, has been observed for many invertebrate and fish spe-
cies exposed to OH pesticides. The development of resistance may be due either to an organism’s
ability to physiologically acclimate or to genetically adapt. In either case, organisms that develop
resistance through short- or long-term processes may respond differently to chemical exposure than
naive organisms. For neuroactive OH compounds that target sodium and chloride channels, slight
substitutions at the target site can confer resistance to other compounds in the same chemical class,
resulting in what is known as cross-resistance (Casida and Quistad 1998).

Resistant fish tolerated aqueous concentrations of toxaphene, aldrin, dieldrin, and endrin that
were 3670 times higher than fish that had not been pre-exposed (Ferguson et al. 1964). Mosquito
fish became resistant to insecticides used and the 300-fold resistance to aqueous concentrations per-
sisted for several generations of fish maintained in pesticide-free water (Boyd and Ferguson 1964).
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Resistance in mosquito fish pre-exposed to endrin appeared to be related to slower uptake in brain
tissues where endrin residues were about half the brain endrin concentration in mosquito fish not
resistant to endrin toxicity (Fabacher and Chambers 1976).

Development of resistance has a number of implications. Laboratory studies often employ species
with short life spans that have a higher likelihood to develop resistance. OH compounds are present
in almost all environments and habitats, whether lab-reared, or field-collected, and some of the
studies reviewed for this chapter report elevated OH concentrations in control organisms, indicating
pre-exposure. The influence on residue-effect studies is unknown. The potential effect of cross-
resistance to other compounds is also unknown. Results from OH studies using field-collected or
laboratory-reared organisms may be biased by this pre-exposure. Especially for the older literature
reviewed in this chapter, results potentially biased by use of resistant organisms cannot be identi-
fied or evaluated. Most researchers have reported an increased ability to withstand exposure which
would indicate that tissue residues that used resistant organisms could be biased high. Although
recent aqueous toxicity studies continue to report effects resulting from pre-exposure (Brausch and
Smith 2009), environmental OH concentrations in the United States have been declining during the
past decades so the bias resulting from resistance may be more pronounced in older studies.

2.7.3  Lire STAGE/TissuE TypEe

Most of the OH pesticides reviewed here had the lowest effect residues in the egg/embryo and fry
stages of fish. These life stages are infrequently measured as part of assessment or monitoring
programs. The reproductive cycle in fish may exert important control over organochlorine con-
centrations in these early and sensitive life stages, and these life stages may provide the best tool
for evaluating tissue-residue effects to fish. Several researchers have reported on the transfer of
hydrophobic contaminants and noted a relationship between concentration in fish eggs and mater-
nal tissues. A variety of fish species have been shown to have a correlation between organochlorine
concentrations in eggs and muscle (Miller 1993, Miller and Amrhein 1995, Fisk and Johnston 1998)
and also between liver and oocytes (Serrano et al. 2008). Macek (1968) noted that DDT concentra-
tions in fry were related to the maternal dose. When egg residues are not available for comparison
to laboratory studies the following information may provide some guidance on how to assess effects
to early life stage when adult tissue has been measured.

Niimi (1983) noted that the percentage of maternal organic contaminants transferred to eggs
ranged from about 5% to 30% and that the percentage of lipid in the fish and the percent of that total
lipid in the egg significantly influenced contaminant transfer in the five species examined. Russell
et al. (1999) reported that the ratio of lipid-normalized organochlorines egg concentrations to lipid-
normalized muscle concentrations was approximately one in a variety of fish, with 95% of all the
measured ratios within a factor of 2 of the mean ratio (0.56-2.51). Metcalfe et al. (2000) found that
the lipid-normalized o,p’-DDT concentration in the eggs and the lipid-normalized adult concentra-
tion were nearly the same. Serano et al. (2008) found that less than half the contaminant concentra-
tion in the liver of sea bream was measured in oocytes.

Residues measured in fish whole body or muscle may be converted to an egg concentration if
enough data are collected to make a conversion. Lipid concentration in adult and early life stage
tissue is needed to use the relationship explored by Russell et al. (1999).

Burdick et al. (1964) concluded that there was a relationship between maternal and egg DDT
concentrations, however, variability in this relationship could be explained by a maternal diet com-
ponent. Female fish could continue to take up DDT after egg deposition and thereby have a different
relationship to the egg concentration than when the oils in the eggs were deposited.

In addition to diet, gender, age, and breeding strategy, influence the uptake, disposition, and
elimination of organochlorine compounds. Male pike had significantly higher organochlorine con-
centrations than the females (Larrson et al. 1993). While oogenesis results in contaminant movement
into the ovaries, spawning can result in contaminant loss. Miller (1994) estimated that spawning
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eliminated about 28-39% of the p,p’-DDE concentration in Lake Michigan Chinook salmon.
A negative correlation between age and organochlorine concentration in female pike was explained
by the yearly loss of contaminant via deposition of roe (Larsson et al. 1993). For invertebrates,
female midges lost 11.6-30.9% of their DDE burden during egg deposition (Derr and Zabik 1972).
Therefore, the seasonal reproductive cycle should be a factor considered when sampling tissues for
OH compounds.

Summary

OH pesticides remain important global contaminants due to extreme persistence in environmen-
tal media, continued use in some countries, and ability to accumulate in tissues of biota. Their
widespread occurrence in biota, especially for the hydrophic OH compounds, and their ability to
biomagnify, highlights the need for understanding the significance of residue concentrations.

Key processes affecting residue concentrations are elimination rates and biotransformation
of parent compounds. DDT and transformation products have slow elimination rates and long
time-frames for achieving steady-state concentrations. For some compounds, metabolites may
have different toxicities than parent compounds. For instance, the toxicity of DDE to amphi-
pods was much lower than the parent DDT compound, and biotransformation protected against
mortality.

For fish, CBR data for OH compounds are supported by a number of studies for DDT, endrin,
heptachlor, heptachlor epoxide, and toxaphene (Table 2.6). However, dieldrin and chlordane,
which are very persistent in fish tissue, have few studies for discerning residue-toxicity relation-
ships. The same is true for mirex and lindane. More studies are needed to understand the signif-
icance of these compounds in fish tissue.

For invertebrates, tissue residue-effect data for OH compounds are supported by a num-
ber of studies for p,p’-DDT, endrin, and mirex (Table 2.7). Data for chlordane, lindane, toxa-
phene, heptachlor, and endosulfan are too few to determine residue-toxicity relationships in
invertebrates.

Even for OH compounds with multiple studies, data for sublethal effects, long-term expo-
sures, or effects to early life stages are often limited for both fish and invertebrates. Although
residue-toxicity relationships have been reported for sublethal effects for some OH compounds,
data are generally too few to allow comparison of the same sublethal endpoint for a single com-
pound across different species.

For similar endpoints, species-sensitivity differences sometimes accounted for a one to two
order of magnitude difference in CBRs for both fish and invertebrate species (Figures 2.1 and
2.2). Species tended to have similar sensitivity across the different groups of pesticides, but sub-
stantial differences in sensitivity among species were observed for most OH pesticides. For fish,
sheepshead minnow, fathead minnow, and killifish were less sensitive than bass, spot, pinfish,
and bluegill. For invertebrates, pink and grass shrimp were the most sensitive species.

Life stage exposed was an important factor influencing CBRs. The lowest CBRs were reported
for egg and embryo life stages in fish, and early development in invertebrates. Sublethal end-
points for early life stages were typically associated with the lowest CBRs.

Comparison between fish and invertebrate CBRs for DDT and endrin are possible with the
available datasets (Figures 2.3 and 2.4). DDT lethal residues in fish are within the range of
lethal residues for invertebrates with only a slightly narrower range compared to invertebrates
(Figure 2.3). In addition, the median lethal p,p’-DDT concentrations are about the same for fish
and invertebrates (Tables 2.6 and 2.7). The median lethal residues for fish and invertebrates can
be compared for the p,p’-DDT form since the X DDT fish data came primarily from exposure to
the p,p’-DDT form (Beckvar et al. 2005).
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DDT metabolites differed in toxicity for invertebrates. p,p’-DDT was clearly more toxic than

p;p-DDE, and the two metabolites shou

Id be considered separately when metabolite data are

available. For fish, lethal residue-effect studies are very limited for the DDE form, so comparing
toxicity between metabolites is hampered. CBR for mortality from o,p’-DDE tissue residues in
medaka eggs (0.5 mg/kg) from one study was comparable to the value derived for fish ELS mor-
tality (0.7 mg/kg) from studies primarily based on p,p’-DDT and mortality endpoints (Beckvar
et al. 2005). In adult fish, p,p-DDE residues (0.4—0.6) were associated with reduced sex-steroid

production at concentrations close to the

tissue-residue concentration of 0.6 mg/kg derived from

mortality studies, primarily the p,p’-DDT form, in Beckvar et al. (2005). Sublethal effects from
DDE residues in fish may be within the effects range for DDT, but more data are needed to

adequately assess that comparison.
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For DDT sublethal effects in fish, the median sublethal residue-effect for o,p’-DDT in fish
eggs was 0.07 mg/kg which is an order of magnitude lower than the threshold no-effect residue
concentration of 0.7 mg/kg derived for fish ELS mortality in Beckvar et al. (2005). More stud-
ies reporting sublethal effects for this life stage are needed to develop a protective and robust
CBR.

DDT sublethal effects reported for invertebrates were limited. For sensitive invertebrate spe-
cies, strong neurotoxicity appeared to be the primary cause of mortality. Loss of swimming
ability or immobilization occurred for both tolerant and sensitive species. Decreased feeding
was observed in polychaete species tolerant to the lethal effects of DDT. DDE caused repro-
ductive impacts in midges (0.8 mg/kg), suggesting a potential effect from endocrine disruption.
This contrasts with data for other invertebrates which reported no reproductive effects from
exposure to the DDT metabolite.

For endrin, variability in fish lethal CBRs is much lower than for invertebrates (Figure 2.4).
Mortality of fish at relatively low endrin residues and low variability (range of 0.2—1.7 mg/kg for
all but one species) is consistent with toxicity acting via a specific mode of action. Neurotoxic
effects in fish may occur through inhibition of the neurotransmitter gamma-aminobutyric
acid (GABA) similar to the mechanism in higher vertebrates. In contrast, invertebrate CBRs
for endrin were variable, indicating they may experience toxicity through multiple modes of
action. Crustaceans, more sensitive (0.025-0.61 mg/kg CBR range) than either bivalves or oli-
gochaetes, had CBRs similar to fish, suggesting that toxicity in crustaceans may also act via
a specific mechanism. Feeding reduction in oligochaete occurred at residues similar to lethal
endrin CBRs in sensitive invertebrate species. This behavioral alteration may have been caused
by a single specific mechanism, such as inhibition of GABA receptor function. Mortality at
elevated CBRs in oligochaetes is consistent with baseline toxicity. The combination of rapid
metabolism of endrin by fish and sensitivity to neurotoxicity may explain reduced CBR vari-
ability in fish compared to invertebrate species.

Limited and inconsistent data preclude robust CBR comparisons between fish and inverte-
brates for other OH pesticides. However some general observations can be made. Invertebrate
lethal CBRs for dieldrin span 2 orders of magnitude (0.08—2.1 mg/kg) and were lower overall
than for fish (0.2-5.9 mg/kg). Endosulfan residue effect data were low for both fish (0.03—
0.36 mg/kg) and invertebrates (<0.01-0.21 mg/kg) in the results reported from a single study
(Tables 2.6 and 2.7).

Chlordane CBRs also span a similar range in both fish (0.7-16.6 mg/kg) and invertebrates
(0.7-4.8 mg/kg) for the few species investigated. Heptachlor and the metabolite heptachlor
epoxide CBRs span a similar range in fish (0.3-34 mg/kg and 0.2—-11 mg/kg, respectively) but
the metabolite heptachlor epoxide is more potent than the parent compound. Invertebrate CBRs
for heptachlor (0.07-3.5 g/kg) were an order of magnitude lower than CBRs for fish, so inverte-
brates appear more sensitive.

Fish appear to be less sensitive to the lethal effects of mirex than invertebrates, but fish data
are limited and variable. Several studies report no fish mortality from exposure to mirex (van
Valin et al. 1968, Tagatz et al. 1975, 1976, Buckler et al. 1981), but increased mortality was
observed in catfish at 0.015 mg/kg muscle (Hyde et al. 1974) and in young juvenile striped
bass at 0.82 mg/kg (Lee et al. 1975). Invertebrate lethal CBRs for mirex span 2 orders of mag-
nitude (0.03-10.0 mg/kg) with a median lethal residue <0.5 mg/kg. Various crab and shrimp
species were very sensitive to the lethal effects of mirex with lethal CBRs for blue crab as low
as 0.02 mg/kg.

The lowest invertebrate CBR for lindane (0.033 mg/kg), derived for a sensitive species (pink
shrimp) and mortality, is comparable to the lowest fish CBR (0.055 mg/kg) for a sensitive fish
species (rainbow trout), life stage (fry), and sublethal endpoint (behavior). The highest fish
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lindane CBR, an LR50 (79 mg/kg) for insensitive sheepshead minnow was much higher than
the highest invertebrate CBR for grass shrimp (5.2 mg/kg), typically a sensitive species.

Toxaphene studies for invertebrates were very limited compared to data available for fish.
The range of toxaphene lethal CBRs were narrower in invertebrates (0.54-2.7 mg/kg) com-
pared to adult fish (1.9-6.1 mg/kg) and compared to the range for sublethal effects in adult fish
(0.4-5.9 mg/kg). The reason for the apparent reduced toxaphene sensitivity of juvenile com-
pared to adult fish is not known.

While some species are sensitive to the specific mode of action of OH pesticides (e.g., interfer-
ence with sodium and potassium ion permeability in axons, endocrine disruption), others (some
invertebrates) are affected mostly by the baseline toxicity effect of those compounds. DDT’s
potency as an endocrine disruptor for invoking complete sex-reversal is weak compared to natu-
ral estrogens and would likely require higher residues than typically measured in field-collected
fish. DDTs potency for endocrine disruption for other effect endpoints such as reduced repro-
duction and immune system and behavior alterations is within the range of environmental tissue
concentrations. If combined with other endocrine-active compounds, DDT may act additively or
synergistically to cause effects. Investigations on mode of action of these compounds using bio-
chemical tools such as gene expression quantification (toxicogenomics) are warranted.

Other important considerations for OH pesticide residues include laboratory to field extrap-
olation and methods for assessing mixture effects. The use of a TU approach is recommended
for DDT compounds in invertebrates. Sublethal toxicity to early life stages through maternal
transfer, especially for fish species, should also be considered.

The OH pesticide residue data overall capture a range of species sensitivities and lethal and
sublethal effects. Some species were consistently more or less sensitive to OH compounds. For
example, within the invertebrate species represented, growth in oysters was typically the least
sensitive endpoint and species. Pink and grass shrimp tended to be the most sensitive species
for the invertebrates. For fish, sheepshead minnow tended to be one of the least sensitive spe-
cies. Data for specific compounds often do not have enough species and endpoints represented
to fully capture the range of species-sensitivity differences and endpoint differences. If sensitive
species or effect endpoints are not represented in a specific OH data set, CBRs developed from
that dataset may not be protective of aquatic receptors.
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3.1 INTRODUCTION

Polychlorinated dibenzo-p-dioxins (PCDDs) and polychlorinated dibenzofurans (PCDFs; collec-
tively referred to as dioxins) and polychlorinated biphenyls (PCBs) are members of a superfamily
of compounds classified as polyhalogenated persistent organic pollutants (POPs). Polybrominated
diphenyl ethers (PBDEs) are included along with dioxins and PCBs in a closely related group of
contaminants identified in the Stockholm Convention as persistent, bioaccumulative, and toxic
(PBT) substances (Davies 1999). Although not identified formally as a POP, the behavior of PBDEs
in the environment fulfills the screening criteria in Annex D of the Stockholm Convention. POPs
and PBT contaminants are generally acknowledged as long-lasting substances that can accumulate
in fish, reaching levels that have the potential to affect the health of people and wildlife.
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Dioxins, PCBs, and PBDEs share some—but not all—environmental fate and ecotoxicologi-
cal properties. Their half-lives are on the order of 1-20 years or more, depending on the degree of
chlorination or bromination (IUPAC 1989, Ritter et al. 1995). Their shared chemical characteristics
predispose these substances to long environmental persistence and facilitate long-range transport to
and accumulation in the polar region, often far removed from any source of use. Dioxins, PCBs, and
PBDEs resist degradation and sorb tightly to organic matter in the aquatic environment. They are
lipophilic, bioaccumulative, and have been shown to transfer from lower to higher trophic levels in
aquatic food chains, thereby aiding their distribution throughout the environment. In general, dioxin
levels occur at approximately 1-2 orders of magnitude lower in the environment than PCBs and
PBDEs. Typically, environmental levels of PBDE are lower than that of PCBs. However, there are
occasions where environmental samples contain PBDEs at levels 1-2 orders of magnitude higher
than PCBs.

This chapter summarizes current knowledge on tissue residues and ecotoxicological effects typi-
cally observed in aquatic organisms exposed to dioxins, PCBs, and PBDEs. The chapter is orga-
nized into seven sections. The second section summarizes the physical and chemical properties of
these compounds that are important to understanding environmental fate, bioaccumulation, distri-
bution in the environment, and the significance of tissue residues in aquatic organisms. The third
section summarizes what is currently understood about the environmental fate of these compounds,
with an emphasis on factors that influence exposure and toxicity. The fourth section includes an
overview of toxic equivalency factors (TEFs) assigned to different dioxins and certain dioxin-like
PCBs used to evaluate the significance of environmental exposures, and a discussion of recent TEF
schemes proposed to aid PBDE risk assessment. The fifth section summarizes available monitoring
data describing tissue levels in various aquatic species, and comments on emerging trends in fish
body burdens reported in different parts of the world. The sixth section reviews what is suspected or
known about predominant acute and chronic ecotoxicological effects in different aquatic taxonomic
groups. The final section is a summary of current gaps in knowledge about environmental fate, lev-
els in aquatic organisms, and ecotoxicological effects.

3.2 CHARACTERISTICS OF DIOXINS, PCBs, AND PBDEs
3.2.1 DioxiNs

Dioxins are known to occur naturally from the incomplete combustion of organic material such as
during forest fires or volcanic activity and are also produced by human activities. Dioxins are unin-
tentional by-products of industrial, municipal, and domestic incineration, uncontrolled burning and
certain industrial processes often used in incinerators, metal smelters, cement kilns, the manufac-
ture of chlorinated organics, and coal-burning power plants (U.S. EPA 2005). Dioxins occur most
notably as a contaminant in the manufacturing process of certain chlorinated organic chemicals
such as some commercial herbicides and chlorinated phenols. The most widely studied sources of
dioxins are the manufacture of 2,4-dichlorophenol (2,4-D) and 2,4,5-trichlorophenol (2,4,5-TCP),
the manufacturing of the microbicide hexachlorphene, and the chlorine bleaching of wood pulp.
2,4,5-TCP was used to produce hexachlorophene and the herbicide, 2,4,5-trichlorophenoxyacetic
acid (2,4,5-T). The manufacturing process for 2,4,5-T and related chlorinated herbicides typically
results in contamination with trace amounts of 2,3,7,8-tetrachlorodibenzo-p-dioxin (2,3,7,8-TCDD).
Several other manufacturing processes such as those involved in the manufacture of pentachloro-
phenol, chlorobenzenes, chlorobiphenyls, and polyvinyl chloride also are known to contain trace
levels of dioxins and furans. Owing to improvements in production chemistry, manufacturing pro-
cesses and chemical products contaminated with dioxins have been greatly reduced over the past
two decades.

Dioxin is also produced by nonindustrial sources such as residential wood burning, backyard
burning of household trash, oil heating, and emissions from automobiles using leaded or unleaded
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gasoline, and diesel fuel (U.S. EPA 2005). Burning of many materials that may contain chlorine,
such as plastics, wood treated with PCP, pesticide-treated wastes, other polychlorinated chemicals,
and even bleached paper are known or suspected to generate dioxins. Although emissions from
these sources can vary greatly depending on practices and the technology, all of these sources are
now considered by the U.S. Environmental Protection Agency (U.S. EPA) to represent the largest
combined source of dioxins in the U.S. environment (U.S. EPA 2006a).

Strictly defined, dioxins are a class of halogenated aryl hydrocarbon compounds consisting of eight
homologue groups encompassing 75 PCDD (dioxin) and 135 PCDF (furan) chemicals, each typically
referred to as a dioxin or furan congener. The PCDD molecule consists of two phenyl rings joined by
two oxygen bridges. The PCDF molecule comprises two phenyl rings joined by one oxygen bridge and
one single bond (Figure 3.1). The degree of chlorination and the pattern of chlorine substitution on the
two phenyl rings affect the stereochemistry of the congener, and are responsible for intercongener dif-
ferences in environmental behavior and toxicity. The 17 dioxin and furan compounds substituted only
at the 2,3,7, or 8-positions are widely regarded as the most toxic to humans and biota.

Increasingly, the term “dioxin-like” is used to describe compounds that share structural and bio-
chemical similarities to PCDDs and PCDFs and share a common mode of action whereby they exert
similar affects in humans and biota. At present, the term is most often used to describe 4 nonortho
and 8 mono-ortho substituted PCBs (Figure 3.1). Including the coplanar PCBs, there are 29 dioxin-
like compounds (17 dioxin and furan congeners plus 12 PCB congeners) that are often referred
to simply as “dioxins.” Table 3.1 provides information on the physical and chemical properties of
dioxins and dioxin-like compounds.

3.2.2 PCBs

PCBs were introduced in the United States in 1929 and banned by the U.S. EPA nearly 50 years
later due to concerns about toxicity to wildlife and human carcinogenicity. Unlike the dioxins, PCBs
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FIGURE 3.1 Polychlorinated dibenzo-p-dioxins (dioxins), polychlorinated dibenzofurans (furans), poly-
chlorinated biphenyls (PCBs) and Polybrominated Diphenyl Ethers (PBDEs) with “dioxin-like” toxicity.
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TABLE 3.1

Important Physical and Chemical Properties of Polychlorinated Dibenzo-p-Dioxins
(PCDDs), Dibenzofurans (PCDFs), Biphenyls (PCBs), and Polybrominated Diphenyl Ethers

(PBDEs)
Property PCDD? PCDF PCB" PBDE
Octanol/water partition Between 6 and 12 Between 6 and 10 Between 4.5 and 8.5 6.57¢ (pentaBDE)
Coefficient (log K,,,,) for the 75 for the 135 for the 209 congeners  8.35-8.90¢ (octaBDE)
congeners congeners 9.97¢ (decaBDE)
Vapor pressure (mmHg) Between 1.5x 10 9.21 x 1077 Between 7.7 x 10 and 4.7 x 107 (pentaBDE)
and 3.4 x 10~ for 4.1 x 103 for the 209  Between 1.6 x 10 and
the 75 congeners congeners 4.7 x 107 for the
hexa- and hepta-BDEs
2.95 x 10" (decaBDE)
Water solubility (ug/L) 0.019 0.692 Between 2.7 and 590 for 13.37 (pentaBDE)
the 209 congeners 0.5 (octaBDE)
<0.1i (decaBDE)
Henry’s law constant Between 1.6 x 107 1.48 x 1073 Between 5.2 x 10~*and  11* (pentaBDE)
(atm m?/mol) and 1.0 x 10~ for 2.0 x 1073 for the 209 10.6' (octaBDE)
the 75 congeners congeners >44m (decaBDE)
BAF or BCF 130,000 61,000 0.2-101,000¢ 220,000-1,400,000"
Sources:

* U.S. EPA (2002).

> WHO/IPCS (1993) for selected Aroclors; water solubility, vapor pressure, and Henry’s law measured at 25°C.
¢ PCB BCF range includes values for fish, crustaceans and mollusks. Values obtained from ECOTOX (U.S. EPA 2009a).
4 MacGregor and Nixon (1997).

¢ Watanabe and Tatsukawa (1990).

T Stenzel and Nixon (1997).

¢ Tittlemier et al. (2002).

h Estimated value by Wania and Dugani (2003).

i Stenzel and Markley (1997).

i CMABFRIP (1997).

X European Communities (2001).

! European Communities (2003).

m European Communities (2002).

" Gustafsson et al. (1999).

were manufactured purposely because of their resistance to high temperatures, and widely used
in fire prevention, insulation materials, and the manufacture of transformers, capacitors, electro-
magnets, circuit breakers, voltage regulators, and switches. Fluids containing PCBs were used in
hydraulic systems, and as plasticizers and additives in lubricating and cutting oils. As the number of
chlorines in a PCB mixture increases, the flash point rises and the mixture becomes less combus-
tible (more stable) and, therefore, more highly favored in a wide range of heat-resistant and lubricat-
ing uses (Erickson 1997).

PCBs are a class of compounds consisting of 10 homologue groups encompassing 209 individual
chlorinated congeners, including the 12 dioxin-like congeners (Erickson 1997, Van den Berg et al.
2006). The PCB molecule consists of two phenyl rings joined by a single bond (Figure 3.1). The indi-
vidual PCB congeners differ in the number and position of the chlorine atoms on each ring. The toxic-
ity of PCBs is typically determined by the mixture of homologue groups and, more specifically, the
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chlorination pattern of the biphenyl structure. Congeners with chlorines in both para positions (4 and 4)
and at least 2 chlorines at the meta positions (3, 5, 3', 5") on the biphenyl structure are considered “dioxin
like” (Van den Berg et al. 2006). When there is just 1 or no substitution in the ortho position, the atoms
of the congener are able to line up in a single plane (sometimes referred to as coplanar). The planar or
“flat” configuration is regarded as the most potent configuration. Table 3.1 provides information on the
physical and chemical properties of PCBs.

3.2.3 PBDEs

PBDEs are included in the class of manufactured chemicals referred to as brominated flame retar-
dants (BFRs). On the basis of their use in the chemical industry, BFRs are classified as either reac-
tive or additive. Reactive BFRs such as the tetrabromobisphenol A (TBBPA) are covalently bound
into a polymer matrix. Additive BFRs are dissolved in the matrix and weakly associated with the
polymer. The additive BFRs such as the PBDEs, polybrominated biphenyls (PBBs), and hexabro-
mocyclododecane (HBCD) are more likely to be released into the environment more readily than
reactive BFRs (Alaee and Wenning 2002, de Wit 2002).

Until regulatory-mandated and voluntary phase-out by industry began in about 2004, three tech-
nical formulations containing different mixtures of PBDE congeners were used by the industry:
pentabromodiphenyl ether (Penta-PBDE), octabromodiphenyl ether (Octa-PBDE), and decabromo-
diphenyl ether (Deca-PBDE). Penta-PBDE was mostly used in polyurethane foams and Octa-PBDE
was mainly used in rigid plastics such as ABS and high-impact polystyrene. The Deca-PBDE for-
mulation was used in a wide range of polymers including textiles, resins, and rigid plastics (Alaee
and Wenning 2002, de Wit 2002).

The PBDE molecule is structurally similar to PCBs. In addition to the bromine substitution,
the major difference between PBDEs and PCBs is the presence of an ether group linking the two
phenyl rings (Figure 3.1). Table 3.1 provides information on the physical and chemical properties of
PBDEs. Although there are 209 possible congeners, analyses of congeners present in commercial
PBDE:s, organisms, including humans, and environmental matrices reveal a much smaller number
of congeners tend to be found in the environment (U.S. EPA 2006b). PBDEs are numbered accord-
ing to the same IUPAC system used for numbering PCBs.

3.3 ENVIRONMENTAL FATE AND EXPOSURE

A brief overview of the important chemical properties influencing the environmental fate of these
compounds and the levels found in the aquatic environment is provided here. In general, dioxin,
PCB, and PBDE congeners vary widely in their physical and chemical properties because of their
differing degrees and patterns of chlorination or bromination. Although there is general agreement
on the overall trends and relative magnitude of different properties, it is not uncommon to find dis-
agreement among published literature values. Detailed reviews of the environmental fate of dioxins,
PCBs, and PBDEs are available elsewhere (Rahman et al. 2001, de Wit 2002, Voorspoels et al.
2003, Wang et al. 2007, Beyer and Biziuk 2009).

3.3.1 AtMosPHERIC FATE CONSIDERATIONS

Volatility (as measured by vapor pressure) affects environmental fate in two ways: by controlling
the rate of partitioning between the vapor and the particle phases, and by controlling, together with
water solubility (expressed as Henry’s law constant), the rate of partitioning between the vapor
phase in the atmosphere and the dissolved phase in water. Dioxins and PCBs have a wide range of
volatilities according to the degree of chlorination. In general, the higher chlorinated congeners are
less volatile than the lower chlorinated congeners (Davies 1999). PBDEs have low vapor pressures,
generally lower than dioxins and PCBs. Experimentally determined vapor pressures for several
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BDE congeners were found to be lower than for comparably chlorinated PCBs, and decreased with
increasing number of bromines (Tittelmier and Tomy 2000). Halogen substitution pattern influences
vapor pressure such that congeners with bromine substitution in the ortho positions to the ether bond
tend to have higher vapor pressures (Wong et al. 2001).

Several fate and transport studies have demonstrated that the most important pathway for
removal of these compounds from the atmosphere, and the main route through which these com-
pounds enter the aquatic environment, is by gravitational settling and washout in rain (Raff and
Hites 2007). Dioxins and PCBs attached to particulate matter will tend to settle out under gravity,
with larger, coarser particles deposited more rapidly and closer to emission sources than smaller
particles (Raff and Hites 2007). Bound to fine particulate and in gaseous form, these compounds
are more prone to long-range atmospheric transport. These particles will tend to be deposited by
rain and snow, although they may have traveled far from the emissions source before they are even-
tually removed. For PBDEs, however, experiments by Hale et al. (2002) suggest that fragments
from the disintegration of polyurethane foam may be a mechanism by which PBDEs diffuse into
the atmosphere.

3.3.2 AqQuaTic FATE CONSIDERATIONS

Dioxins, PCBs, and PBDEs are generally ubiquitous in the aquatic environment, particularly in sedi-
ments, and are transported to and recycled within aquatic systems. These compounds enter aquatic
environments from wet and dry deposition, river inflows, groundwater flow, and direct and indirect
discharges from industrial facilities. Dry and wet deposition may be the most important sources to
water bodies such as lakes and seas with large surface areas. Long-term or temporary sequestration
in aquatic systems can occur when bound to particles that settle as sediment, or volatilized across
the air—water interface, or by chemical and biological transformations. The latter two processes are
possible, but generally considered less significant than sedimentation; studies on transformation and
decomposition of dioxins, PCBs, and PBDEs have not resolved the significance of these processes
in the environment (Rahman et al. 2001, Hardy 2002).

Dioxins, PCBs, and PBDEs are highly lipophilic and hydrophobic compounds; these compounds
are nearly insoluble in water and generally have low Henry’s Law constant (H) values. The hydro-
phobicity of these compounds can be ascertained from their octanol-water partition coefficients
(K,,), which provides insight on the relationship between bioconcentration/bioaccumulation and
toxicity. Dioxins are super-hydrophobic because experimentally determined log K, s are typically
greater than 6 and as high as 12 (Gobas et al. 1989, Table 3.1). The log K,,s of PCBs also are
typically greater than 5, ranging from approximately 4.5 to 8.5 (Hawker and Connell 1988). The
log K,,s of PBDEs are in the range of 5.9-6.2 for tetraBDEs, 6.5-7.0 for pentaBDEs, 8.4-8.9 for
octaBDEs, and 10 for decaBDE (Watanabe and Tatsukawa 1990, MacGregor and Nixon 1997). As
a consequence of low vapor pressure, low water solubility, and high log K, values, dioxins, PCBs,
and PBDEs entering the aquatic environment have a high affinity for the organic fraction of sus-
pended particulate matter and sediments.

In general, dioxins and PBDEs partition weakly, more so than PCBs, between particulate and
dissolved phases but generally remain bound to particulates when deposited or resuspended in the
water column (Cetin and Odabasi 2009, Kitamura et al. 2009). The range of water-particle distri-
bution coefficients (Kd), which represents the ratio of the concentration of a chemical in the par-
ticulate phase to its concentration in the dissolved phase is relatively low for dioxins in comparison
to PCBs and PBDEs. The Kd value for the representative dioxin congener—2,3,7,8-TCDD—is
2.5E + 05. For PCBs and PBDEs, Kd values generally range by as much as six orders of magnitude
(Hornbuckle et al. 2006); although for PBDEs, much of what is known is inferred from structure—
activity relationships and comparisons to PCBs (Hardy 2002, Zeng et al. 2005). Regardless, the
dioxins, PCBs, and PBDEs associate strongly with organic matter; hence, the degradation and
mobility of organic carbon in sediment and, possibly, the influence of combustion-derived black
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carbon are significant factors contributing to their mobility in the aquatic environment (Lohmann
et al. 2005). Suspended sediment in surface waters may be incorporated into the sediment bed and
recycled at or near the sediment-water interface. Unless conditions occur where resuspension and
bottom currents are not strong enough to cause further transport, sediments act as an important
sink for these chemicals.

3.3.3 BioaccumuLATION AND FOOD CHAIN TRANSFERS

It is widely accepted that the bioavailability of contaminants in sediments is governed by three fac-
tors: the composition and characteristics of the natural particles, the physical and chemical proper-
ties of the contaminants, and the behavior and physiological characteristics of the aquatic organisms
(Guerrero 2007). Owing to their hydrophobic nature, the majority of dioxins, PCBs, and PBDEs
released into aquatic systems ultimately become associated with the organic fraction of suspended
and/or bed sediments and lipid-rich tissues of aquatic organisms. Lipid normalization may provide
insight into species differences in contaminant concentrations. However, data is available which
suggests that the relationship between lipophilic contaminants and lipid content of fish is not clear
cut or well understood. In fact, there is just as much variation in lipid weight values as wet weight
values.

It is important to distinguish between two mechanisms of uptake by aquatic organisms—
bioaccumulation and bioconcentration—and understand the uncertainties associated with the
consideration of both pathways in risk assessment (Arnot and Gobas 2006). Bioconcentration
involves direct uptake from water (e.g., across the gill membrane in fish) and is distinct from bio-
accumulation, which also includes dietary uptake and transfer from sediments. Bioconcentration
factors (BCFs) are determined from the ratio of chemical concentration in the organism, assum-
ing steady state metabolism and excretion, to that in the surrounding water column (U.S. EPA
1992). Bioaccumulation factors (BAFs) are based on lipid-normalized concentration of the chemi-
cal in the organism with respect to the concentration of the bioavailable fraction of chemical in
water (Burkhard et al. 2003). Biota-sediment accumulation factors (BSAFs) are based on the
lipid-normalized concentration in the organism with respect to organic carbon-normalized con-
centration in the sediments (Burkhard et al. 2003). Specific definitions for each of these terms are
provided in Table 3.2.

Dioxins, PCBs, and PBDEs are known to bioaccumulate in fish and a wide variety of aquatic
organisms. Field studies and models demonstrate that fish body burdens are largely due to dietary
uptake rather than membrane transport across the gill surface (Saloranta et al. 2006a, Micheletti
et al. 2008). Environmental monitoring data generally indicate higher body burdens in benthic
organisms and bottom-dwelling fish than in pelagic fish residing in the surface water. The highest
levels tend to occur in top predator species in food chains where successive stages of bioaccumu-
lation at each trophic level results in significant biomagnification (a cumulative increase in the
concentration of a persistent substance in successively higher trophic levels of the food chain). The
differences are generally attributed to the close association of sediment-dwelling organisms with
sediments, and the generally low opportunity for exposure to these substances in the water column.
Differences in BCFs and BAFs between species are often explained by different feeding strategies
and, perhaps, by different rates of biotransformation or excretion. For example, metabolic transfor-
mations of certain dioxin congeners have been suggested as an important factor in explaining low
BCFs and BAFs in some fish species (Wan et al. 2005).

Results from dioxin measurements in fish and fish-eating birds from the North American Great
Lakes indicate that 2,3,7,8-substituted congeners preferentially accumulate to a higher degree than
non-2,3,7,8-substituted congeners in the food chain (Davies 1999, Kannan et al. 2001, Gauthier et al.
2008). Further, there is some evidence in fish suggesting that 2,3,7,8-substituted congeners have
longer half-lives (on the order 50-100 days) than other dioxins (on the order of several weeks or less)
(Davies 1999, Geyer et al. 2002).
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TABLE 3.2
Bioaccumulation, Bioconcentration and Biota-Sediment Accumulation Factor
Definition of Terms

BCF Bioconcentration factor The ratio (in L/kg) of a substance’s concentration in tissue of an
aquatic organism to its concentration in the ambient water, in
situations where the organism is exposed through the water
only and the ratio does not change substantially over time.

BAF Bioaccumulation factor The ratio (in L/kg) of a substance’s concentration in tissue of an
aquatic organism to its concentration in the ambient water, in
situations where both the organism and its food are exposed
and the ratio does not change substantially over time.

BSAF Biota-sediment accumulation The ratio (in kg of organic carbon/kg of lipid) of a substance’s

factor lipid-normalized concentration in tissue of an aquatic
organism to its organic carbon-normalized concentration in
surface sediment, in situations where the ratio does not change
substantially over time, both the organism and its food are
exposed, and the surface sediment is representative of average
surface sediment in the vicinity of the organism.

Source: U.S. EPA (2009c).

In the absence of sufficient field data for all but a few PBDE congeners, the similarities in struc-
ture and physicochemical properties between PBDE and PCB congeners suggest that environmental
processes may affect their fate comparably (Burreau et al. 2006). However, bioaccumulation behav-
ior may differ based on the nature of the chemical structures (an ether bridge for PBDEs; a phenyl
bridge for dioxins and PCBs) and properties of bromine compared to chlorine (deBruyn et al. 2009).
Several studies suggest PBDEs are less biomagnified than PCBs (Kelly et al. 2008, Mizukawa et al.
2009, Wu et al. 2009). PBDEs have been found to exhibit a wider range of molecular size and hydro-
phobicity than PCBs, with measured and calculated K, values exceeding 10'° or greater (Palm et al.
2002, Braekevelt et al. 2003).

Furthermore, PBDEs are reported to undergo metabolic debromination more readily than either
dioxin or PCB dechlorination, suggesting that bioaccumulation of higher brominated congeners
might be less than that of PCBs (Stapleton et al. 2004a, 2004b, 2006). In PBDE metabolism studies
investigated by feeding trout DeBDE spiked food, Kierkegaard et al. (1999) observed short-term
increases in levels of hexa, hepta, octa, and nona-BDE congeners; after depuration, DeBDE rapidly
decreased and the concentrations of lower BDE congeners were unaffected, concluding that DeBDE
was metabolized by the trout and metabolic processes did not produce tetraBDE and pentaBDE
congeners.

Overall, the higher chlorinated dioxins and PCBs tend to have lower BAFs and BCFs than less
chlorinated compounds (Table 3.3). Similarly, the higher brominated PBDEs tend to have lower
BCFs and, possibly, BAFs than less brominated compounds. This has been attributed to factors such
as differences in membrane transport, larger molecular sizes, lower solubilities, and the possibility
for preferential metabolism of certain congeners (Opperheizun 1986). Published BCFs for dioxins
have been shown to vary over 4 orders of magnitude; for example, studies in the U.S. EPA (2009a)
ECOTOX database report BCFs ranging from 0.08 to 86,000 in fish. The recommended default
fish BCF for dioxins used by the California Office of Environmental Health Hazard Assessment
(OEHHA 2000) is 19,000 based on mean BCFs reported in six studies cited by Hsieh et al. (1994)
ranging from 2.7 to 64,000.

BCFs for PCBs reported in ECOTOX database also varied over 6 orders of magnitude in fish
from 0.2 to 355,000 (U.S. EPA 2009a). At present, few studies report BCFs for PBDEs. Gustafsson
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TABLE 3.3
Bioconcentration Factors (BCFs) Reported for the 2,3,7,8-TCDD
and Aroclors

BCF
Species Group Range Mean
2,3,7,8-TCDD
Crustaceans 49-7125 2883
Fish 0.08-86,000 11,225
Insects/Spiders 2846-9222 5689
Mollusks 720-3775 1839
Amphibians 0.12-3.78 1.04
PCBs (Aroclors)
Crustaceans 160-108,000 11,374
Fish 0.2-355,210 51,117
Invertebrates 14.8-17,000 6962
Mollusks 2-101,000 4424
Polychaetes — 8.6
Insects/Spiders 19.5-24,800 5444

Notes: Experimental concentrations used to derive BCFs varied widely by study.

2,3,7,8-TCDD: Amphibian data reported in dry weight and converted to wet weight: dry-weight
concentration = 5 * wet-weight concentration.

PCBs: Includes Aroclors 1016, 1242, 1254, and 1260.

Source:  U.S. EPA 2009a—ECOTOX Database (accessed May and December 2009).

et al. (1999) report BCFs in blue mussels (Mytilus edulis) of 1.4 x 10° and 1.3 x 10° for penta- and
tetra-BDE congeners, respectively, and 2.2 x 10° for hexa-BDE, almost one order of magnitude
lower, after 44-d exposure experiments. The high log K, values for PBDEs suggest high rates of
bioaccumulation and biomagnification in aquatic biota, particularly for tetra- and penta-bromi-
nated PBDEs (Alaee and Wenning 2002, de Wit 2002; Law et al. 2006).

Similar wide range was found for dioxin BSAF values. Using lake trout and surficial (0—-2 cm)
sediment samples from southern Lake Michigan, Burkhard et al. (2004) calculated BSAFs ranging
from <0.1 to 18 for PCBs and from <0.001 to 0.32 for dioxins. PCBs with zero or one chlorine in
an ortho position had lower BSAFs than other PCBs. Dioxins with chlorines at the 2,3,7,8-positions
had higher BSAFs than other congeners.

3.4 TOXIC EQUIVALENCY FACTORS

It is generally understood that different congeners of dioxin, PCB, and PBDE are not equally toxic
to biota, as defined by their ability to elicit specific adverse effects in animals. Therefore, to assess
the likely toxicological effect of a particular mixture of congeners, the World Health Organization
(WHO) and U.S. EPA developed TEFs as early as the mid-1980s as a means to assign different
degrees of toxicity based on chemical structure and relative potency of the different congeners.
Since that time, different TEF schemes have been proposed in the United States and other coun-
tries for dioxins and certain PCBs exhibiting dioxin-like behavior relative to the potency of 2,3,7,8-
TCDD, which is widely recognized as the most toxic to humans and wildlife among the dioxins.
After 1998, the WHO and U.S. EPA reached scientific consensus on the use of separate sets of
TEFs applicable to risk assessments for mammals, birds, and fish in response to the observed
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differences in sensitivities and toxicity of certain congeners among different taxa (van den Berg
et al. 1998, 2006, U.S. EPA 2008). The TEF scheme, endorsed by WHO in 2005 for humans and
mammals and in 1998 for birds and fish, is presented in Table 3.4.

TEF schemes have been proposed for mixtures of PCBs, though regulatory agencies have not for-
mally adopted any scheme (Hornung et al. 1996, Simon et al. 2007, Bhavsar et al. 2008a, Burkhard
and Lukasewycz 2008). While binding of PBDEs to the Ah receptor and estrogen receptors has
been reported, the current knowledge of the toxicological behavior of PBDE:s is rather limited and,

TABLE 3.4
World Health Organization (WHO) Toxic Equivalent Factors (TEFs) for Mammals,
Birds, and Fish

Congeners Mammals? Birds® Fish®

Polychlorinated dibenzo-p-dioxins

2,3,7,8-tetraCDD 1 1 1
1,2,3,7,8-pentaCDD 1 1 1
1,2,3,4,7,8-hexaCDD 0.1 0.05 0.5
1,2,3,6,7,8-hexaCDD 0.1 0.01 0.01
1,2,3,7,8,9-hexaCDD 0.1 0.1 0.01
1,2,3,4,6,7,8-heptaCDD 0.01 <0.001 0.001
OctaCDD 0.0003 0.0001 <0.0001

Polychlorinated dibenzofurans

2,3,7,8-tetraCDF 0.1 1 0.05
1,2,3,7,8-pentaCDF 0.03 0.1 0.05
2,3,4,7,8-pentaCDF 0.3 1 0.5
1,2,3,4,7,8-hexaCDF 0.1 0.1 0.1
1,2,3,6,7,8-hexaCDF 0.1 0.1 0.1
1,2,3,7,8,9-hexaCDF 0.1 0.1 0.1
2,3,4,6,7,8-hexaCDF 0.1 0.1 0.1
1,2,3,4,6,7,8-heptaCDF 0.01 0.01 0.01
1,2,3,4,7,8,9-heptaCDF 0.01 0.01 0.01
OctaCDF 0.0003 0.0001 <0.0001

Nonortho polychlorinated biphenyl congeners IUPAC#

CB#77 0.0001 0.05 0.0001
PCB#81 0.0003 0.1 0.0005
PCB#126 0.1 0.1 0.005
PCB#169 0.03 0.001 0.00005
Mono-ortho polychlorinated biphenyl congeners IUPAC#
PCB#105 0.00003 0.0001 <0.000005
PCB#114 0.00003 0.0001 <0.000005
PCB#118 0.00003 0.00001 <0.000005
PCB#123 0.00003 0.00001 <0.000005
PCB#156 0.00003 0.0001 <0.000005
PCB#157 0.00003 0.0001 <0.000005
PCB#167 0.00003 0.00001 <0.000005
PCB#189 0.00003 0.00001 <0.000005
Sources:

* Van den Berg, M. et al., Toxicol. Sci., 93, 223-241, 2006.
® Van den Berg, M. et al., Environ. Health Perspect., 106, 775-792, 1998. With permission.
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therefore, TEFs have not been proposed by WHO or environmental regulatory agencies at this
time.

Throughout this chapter, dioxins and furans are presented as 2,3,7,8-TCDD toxic equivalents
(TEQs) using congener specific mammalian TEFs, following the approach described by the WHO
International Program on Chemical Safety as part of the 2005 reevaluation of PCDD/F toxicity
(Van den Berg et al. 2006). The use of mammalian TEFs is consistent with approaches used by the
Ontario Ministry of the Environment (MOE) and U.S. EPA to report fish tissue residue data and to
facilitate comparisons to comparable fish tissue data reported elsewhere (e.g., Saloranta et al. 2006a,
2006b, Bhavsar et al. 2007, 2008b, 2008c, Wintermyer and Cooper 2003, FDA 2009, Stahl et al.
2009, U.S. EPA 2009b). However, it should be noted that the evaluation of PCDD/F residues in
aquatic organisms should include the use of fish and/or bird TEFs, depending on the use of the data
for risk assessment purposes (e.g., Cook et al. 2003, Steevens et al. 2005).

The TEF scheme has significant implications for regulatory programs tasked with monitoring
and setting exposure limits, despite the assumptions and uncertainties inherent in this approach
(Dyke and Stratford 2002, Finley et al. 2003, Bhavsar et al. 2008b). The underlying premise for
using a TEF scheme is twofold: first, the mode of action of all 2,3,7,8-substituted dioxins and dioxin-
like congeners is the same (i.e., AhR mediated); and, second, the combined effects of the individual
dioxin congeners are dose-additive. Additivity is an important prerequisite of the TEF concept.
There is evidence supporting and contradicting both of these assumptions for dioxins and dioxin-
like compounds. There is considerable evidence that the relative toxicity of different congeners
varies significantly among different taxonomic groups (e.g., birds, fish, and mammals); differences
may be even broader as more information becomes known regarding ecotoxicity to invertebrates,
reptiles, and amphibians.

Further, the assumption that the combined effects of the congeners are additive may not be true
in all cases. Some studies provide evidence that nondioxin-like AhR agonists and antagonists are
able to increase or decrease the toxicity of 2,3,7,8-substituted compounds. In addition, there are
natural nonchlorinated AhR agonists in the diets of many animals, and some studies have suggested
that the potential effects of these may be significant.

The application of TEFs to obtain TEQs represent a fairly accurate estimate of the toxic poten-
tial of a complex mixture of persistent Ah-receptor agonists, such as PCDDs, PCDFs, and coplanar
PCBs, but completely ignores any other components in a mixture that may elicit a similar toxicity
via a non-Ah receptor pathway. This is important to keep in mind when attempts are made to associ-
ate toxic effects observed in the environment with exposures to dioxin-like compounds or TEQs.

3.5 TISSUE RESIDUES IN AQUATIC ORGANISMS

Numerous global, regional, and national surveys of dioxins, PCBs, PBDEs, and other POPs have
been conducted during the past three decades and are available in the literature (e.g., de Boer and
Denneman 1998, Alaee et al. 1999, Ikonomou et al. 2000, 2002, Luross et al. 2002, Hale et al. 2003,
Holden et al. 2003, Kiviranta et al. 2003, AMAP 2004, Chiuchiolo et al. 2004, Hites et al. 2004,
Rayne et al. 2004, Evans et al. 2005, Gémara et al. 2005, Johnson and Olson 2001, Brown et al.
2006, Isosaari et al. 2006, Fair et al. 2007, Mathews et al. 2008, Pandelova et al. 2008, Gewurtz
et al. 2009, Szlinder-Richert et al. 2009, Yogui and Sericano 2009).

3.5.1 DioxiN Tissue ResIDUES

The U.S. EPA’s National Study of Chemical Residues in Fish, previously referred to as the National
Bioaccumulation Study, was released in 1992 and, at the time, was among the first comprehen-
sive screening investigations of the prevalence of selected bioaccumulative substances in fish any-
where in the world (U.S. EPA 1992). One or more of the seventeen 2,3,7,8-substituted PCDDs and



114 Environmental Contaminants in Biota

PCDFs were detected at nearly all of the 388 locations surveyed throughout U.S.* In general, the
frequency of detection was highest in the east and northeast and lowest in the west and south-
west regions of the United States. Levels were higher in bottom-feeding fish than in pelagic fish.
The congeners most frequently detected in fish included four PCDDs compounds (2,3,7,8-TCDD;
1,2,3,7,8-PeCDD; 1,2,3,6,7,8-HxCDD; and 1,2,3,4,6,7,8-HpCDD) and 3 PCDFs (2,3,7,8-TCDF;
2,3,4,7,8-PeCDF,; and 1,2,3,4,6,7,8-HpCDF). The most frequently detected dioxins (1,2,3,4,6,7,8-
HpCDD and 2,3,7,8-TCDF) were also detected at the highest concentrations in whole fish tissues:
249 ng/kg and 404 ng/kg, respectively. 2,3,7,8-TCDD was detected at 70% of the surveyed loca-
tions; the maximum concentration was 204 ng/kg and arithmetic mean concentration was 7 ng/kg.

Since 1992, nearly 1000 international, national, and regional surveys of dioxins in freshwater and
marine fish have been conducted and published worldwide. In North America, the most comprehen-
sive surveys conducted to date are those conducted by the U.S. EPA in U.S. lakes and reservoirs,
and by U.S. and Canada scientists in the Great Lakes. Much of what is known about dioxin levels in
fish in North America is reported in two studies: U.S. EPA’s National Study of Chemical Residues
in Lake Fish Tissue in 500 lakes randomly selected from 147,000 target water bodies in the lower 48
states (Olsen et al. 2009, Stahl et al. 2009, U.S. EPA 2009b) and the Ontario MOE on-going Great
Lakes sport fish monitoring program (MOE 2009).

The Ontario MOE Sport Fish Contaminant Monitoring Program, which started in 1976, is the
largest program of its kind in North America. Fish are tested annually from up to 1860 locations
in Ontario’s inland lakes and rivers and the Canadian waters of the Great Lakes for a variety of
substances, including mercury, PCBs, mirex, DDT, and dioxins. The 2009-2010 Ontario sport fish
consumption guide incorporates approximately 120,000 additional test results performed on 12,000
samples and 100 more locations than the previous 2007-2008 edition (MOE 2009).

The U.S. EPA National Study of Chemical Residues in Lake Fish Tissue is a 4-year national
screening-level study of PBT substances in freshwater fish; the sampling work was conducted between
2000 and 2003. It is the U.S. EPA’s first national fish tissue survey based on a probabilistic (random)
sampling design, which is intended to support national estimates of the mean concentrations of 268
PBT substances in fish tissue from lakes and reservoirs in the lower 48 states (U.S. EPA 2009b).

Figures 3.2 through 3.5 summarize the arithmetic mean dioxin TEQ in fish calculated by com-
bining the data available in both the U.S. EPA 500 Lakes Study (Figures 3.2 through 3.4) and the
Ontario MOE Sport Fish Monitoring Program (Figure 3.5) based on geography, species, and the
type of fish tissue sample collected and analyzed. The 982 fish tissue samples in the U.S. EPA data
set included 442 whole-body samples and 540 fillet with skin samples. Whole-body fish samples
were grouped by family: Catostomidae (18 species of suckers and buffalo fish; n = 154), Cyprinidae
(3 species of carp and goldfish; n = 119), and Ictaluridae (9 species of catfish and bullhead; n = 169).
Fillet with skin fish samples also were grouped by family: Centrarchidae (10 species of bass, crap-
pies, and sunfish; n = 352), Esocidae (2 species of pike and pickerel; n = 40), Percidae (5 species of
walleye, perch, sauger, saugeye, and pumpkinseed; n = 84), and Salmonidae (10 species of salmon,
trout, and mountain and lake whitefish; n = 64). The 443 fish tissue samples from the Great Lakes
included in the Ontario MOE data set represented fillet without skin samples. These data were
similarly grouped by family: Catostomidae (1 species of white sucker; n = 6), Cyprinidae (1 species
of carp; n = 57), Esocidae (1 species of pike; n = 7), Ictaluridae (2 species of catfish and bullhead;
n = 69), Percidae (2 species of walleye and perch; n = 35), and Salmonidae (6 species of chinook
and coho salmon, and brown, rainbow and lake trout, and Siscowet; n = 269).

Fish tissue data were analyzed using one-way analysis of variance (ANOVA), if the data satis-
fied the requirements of normality with or without log-transformation (Levene 1960, Shapiro and
Wilk 1965). Data sets that did not meet the requirements of the ANOVA, were evaluated using a
Kruskal-Wallis test (Kruskal 1952, Kruskal and Wallis 1952). If the ANOVA or Kruskal-Wallis

* As mentioned above, dioxins are presented as 2,3,7,8-TCDD TEQs, following the approach described by Van den Berg
et al. 2006.
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FIGURE 3.2 Mean dioxin total TEQ in fish tissue (whole body) from U.S. EPA regions 1-10 (2000-2003).
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FIGURE 3.4 Mean dioxin total TEQ in fish tissue (fillet with skin) from U.S. EPA regions 1-10 (2000-2003).
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test was significant, pair-wise comparisons of the exposed groups to control were made least squares
means and the Tukey—Kramer (Kramer 1956) comparison test or a Mann—Whitney U test (Mann
and Whitney 1947), respectively.

The mean and range of total dioxin TEQ in fish from different lakes and U.S. EPA regions,
regardless of species or type of sample (filet or whole body) were calculated. Total dioxin TEQ
among all fish groups ranged from 0.4 to 2.2 ng/kg for whole-body samples and 0.48-3.6 ng/kg
for fillet with skin samples. Figure 3.2 presents combined whole-body data for three fish families
(Catostomidae, Cyprinidae, and Ictaluridae) to show regional differences in fish TEQ across the
United States. When the data from the three fish families are combined in each region, the high-
est mean dioxin TEQ (1.3 ng/kg) occurs in fish in U.S. EPA region 4; the lowest mean dioxin TEQ
(0.59 ng/kg) occurs in U.S. EPA region 10. Mean whole-body fish dioxin TEQ in U.S. EPA region
4 is significantly higher (p < .05) than in U.S. EPA regions 1, 5, 6, 8, and 10. In general, the whole-
body fish tissue TEQ in the western U.S. (regions 9-10) is lower (0.72 ng/kg) than the mean total
dioxin TEQ (1.11 ng/kg) in the eastern U.S. (regions 1-5).

Figure 3.3 summarizes mean total dioxin TEQ in the United States for different taxonomic fish
families. The highest mean dioxin TEQs are found in Cyprinidae as compared to Ictaluridae and
Catostomidae. Mean total dioxin TEQs in Cyprinidae are higher in U.S. EPA region 4 (2.22 ng/kg),
region 2 (2.16 ng/kg), and region 5 (2.13 ng/kg) than in other regions. TEQ levels in all other fish
families were lower in all ten regions (ranging between 0.43 and 1.55 ng/kg). There were no sig-
nificant differences in mean TEQ values across the United States within the Catostomidae family.
However, significant differences (p < .5) exist across the United States within the Cyprinidae and
Ictaluridae families. Within the Cyprinidae family of fishes, U.S. EPA regions 4 and 5 have the
highest mean dioxin TEQ, significantly higher than regions 6, 8, and 10; region 10 has the lowest
mean dioxin TEQ (0.67 ng/kg). Within the Ictaluridae family of fishes, U.S. EPA region 6 has the
highest mean dioxin TEQ (1.55 ng/kg), significantly greater than regions 2 and 4, and region 10 has
the lowest mean dioxin TEQ (0.43 ng/kg).

Figures 3.4 and 3.5 summarize mean total dioxin TEQ according to the type of fish tissue
sample—either fillet with or fillet without skin, respectively. In general, mean total dioxin TEQs in
fish fillet with skin samples collected from U.S. lakes (ranging between 0.48 and 3.61 ng/kg; Figure
3.4) were lower than fish fillet without skin samples collected from the Great Lakes (ranging between
1.15 and 9.36 ng/kg; Figure 3.5). Among the six families of fish collected from the Great Lakes, only
two, Cyprinidae and Salmonidae, showed significant (p < .05) differences in mean total dioxin TEQ.
In Cyprinidae, the mean TEQ is significantly (p = .01) greater in Lake Ontario (10.6 ng/kg) than in
Lake Erie (2.20 ng/kg). In Salmonidae, the mean total dioxin TEQ is significantly greater in Lake
Huron (5.38 ng/kg) than in Lake Erie (2.34 ng/kg) and Lake Superior (4.44 ng/kg). In addition, mean
dioxin TEQ in Lake Superior is significantly greater and in Lake Ontario (3.58 ng/kg).

On the basis of the combined fish tissue residue data from the U.S. EPA 500 Lakes Study and
the Ontario MOE Sport Fish Monitoring Program, 4 of the 2,3,7,8-substituted dioxin congeners are
most prevalent in fish and contribute most to total TEQ: 1,2,3,7,8-PentaCDD; 2,3,4,7,8-PentaDCF,;
2,3,7,8-TCDD; and 2,3,4,7,8-PeCDF.

Figure 3.6 summarizes mean total dioxin TEQs reported in fish in other countries. Interpretation
of the available data is challenging, at best, because of large differences in the analytical method-
ologies used to measure dioxins in fish and often failure of any explicit indication of the type of
tissues analyzed (i.e., whole body, fillet, or fillet with and without skin). Moreover, typically only
a mean concentration or TEQ value is reported in the literature, which limits meaningful statisti-
cal comparisons. Mean total dioxin TEQ in fish from all countries ranged from below detection to
155 ng/kg (Figure 3.6). No clear trends are discernable because TEQs in fish representing differ-
ent feeding guilds or habitats vary widely by country. Dioxin TEQs in fish from the United States
generally fall within the mid-range of dioxin TEQs reported in fish from other countries. Overall,
mean total dioxin TEQs in fish from Asia (with the exception of Korea), Europe, and the United
States are similar.



118 Environmental Contaminants in Biota

1000 T T T T T T T T T T T 3
N 3
s ]
N 4
= N
2 N
a q
& \
) N N §
= N N N
2 N N N\
= N N N
£ N N
g N N N N ]
g N N Y ]
151 N N
: N
: \ E
S 2N N N 3
s N N X ]
o N NN ]
=] HEIN| N
5 N |
& : g 5
0.01 F [E=== Small schooling fish § | E
£ Invertebrates § | 7
Freshwater predatory fish § H q
Large predatory fish N 7
5 Medium predatory fish % i
- el -
0.001 (I Estuarine or estuarine-like fish % E
All other undefined fish N 3
0.0001 | 1 | | | | | | | | 1 | 1 |
: Baltic Sea Estonia Finland Adriatic Spain Europe France Sweden Denmark Italy Korea Japan Taiwan Vietnam USA
| ||_Sea L Il |
! Eastern Europe I Western Europe H Asia i N. America ‘

FIGURE 3.6 Ranges of mean dioxin TEQs reported in the edible portion of fish and aquatic invertebrates
worldwide.

The significance of dioxin tissue residues in aquatic organisms is evident using the Environmental
Residue-Effects Database (ERED) compiled jointly by the U.S. Army Corps of Engineers and
U.S. EPA (U.S. EPA/ERED 2009). The ERED database is a compilation of data from the literature,
where biological effects (e.g., reduced survival and growth) and tissue contaminant concentrations
are simultaneously measured in the same organism. The database is limited to those instances
where biological effects observed in an organism can be linked to a specific contaminant.

Table 3.5 summarizes no observable effect tissue residues (NOERS) associated with dioxins in
tissues and lethal tissue residue to 50% of test organisms (LR50) reported in fish and other aquatic
organisms reported in ERED. Lake trout are reported to have the lowest NOER indicating that this
species may be particularly sensitive. Mosquito fish, invertebrates including crayfish and aquatic
insects, and aquatic plants appear to be the least sensitive of the species included in the database
as tissue residue concentrations between 0.4 and 1 mg/kg wet weight (ww) result in no observable
adverse effect. Of the congeners evaluated, 1,2,3,4,7,8-HCDD appears to be the most toxic congener
(to rainbow trout); however, the concentrations affecting 50% (LCS50) of test organisms fall within
the lower range of toxic tissue residues for 2,3,7,8-TCDD. Figure 3.7 illustrates the variation in
sensitivities of a variety of aquatic organisms to TCDD body burdens using LR50s using a species
sensitivity distribution (SSD). Note that early life stages of fish are more sensitive than that of juve-
nile and adult life stages or invertebrates.

Steevens et al. (2005) proposed a methodology for searching, reviewing, and analyzing linked,
tissue residue effect data to derive benchmark distributions. The approach is demonstrated for con-
taminants having a dioxin-like mechanism of toxic action and is based on residue-effects data for
2,3,7,8-TCDD and equivalents in early life stage fish. The tissue-residue benchmark for TCDD TEQ
for fish (based on the geometric means of NOERs and LOER values used in their study) could range
from 0.057 to 0.699 ng TCDD TEQ/g lipid, depending on the level of protection needed (99% and
90% of fish species protected, respectively).
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TABLE 3.5

No Observable Effect Tissue Residue (NOER) Associated with Dioxins in Tissues and
Lethal Tissue Residue to 50% of Test Organisms (LR50) Reported in Fish and Other
Aquatic Organisms

Tissue Concentration

Chemical Species Range Mean

No Observable Effects Tissue Residue (NOERs)

TCDD (2,3,7,8-TCDD) Mosquito fish 440-900 670
CAS# 1746-01-6

Trout—Rainbow 0.1-5 1.6
Trout—Lake 0.023-0.044 0.034
Trout—Brook — 1.2
Yellow perch 0.143-1 0.5715
Catfish—Channel 140-190 165
Salmon—coho — 0.125
Black Bullhead — 1
Bluegill — 1
Largemouth Bass — 1
Crayfish — 0.3
Snail 9.7-1020 420
Water flea 8.6-2080 580
Midge — 470
Algae—Green — 980
Least Duckweed — 12

Lethal Tissue Residue to 50% of the Test Group (LR50s)
TCDD (2,3,7,8-TCDD) Trout—Lake 0.034-65 3.10
CAS# 1746-01-6

Trout—Rainbow 0.17-10 1.42
Common carp 2-3 2.73
Yellow perch — 3
Black Bullhead — 5
Largemouth Bass — 11
Bluegill — 16

1,2,3,4,7,8-HCDD Trout—Rainbow —_ 0.14

CAS #39227-28-6

1,2,3,4,7,8-HXCDF — 0.99

Cas # 70648-26-9

1,2,3,7,8-PcCDD — 0.566

CAS #40321-76-4

1,2,3,7,8-PeCDF — 7.34

CAS #57117-41-6

2,3,7,8-TCDF — 8.08

CAS #51207-31-9

2,3,4,7,8-PCDF — 0.7

57117-31-4

Notes: All data in ng/g wet weight. Exposure routes include absorption, injection and/or ingestion or in combination.
Source:  U.S. EPA/U.S. ACE ERED Database (accessed April 2009; http://el.erdc.usace.army.mil/ered/).
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FIGURE 3.7 TCDD tissue residue LR50 species sensitivity distribution for a variety of aquatic organisms.
(From U.S. EPA/U.S. ACE ERED Database, http://el.erdc.usace.army.mil/ered/)

3.5.2 PCB Tissue ResIDUES

Data from the U.S. EPA’s National Study of Chemical Residues in Lake Fish Tissue (U.S. EPA
2009b), the Ontario MOE Sport Fish Monitoring Program (MOE 2009), the Great Lakes National
Program Office (GLNPO), and the Great Lakes Fish Monitoring Program (GLFMP) were com-
piled and analyzed to understand PCB residue in fish tissue from U.S. lakes and waterways and in
the U.S.—Canadian Great Lakes. The GLFMP consists of two separate programs, the Open Lakes
Trend Monitoring Program, which examines the health of fish and fish-consuming wildlife through
trend analysis, and the Game Fish Fillet Monitoring Program, designed to monitor potential human
exposure to contaminants through consumption of popular sport fish species (GLNPO 2009).

Figures 3.8-3.10 summarize the available data based on geography, species, and the type of
fish-tissue sample collected and analyzed. All data are reported on a wet weight basis. The data were
treated in the same manner as described for the dioxins. Figure 3.8 summarizes mean total PCB in
whole-body fish from each of the ten U.S. EPA regions. In general, the highest mean total PCB con-
centrations were found in U.S. EPA region 4 (0.14 mg/kg) and the lowest in U.S. EPA region 8 (0.012
mg/kg). Consistent with the trend observed for dioxins, mean total PCB in fish from the western U.S.
(0.03 mg/kg; regions 6—10) were substantially lower than in fish from the eastern U.S. (0.09 mg/kg).
Similar to the dioxins, the higher mean total PCBs are found in Cyprinidae than in either Ictaluridae
or Catostomidae (Figure 3.9a). Mean total PCBs in Cyprinidae are highest in U.S. EPA regions 2, 3,
4 (ranging from 0.26 to 0.32 mg/kg) and lowest in U.S. EPA regions 8 and 10 (0.018 and 0.017 mg/
kg, respectively). Mean total PCBs in Cyprinidae in U.S. EPA region 8 are statistically lower (p < .05)
than other regions, with the exception of U.S. EPA region 10. For Ictaluridae, the highest mean total
PCBs are found in U.S. EPA regions 3 and 4 (0.09 and 0.12 mg/kg, respectively) and the lowest are
found in U.S. EPA region 10 (0.001 mg/kg). Mean total PCBs reported for Catostomidae are highest
in U.S. EPA region 2 (0.05 mg/kg) and lowest in U.S. EPA region 8 (0.006 mg/kg).

For fish collected in the Great Lakes between 2000 and 2005 (Figure 3.9b), Salmonidae from
Lake Erie and Lake Superior had the lowest mean total PCB concentrations among the five Great
Lakes (0.44 mg/kg in both lakes). Mean total PCB in fish was statistically higher (p < .003) in Lake
Ontario (0.97 mg/kg) than in the other Great Lakes.
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FIGURE 3.8 Total PCB in fish tissue (whole body) from U.S. EPA regions 1-10 (2000-2003).

(@ o8
(b
L
0.7 +
B3 1
2 I ——
06 - ! !
< Su. i
£ 0.
5 % 1
o5 S0
Y 0.
£
Percidae id Imonid Imonid i
8 0.4 (507 GO 3] 1737 1967 71y
[ Eri Sperior Michigan Huron Ontario
E .|'
2 .
< 03
g |
=1 .
=
0.2 =
01 - i | T = T T T
0!]1 h il‘l 0 AW !JHIWEHHH-;%IHHJW [TMR
Dlg|E|gla|lg|a|8|le |t |F||IT|T|Io|o|a|lg|eb|8|d|Z3|F|IS|T|E|a|&|lT
IS Il sl IR sl Bl el sl el A R IR I A R S G BN b R =2 Bl el e Bl Bl R el 2 B
s ElE|s|S|S1E|52l2|2lsl2lslelelelelEleldlelelelslelsleldls
ZTIEIE|IZSIE|E|E|IE|RBIBIZTIZTIRIZ|IZRIZ|Z|B|IEIZ|E|E|= -] EIZ|IE|Z|E|E
E|l€E|2|E|E|2|8|S|E|E|E|E|E|E|E|E|E|5|5|E|2|E|E|E5E|5|E|=2|E|2|=2
slalS| 8| &al=B|S|a|l=2|&8|2|=2s8|s|258|E|=2|S8|E|l=8|ls8|lE|28|E|=S|8| &S
= =~ T = | B 7] - 8 2 ol = = ol s = a8 @ ol o P~ ol s 2 [="8 B 1 P~ | O
7] 9 17} S =} - 17 - 7] = 7] i o 9 @ pi o 3] 173 3]
21O (= 2|0 =|2l0|s8|lg|>ls8l2|lalslglalslelasl=glasls8lelas=8|0=
= = < = 2|0 =]8|10O|~=|L8|0|=|%]|0 SO =] &|0 =
=1 =1 @] =1 3 1 @] =] @] =]
9} 9} 9} 9} 9} 9] 9]
Region 1 Region 2 Region 3 Region 4 Region 5 Region 6 Region 7 Region 8 Region 9 Region 10

FIGURE 3.9 (a) Total PCB concentration in fish tissue (whole body) from U.S. EPA regions 1-10 (2000-2003),
(b) comparison of total PCB concentration in fish tissue (whole body) from the Great Lakes (2000-2005).
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FIGURE 3.10 (a) Total PCB in fish tissue (fillet with skin) from U.S. EPA Regions 1-10 (2000-2003),
(b) comparison of total PCB (fillet without skin) from the Great Lakes (2000-2008).

In general, mean total PCB levels in fish fillet with skin samples collected from U.S. lakes (rang-
ing between 0.001 and 0.35 mg/kg) (Figure 3.10a) were lower than fish fillet without skin samples
collected from the Great Lakes (ranging between 0.02 and 0.64 mg/kg; Figure 3.10b). Among the
fish families collected from the U.S. lakes, mean total PCBs in Centrarchidae (fillet with skin)
collected from region 8 (0.004 mg/kg) were statistically lower (p < .05) than all other regions; the
highest mean total PCB concentrations were measured in U.S. EPA regions 1 and 2 (0.021 and
0.027 mg/kg, respectively). When the data from all fish families are combined, mean total PCB
levels in fish (fillet with skin) in U.S. EPA region 8 are statistically lower (p < .05) than other regions
with the exception of U.S. EPA region 7. In the Great Lakes, mean total PCBs in all fish (fillet with-
out skin) are highest in Lake Ontario (0.33 mg/kg, p < .001) and lowest in Lake Huron (0.18 mg/kg,
p < .01). This also is evident in the Salmonidae family (Figure 3.10b); mean total PCBs are highest
in Lake Ontario (0.47 mg/kg, p < .001) and lowest in Lake Huron (0.22 mg/kg, p < .001). For the
Percidae family, the highest mean total PCBs are found in Lake Erie (0.12 mg/kg, p < .001) and
lowest in Lake Superior (0.03 mg/kg, p < .001) (Figure 3.10b).

Figure 3.11 summarizes mean total PCBs and dioxin-like PCB TEQs reported in fish from other
countries. Similar to the dioxins, the interpretation of data reported in studies conducted outside
North America is challenging, at best, because of large differences in the analytical methodologies
used to measure PCBs and the lack of information on the type of tissues analyzed. Mean total PCB
TEQ in fish from all countries ranged from 0.008 to 55 ng/kg. Like dioxins, trends are difficult to
discern as TEQs in fish representing different feeding guilds or habitats vary widely by country.

Table 3.6 summarizes NOERs associated with PCBs in tissues and LR50s reported in fish and
other aquatic organisms reported in ERED. NOER concentrations vary widely across the spectrum
of species and tested congeners. Interestingly, the lowest and highest NOERs are observed for the
same two PCB congeners. Among common carp, NOERs for PCB 153 and 180 were 0.00004 and
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FIGURE 3.11 Ranges of mean dioxin-like PCB TEQs reported in the edible portion of fish and aquatic
invertebrates worldwide.

0.00006 mg/kg (wet weight), respectively, while the same two congeners have the highest NOERs
for fathead minnows, with concentrations averaging 6030 and 4565 mg/kg, respectively. Common
carp were also particularly sensitive to body burdens of PCB 52, with a reported NOER of 0.00003
mg/kg. Figure 3.12 illustrates the variation in sensitivities of a variety of aquatic organisms to PCB
body burdens using LR50s. Note that, like dioxins, early life stages of fish are more sensitive than
that of juvenile and adult lifestages or invertebrates.

3.5.3 PBDE Tissue ResiDUES

Various synonyms and abbreviations used to describe individual BDE congeners and homologues
groups, as well as the technical formulations have lead to considerable unintentional misrepresentation
of environmental levels in the scientific literature (Wenning 2002). Environmental monitoring data
reported in the scientific literature typically report the concentrations of total PBDEs based on some,
but not all, of the individual congeners, or the concentrations only of certain BDE congeners (Alaee
and Wenning 2002, Wenning 2002). Interpretation of the available environmental data is further com-
plicated by the fact that much more extensive analysis has been performed for only certain BDE con-
geners. Data reported in this manner hinder attempts to develop reliable estimates of environmental
levels and trends or plausible human exposure. To date, there have been few, if any, studies strictly
correlating the occurrence of specific BDE congeners with the use of technical formulations.

PBDEs were first detected in 1979 in sludge and soil samples collected in the vicinity of tex-
tile manufacturing plants, and have since been detected in abiotic and biotic samples throughout
the world. Nearly every environmental monitoring program conducted during the past decade has
shown increasing levels of some BDE congeners in wildlife, particularly in Nordic countries where
this trend contrasts with a general decline in the occurrence of dioxins, PCBs, and chlorinated pes-
ticides in marine mammals and aquatic wildlife (Hooper and MacDonald 2000).
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TABLE 3.6

No Observable Effects Tissue Residue (NOERs) Associated with PCBs in Tissues and
Lethal Tissue Residue to 50% of Test Organisms (LR50) Reported in Fish and Other

Aquatic Organisms
Congener and CAS #

PCB 101 CAS #37680-73-2
PCBs CAS #1336-36-3

PCB 138 CAS #35065-28-2
PCB 153 CAS #35065-27-1

PCB 52 CAS # 35693-99-3

PCB 118 CAS #31508-00-6
PCB 180 CAS#35065-29-3

PCB 126 CAS # 57465-28-8
PCB 77 CAS # 32598-13-3
Aroclor 1242 CAS # 53469-21-9

Aroclor 1254 CAS # 11097-69-1

Species Common Name

No Observable Effect Tissue Residues (NOERs)

Fathead minnow
Clam—Bent nose
Crab—Blue

Eastern oyster
Mayfly
Shrimp—Pink
Starfish
Catfish—Channel
Pinfish
Salmon—Atlantic
Sheepshead minnow
Spot
Trout—Rainbow
Trout—Lake

Zebra Danio
Fathead minnow
Fathead minnow
Common carp
Amphipod—Freshwater
Common carp
Fathead minnow
Trout—Rainbow
Starfish

Fathead minnow
Common carp
Trout—Rainbow
Starfish

Killifishes
Trout—Rainbow
Amphipod—Freshwater
Catfish—Channel
African Clawed Frog

Amphipod Gammarus sp.

Crayfish

Daphnia magna
Shrimp—Grass
Fathead minnow
Pinfish
Salmon—Chinook
Salmon—Coho
Sheepshead minnow
Trout—Brook
Trout—Rainbow
Trout—Lake

Tissue Concentration

11

Range Mean

15-4690 2902
1.7
23

—425 229
1.5
1.3
19.3

1.2-14.6 9
17-170 66

44

0.56-230* 66

27
0.09

1.8-2.4 2.1

94
11

1=
12

0.14
6-3980 2463
20-10,940 6030
4.00E-05
54
3.00E-05
2179
202 10
33
10-7920 4565
6.00E-05
2
3.26
1
2
30

0.23-2.3 1.7

114.09
7.8
0.04
10.4

0.4-17 8.7

105
17

1-60 30

54
5.4

0.5>-71¢ —
2.3-103 224
156-206 181
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TABLE 3.6 (continued)

No Observable Effects Tissue Residue (NOERs) Associated with PCBs in Tissues and
Lethal Tissue Residue to 50% of Test Organisms (LR50) Reported in Fish and Other
Aquatic Organisms

Tissue Concentration

Chemical Species Common Name Range Mean

Lethal Tissue Residues to 50% of the Test Group (LR50s)

PCBs (PCB Mixture) Goldfish 250-324 287

CAS # 1336-36-3 Pinfish 30-205 83
Spot croaker 46 —

PCB 153 . 206 —
Midge

CAS # 350065-27-1

PCB 47 161-394 270

Amphipod—Marine
CAS #2437-79-8

PCB 52 . 29 —
Amphipod—Freshwater
CAS #35693-99-3

= i 9.2 —
2,4,6,2'-tetrachlorobiphenyl Trout—Lake
CAS # 62796-65-0
Aroclor 1254 284 —
Trout—Brook
CAS # 11097-69-1
PCB 126 Trout—Rainbow 0.074
CAS # 57465-28-8 Trout—Lake 0.000054-0.029 0.015
Aroclor or PCB 1242 157 —

Amphipod—Freshwater
CAS # 53469-21-9

PCB 77 . 1.35 —
Trout—Rainbow
CAS # 32598-13-3

Notes: All data in ng/g wet weight. Exposure routes include absorption, injection, and/or ingestion, or in combination.
2 Concentrations for various tissues and life stages.

> Egg.

¢ Embryo.

Source:  U.S. EPA/U.S. ACE ERED Database (accessed April 2009) (http://el.erdc.usace.army.mil/ered/).

Few data are available on contamination pathways in aquaculture systems such as that for farmed
fish. In the United States, for example, recent studies have shown the edible portions of farm-raised
fish containing higher levels of PCDD/Fs, PCBs, and PBDEs than in wild fish (Brown et al. 2006,
Hites et al. 2004). For PBDEs, a recent study by Pena-Abaurrea et al. (2009) of farmed and wild
bluefin tuna (Thunnus thynnus) caught in the Mediterranean Sea indicated that total PBDE con-
centrations were similar in farmed and wild tuna (17-149 ng/g lipid weight, lw and 25-219 ng/g w,
respectively). However, higher concentrations of naturally produced organobromines, such as meth-
oxylated PBDEs (MeO-PBDEs) and polybrominated hexahydroxanthene derivatives (PBHDs),
were observed only in wild tuna, suggesting that natural sources of brominated compounds can be
significant.

A summary of total PBDE tissue levels reported in studies of fish and other aquatic organisms
conducted for the most part after 1995 is presented in Tables 3.7-3.10. In general, 10—12 individual
BDE congeners are commonly reported (although not consistently) by different researchers involved
in environmental studies. The predominant PBDEs in ambient air, soil, sediment, and biota are
BDE-28 (a triBDE), BDE-47 (a tetraBDE), BDE-66 (a tetraBDE), BDE-85 (a pentaBDE), BDE-99
(a pentaBDE), BDE-100 (a pentaBDE), BDE-153 (a hexaBDE), BDE-154 (a hexaBDE), BDE-183
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FIGURE 3.12 PCB and PCB mixture tissue residue LR50 species sensitivity distribution for a variety of
aquatic organisms. (From U.S. EPA/U.S. ACE ERED Database, http://el.erdc.usace.army.mil/ered/)

(a hepta BDE), and BDE-209 (decaBDE). The predominant BDEs reported in fish—BDE-47,
BDE-99, BDE-100, BDE-153, and BDE-154.

According to Yogui and Sericano (2009), PBDEs are ubiquitous in surface water, sediment and
biota in U.S. marine and estuarine environments. PBDEs occur at higher levels in urbanized regions
and, in some cases, at concentrations among the highest found in the world (Holden et al. 2003, She
et al. 2004, Stapleton et al. 2006, Fair et al. 2007, Kannan et al. 2007). Seasonal variations in con-
centrations have been observed (Sellstrom et al. 1993), for example, lipid-normalized concentrations
in herring were higher in the spring than fall probably due to a lower fat content in spring.

In the United States marine environment, BDEs 28, 47, 49, 66, 99, 100, 153, 154, and 155 were
detected in more than 75% of the studies in which these congeners were analyzed. BDEs 47, 99,
and 100 typically dominate the composition of PBDEs in most samples and exhibit high concentra-
tions in several matrices. Higher congener levels in the U.S. marine environment as compared to
elsewhere may be due, in part, to the predominant use of the Penta-BDE technical formulation in
the United States. For example, BDE47, BDE99, and BDE10O0 typically dominate the composition
of PBDEs in most samples. BDE17, BDE28, BDE33, BDE49, BDE153, BDE154, and BDEI1S55 are
also of concern since they are known to be present in a minor proportion in the Penta-BDE products
(La Guardia et al. 2006). Mono through tri-brominated congeners such as BDE2, BDES, BDEIS,
and BDE30 have been detected in U.S. marine organisms (Quakenbush 2007) even though these
congeners do not occur at detectable levels in the technical formulations.

It has been speculated that the presence of lower brominated BDEs reflects debromination of the
higher brominated BDEs to less brominated congeners is occurring (Hua et al. 2003, Eriksson et al.
2004, Soderstrom et al. 2004). However, BDE206, BDE207, BDE208, and BDE209, which occur
in the Deca-BDE technical formulation, are not as prevalent in marine organisms in U.S. waters.
Sharks are an exception as they have been found to contain high levels of BDE-209 (Johnson-
Restrepo et al. 2005).

From the available U.S. studies, total PBDEs in either whole or fillet fish tissues range from
nondetect to approximately 1300 ng/g ww in U.S. waterways; the highest levels tend to occur in
the mid-Atlanta and southeastern regions and the Great Lakes. Levels in fish in the United States
are comparable to those reported in Europe, with the exception of the Nordic countries, and
higher than levels reported in Canada. By comparison, total PBDEs in either whole or fillet fish
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TABLE 3.7
No Observable Effect Tissue Residues (NOERs) Associated with PBDEs in Tissues Reported
in Fish and Other Aquatic Organisms

Chemical and CAS # Species Common Name Range Mean Effect
PBDE-47 . 16-51 42.4 Physiological
Fathead minnow .
40088-47-9 51-61 47.4 Reproductive
PBDEs . . .
Salmon—Atlantic 180-565 373.3 Biochemical
32534-81-9
PBDEs 22-24.3 23.4 Behavior
32534-81-9 Oligochaete 22-24.3 23.4 Growth
24.3 — Mortality
PBDEs . 99.3 — Development
African Clawed Frog K .
32534-81-9 1030 — Physiological
PBDE . .
Trout—Lake 0.06-0.2 0.13 Physiological
101-84-8
PBDE 1.00E-07-6.00E-04 6.89E-05 Physiological

101-84-8 Common carp (Juvenile)

Notes: All data in ug/g wet weight. Exposure routes include absorption, injection, and/or ingestion, or in combination.
Source: U.S. EPA/U.S. ACE ERED Database (accessed April 2009) (http://el.erdc.usace.army.mil/ered/).

tissues ranged as high as approximately 10000 ng/g ww in Sweden, including fish from the Baltic
Sea. However, data are generally limited, and the congeners, measurement units, and nomencla-
ture used to report results vary widely, making direct comparisons difficult.

With the exception of differences attributed to reporting “total PBDEs” based on some, but not
all, congeners in whole body or certain tissues, the wide range is likely attributed to differences in
feeding habits and trophic level. Among salmon, two studies found differences between Chinook
and the other four salmon species that are likely due to differences in feeding habits (Hites et al.
2004). Coho, chum, pink, and sockeye salmon diets are based on zooplankton and invertebrates,
while Chinook salmon tends to feed on higher trophic level organisms. In addition, Chinook salmon
caught in coastal Oregon waters had higher PBDE levels than the same species caught in coastal
Alaskan waters.

In bivalves, not all congeners are readily bioavailable since only BDEs 47, 99, and 100 have been
found in bivalve tissues in both east and west U.S. coasts at levels as much as three orders of magni-
tude higher than detected in mussels from Europe, Asia, and Greenland (Yogui and Sericano 2009).
According to Sericano et al. (2003) mean concentrations were highest in the Atlantic coast (39 ng/g
dry wt; range: nd—145 ng/g) and Pacific coast (22 ng/g dry wt; range: nd—53 ng/g) than in the Gulf
of Mexico (5.3 ng/g dry wt; range: 0.6-366 ng/g).

3.6 ECOTOXICOLOGICAL EFFECTS

Detailed reviews of the ecotoxicological effects of dioxins, PCBs, and PBDEs in aquatic organisms
are available elsewhere (Niimi 1996, de Boer and Denneman 1998, U.S. EPA 2001, 2002, Giesy
et al. 2003). Briefly, ecotoxicology studies conducted over the past two decades suggest that the
mode of action among dioxins and dioxin-like PCBs is broadly the same, at least among vertebrate
animals. The mode of action for PBDEs is the subject of considerable debate, at present. Most
studies have been conducted on laboratory rodents and primates, which have traditionally been
used as models to extrapolate the results to studies of potential human health effects. Laboratory
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studies involving fish indicate similar modes of action, though the number of studies is significantly
fewer; there is little laboratory ecotoxicological information for invertebrates, amphibians, and
other aquatic species. It has not been firmly established that the mode of action is the same among
all vertebrate species or in invertebrates.

3.6.1 DioxiN Toxicity

The mechanism of action for dioxin (and dioxin-like compounds) is generally accepted to function
by binding to a vertebrate cytosolic protein known as the aryl hydrocarbon receptor (AhR) and
inducing transcriptional upregulation of the AhR gene battery (Nebert et al. 2000, Mandal 2005).
Although subject to some debate, invertebrates do not possess this receptor and are generally con-
sidered less sensitive to dioxins (Butler et al. 2001). The genes known to be regulated through the
AhR include drug-metabolizing enzymes, of which cytochrome P450 or CYP1A are best known.
This signal transduction pathway from AhR binding to gene expression in fish and the role of these
genes in the toxicity induced by dioxins and dioxin-like PCBs has been extensively studied in the
past decade. Fish, like mammals possess monooxygenase enzymes (such as CYP1A) designed to
detoxify chemicals; however, the phase I metabolites of some contaminants may be more toxic than
the parent compound (Guengerich and Liebler 1985). Induction of CYP1A is mediated through the
binding of chemicals to AhR. AhR ligands generally have isoteric configurations and are similar
in structure to 2,3,7,8-TCDD, a model CYP1A inducer. Receptor binding is followed by a series
of molecular events leading to the expression of several genes (including CYP1A) known as the
“Ah-gene battery” (Nebert et al. 1993). The toxic effects of dioxin and structurally similar com-
pounds are thought to be mediated through the AhR, with induced proteins causing alterations in
cellular homeostasis (DeVito et al. 1994). In mammals, these effects include wasting syndrome,
tumor promotion, and thymic atrophy (Poland and Knutson 1982). In fish, early life stages appear to
be particularly sensitive to AhR ligands (Mehrle et al. 1988, Walker and Peterson 1991), and recent
evidence indicates the involvement of CYP1A enzymes specifically in this toxic response (Cantrell
et al. 1996).

A wide range of effects have been observed in fish, aquatic invertebrates, benthic organisms
exposed to dioxins in laboratory and field studies (Grimwood and Dobbs 1995, Boening 1998).
The early developmental stages of most vertebrates are susceptible to the effects of dioxins, and the
developing embryos of oviparous vertebrates are particularly prone to these adverse effects (Zabel
et al. 1995, Zabel and Petersen 1996). Symptoms of dioxin exposure in fish embryos and fry include
edema of the yolk sac and pericardium, hemorrhaging in the head and tail regions, craniofacial
deformities, and wasting syndrome (Giesy et al. 2002, Heiden et al. 2005, Carney et al. 2006). The
cardiovascular system, and in particular the vascular endothelium of the developing embryo, has
been identified as uniquely sensitive to cytochrome P4501A enzyme induction in early life stages of
freshwater fish such as lake trout, and marine fish such as seabreem (Guiney et al. 1997, Yamauchi
et al. 2006).

Adverse impacts to fish tend to be greater when exposure involves tetra-, penta-, and hexa-
chlorinated congeners. Lower chlorinated congeners tend to be more rapidly metabolized and elimi-
nated, while higher chlorinated compounds have limited membrane permeability and bioavailability.
It is theorized that the elevated exposure risk that fish experience through water, sediment, and dietary
sources of dioxin has led to reduced and, in some cases, failed recruitment of young fish into breeding
populations. For example, populations of lake trout in the Great Lakes were thought to be limited by
dioxin-like contaminants in the 1960s—1970s through recruitment failure (Cook et al. 2003).

Aquatic toxicity data for organisms exposed in water to dioxins and furans are summarized in
Tables 3.11 and 3.12, respectively. Figure 3.13 illustrates variations in the sensitivities of aquatic
organisms exposed in water to 2,3,7,8-TCDD. As was shown in the tissue residue SSDs, early life
stages of aquatic organisms are more sensitive to dioxins than adult life stages; however, sensitiv-
ities vary over approximately three orders of magnitude. Clear differences in the sensitivities of
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FIGURE 3.13 2,3,78-TCCD and TBDD chronic water exposure LC50 species sensitivity distribution
(exposure duration: 30—-80 days). (From U.S. EPA ECOTOX Database, accessed April 2009; http://cfpub.epa.
gov/ecotox)

various fish species are evident between medaka and trout. Amphibians and crustaceans appear to
be less sensitive to dioxins than fish; although the available data are too sparse to generate meaning-
ful interspecies comparisons (Loonen et al. 1996). Studies have shown that many invertebrates do
not possess a functional AhR, which may account for the apparent lack of susceptibility to dioxins
reported in most invertebrate studies, though effects have been observed in a few species (Ashley
et al. 1996, West et al. 1997, Wu et al. 2001). No significant mortality or morphological abnor-
malities have been observed in eggs, tadpoles, and frogs, which tend to eliminate dioxin relatively
quickly, and appear to be about 100- to 1000-fold less sensitive to the deleterious effects of dioxin
than early life stages of fish (Davies 1999, Karchner et al. 2000). Shorter birth cycles (3—6 days in
most amphibians compared to 60 days or longer in fish) and reliance by fish on a yolk sac containing
maternal lipids for 120 days after hatching are plausible explanations (Iguchi et al. 2001).

3.6.2 PCB Toxiary

Less so than in the 1980s and 1990s, ecotoxicological work in aquatic organisms continues to focus
on the toxicity of commercial PCB formulations such as Aroclor, Clophen, Kanechlor, Chlorofen,
Sovol, Delor, Phenoclor, and Chinese PCB mixtures (Lerner et al. 2007, Burkhard and Lukasewycz
2008). Toxicity from exposure to mixtures and individual PCB congeners has been demonstrated in
several species of fish, aquatic invertebrates, benthic organisms, and avian and mammalian species;
however, there is far less information on the chronic effects of PCBs on the full life cycles of aquatic
animals. Considerable work has been done to understand cause—effect relationships between PCB
levels and congener mixtures in sediment and sediment toxicity to benthic organisms (Fuchsman
et al. 2006, Beckert and Ginn 2008).

Adverse effects to aquatic organisms include mortality, impaired growth and reproduction, dis-
ruption of the endocrine and immune systems, biochemical changes, behavioral alteration, and
mutagenicity (Safe 1994, Fisk et al. 2005, Jorgensen et al. 2006). It is generally believed that the
non- and mono-ortho substituted or planar congeners are more toxic than nonplanar PCBs due to
their ability to interact with the Ah receptor (Giesy and Kannan 1998, Simon et al. 2007).
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PCB toxicity in fish has been shown during embryo development and early larval stages, with expo-
sure occurring through maternal transfer of PCBs to eggs during oogenesis (Table 3.13; Dethlefsen
etal. 1996, Niimi 1996). PCBs have been associated with reduced egg hatchability and fry mortality at
water concentrations orders of magnitude less than concentrations causing adult mortality (Eisler and
Belisle 1986). Reproductive anomalies include inhibition of spermatogenesis and various testicular
abnormalities as well as disruption of reproductive endocrine function (Sangalang et al. 1981, Vethaak
et al. 2002, Khan and Thomas 2006). Interspecies differences in sensitivity and potency are evident
in fish (Rankouhi et al. 2004). Similar to the dioxins, invertebrates are comparatively insensitive to
PCBs, although some effects are evident for some congeners at high concentrations (Leney et al. 20006,
Jofre and Karasov 2008). Similar to fish, maternal transfer of PCB to eggs has been shown in snap-
ping turtles (Chelydra serpentina) (Eisenreich et al. 2009). Although maternal exposure of PCBs in
C. serpentina has been shown not to affect embryonic development or hatching success, high rates of
mortality are evident in individuals exposed maternally to PCBs beginning approximately 8 months
after hatching (Eisenreich et al. 2009).

Figure 3.14 illustrates variations in the sensitivities of aquatic organisms exposed in water to
PCBs. Similar to the dioxins, the early life stages of aquatic organisms are more sensitive to PCBs
than adult life stages, and sensitivities vary among aquatic organisms over several orders of mag-
nitude. While invertebrates are shown to be less sensitive to dioxin exposure, the sensitivities of
various aquatic organisms to PCB exposure is less clear, particularly during the earlier stages of
development. Unlike the dioxins, invertebrates show greater sensitivity to chronic PCB exposure
than fish; however, toxicity testing methods may account for some of the differences.

3.6.3 PBDE Toxicity

A comprehensive overview on the toxicological effects of PBDEs is available elsewhere (e.g.,
McDonald 2002, Darnerud 2003, 2008, Legler and Brouwer 2003, Hamers et al. 2006). Despite the
presence of PBDEs in numerous aquatic habitats and their detection in aquatic organisms collected
in aquatic environments, little information is available, at present, on the toxicity of these compounds

120
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B Crustaceans . galtwater
# Fish pecies
T 80
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<
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FIGURE 3.14  Aroclor 1254 chronic water exposure LC50 species sensitivity distribution (exposure duration:
20-35 days). (From U.S. EPA ECOTOX Database, accessed May 2009; http://cfpub.epa.gov/ecotox)
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to aquatic organisms. PBDEs are suspected to be toxic to aquatic organisms, but dose—response
relationships have yet to be developed (Ross et al. 2009).

Results from the few available laboratory studies indicate that PBDEs disrupt thyroid hor-
mones in rodents and may have endocrine-disrupting effects on aquatic organisms (de Wit et al.
2006, Darnerud 2008, Talsness 2008). Studies on effects of PBDEs in fish species have revealed
changes in hematocrit and blood glucose as well as reduction in spawning success (de Wit 2002).
Plasma thyroxine levels decreased in juvenile rainbow trout (Salvelinus namaycush) fed a mixture
of 13 PBDE congeners after a 56-day exposure period (Tomy et al. 2004). Male fathead minnows
(Pimephales promelas) show decreased sperm production after oral intake of the tetra-brominated
congener, BDE-47 (Muirhead et al. 2006). Behavioral effects such as altered larval swimming
activity, predation rates and learning skills were observed in killifish (Fundulus heteroclitus) lar-
vae exposed during embryonic development to as little as 0.001 pg/L commercial PBDE mixture
(Timme-Laragay et al. 2006). Due to their structural similarity with PCBs and their affinity for
the same cellular receptor (Luthe et al. 2008), it is possible that PBDE ecotoxicity will be found
comparable to PCBs.

Summary

Although scientific interest regarding the ecological effects of dioxins, PCBs, and PBDEs stems
from our knowledge of human health, much work remains regarding assessing risks to aquatic
organisms. In fact, current information is insufficient to provide a thorough understanding of
the potential for exposure and associated risks. Consequently, the few available environmen-
tal quality guidelines for these compounds are based on limited ecotoxicity data. While the
most sensitive and ecologically important endpoints for mammals and birds are associated with
reproduction, as shown in the ecotoxicity tables provided, there is a lack of reproduction bio-
assays and toxicokinetic information, for most aquatic species, which is needed to establish
well-defined dose—response relationships. Outside the laboratory, it has not often been possible
to demonstrate a clear cause/effect relationship between biological response and exposure to
dioxins, PCBs, or PBDEs.

Furthermore, it is generally acknowledged that assessing the probability of an individual
organism experiencing harm (e.g., reproductive impairment or mortality) is not useful for eco-
logical assessment; risk is more appropriately assessed at the population, rather than the indi-
vidual, level (Stark et al. 2004, Dearfield et al. 2005). Population endpoints, however, tend to be
difficult to assess, requiring the use of dynamic population models covering effects on survival,
breeding success, and immigration. In general, well validated population models do not yet
exist for the majority of species, and it is difficult to estimate the extent of mortality or repro-
ductive failure that could be incurred. Since population models are rarely available, it is more
common for ecological risk assessments to define the NOEL for endpoints such as mortality or
reproductive effects in individuals, and to assume that these may be used to set levels that will
protect the whole population. Still, few NOEL values for dioxins, PCBs, and PBDEs are avail-
able, and those that are available are associated with high degrees of uncertainty (Bhavsar et al.
2007, 2008b).

Reflecting on the current state of knowledge regarding dioxins, PCBs, and PBDEs in aquatic
organism, the available data in the published literature and results of the two largest studies in
North America suggest the following trends:

» The frequency of detection of dioxins in the Continental United States is highest in the

east and northeast and lowest in the west and southwest regions of the United States.

* Consistent with the trend observed for dioxins, mean total PCBs in fish from the west-

ern U.S. are lower than in fish from the eastern U.S.; in the Great Lakes, mean total
PCBs in fish are highest in Lake Ontario and lowest in Lake Huron.
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* Dioxin, PCB, and PBDE levels are generally higher in bottom-feeding fish than in
pelagic fish.

* The most frequently detected dioxin congeners in fish include four PCDD compounds
(2,3,7,8-TCDD; 1,2,3,7,8-PeCDD; 1,2,3,6,7,8-HxCDD; and 1,2,3,4,6,7,8-HpCDD) and
3 PCDF compounds (2,3,7,8-TCDF; 2,3,4,7,8-PeCDF; and 1,2,3,4,6,7,8-HpCDF).

e The results from the U.S. EPA and Ontario MOE studies indicate that four of the
2,3,7,8-substituted dioxin congeners are most prevalent in fish and contribute most to
total TEQ (1,2,3,7,8-PeCDD; 2,3,4,7,8-PeCDF; 2,3,7,8-TCDD; and 2,3,4,7,8-PeCDF).

* Generally, early life stages of aquatic organisms are more sensitive to dioxins, PCBs,
and PBDEs than adult life stages; however, the available ecotoxicology data indicates
that sensitivities vary over approximately three orders of magnitude.

¢ Amphibians and crustaceans appear to be less sensitive to dioxins than fish; although
the available data on invertebrates are too sparse to generate meaningful interspecies
comparisons.

* Evaluating and predicting dioxin, PCB, and PBDE toxicity to aquatic organisms
remains difficult; effect levels correlating to tissue residues vary over several orders of
magnitude depending on species and life stage. Site-specific studies remain, at present,
the best means for determining injuries to aquatic life and impairment of ecosystems.
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Fish became contaminated with methylmercury to levels dangerous to consumers. There is little
evidence to show what levels of mercury contamination in the fish may be lethal to the creatures
themselves.

F. A. J. Armstrong (1979)

.scant progress has been made in defining fish-tissue residues of mercury associated with toxic effects

and in assessing the toxicological significance of methylmercury at environmentally relevant exposure
levels. Armstrong’s statement...remains applicable 15 years later.

J. G. Wiener and D. J. Spry (1996)
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4.1 INTRODUCTION

Scientific understanding of the adverse effects of methylmercury exposure on freshwater fish has
advanced substantially since the first-edition chapter on this topic was prepared by Wiener and Spry
(1996). Sublethal and reproductive effects of methylmercury in freshwater fish have been observed
at environmentally relevant exposure levels in a number of recent field and laboratory studies.
Moreover, the fish-tissue concentrations associated with adverse effects in many of these studies are
much lower than those summarized by Wiener and Spry (1996).

Methylmercury contamination of fish remains a geographically widespread problem that has
diminished the recreational, economic, and nutritional benefits derived from fishery resources in
many fresh waters. In 2008, more than 68,000 km? of lake area and 2,019,000 km of rivers were
under fish-consumption advisory for mercury in the United States, with mercury accounting for
80% of the advisories in the nation (U.S. EPA 2009). In Canada, 97% of fish-consumption adviso-
ries are attributed to mercury (U.S. EPA 2001). Atmospheric transport and deposition of mercury
from anthropogenic sources has contaminated landscapes, surface waters, and aquatic food webs
supporting freshwater fish production on a global scale. Analyses of sediment cores from remote
lakes in both hemispheres, for example, show that net mercury deposition has increased about three-
fold since preindustrial times because of anthropogenic emissions (Bindler et al. 2001, Lamborg
et al. 2002, Lindberg et al. 2007).

Many fresh waters contain fish with high mercury concentrations. Early work on mercury-
contaminated fish focused on waters polluted by industrial and mining sources. At such sites,
mercury concentrations in fish have declined but commonly remain elevated for decades after
peak pollution and cessation of operations (Turner and Southworth 1999, Wiener et al. 2003,
Kinghorn et al. 2007). Mercury levels in fish also are elevated in aquatic systems that have
enhanced entry of methylmercury into the base of the food web, as a result of significant
influxes of methylmercury from external sources, high in situ rates of methylmercury pro-
duction in bed sediments or anoxic hypolimnia, or a combination of these and other biogeo-
chemical, biological, trophic, and human factors (Wiener et al. 2003, Munthe et al. 2007,
Chasar et al. 2009). In newly flooded reservoirs, for example, concentrations of methylmer-
cury in water, zooplankton, and fish increase rapidly after flooding of vegetated wetland or
upland terrestrial habitats, in response to greatly increased rates of microbial methylation of
inorganic Hg(II) present in the inundated landscapes (Kelly et al. 1997, Paterson et al. 1998,
Bodaly and Fudge 1999, Bodaly et al. 2004, Hall and St. Louis 2004). Concentrations of
methylmercury in piscivorous fish can increase as much as 10-fold in new reservoirs relative
to preflood or reference values, and remain elevated for 20-30 years after flooding (Bodaly
et al. 2007). Mercury concentrations in fish also increase in response to fluctuating water levels
(Sorensen et al. 2005). Wetlands are sites of active mercury methylation, and water and biota
in wetland-influenced lakes and streams can contain elevated concentration of methylmercury
(Hurley et al. 1995, Branfireun et al. 2005, Wiener et al. 2006, Brigham et al. 2009, Chasar
et al. 2009).

We summarize recent findings on the ecotoxicology of methylmercury in freshwater fish, with
emphasis on assessing the toxicological significance of mercury concentrations in fish tissues.
Our primary objectives are (1) to briefly summarize the state of scientific knowledge regard-
ing bioaccumulation of mercury in fish; (2) to review recent advances in the state of scientific
knowledge regarding toxicological effects of methylmercury in freshwater fish; and (3) to identify
mercury concentrations in tissue associated with toxicological effects on fish. We do not revisit
earlier studies of mercury-contaminated fish at grossly polluted sites, such as Minamata Bay
(Japan) and Clay Lake (Ontario), which were reviewed in the first-edition chapter by Wiener and
Spry (1996).
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4.2 METHYLMERCURY BIOACCUMULATION IN FRESHWATER FISH

We begin with a brief review of mercury bioaccumulation in fish, as a prelude to the following
sections on toxic effects. This summary is based on a number of reviews (Wiener and Spry 1996,
Wiener et al. 2003, Crump and Trudeau 2009), as well as the original reports cited.

Nearly all of the mercury in fish is methylmercury (Grieb et al. 1990, Bloom 1992, Hammerschmidt
et al. 1999), a highly toxic compound that readily crosses biological membranes, accumulates in
exposed organisms, and can biomagnify to high concentrations in fish and wildlife atop aquatic
food webs (Wiener et al. 2003, Scheuhammer et al. 2007). Methylmercury accumulates in fish to
concentrations that exceed those in surface waters as much as 10° to 107 fold (Wiener et al. 2003).
Most of the mercury in air, atmospheric deposition, watersheds, and surface waters exists as inor-
ganic forms. However, inorganic mercury—in marked contrast to methylmercury—is not readily
transferred through successive trophic levels and does not biomagnify (Watras et al. 1998, Pickhardt
et al. 2002). Fish accumulate very little inorganic mercury (Oliveira Ribeiro et al. 1999), even in
surface waters and ecosystems containing unusually high concentrations of inorganic mercury
(Southworth et al. 1995, Kuwabara et al. 2007, Suchanek et al. 2008). Mercury in fish muscle is typ-
ically quantified by determination of total mercury, which requires less effort and cost than deter-
mination of methylmercury. Unless specifically indicated, the fish-mercury concentrations reported
herein were from determination of total mercury.

Processes that affect the mass of methylmercury in aquatic ecosystems or its concentration at
the base of the aquatic food web strongly affect its concentration in all trophic levels, including fish
(Paterson et al. 1998, Wiener et al. 2003, Munthe et al. 2007, Chasar et al. 2009). Such processes
include the production of methylmercury via the microbial methylation of inorganic Hg(II) and the
destruction of methylmercury by microbial demethylation and photodemethylation. Concentrations
of methylmercury in fish also can be influenced by biodilution of methylmercury at the base of the
food web by algal blooms or high algal biomass (Pickhardt et al. 2002, 2005, Chen and Folt 2005).

Wild fish obtain methylmercury mostly from food (290% of total uptake) and—to a much lesser
extent—from water passed over the gills (Rodgers 1994, Wiener and Spry 1996, Hall et al. 1997,
Harris and Bodaly 1998). Most of the methylmercury in ingested prey is assimilated across the
gut, with assimilation efficiencies of 65-80% estimated by bioenergetics-based modeling (Rodgers
1994) and efficiencies of about 90% estimated in recent laboratory experiments (Pickhardt et al.
2006). Uptake of methylmercury from water passing over the gills is less efficient, with assimila-
tion of about 10% estimated by Phillips and Buhler (1978) and Rodgers and Beamish (1981). In the
laboratory, fish can accumulate high concentrations of methylmercury via direct uptake from water
if exposed to waterborne concentrations that greatly exceed those in toxic surface waters, which
typically contain less than 1.0 ng Hg/L as methylmercury (Wiener and Spry 1996).

Methylmercury in digested food is rapidly assimilated into the intestine and is transferred to the
blood, where most of it enters red blood cells and circulates throughout the body (Oliveira Ribeiro
et al. 1999). The passage of methylmercury from the red blood cells to the tissues and organs
involves the intermediate transfer from the red blood cells to the plasma, which is probably a rate-
limiting step in the systemic transfer of methylmercury because of the low concentration of small
mobile sulfhydryl ligands in the plasma (Oliveira Ribeiro et al. 1999).

Concentrations of methylmercury in fish are typically greatest in the blood and the highly
perfused spleen, kidney, and liver. Assimilated methylmercury in experimentally exposed fish is
redistributed among the tissues and organs within a few weeks; the concentrations and masses in the
blood and visceral organs (spleen, kidney, and liver) decrease after experimental exposure to water-
borne or dietary methylmercury ceases, and much of the redistributed methylmercury accumulates
in skeletal muscle (Oliveira Ribeiro et al. 1999)—bound to cysteine in protein (Harris et al. 2003,
Kuwabara et al. 2007). In experimentally exposed fish, the route of uptake (i.e., from food or water)
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has little effect on the internal distribution of methylmercury among the organs and tissues (Wiener
and Spry 1996), except that concentrations in the gills are much greater after waterborne (than
dietary) exposure, and concentrations in the intestines are greater after dietary exposure (McKim
et al. 1976, Huckabee et al. 1979, Boudou and Ribeyre 1983, Harrison et al. 1990). Fish eliminate
methylmercury very slowly (Trudel and Rasmussen 1997, Van Walleghem et al. 2007).

Concentrations of methylmercury in the skeletal muscle of individual fish in a given water body
typically increase with increasing size or age (Phillips and Buhler 1978, Huckabee et al. 1979,
Lange et al. 1993), partly because of the extremely slow rate of elimination of methylmercury
relative to its rapid and efficient dietary uptake. In addition, the methylmercury content of the diet
of some fishes, particularly those that are piscivorous as adults, increases as the fish grow larger
(MacCrimmon et al. 1983, Mathers and Johansen 1985). The rate of methylmercury accumulation
in lake trout (Salvelinus namaycush), for example, increases greatly when the fish become large
enough to switch from a diet of invertebrates to prey fish (MacCrimmon et al. 1983).

Fish seem to have few defenses against methylmercury, which readily crosses the gills, intestines,
and internal cellular membranes and is neither effectively excreted nor bound to metallothioneins
(Wiener and Spry 1996). In mammals, demethylation in the liver is a key step in the elimination of
mercury accumulated as methylmercury. Wiener and Spry (1996, p. 312) concluded that there was
no compelling evidence of in vivo demethylation of methylmercury by freshwater fish. However,
Drevnick et al. (2008), who analyzed northern pike (Esox lucius) from lakes in Isle Royale National
Park (a remote archipelago in Lake Superior), found that methylmercury constituted most of the
mercury in livers with total mercury less than 0.5 ug/g wet weight, but only 28-51% of the total
mercury in livers with total concentrations exceeding 0.5 pg/g. Drevnick et al. (2008) hypothesized
that the low percent methylmercury observed in livers of northern pike from Isle Royale was due to
the accumulation of inorganic mercury, rather than to hepatic demethylation of methylmercury. Yet
Evans et al. (2000), who reported similar patterns in the methylmercury fraction in livers and kidneys
of wild river otter (Lutra canadensis) from south-central Ontario, interpreted variations in percent
methylmercury among individual otters as evidence of demethylation. We believe that the question of
demethylation of methylmercury in fish remains unresolved and merits focused research.

4.3 TOXICOLOGICAL EFFECTS OF METHYLMERCURY
EXPOSURE ON FRESHWATER FISH

4.3.1 Errects ON SURVIVAL AND GROWTH

Survival, growth, and reproduction are endpoints commonly measured in toxicity tests with fish
(Organization for Economic Cooperation and Development 1992a, 1992b, U.S. EPA 2002a, 2002b)
and frequently used to estimate threshold concentrations of contaminants for regulatory purposes.
Direct mortality due to methylmercury is observed only at unusually high tissue concentrations
(620 pg/g wet weight in muscle) in cases involving extreme, gross pollution (Wiener and Spry
1996). The effects of methylmercury on growth of fish vary between laboratory experiments in
which fish were fed contaminated diets (Table 4.1) and field studies that assessed the relation
between fish condition and mercury concentrations in the tissues (Table 4.2). Hammerschmidt et al.
(2002), for example, reported that fathead minnows (Pimephales promelas) fed a methylmercury-
contaminated diet were larger than control fish. Wet weights of male and female minnows were
weakly, positively correlated with mercury burdens in the fish, and females with 5.6 pg/g wet weight
in the carcass were about 30% larger than control fish containing 0.12 pg Hg/g (wet concentrations
estimated from dry-weight values in Table 2 of Hammerschmidt et al. 2002). In contrast, juvenile
male walleye (Sander vitreus) with a mean concentration of 2.4 ug Hg/g wet weight in the carcass
(minus viscera), after 6 months on a methylmercury-contaminated diet containing 1.0 ug Hg/g wet
weight, had slower growth than male controls with 0.25 ug Hg/g (Friedmann et al. 1996). Houck
and Cech (2004), however, found no alteration in bioenergetics or growth of juvenile Sacramento
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blackfish (Orthodon microlepidotus) that had accumulated about 0.75 pg/g wet weight in axial mus-
cle from a methylmercury-contaminated diet containing 0.52 pg Hg/g dry weight and administered
for 70 days. Growth rates were reduced in Sacramento blackfish fed diets with 22.1 and 55.5 pg Hg/g
dry weight and accumulated mercury concentrations in axial muscle of about 15 ug/g wet weight or
greater (Houck and Cech 2004); however, the methylmercury levels in these two treatments vastly
exceed those that would be typically encountered by wild freshwater fish.

In field studies, an inverse relation between mercury concentration in tissue and condition factor
(an index of fish weight relative to length; Anderson and Neumann 1996) has been reported for
several fishes, including northern pike from Isle Royale National Park, Michigan (axial muscle,
0.07-0.62 pug Hg/g wet weight; Drevnick et al. 2008), walleye from the upper Columbia River (axial
muscle, 0.21-0.39 ug Hg/g wet weight; Munn and Short 1997), white sturgeon (Acipenser trans-
montanus) from the lower Columbia River (liver, 0.02—0.78 ng Hg/g wet weight; Webb et al. 2006),
and striped bass (Morone saxatilis) from Lake Mead (axial muscle, 0.06—1.06 ug Hg/g wet weight;
Cizdziel et al. 2003). In some field studies, the relation between methylmercury exposure and fish
condition may be confounded and complicated by other, co-occurring contaminants or by changes
in condition factor with fish age.

4.3.2 Errects ON BEHAVIOR

Fish behavior is a sensitive and ecologically important indicator of contaminant stress. Critical
reviews indicate that swimming (Little and Finger 1990) and feeding behaviors (Sandheinrich and
Atchison 1990) of many fishes can be disrupted by chemicals at concentrations that subsequently
reduced growth. Similarly, dietary methylmercury altered the predator-evasion behavior of adult
golden shiners (Notemigonus crysoleucas) that were fed diets containing 0.01-0.96 pg Hg/g dry
weight for 90 days and subsequently tested with a model avian predator (Webber and Haines 2003).
Brain acetylcholinesterase did not differ among the treatment groups, yet golden shiners with
whole-body concentrations of 0.52 pug Hg/g wet weight after being fed the high-methylmercury diet
(0.96 pug Hg/g) were hyperactive and had altered shoaling behavior relative to fish fed control or low-
methylmercury diets. Mercury concentrations in fish with altered behavior in the laboratory were
within the range of concentrations measured in wild golden shiners inhabiting lakes in the northern
United States, leading Webber and Haines (2003) to conclude that methylmercury exposure would
also alter predator-avoidance behavior of wild golden shiners and possibly increase their vulner-
ability to predation. Fjeld et al. (1998) increased the concentrations of methylmercury in grayling
(Thymallus thymallus) by exposing eggs to four treatments of aqueous methylmercury ranging from
0.16 to 20 ug Hg/L for 10 days. Concentrations of mercury ranged from 0.09 to 3.8 ug/g wet weight
in newly hatched fry of grayling, which were raised for 3 years without supplemental methylmer-
cury in either water or diet and then tested in foraging experiments with Daphia magna as prey.
In tests with 3-year-old grayling (length 13.8 + 0.8 cm), fish from treatment groups with mercury
concentrations of 0.27 ug/g wet weight or greater as newly hatched fry had impaired feeding effi-
ciencies and reduced competitive abilities relative to controls (0.01 pg Hg/g wet weight as fry) and
would be expected to grow at a slower rate in the wild.

The consequences of methylmercury exposure may be more severe for wild fish than for fish
in laboratory tests in which fish are provided ample food (Wiener and Spry 1996). The neurotoxic
effects of methylmercury may severely impede the ability of wild fish to locate, capture, handle, and
ingest prey and to avoid predation.

4.3.3 Errects ON REPRODUCTION

There is compelling and consistent evidence from laboratory and field studies indicating that meth-
ylmercury impairs reproduction of fish at environmentally relevant concentrations (Scheuhammer
et al. 2007, Crump and Trudeau 2009, Tan et al. 2009). Moreover, it impairs reproduction, in part,
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by disruption of the hypothalamic-pituitary-gonadal axis and is an endocrine disrupter (Colborn
et al. 1993, Tan et al. 2009). In separate experiments, Hammerschmidt et al. (2002) and Drevnick
and Sandheinrich (2003) fed fathead minnows from the juvenile stage through sexual maturity with
diets contaminated with methylmercury chloride. At sexual maturity, pairs of male and female
fathead minnows were provided with spawning substrates and allowed to reproduce. Dietary meth-
ylmercury markedly altered several reproductive endpoints, and results were consistent between
studies. For example, the spawning success of pairs of fish with mean carcass (i.e., whole body minus
gonads) concentrations of 0.71-0.92 pg Hg/g wet weight was about 60% or less than that of fish fed
control diets. Spawning of methylmercury-contaminated fish was delayed by an average of 5 days in
fish that spawned (Drevnick and Sandheinrich 2003). Daily reproductive effort (eggs laid per gram
of female carcass per day) and instantaneous rate of reproduction were suppressed; the reproductive
potential of female controls was calculated to be 1.4 times that of females with 0.85 pg Hg/g wet
weight (Hammerschmidt et al. 2002). Male reproductive behavior was also affected. Control males
spent about 5% of their time spawning and were inactive only 8% of the time, whereas males with
mean carcass concentrations of 0.71 ug Hg/g wet weight spent 0.5% of their time spawning and
were inactive 19% of the time (Sandheinrich and Miller 2006). Altered reproduction was associated
with suppression of plasma estradiol and testosterone. Plasma testosterone concentrations in male
fathead minnows fed control diets were 20% and 106% greater, respectively, than those in fish fed
methylmercury-contaminated diets and with 0.86 and 3.6 pg Hg/g wet weight in the carcass. Female
controls (0.08 ug Hg/g wet weight in carcass) had estradiol concentrations 149% and 402% greater
than those in fish with 0.92 and 3.8 ug Hg/g wet weight in the carcass (Drevnick and Sandheinrich
2003). Expression of genes related to endocrine function also was altered in these fish (Klaper et al.
2006). Tan et al. (2009) have critically reviewed literature on the effects of mercury on the endo-
crine systems of humans and wildlife, including fish.

Field studies also have documented altered sex hormones in fish relative to mercury burden. Webb
et al. (2006) found a significant negative correlation between concentrations of plasma testosterone,
11-ketotestosterone, and muscle mercury of male white sturgeon in the lower Columbia River. Mean
mercury concentrations in muscle, liver, and gonads were 0.17, 0.14, and 0.027 ng Hg/g wet weight,
respectively. There also was a negative correlation between mercury in the liver (range 0.02-0.78
ug Hg/g wet weight) and estradiol in the plasma of female fish. For male fish, Webb et al. (2006)
suggested that total mercury concentrations of 0.19 ug/g wet weight in muscle, 0.09 ug/g in liver,
and 0.07 pg/g in gonads represented threshold concentrations affecting steroidogenesis; no male
sturgeon with these or greater levels of mercury had plasma testosterone exceeding 4 ng/mL. A pos-
itive correlation between mercury in the axial fillet and 11-ketotestosterone in serum was reported
for largemouth bass (Micropterus salmoides) from three reservoirs in New Jersey (Friedmann et al.
2002); however, mercury in muscle of the fish (range 0.30-5.42 ug Hg/g wet weight) was unrelated
to serum testosterone (Friedmann et al. 2002).

Methylmercury appears to affect multiple sites of the reproductive axis in fish (hypothalamus,
pituitary, gonads; Crump and Trudeau 2009), and altered concentrations of sex hormones may be
caused by the cellular effects of methylmercury on the gonads. Drevnick et al. (2006) proposed
that methylmercury induces apoptosis in steroidogenic cells in the gonads of fish. They observed
an increase in the number of apoptotic follicular cells in the gonads of female fathead minnows
that had impaired reproduction due to chronic methylmercury exposure (as previously reported by
Drevnick and Sandheinrich 2003). There was a significant inverse relation between the number of
apoptotic cells in the ovarian follicle, the relative size of the gonads (gonadal somatic index), and
the concentration of estradiol in the serum of female fish. Female fish with whole-body mercury of
about 0.90 ug Hg/g wet weight had significantly more apoptotic follicular cells than controls with
0.08 pg Hg/g wet weight. Similarly, Webb et al. (2006) found an inverse relation between gonadal
somatic index, testosterone, and mercury in immature male sturgeon with 0.04-0.52 ug Hg/g wet
weight in cheek muscle.
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Dietary methylmercury also suppressed gonadal development in walleye. Friedmann et al.
(1996) observed gonadal atrophy in male walleye with whole-body (minus viscera) concentrations
of 0.25 ug Hg/g wet weight. Histological examination of the testes indicated that methylmercury
caused multifocal cell atrophy and hypertrophy of cells adjacent to atrophied cells.

4.3.4 Errects ON TissUE HiSTOLOGY AND BIOCHEMISTRY

Disruption of cell structure and changes in biochemistry associated with oxidative stress have been
reported at tissue concentrations of mercury less than those affecting reproduction. In a coordinated
set of experiments, adult Hoplias malabaricus (a neotropical fish) were fed prey fish (Astyanax sp.)
every 5 days for 70 days. Prey fish were injected with either distilled water (controls) or with meth-
ylmercuric chloride equivalent to a dose of 0.075 pug methylmercury/g wet weight for the predator
H. malabaricus. Methylmercury exposure increased the number of red blood cells, leukocytes, neu-
trophils, and monocytes in H. malabaricus. In addition, hemoglobin concentration, hematocrit, and
mean corpuscular volume were greater in fish receiving the methylmercury-contaminated diets than
in controls (Oliveira Ribeiro et al. 2006).

Dietary methylmercury also damaged liver cells and suppressed plasma d-aminolevulinic acid
dehydratase and cholinergic activity in muscle of H. malabaricus (Alves Costa et al. 2007). The
livers of the fish fed methylmercury-treated prey had prenecrotic lesions (leukocyte infiltration) and
necrotic areas, as well as greater numbers of melano-macrophage centers, abnormal cells, phago-
cytic areas and intercellular spaces than the controls (Mela et al. 2007). The head kidneys of treated
fish had increased numbers of leukocytes, dead and atypical cells, and necrotic regions as well as
increased number of melano-macrophage centers—indicating increased phagocytic activity. Mela
et al. (2007) suggested that methylmercury caused oxidative stress, which contributed to the devel-
opment of necrotic tissues. The concentrations of mercury in the livers of H. malabaricus fed the
control and treated diet were 0.60 and 1.07 pg/g wet weight, respectively, and corresponding con-
centrations in muscle were 0.67 and 1.45 pg/g wet weight. Pre-existing concentrations of mercury in
the prey fish and predator fish used in these studies were not reported.

Laboratory and field studies have shown that methylmercury exposure causes oxidative stress
in fish tissues through the formation of radical oxygen species and lipid peroxidation. Berntssen
et al. (2003), who fed juvenile Atlantic salmon (Salmo salar) diets containing 0.03 (control), 4.35
(medium), or 8.48 (high) ug Hg/g dry weight for 4 months, observed no effect of dietary methyl-
mercury on growth or condition of test fish. However, the medium diet of methylmercury induced a
defense response in the brain, indicated by a significant increase of the activity of super oxide dis-
mutase. Brains of fish fed the high-methylmercury diet had suppressed super oxide dismutase and
glutathione peroxidase activity, but a marked increase in thiobarbituric acid-reactive substances,
products of lipid peroxidation. Brain monoamine oxidase activity also was inhibited by the high-
methylmercury diet, suggesting disruption of the monaminergic system; the activity of these fish
also was suppressed after feeding, but the behavior of fish fed the medium diet of methylmercury
was not assessed. Brains of fish fed the medium and high diets of methylmercury had mean tissue
concentrations of 1.16 and 0.68 pg/g wet weight, respectively, and exhibited severe vacuolization
and cell necrosis. Livers of fish fed the high-methylmercury diet also had increased activity of super
oxide dismutase and glutathione peroxidase. Berntssen et al. (2003) concluded that the medium
diet of methylmercury induced redox defenses, but that such defenses were overcome—causing
injury—in fish receiving the high-methylmercury diet.

Larose et al. (2008) examined the relation between methylmercury and the glutathione system
in walleye and yellow perch (Perca flavescens) from four boreal lakes in eastern Canada. The size-
standardized concentration of total mercury in axial muscle of 35-cm walleyes ranged from 0.3 to
0.79 pg/g wet weight in the four lakes. Mean concentrations of methylmercury in livers of walleye
were greater in Lake Malartic (=0.38 ug/g wet weight) than in the other three lakes (=0.18-0.20 pg/g),
which did not differ (mean values estimated from Fig. 1 in Larose et al. 2008). In Lake Malartic, the
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hepatosomatic index (size of the liver relative to total body mass) in walleye was inversely related
to hepatic methylmercury concentration. The activities of glutathione reductase and glutathione
S-transferase were positively correlated with liver size (and by inference, negatively correlated with
methylmercury concentration). In Lake Desjardins-East, which had the greatest mean concentration
of hepatic methylmercury in yellow perch, the activities of glutathione S-transferase and selenium-
dependent glutathione peroxidase were negatively correlated with methylmercury concentration in
the liver. Larose et al. (2008) concluded that environmentally relevant concentrations of methylmer-
cury altered cell metabolism and physiology in these fishes.

Oxidative stress associated with methylmercury exposure also was documented in a study of
four salmonid species (lake trout, brook trout [Salvelinus fontinalis], cutthroat trout [Oncorhynchus
clarkii], rainbow trout [O. mykiss]) from 14 lakes in eight national parks or preserves in the west-
ern United States and Alaska (Schwindt et al. 2008). Concentrations of total mercury in whole
fish and macrophage aggregates in kidney and spleen were quantified. Macrophage aggregates
are groupings of macrophages within tissues that collect components of damaged cells, includ-
ing cells damaged by oxidation and lipid peroxidation. Increases in the number of macrophage
aggregates in the kidney and spleen were associated with concentrations of mercury in whole fish.
Although the number of macrophage aggregates can increase with age, Schwindt et al. (2008)
demonstrated that mercury affected macrophage aggregates independent of fish age. Other con-
taminants (including polychlorinated biphenyls and polybrominated diphenyl ethers) also were
present in these fish; however, mercury alone explained 36% of the variation in macrophage
aggregates in the spleens of brook trout—the species with the largest sample size and most geo-
graphically extensive data set in the study. Whole-body concentrations of total mercury in indi-
vidual brook trout ranged from about 0.03 to 0.29 ug/g wet weight (values estimated from Fig. 3
in Schwindt et al. 2008).

Drevnick et al. (2008) examined mercury and livers in northern pike from eight inland lakes in
Isle Royale National Park. Quantitative analysis of pigment in livers showed that color (absorbance
at 400 nm) was positively related to total mercury in the organ. Concentrations of total mercury in
liver (range 0.048-3.074 pg/g wet weight) and skin-on fillets (range 0.069-0.62 ug/g wet weight)
were positively correlated. Lipofusc